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Abstract 

Coral reef habitats are well-known for biodiversity, yet are declining due to 

multiple stressors occurring across local to global scales. Scleractinian corals, as 

ecosystem engineers, contribute to building three-dimensional reef structure, which can 

be degraded through natural or anthropogenic disturbances. In this dissertation, I 

address how abiotic environmental limitations shape coral species niches and relate to 

potential coral recovery from disturbances. I begin at the local scale to describe abiotic 

limitations on reef recovery after physical disturbances and then scale up to regional 

models of environmental niche constraints on coral communities and species. 

First, I compare divergent recovery trajectories at two proximal reef disturbances 

caused by ship groundings that created abrupt and clearly delineated areas of altered 

substrate. Despite similar initial physical impacts, differences in recovery trajectories 

were observed between the grounding sites, with higher coral recruitment and survival 

on disturbed pavement than on rubble substrate, reference reef, or restoration 

structures. I hypothesize that subsequent episodic disturbances from rubble 

mobilization could be a limiting mechanism driving divergent recovery patterns. To 

estimate whether local hydrodynamic conditions were sufficient to mobilize rubble, I 

use a combination of long-term monitoring, hydrodynamic modeling, and rubble 

transport mechanics to hindcast the potential for substrate mobility. Long-term model 
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simulations of hydrodynamic forcing at the study sites showed multiple events where 

bottom-orbital velocities exceeded thresholds required to mobilize rubble via sliding or 

overturning. The data and analyses indicate that the wave energy mobilizes rubble 

substrate multiple times annually and suggests a physical limitation on survival of coral 

recruits relative to those on pavement substrate. The combination of multiple 

hydrodynamic disturbances and unstable substrate limits coral recovery and contributes 

to prolonged habitat loss. 

I next scale up to a seascape approach to model how environmental limitations 

on individual species affect diversity and the coral community response. I use a joint 

species distribution modeling approach with new, spatially extensive coral monitoring 

and remote sensing data from Puerto Rico and the U.S. Virgin Islands. Using a 

multivariate spatial modeling approach, I examine predicted relationships (and 

associated uncertainties) between species abundances and environmental variables and 

then predict into new, unsurveyed geographic areas in the U.S. Caribbean region. Joint 

model results show coral species responses to geomorphological and climate factors 

influence community structure. Species abundances and sizes show correlations 

between species niches relative to depth, slope, wave energy near the seafloor, and 

thermal stress. Using inverse prediction, I show how a scenario of increased wave 

energy or increased temperature ranges may shift habitat suitability for individual 

species and impact overall species richness. 
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I then focus specifically on four of the major reef-building coral species that are 

currently listed as Threatened under the Endangered Species Act: Acropora cervicornis, 

Orbicella annularis, O. faveolata, and O. franksi. I model environmental limitations on 

species distributions in terms of occurrence, abundance, and size in Puerto Rico and the 

U.S. Virgin Islands. I use Bayesian Generalized Linear Models to predict single-species 

distributions relative to abiotic variables and compare results to the joint species 

distribution models that included species abundances and sizes. Species respond in 

different ways to environmental predictors, yet all were related to depth, reef structure, 

and wave energy near the seafloor, as well as thermal regimes.  

In summary, in this dissertation I apply multiple spatial quantitative approaches 

from local to seascape scales to model limitations on coral habitat by abiotic variables 

and, in particular, wave energy. Information about disturbance frequency and wave 

energy constraints on habitat recovery are applicable to support habitat restoration 

efforts. Predicted spatial distributions from community and species modeling 

approaches support species-based and site-based conservation and management efforts.  
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1. Introduction  

Coral reefs worldwide are declining due to multiple stressors, many of which are 

of anthropogenic origin (Rogers 1985, Jackson 1997, Wilkinson 1999, Halpern et al. 2008). 

At the global extent, climate change-related stressors include rising sea surface 

temperatures (Hoegh-Guldberg 1999) and ocean acidification (Hoegh-Guldberg et al. 

2007). At regional to local levels, stressors such as overfishing (Jackson et al. 2001) and 

land-based pollution (Lirman and Fong 2007, Rodriguez et al. 2007) can be directly 

attributed to human uses of coastal areas. In the Caribbean, many coral species are 

considered at high extinction risk from climate change and local impacts (Carpenter et 

al. 2008), and dramatic declines in coral cover have largely been attributed to combined 

effects of hurricanes (Gardner et al. 2005), bleaching (Aronson et al. 2003, Grigg et al. 

2005), diseases (Weil 2004), overfishing, nutrients and runoff from coastal development 

(Pandolfi et al. 2005, Mora 2008).  

Habitat degradation is a major contributor to the decline of coral reefs worldwide 

(Hughes et al. 2003, Hoegh-Guldberg et al. 2007). Structural complexity of coral reefs, 

defined as biological or geological three-dimensional physical structure (Graham and 

Nash 2013), can be degraded through direct physical disturbances or large-scale 

biological disturbances such as bleaching (Graham et al. 2009). After large-scale 

bleaching, complex reef structure can collapse within 5-10 years (Jones and Syms 1998) 

via physical erosion (Scoffin 1993) or bioerosion (Hutchings 1986). Although coral reefs 
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are considered to be disturbance-driven systems (Karlson 1999) and have fluctuated in 

extent over geologic time since modern reefs originated in the Triassic period 

(Richmond and Wolanski 2010), the combination of current multiple stressors combined 

with future projections of unprecedented rate of climate change (IPCC 2012) points 

towards continued or accelerated decline.  

Coral reef communities are well known as highly diverse systems (Connell 1978, 

Karlson 1999) structured by hydrodynamic disturbances such as waves from hurricanes 

or storms (e.g. Glynn et al. 1964, Stoddart 1969a). Classic early studies detailed the roles 

of disturbance and competition to maintaining diversity on shallow reefs (Connell 1978, 

Hughes 1989, Lang and Chornesky 1990). Although large, long-lived scleractinian corals 

have created structural framework of coral reefs since the Pleistocene, these species may 

no longer be dominant in the Caribbean (Pandolfi and Jackson 2006). As mortality of 

large older colonies continues or increases, more recruitment is needed to offset 

population decline. These species are typically broadcast-spawners, but have low 

recruitment (Hughes and Tanner 2000). Recruitment of species such as Acropora spp., 

Pseudodiploria (formerly Diploria) spp., Orbicella (formerly Montastraea) spp., and 

Siderastrea siderea has been low in the Caribbean (Bak and Engel 1979, Rogers et al. 1984, 

Smith 1992, Chiappone and Sullivan 1996, Smith 1997, Moulding 2005, Carpenter and 

Edmunds 2006). Caribbean coral recruitment has instead been dominated by small, 

brooding coral species such as Agaricia agaricites and Porites astreoides (Bak and Engel 
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1979, Rogers et al. 1984, Smith 1992, Chiappone and Sullivan 1996, Smith 1997, 

Moulding 2005, Carpenter and Edmunds 2006). These weedy species do not contribute 

significantly to expanding the reef framework (Alvarez-Filip et al. 2011). Many reefs are 

considered to have transitioned from diverse, scleractinian coral-dominated systems to a 

homogeneous assemblage of scleractinian coral species (Burman et al. 2012, Edmunds 

2013) or a system dominated by other benthic organisms such as octocorals (Ruzicka et 

al. 2013) or algae (Hatcher 1984, Hughes et al. 1987, Edmunds 2013).  

Conservation actions for corals have included marine reserves and species-based 

conservation. Marine reserves have been shown to have limited success for corals 

(Mumby et al. 2011, Cox et al. 2017). However, multiple efforts are underway 

throughout the Caribbean to implement species restoration actions such as outplanting 

corals from nurseries. Such restoration actions, once focused primarily on point source 

impacts such as ship groundings, are now being considered at a larger scale to restore 

lost species (Johnson et al. 2011, Griffin et al. 2012, Lirman and Schopmeyer 2016, 

Montoya Maya et al. 2016). One consideration to successful restoration is siting the 

outplantings where the corals will be successful. Key factors to implement successful 

conservation strategies include understanding the spatial distribution and identifying 

environmental variables that drive coral species abundances. 

The central objective of my dissertation is to model how the spatial distributions 

of Caribbean coral populations and communities are limited by multiple environmental 
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parameters, and wave energy in particular. In Chapter Two, I focus on habitat loss and 

use a mechanistic approach to explain how multiple disturbances contribute to 

prolonged loss of habitat for coral on disturbed reefs after loss of structural complexity. 

In this chapter, I model the mechanics of wave energy and rubble mobility to show how 

these may interact to prevent coral recruitment onto a reef with unstable substrate after 

ship groundings. In Chapter Three, I expand to a seascape approach at the regional scale 

of the U.S. Caribbean to model how environmental variables structure coral species and 

communities. I use a quantitative approach of multivariate spatial modeling to explain 

relationships between species and environments. Model results show how coral 

populations and communities are structured by environmental factors, and inverse 

prediction allows modeling of how species parameters may shift under a scenario of 

increased wave energy. I use model results to predict species distributions and 

associated uncertainty into new areas within the region. In Chapter Four, I focus on the 

Threatened Acroporid and Orbicellid coral species, which are some of the major reef-

building coral species. I compare classic single-species predictive models for presence 

and absence to multi-species results from a joint species distribution model. Results 

from this dissertation provide information on environmental constraints on coral species 

distribution as a resource for coral conservation and management within a seascape 

context. 
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2. Understanding differential patterns in coral reef 
recovery: chronic hydrodynamic disturbance as a 
limiting mechanism for coral colonization 

2.1 Introduction 

Habitat degradation is a major contributor to the decline of coral reefs worldwide 

(Hughes et al. 2003, Hoegh-Guldberg et al. 2007). Coral reef structure can be degraded 

into rubble by anthropogenic disturbances as well as ecological and physical 

disturbances. Large reef areas can be degraded into extensive rubble fields by acute, 

episodic disturbances such as wave forcing from tropical cyclones (Stoddart 1969, 

Woodley et al. 1981, Harmelin-Vivien 1994) and tsunamis (Scheffers et al. 2009); similar 

effects are at localized scales from anthropogenic disturbances such as ship groundings 

(Jaap 2000, Riegl 2001) and blast fishing (Edinger et al. 1998). Severe bleaching events 

can cause widespread coral death followed by loss of reef structure (Sheppard et al. 

2002, 2005, Graham et al. 2006), and reefs may degenerate into rubble under future 

climate change scenarios (e.g., ocean acidification) (Hoegh-Guldberg et al. 2007). The 

physical legacy of reef degradation may cause prolonged habitat loss if colonization of 

new reef-building species is unsuccessful. 

Scleractinian corals thrive under a range of hydrodynamic conditions, although 

success varies by species, morphology, and geography. As sessile filter feeders, flow 

conditions affect prey capture (Sebens and Johnson 1991, Piniak 2002), photosynthesis 

and respiration (Dennison and Barnes 1988), and removal of waste products (Mass et al. 
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2010). Flow variability can also mediate corallivory, increasing net growth of corals 

(Lenihan et al. 2015). Exceeding normal hydrodynamic conditions, water motion can act 

as a disturbance to benthic marine organisms such as corals (Dayton 1971, Denny 1995). 

Wave forcing can cause mechanical breakage of colonies or dislodgement from substrate 

(Woodley et al. 1981, Connell et al. 1997, Madin 2005), and can limit the spatial 

distributions of coral species on reefs (Storlazzi et al. 2005a). 

Effects of large disturbances are well known to have long-lasting impacts on 

coral communities (e.g. Done 1992, Connell 1997, Connell et al. 1997). After a 

disturbance, successful recruitment and survival of scleractinian corals is a key 

limitation to the potential for future coral community development (Lirman and Miller 

2003) and reef complexity (Steneck et al. 2009). As foundation species, scleractinian 

corals create habitat through development of biogenic skeletal structure (Dayton 1972, 

Ellison et al. 2005, Bertness et al. 2006). Many factors can limit the potential for successful 

coral recruitment (Ritson-Williams et al. 2009), particularly the availability of suitable 

settlement substrate (e.g. consolidated hard-bottom, Pearson 1981). Although it is 

known that intervals between extreme events regulate coral community trajectories and 

return or reset communities to alternate or early successional stages (Done 1999, Hughes 

and Connell 1999), less is known about how interactions between chronic hydrodynamic 

stress and reef structure (or lack of structure) may constrain the potential of a disturbed 

reef to recover to a coral-dominated state. 
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We used a comparative and mechanistic approach to examine coral colonization 

and recovery trajectories within areas of localized reef destruction after ship grounding 

impacts. Coral recruitment and survival were compared between pavement and rubble 

disturbance sites relative to artificial structures and reference areas for 6 years. 

Differential recovery trajectories observed at these sites suggest physical mechanisms 

may limit post-disturbance colonization and contribute to observed patterns of 

colonization success. To explore this, we hindcasted potential limitations on colonization 

due to the frequency and intensity of hydrodynamic forces, specifically, whether ocean 

surface wave forcing was sufficient to intermittently mobilize rubble exposed by the 

initial ship grounding. The specific questions addressed are: (1) after an initial physical 

disturbance, how does coral colonization differ between exposed substrate, exposed 

unstable substrate, artificial structures with coral transplants, and reference reef; (2) how 

is colonization success limited by abiotic factors, including near- bottom wave-orbital 

velocity and rubble substrate mobilization; (3) what is the threshold bottom-orbital 

velocity required to mobilize rubble substrate, and how frequently are these 

hydrodynamic conditions exceeded in the study area; and (4) how does the time scale 

between potential hydrodynamic disturbance events compare with that of coral 

colonization?  
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2.2 Methods 

2.2.1 Study sites 

The study was conducted on the southern coastal shelf of Puerto Rico, south of 

Bahia de Tallaboa (Figure 1A). The area is primarily exposed to easterly trade winds and 

waves from the southeast (Figure 1B, C). Water depths in the study area are 9 - 14 m but 

 

Figure 1: (A) Location of study area on the south coast of Puerto Rico. 
Climatological offshore wind (B) and wave height (C) histograms for CariCOOS buoy 
data from 2010 - 2014. Histograms indicate directionality and frequency of occurrence. 
(D) Study area in Guayanilla and Tallaboa Bays with depths ranging from 0 – 2000 m. 
Black circles indicate locations of oceanographic instrument moorings: 1) pavement 
site, 2) rubble site, 3) central bay. Coral surveys were conducted at sites 1 and 2. The 

triangle indicates location of offshore CariCOOS buoy. Black rectangles indicate 
nested numerical model domains used for the wave hindcast simulations. 
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increase to more than 2000 m approximately 10 km offshore (Figure 1D). Tanker vessels 

frequently transit the study area to access a liquefied natural gas terminal in Guayanilla 

Bay. Between November 2005 and April 2006, two vessels grounded on adjacent reefs, 

both flattening the reefs’ physical complexity within areas of impact. One vessel (T/V 

Sperchios) disturbed approximately 1970 m2 of reef substrate on the western section of 

the study area into flattened pavement cleared of corals (hereafter called the “pavement 

site”; Figure 1, Figure 2). The second vessel (T/V Margara) fractured approximately 

6910 m2 of coral reef habitat on the eastern section of the study area, removing corals 

and the consolidated reef surface to expose geologic unconsolidated clastic rubble 

primarily composed of fossilized Acropora cervicornis (hereafter called the “rubble site”; 

Figure 1, Figure 2). Both grounding impact sites had similar depths (10 - 13 m). Artificial  

 

Figure 2: Seascape view of study locations including (A) pavement and (B) 
rubble areas injured by ship groundings, (C) artificial restoration structures, and (D) 

proximal reference sites. In (B), the edge of the injury is visible at the top left. 
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were constructed and located within a subsection of the rubble area in 2006 to stabilize 

dislodged corals and partially replace structural complexity lost in the grounding 

impact. These structures, referred to as restoration structures, were constructed from 

dislodged pieces of reef and concrete and ranged in diameter from 0.2 m - 3.0 m and in 

height from 0.2 m - 1.0 m (Figure 1). Scleractinian corals and octocorals that survived the 

disturbance impact were transplanted onto restoration structures in 2006. These 

structures, referred to here as restoration structures, were constructed from dislodged 

pieces of reef and concrete and ranged in size from 0.2 m - 3.0 m wide and 0.2 m - 1.0 m 

tall (Figure 2). Partial or entire scleractinian corals and octocorals that survived the 

disturbance impact were transplanted onto restoration structures in 2006. 

2.2.2 Coral surveys 

We measured in situ coral recruitment annually to evaluate changes in coral 

recovery after these two large and proximal disturbance events. Multiple levels of 

substrate complexity and stability were included: at multiple levels of 1) disturbed reef 

area at the rubble site; 2) disturbed reef area at the pavement site; 3) restoration 

structures within the rubble site; and 4) natural reef adjacent to the rubble site (Figure 1). 

Within each level, permanent quadrats (25 cm  25 cm) were visually surveyed (n = 45 

in each of rubble disturbance and reference areas, and n = 30 in each of pavement 

disturbance and restoration areas) approximately annually from 2008 - 2013. At each 

field sampling, divers visually identified new scleractinian and octocoral recruits 
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(≥ 0.5 cm) by species, size, and specific position within the quadrat, and mapped onto 

field diagrams of each quadrat. Existing (non-recruit) corals were identified within 

quadrats at each survey from 2009 - 2013. Scleractinian corals were identified to species, 

and octocorals were identified to genus. In subsequent surveys, survival of each 

individual was tracked by comparing mapped diagrams of new and existing corals. For 

each site and sampling event, survival was calculated as the percentage of corals present 

that were present for the subsequent sampling. Photographs of benthic quadrats were 

taken at each survey and used for analyses of potential rubble movement and of change 

in benthic cover, described in subsequent sections. 

Coral community composition and size distribution were surveyed visually with 

belt transects (10 m  1 m) that covered a larger survey area than survival quadrats. 

Transects were located adjacent to quadrats in rubble, reference, and pavement sites. 

Within transects, scleractinian corals were identified to species, and octocorals were 

identified to genus. Transect surveys in disturbed areas were conducted approximately 

annually from 2008 - 2013 (rubble disturbance; n = 8; pavement disturbance; n = 4 - 6) 

and in reference areas in 2008 (reference adjacent to rubble disturbance; n = 10) and 2011 

(reference adjacent to pavement disturbance; n = 5). No transects were surveyed on 

restoration structures due to the limited size of the structures. The change in octocoral 

and scleractinian coral density and richness was compared between 2008 and 2013 for 

the two disturbances using a Mann-Whitney U-test. 



 

12 

Benthic cover was compared between the rubble, pavement, restoration and 

reference sites with planar photographs of permanent quadrats. Benthic cover was 

manually classified using CoralNet software (Beijbom et al. 2012). Classification 

categories included crustose coralline algae (CCA), coral, cyanobacteria, Millepora spp. 

hydrocoral, macroalgae, octocoral, other, bare substrate, sponges, and turf algae. Points 

landing on survey hardware were excluded, and percentage values per quadrat were 

adjusted accordingly. A total of 105 photos were analyzed; photographs from 2009 and 

2011 were not included due to lack of representation at all survey levels.  

2.2.3 Rubble transport model 

We modeled the potential mobility of unconsolidated rubble within the 

disturbed area using a mechanistic approach to estimate hydrodynamic forces required 

to initiate rubble motion. This approach has been well developed in the literature to 

hindcast hydrodynamic forcing required to mobilize boulders during large wave events 

(Nandasena et al. 2011).  

Hydrodynamic forcing exceeding a critical threshold can initiate rubble clast 

motion by sliding or overturning. Here, a clast is approximated as an idealized cuboid 

(defined by a-, b-, and c-axes) that is acted upon by buoyancy ( gF
), drag ( DF ), lift ( LF ), 

and inertial ( IF ) forces (Fig. 3). Drag force ( DF ); in Newtons (N), the net force acting on  
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Figure 3: Force diagrams for rubble mobility mechanics used to compute 
sliding stability thresholds from horizontal (A) and vertical forces (B). Moments 

acting on rubble (C) were used to compute tumbling stability thresholds, where  

is the sum of drag, inertia and lift force moments,  is the restoring gravitational 
moment, and     is the moment arm ( l ) for gravitational and lift rotations. 

 

an object arising from the pressure distribution around an object’s surface, can be 

represented using a quadratic drag law (Kundu 1990) 

    
21

2D D w DF C A uρ=
      (Eq. 1) 

where DC is a dimensionless coefficient of drag, wρ  is the density of seawater 

(1023 kg m-3), is the measured cross-sectional area of a rubble clast perpendicular to 

the flow, and u  is the water velocity (m/s) at a reference height above the substrate. Lift 

force in the vertical direction ( LF ) resulting from pressure gradients across the top and 

bottom planar surfaces of an object, is given by (Kundu 1990) 

    
21

2L L w LF C A uρ=
      (Eq. 2) 
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where LC is a dimensionless coefficient of lift and LA is the area (m2) of a rubble clast 

parallel to the flow. The inertial force ( IF ) arises from acceleration of fluid around an 

object and can be expressed as  

   
I M wF C V u

t
ρ=

∂
∂      (Eq. 3) 

where MC is a dimensionless added mass coefficient of inertia, V  is the volume of an 

individual rubble clast (m3), and u t∂ ∂  is the horizontal acceleration of the water 

velocity (m s-2) (Dean and Dalrymple 1991). For each site, u t∂ ∂  at the bottom was 

calculated using results from long-term numerical wave model hindcasts (next section). 

Finally, the net downward gravitational force from buoyant weight ( gF ), is given by 

     ( )g r wF gVρ ρ= −      (Eq. 4) 

where rρ  is rubble density (measured; kg m-3), and g  is gravitational acceleration 

(9.81 m s-2). The vessel groundings created essentially flat disturbance areas, so bed slope 

was not included in the force calculations. 

Summing the forces in the vertical direction acting upon the rubble clasts gives 

the total normal force ( NF )  

     gN LF F F= −      (Eq. 5) 

which is related to the horizontal frictional forces between the rubble and the bottom 

(Figure A3) as 
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     F NF Fµ=       (Eq. 6) 

where sµ  is a dimensionless coefficient of static friction. Rubble sliding occurs when 

drag and inertial forces exceed the frictional force generated by normal force from the 

net buoyant weight and lift (see derivation in Buckley et al. 2012). 

    
( )D I s g LF F F Fµ+ > −

     (Eq. 7) 

Solving (1) for the minimum near bed velocity to initiate rubble clast sliding 

gives (Buckley et al. 2012) 

  1 2 ( )s
s g I

w D D s L L
lide

F F
u

C A C A
µ

ρ µ
−

=
+      (Eq. 8) 

For rubble overturning, the minimum gravitational moment required is found 

when the sum of drag, inertia and lift force moments exceed the restoring gravitational 

moment 

D D I I L L g gF l F l F l F l+ + >
     (Eq. 9) 

Moment arms were assumed to be the half of the rubble length scale; Dl and Il  are the 

drag force and inertial moment arms and equal to half the c-axis length; gl  and Ll  are 

the gravitational and the lift moment arms, equal to half of the b-axis length. As in 

Buckley et al. (2012), solving (3) for the minimum near bed velocity required to overturn 

a rubble clast gives 
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  1 2 ( )
g g I I

over
w D D D L L L

l F l F
u

l C A l C Aρ
−

=
+     (Eq. 10) 

In Eqs. 8 and 10, IF  is a function of the wave properties and varies with time; therefore 

the threshold velocity values (uslide, uover) depend upon and vary with incident wave 

conditions. 

Stability of a rubble clast is a function of rubble properties, including size, shape, 

and density (Rasser and Riegl 2002). Rubble properties required in the above equations 

were obtained from statistical values obtained from morphology and density 

measurements of individual clasts collected from the study site. Coefficients of drag, lift, 

inertia and friction were obtained from previously published values in the literature. We 

used a DC  value of 0.7 (Denny 1994), IC  value of 0.178, MC value of 0.5 based on 

measurements of rubble (McDougal and Sulisz 1990), and sµ
 of 0.4 based on coral 

boulders (Buckley et al. 2012). 

Rubble morphology was quantified to make force estimates in the rubble 

disturbance area by measuring surface area and buoyant weight from a random 

selection of rubble clasts collected from the rubble site in 2013 and 2014. Projected areas 

of individual clasts (n = 102) were measured along three dimensions: a-axis (top, length),  
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Figure 4: Measured rubble (A) area, (B) volume, and (C) density. In A, rubble 

area perpendicular to flow ( ) is dark grey, and rubble area normal to the flow ( ) 
is light grey. 

b-axis (side, width) and c-axis (end, height) using orthogonal digital images and image 

analysis software (ImageJ; Rasband 1997; Figure 4). Area normal to flow ( DA ) was 

considered to be along the a-axis; area perpendicular to flow ( LA ) was considered to be 

along the plane of the b- and c-axes. Rubble volume (V ) was calculated as the product 

of a-, b-, and c-axis lengths, where due to the irregular rubble shapes, each axis length 

was approximated as the square root of the corresponding area (a - c). Weights for dry 

and submerged rubble were measured using a digital force sensor (Vernier, Beaverton, 
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OR), and buoyant weight was then calculated following Jokiel et al. (1978). From the 

distribution of each measurement, rubble property quantiles (5, 10, 25, 50, 75, 95%) were 

used in Eqs. 8 and 10 to determine effects of rubble properties on threshold bottom 

velocities for overturning ( overu ) and sliding ( slideu ). 

The approach above addresses individual rubble clasts. However, in a rubble 

field, proximity of multiple clasts likely impacts hydrodynamic forces affecting any 

given clast. Rubble clasts could block each other from moving due to enhanced friction 

from interlocking or reduced area exposed to flow due to sheltering from adjacent 

objects. We addressed this by including the blocking term of Storlazzi et al. (2005a) that 

accounts for reduction in DA . This term has a value from 0 - 1, corresponding to flow 

totally blocked to no blockage. We applied a value of 0.5 with recognition that a wide 

array of conditions is likely to exist in situ, and conducted sensitivity tests for values 

ranging from 0.3 to 0.9 (Figure 5). Summary statistics of rubble clast dimensions showed 

variability primarily in size and volume; sensitivity studies showed that the minimum 

bottom orbital velocity required to mobilize rubble was influenced by rubble size and 

exposure to flow. In the opposite scenario to blocking, a loose rubble clast could 

mobilize adjacent clasts to initiate motion that may not have occurred in isolation. This 

scenario was not modeled. 
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Figure 5: Bottom orbital velocity ( ) estimated to mobilize rubble through 
sliding or over turning, based on the distribution of rubble sizes (%) collected from 

within the rubble disturbance 

2.2.4 Wave model and hindcasts 

We quantified temporal variations in hydrodynamic forces at each study site 

over a 4-year period using a spatially resolved ocean wave model hindcast verified with 

field data. Wave characteristics at the sites were computed using SWAN, a third-

generation numerical wave model (Booij et al. 1999, Ris et al. 1999). SWAN solves the 

spectral wave action equation and accounts for wave propagation, wave generation by 

local winds, dissipation by bottom friction, depth limited breaking and water level 

changes. The model was forced using wind and wave parameters (1-hr intervals) from 

the Caribbean Coastal Ocean Observing System (CariCOOS) buoy southeast of Ponce, 

Puerto Rico (17.860° N, 66.52° W; Figure 1). We employed a nested grid approach to 

permit adequate wave development and propagation from offshore to the complex 
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inner shelf bottom topography. The outer model domain was 50 km ×  16 km with 

200 ×  200 m grid cell resolution, and spanned the 25 km distance between the offshore 

buoy and the study area (Figure 1). The nested inner grid was 16 km ×  10 km with 

40 ×  40 m resolution and contained the study sites. Bathymetry was interpolated from 

the best available high resolution NOAA hydrographic surveys (ngdc.noaa gov). 

A systematic set of wave model simulations were conducted to test the 

sensitivity of model output to the model parameters for bottom roughness ( wk ; value 

range tested: 0.01 - 1), based on Madsen et al. (1988), and the wave breaking coefficient 

( wγ ; value range tested: 0.5 - 1) based on the bore model of Battjes and Janssen (1978). 

Sensitivity of the wave model sensitivity to inclusion of tidal forcing in the open 

boundary conditions, and inclusion of whitecapping effects based on Komen et al. (1984) 

was also tested. Optimal model parameters were found to be wk  = 0.2 and wγ  = 0.6875. 

Model output at the three study sites was sensitive to the choice of bottom roughness, 

but was relatively insensitive to wγ , not unsurprising given the relatively deep water 

depths there, but also suggesting that breaking in other parts of model domain did not 

have a large effect on wave conditions at the three study sites. Application of time-

varying water level increased overall model skill at each site by a negligible amount 

(maximum of 0.0001); however, tidal variation was not included in the final model 

hindcast runs because these forcing data were not available during the 4-year hindcast 

period. 
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The accuracy of the wave model was assessed by comparison with field 

measurements from an intensive month long deployment (13 June - 17 July 2014) of 

oceanographic instruments at the study sites (Table 1, Appendix A). A set of three 

oceanographic moorings was deployed on the seafloor at the rubble and pavement  

Table 1: Description of oceanographic instrument deployment to measure 
wave statistics and current velocities. All instruments were deployed from 13 June - 17 

July, 2014. 

Site 
 

Location 
(Lat-Lon) 

Depth 
(m) 

Instruments and configuration 
 

1 Pavement site 17o 57.587' N 
66o 46.132' W 

9.6 (A) 1.2 MHz TRDI ADCP, 0.25 m bins 
1 Hz sample rate with 10 mode-12 
subpings, bursting every 0.5-hr for 17 
minutes  

(B) 6 MHz Nortek Vector ADV 
16 Hz sample rate, 
bursting every 1-hr for 17 minutes 

(C) SeaBird SBE56 thermistor 
1Hz continous sampling 

2 Rubble site 17o 57.161' N 
66o 43.876' W 

11.0 (A) 1.2 MHz TRDI ADCP, 0.25 m bins 
      1 Hz sample rate with 10 mode-12 

subpings, bursting every 0.5-hr for 17 
minutes  

(B) 6 MHz Nortek Vector ADV 
16 Hz sample rate, 
bursting every 1-hr for 17 minutes 

(C) SeaBird SBE56 thermistor 
1Hz continous sampling 

3 Central bay 17o 57.701' N 
66o 45.416' W 

10.0 
 

(A) 600 kHz TRDI ADCP, 0.5 m bins 
2 Hz sample rate in Waves mode,  
bursting every 0.5-hr for 17 minutes 
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disturbance sites and at a central location within the model domain (Figure 1, Table 1). 

Each mooring contained an upward-looking acoustic Doppler current profiler (ADCP) 

that burst sampled each hour measuring velocity and pressure (Table 1) to obtain bulk 

wave parameters of significant wave height ( ), peak wave period ( ), and peak 

wave direction ( ) following the method of Terray et al. (1990). High-resolution near-

bottom velocity measurements were made using acoustic Doppler velocimeters (ADVs) 

deployed at the rubble and pavement disturbance sites to compute near-bottom wave-

orbital velocities ( bu ). ADV velocity components were despiked following Islam and 

Zhu (2013), and bu  values were computed using linear wave theory and integrals of the 

velocity spectra (Dean and Dalrymple 1991, Wiberg and Sherwood 2008). Numerical 

model predictions of  were compared to in situ observations (n = 890-hr 

measurements over the month-long field campaign) for individual sites (Stations 1 - 3; 

Figure 1, Table 1) and for the mean of all sites using linear regression, root mean square 

error (RMSE), as well as an average skill metric for the three (N) sites (Willmott 1982, 

Hoeke et al. 2011) 
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  (Eq. 11) 

where skill varies between zero and one, with one indicating perfect agreement. Model 



 

23 

skill metrics for bu were computed using the same approach. Modeled  and bu  

showed good agreement with observations ( model skill = 0.90, bu  model skill = 0.83, 

Figure 4, Table 2) and thus the model was deemed sufficiently accurate to be used to 

mobilization events, we compared 4-yr model hindcast estimates of bottom-orbital 

velocity at the rubble and pavement sites to time-dependent threshold velocities 

required to mobilize rubble through sliding or overturning (Eqs. 8 and 10) using our 

measured rubble properties. We identified when potential mobilization forces exceeded 

threshold bottom-orbital velocities at the rubble injury site and calculated time intervals 

between mobilization events. Only events more than 4-d apart were included to ensure 

that the interval estimates represented distinct disturbance events. 

Table 2: Statistical comparisons between observed and modeled significant 

wave heights ( sH ) and near - bottom wave-orbital velocities ( bu ) during the 13 June -
 17 July, 2014 oceanographic instrument deployment. 

Site metric 
Model skill 

(Eq. 11) 
RMSE 

(m) 
Regression 
intercept 

Regression 
slope 

1 Pavement site  0.91 0.11 0.12 0.86 

2 Rubble site 
 0.88 0.12 0.14 0.91 

bu  0.91 0.03 0.06 0.72 

3 Central bay 
 0.90 0.09 0.09 0.87 

bu  0.78 0.03 0.05 0.53 

Average of sites 
 0.90 0.017 -- -- 

bu  0.84 0.03 -- -- 
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Figure 6: Comparisons between modeled and observed (A) significant wave 

height ( ) at the three study sites and (B) near - bottom orbital velocity ( bu ) at the 
rubble and pavement sites. Model output and observed data are for the intensive in 
situ oceanographic measurement periods from 13 June - 17 July 2014. Reference lines 

with an intercept of 0 and slope of 1 are in grey. 

 

2.3 Results 

2.3.1 Coral recruitment, survival, and community change 

Successful colonization of corals within the rubble site was limited by low 

recruitment and survival (Figure 7A,C, Figure 8A,D). Density and survival of 

scleractinian coral recruits were consistently lower in the rubble site (density: 3.7 -

 69.3 recruits m-2; survival: 51.8 - 85.7%), reference reef (density: 7.5 - 11.7 recruits m-2; 

survival: 52 - 85.0%), or restoration structures (density: 2.8 - 12.8 recruits m-2; survival: 

25 - 84.2%) during every year of the study (Figure 7A,C). As a result, density and species 

richness increased in the pavement site from 2008 to 2013, as recruits survived and grew 
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into the larger size class (Figure 7A,C, Figure 8B,D), in contrast to the rubble transects 

where scleractinian recruits in remained in the smallest (< 5 cm) size class (Figure 8). The 

change in scleractinian density during the study was also significantly higher within the 

pavement site than within rubble site (scleractinian rubble and pavement mean ranks 

were 7.8 and 13.2, respectively; U = 0, Z = -2.6, p < 0.05, r = -0.8; Figure 9). Scleractinian 

recruitment was dominated in the rubble disturbance by Siderastrea siderea and in the 

pavement disturbance by S. siderea and P. astreoides (Figure 10). Scleractinian species 

richness averaged 9.3 within the rubble site and 10.2 for the pavement site, comparable  

 

Figure 7: Comparison of coral colonization success between rubble, pavement, 
restoration, and reference sites showing density (A, B; error bars represent standard 

error of the mean) and survival of recruits (C, D). Recruit survival represents the 
percentage of corals present at the previous survey. 
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Figure 8: Mean size composition of the recovering community between 2008 -
 2013 sampling events for (A-C) scleractinian corals and (D-F) octocorals at each site. 

Recruitment was consistently higher in the pavement site (E) than the rubble site (D). 
In the rubble site (A), more scleractinian recruits were observed in 2013 than in 2008, 

but no increase in larger corals by 2013 was observed. In the hardbottom site (B), 
scleractinian corals in the 2.5 cm size class increased significantly from 2008 to 2013, as 

did 7.5 cm corals, indicating survival and growth. Octocorals in the rubble site (D) 
showed equivalent recruitment between years, and an increase in larger sizes by 2013. 

In the pavement site (E), recruitment was higher in 2008 than 2013, and more corals 
had survived into larger size classes by 2013. Reference areas (C, D) indicate the size 

distribution of the nearby scleractinian (C) and octocoral (D) community. X axis labels 
indicate the midpoint of the size bins. Y- axis breaks are indicated by the angled line. 
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Figure 9: Change in (A) density and (B) richness for scleractinians and 
octocorals from within the rubble and pavement sites. Richness shows change in 

number of scleractinian species and octocoral genera per 10m2 transect. 

to the 10 species observed in the restoration site, but less than the 22 species observed in 

the reference site (Figure 10). The change in species richness from 2008 - 2013 did 

notdiffer significantly between pavement and rubble disturbances for either 

scleractinians or octocorals (Figure 9, Figure 10). Therefore, the observed differences in 

coral density between the pavement and rubble sites are likely not due to changes in 

changes in community composition over time (Figure 10), although this was not well 

resolved in the data due to small n at the rubble site. Octocoral recruit density and 

survival were higher than scleractinians corals, although still limited and variable. 

Density and survival of recruits was predominantly lower in the rubble site (7.8 - 14.9 

recruits m-2; 24 - 72% survival) than the pavement site (27.2 - 87.5 recruits m-2; 43 - 81% 

survival), reference site (16.0 - 37.9 recruits m-2; 61 - 81% survival), or restoration 

structures (10.0 - 32.4 recruits m-2; 67 - 84% survival; Figure 7, Figure 8). The change in 
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Figure 10: Change in species composition from 2008 - 2013 for impacted coral 
communities relative to reference populations (Ref) at pavement (A, C) and rubble 

sites (B, D). Scleractinian coral composition is in A and B, and octocoral composition 
is in C and D. 

octocoral density from 2008 - 2013 was significantly higher within the pavement site 

than within the rubble site (rubble and pavement mean ranks were 4.9 and 9.8, 

respectively; U = 0, Z = -2.2, p < 0.05, r = -0.6; Fig 7); this appeared due to increases in 

density of octocorals sized from 5 cm to greater than 20 cm in the pavement site (Fig. 6), 

as surviving octocorals grew larger. In contrast, although the density of octocorals in the 

rubble site was higher than that of scleractinians (Figure 7, Figure 8) and some 

octocorals grew into larger size classes, octocoral density did not significantly increase 
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from 2008 - 2013 (Figure 8).  

Rubble dominated the cover of substrate at the rubble site, and consolidated 

substrate dominated at all other sites for the entirety of the study duration (Figure 11). 

Turf algae dominated biological cover at all sites and years, although some annual 

variability was evident (reference site: 56.9 - 67.4%; restoration site: 57.4 - 81.6%; 

pavement site: 62.1% - 99%; 83.9 - 91.5%; Figure 12). The reference site had considerably 

higher macroalgal cover (0.5 - 26.9%; restoration site: 0.95 - 8.6%; pavement: 0.3 - 2.2%; rubble 

site: 0 - 1.65%; Figure 12). Cyanobacterial mats were present at the pavement and 

restoration sites in 2012 and 2013, and highest in 2012 at the pavement site (6.2%; Figure 

12). Octocoral cover was  highest at the reference site (2.7 - 19.9%), followed by the 

restoration site (5.7 - 16.5%), pavement site (0.2 - 6.1%), and rubble site (0 - 2.9%), slightly  

  

Figure 11: Mean cover (%) and standard error of substrate type for each 
treatment level. Years 2009 and 2011 are not included due to lack of field survey 

photographs at all levels. 
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Figure 12: Mean cover (%) and standard error of benthic cover for each sample 
level. No bar indicates zero cover. Although cover was variable between levels, the 

rubble site had higher bare substrate and turf algae, and lower cover of other 
biological organisms. Years 2009 and 2011 are not included due to lack of field survey 

photographs at all levels. 
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higher than scleractinian coral cover in the reference (4.8 - 10.3%), restoration (3.3 -

 4.3%), pavement (0 - 1.6%), and rubble sites (0 - 0.2%; Figure 12), although cover 

measurement of octocorals is imprecise with a planar approach using photographs. At 

the rubble site, analysis of benthic quadrat photographs showed that selected individual 

rubble clasts changed locations within permanent quadrats between field surveys, 

indicating repeated mobilization. Of 249 rubble clasts tracked between sampling events, 

only five (2.0%) were in different locations in the subsequent years’ photo. These five 

consistent pieces appeared larger than the mean of the rubble size distribution, and were 

in approximately the same location for a single subsequent year. 

2.3.2 Rubble and wave energy models 

The 4-yr wave model hindcast showed that wave forcing near the substrate was similar 

between the rubble and pavement disturbance sites (Figure 13, Figure 14). Drag, lift, 

inertia and frictional forces estimated at each site were not significantly different 

between sites (Figure 15), although the data suggest that the pavement sites had slightly 

higher forcing. Multiple events occurred during the model hindcast period when 

bottom-orbital velocities exceeded thresholds required to mobilize mean-sized rubble 

(noverturn = 31; nslide = 73; Figure 15). A number of the mobilization events are linked to the 

passage of tropical storms or hurricanes (Figure 14). Forcing was sufficient to slide 

rubble during multiple events each year (nslide = 7 - 18 per year), with peak occurrence in 

August, October and December (nslide = 12, 7, 7 for each respective month) (Figure 15). 
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Figure 13: Spatial distribution of significant wave heights ( sH ) and near-
bottom wave-orbital velocities ( bu ) obtained from long-term wave model hindcasts. 

Calmest 5% percentile (A, B), mean (C, D) and stormiest 95% (E, F) conditions are 
shown. White squares indicate sites 1 (pavement; west) and 2 (rubble; east). 
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Figure 14: Comparison between model hindcast estimates of near-bottom 
wave-orbital velocities ( bu ) and the critical orbital velocities require to slide ( slideu ) or 

overturn ( overturnu ) coral rubble at (A) rubble and (B) pavement sites. Grey vertical 
lines indicate named storm events south of Puerto Rico within 100 km. 

 

Figure 15: Drag ( DF ), lift ( LF ), intertial ( IF ) and frictional ( FF ) forces 
estimated at the rubble and pavement sites, as calculated from mean rubble statistics 

and wave model output from 2010 - 2014. The box plot components are: solid line, 
median; box, interquartile range (IR); whiskers, most extreme point less than 1.5 times 

the IR from the median. 
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Figure 16: (A) Return intervals between hydrodynamic forcing events exceed 
thresholds to mobilize coral rubble through overturning (light grey) or sliding (dark 

grey). (B) Probability of occurrence by month of year. 

The average return intervals for sliding conditions was approximately 17-d, and all 

return intervals were less than 140-d (Figure 16). Forcing estimated to overturn rubble 

occurred less frequently, with a mean interval of 47-d and always less than 200-d. The  

peak occurrence of these conditions occurred in August (noverturn = 8), followed by July 

(noverturn = 5), during the Atlantic tropical cyclone season, although events also occurred in 

most other months (Figure 14, Figure 16). 

2.4 Discussion 

The frequency and spatial extent of multiple disturbances constrain recovery 

processes (Turner et al. 1993) including colonization of key species (Connell 1997). Our 

findings show that scleractinian and octocoral colonization success into two proximal 

ship grounding sites with a similar post-impact recovery time was far higher on a reef 

flattened to pavement than on reef area broken to rubble. We show that rubble is likely 
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mobilized in wave conditions, causing repeated disturbances that inhibit successful 

colonization. Coral colonization into pavement substrate exceeded that of the reference 

and restoration sites, a pattern that is likely indicative of space limitation due to existing 

corals, octocorals, and other benthic organisms in reference and restoration sites, and, in 

the later years of the study, the pavement site. As coral recruits in the pavement site 

survived and grew larger, new recruitment declined, as would be expected as benthic 

space becomes limited. In contrast, within unstable substrate, the data suggest a 

colonization bottleneck for corals and sustained loss of coral habitat. As the duration 

between extreme events are known to regulate coral community trajectories and return 

or reset communities to alternate or early successional stages (Done 1999, Hughes and 

Connell 1999), we therefore further explored the potential physical mechanisms behind 

the observed biological patterns. 

Using rubble mechanics, we showed the hydrodynamic forcing hindcast for the 

study sites would be sufficient to mobilize rubble on a chronic timescale not limited to 

large, infrequent events such as named tropical storms. Our mechanistic model indicates 

that substrate instability lowers a threshold for subsequent hydrodynamic disturbances. 

Such chronic multiple disturbances limit coral colonization relative to adjacent disturbed 

areas with comparable hydrodynamic forcing but consolidated substrate. Without 

stabilization of unconsolidated rubble, the threshold for disturbance remained low and 

did not recover during the study. In contrast, the threshold for hydrodynamic 
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disturbance at the pavement site was much higher, as evidenced by successful coral 

colonization. The fate of unstable rubble depositions is determined by frequency and 

intensity of subsequent hydrodynamic disturbances (Scoffin 1993), and continued 

mobilizations may establish a positive feedback loop in which continued rubble clast 

mobilizations cause additional mechanical erosion or breakage and a shift to ever 

smaller rubble sizes. Smaller rubble clasts subsequently mobilize at a lower level of 

hydrodynamic forcing, and thus become subject to more frequent and sustained 

disturbances. 

Estimating hydrodynamic forces on submerged objects contains inherent 

uncertainties. Spatial variability in flow patterns (notably, at a scale smaller than the 40 

m model grid cell resolution of this study) may influence probabilities of rubble 

mobilization. Small-scale flow patterns may drive hydrodynamic patchiness within a 

disturbance site, resulting in some areas being more likely to mobilize than others. For 

example, colonies along edges of undamaged reef surrounding disturbance area may 

have turbulent wakes (Hench and Rosman 2013) that may influence the likelihood of 

rubble mobilization. Potential for substrate mobility is influenced by friction and drag 

forces sensitivities to rubble exposure to the flow, rubble interlocking, or ratio of rubble 

to sediment. Improved modeling of rubble mobility could include rubble collisions 

(Imamura et al. 2008, Nandasena and Tanaka 2013) and rubble interactions with smaller 

sediment size classes (Kain et al. 2012). Finally, bioturbation (e.g., sand tilefish, rays) 
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may mobilize rubble, but is difficult to quantify on its own or in conjunction with 

hydrodynamic mobilization. 

Alternative explanations for the comparatively lower coral recruitment into the 

rubble site than the pavement site include differential temperature stresses leading to 

mortality (e.g. via bleaching), or competition for space with existing benthic organisms 

such as algae. Mean near-bottom water temperature at the pavement site was slightly 

warmer than the rubble site, with the same variance, and skewed toward higher 

temperatures (Appendix A). One might expect that greater thermal stress at the 

pavement site could translate to less favorable thermal conditions for coral survival; 

however, since coral density and survival were higher at the pavement site, it seems that 

thermal stress is not the dominant physical driver accounting for differences between 

sites. Cover of other benthic organisms also did not appear to be substantially different 

between the pavement and rubble sites. Both were similar in cover for benthic algae, 

turf, and sponges; however, the rubble site had more crustose coralline algae than the 

pavement site for several years, a condition which would seem favorable for coral 

settlement (Ritson-Williams et al. 2009). Cementation and encrustation (Perry 1999) and 

sponge stabilization (Biggs 2013) have been shown as biological mechanisms to stabilize 

substrate, and potentially provide suitable substrate for successful multi-species coral 

colonization (e.g., Dollar and Tribble 1993, Hughes 1999, Perry 2005). In this study, 

however, only limited stabilization of unconsolidated substrate through biological 
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mechanisms was noted, and biological stabilization was not observed to be a significant 

contributor to stabilize the rubble site.  

Although direct observation of rubble mobilization and coral mortality during 

hydrodynamic events proved elusive in this study, the findings are consistent with other 

work that shows large disturbances can have cascading effects that can lead to 

continued habitat degradation. Recruitment limitations within unstable substrate 

observed in this study support correlations between decreased survival of small 

scleractinian corals and substrate mobilization by water motion (Fox et al. 2003, Fox and 

Caldwell 2006, Yadav et al. 2015), and prolonged habitat loss such as that seen in ship 

grounding impacts (Riegl 2001, Moulding et al. 2012, Cameron et al. 2016) and other reef 

disturbances (Victor 2008). Effects of large disturbances are well known to have long-

lasting impacts on coral communities (Done 1992, Connell 1997, Connell et al. 1997). 

Hydrodynamic energy from hurricanes is related to declines in reef structural 

complexity (Alvarez-Filip et al. 2009), low coral recruitment (Crabbe et al. 2008), and 

coral loss in the Caribbean over the last 30 years (Gardner et al. 2005). On Caribbean 

reefs, the combined effects of disturbances, adult mortality, and recruitment limitations 

of framework-building scleractinian coral species have contributed to community shifts 

to small, weedy coral species, octocorals, or algae, thereby reducing potential for future 

structural complexity. This limitation is likely to have impacts beyond benthic 

communities, for complexity provided by both corals and underlying geologic structure 
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contributes to system-wide biodiversity (Graham and Nash 2012), including fish 

communities (Graham et al. 2006), fisheries productivity (Graham 2014, Rogers et al. 

2014), and mitigation of nearshore wave energy through attenuation by reefs (Ferrario et 

al. 2014). 

After an extreme initial disturbance to the biological and structural complexity of 

a coral reef, projected recovery may be limited by ecological as well as hydrodynamic 

forcing. Our findings emphasize the importance of physical and biological limitations on 

juvenile coral survival and negative effects of multiple disturbances on community 

recovery. It is clear that without substrate stabilization, subsequent chronic 

hydrodynamic mobilization of unstable substrate can lead to prolonged or permanent 

habitat loss. 
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Ch 3. Predicting coral communities in the U.S. 
Caribbean with joint species distribution models  
3.1 Introduction 

Changing climate conditions are causing shifts in community composition in 

many ecosystems worldwide (Sala et al. 2000). In marine systems, shifts in species 

demographics and geographic distributions have resulted from biophysical responses to 

climate-driven oceanographic variables (Perry et al. 2005). Tropical corals in particular 

face formidable challenges to continued persistence (Gardner et al. 2003, Hughes et al. 

2007, Pandolfi et al. 2011). Ocean temperatures are projected to increase (IPCC 2013, 

Heron et al. 2016), as well as wave energy from storms (Goldenberg et al. 2001, Donner 

2009, Knutson et al. 2010), while reef complexity is projected to continue to decline 

(Alvarez-Filip et al. 2011, Bozec et al. 2015).  

For many reefs in the Caribbean, mortality of framework-building coral species 

has contributed to a loss in coral diversity (Gardner et al. 2003, Green et al. 2008, van 

Woesik et al. 2012). Such community shifts have been described after disturbances such 

as hydrodynamic impacts from storms (Madin et al. 2008) and mortality from conditions 

related to thermal stress including coral bleaching (McWilliams et al. 2005, van Woesik 

et al. 2011, Darling et al. 2013) and disease (Aronson et al. 2004, Muller and van Woesik 

2012). Scleractinian corals, as foundation species (sensu Dayton 1972), contribute the 

structural and functional attributes that define a coral reef; therefore, declines in coral 

species abundances and size are likely to have cascading effects throughout the reef 
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community where biodiversity supports ecosystem services (Palumbi et al. 2009) and 

resilience (Nyström et al. 2008). Coral colony size is also directly related to reproductive 

potential and inversely related to mortality rates (Hughes 1984) as well as linked to 

recovery potential after disturbance (Madin et al. 2008) and to disease susceptibility 

(Muller and Woesik 2014). Species traits based on life-history have been offered as an 

explanation of what species thrive under changing climate conditions, as some ‘weedy’ 

species, with r-selection strategies (Pianka 1970, Knowlton 2001a), increase in abundance 

yet massive, slow-growing corals may be more resistant to localized disturbances (Loya 

et al. 2001, Green et al. 2008, van Woesik et al. 2011). Darling et al. (2012) used a 

quantitative approach to classify scleractinian coral species into 4 traits (competitive, 

weedy, stress-tolerant, and generalist) based on combined life history strategies of 

colony morphology, growth rate, and reproductive mode. However, there has yet been 

no investigation of the distributions of coral species or traits within a spatial context to 

define community composition in response to environmental constraints. 

Relating patterns in species distributions to environmental factors has been a 

longstanding goal of ecology, from early work defining the fundamental ecological 

niche of a species as the ranges of environmental variables where a species can survive 

(Hutchinson 1957), and quantifying species assembly into available habitat (Southwood 

1977). Species distribution models (SDMs) have been widely applied to describe species’ 

niches, predict suitable habitat, and assess risk from human activities or climate change 

(e.g. Guisan and Zimmerman 2000). SDMs have also been used for conservation 



 

42 

 

recommendations for many threatened and mobile marine populations such as seabirds, 

fish, turtles, and cetaceans (e.g. Roberts et al. 2016). Regional-scale SDMs have been used 

to predict macrorefugia for species persistence with climate stability (see Ashcroft 2010), 

whereas microrefugia (less than 100 m) has been identified from local-scale topography 

that is not captured in regional-scale models (Austin and Van Niel 2011). 

Species distribution models relate ecophysiological processes to functionally 

relevant environmental predictors (Guisan and Zimmerman 2000, Guisan and Thuiller 

2005, Elith and Leathwick 2009). Coral SDMs have described how individual species 

presences, presences and absences (Chollett and Mumby 2012, Cacciapaglia and van 

Woesik 2015, 2016), and benthic cover (Franklin et al. 2013a), as well as species richness 

(Wirt Ames 2016) vary with climate or geomorphologic predictors. Although responses 

of individual species govern community responses, species interactions are also a 

consideration. On coral reefs, multidimensional competition for space is an important 

determinant of community structure (Connell 1973, Lang and Chornesky 1990, 

Chadwick and Morrow 2011). In addition, responses of species to abiotic drivers are 

unlikely to be independent between coral species (e.g., Goreau 1959, Sheppard 1982). 

Furthermore, the probability of species occurrences are also likely to be correlated 

between coral species, potentially violating assumptions of independence. 

Until recently, community SDMs have been approached by either modeling a 

measurement of species richness or stacking individual species-level models to predict 

species richness (Ferrier and Guisan 2006), both of which have considerable limitations 
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in relating how communities are shaped by individual species’ limitations (Gelfand et al. 

2005). More recently, joint species distribution models (JSDM) have been developed to 

model species together (e.g., Ovaskainen and Soininen 2011, Pollock et al. 2014). JSDMs 

account for shared patterns in species co-occurrence patterns and in environmental 

variables not included in the model (Clark et al. 2011a, Pollock et al. 2014). Joint 

distributions are expected to improve predictions for multiple species that interact or 

respond similarly and to include information from joint relationships that are not 

explained by predictor variables (Clark et al. 2014). The JDSM generalized joint attribute 

model (GJAM) is a multivariate regression model that allows for zero inflation, variable 

effort, and incorporation of multiple species data types (Clark et al. 2017). GJAM also 

utilizes inverse prediction to show how well the individuals themselves predict the 

environment (Clark et al. 2012, 2013, 2017).  

Here we use a joint distribution of multiple coral species and attributes to model 

the coral community in relation to the local geomorphological and climate environment. 

A generalized joint attribute model (GJAM) was used to model multiple types of coral 

data: discrete abundance of individual species, continuous data on demographic sizes, 

continuous abundance data on coral mortality prevalence and proportion, and 

composition data on benthic cover. Coral responses to the local geomorphologic 

environment and potential stressors from wave energy and temperature were modeled. 

It was expected that variability in species responses would reflect the realized niches of 

individual species. We hypothesized that abundance and size would have similar 
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responses for many species, mortality would decrease with depth due to less heat stress 

and relate to solar insolation exposure. We also explored effects of varying effort on 

predictive distributions. 

3.2 Methods 

3.2.1 Coral data 

Coral data are from the U.S. National Oceanic and Atmospheric Administration’s 

(NOAA) National Coral Reef Monitoring Program (NCRMP), a large-scale coral reef 

ecosystem monitoring program implemented in 2013 for U.S. coral reefs in the 

Caribbean and Pacific. U.S. Caribbean regions, the U.S. Virgin Islands (USVI) and Puerto 

Rico, are included in this analysis, and coral surveys were conducted approximately 

biannually in each region: 2013, 2015 (USVI: St. Thomas and St. John), 2015 (USVI: St. 

Croix), 2014 and 2016 (Puerto Rico) (Figure 17; Table 1). All reef surveys targeted 

hardbottom coral reef habitat in water depths shallower than 30 m. Survey sites were 

Table 3. Survey regions, sub-regions, years of sampling, number of coral 
survey sites included in modeling effort. 

Region Sub-region(s) Year Survey N 

Puerto Rico  - 
2014 96 

2016 92 

U.S. Virgin Islands 
St. Thomas, St. John 

2013 181 

2015 138 

St. Croix 2015 133 
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Figure 17: Survey locations and hardbottom habitat from 0 - 50 m for (A) Puerto 
Rico, (B) St. Thomas and St. John, and (C) St. Croix, U.S. Virgin Islands. Surveys were 

0 - 30 m depth and conducted from 2013 - 2016. Land is in black, light grey is the 
mapped hardbottom habitat sampling domain, and white represents no data, 

softbottom habitat, or depths deeper than 50 m. 
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selected based on a stratified random design based on hardbottom habitat classification, 

depth (greater or less than 13 m), and management area. The sample design grid 

consisted of 50 × 50 m primary sampling units (psu) on mapped hardbottom habitat. 

Sample allocation was independent between years.  

For coral monitoring, divers surveyed a 10 m × 1 m belt transect area within each 

sampled psu. In a small percentage of surveys, the survey area was truncated at less 

than 10 m2 due to field logistics. Within the survey area, divers measured species 

abundance, maximum colony diameter (cm), colony height (cm), and estimates of partial 

mortality (percentage of old and recently dead tissue on the coral skeletal structure) for 

scleractinian corals with a skeletal structure ≥ 4 cm in maximum dimension (Figure 18). 

Completely dead corals (100% mortality) were not counted in surveys due to species 

identification limitations. Colony surface area was approximated for coral species (in m2) 

as half of an ellipsoid according to: 
1.61.6 1.6

1/1.6
( ) ( ) ( )0.5*4

3
ab ac bcSA π

 + +
≈   

      (Eq. 12) 

Coral mortality was investigated as both mortality prevalence and proportion (Figure 

18). Prevalence of coral mortality was the percentage of surveyed corals colonies 

displaying any tissue mortality. The proportion showing mortality was the mean 

percent of coral colonies by species and site.  

 For benthic cover monitoring, divers used a linear point intercept method to 

survey 100 points along a 20m transect co-located with coral monitoring. Coarse cover 
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categories included in subsequent modeling included macroalgae, turf algae, crustose 

coralline algae, octocorals, and sponges. Other non-coral categories were combined into 

an ‘other.cover’ category. Coral cover was not included to avoid redundancy with 

abundance data.  

 

Figure 18: Distributions of (A) abundance, (B) sizes, (C) prevalence of 
mortality, (D) proportion of mortality on colonies, and (E) species richness for 

total corals per site. Adjusted species richness combines all species present at less 
than 10% of sites into a single ‘other’ category, as is used in models. 
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A total of 741 monitoring plots were surveyed in the field; of these, 659 were in 

locations with spatial coverage of relevant environmental predictors and were included 

in modeling analyses. 17,153 corals were included in analyses (Figure 18; Appendix B). 

To explore potential trait-based patterns, species were classified into traits according to 

Darling et al. (2012): competitive, weedy, stress-tolerant, and generalist taxa, based on 

life history strategies of colony morphology, growth rate, and reproductive mode. 

2.2.2 Environmental predictors 

Geomorphological predictor variables were derived from high resolution remote 

sensing products including multibeam sonar and light detection and ranging (LiDAR). 

In addition to depth, multiple metrics of reef structural complexity were included, 

specifically slope, change in slope, and rugosity (Table 4, Figure 19). Slope (in radians) 

Table 4: Abiotic predictor variables used in model development.  

Variable description Variable name 

Geomorphology 

Depth  

Rugosity 

Slope 

Change in slope  

Aspect (N-S) 

Aspect (E-W) 

Hydrodynamic stress Bottom orbital velocity (Ub) 
Wave direction (MWD) 

Thermal stress 

SST range  
Number of days above 30°C  
SST summermean-maximum 
SST mean 



 

49 

 

was calculated with 8 neighboring cells as per Horn (1981) using the R raster package 

(Hijmans & van Etten 2012), and change in slope derived as the slope of this slope. 

Rugosity was derived using a root-mean-square approach based on depth, where the 

mean value was calculated for each cell and of eight neighboring cells. To investigate 

potential effects of solar insolation exposure relative to exposure to hydrodynamic 

forcing, circular statistics of aspect were included as predictors (Table 4, Figure 19). 

Aspect was calculated (in radians) with 8 neighboring cells as per Horn (1981) using the 

R raster package (Hijmans & van Etten 2012) and divided into sine and cosine 

Components for directionality. Aspect values were included in models as an interactive 

term with slope where slope was significant (Clark 1990, Clark et al. 2017) and with 

mean wave direction to account for the circularity of the island exposure. Predictors 

were constructed from raster mosaics created at the coarsest spatial resolution of input 

rasters; from these, mean values were calculated in R statistical software (v 3.3.0; R Core 

Team 2017) and with custom scripts in Python (v 2.7; Python Software Foundation 2003) 

at the 50 × 50 m resolution of the field survey design grid.  

The dynamic variability in wave energy inherent to the marine environment was 

represented with CariCOOS Nearshore Wave Model forecasts from 2013 – 2016 (Figure 

20). The CariCOOS Nearshore Wave model is based on the Simulating Waves Nearshore 

(SWAN) spectral wave model and forecasts significant wave height, wave period, and 

mean wave direction. This model is validated by field observations from CARICOOS 

wave buoys. Overall mean values for the study time period (2013 - 2016) were  
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Figure 19: Geomorphological predictors for (left to right) Puerto Rico, St. 
Thomas and St. John USVI, and St. Croix USVI. Predictors compared in models 
included (A) rugosity, (B) change in slope, (C) aspect (E-W), and (D) aspect (N-S). 
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Figure 20: SWAN wave predictors for (left to right) Puerto Rico, St. Thomas 
and St. John USVI, and St. Croix USVI. Predictors compared in models included (A) 

near-bottom orbital-velocity ( bU ), and (B) mean wave direction. 

constructed from annual climatologies of daily forecasts (Table 4, Figure 19). Forecasts 

were downscaled from a 1 km spatial resolution to 50 m with bilinear interpolation. 

Forecasted wave heights and wave periods were used along with bathymetric depth to 

calculate wave energy near the seafloor, bU , following Wiberg and Sherwood (2008). A 

composite annual forecasted mean wave directions (MWD) was included in models as 

an interactive term with slope and aspects to investigate potential effects of wave and 

solar exposure. 

Thermal stress was represented with sea surface temperature data from NASA 

Multi-Scale Ultra-High Resolution Sea Surface Temperature (MUR SST; 

http://mur.jpl.nasa.gov/multi_resolution_analysis.php), a blended satellite dataset and 

currently one of the highest resolutions available. Climatologies of potential predictors 

of chronic stress were constructed from daily SST data for the study time period (2013 -

http://mur.jpl.nasa.gov/multi_resolution_analysis.php
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 2016) and included mean temperatures, summer temperature, maximum monthly mean 

summer temperatures, annual range, and number of days above 30°C as a metric of 

cumulative temperature stress (Table 4, Figure 21). MUR SST data at a 0.01° spatial 

resolution (in longitude-latitude coordinates) were downscaled to 50 m through bilinear 

interpolation.  

 

 

Figure 21. Thermal predictors for (left to right) Puerto Rico, St. Thomas and St. 
 USVI, and St. Croix USVI for (A), (B) mean SST, (C) maximum of summer mean 

SST, (D) number of days above 30°C from 2013-2015. 
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Table 5. Correlations between environmental predictors. Correlation pairs above 0.7 were not included in the same model. 
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Depth 1            

Slope -0.12 1           

Rugosity -0.16 0.75 1          

Change in slope -0.12 0.82 0.77 1         

Aspect (N-S) 0 -0.40 -0.32 0.36 1        

Aspect (E-W) -0.03 -0.05 -0.05 -0.04 0.05 1       

MWD 0.22 0.09 0.04 0.06 -0.06 0 1      

Near-bottom orbital-velocity (Ub) 0.60 -0.03 -0.05 -0.06 -0.04 -0.02 0.17 1     

SST range 0.46 0.11 0.02 -0.06 -0.08 0.03 0.26 0.36 1    

Days 30°C 0.35 0 -0.05 -0.11 0.03 0.04 0.29 0.27 0.23 1   

SST mean 0.02 -0.19 -0.17 -0.07 0.1 0.02 -0.18 -0.03 -0.36 0.57 1  

SST summer mean-max 0.48 -0.06 -0.14 -0.08 0.07 0.01 0.07 0.20 0.14 0.77 0.65 1 
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Table 6: Variance Inflation Factor (VIF) estimates of collinearity for each 
geographic region. 

Variable name 

Variance Inflation Factor 

Puerto Rico 
St. Thomas 

St. John 
St. Croix 

Depth  2.5 2.1 3.9 

Rugosity 2.2 3.0 2.5 

Slope 4.0 3.4 5.4 

Change in slope  3.1 3.9 3.6 

Aspect (N-S) 1.5 1.1 1.3 

Aspect (E-W) 1.0 1.2 1.3 

Near-bottom orbital-velocity (Ub) 1.1 1.1 1.4 

Wave direction (MWD) 2.8 2.8 3.5 

SST range  1.5 1.9 1.4 

Number of days above 30°C  5.6 1.3 2.2 

SST summer mean-maximum 5.8 4.1 2.1 

SST mean 6.3 2.8 4.5 

 

All predictors except circular metrics were centered and standardized. For all 

predictors, correlations and multicollinearity. Predictors with high correlation (> 0.8; 

Table 5) or VIF (> 10; Table 6) were not included in the same model. 

3.2.3 Statistical modeling 

To explore relationships of multiple coral species to environmental predictors, I  

used generalized joint attribute modeling (GJAM), a multivariate model partitioned to 

allow for different data types. As detailed in Clark et al. (2017), this model is based on  
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   Eq. 13 

where iw  is a vector of continuous responses, iy  is a vector of observed data (here,  

discrete or continuous), isz  is the label specifying data type, ix  is a vector of predictors, 

and the i subscript equivalent to observations. A continuous iy is equal to iw , with a 

discrete iy , and the iz  label is bounded by points in the partition , 1z zi i
p p +  iy , and MVN 

is a multivariate normal distribution. The mean vector 'i ixµ β= where β  is a Q×S 

matrix of coefficients. Σ  is an S × S covariance matrix. ,i kI  is the indicator function that 

restrict iw within the correct interval (k). Each different type of input data has a 

variance/covariance matrix ∑ and coefficient matrix β. The prior distribution for β is 

non-informative. Missing data in y are modeled by GJAM as part of the posterior 

distribution. Gibbs sampling is used to simulate the posterior distribution (Clark et al. 

2017). 

Coral species present at more than 10% of surveyed sites are included in analyses 

those at fewer sites were aggregated with species that did not respond to the model and 

included in models as an ‘other’ variable to account for space utilization within the 

survey area (Figure 19, Appendix B). GJAM models were fit for a total of twenty-one 

species and four data types of abundance, size, and health predictors using the gjam 
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v2.1.1 package (Clark et al. 2017) in R version 3.3.2 (R Core Team 2017). Coral species 

abundances, as discrete counts of individuals for each species, were classified as discrete 

abundance (DA) variables in GJAM (Table 7). Effort (Ei) was allowed to vary for DA 

variables according to areas of field survey transects so that large transect areas 

contributed more weight than small. Colony size, diameter, and height measurements 

(mean values per species per site) were continuous, uncensored, and truncated at zero. 

These were centered and standardized, then classified as continuous (CON) variables 

within GJAM (Table 7). When size was included as a continuous abundance (CA) 

variable, model convergence was unstable. 

Partial mortality metrics, including prevalence of partial mortality calculated as 

the mean percentage of colonies of each species at each site that showed any partial 

mortality, and proportion of coral mortality calculated as mean percentage of partial 

mortality on the colony area per species and site, were both classified as continuous 

abundance (CA) censored at 0 (no mortality) and 1 (all colonies show mortality) (Table 

7). Benthic cover data were classified as fractional composition (FC) data, relative 

abundance. Models were developed with full variables and reduced to only include 

variables that responded to predictors (Table 7). Models of one or more of the species 

attributes were compared (i.e. each separately and combined). 

With the small survey size of individual field survey plots (~ 10 m2 per survey 

location), the survey area may not capture all species present in an area; therefore the 

659 survey plots were aggregated by covariates with k - means clustering, an approach 
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Table 7: Summary of coral and benthic cover data types included in model 
development. 

Variable Type Name Type Additional info 

Species abundance DA Discrete abundance Varying effort 

Colony size:  

Surface area 

Height 

Diameter 

CON Continuous 

abundance 

Centered, standardized 

Partial mortality: 

Prevalence, 

Proportion 

CA Continuous 

abundance 

 

Benthic cover: 

Macroalgae, Turf, 

CCA, Octocorals, 

Sponges, Other 

FC Fractional 

composition 

Relative abundance 

 

used in similar forest models (e.g. Iverson and Prasad 1998, Clark et al. 2017). A range of 

clusters were compared (160 - 450), and results were compared for convergence of 

coefficient and correlation chains and predictive fits for y, x inverse, species, and species 

richness. We used 300 clusters in further analyses, and the resulting variability in survey 

area (5 – 70 m range) was captured as effort in GJAM models. Models were compared 

with and without dimension reduction, where ∑ is reduced in rank to groups that 

respond similarly to reduce the number of parameter estimates in the covariance matrix 

∑ (Taylor-Rodríguez et al. 2016), here to a 10 x 5 matrix. For simplicity, here we show 

results from models without dimension reduction. 
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Models were run for 150,000 Gibbs steps with a burnin of 20,000. Model selection 

was based on fit, MCMC chain convergence, prediction scores (Gneiting and Raftery 

2007), and DIC scores (Spiegelhalter et al. 2002). A k-fold cross-validation was used for 

to evaluate models by comparing predictions between training and test data, where k = 

10; results from the full model with no holdouts are included here. For each species 

included in the GJAM model, root-mean-square error (RMSE) was calculated, where 

RMSE is an inverse measure of the explanatory power of the prediction function, the 

expected value of the squared difference between fitted values from the prediction 

function and the actual values (Eq. 11).  Predicted richness of the included species over 

the study area was modeled from predicted species presences with a threshold for 

presence of 0.6. We also explored how survey effort variability would impact predictive 

means. For this, we compared the effect of original effort (10 m), clustered effort, and 

variations on increased survey effort (20 m, 50 m, 100 m) on predictive means. 

Inverse prediction was used to explore sensitivities of coral species to potential 

increases in wave energy. Although wave energy and temperature stress, among other 

environmental variables, are predicted to vary with climate change, climate models (e.g. 

IPCC) have not yet been downscaled to the fine-resolution used in this modeling 

approach. Changing conditions were therefore approximated to demonstrate species 

sensitivities and potential changes in species richness. It is expected that cyclone 

intensity and frequency will increase with climate change (Cheal et al. 2017); although it 

was outside of the scope of this study to model the extreme localized wave energy 
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potentially produced by a direct hit from a cyclones, we included a scenario with 

doubled mean wave energy to approximate increased storm conditions. 

The spatial predictive domains were created from the 50 m × 50 m grid used in 

survey design for data collection. The design grid was limited to cells with depths less 

than 30 m, areas classified or predicted as greater than 10% hardbottom habitat in 

benthic habitat maps, and data on all environmental predictors used in the final model.  

3.3 Results 

The model predicted responses for data types that included discrete abundance 

and continuous abundance variables (i.e. size measurements) and probability of 

presence, used to calculate species richness (Figure 22). Predicted species richness was 

more accurate at smaller numbers of species. Sites with low values of species richness 

were somewhat overestimated, and sites with high values of species richness were 

underestimated (Figure 22). This is likely due to data limitations for rare species. 

Abundance predictions were generally low but variable, as evidenced by wide 

 

Figure 22: Joint data predictions for overall (A) species richness, (B) discrete 
abundance (C) continuous abundances (surface area). Histograms show the actual 

data distribution, and boxplots show predictive means and intervals (68% and 95%).  
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predictive intervals (Figure 22). 

Continuous abundance predictions for coral diameter were accurate relative to 

the data, although predictive intervals are broad at sites with the smallest and largest 

corals because of the low sample size of these sites (Figure 22). For overall species level 

abundances in response to all predictors, fit for predictive means and intervals was 

stronger for species with more data and higher abundances, such as A. agaricites, than 

for species with less data and lower abundances, such as Acropora cervicornis and A. 

lamarcki (Figure 23). These species with limited data likely contributed to underestimates 

of high levels of overall species richness for sites (Figure 22). Coefficient chains for β and 

correlation chains converged, indicating model stability (Appendix D: Figure 38, Figure 

39). Preliminary models showed strong correlations between surface area, diameter and 

height responses in the error response matrix (data not shown); therefore, because 

predictive fit was stronger for surface area at the species level than for height and 

diameter, surface area was included in subsequent model development, rather than 

height and diameter. Mortality prevalence and percentage (continuous variables) and 

benthic cover (fractional composition variables) did not predict well for community 

predictions or have good model convergence, and so were not included further in 

analyses. 
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Figure 23: Predicted mean values and intervals for each species’ discrete 
abundance data (DA; a-z) and continuous size data (CON; a-x). Tan histograms show 

the data distribution, and blue boxplots show predictive intervals (68% and 95%). 
Species with more data and higher abundances have a better predictive fit. 
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Figure 24: Inverse prediction of x covariates (A) depth, (B) near-bottom orbital-

velocity ( bu ), (C) slope (radians) and (D) range in sea surface temperatures. 

 

 

Figure 25: Sensitivity  of full response of coral community abundance and 
size to abiotic predictors. 
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Figure 26: 95% posterior distributions for coral species abundances and sizes in response to environmental variables (A) 

depth, (B) near-bottom orbital-velocity ( bu ), (C) slope, and (D) temperature range. Dark grey shows abundance, and light grey 
indicates size (D). 
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Figure 27: Sensitivity  (left) and  coefficient matrix (right) of coral model of 
abundance and size. The sensitivity  shows overall strong positive effects for depth, 

slope, and near-bottom orbital velocity ( bu ) from effects of individual variables in 
the  matrix (right). The color scale ranges from strong positive effects (red) to no 

effects (white) to strong negative effects (blue). 

Predictive distributions for sensitivity ( ) show that depth, wave energy near the 

seafloor ( bu ), temperature range and slope have strong influences on the overall coral 

community (Figure 25). These predictors had best fit in model selection criteria, 

although other correlated predictors were also strong predictors for some species, 

namely: change in slope, rugosity and time duration (days) above 30°C. Inverse 

prediction fit parameters relatively well, although the estimate for near-bottom orbital 

velocity underpredicted at low values of data (Figure 24). Predictors including terrain 

aspects, MWD, mean SST, and mean-maximum SST did not add to model explanatory 

value and were not included for further parsimonious analyses. Interactive terms did 
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not strengthen the model. Inverse prediction, a sensitivity analysis(Clark et al. 2011b, 

2014), showed that the joint species distribution of species can predict habitats in terms 

of depth, near-bottom orbital-velocity, and slope (Figure 24, Figure 25). 

Responses of abundances and attributes to the geomorphological predictors 

depth and slope varied between species (Figure 26, Figure 27). With the strength of 

species responses structuring the community, depth was a strong community predictor 

and slope was less strong (Figure 27). Depth was negatively correlated with abundances 

of Acropora cervicornis, Diploria labyrinthiformis, Orbicella annularis, Porites astreoides, P. 

porites, Pseudodiploria clivosa, and P. strigosa, and Siderastrea radians, and sizes of O. 

annularis, P. clivosa, P. strigosa, D. labyrinthiformis and other aggregated species. 

Abundances of A. lamaracki, Madracis decactis, Meandrina meandrites, Montastraea 

cavernosa, Orbicella faveolata, and O. franksi were positively related to depth, as were sizes 

of A. agaricites, A. lamarcki, Eusmilia fastigiata, M. decactis, O. franksi. Slope was a 

weakerpredictor for the community than depth (Figure 27), with positive effects on 

abundance for A. agaricites, A. humilis, A. lamarcki, and M. cavernosa and size for A. 

lamarcki, Eusmilia fastigiata, M. meandrites, O. annularis, and Porites divaricata. No species 

were negatively related to slope. 

Wave energy was a strong negative predictor for the coral community (Figure 

27) due to strong negative effects on abundances for A. agaricites, O. annularis, O. O. 

franksi, and P. porites, and on sizes for O.franski and Stephanocoenia intersepta. Sizes of P. 

clivosa and P. strigosa were positively related to wave energy, although no species 
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abundances were related. Temperature range was a weak predictor for the overall 

community (Figure 27). It was negatively related to M. decactis and P. clivosa abundance 

and size for A. agaricites, A. fragilis, E.fastigiata. Temperature range was positively related 

to abundance for A. agaricites and size for D. labyrinthiformis. 

We show figures of distributions of predicted abundances and standard error 

here for a few representative species that had strong model fits (see Appendix D: Table 

11 for root mean square prediction errors by species). Due to the fine-scale resolution of 

the predictions, we review trends over a geographic area rather than an exact individual 

location. Predicted abundance of weedy species such as Porites astreoides  

considerably exceeded that of boulder reef-building species, such as Pseudodiploria 

strigosa (Figure 28, Figure 29). Most of the reef-building boulder species had low 

predicted mean abundances and high standard errors due to low abundances surveyed 

(Figure 23). 

Richness trended lower in shallow nearshore areas with higher wave energy 

(Figure 30), as fewer species were able to tolerate conditions. Under the simulation 

scenario of doubled near-bottom orbital- velocity, species richness declined in deeper 

and sheltered areas, such as southwest Puerto Rico or offshore southern and offshore 

eastern St. Croix (Figure 30, Figure 31). However, some nearshore areas that were 

limited in predicted species richness, such as inshore south and northeast of St. Croix, 

increased (Figure 31). Under a scenario of a 2°C increase in SST, predicted richness 
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Figure 28: Predicted (A) mean abundance and (B) standard error for Pseudodiploria strigosa for (top) Puerto Rico, (middle) 
St. Thomas and St. John, and (bottom) St. Croix, U.S. Virgin Islands. 



 

 

 

69 

 

Figure 29: Predicted (A) mean abundance and (B) standard error for Porites astreoides for (top) Puerto Rico, (middle) St. 
Thomas and St. John, and (bottom) St. Croix, U.S. Virgin Islands. 
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Figure 30: Surveyed (A) and predicted (B) richness of included coral species for (top) Puerto Rico, (middle) St. Thomas 

and St. John, and (bottom) St. Croix, U.S. Virgin Islands. For (A), light grey indicates mapped hardbottom habitat. 



 

71 

 

 

Figure 31: Change in species richness of coral species under a scenario of 
doubled near-bottom orbital-velocity for (top) Puerto Rico, (middle) St. Thomas and 
St. John, and (bottom) St. Croix, U.S. Virgin Islands. Red indicates predicted species 

loss, white is no change, and blue indicates predicted species gain. 
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Figure 32: Change in species richness of coral species under a scenario of an 
increase of 2°C in SST range for (top) Puerto Rico, (middle) St. Thomas and St. John, 

and (bottom) St. Croix, U.S. Virgin Islands. 
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Figure 33: With increasing effort, predicted species abundances (YMu) increase 
relative to actual abundances (Y) for individual coral species. Field data, with a 
sampling effort of 10 m per 50 m area, were aggregated by the environmental 

predictor matrix to increase the sample effort. 
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declines throughout the geographic range of the study, with offshore areas declining 

more than inshore areas, potentially due to species sensitivities (Figure 32).  

Effort was weighted in GJAM so that observations with the most effort and 

smallest variance had larger effects on fit for abundances (Clark et al. 2017). Data 

aggregation, where observations from different surveys were combined for analyses 

based on clustering of environmental parameters, resulted in variable survey effort. 

Effort considerably affected study results showing that more sample effort increased the 

predictive mean and decreased the predictive error (Figure 33). 

3.4 Discussion 

Here we have shown joint species distributions of scleractinian coral 

communities in response to both local geomorphological and climate factors. By 

modeling multiple species jointly, we quantified the coral community response to 

environmental parameters in terms of species abundances and colony size. Our study 

demonstrated the importance of including fine-scale geomorphological factors in 

addition to climate variables for predictive distributions at a local scale. Specifically, the  

community of coral species included here responded to depth, rugosity, wave energy, 

and temperature stress. Spatial predictions of geographic distributions of species are 

based upon these variables. Anthropogenic stressors were not included in the model, 

and are not addressed in spatial predictions. Although it has been noted that diversity of 
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corals is dependent upon habitat area (Fraser and Currie 1996, Knowlton 2001b), this 

study also illustrates the dependence of diversity on individual species’ responses to 

environmental constraints. Weedy species typically had the highest abundance in these 

areas, yet our study showed clustering coral responses to be more detailed than 

explained by the individual traits included here.  

The JSDM approach used here addresses two common challenges for benthic 

data: correlations between coral species and zero-inflated data. This study illustrates the 

dominance of non-framework building species on U.S. Caribbean reefs. It has been well 

documented that Caribbean coral cover is dominated by weedy species (Gardner et al. 

2003), relative abundance and size provide more information on population status than 

cover. As ecosystem engineers, coral size scales with not only population status, such as 

reproductive potential, but also habitat formation. Numerous coral species occurred at 

so few sites that they were unable to be included in the model (Appendix B) and are not 

included in spatial predictions of species richness. It may be that these geographic areas 

have previously experienced biotic homogenization resulting from mortality (e.g., 

Burman et al. 2012). Additional survey effort may provide additional information on 

rare species. 

Species abundances in this study only include corals greater than 4 cm because 

smaller corals were not included in field surveys. Therefore, predicted abundances may 
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be underestimates, particularly for species such as P. astreoides and S. radians that have 

positively skewed size-frequency distributions. Future demographic field survey efforts 

should include corals smaller than 4 cm, for survey data on where small corals are 

located would not avoid truncated size ranges, but also would also capture critical 

information on recruitment success. For many species of Caribbean scleractinian corals, 

post-settlement survival can be a population bottleneck (Vermeij and Sandin 2008, 

Ritson-Williams et al. 2016). Information on small corals would allow model 

development to show where population recruitment may be occurring and species 

ranges expanding or contracting (e.g., Zhu et al. 2012, Mclaughlin and Zavaleta 2012). In 

general, however, colony size was included as a proxy for age and morphology to show 

relationships with environmental parameters and provide insights into population 

status. 

Depth was a key geomorphological predictor for abundances and size 

distributions of many species in these reef communities. Coral distributions and growth 

patterns are shaped by biophysical and climatic parameters that vary by species and 

spatially across diverse seascapes (e.g., Goreau 1959, Sheppard 1982). Water depth and 

wave energy have long been recognized as drivers of zonation of coral species across 

reef habitat (Done 1983, Huston 1985) and contributors to species coexistence (Connell 

1978). Depth is not only related to wave energy (Gove et al 2015, Williams et al 2015), 
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but also to light availability for heterotrophy (Sheppard 1982) and to thermal stress (Soto 

et al. 2011, Vega Rodriguez et al. 2015). For species that are more abundant or larger in 

deeper reef habitats, such as Orbicella faveolata, mesophotic reefs, defined as reefs from 

30 - 150 m depth, may be a refuge from environmental stressors. The deep refugia 

hypothesis posits that, because depth and light stressors are lessened with depth, 

mesophotic reefs act as a larval source to stressed shallower reefs (Glynn 1993, West and 

Salm 2003, Riegl and Piller 2003). Although mesophotic reefs were beyond the scope of 

this study, abundance and size of several species in this study were positively related to 

depth.  

A further geomorphologic predictor for coral species abundances and 

dimensions was reef slope. Other metrics of geomorphologic complexity, such as 

rugosity and change in slope were also informative; but had lower contributions than 

slope. Structural complexity is a known driver of coral assemblages (Williams et al. 2015, 

Darling et al. 2017), and declines in fine-scale architectural complexity are related to 

declines in coral cover (Alvarez-Filip et al. 2011). However, the spatial resolution of 

bathymetric derivates is highly related to their contributions as predictors (Rengstorf et 

al. 2012). It is likely that the fine-scale complexity as measured by divers captures 

individual coral heads, and was therefore not captured by 50 m resolution metrics.  

Several coral species were correlated with the local hydrodynamic regime: some 
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had a positive correlation with wave exposure and abundance, but a negative 

correlation with size. Wave exposure, is a key indicator of benthic species abundance 

and diversity (Denny 2006, Williams et al. 2015). Here, we improve upon previous 

studies that included surface waves (Chollett and Mumby 2012, Franklin et al. 2013a) by 

incorporating the third dimension (the z-dimension) inherent to marine systems: 

conditions at depth (Duffy and Chown 2017), which is the habitat of benthic corals.  

Here, we used a composite mean of wave energy near the seafloor. We did not include 

specific incorporation of extreme events, such as cyclones, due to hydrodynamic model 

limitations. Disturbance from storm-related waves can be patchy at local scales 

(Woodley et al. 1981, Storlazzi et al. 2005b) and affects colony morphology through 

mechanical vulnerabilities (Massel and Done 1993, Madin et al. 2014). Future climate 

change scenarios suggest increases in storm events (Goldenberg et al. 2001, Donner 2009, 

Knutson et al. 2010). Inverse prediction showed that mean wave energy near the seafloor 

can be used to predict species, and a hypothetical increase in mean wave energy shows 

that different species have different tolerances. 

Another key limitation on coral survival is thermal stress (Hoegh-Guldberg 1999, 

Sheppard 2003). Our study provides an example of how tolerance to climate stressors 

vary by species (Hughes et al. 2003). Species responses to sea-surface temperature range 

as a proxy metric for temperature fluctuation were stronger than responses to mean and 
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mean-maximum summer temperatures as well as to length of time over a bleaching 

threshold. This may be related to the narrow range of spatial variation in within the 

limited geographic extent of the study, the spatial smoothing inherent in the remote 

sensing metrics for sea surface temperature, and the uncertainty inherent in using a two-

dimensional proxy metric for sea-surface conditions rather than conditions at depth. 

Sustained increases in normal summer temperatures are related to coral bleaching 

(Glynn 1993, Eakin et al. 2010). Future climate change scenarios suggest continued 

increases in temperatures (IPCC 2013, Heron et al. 2016); however, the geological record 

suggests that a period of cooler sea temperatures (along with greater precipitation and 

stronger upwelling) contributed to abrupt declines in coral physiology (Toth et al. 2015). 

A comparison of this island wide study to Caribbean basin trends could compare results 

from this study to basin-wide projections using include recently developed fine-scale 

climate grids (4 km) of projected climate scenarios at a scale useful to conservation 

efforts (Ashcroft 2010, van Hooidonk et al. 2015, 2016).  

The need to include dimension reduction for model stability indicated the need 

for a larger dataset. Another sign of data limitation was evident in the use of size data 

partitioned under a continuous abundance distribution rather than a continuous (0:1) 

distribution. Although surface area was predicted well by this model in a continuous 

abundance data partitioning, surface area in a continuous data type would be more 



 

80 

 

appropriate, with a 0:1 distribution. However, including continuous data, for either size 

or mortality data, led to model convergence difficulties.  A model including abundance, 

size, and partial mortality provided a glimpse into intriguing potential patterns to 

explore further with an expanded dataset after additional years of field sampling.  

Benthic cover of algae, turf, crustose coralline algae, octocorals, and sponges 

were not well predicted by the model. Representatives from these benthic groups 

compete with scleractinian corals for space more than other corals. However, cover data 

categories did not show evident variation between with the environmental factors 

included in models and did not improve the fit. The broad categorical classifications of 

cover data appeared too broad and ubiquitous to determine environmental 

relationships. 

We have shown the importance of accounting for and maximizing sample effort. 

Site aggregation has been used in forest models to account for small survey areas, yet 

effort has received little attention in previous coral reef models. Additional coral survey 

effort not only increases the accuracy of the predictive mean but also allows for 

inclusion of a larger response matrix. Spatial predictive modeling of abundances of coral 

species has been limited over a large geographic scale due, in part, to limited availability 

of standardized field sampling efforts and fine-scale environmental predictors. As 

survey effort increases for coral demographics, model predictions will become more 
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robust, particularly for rare species. Accounting for the environmental variables shown 

to here to predict coral populations and communities could yield both more efficient 

sampling effort and more precise abundance estimates than the current NCRMP survey 

design based on stratified random sampling.  

This work demonstrates the application of high resolution maps of hard-bottom 

habitat, bathymetry, and remotely sensed environmental variables as model predictors 

for forecasting. Additional fine-scale information on environmental data would decrease 

uncertainty associated with the model and increase the potential geographic extent and 

resolution of the model. The current bathymetric mosaic and hardbottom habitat 

classifications represent a range of resolutions, and further refinement would reduce 

model uncertainty. In addition, expanded bathymetric data collection and hardbottom 

habitat classification into additional coral reef geographies. For dynamic predictors that 

are spatially and temporally variable, further spatial refinement of temperature and 

wave energy predictions and an expanded capacity for in situ monitoring would be 

useful for validation. In particular, nearshore areas near St. Thomas and St. John are not 

well captured within the extent of the wave model. Further spatial refinement of 

environmental predictors or potential environmental predictors would likely be 

informative useful to incorporate if available at a fine-scale. For example, an increased 

spatial resolution of the SWAN wave forecast model used in this study may help 
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decrease uncertainty from the spatial smoothing in downscaling to a finer spatial 

resolution. Also, a measure of turbidity has been an explanative predictor in other coral 

SDMs (Franklin et al. 2013a, Ames 2016). Finally, a representation of anthropogenic 

disturbance may also be useful to explain local patterns (Williams et al. 2015). 

The response of the coral community in the U.S. Caribbean encompasses the 

relationships of individual coral species abundance and size to geomorphological and 

climate predictors. This multivariate spatial approach to modeling species limitations on 

community structure is a powerful tool for conservation and management to ensure 

continued persistence of a diversity of coral species. 

.



 

83 

 

4. Spatial distributions of Threatened corals in the U.S. 
Caribbean 
4.1 Introduction 

Coral reefs worldwide are impacted by multiple stressors, many of which are of 

anthropogenic origin (Rogers 1985, Jackson 1997, Wilkinson 1999, Halpern et al. 2008). 

At the global extent, climate change-related stressors include ocean acidification (Hoegh-

Guldberg et al. 2007) and rising sea surface temperatures (Hoegh-Guldberg 1999). At 

regional to local extents, stressors such as overfishing (Jackson et al. 2001) and land-

based pollution (Lirman and Fong 2007, Rodriguez et al. 2007) can be directly attributed  

to human uses of coastal areas. In the Caribbean, many coral species are considered at 

high extinction risk from climate change and local impacts (Carpenter et al. 2008) where  

dramatic declines in coral cover have largely been attributed to combined effects of 

hurricanes (Gardner et al. 2005), bleaching (Aronson et al. 2003, Grigg et al. 2005), 

diseases (Weil 2004), overfishing, nutrients and runoff from coastal development 

(Pandolfi et al. 2005, Mora 2008).  

Conservation measures to protect corals include place-based actions or species-

based actions. Marine reserves, a place-based action, are typically established as with 

regulations to prevent fishing or entry, but have been shown to have minimal if any 

effects on coral conservation (Coelho and Manfrino 2007, Toth et al. 2014, Cox et al. 

2017), although trophic cascades from reduced fishing pressure can enhance coral 
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recruitment (Mumby et al. 2007). A species-based conservation action initially addressed 

two coral species, A. cervicornis and A. palmata, listing them as Threatened through the 

U.S. Endangered Species Act in 2006. This listing was expanded in 2014 to classify 5 

additional Caribbean coral species and 15 Pacific species as Threatened (National 

Marine Fisheries Service 2015).  

To meet ESA requirements, recovery strategies and criteria are crafted to identify 

local, regional, and global threats to listed species and how they will be addressed. 

These are intended to be based in ecological theory and yet practical to implement, 

quantitative with limited data availability, and representative of species-specific biology 

(Zeigler et al. 2013). The Acropora recovery plan includes loss of recruitment habitat as a 

local threat, and recovery measures have a goal of a specified abundance within suitable 

habitat (National Marine Fisheries Service 2015). Strategies for conservation include 

development of strategic marine spatial planning, implementation of effective marine 

protected areas (National Marine Fisheries Service 2015). One of the key informational 

needs to design effective approaches for achieving conservation goals is information on 

the habitat and spatial distribution of species (Tear et al. 2005). 

Within the context of recovery plans, critical habitat is considered the habitat 

essential for a species’ recovery and survival (Murphy and Noon 1991, Hall et al. 1997, 

Camaclang et al. 2015). For Acroporid species, critical habitat is defined as “substrate of 
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suitable quality and availability to support larval settlement and recruitment, and 

reattachment and recruitment of asexual fragments” (National Marine Fisheries Service 

2015). Habitats suitable for species can be identified with spatial models, commonly 

called species distribution models (SDMs) (Guisan et al. 2013). SDMs are used to forecast 

distributions in response to local environmental drivers (Guisan and Zimmerman 2000) 

and forecast global or regional changes in species ranges with regard to climate (e.g., 

Thuiller et al. 2008, Elith and Leathwick 2009). Declining species, such as those listed 

under the ESA, can be rare and patchily distributed (Thompson 2004) and therefore 

provide considerable challenges for species distribution modeling. Representative and 

comprehensive field data over a wide geographic range are difficult and costly to obtain, 

but, because they are generally zero-skewed, typically reduced in analyses to models of 

presence or absence or presence-only (Elith et al. 2006, Phillips et al. 2006).  

Here, we modeled species distributions for the Threatened scleractinian species 

Acropora cervicornis, Orbicella annularis, O. faveolata, and O. franksi in Puerto Rico and the 

U.S. Virgin Islands using coral data from the U.S. National Oceanic and Atmospheric 

Administration (NOAA)’s National Coral Reef Monitoring Program (NCRMP), a large-

scale coral reef monitoring program in the geographic study area. We created predictive 

models for the presence and absence of single species using logistic regression. We then 

compared results to those from generalized joint attribute models, a type of joint species 
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distribution models that can include multiple coral species. Output from these spatial 

models contributes to an understanding of suitable habitat useful for conservation 

actions such as species-based and place-based management, designing more effective 

monitoring approaches, and siting coral restoration efforts. 

4.2 Methods 

4.2.1 Coral data and predictors 

Abundances of Threatened Caribbean species Acropora. cervicornis, A. palmata, 

Dendrogyra cylindrus, Mycetophyllia ferox, Orbicella annularis, O. faveolata, and O. franksi 

from the U.S. National Oceanic and Atmospheric Administration’s (NOAA) National 

Coral Reef Monitoring Program (NCRMP) data for Puerto Rico and the U.S. Virgin 

Islands and described in the previous chapter (Appendices B, C).  

Environmental predictors for geomorphology, wave exposure, and temperature 

were included in model development (see Chapter 3, Table 4, Figure 19, Figure 20, 

Figure 21). Examinations of spatial autocorrelation in environmental and coral data 

using isotropic empirical semi-variograms with the geoR package (Appendix E), did not 

show evidence in species data; it was accommodated in models through inclusion of 

environmental data. 

4.2.2 Statistical modeling 

The presence and absence of framework-building coral species A. cervicornis, 
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Orbicella annularis, O. faveolata, and O. franksi were predicted based on environmental 

variables using logistic regression and boosted regression trees. The regression model 

with a binomial distribution for species presence-absence uses the equations 

0 1
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µ β β ε
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∼      Eq. 14 
where β  are the effects, x are the independent (predictor) variables, and together the  

0 1Xβ β+  terms are the structural component (also called regression coefficients). The 

random component ε  is a normally distributed error term, g() is the link function (here, 

probit was used), and µ  is a mean of the distribution of the conditional response at a 

given location in covariate space.  

For comparison, we modeled the presence-absence of multiple coral species 

using generalized joint attribute model (GJAM) (see Chapter 3 for model and model 

selection details). The model included coral species present at greater than 10% of sites.  

Despite A. cervicornis presence at fewer than 10% of sites, we included it in models for 

comparisons. Rare species, including the rare E.S.A. species A. palmata, D. cylindrus, and 

M. ferox, were aggregated into an ‘other’ category due to poor fit resulting from limited 

data (Table 10). For presence-absence models, data were used for each individual site 

rather than aggregated between sites via k-clusters, as per the abundance models. We 

then compared presence-absence GJAM models to the size-abundance models presented 

in Chapter 3. 
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We compared GJAM models to logistic regression using the same environmental 

predictors (also used in Ch. 3) for the model:  

species  ~ depth +  + slope + SST.range + depth*  + depth*slopeb bU U
   Eq. 15 

Data were split into training and test datasets, with 80% of the data into the training 

dataset, and models were run using 10-fold cross-validation with 10 repeats. Model 

accuracy was assessed with predicted standard errors, RMSE, as well as sensitivity and 

specificity for presence-absence results (Eq. 11). Models were evaluated using the Area 

Under the Receiver Operator Curve that captures 1) sensitivity, defined as the 

proportion of positive results correctly identified from true positive samples, and 2) 

specificity, defined as the proportion of negative results identified from true negative 

samples. 

4.3 Results 

All seven of the Threatened species had right-skewed distributions and were 

absent at more sites than present (Figure 34, Appendix C). A. palmata, D. cylindrus, and 

M. ferox were present at so few sites (Figure 34, Appendix C) that they could not be 

modeled by the any of the approaches used here, and therefore were not included 

further in analyses. For A. cervicornis and all three Orbicellid species, density 

distributions showed that abundances per site were very low, although several had a 

long tail on the distribution, indicating that several sites had high abundance 
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Figure 34: (A) Density distributions for abundance and (B) distributions of 
presence-absence data per site for Acroporids and Orbicellids. (A) Presence-absence 
data are from multiple coral surveys. (B) Coral abundance data are from the National 
Coral Reef Monitoring Program in the U.S. Virgin Islands and Puerto Rico, 2013-2016. 

(Figure 34B, Appendix B: Table 10). 

 Regressions for A. cervicornis, O. annularis, O. faveolata, and O. franksi predicted 

more absences than presences (Figure 34). Furthermore, the distribution of the predicted 

data indicated a clear distinction in values between predicted presences and absences, 

indicating effects of the threshold selection of 0.5 (Figure 35). This distinction was not as 

apparent in the joint species distribution model for presence-absence data (Figure 36). 

However AUC scores were low for both models (e.g. AUC curve for regression model; 

Figure 34), indicating poor model fit (Table 10). This likely reflects a lack of statistical 

power for regressions with zero skewed data, and is certainly influenced by variability 
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in the holdout test data in the k-fold cross-validation. Low values may also be 

influenced by the potential of each of these species to be present in a wide range of  

Table 8: Model summary diagnostics for Presence-Absence generalized joint 
attribute models (GJAM) root mean square error (RMSE) and Area Under the 

Receiver Operating Curve (AUC), and GLM AUC value. 

Species 
GJAM (Presence-Absence) GLM 

RMSE by Species AUC AUC 

Acropora cervicornis 0.28 0.54 0.59 

Orbicella annularis 0.63 0.4 0.46 

Orbicella faveolata 0.70 0.54 0.55 

Orbicella franksi 0.69 0.6 0.57 

 

 

Figure 35: Model diagnostics as area under the curve (AUC) for (A.) Acropora 
cervicornis, (B.) Orbicella annularis, (C.) O. faveolata, and (D.) Orbicella franksi. AUC 

scores indicated limited model fits. 
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Figure 36: Probability of predicted presence and absence versus observed 
presences and absences for Acropora cervicornis, Orbicella annularis, O. faveolata, 
and O. franksi for single species GLM models.  

 

Figure 37: Probability of predicted presence and absence versus observed 
presences and absences for Acropora cervicornis, Orbicella annularis, O. faveolata, 
and O. franksi for GJAM presence-absence model. 

habitats (i.e. potentially present in most habitats); whereas other metrics such as 

abundance may be more informative). 

 Predictions of species richness of the entire coral community was a better fit for 

coral abundance data (Figure 22) than for presence-absence data with GJAM models 
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(Figure 37). Inverse predictions showed that the coral community response to 

environmental predictors was much less evident for presence-absence data (Figure 38) 

than for abundance data (Figure 24). Overall, presence and absence of all coral species 

was most sensitive to the depth slope interaction, followed by near-bottom orbital- 

 

Figure 38: Predicted (A) species richness and (B) presence-absence for GJAM 
presence-absence model. 

 

Figure 39: Inverse prediction of x covariates (A) depth, (B) near-bottom orbital-

velocity ( bu ), (C) slope (radians) and (D) range in sea surface temperatures for GJAM 
presence-absence model. 
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Figure 40: Sensitivity of predictors to full coral community for GJAM 
presence-absence model. 

velocity (Figure 39). However, no individual species showed a significant response to 

any of the environmental predictors, unlike the species patterns evident in abundance 

and size (Figure 26). 

4.4 Discussion 

Spatial predictive modeling of species that are the focus of conservation efforts 

has considerable challenges including zero-skewed data and low abundance. Here, we 

showed how predictions of species occurrence of four reef-building Threatened 

Caribbean species in the U.S. Caribbean vary in relation to geomorphological and 

climate factors. Our results show the limitations of presence-absence models for these 
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species relative to environmental factors. The zero-inflated model of the GJAM joint 

species distribution model for abundance (Ch 3) provided more accurate predictions of 

presence than either the presence-absence GJAM model or the single-species regression. 

While different model approaches have their own statistical complexities and 

approaches, all are consistent in that more data supports stronger predictions. 

The species richness prediction of the joint species distribution model was not as 

responsive to presence-absence data as to abundance data (Ch 3). The entire community 

showed a response to an interaction of depth and slope. However, presences and 

absences of individual species did not show responses to environmental variables, 

unlike the distinct patterns evident in models of abundance and size.  

Single species regressions showed the challenges of data limitations and zero-

inflated data. This could indicate the suitability of more habitat to support a given 

species than is utilized, essentially a broader functional niche than realized niche. All 

single-species regression models included the same suite of predictors for comparison to 

the community models; however, predictions are likely to be improved by tailoring 

single-species models to individual species. The drawback of this approach is the lack of 

ability to understand how similar environmental conditions affect multiple species. 

Although abundances of the species of interest were limited at the site level; however, 

GJAM abundance models still outperformed presence-absence models for Orbicellid 
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species. Acropora cervicornis, however, was not included in GJAM abundance models 

due to data limitations. Models with limited data on abundance or zero-inflated 

occurrence data are typically reduced to models of presence-absence or presence-only 

(Elith et al. 2006, Phillips et al. 2006); findings from this study illustrate the limitations of 

such an approach. Representative and comprehensive field data over a wide geographic 

range are difficult and costly to obtain. Presence-absence models have the advantage of 

being able to include multiple different survey efforts with varying methodologies. 

Joint species distribution models provide considerable information on potential 

correlations between species, and included variables such as size in addition to 

abundance. Furthermore, the GJAM model used here accounted for varying effort, 

allowing for k-means clustering of sites and therefore, was able amplify species 

abundances beyond one or two up to levels able to include in models. In the generalized 

joint attribute model, the variation is captured in the β structure.  

Acroporid and Orbicellid species have historically dominated many Caribbean 

fore-reef habitats (Knowlton et al. 1992, Jackson 1994). Orbicellid and Acroporid 

populations in the U.S. Virgin Islands have shown declining coral cover and size 

structure since the 1980s (Aronson and Precht 2001, Miller et al. 2002, Edmunds and 

Elahi 2007, Edmunds 2015). These massive coral species may not recover between 

repeated thermal stress events (Neal et al. 2017). Given the declining populations, it is 
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important to note that the Threatened species included here are remnant populations 

after multiple stressors and mortality. With the drastic nature of historical declines, 

current localized species ranges are likely to underestimate current potential habitat. All 

of the Orbicellid species in particular, and many species within the general coral 

community responded to structural complexity of reefs. This is essentially building 

upon historical reef structure from the Pleistocene and Holocene, some of which may 

currently be relict reef after coral declines (Kuffner and Toth 2016). Here, we recognize 

that these coral species do not exist in an equilibrium state, and therefore have modeled 

potential niches for individual species. The potential niche concept here is defined as the 

part of Hutchinson’s realized niche (Hutchinson 1957) that is actually available to 

species (Ackerly 2003). The broad nature of species occurrence patterns may be a guide 

and context for potential species range than the limited current range of species patterns. 

In this work, we have expanded upon previous efforts at modeling spatial 

distributions for coral species. Efforts at modeling Threatened Acroporid coral species 

have included applying buffers around known locations (Wirt et al. 2013, 2015) and 

using boosted regression trees to address temporal ephemerality for Acropora cervicornis 

at permanent monitoring sites.  

Predicted distributions of reef-building species such as those modeled here offer 

a hypothesis for empirical testing to site large-scale restoration outplanting and test 
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restoration success relative to environmental predictors and predicted distributions. An 

increased awareness of interactions between species and environmental factors over a 

regional spatial scale may not only be informative to guide species and place-based 

management actions, but also informative for active restoration. 
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5. Conclusions & future directions 

5.1 Summary and novelty 

In this dissertation, I used a quantitative approach to model how environmental 

factors can limit habitat for Caribbean scleractinian corals. In particular, this work 

demonstrated that reef structural complexity and wave energy contribute significantly 

to coral recruitment and to the presence of established coral colonies. In Chapter Two, I 

showed that interactions of multiple physical disturbances involving wave energy and 

substrate create an environment unsuitable for successful coral recovery and contribute 

to prolonged habitat loss at local scales. Disturbances from wave exposure and substrate 

instability after a loss of reef structural complexity due to a ship grounding combined to 

limit coral colonization. In Chapters Three and Four, I modeled predictive distributions 

of scleractinian coral species at seascape scales in the U.S. Caribbean. I showed clear 

differences between fundamental and realized niches for coral species in these  reef 

habitats, as models were predominantly better at predicting where species are present 

than where they are absent. In Chapter Three, I showed how the coral community is 

shaped by reef geomorphology, wave energy, and temperature through limitations on 

spatial distributions, abundances, and sizes of scleractinian coral species. I also used 

inverse modeling to predict potential effects of climate change in terms of increased 

mean near-bottom wave energy and increased temperature range.  In Chapter Four, I 
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modeled distributions of several major Caribbean reef-building scleractinians listed as 

Threatened under the the U.S. Endangered Species Act. The work done in this 

dissertation will be useful for the spatial management of coral reefs, species-based 

management, and for siting potential restoration actions.  

Chapter Two included a mixture of a comparative field experiment on coral 

recruitment, hydrodynamic field measurements, and hydrodynamic theory. The novelty 

of this chapter is in the interdisciplinary approach using physical oceanography theory 

and modeling to explain ecological patterns. This chapter explained limitations in 

ecological resilience and recovery with a hydrodynamic model and a mechanistic model 

of rubble mobilization to predict potential mobilization effects that constrain coral 

recovery. This chapter provides in-depth information on the hydrodynamic mechanism 

that has been assumed in previous studies of habitat loss from physical destruction and 

wave energy (Riegl 2001, e.g. Fox and Caldwell 2006). 

In Chapters Three and Four, I applied several linear models to predict coral 

species distributions in the U.S. Caribbean. Species distribution models have 

increasingly been applied to spatial planning, species, management and forecasting 

effects on species distributions from potential climate change scenarios (Guisan and 

Zimmerman 2000, Thomas et al. 2004, Dambach and Rödder 2011), but have had only 

limited applications for coral species. I used one of the largest and most spatially 
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comprehensive coral datasets in the U.S. Caribbean, one that has never before been used 

for spatial analyses. Advancement of remote-sensing technology and application to large 

geographic areas means that relatively fine-scale predictors have recently enabled the 

spatial modeling approaches applied in this dissertation. The joint model used here 

allows for prediction of the community by predicting species jointly, and was initially 

applied for multivariate species distributions in forests (Clark et al. 2014). Corals, like 

trees, potentially compete for space. Furthermore, coral species are unlikely to occur 

independently, making a joint model an ideal approach given sufficient data. In Chapter 

Three, I modeled species abundance as well surface area as a measurement of size to 

show how the community responds to environmental factors such as depth, slope, wave 

energy near the bottom, and temperature range. This approach contributes to 

disentangling the complexity of species interactions, demography, and abundances in 

shaping coral species niches in the environment. In Chapter Four, I extend this approach 

to address Threatened coral species that are of management concern. Declining species, 

such as those listed under the ESA, can be rare and patchily distributed (Thompson 

2004) and therefore provide considerable challenges for species distribution modeling. I 

compared results from joint models to those of single-species models and explain 

potential advantages and disadvantages of each approach.  

In summary, this work has shown how corals as ecosystem engineers may 
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change their own habitat over geologic time, and build upon the geological complexity 

established by their historical predecessors. This outlines the clear need for conservation 

of complex hardbottom habitats. Such habitats, even if they do not currently host corals, 

may be useful in future restoration efforts. Predicted distributions from these modeling 

efforts provide hypotheses for future empirical testing. Conservation efforts such as 

coral restoration could reference spatial predictions to site outplantings, and then test 

how variability in restoration success varies in relation to species predictions and 

environmental limitations. 

5.2 Future directions, gaps, and needs 

One of the major gaps in understanding coral communities over a regional 

spatial scale is the lack of long-term, spatially comprehensive data. Additional data on 

less prevalent coral species should reduce uncertainties in models used here; therefore, it 

is recommended that survey design optimize to reduce variance in species of 

management concern that are less abundant. Considerable incompatibility remains 

between methods and quantitative designs for different surveys in different geographic 

areas. Initial efforts have been made to extend surveys programs over a large geographic 

scale, such as NOAA’s National Coral Reef Monitoring Program (described in Chapters 

3 and 4) in the U.S. Caribbean and U.S. Pacific, and the Atlantic and Gulf Rapid Reef 

Assessment) in the Greater Caribbean Reef Monitoring Network. However, a unified, 
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long-term spatial approach for coral reefs lags considerably behind its terrestrial forest 

counterparts such as the of the Forest Inventory and Analysis (FIA) program. Of note, 

the repeated nature of the FIA program monitoring allows for analyses at the individual 

scale, whereas the lack of repetitive site visits in coral reef monitoring designs does not, 

and will require data aggregation.  

Additional critical data gaps for multiple species includes demographic 

information on individuals, recruitment and mortality for multiple coral species. 

Although demographic monitoring of individuals has ramped up for Threatened 

Acroporid species over the last decade (Williams et al. 2006), and more recently, for 

Dendrogyra spp. (C. Lewis and K. Lunz, pers. comm.), monitoring of individuals remains 

largely a species-specific approach. A challenge in a clonal species is information on 

what individuals are clones or represent unique genotypes. Because some genotypes are 

more resistant to stressors, genotypic diversity is an important additional consideration 

to species diversity (Baums 2008, Baums et al. 2013). 

Limited information on recruitment is available through most coral monitoring 

programs is information on coral recruits. Most monitoring program only includes 

corals greater than approximately 4 cm due to difficulties in field identification and time 

constraints. However, without this data there is no information on where new corals are 

recruiting and surviving. This kind of species level information is critical to understand 
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range expansion or contraction. Another crucial piece to understanding range shifts is a 

timely metric for active mortality. With the exception of The Nature Conservancy’s Reef 

Resilience Program, most of the coral monitoring programs do not allow for temporal 

variability in sampling to capture stressor events, such as bleaching, disease, or cold-

water events. Although mortality was too nebulous a predictor to be accurately 

represented in the model in Chapter Three, information on current stressors, such as 

bleaching, are promising for spatial predictive studies should sufficient data exist. An 

improved sampling design would lead to more survey data for rare species. For 

example, the Threatened species Acropora cervicornis and A. palmata were not be included 

in spatial modeling due to extremely low sample sizes (less than 10% of sites). 

Conservation of corals does not exclusively depend on current distributions of 

species. Corals are known for genetic connectivity (Baums et al. 2006, Foster et al. 2013) 

as well as larval connectivity (Treml et al. 2008, Foster et al. 2012, Schill et al. 2015) at 

both basin-wide and local scales, as well as vertical connectivity with mesophotic 

systems (Serrano et al. 2014, 2016, Holstein et al. 2015b, 2015a). An integrated approach 

incorporating landscape genetics with species distribution models and connectivity 

models would be a logical next step towards a more refined understanding of current 

and potential distributions for species and place-base management. 

Although massive improvements in coral reef mapping and climate data have 
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happened over recent years, there is a need for continued expansion into new 

geographic areas at a high spatial resolution. More spatial coverage of bathymetry, 

through either LiDAR for shallow waters and multibeam bathymetry for deep waters, 

would allow the predictive models described in this dissertation to be expanded to a 

larger geographic extent while maintaining the fine resolution. Better high-resolution 

bathymetry and remotely-sensed field data would allow modeling into mesophotic 

habitats to explore potential refugia. Both a finer spatial resolution and more 

methodological consistency in wave forecast or hindcast models done by academics and 

government organizations (e.g. National Weather Service) would also allow for 

expansion of predictive models into additional geographic areas.  

The predictive modeling in this dissertation is primarily based on abiotic 

environmental variables available via remote sensing. Future work should expand this 

to include potential relationships to human land use, such as land-based sources of 

pollution, a noted stressor to coral reefs (Fabricius 2005). Localized temporal events such 

as storm-induced runoff have been shown to induced terrigenous sedimentation and 

relate to declines in coral recruitment (Edmunds and Gray 2014) Potentially related 

factors such as turbidity may also be a factor in distributions of coral species. For 

example, a turbidity metric may be explanatory for species distributions relative to light 

availability (Ames 2016), or may be related to mortality (Bessell-Browne et al. 2017). 
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Resolving the disconnect in the coarse spatial and temporal resolution of event-driven 

metrics would help refine spatial forecasts of potential habitat for coral species and 

communities.  

Increased spatial and temporal resolution for climate predictors and forecasts 

would improve the ability of predictive models to capture current thermal stressors as 

well and more accurately predict future conditions. Thermal stress was shown in 

Chapter Three to be a consideration in species distributions, but the signal is dampened 

by the narrow geographic extent of the study, the coarse spatial and temporal resolution 

of the thermal data relative to fine-scale oceanographic features, and the disconnect 

between surface temperatures and temperatures on the seafloor. Clearly climate 

stressors are a global issue, and to this end global or basin-scale climate predictions have 

been shown to potentially influence coral reefs (Pendleton et al. 2016, van Hooidonk et 

al. 2016). However, local effects and fine-scale climate refugia may not be captured by 

the coarse scale climate predictions available, as has been shown for terrestrial plant 

species distributions (Franklin et al. 2013b). Climate predictions for temperature and pH 

are beginning to be spatially downscaled (see van Hooidonk et al. 2016), available for 

seasonal to decadal forecasts (Tommasi et al. 2017). Furthermore, climate predictions are 

beginning to be applied towards designing spatial marine reserves (Mumby et al. 2011), 

species management (Brainard et al. 2013), and ecosystem management (West et al. 
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2017). However, considerable further work is needed to relate patterns seen at local 

scales to the large spatial and temporal scales of potential climate scenarios. 

In conclusion, coral reefs are subject to multiple disturbances, many of which 

vary spatially and by abiotic influences. How these inform potential conservation policy 

at a global scale is important. Yet, as this dissertation demonstrates, modeling species 

tolerances and at local and regional scales should be useful for conservation planning. 
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Appendix A 
Water temperatures measurements during oceanographic field 
deployment 

Near-bottom water temperatures (0.5 m above substrate) were measured at 

rubble and pavement sites during the intensive oceanographic measurement period (13 

June – 17 July 2014) using high precision thermistors (Seabird SBE-56). Near-bottom 

mean temperatures (T) at the pavement site were 28.80 ± 0.22 °C and at the rubble site 

were 28.66 ± 0.22 °C, although the distribution of pavement site temperatures was 

skewed toward higher temperatures (Figure 36).  

 

Figure 41: Distribution of near bottom water temperatures from Seabird SBE-
56 thermistors deployed at the rubble and pavement sites. Although mean values are 
not significantly different, the distribution shows a skew toward higher temperatures 

at the pavement site relative to the rubble site. 
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Appendix B 
Abbreviations and summaries for coral species 

Table 9: Coral species abbreviations, names, traits, total numbers of corals, and 
number of sites where present. Shaded species were combined into the ‘Other’ 

category for GJAM model analyses of the coral community. T indicate ESA-listed 
species. Trait classification is from Darling et al (2012); * indicate no trait 

classification is available. 

Species 
abbreviation 

Species name Traits N corals N sites 

ACR.CERV Acropora cervicornisT Competitive 54 25 

ACR.PALM Acropora palmataT Competitive 39 16 

ACR.PROL Acropora prolifera * 7 2 

AGAR.AGAR Agaricia agaricites Weedy 3125 455 

AGA.FRAG Agaricia fragilis Weedy 102 40 

AGA.GRAH Agaricia grahamae * 64 30 

AGAR.HUMI Agaricia humilis Weedy 127 53 

AGAR.LAMA Agaricia lamarcki Weedy 259 97 

AGA.TENU Agaricia tenuifolila Weedy 23 6 

COL.NATA Colpolphyllia natans Stress-tolerant 121 83 

DEN.CYLI Dendrogyra cylindrusT Competitive 21 17 

DIC.STOK Dichocoenia stokesii Stress-tolerant 223 140 

DIP LABY Diploria labyrinthiformis Stress-tolerant 242 136 

EUS.FAST Eusmilia fastigiata * 108 66 

FAV.FRAG Favia fragum Stress-tolerant 16 10 

HEL.CUCU Helioceris cucullata * 64 38 

ISO.RIGI Isophyllastrea rigida * 12 10 
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ISO.SINU Isophyllia sinuosa Weedy 7 5 

MAD.AURE Madracis auretenra * 24 9 

MAD.DECA Madracis decactis Weedy 391 168 

MAD.FORM Madracis formosa Weedy 16 9 

MAD.PHAR Madracis pharensis Weedy 5 4 

MAD.SENA Madracis senaria * 4 3 

MAN.AREO Manicina areolata * 34 22 

MEA.DANA Meandrina danae * 7 5 

MEA.MEAN Meandrina meandrites Stress-tolerant 509 226 

MON.CAVE Montrastraea cavernosa Stress-tolerant 1673 393 

MUS.ANGU Mussa angulosa * 8 6 

MYC.ALIC Mycetophyllia aliciae * 16 11 

MYC.DANA Myetophyllia danae * 4 4 

MYC.FERO Mycetophyllia feroxT Weedy 16 12 

MYC.LAMA Mycetophyllia lamarckiana * 4 4 

OCU.DIFF Oculina diffusa * 2 2 

ORB.ANNU Orbicella annularisT Stress-tolerant 624 160 

ORB.FAVE Orbicella faveolataT Generalist 1554 267 

ORB.FRAN Orbicella franksiT Generalist 1533 225 

OTHER Not identified to species * 155 82 

POR.ASTR Porites astreoides Weedy 6072 544 

POR.BRAN Porites branneri * 3 3 

POR.COLO Porites colonensis * 13 11 

POR.DIVA Porites divaricata Weedy 218 75 

POR.FURC Porites furcata Weedy 120 47 
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POR.PORI Porites porites Weedy 1229 267 

PSE.CLIV Pseudodiploria clivosa Stress-tolerant 175 56 

PSE.STRI Pseudodiploria strigosa Stress-tolerant 1277 312 

SID.RADI Siderastrea radians Weedy 355 98 

SID.SIDE Siderastrea siderea Stress-tolerant 4183 521 

SOL.BOUR Solenastrea bournoni * 23 13 

STE.INTE Stephanocoenia intersepta Stress tolerant 776 294 

TUB.COCC Tubastrea coccinea * 20 4 
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Appendix C 
Surveyed abundances of E.S.A. listed Threatened coral species 
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Figure 42: Surveyed abundances for Threatened species (A) Acropora palmata, 
(B) A. cervicornis, (C) Dendrogyra cylindrus, (D) Mycetophyllia ferox, (E) Orbicella 

annularis, (F) O. faveolata, and (G) O. franksi from NCRMP surveys from 2013-2016 in 
the U.S. Virgin Islands and Puerto Rico. 
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Appendix D 
Model diagnostics: GJAM 

 

Figure 43: Convergence of β coefficient chains. 

 

Figure 44: Correlation chain convergence. 
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Figure 45: Correlation in (A) data structure and (B) in response matrix . 
Clustering of the data shows considerable correlation within the data itself. 

Clustering in error structure of the response matrix shows species assemblages not 
evident from abundance data (Clark et al. 2017). Clusters appear primarily explained 
by strong responses by groups of species to depth and wave energy. Clusters often 
contained both abundances and size, but not exclusively. Cluster responses did not 

appear directly related to general species traits category and generally contained a mix 
of weedy, generalist, and stress-tolerant species (Appendix B: Table 10). Cluster 
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responses also did not show apparent relationships with growth forms (e.g. boulder, 
branching; Appendix B: Table 10). 
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Table 10: GJAM root mean square prediction error (RMSE) for species 
abundances and sizes. 

Species 
RMS prediction error 

Abundance Size 

ACR.CERV 3.72 - 

AGA.AGAR 16.66 1.05 

AGA.LAMA 6.44 1.17 

COL.NATA 6.12 1.01 

DIC.STOK 7.50 1.08 

DIP.LABY 7.26 1.09 

EUS.FAST 6.69 1.13 

MAD.DECA 8.99 1.12 

MEA.MEAN 10.71 1.04 

MON.CAVE 13.03 1.06 

ORB.ANNU 9.22 1.14 

ORB.FAVE 12.07 1.08 

ORB.FRAN 12.69 1.00 

OTHER 11.04 1.11 

POR.ASTR 19.44 1.06 

POR.PORI 10.93 1.05 

PSE.CLIV 5.08 1.08 

PSE.STRI 11.55 1.06 

SID.RADI 6.08 1.14 

SID.SIDE 16.65 1.05 

STE.INTE 10.55 1.11 
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Appendix E 
Spatial autocorrelation 
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Figure 46: Isotropic semivariograms for individual species abundance and 
non-spatial glm residuals to quantify the range of spatial dependence in the data. The 

vertical line is the effective range; the distance where correlation is 0.05 and the 
vertical line indicates the sill, the value where the semivariogram model attains the 

range. 
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Figure 47: Isotropic semivariograms for spatial autocorrelation in 
environmental predictors used in species distribution models. 
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