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Abstract
Headwater streams serve multiple important biogeochemical, hydrologic, and ecological functions, including: transporting solutes from the terrestrial landscape to
downstream fluvial ecosystems; providing a surface for gas evasion to the atmosphere;
integrating terrestrial, riparian and aquatic ecosystems, amalgamating surface and
groundwater; accumulating and storing sediment; and transforming and retaining solutes. The numerous mechanisms mediating these physical and biological processes
remain poorly understood despite their prominent influence on catchment outlet
biogeochemical dynamics.
In light of this research need, this study sought to determine the influence of
hydrologic, ecological, and biogeochemical processes on solute (specifically carbon
and nitrogen) concentrations and fluxes in a paired set of headwater stream networks. This research was conducted at the Tenderfoot Creek Experimental Forest
in Montana. An empirical, field-based approach that combined observational monitoring using a network of high temporal resolution sensors and experimental solute
additions was used to quantify carbon and nitrogen uptake, metabolism, and export
across the snowmelt and baseflow recession periods.
Based on analysis of this data set, we determined that headwater streams show
strong demand for carbon and nitrogen across a range of concentrations from ambient to saturating concentrations; that the variation in uptake kinetics seasonally
and between sites is driven by substrate availability; that this retention capacity is

iv

linked to the magnitude of metabolic demand; and that through the metabolism of
the biological community carbon and nitrogen cycles are coupled. We then demonstrate that these biological processes can have variable roles in mediating carbon and
nitrogen export at the catchment scale, but during some periods of the year they can
be as influential as physically driven fluxes in mediating watershed export.
This study integrates disparate ecological and hydrologic perspectives to address
how energy and macronutrients move through headwater stream networks. We
believe the findings presented here begin to reconcile the seemingly incompatible
paradigms of streams as highly retentive biogeochemical reactors and streams as
“passive pipes” that reflect and integrate the terrestrial landscape.
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1
Introduction

Interpreting a time series of nutrient concentrations in a stream or river and using
it to infer something about aquatic and terrestrial watershed processes is one of
the fundamental challenges shared by the disciplines of ecosystem ecology, aquatic
biogeochemistry and catchment hydrology. The perspectives that determine how
one might approach this challenge vary between disciplines and have evolved over
time. Decades of research on the topic have generated a wealth of knowledge on
how nutrients are cycled and transported through stream networks. However, we
are still learning how to decode the dynamics of solutes in streams. Connections
between process-based understanding of ecological and biogeochemical dynamics and
watershed and stream hydrology are needed to meet this challenge.
In many regards, the three fields of ecology, biogeochemistry, and catchment
hydrology have evolved parallel lines of thought regarding the dominant drivers of
stream solute dynamics, and there has been little exchange between them. Independently, both the hydrologic and ecological communities have advanced the two
perspectives that stream chemistry dynamics are predominantly a reflection of terrestrial watershed processes, or are principally mediated by in-stream transformations
1

and therefore a reflection of aquatic processes.
In the hydrologic community, many of the concepts of solute delivery grew out
of classic hillslope hydrology. Partial area contribution to storm runoff mechanisms
Dunne and Black (1970) and rapid subsurface flow runoff generation mechanisms
(Hewlett and Hibbert, 1967) were being used to interpret mobilization of terrestrially
derived solutes. In fact, stream chemistry was often viewed as tracer of hydrologic
processes. In fact, hydrograph separation using end-member mixing analysis was
used to parse out terrestrial hydrologic dynamics (Pinder and Jones, 1969; Sklash
and Farvolden, 1979; Hooper and Shoemaker, 1986; Genereux, 1998; Jencso et al.,
2010). The idea that runoff generation and partial/variable source area dynamics
exerted a strong control on solute delivery and in-stream dynamics was evident in
early papers exploring DOC flushing hypotheses (Lewis and Grant, 1979; Moore,
1989; Moore and Jackson, 1989; Hornberger et al., 1994), and is still a pervasive
concept today. A great deal of contemporary research explaining carbon dynamics
in streams views terrestrial hydrology as the key driver of dissolved organic matter
(DOM) DOM export and subsequent stream dynamics (McGlynn and McDonnell,
2003; Johnson et al., 2006b,a; Inamdar and Mitchell, 2007; Laudon et al., 2011, 2012;
Wilson et al., 2013; Ågren et al., 2014; Dornblaser and Striegl, 2015; Herndon et al.,
2015).
In the 1980’s and early 1990’s, a growing recognition of the influence of in- and
near-channel zones on stream chemistry challenged the perception that hillslopes
controlled in-stream dynamics. The highly reactive nature of the riparian zone,
hyporheic zone and transient storage zones in retaining and exchanging water and
fostering important biogeochemical reactions led to new insights into additional influences on stream chemistry. Streams were no longer viewed as simple reflection of
the watershed they integrated, but were recognized as active transformers of solutes,
and where exchange and processing was driven by in-channel hydrologic dynamics
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(Bencala and Walters, 1983; Bencala, 1984; McKnight and Bencala, 1990; Hill, 1996;
Runkel et al., 1998).
The evolution of this set of perspectives (hillslope vs. in-stream drivers) within
the hydrological community was in many ways paralleled in the ecological and biogeochemical community. At the same time as the hydrologic community was translating runoff generation into solute delivery mechanisms, ecosystem ecologists were
exploring how small streams integrated terrestrial ecosystem processes. The “small
watershed concept,” exemplified by work at Hubbard Brook by Likens and Bormann,
viewed the stream as an integrator and reflection of terrestrial processes, which allowed for stream chemistry to be used as a tool to study the “interrelationships
between the biota and the hydrologic cycle, various nutrient cycles, and energy flow
in a single system” (Bormann and Likens, 1967). Prominent work conducted at Hubbard Brook on the effects of deforestation on water and nutrient yields promoted the
idea that stream dynamics were reflections of disturbance to terrestrial watershed
processes (Likens et al., 1970; Bormann et al., 1974). Classic work in ecosystem
successional dynamics by Vitousek and Reiners Vitousek and Reiners (1975) relied
on this same small watershed concept, and viewed the stream as an integration of
successional dynamics occurring in the terrestrial ecosystem. However, recognition
of the role of streams in actively transforming or mediating dynamics at the catchment outlet was minimal. This perspective is still present today and is the subject
of continued research in the ecological field. In particular, a recent focus in the
stream ecological literature has explored how streams might be biogeochemically reactive but still remain at biogeochemical steady state with the greater watershed
(Brookshire et al., 2009; Von Schiller et al., 2015).
Stream ecologists in the late 1970’s and early 1980’s challenged the “passive
pipe” perception of streams with the Nutrient Spiraling Theory (Webster and Patten,
1979; Newbold et al., 1981), which was partially based on empirical measurements of
3

nutrient demand present in streams. The explosion of studies that grew out of this
methodological revolution allowed for a new understanding of the function of stream
ecosystems. Hundreds of studies documented high demand for nutrients in streams,
highlighting them as hotspots for transformations that could alter nutrient fluxes at
the catchment scale (Peterson et al., 2001; Bernhardt and Likens, 2002; Bernhardt
et al., 2005; Brookshire et al., 2005; Mulholland et al., 2008). The highly reactive
nature of streams in an ecological sense challenged the perception that streams were
simple integrators of their landscape.
The distinction between watershed vs. in-stream control is in many ways a false
dichotomy; certainly not all small-watershed ecologists think that streams are passive
pipes with no biotic function, just like stream ecologists wouldn’t claim that the
greater watershed has no influence on what occurs in the stream. But the distinction
does reflect what these different groups of scientists often see as the dominant driver
of stream chemistry dynamics, and these same structural paradigms exist today
and inform much of the work done on carbon and nitrogen cycling in headwater
watersheds and streams.
Given this intellectual landscape, the goal of my research is to contribute to the
melding of these two perspectives within the hydrological and ecological communities to better understand how the physical hydrologic regime of the system shapes
biological retention, and in turn how biological retention influences solute dynamics
at the catchment scale. While we have learned much about how various mechanisms
influence specific aspects of solute flux from watersheds, there is still a great deal
we can learn about how physical hydrologic variables influence ecological and biogeochemical processes, how the dominance (or relative influence) of watershed and
in-stream processes may shift spatio-temporally, and what factors determine this
threshold.
This dissertation seeks to address these research needs by addressing this central
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research question:

What are the hydrologic, ecological, and biogeochemical processes that influence carbon and nitrogen concentrations and fluxes in headwater stream
networks and how do they vary within a stream network and across watersheds?

This dissertation focuses specifically on carbon, the energetic currency of ecosystems, and nitrogen, an essential macronutrient that frequently limits growth and
productivity of aquatic systems. We used our integrated hydrologic and ecological perspective to more fully understand carbon (energy) and nitrogen flow through
headwater stream ecosystems and their coupled interactions. Specifically, we sought
to ascertain what physical, hydrologically driven processes influence the magnitude
of biological carbon and nitrogen retention in headwater streams, and then in turn
what influence this biological demand had on mediating solute export at the catchment scale. We believe that addressing these questions will ultimately help move
us towards being able to more fully understand the role of headwater streams in
mediating downstream water quality.
Chapter 2 of this dissertation is an invited review chapter published in a synthesis
textbook compiled by the US Forest Service. The purpose of this chapter is to
synthesize the extensive hydrologic research conducted at Tenderfoot Creek over
the past decade that provides context for the in-stream biogeochemical research
presented in chapter 3, 4, and 5.
Chapters 3 and 4 of this dissertation both broadly seek to understand how the
hydrologic and biogeochemical template of the stream, in particular the hydrologic
characteristics and the availability of terrestrially derived solutes (which is directly
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connected to the hydrologic regime), shape the ability of the in-stream community
to retain carbon and nitrogen.
Chapter 3 explores the temporal patterns of carbon (C) and nitrogen (N) uptake
in a forested headwater stream, and seeks to understand the relative importance of
hydrologic and biogeochemical drivers for driving seasonal trends in nutrient uptake
and metabolism. Chapter 4 takes a more spatially explicit approach and endeavors
to understand how differences in ambient carbon availability across sites (in different network positions and in contrasting watersheds) may shape the magnitude or
strength of carbon and nitrogen coupled dynamics and limitation status.
Chapter 5 attempts to take the understanding of the biological processes that
influence carbon and nitrogen cycling in headwater streams gained in the first two
chapters, and compare the relative magnitude of these biologically mediated fluxes
to the magnitude of physically driven fluxes. We endeavored to use an integrated
ecological and hydrologic approach to determine the role of the biological community
for mediating carbon and nitrogen dynamics at the watershed scale.
Appendix A is a manuscript currently in preparation for publication. While it is
not yet finalized, it is included here to reflect the full body of work completed for
this dissertation. The manuscript is a methods paper that re-examines traditional
approaches for calculating ecosystem metabolism rates. It provides an alternative
mass-balance framework for estimating rates that uses a spatially-explicit approach,
and better incorporates (and corrects for) the influence of hydrologic processes on
metabolism rate estimation.
The chapters of this dissertation explore how physical hydrologic processes and
landscape morphology can shape biological nutrient supply, uptake, and demand, and
how influential this biological uptake can be for mediating the signal we observe or
measure at the catchment outlet. By utilizing a spatially and temporally distributed
approach, the goal of this study was to gain a process-based understanding of bio6

physical carbon and nitrogen fluxes and move past simple categorizations of a stream
reaches as reactive or non-reactive. Ultimately, this research will provide valuable
for interpreting and understanding the eco-hydrologic processes that have shaped
carbon or nitrogen concentrations and fluxes.
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2
Middle Rockies (Omernik Ecoregion 6.2.10)
Represented by Tenderfoot Creek Experimental
Forest, Montana

Reprinted with permission from the US Forest Service. Originally published in Biological Responses to Stream Nutrients: A Synthesis of Science from Experimental
Forests and Ranges (2016).
citation: Seybold, E.C., McGlynn, B.L., Yashan, D. 2016. Middle Rockies (Omernik
Ecoregion 6.2.10) Represented by Tenderfoot Creek Experimental Forest, Montana.
Biological Responses to Stream Nutrients: A Synthesis of Science from Experimental
Forests and Ranges. US Forest Service.

2.1 Introduction
2.1.1

Site Description

The Tenderfoot Creek Experimental Forest (TCEF) is located in the Little Belt
mountain range, within the Lewis and Clark National Forest, Central Montana (figure 4.1, latitude 46° 55’N, longitude 110° 55’W). Tenderfoot Creek is a third order
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watershed, 22.8 km2 in total area, comprised of 8 first or second order subwatersheds
ranging in size from 3 – 22.8 km2 (figure 2.1) (Jencso et al., 2009). The complex
topography ranges from 1840m to 2420m, with a mean elevation of 2205m (Pacific
et al., 2009).

Figure 2.1: Map of Tenderfoot Creek Experimental Forest. The inset map shows
the catchment location within Montana. Locations of SNOTEL (red), Eddy Flux
Towers (yellow), and flume gauging stations (purple) are shown against the vegetation coverage. The 8 subwatersheds delineated from the top left (clockwise) are:
Passion Creek (PASS), Upper and Lower Stringer Creek (USC/LSC), Spring Park
Creek (SPC), Upper Tenderfoot Creek (UTC), Sun Creek (SUN), Bubbling Creek
(BUB), Pack Creek (PACK), and Lonesome Creek (LONE).

The streams of Tenderfoot Creek watershed are part of the headwaters of the
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Smith River, a tributary of the Missouri River. Streams at TCEF have a moderate
gradient (approximately 2-4%), and typically are characterized by series of small
pool-riffle sequences. The streams are moderately sinuous and have limited floodplain
development because of the constrained valley geomorphology (i.e. Rosgen stream
type B). The bed substrate is a mix of coarse gravels and small rocks/cobbles and
sand. The riparian corridor is predominately vegetated by a mix of grasses, sedges,
and willow species. The lack of large woody vegetation in the riparian zones means
that there is very little large woody debris in the stream channels.
Total stream length varies seasonally, as channel expansion and discharge are
strongly controlled by watershed wetness. During wet periods, such as snowmelt,
the stream network expands further into headwater reaches and streams widen, often
into riparian areas. During low flow, the network shrinks and flow is contained in the
primary stream channel. During baseflow periods, streamflow is predominately fed
by shallow groundwater and saturated zones within riparian areas as well as lateral
redistribution of unsaturated soil water. The headwater streams at TCEF are an
important source of water that sustains downstream habitat and food resources such
as invertebrate drift for rainbow and brown trout populations found in the lower
Tenderfoot Creek and the Smith River.
The bedrock geology at TCEF is characterized by igneous sills of quartz porphyry,
Wolsey shales, Flathead quartzite, and granite gneiss (Mincemoyer and Birdsall,
2006). The dominant soil types found in the watershed are the loamy skeletal, mixed
Typic Cryochrepts and clayey, mixed Aquic Cryoboralfs (Mincemoyer and Birdsall,
2006).
TCEF is characterized by a continental climate with a mean annual temperature
of 0°C and mean annual precipitation of 880m, with a range of 594 to 1050mm at
low and high elevations, respectively (Pacific et al., 2009; Mincemoyer and Birdsall,
2006). 70% of precipitation falls as snow between the months of November and
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May. Peak runoff occurs following snowmelt in late May and early June (Nippgen
et al., 2011). Precipitation in mid- to late-summer is uncommon, producing strong
temporal gradients of decreasing wetness and increasing air and water temperature
from the end of snowmelt until late-summer, with corresponding strong gradients of
biological activity in both the terrestrial and aquatic environments.
The vegetation at Tenderfoot is predominantly lodgepole pine, which cover 65%
of watershed area (Ahl, 2007), interspersed with spruce-fir forest patches on 20%
of the watershed area, and floristically rich wet meadow complexes and open grassy
slopes on 5% of the watershed area (Mincemoyer and Birdsall, 2006). Freezing
temperatures can occur in every month of the year, producing an average frost-free
growing season of 30-45 days on ridges and 45-75 days at lower elevations (Mincemoyer and Birdsall, 2006).
2.1.2

Research History

The Tenderfoot Creek Experimental Forest was established in 1961 with the goal
of investigating forest harvesting techniques that could simultaneously promote increased water yields and soil stability in lodgepole pine ecosystems (US Forest Service
TCEF website, 2015). Little research was conducted until the late 1980’s, when the
research mandate was widened to include fire history and other ecological, biological, and physical processes that could inform better practices in “landscape-level
management” (http://www.fs.fed.us/rm/tenderfoot-creek/ ).
In 1991, the research mandate was again expanded and the Tenderfoot Research
Project was established (TRP). The goal of the TRP was to evaluate the effectiveness of large-scale, ecosystem-level silvicultural treatments that mimic natural disturbance effects. From 1999 -2001, a silvicultural experimental treatment was conducted
in Spring Park Creek and Sun Creek watersheds. Shelterwood-with-reserve harvests
were conducted in 16 plots to remove 50% of the total basal area in 2 different config11

urations: 1) evenly, which left residual trees evenly spaced and 2) grouped, which left
patches of residual trees separated by clearcut corridors (Woods et al. 2006, Baker
et al. in review ). This experimental design was intended to mimic dual-aged stands
that are commonly found in lodgepole pine forests.
In 2004, researchers from Montana State University began working with the Forest Service to conduct watershed level hydrologic research, and later installed two
eddy-covariance flux towers, distributed soil moisture and shallow groundwater well
transects in many of the subwatersheds. Since then, research at TCEF has investigated the interacting influences of landscape complexity and climate variability on
streamflow generation, biogeochemical processes, solute export, and land-atmosphere
trace gas, water, and energy balances.
2.1.3

Availability of Publications and Data

Publication citations and an annotated bibliography of much of the research conducted at TCEF is available on the TCEF website (http://www.fs.fed.us/rm/tenderfootcreek/docs/bibliography.pdf). Other data available includes approximately 14 years
of 15-minute streamflow data, annual precipitation, fluvial sediment transport data,
and water quality data on semi-annual time scale (http://www.fs.fed.us/rm/tenderfootcreek/data/). Long-term daily streamflow and meteorology data, formatted for ready
comparison with EFR and LTER sites, may be downloaded at http://climhy.lternet.edu/.
Additional datasets may be available by contacting individual scientists or research
project principal investigators.
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2.2 Research and Monitoring on Biological Responses to Stream Nitrogen and Phosphorous Enrichment
2.2.1

Issue of Concern

Nitrogen and phosphorous enrichment can arise from a variety of natural and anthropogenic causes, such as atmospheric deposition, agricultural fertilizer application,
surface runoff and septic system discharges from development at the urban-wildland
interface, and increased nutrient runoff after timber extraction. Nutrient enrichment
of surface waters in this region can lead to eutrophication, which can degrade the
quality of water for beneficial uses such as drinking water, habitat for aquatic organisms, especially fish, and water-contact recreation such as fishing, rafting, and
swimming. Fish populations are especially vulnerable to eutrophication, because it
leads to decreased dissolved oxygen levels in the water column. Many recreationally
valuable fish species require well-oxygenated water to survive, so these low oxygen
conditions that occur due to eutrophication threaten their well being.
Low ambient nutrient concentrations in most headwater streams in this region,
makes them likely to be highly sensitive to small changes in nutrient enrichment
from land use/land cover changes or changes in deposition. Studies at TCEF, which
is characteristic of forested headwater basins in the region, can inform regulators’
understanding of undisturbed stream ecosystem function, and might also allow them
to make predictions about how oligotrophic, topographically complex watersheds in
this region may respond to climate and land use changes.
2.2.2

Findings from Studies on Biological Responses to N and P

To date, Tenderfoot Creek has remained completely undeveloped, and has very
low nitrogen wet deposition rates (<2.0 kg N ha´1 year´1 (NADP website 2013)).
Forestry practices have been small-scale and controlled, with most of the sub-watersheds
remaining undisturbed. Thus nitrogen and phosphorous enrichment has not yet been
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a concern in this system, and streams remain highly oligotrophic
Because TCEF remains largely biogeochemically undisturbed, there are no published studies specifically examining the response of the biotic community at TCEF
to N and P enrichment. Studies have primarily focused on understanding watershed
hydrologic response, and understanding the influence of complex topography and
climate variability on streamflow generation, solute export and atmosphere-land exchange. The US Forest Service has monitored major cation and anion concentrations
in stream water in all sub-watersheds at TCEF at the watershed outlet approximately
bi-annually from 1992-2009. Mean annual stream water concentration of N (10-20
µg nitrate-N L´1 ) and P (30-40 µg phosphate-P L´1 ) have been generally low, as
is typical in relatively undisturbed headwater streams in this region (USFS data).
When high temporal frequency, in-situ sensors were deployed in 2013, they revealed
the complex nature of stream solute dynamics, including diel concentration swings
and snowmelt pulses within seasonal and annual patterns that were not captured by
bi-annual or quarterly grab sampling.
Work is currently underway at TCEF to better understand how streams cycle
nitrogen, and how they may respond to N enrichment. Research conducted by Seybold and McGlynn (In Prep a) is exploring how stream N retention and export varies
seasonally in response to hydrologic drivers and variation in carbon substrate availability, and how it may be coupled to rates of stream metabolism. These studies will
provide insight into N dynamics across ambient levels of N through kinetic saturation, which could provide a baseline for understanding how the system will respond
when perturbed by both short-term acute and chronic low-level N enrichment. No
studies of responses of organisms and stream communities to nutrients have been
conducted at TCEF, nor surveys conducted of upper trophic levels.
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2.2.3

Studies of Other Factors that Influence Response to N and P

Terrestrial Hydrodynamics: The influence of landscape hydrologic connectivity on
runoff generation and solute export
The wealth of hydrologic research conducted at TCEF has important implications
for how streams may respond to N and P enrichment. Work conducted at TCEF has
demonstrated the important role of landscape structure in mediating runoff generation processes and hydrologic connectivity between streams and hillslopes.
Solute delivery from the terrestrial landscape is a primary control on in-stream
nutrient enrichment. Mechanisms that deliver N and P from the surrounding watershed vary spatially and temporally, which has important implications for when
and where enrichment occurs and whether the biotic community has the capacity to
respond to and partially mitigate increased nutrient availability.
Several studies by Jencso et al. Jencso et al. (2009, 2010) and Jencso and McGlynn Jencso and McGlynn (2011) demonstrated the important role of landscape structure in mediating hillslope hydrologic connectivity. Simple metrics such as the size
of the upslope contributing area, or upslope accumulated area (UAA), can explain
the extent of hillslope-riparian-stream (HRS) or hydrologic and solute connectivity
in a watershed. Watersheds that have a high proportion of large UAA hillslopes
exhibit higher levels of hillslope-riparian hydrologic connectivity, and supply a more
constant flux of terrestrial solutes from hillslopes to streams than do topographically
complex watersheds with a small proportion of large UAA hillslopes (Smith et al.,
2013).
Riparian areas can also be important source of solutes, particularly DOC, to
the stream ecosystem throughout the snowmelt and baseflow period (Pacific et al.,
2010). They can also act as important nutrient sinks and as hotspots of active
biogeochemical processing that can remove excess nutrients from soil and shallow
ground water via anaerobic metabolic processes and physical sorption in sediments.
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Thus the frequency with which water stored in riparian areas turns over has implications for how frequently solutes are flushed into the stream, and also the extent
to which riparian areas can effectively buffer stream concentrations from terrestrial
inputs. These findings are consistent with the concept that healthy riparian areas
are critical for protecting stream functions that underlies many riparian management
BMPs and guidelines. Jencso et al. Jencso et al. (2009, 2010) demonstrated that
the riparian buffering capacity and turnover time of riparian areas is controlled by
the ratio of area of the hillslope to the area of the riparian zone. For example, a
large hillslope that drains to narrow a riparian area will produce a riparian area
with a short turnover time and a limited capacity to buffer the stream from terrestrial inputs. Riparian areas with long turnover times are able to effectively buffer
the stream both by dampening the magnitude of the input, and by prolonging the
duration of the response. In several riparian zones at TCEF, Jencso et al. Jencso
et al. (2010) concluded that full turnover of riparian soil water could take up to 2
years and greater in some locations. This finding implies that, in some watersheds,
there may be a time lag in the response of streams to changes in in nutrients coming
from the terrestrial landscape. In these kinds of watersheds, for example, streams
might not respond immediately to best management practices that decrease nutrient
loading within the watershed. These studies highlight the important control that
landscape structure exerts on the sources, quantity, and timing of water and solute
delivery from the terrestrial landscape to the stream channel (Jencso et al., 2009,
2010; Jencso and McGlynn, 2011).
Climate variability is another important driver of terrestrial hydrodynamics and
solute loading. A study from TCEF by Nippgen et al. Nippgen et al. (2011) found
that inter-watershed variation in topographic indices explained the variability in the
mean response time of watersheds at TCEF, which is a metric of the average amount
of time it takes for a precipitation input to be translated to a runoff output. Runoff
16

ratios within a given catchment were strongly correlated with topographic indices
describing the watershed’s structure, and not larger-scale climate metrics. However,
climate variability was an important driving factor in controlling intra-watershed
variability in runoff. Annual variation in snow water equivalent (SWE) was correlated
to the annual variation in mean response time within a given watershed For example,
years with high SWE had the fastest mean response times, whereas years with low
SWE had the slowest response times. This indicates that both landscape structure
and climate forcing are important first-order controls on runoff generation and solute
loading, and operate over distinct spatial and temporal scales.
Land-atmosphere interactions: The influence of water redistribution on patterns of
soil biogeochemical processes and vegetation patterns
Topographically-driven water redistribution affects the export of solutes from the
terrestrial ecosystem, and also exerts a strong control on the generation of solutes
via soil biogeochemical processes. For example, soil CO2 efflux is a product of aerobic
soil respiration and mineralization of organic matter, and thus can be viewed as an
indicator of soil biological processes. While it is not a direct measure of nutrient
cycling in soils, landscape level variation in CO2 fluxes can indicate locations and
periods of active nutrient cycling and microbial decomposition.
Extensive work by Pacific et al. Pacific et al. (2008, 2009, 2011), Riveros-Iregui
et al. Riveros-Iregui and McGlynn (2009); Riveros-Iregui et al. (2011, 2012), and
Emanuel et al. Emanuel et al. (2010) explored the important role of landscape
complexity in determining the spatial and interannual variability of soil CO2 fluxes.
In studies of Stringer Creek watershed, a sub-watershed of Tenderfoot Creek, the
highest soil CO2 fluxes were observed in riparian sites with consistently high soil
moisture and high UAA values, whereas hillslope positions with low soil moisture
and low UAA values were characterized by low soil CO2 flux rates (Riveros-Iregui and
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McGlynn, 2009). Soil CO2 concentrations were correspondingly higher in the riparian
zones than in the hillslopes, and correlated with higher soil water content (Pacific
et al., 2008). Cumulative soil CO2 fluxes across the growing season were higher
in riparian areas with high UAA and gentle slopes, where groundwater tables were
present throughout the entire growing season (Pacific et al., 2011). Topographically
driven water redistribution, and subsequent soil water availability, is an important
driver of the spatial patterns of soil microbial processes within the landscape.
Climate forcing, expressed as inter-annual variation in water availability, can also
explain temporal trends in soil CO2 fluxes. In lowlands and riparian areas with high
UAA values, cumulative soil respiration was 24% lower in wet years than dry years
(Pacific et al., 2009; Riveros-Iregui et al., 2012). In contrast hillslope positions with
low UAA values exhibited higher soil respiration in wet years compared to dry years.
This bidirectional behavior of soil respiration, in response to a single climatic or
hydrologic forcing, means that when one portion of the watershed became a stronger
carbon source under a wetter climate, another portion of the watershed became a
weaker source, and thus produced a more muted response to from the watershed as
a whole (Pacific et al., 2009; Riveros-Iregui et al., 2012).
In-stream dynamics: Spatio-temporal variability in terrestrial solute fluxes and instream processing
Landscape structure and groundwater-surface water interactions are both important
drivers of in-stream solute dynamics and watershed export. These drivers interact
to create spatial and temporal variation in solute dynamics at the watershed scale.
Dissolved organic carbon dynamics in aquatic systems are tightly coupled to the
terrestrial watershed (Boyer et al., 1996; McGlynn and McDonnell, 2003; Hood et al.,
2006; Pacific et al., 2010; Ågren et al., 2014). In most oligotrophic watersheds,
terrestrial carbon is an important subsidy of energy into stream ecosystems and
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also an important, and largely unaccounted for, component of the overall carbon
balance of watersheds (Cole et al., 2007; Pacific et al., 2010). Thus controls on both
land-atmosphere and land-stream carbon export are important for understanding
the role of streams in the watershed carbon balance and the magnitude of stream
contributions relative to other components.
Pacific et al. Pacific et al. (2010) demonstrated that variation in stream DOC
concentrations in streams at TCEF was largely driven by the “spatio-temporal intersection” of hillslope-riparian-stream (HRS) connectivity and activation of carbon
rich source areas within the landscape (Pacific et al., 2010). Both HRS and variable
source activation were important controls on in-stream DOC concentrations, but the
greatest export occurred when both were maximized. Variation in these two controls also explained inter-watershed variation in DOC export across the experimental
forest.
Groundwater-surface water interactions add another layer of complexity to the
spatial and temporal variation in stream solutes dynamics. In a study of Stringer
Creek, a sub-watershed of Tenderfoot Creek, Payn et al. Payn et al. (2009) found
a wide range of “multi-scaled hyporheic flowpaths” which were characterized by a
broad distribution of transport times and flowpath lengths, and these multi-scaled
flowpaths resulted in both groundwater recharge and discharge into the channel over
a single reach. Thus, net changes in discharge are a combination of both gains and
losses or water and solutes from and to the groundwater system. Because streams
are exchanging water with groundwater continually, this interaction may provide
resistance to rapid changes in in-stream solute concentrations, which exert control
on many aspects of stream biological activity.
The cumulative research at TCEF demonstrates clearly that hillslope dynamics,
landscape structure, and resulting groundwater dynamics can play a critical role
in controlling solute export and the spatio-temporal variation in stream concentra19

tions. Preliminary data from TCEF by Seybold and McGlynn (In Prep b, In Prep
c) also suggests that in-stream ecological functions (e.g. metabolic processes and
nutrient cycling) are tied to hydrodynamics at the watershed scale. For example, in
a study in two adjacent first-order sub-watersheds of Tenderfoot Creek, Seybold and
McGlynn (In Prep c) found that seasonal patterns in ecosystem metabolism were
correlated with the degree of hydrologic connectivity in the watershed, and also that
inter-watershed variation in hydrologic connectivity drives differences in the amount
of carbon respired by streams. This preliminary study indicated that stream ecosystem function was tightly coupled to nutrient and water fluxes from the terrestrial
watershed.
2.2.4

Reference Watersheds

Several subwatersheds within TCEF can serve as reference watersheds that represent
undisturbed, pristine conditions in this region. Stringer Creek (550 ha, 1360 acres),
Upper Tenderfoot Creek (446 ha, 1102 acres), and Bubbling Creek (309 ha, 764
acres) have remained undisturbed since TCEF’s formation in 1961 and have had no
silvicultural experiments performed in them. Prior to the formation of TCEF, these
watersheds were never harvested for timber or settled. These streams are not impacted by forestry practices, development, or atmospheric deposition and can serve
as a reference for stream biogeochemical function, and potentially for stream biological communities in undisturbed watersheds. The Forest Service has monitored N and
P concentrations in these streams approximately bi-annually since 1992, however no
studies or monitoring of aquatic organisms has been conducted in these streams.
Although watersheds at TCEF have been minimally disturbed to date, the official
charter of TCEF does not designate that these sites be maintained as disturbance-free
reference sites. The official charter allows for timber harvesting associated with research activities, so some sites currently functioning as potential regulatory reference
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sites may be lost over time due to silvicultural research. If streams at TCEF fail to
meet the strictest Montana Department of Environmental Quality (DEQ) reference
benchmark (Tier 1: natural condition), they may still be suitable Tier 2 reference
sites (minimally impacted condition; (Suplee et al., 2005)). In addition, future silvicultural experimental treatments at TCEF will require several sub-watersheds to
remain completely undisturbed as internal references or controls, thus some sites at
TCEF will likely remain viable, high-quality regulatory reference sites in the future.
2.2.5

Dose Response Studies

No dose-response studies have been conducted at TCEF.
2.2.6

Cross-site and Regional Studies

To date, TCEF has not been included in any cross-site studies or syntheses related to nutrients due to the limited amount of work conducted there on N/P cycling in streams. Because of its focus on hydrologic and land-atmosphere inquiry
and the wealth of data these studies have generated, TCEF has been included in
a continental-scale hydrologic meta-analysis that investigated the effects of climate
change on streamflow across ecosystem types in the US (Jones et al., 2012). The
study found that the effects of climate change on streamflow were not consistent or
clear cut across different ecosystems. They found that long-term streamflow records
were correlated with large-scale climate indices (El Niño, PDO, NAO) in periods of
the year when the influence of vegetation was minimal. This suggests that over long
temporal periods at TCEF, the amount of snowfall and subsequent snowmelt runoff
in the spring will be correlated with larger scale climate patterns rather than local
controls. This reinforces the work done by Nippgen et al. Nippgen et al. (2011),
which found that that climate variability was a strong driver of inter-annual variation in runoff. In general though, the effects of climate change were complicated
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by natural and anthropogenic disturbance, vegetation successional dynamics, and
human alteration of the hydrologic cycle. These various factors could exacerbate or
diminish the signal of climate change on streamflow, even in reference basins removed
from direct human disturbance during the period of monitoring (Jones et al., 2012).
This has implications for the status of TCEF as a reference basin, because it may be
sensitive to and affected by climate change despite its undisturbed appearance today.
This study highlights the far-reaching effects of anthropogenic on ecosystems, and
also the complicated nature of identifying drivers of streamflow generation across
diverse watersheds.
2.2.7

Responses to Management and natural Disturbances

Timber Harvesting and Silvicultural Practices
Land-use changes and management strongly interact with runoff generation mechanisms, and influence patterns of solute loading. In a study at TCEF by Woods et
al. Woods et al. (2006), they found strong evidence that the spatial configuration of
timber harvest areas influenced the amount of snow accumulation in the remaining
stands, and thus the amount of water stored in the landscape to generate runoff.
Stands with evenly spaced residual trees accumulated more snow than residual trees
left in dense patches. The even spacing treatment decreased snow interception and
ablation, and increased snow pack by up to 35% more than untreated, control stands.
This indicated that decisions about the details of timber harvest practices, such as
the pattern of residual trees, might have important implications for how much runoff
is generated during snowmelt. Harvesting effects combine with geomorphic structure of the watershed to determine which parts of the landscape are activated and
contributing water and solutes, including dissolved N and P, to the stream ecosystem.
Studies at TCEF also found that timber harvesting had a significant impact on
suspended sediment dynamics. Suspended sediments can have important ramifica22

tions for biotic communities, including salmonid fish. Elevated turbidity can alter
the underwater quantity (number of photons) and quality (spectral distribution) of
light (Julian et al., 2008), which in turn influences primary productivity, photodegradation of organic matter, water temperature, and visual cues for aquatic organisms
(Julian et al., 2008). Thus understanding what drives sediment export from watersheds is of critical importance to predicting when and where biotic communities may
be vulnerable to elevated sediment.
A study led by Baker et al. (in review ) sought to identify drivers of suspended
sediment export at TCEF, and to understand the relationship between landscape
structure, climate, and suspended sediment export in response to climate variability
and forest harvest practices. They found that the intersection of all these drivers led
to greatest sediment exports from watersheds at TCEF.
Hydrologic characteristics of the watershed were strongly related to the degree of
suspended sediment (SS) export. The magnitude of snowmelt and SS export were
highly positively correlated, while the mean response time of the watershed (MRT)
was significantly negatively correlated with SS export. The longer the watershed
response time, the less sediment was exported from the watershed. MRT for a given
watershed was variable from year to year and was a function of snow water equivalent,
which is a descriptive of the volume of water moving through the watershed during
snowmelt, highlighting climatic conditions as an important driver of SS export.
There was also significant inter-watershed variation in MRT and SS export during wet years with large snowmelt pulses. During wet years, topographic metrics
describing the structure of the watershed were the best predictors of SS export. This
landscape control on SS export led to highly variable SS export between otherwise
similar watersheds (Baker et al. in review ).
The study also assessed the effect of timber harvesting on sediment mobilization
in two sub-watersheds within TCEF. They found that timber harvest significantly
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increased both runoff and SS export by an order of magnitude above pre-harvest
baselines. But the magnitude of natural variability in SS export from watersheds
was actually greater than the effect of harvesting; despite the increase in export due
to timber harvesting, export from some undisturbed watersheds was still greater than
the post-harvest watersheds. From this study we are unable to determine the effects
that harvesting would have in watersheds with naturally high sediment yields. We
hypothesize that the naturally high sediment watersheds would respond similarly to
other watersheds at TCEF and display increased sediment loads following harvesting.
This study demonstrates the complex interaction between climate, watershed
structure, and disturbance and how the intersection of these various factors leads
to the greatest SS export. It also again demonstrates the idea that certain areas of
the landscape that are highly hydrologically connected to the stream network will
influence sediment dynamics disproportionately more than other areas, and that if
harvesting intersects with these zones then the greatest potential for increased SS
export will occur.
Natural Disturbance Regimes
Historical pollen and charcoal analyses from TCEF show that the most significant
natural disturbance in structuring forest ecosystems at TCEF was fire. Historical forest fires have been mapped and dated back to the 1580’s at TCEF, indicating that it was a recurring, although episodic, disturbance in this landscape
(http://www.fs.fed.us/rm/tenderfoot-creek/). However, TCEF has been under complete fire suppression since the 1940’s. No research has been conducted at TCEF
into the effects of fire regimes on terrestrial or aquatic biogeochemistry, or aquatic
biological communities.
Insect-induced tree mortality is another natural disturbance that can impact
vegetation structure, and which has cascading hydrologic and biogeochemical effects.
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A study by Kaiser et al. Kaiser et al. (2013) assessed the impact of the most recent
mountain pine beetle (Dendroctonus ponderosae) outbreak on forests at TCEF. They
found that trees in more water stressed landscape positions were most likely to exhibit
the effects of infestation. Such sites were on south facing slopes, steep slopes, and
sites with small contributing areas that produce low topographic wetness indices.
Although the beetle infestation had clear spatial patterns, only about 2% of all the
trees at TCEF showed signs of infestation in 2012, which means that the outbreak
was not as severe as in nearby forests and other parts of the Rocky Mountain West
and western Canada. Fire and insect infestation can strongly influence vegetation
structure, which would probably have cascading effects on streamflow generation and
solute loading. However, the effects of these natural disturbances on stream N and
P dynamics or stream communities have not been studied at TCEF.
2.2.8

Reliability and Limitations of Findings

Research at TCEF is based on more than a decade of extensively field-based, spatially
distributed empirical data with high temporal resolution. Findings based on these
data are highly reliable and are an accurate portrayal of hydrologic response, as well
as the magnitude of interannual variability. As an experimental forest, for the past
50 years, land management at TCEF has been closely controlled. Only experimental
harvests with modest areal extent, a road system to support access for research and
monitoring, and fire suppression practices that are common across the American
West, have been permitted.
As with any process-scale or site-level research, care must be taken in extrapolation to other environments. However, the fundamental hydrologic and biogeochemical understanding generated at this site are probably relevant across a broad range
of ecosystems.
The research findings from TCEF will most directly apply to forested headwater
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sites with comparable landscape structures and climatic regimes, and a similar land
use history to TCEF. For watersheds where these characteristics differ markedly
from TCEF, or where a high degree of accuracy is needed, we recommend validation
studies to assess how transferable the findings are and how well they explain local
patterns.
2.2.9

Research Needs

High priority research needs at TCEF related to N and P that would benefit the water quality regulatory community include understanding of the mobilization and fate
of terrestrially-derived solutes (like N and P) once they enter the stream ecosystem,
and what role in-stream processes can have in modifying nutrient dynamics observed
downstream. This could provide baseline understanding of natural stream nutrient
retention in this region and how this retention/uptake capacity could change across a
range of substrate enrichment levels (i.e. increased nutrient loading). Quantification
of response to enrichment could inform stream water quality response to anthropogenic disturbances across watersheds including enhanced atmospheric deposition,
development, or agricultural expansion,
In order to accomplish this, measurements of nutrient uptake and utilization could
be made across a gradient of enrichment concentrations, either through sequences
of steady-state enrichments of varying concentrations or through the use of TASCC
additions which characterize the full range of solute kinetics in a single tracer addition
(Covino et al., 2011). These experiments would need to be conducted across seasons
and stream network position to determine the relationship between environmental
drivers such as flow state, light availability, substrate availability and N/P demand
could be more fully understood.
In an attempt to start filling this research need, several studies were conducted
in 2013 (Seybold and McGlynn, In Prep a, b, c) to more fully link stream ecosystem
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function and aquatic nutrient processing with the terrestrial hydrological and biogeochemical research at this site. The overarching goal is to more fully investigate
and understand space-time patterns in watershed nutrient fluxes and their drivers.
These studies are ongoing and will address the spatial variability of nutrients across
the stream network and quantify the nitrogen and carbon demand in headwater
stream reaches. This work will also quantify how demand for nutrients changes seasonally, and will help clarify the role the stream ecosystem performs in transforming
and retaining nutrients from terrestrial watersheds.
Other relevant research needs that could be addressed at TCEF, include the
collection of regular, high temporal frequency monitoring records, perhaps through
the use of in-situ sensors, that would allow for the computation of more accurate
nutrient budgets and provide new insight into solute dynamics on diel to weekly
temporal scales.
2.2.10

Potential Utility to Water Quality Regulatory Managers

Findings from research at TCEF might greatly aid water quality regulatory agencies
by providing insight into the hydrologic dynamics that drive solute export from
terrestrial to aquatic ecosystems.
One important conclusion from research at TCEF is that certain areas of the
watershed are connected to the stream more frequently and exert a greater influence
on stream dynamics than other areas. When considering how a watershed will respond to disturbances such as forest harvesting, development, or agricultural use, it
is important to consider that the most sensitive parts of the landscape are those that
are that are most consistently hydrologically connected to the stream, because they
supply disproportionately more runoff and solutes throughout the year, or during
periods of concern such as snowmelt or low flow conditions. The ability to predict differential contributions to streamflow and solute export from different parts of
27

the landscape throughout the year provides a mechanism for regulators to identify
priority areas for protection from disturbance, and to identify suspected sources of
pollutants of concern as mandated by section 303(d) of the Clean Water Act.
The research at TCEF on the relationship between forest harvest and suspended
sediment export are immediately relevant for regulators who are managing and developing harvesting regulations to reduce stream sedimentation. First, this study highlights the difficulty of utilizing single watershed studies to draw conclusions about
the implications of management decisions. The findings by Baker et al. (in review ) demonstrate that significant inter-watershed natural variability in SS export
exists. Although they found that sediment flux increased from watersheds that were
harvested, in some cases post-harvest export was still less than export from some
adjacent undisturbed watersheds and that this effect varied from year to year as a
function of climate. Thus, it is difficult to rely on a single watershed or paired watershed experiment to draw conclusions about how watersheds writ large will respond
to harvesting or nutrient enrichment. However, this work does provide input into
easily observable watershed characteristics that can explain likely sediment export
variation among watersheds. It can also inform locations within a watershed where
timber harvesting would make more or less of an impact on stream sediment and
when this disturbance would likely have more or less impact downstream. Generally
speaking, low slope and low topographic complexity watersheds with large hillslopes
(longer flowpaths) lead to lower sediment and nutrient fluxes to the stream network.
Current and ongoing work at TCEF that seeks to understand the fate of terrestrially derived solutes (including N and P) in stream ecosystems could help inform
total maximum daily loads (TMDL) for watersheds in the region; particularly the
quantification and allocation of nutrient loading from watersheds where BMPs have
been appropriately applied to timber harvesting. The state of Montana has numeric
standards for nutrients (total phosphorus and total nitrogen) and narrative water
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quality standards for other pollutants such as sediment. Narrative standards are
applied when there is insufficient information to develop numeric standards. The
Montana Department of Environmental Quality (DEQ) uses the reference condition approach to assist with many beneficial use determinations for pollutants that
have narrative standards (Bitterroot Watershed TMDL and WQ Improvement Plan:
Appendix B).
Research data and findings from TCEF could provide a set of reference conditions
to assess compliance with narrative water quality standards. Because it has been
minimally disturbed, the existing data on stream chemistry could provide a baseline
for reference conditions, and data could be augmented by future enhanced sampling
campaigns. In particular, sediment is subject to narrative standards. Thus the
extensive body of research at TCEF on suspended sediment source dynamics and
in-stream concentrations could represent a valuable reference resource. Furthermore,
the TCEF nutrient data could be used as a reference condition by other states that
have similar watershed characteristics and have not yet developed numeric nutrient
standards.
2.2.11

Key Points

• Landscape structure is an important and significant driver of hillslope-riparianstream connectivity. The degree of hydrologic connectivity and the landscape
structure control the degree to which the stream network is buffered from
terrestrial solute loading.
• Hillslope-riparian-stream connectivity, and mean response time of a watershed
are all important parameters for understanding what processes deliver terrestrial solutes into the stream network, and are a first-order influences on how
watershed N or P enrichment will affect nutrient concentrations in streams.
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• Landscape structure largely mediates the distribution and redistribution of
environmental drivers (e.g. water, energy, nutrients) that influence the magnitude and patterns of biogeochemical cycling, as has been indicated by observed
land-atmosphere carbon exchange and DOC mobilization to streamflow.
• Topography, watershed structure, climate, and disturbance, by natural forces
or by management actions, are all important drivers of SS export. When these
drivers interact to reinforce each other, the greatest increases in SS export
occur.
• Each watershed can respond differently to the same disturbance partially as a
function of the structure of the watershed. The spatial pattern of disturbance
on the landscape likely has the potential to magnify or reduce this affect.
• Future research at the site should focus on quantifying the ability of streams
at TCEF to retain and transform terrestrially derived N and P, and assess
the impact of these biotic transformations on downstream nutrient fluxes and
subsequent water quality.

2.3 Research and Monitoring of Biological Responses to Stream Nutrients other than N or P
2.3.1

Issue of Concern

Issues stemming from imbalances in nutrients other than N and P vary substantially
depending on the nature of the watershed and the anthropogenic impacts it is experiencing. In this region, hard-rock mining and spoil disposal, especially associated
with abandoned mines, can be a source of sediments and, in some cases, high levels
of acidity, sulfate and toxic metals in affected streams. Where they occur, miningrelated impacts on water quality can impair beneficial uses such as drinking water,
habitat for fish and other aquatic organisms, and water-contact recreation. TCEF
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has not been impacted by either mining or spoil disposal, so measurements there
may give indications of background stream conditions in the absence of mining.
2.3.2

Findings from Studies on Biological Responses to Nutrients other than N and
P

The semi-annual monitoring by the Forest Service includes TCEF stream water concentrations of alkalinity, sulfate, sodium, potassium, chloride, magnesium, bicarbonate, and carbonate. These data would be available to provide background information if any future concerns for regulators were arise regarding one of these solutes.
There have not been studies at TCEF on the response of stream communities to any
of these nutrients.
2.3.3

Studies of Other Factors that Influence Responses to Nutrients other than N
and P

Studies and monitoring at TCEF of other factors than may influence the response
of stream communities to these nutrients are the same factors that were described
in Part A as influencing responses to N and P.
2.3.4

Reference Watersheds

Bi-annual monitoring of stream water concentrations of alkalinity, sulfate, sodium,
potassium, chloride, magnesium, bicarbonate, and carbonate have been conducted
since 1992 in Stringer Creek, Upper Tenderfoot Creek, and Bubbling Creeks, where
these streams drain undisturbed reference watersheds. These data could represent
concentrations of these nutrients or chemical constituents in undisturbed headwater
streams. These reference watersheds were discussed in more detail in Part A.
2.3.5

Dose Response Studies

No dose response studies have been conducted at TCEF.
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2.3.6

Cross-Site and Regional Studies

TCEF has not been included in any cross-site or regional studies on stream response
to nutrients.
2.3.7

Response to Management and Natural Disturbance

No studies to date have explicitly explored how streams at TCEF may respond to
nutrients other than N and P. Therefore, the impact of management or natural on
the ecological and biogeochemical dynamics of other solutes is not currently known.
2.3.8

Reliability and Limitations of Findings

The wider applicability of future studies at TCEF is discussed in part A. Streams at
TCEF are characteristic of undisturbed and moderately disturbed watersheds in this
region, thus future findings on how these streams respond to nutrients other than N
and P would be applicable at similar sites.
2.3.9

Research Needs

We recommend that future research be tailored to provide data that can address
specific questions on a regionally significant environmental issues. For example, with
regards to mining, we suggest more monitoring of trace metal dynamics, alkalinity,
and surveys of indicator taxa that integrate the community response to disturbance
would be valuable. The most important factor would be to collect relevant data that
could establish a baseline of ecosystem functioning to which impaired waters could
be compared.
2.3.10

Potential Utility to Water Quality Regulatory Agencies

Future studies in reference watersheds at TCEF could establish an undisturbed reference point with which to compare impaired waters to assess the degree of impairment.
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2.3.11

Key Points

• TCEF can serve as an undisturbed reference for future studies to assess the
degree of impairment in similar watersheds.
• Future studies and monitoring activities at TCEF should be adapted to meet
the current regulatory needs in the region that likely include natural and human
induced disturbances ranging from fire, to forest harvesting, to grazing, to
exurban development.

2.4 Overview and Synthesis from TCEF
While studies on in-stream N and P dynamics have not yet been published at Tenderfoot Creek, the hydrologic research conducted there can provide a great deal of
insight into the hydrologic controls on stream solute dynamics and can provide important insight for water quality regulators trying to understand the response of
streams to watershed disturbance or management.
The studies at TCEF demonstrate that watershed outlet dynamics are strongly
regulated by both extrinsic factors like climate variability and intrinsic factors like the
structure and disturbance regime of individual watersheds. At TCEF, inter-annual
variability in a given watershed is strongly driven by climate variation, whereas intraannual variation between watersheds in hydrologic or biogeochemical response is
strongly coupled to variation in watershed structure. The topographic structure of a
watershed determines the duration over which hillslopes are hydrologically connected
to the stream network, as well as which parts of the landscape contribute water and
solutes to the stream most frequently. The degree of connectivity also determines how
rapidly water stored in riparian zones turns over, thus determining how responsive
the stream network is and how flashy or transient solute loading to streams may be
in response to inputs of rainfall or snowmelt onto hillslopes.
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The connectivity studies also demonstrated that certain parts of the landscape
exert a stronger influence on runoff generation and solute loading relative to others
areas that are less hydrologically active. From a management perspective, not all
parts of the landscape are equally sensitive to disturbances; areas of the landscape
that have high degrees of connectivity will be more sensitive to disturbance, because
anthropogenic or natural disturbances to these areas will result in more dramatic or
sizeable alterations in runoff generation and solute fluxes to the stream.
Historically, work at this EFR site hasn’t focused on water quality and nutrient
dynamics directly, although there are studies in progress that seek to address some
of these critical data gaps for regulators. The work at TCEF to date has highlighted
the important role that terrestrial hydrodynamics play in mediating solute loading
to stream networks, and has demonstrated that any management disturbance or
decision will have a unique effect on streamflow generation and subsequent nutrient
loading to the river network based on both the nature of the disturbance, where
in the watershed it occurs, and the structure or natural hydrologic regime of the
watershed.
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3
Hydrologic and biogeochemical drivers of carbon
and nitrogen uptake in a headwater stream network

Headwater streams are foci for nutrient loading from terrestrial landscapes, in-situ
nutrient transformations, and downstream transport. Despite their importance for
regulating downstream water quality, the relative importance of the processes that
influence nutrient uptake in aquatic systems remains poorly understood. To address
this critical research need, we assess the seasonality of carbon (C) and nitrogen
(N) uptake, compare the relative influence of hydrologic and biogeochemical drivers
on observed seasonal trends in nutrient uptake, and estimate the influence of these
biological transformations on watershed scale nutrient retention and export. We
determined that seasonal dynamics in C and N availability drove changes in the
potential for the biotic community to retain nutrients, and that seasonality of C and
N uptake was consistent with the seasonal dynamics of ecosystem metabolism. We
calculated that biotic retention of both carbon and nitrogen exceeded export fluxes
from this headwater catchment, highlighting the potential for biological processes to
partially regulate downstream water quality.
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3.1 Introduction
Streams are biogeochemically dynamic areas within landscapes, where material inputs from hillslopes and riparian zones are integrated, transported, and transformed
by biotic and abiotic processes. Biogeochemical transformations that occur in stream
networks are the result of a diverse array biological and geochemical processes that
can regulate stream concentrations and export dynamics. Despite the importance of
these biogeochemical retention processes for downstream water quality and ecosystem
health, the drivers that influence stream nutrient uptake, and subsequently the net
impact of in-stream retention on watershed scale fluxes, remain poorly understood.
Headwater streams can be important sites of temporary and permanent nitrogen retention (Grimm, 1987; Peterson et al., 2001; Mulholland, 2004; Gardner et al.,
2011; Bernal et al., 2012). Empirical and model based studies of headwater streams
have shown that in-situ retention can significantly reduce concentrations and export fluxes from catchments (Peterson et al., 2001; Bernhardt et al., 2005), with the
highest rates of retention occurring in the smallest streams (Alexander et al., 2000;
Gomez-Velez et al., 2015). The potential for aquatic systems to remove N inputs
early in the river continuum could be particularly important given the massive alterations to N cycling and loading from anthropogenic impacts like land use change and
agriculture (Vitousek et al., 1997). The ultimate impact of these alterations on the
amount of nitrogen entering downstream aquatic systems could be dampened and
lagged by uptake and transformations occurring in headwater streams. Studies have
also shown that the impact of land use change, in particular urban and suburban
development, can influence the magnitude of N uptake and the shape of the kinetic
curve characterizing N uptake (Covino et al., 2012). This suggests that stream N
uptake can both respond to increased solute loading from anthropogenic activities,
but is also shaped by the impact of anthropogenic disturbances.
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A growing body of research over the past decade has also established that headwater streams play an influential role in the cycling and processing of carbon inputs
from the terrestrial landscape (Cole et al., 2007; Battin et al., 2009; Aufdenkampe
et al., 2011). This is perhaps unsurprising given the coupled nature of carbon and
nitrogen biogeochemical cycles (Bernhardt and Likens, 2002; Brookshire et al., 2005).
Co-limitation has been found to be a nearly ubiquitous phenomenon, where primary
producers across diverse terrestrial and aquatic ecosystems have been shown to be
co-limited by both N and P, as well as other micronutrients such as iron, potassium, and silica (Elser et al., 2007; Harpole et al., 2011). While most studies have
focused on co-limitation by two macro- or micronutrients, in highly oligotrophic
and heterotrophic stream systems communities may experience limited supplies of
both energy and nutrients. Despite this, a limited number of studies have directly
assessed the capacity for both carbon and nitrogen uptake (but see Bernhardt and
Likens 2002; Hall and Tank 2003; Brookshire et al. 2005; Fellows et al. 2006; Johnson
et al. 2009; Lutz et al. 2011), and potential energy and macronutrient co-limitation
in headwater streams.
Our current understanding of the processes that drive nutrient uptake in aquatic
systems reflects the focus of early studies on understanding ecosystem limitation
by macronutrients (often nitrogen (N) and phosphorous (P)). Many of these studies
focused specifically on nutrient (N or P) limitation of biomass growth and production.
Consequently, parameters such as the rate of biomass accumulation and magnitude
of gross primary production at the ecosystem level have been identified as important
drivers of nutrient uptake rates in streams (Grimm, 1987; Hall and Tank, 2003;
Elser et al., 2007). Given the dynamic seasonal phenology of primary production
in most aquatic systems and the susceptibility of primary producers to disturbance
(Resh et al., 1988; Grimm and Fisher, 1989), these studies have also drawn attention
to the role of disturbance and succession as indirect drivers of nutrient dynamics
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in streams (Grimm, 1987; Mulholland et al., 2009). While these studies highlight
important ecological processes regulating nutrient uptake, they focus predominantly
on autorophic processes and do not typically consider how these processes may change
in largely heterotrophic systems.
Heterotrophic systems are common globally (Duarte and Prairie, 2005), and CO2
emissions resulting from metabolism of terrestrially derived organic matter are significant for global C budgets (Battin et al., 2008). In heterotrophic systems, the
availability of exogenous or terrestrial organic matter and inorganic solute inputs can
be important factors fueling nutrient uptake, either directly by providing substrate
for decomposition (Webster et al., 2000), or indirectly by creating environments that
enhance nutrient uptake and demand (Cummins, 1974; Valett et al., 2002). In the
latter case, terrestrially-derived woody debris can create structures that trap organic
matter substrates that fuel decomposition, but also that increase streamwater residence time. This extended contact time between solutes and the benthos can enhance
opportunities for dissolved solutes to be taken up from the water column. This has
been confirmed across numerous studies, where reach-scale hydrologic drivers including residence time and transient storage have been identified as potential controls
on nutrient retention (Valett et al., 1996; Ensign and Doyle, 2005). Therefore both
substrate availability and residence time can be critical variables influencing the
magnitude of nutrient retention and uptake rates in predominantly heterotrophic
systems.
While studies have suggested processes that may influence nutrient retention in
streams, few have empirically linked nutrient uptake to retention or export at the
watershed scale (Wollheim et al., 2005; Gardner et al., 2011). In fact, the relative importance of streams in regulating solute export to downstream rivers, lakes,
or estuaries remains unresolved, with some studies arguing for a significant degree
of biotic control over watershed exports (Mulholland, 1992; Bernhardt et al., 2003,
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2005; Roberts and Mulholland, 2007; Battin et al., 2008; Mulholland et al., 2009;
Bernal et al., 2012, 2015; Lupon et al., 2015), while others emphasize the dominance of transport processes in streams and the minimal role of in-situ processing,
particularly on a mass basis (Likens et al., 1970; Kothawala et al., 2015; Raymond
et al., 2016). Others still have suggested that streams may operate at biogeochemical
steady state where rapid cycling is balanced by re-release, thus leading to terrestrial
losses controlling the magnitude of fluxes from aquatic systems (Brookshire et al.,
2009; Creed et al., 2015). This conceptual divergence may in part be due to the
limited number of studies that have empirically compared the magnitude of nutrient
uptake at the stream ecosystem level with measured watershed scale fluxes.
There is a paucity of studies directly comparing in-stream retention and downstream export over daily or even seasonal time scales. This is a challenge because
of the difficulty associated with using observed concentration dynamics to infer both
retention and watershed fluxes. The challenge stems from the fact that export fluxes
calculated from ambient concentration dynamics have the biotic signal of retention
embedded within them, and thus represent an integrated signal of physical and biological processes. The concentration of a solute in streamwater at any given time is
a reflection of uptake or retention that has already occurred, as well as a control on
the magnitude of future uptake. This creates equifinality in the number of uptakes
scenarios that could generate a given solute concentration. For example, low nitrate
concentrations in a stream may be the result of low inputs and a low rate of uptake,
or high inputs that are masked by a high rate of uptake also resulting in low concentrations. Given the latter case, reduced concentration due to biotic uptake then sets
a limit on how much further uptake and modification will occur. In this way, the
same ambient concentration dynamic can be achieved via multiple uptake regimes,
limiting the use of flux dynamics as an indicator of biological processing. This further suggests that in-situ nutrient retention rates must be experimentally derived
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for a more accurate comparison with export fluxes. At the very least, it is critical to
recognize the biotic signatures embedded within the concentration dynamic used to
estimate physically driven export fluxes.
We believe that new understanding of the magnitude and seasonal evolution of
carbon and nitrogen uptake kinetics and their relationship to changing physical and
biological drivers is required to better understand the dynamics of nutrient demand
and influences on watershed nutrient export. To address this, we conducted reachscale carbon and nitrogen tracer additions using the TASCC method (Covino et al.,
2010b; Piper et al., 2017) across the summer growing season in a forested, subalpine
catchment while monitoring a suite of hydrologic and biogeochemical dynamics. This
allowed us to address the following questions:

Q1: How do carbon (C) and nitrogen (N) uptake kinetics respond to
seasonal variations in biogeochemical drivers (ambient concentrations,
i.e. substrate availability) and hydrologic drivers (e.g. residence time)?
Q2: What is the role of biological uptake in regulating streamwater C
and N concentrations and downstream fluxes?

Many oligotrophic, snowmelt-dominated catchments provide valuable laboratories to address Q1. In much of the Rocky Mountain West, stream hydrographs are
dominated by snowmelt and discharge decreases consistently throughout the summer,
often with few additional precipitation inputs. This seasonal decrease in streamflow
volume is frequently accompanied by coincident increases in stream network residence
time (Mallard et al., 2014; Bergstrom et al., 2016). The majority of stream solutes
in these highly oligotrophic headwater systems are terrestrially derived and delivered
via subsurface runoff (Jencso et al., 2010; Pacific et al., 2010). Seasonally declining
GW levels often lead to seasonal reductions in many solutes associated with shallow
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Figure 3.1: Conceptual figure describing hypothesized relationships between C and
N nutrient uptake rates and residence time (H1), and ambient substrate availability
(H2)

soils such as dissolved organic carbon (DOC) and nitrate (NO3 -N). This provides
an ideal experimental, hypothesis-testing framework, given that one hypothesized
hydrologic driver of uptake (residence time) increases throughout the summer growing season, while another hypothesized biogeochemical driver (substrate availability)
decreases over the same time period. We sought to take advantage of these divergent seasonal trends to assess whether either variable was a clear predictor of carbon
and/or nitrogen uptake. We hypothesize that if residence time is the dominant influence on uptake rates, then uptake kinetic metrics will increase over the study period
(H1, Figure 3.1). In contrast, if substrate availability and ambient concentrations are
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more crucial determinants of uptake rates, then we hypothesize that uptake kinetic
metrics will decrease over the summer growing season (H2, Figure 3.1).
In this study, we take advantage of the natural seasonal variation in two hypothesized drivers of carbon and nitrogen uptake to develop new understanding about
the relative influence of residence time and substrate availability on nutrient uptake
kinetics. We then place in-stream nutrient retention estimates in the context of measured catchment scale nutrient fluxes to assess its potential to mediate catchment
scale solute fluxes.

3.2 Methods
3.2.1

Study site and data collection

The Tenderfoot Creek Experimental Forest (TCEF) is located in central Montana
(Figure 3.2a, latitude 46° 55’N, longitude 110° 55’W). This study focuses on Stringer
Creek, a 555 ha first-order sub-catchment located within TCEF (Figure 3.2). Stream
discharge in Stringer Creek is strongly dominated by snowmelt, which occurs between
late May and early June, and then decreases throughout the summer growing season
with few additional precipitation inputs (Figure 3.3).
We conducted a four month field campaign in the summer of 2013 during which
we monitored carbon and nitrogen cycling dynamics in Stringer Creek. We conducted in-situ monitoring and experimental nutrient additions following the start
of the snowmelt period in early May through the end of the baseflow period in
late August. For the purposes of this study, we focus on a 2 month period following snowmelt starting in mid-June through August (6/20-8/20), which represents
the primary growing season (approximately 45-75 days) in both the terrestrial and
aquatic ecosystems at TCEF (Mincemoyer and Birdsall, 2006).
We installed two in-stream monitoring stations in the headwater reaches of Stringer
Creek. The most upstream station was located immediately downstream of the first
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Figure 3.2: Map of Stringer Creek (a), a subwatershed in the Tenderfoot Creek
watershed (c) located in south central Montana (b). In-stream monitoring sites were
located in the headwaters (green circles) and the watershed outlet (purple square)

point of perennial flow, and the second station was located approximately 500m
downstream of the first station (Figure 3.2c). This focal reach bracketed a forested
section of the stream that is characteristic of streams in the area, with a wide, grassy
riparian zone and very little shading. The benthic substrate was predominantly
coarse gravel with a median diameter of 5.4 cm interspersed with larger cobbles.
At each in-stream station, we installed a suite of in-situ sensors to measure a range
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Figure 3.3: a) Time series of continuous DOC concentrations (green), NO3 -N grab
sample concentrations and fitted seasonal trend (blue), and continuous discharge
(grey). b) Seasonal trends in gross primary production (GPP, green), ecosystem
respiration (ER, purple), and net ecosystem productivity (NEP, blue). Negative
rates of NEP indicate heterotrophy, and positive rates indicate autotrophy. The
asterisk over 8/13-8/14 indicates the date of a late season hailstorm

of water quality parameters, including dissolved oxygen (DO) (Campbell Scientific
CS511-L), and electrical conductance (EC) and temperature (Campbell Scientific
CS547A). We measured photosynthetically active radiation (PAR) above the water
surface (Campbell Scientific LI190SB Quantum Sensor) to determine the photoperiod
for each day. We used Turner Cyclops 7 sensors to measure fluorescent dissolved
organic matter (fDOM), chlorophyll A, and turbidity, and Vaisala GMT 220 sensors
to measure dissolved CO2 concentrations. All sensors took measurements every 15
minutes for the duration of the study period. Sensors were maintained and checked
for fouling every 2-3 days, and visible fouling was never observed on the sensors.
This was confirmed by no significant change in sensor signals after cleaning. Sensor
calibration was checked and recalibrated if necessary every 1-2 weeks.
Each station was co-located with a capacitance rod that recorded streamwater
stage (TruTrac WT-VO) with +/-1 mm resolution. We conducted dilution gauging (Kilpatrick and Cobb, 1985; Covino et al., 2011) on a weekly basis and used
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the observed stage:discharge relationship to calculate continuous stream discharge.
Dilution gauging experiments were conducted over short <35m reaches to minimize
groundwater exchange. We also simultaneously conducted mass recovery experiments over the full 500m reach (Covino and McGlynn, 2007; Payn et al., 2009; Covino
et al., 2011), which were used to determine the gross gains and losses of groundwater
occurring over the stream reach in addition to the net change in discharge. The
breakthrough curves from these conservative tracer mass recovery experiments were
also used to calculate residence time metrics, described in more detail below.
Continuous in-situ stream solute monitoring was supplemented and corroborated
with streamwater grab samples collected on a weekly to sub-weekly basis to create
a time series of NO3 ´ concentrations in the headwater reach, and to generate a
relationship between fDOM and DOC concentrations that could be used to convert
continuous measures of fDOM into DOC. All samples were collected in HDPE bottles
and filtered using 0.45 µm polyetherene sulfonate (PES) filters (Whatman Puradisc
25mm syringe filters). DOC samples were filtered into opaque brown bottles, acidified to a pH of 1-2 using 6 N HCl acid, and kept refrigerated during transport
until analysis at Duke University using a Schimadzu total organic carbon (TOC-V)
analyzer (Shimadzu TOC-V CPH Total Organic Carbon Analyzer with ASI-V autosampler, Kyoto, Japan). Major cations and anions (NO3 , Cl´ , etc.) were filtered
and refrigerated during transport, and frozen until analysis at Duke University using
ion chromatography (Dionex ICS 2000 with eluent generator and AS40 autosampler, anion column AS18, Sunnyvale, CA). For the remainder of this study, when
we present DOC and NO3 ´ concentrations, they are referring to concentrations of
DOC-C (mg C L´1 ) and NO3 -N (mg N L´1 ).

45

3.2.2

Ecosystem metabolism calculations

Ecosystem metabolism estimates were calculated using the well-established 1-station
approach (Demars et al., 2015). We calculated net ecosystem productivity (NEP)
based on temporal changes in DO, and corrected this change in DO (∆DO) for evasion occurring over the 500 m stream reach. We estimated the reaeration coefficient
(k ) using experimental propane injections (Genereux and Hemond, 1992; Marzolf
et al., 1994) at three time points that represented a range of streamflow conditions
over the study period. We then used the discharge data and experimentally derived
gas exchange results to fit the parameters on a number of hydraulically derived equations that estimate k based on discharge and channel geometry or slope (Genereux
and Hemond, 1992; Melching and Flores, 1999). We then used these empirically
fitted hydraulic equations to model k, and selected the equation that best fit the
experimentally derived k at our 3 experimental time points (Bennett and Rathburn,
1972). This allowed us to use our empirically-derived reaeration values to inform our
continuous estimation of k over the entire study period.
We utilized the day-night separation method (Marzolf et al., 1994) to calculate
stream metabolism, which assumes that all NEP at night was due to ecosystem
respiration (ER). We differentiated between day and night using a PAR threshold
of 400 µmol photon s´1 m´2 ; this threshold recreated day lengths that matched
manual measurements made in the field of the photoperiod for the streambed, which
was determined by the when direct sunlight was over the ridge line and at an angle
that vegetation shading was minimized. Nighttime NEP was attributed entirely to
ecosystem respiration, and GPP was assumed to be zero during that time. We then
applied an average nighttime ER rate to sunlight periods to calculate gross primary
production (GPP, (Marzolf et al., 1994)).
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3.2.3

TASCC additions

The TASCC method (Tracer Additions for Spiraling Curve Characterization) is a
recent evolution of traditional nutrient spiraling methods, which typically utilize
a steady-state plateau injection at a single enrichment level to calculate a single
set of uptake rates corresponding to that enrichment concentration (Covino et al.,
2010b). Instead of generating a single measure of nutrient uptake at a given tracer
plateau concentration, TASCC utilizes the full range of concentrations experienced
by the stream across a tracer breakthrough curve to parameterize a Michaelis-Menten
(most common) or efficiency loss uptake kinetics model that provide a suite of uptake
metrics from ambient to saturating streamwater concentrations (Piper et al., 2017;
Covino et al., 2010a,b, 2012).
We conducted nitrogen TASCC experiments on an approximately weekly basis
(9 total) using KNO3 as a reactive tracer and NaCl as a conservative tracer. We
conducted carbon TASCC experiments using potassium acetate (CH3 CO2 K) as the
reactive tracer at three time points, in sequence with nitrate enrichment experiments.
Enrichments increased background nutrient concentrations 1 to 2 orders of magnitude
above background to ensure that kinetic saturation was reached.
These enrichment experiments were conducted over the focal stream reach described previously. Solutes were injected above a small riffle to facilitate complete
mixing and assessed visually using Rhodamine RWT. Prior to the reactive solute
TASCC injection, discharge was measured using dilution gauging at the top and the
bottom of the reach and background nutrient samples were collected. Data loggers
measuring streamwater specific conductance at the top and bottom of the reach were
used to monitor the solute breakthrough curve and facilitate timing of grab samples
along the entirety of the added conservative and nutrient tracer breakthrough curves.
Nutrient spiraling additions measure the uptake rate of added tracer (i.e. Uadd ),
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which can be summed with the ambient uptake rate (i.e. Uamb ) to estimate the total
uptake rate (i.e. Utot ). Dynamic (added) and ambient nutrient uptake rates were
calculated following the methods developed by Covino et al. Covino et al. (2010b).
For each sample taken along the solute breakthrough curve, we first calculated the
dynamic (or added) nutrient uptake metrics (dynamic spiraling length (Sw ), uptake rate (U ), and uptake velocity (Vf )). The dynamic longitudinal uptake rate
(kw´add´dyn ) was calculated by plotting the logged N:Cl ratio of the injectate and
each grab sample against stream distance, and then calculating the slope between
each pair of points (injectate sample and each grab sample). The dynamic nutrient
spiraling length (Sw´add´dyn , L) was calculated as the negative inverse of kw´add´dyn .
The dynamic areal uptake rate (Uadd´dyn , M L´2 T´1 ) for each grab sample was
calculated using equation (4.2):

Uadd´dyn

“
Q ˚ N O3 ´ Nadd´dyn s
“
Sw´add´dyn ˚ w

(3.1)

Where Q is discharge (L3 T´1 ), [NO3 -Nadd´dyn ] is the geometric mean of observed
(background corrected) and conservative tracer concentrations ((4.4); see Covino
et al. 2010b for more details), and w is stream width (m).

“

N O3 ´ Nadd´dyn s “

b“
“
N O3 ´ Nobs s ˚ N O3 ´ Ncons s

(3.2)

Another final way of representing the uptake rate in the stream is to normalize
Uadd´dyn by its associated concentration, which then represents the uptake velocity
(L T´1 ) or uptake efficiency. The areal uptake rate (Uadd´dyn ) and uptake velocity
(Vf ) are interchangeable when normalized by concentration. As such, we calculated
the dynamic uptake velocity (Vf ´add´dyn , L T´1 ) using Equation (4.3):
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Vf ´add´dyn “ “

Uadd´dyn
N O3 ´ Nadd´dyn s

(3.3)

The added dynamic spiraling parameters were then used to estimate ambient
spiraling metrics. We plotted the Sw´add´dyn values against the total dynamic nitrate concentration of each sample ([NO3 -Ntot´dyn ], Equation (4.5)), and used linear
regression to back-extrapolate to the ambient uptake length (Sw´amb ).

b“
`“
“
“
N O3 ´ Ntot´obs s ˚ N O3 ´ Ncons s ` N O3 ´ Namb sq (3.4)
N O3 ´ Ntot´dyn s “
Using this Sw´amb estimate, we calculated Uamb and Vf ´amb using the following
equations:

Uamb

“
Q ˚ N O3 ´ Namb s
“
Sw´amb ˚ w

Vf ´amb “ “

Uamb
N O3 ´ Namb s

(3.5)

(3.6)

Finally, we estimated a total areal uptake rate (Utot ) or total uptake velocity
(Vf ´tot ) by combining the added dynamic nutrient uptake from the enrichment experiment and the ambient uptake into a single metric by summing the added dynamic
uptake rate/velocity (Uadd´dyn or Vf ´add´dyn ) with the ambient uptake rate/velocity
(Uamb or Vf ´amb ).
3.2.4

Fitting Michaelis-Menten kinetics and estimating benchmark uptake rates

The areal uptake rate data (Utot ) was used to parameterize linear, efficiency loss, and
Michaelis-Menten (M-M) models. In all cases, the M-M model performed the best
(based on R2 ) and was therefore selected to estimate the maximum areal uptake rate
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parameter (Umax ) and half saturation concentration parameter (Km ) for each tracer
test (Equation (5.15)).

“
Umax ˚ Ss
“
U“
Km ` Ss

(3.7)

The fitted Michaelis-Menten parameters for each tracer test were then used to
calculate total areal uptake (Utot ) at a set of benchmark concentrations. For each
tracer test (each with a unique set of Michaelis-Menten parameters), we calculated
areal uptake rate at 3 standard concentration values that represent the average range
of observed ambient concentrations at our study site (henceforth called benchmark
concentrations). For NO3 -N, these concentrations were 10, 25, and 50 µg L´1 . For
DOC the benchmark concentrations were 1.5, 3, and 5 mg L´1 . We used these
benchmark uptake rates to compare ambient-level uptake in our stream across the
growing season.
Ambient level uptake is a useful metric to compare over time and between sites,
and we used the benchmark uptake rate approach to standardize this analysis and
avoid potential biases incorporated in the traditional ambient uptake rate (Equation
(4.6) and Equation (4.7)). Ambient uptake rate calculations (Equation (4.6) and
Equation (4.7)) are sensitive to the ambient nitrate concentration associated with
that sample, thus ambient uptake comparisons between high and low concentration
sites or time points can be challenging to interpret. For example at a high N site,
is greater ambient uptake because of greater N availability or greater demand at the
site? The benchmark uptake approach allows us to standardize the concentration
across time points and compare uptake over the same ambient concentration range,
thus more equitably and robustly comparing the magnitude of ambient range uptake
occurring across space and time.
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3.2.5

Residence time metrics

We calculated stream reach residence time metrics of recovered conservative solutes
from mass recovery experiments conducted over the full reach length. The breakthrough curves from these instantaneous conservative tracer additions represent the
residence time distributions of recovered tracer in the stream reach (Harvey et al.,
1996; Mason et al., 2012) and thus the potential contact time for nutrient uptake.
Studies have shown that the peak of the breakthrough curve (or modal travel time)
can be used to describe the advective portion of flow in the channel, whereas the
tailing behavior can be related to transient storage within the channel (Harvey et al.,
1996; Mason et al., 2012; Patil et al., 2013). We calculated the modal travel time
(modal TT) and the travel time at which 99% of the solute mass had been recovered
(99% MRTT) as metrics describing transient storage for each set of mass recovery
experiments. These metrics describe the travel time of the recovered solutes that we
injected into the stream. Thus we use these metrics (hereafter collectively referred
to as metrics of residence time) to refer to the amount of time contact time between
solutes and zones where they may be taken up by the biotic community.
3.2.6

Retention/Export ratios

We sought to compare the magnitude of in-stream retention across the 0.5 km headwater stream reach to the total amount of carbon and nitrogen being exported from
the forested 137 ha sub-watershed draining to that point. To estimate total in-stream
nutrient retention on a daily basis, we interpolated the Michaelis-Menten parameters
estimated from each tracer test to create a daily time series of Umax and Km . We
then estimated the areal uptake rate for each day using the Michaelis-Menten model,
the interpolated parameters, and the average DOC or NO3 -N concentration observed
on that day. We scaled the daily areal C or N uptake rate over the 500m headwater
study reach area to estimate the total mass of solute retained by biological uptake
51

processes. This approach represents an approximation of solute retention that assumes the uptake rate remains constant over a day, and does not account for uptake
that is later translated into export through biogeochemical cycling (e.g. N that is
taken up, converted into organic matter and later exported as particulate organic
matter).
We compared this estimate of solute retention with the total amount of C and
N exported from the reach downstream. We calculated export fluxes by simply
multiplying the average daily DOC and NO3 -N (mg L´1 ) concentration by the instantaneous discharge (L sec´1 ) and integrating to a daily time step to obtain a daily
solute mass flux. We then calculated the ratio of the mass of N and C retained by
in-stream processes to the mass of N and C exported downstream (hereafter referred
to as the retention/export ratio). This ratio is conceptually related to the Damköhler
number, a dimensionless number that relates the time scale of chemical reactions to
the transport time scale. We used this retention/export ratio to assess the relative
magnitude of biological and physical processes, how this balance changed seasonally,
and how this this ratio compared for C relative to N.

3.3 Results
3.3.1

Seasonal trends in biogeochemical and hydrologic variables: ambient concentrations, metabolism, and residence time

Ambient DOC and NO3 -N concentrations
DOC concentrations decreased by approximately 1 mg L´1 over the growing season,
and exhibited variation on diel and seasonal time scales (Figure 3.3a). The highest
DOC concentrations observed during the study period of mid June to mid-August
(6/20-8/20) occurred on 8/14, when an intense summer hailstorm (up to 4 cm diameter hailstones) occurred early on the evening of 8/13. The impact of the large
hailstones damaged vegetation, perturbed the streambed and near stream soil, de52

posited a significant amount of riparian vegetation in the stream, and hydrologically
activated DOC-rich near stream areas. Due to the very dry antecedent conditions in
the watershed, this event increased stream discharge minimally. While this event elevated C and N concentrations for approximately 36 hours, it had very little influence
on total growing season N and DOC fluxes from the system.
Nitrate concentrations were much less variable than DOC concentrations on a
seasonal time scale but exhibited a moderate amount of variability on a day-to-day
basis, demonstrated by the residuals of measured grab samples in relation to the
seasonal trend line (Figure 3.3a). Nitrate concentrations remained between 12-25 µg
L´1 for the entire study period, and showed only a modest decline of 10-12 µg L´1
over the summer growing season (Figure 3.3). This seasonal variation was almost
two orders of magnitude less than was observed for DOC concentrations. NO3 -N
concentrations also responded to the mid-August hailstorm, resulting in an 85%
increase in NO3 -N concentrations from 13 to 24 µg L´1 on 8/14, the day after the
storm.
Residence time metrics
Both metrics of residence time (modal TT and 99% MRTT) were negatively correlated with discharge (Figure 3.4a). As discharge decreased over the study period,
the modal travel time over the study reach increased 6 times (from 32 to 194 minutes) and the travel time associated with 99% mass recovery increased 5.7 times
(from 51 to 294 minutes, Figure 3.4b, Table 3.1). The increase in residence time
suggests that the amount of contact time between solutes and benthic communities
was greatly enhanced over the study period. As we hypothesized, our two potential
drivers (residence time and solute availability) exhibited opposing seasonal trends
(Figure 3.1, 3.4b). While residence times increased, both C and N concentrations
declined by a 30-40%, respectively (Table 3.1, Figure 3.4b). This allowed us to
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Table 3.1: Discharge (Q), ambient TOC and NO3 -N concentrations, modal travel
times (TT), and time to 99% mass recovery (MR) in Stringer Creek during each
tracer experiment. Nitrate additions were performed on all dates listed, and carbon
additions were conducted on dates noted with an asterisk.
Date
6/21/13*
6/26/13
7/1/13
7/19/13*
7/29/13*
8/13/13
8/14/13

Q
L sec´1
65.05
35.53
24.74
3.67
2.83
1.66
6.92

[NO3 -Namb ]
µg L´1
19.3
19.2
20.31
20.33
14.21
11.25
22.92

[TOC-Camb ]
mg L´1
1.98
1.91
1.64
1.42
1.40
1.34
2.01

Modal T.T.
hrs:min
00:32
00:48
01:15
01:49
02:09
03:14
n/a

99% MR T.T.
hrs:min
00:52
01:27
02:19
02:59
03:15
04:52
n/a

compare the temporal trends in C and N uptake with our hypothesized drivers to
determine whether uptake was more strongly correlated with hydrologic (residence
time) or biogeochemical (solute availability) variables.
a)
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Figure 3.4: Seasonal trends in modal travel time (indicative of advective flow travel
time) and time to 99% mass recovery (indicative of longer travel times and transient
storage). (a) Both residence time metrics are inversely correlated with discharge,
with shorter residence times in the early growing season. Panel B shows the opposing
seasonal trends in residence time (purple) and ambient [TOC] (dark blue) and [NO3 N] (light blue). Concentration data from 8/14 (noted with the asterisk) are elevated
due to intense summer storm that caused flushing of riparian nutrients, but did not
significantly increase discharge. Residence time data for 8/14 is not available
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Ecosystem metabolism dynamics
Net ecosystem productivity (NEP) rates decreased and became less heterotrophic
over the growing season. NEP was strongly heterotrophic at the beginning of the
study period/growing season (-4 g O2 m´2 day´1 ), but declined until reaching nearly
balanced amounts of heterotrophy and autotrophy in early August (NEP – 0; Figure
3.3b). Seasonality in NEP was predominantly driven by variation in ER, which
decreased while GPP remained quite stable and low (on average 1.5 g O2 m´2 hr´1 )
throughout the entire study period (Figure 3.3b).
3.3.2

Nitrogen and Carbon Uptake Kinetics

Nitrogen uptake rates decreased strongly over the study period (Figure 3.5a). Nitrate uptake at each successive experimental time point (n=7) was significantly lower
than the previous time point, as is evidenced by the lack of overlap between the 95%
confidence intervals on the Michaelis-Menten model uptake kinetic curves. This seasonal trend was reflected in both the maximum uptake rates (Umax ), which declined
consistently over the summer growing season (Figure 3.5a), and the ambient uptake
rates (Uamb , Figure 3.6a) and ambient uptake velocities (Vf ´amb , Figure 3.6a). This
suggests a diminishment of uptake capacity across a range of concentrations from
ambient to saturation as the growing season progressed, and a loss of efficiency at
high concentrations.
To more consistently assess how ambient range nutrient uptake was changing
seasonally, we also compared nitrate uptake rates for the set of benchmark concentrations. This allowed us to control for the effects of changing ambient stream
concentrations over the growing season. Even when controlling for seasonal concentration dynamics, ambient-level uptake rates were highest in the early season and
decreased until mid-August (Figure 3.7). This suggests that the capacity of the system to take up nutrients at or near ambient concentrations changed over the growing
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Figure 3.5: Seasonal variation in total areal uptake rates (Utot ) for nitrate (a) and
TOC (b) in Stringer Creek versus the geometric mean of total nitrate concentration
and total TOC concentration, respectively. The Michaelis-Menten model fits and
95% confidence intervals are indicated with solid and dashed lines. The number of
grab samples for all tracer tests was between 14-20 individual samples (not all shown
within the x limits of these figures)
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Figure 3.6: Ambient spiraling length (Sw-amb), ambient areal uptake rate (Uamb),
and ambient uptake velocity (Vf-amb) for (a) nitrate and (b) carbon. The C:N ratios
of areal ambient uptake rates (in molar terms) on 06/21, 07/19, and 07/29 were 186,
264, and 302, respectively
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season, and this effect was not driven solely by the decreasing trend in ambient concentrations.
0.6

Utot at 10 ug L

-1

Utot at 50 ug L

-1

Utot at 25 ug L

N Uptake Rate (Utot mg m-2 min-1 )

0.5

-1

0.4
0.3
0.2
0.1
0

06/21/13

06/26/13

07/01/13

07/19/13

07/29/13

08/13/13

08/14/13

Figure 3.7: Total areal nitrate uptake rates at benchmark concentrations of 10, 25,
and 50 µg L´1 . Benchmark uptake rates and 95% confidence intervals were calculated
using the fitted Michaelis-Menten parameters and 95% confidence intervals of those
parameter estimates from tracer experiments on each date

Nitrate uptake responded strongly to increased [NO3 -N] and [DOC] concentrations following the hailstorm on 8/13. In response to an approximate doubling of
background nitrate concentrations (85% increase), the nitrate uptake rates measured
on 8/14 were up to 4 times greater than the previous day (Figure 3.8). This uptake
response occurred despite no significant change in discharge or residence time, and
occurred extremely rapidly. In a matter of approximately 12 hours, the in-stream
community had substantially increased their capacity to retain available nitrogen.
Unfortunately, we were not able to conduct a follow up experiments aside from the
day after the disturbance to determine how transient or long-lived this response
was, but given the rapid up-regulation of uptake rates it seems possible that the
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re-equilibration to a state of lower uptake may have been equally rapid.
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Figure 3.8: Total nitrate uptake rate (Utot) for the day immediately preceding the
summer hailstorm (8/13/13, shown in blue triangles) and following the disturbance
(8/14/13, shown in purple triangles. Ambient nitrate concentrations (denoted by the
vertical dotted lines) increased 85% (from 13 to 24 µg L´1 ) in response to the storm,
and nitrate uptake increased by nearly a factor of 4 over the 12 hours following the
disturbance

Carbon uptake displayed a similar seasonal trend to nitrate uptake, with strong
decreases over the study period (Figure 3.5b). Both maximum carbon uptake rates
(Figure 3.5b) and ambient uptake metrics (Sw´amb , Uamb , and Vf ´amb , Figure 3.6b)
declined over the study period. As with nitrate uptake, the declines in ambient
carbon uptake were not solely driven by decreases in ambient [DOC] concentrations
over the growing season. As Figure 3.9 demonstrates, benchmark carbon uptake rates
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decreased substantially from mid June to late July, suggesting that the capacity of
the community to retain carbon diminished over the study period.
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Figure 3.9: Total areal carbon uptake at benchmark concentrations of 1.5, 3 and
5 mg L-1. Benchmark uptake rates and 95% confidence intervals were calculated
using the fitted Michaelis-Menten parameters and 95% confidence intervals of those
parameter values from tracer experiments on each date

The magnitude of carbon uptake was much greater than that of nitrate uptake.
Across all three experimental time points where both nitrate and carbon uptake
were measured, demand for carbon was almost an order of magnitude greater on a
mass basis than nitrogen uptake (Figure 3.5, 3.7, 3.9). This imbalance in C and N
uptake is reflected in the C:N ratios of ambient uptake. We observed C:N ratios
of ambient uptake far exceeding the C:N ratio of ambient streamwater („93), with
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ratios measuring 186, 264, and 302 on 6/21, 7/19 and 7/29, respectively (Figure 3.6).
While the magnitude of the difference in uptake between C and N could be due (in
part) to the high lability of our reactive carbon tracer (acetate), it is unlikely that the
lability effect alone could account for all, or even the majority, of such a significant,
order of magnitude difference in C and N uptake and also would not influence the
strong seasonality that we observed. Carbon uptake occurred at much higher rates
than nitrate uptake, despite the higher ambient concentrations of [DOC] and the
relative lack of nitrate in this system.
3.3.3

Retention/export ratio

For the majority of the summer growing season, on a mass basis, more carbon was
retained within the first 0.5km of the headwater network than was exported (Figure
3.10a). However, the balance of carbon retention and export varied throughout the
study period. The ratio of carbon retention/export remained above 1 for the entire
summer, but peaked in mid-July, when the amount of carbon retained was almost 3
times greater than downstream export (Figure 3.10b). In contrast, nitrate retention
and export were balanced throughout the study period (Figure 3.10d), resulting
in a retention/export ratio that remained near 1 throughout the summer (Figure
3.10e). The magnitude of nitrate retention and export was also a striking 2 orders
of magnitude less than that of carbon retention and export, suggesting again that
carbon demand and uptake far exceeded nitrate demand and uptake in this relatively
low nitrate-high carbon system.

3.4 Discussion
One of the most striking results from this study is the high degree of seasonality in
C and N uptake kinetics we observed within a single stream. Although prior studies
have demonstrated seasonal variation in ambient uptake rates (Marti and Sabater,
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Figure 3.10: (a) Carbon retention and export from Stringer Creek and (b) the
ratio of retention to export. In headwater reaches, carbon retention exceeded carbon export for the majority of the study period. The ratio of carbon retention to
export increased until early July, and then declined until the end of the study period. (c) The shifting balance of export and retention led to a [TOC] time series
with strong seasonality. In contrast, (d) nitrate retention and export were closely
balanced throughout the study period, (e) leading to a nitrogen retention to export
ratio that was approximately one for the entire summer growing season. (f) Because
of the consistent balance between N export and retention, [NO3 -N] exhibited low
seasonality, only decreasing by 0.01 mg L´1 (f) - an order of magnitude less variation
than the seasonal trend in [TOC]

1996; Simon et al., 2005; Hoellein et al., 2007), they were hampered by changing
ambient concentrations, and lacked kinetic and residence time information. Our
study documented substantial changes in uptake across a range of concentrations
from ambient to saturation and a range of instream residence times. As a result,
this data can be also be used to explore potential mechanisms driving seasonality in
nutrient uptake.
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One might expect that the capacity of a stream to retain C or N over time could
be characterized by single kinetic curve that captures the response of the stream
to changing concentrations on a seasonal or annual time scale (Figure 3.11a). In
this case, as ambient concentrations change in the stream, the uptake rate would
move along its “master” kinetic curve. This type of response would suggest that
the maximum or ambient capacity to retain C or N is not changing over time, but
rather that variation in uptake is driven by equilibration of demand to available
concentration levels following Michaelis-Menten kinetics.

b) Seasonal variation in kinetic curves

July
Aug.

June

June

July

Uptake rate

Uptake rate

a) Single “master” kinetic curve

Aug.

[conc.]

[conc.]

Figure 3.11: Two different hypothetical mechanisms that could generate seasonality in uptake rates. a) Uptake in the stream is characterized by a single “master”
kinetic curve, and the system moves along that curve over time. In this scenario, the
total uptake capacity of the system is fixed over time. b) Instead of a temporally
fixed kinetic curve, the capacity of the system to take up nutrients and the kinetic
curve characterizing this uptake response changes over time

However, the capacity of the stream to retain C or N may actually change as the
community up- or down-regulates uptake or growth in response to a changing environment. In this case, one might expect the shape and magnitude of the kinetic curve
to evolve over seasonal or annual timescales (Figure 3.11b). Under this scenario, as
C or N concentrations increase during the spring snowmelt, uptake rates would in62

crease due to growth or up-regulation and then decrease as solutes are flushed out
of the system and ambient concentrations decline. At each time point, the uptake
capacity of the stream (as characterized a distinct kinetic curve) would be unique.
Our study demonstrates that the shape and magnitude of the kinetic curve that
characterizes how the stream community will respond to added nutrients can be
dynamic in time and can changes in a predictable manner over the growing season
(Figure 3.5, Figure 3.11b). Rather than traversing the same master kinetic curve
over the season or year as ambient concentrations change, the functional capacity of
the stream to retain C and N changes over time as reflected by shifts in the shape
and magnitude of the kinetic curve (Figure 3.5).
Our results demonstrate that we would have missed the dynamics of nutrient
retention in this system if we had not captured its strong seasonality in uptake
kinetics. This suggests that studies using a single measured kinetic curve (measured
at a single time point) or a curve generated from another site to extrapolate uptake
over an entire growing season or even another point in time likely cannot accurately
portray the capacity of the stream to retain nutrients. Here, had we used a single set
of kinetic parameters to estimate seasonal nutrient uptake, we would have grossly
under or over-estimated the total amount of carbon and nitrogen taken up by the
biotic community. This issue is highly pertinent for water quality modeling, since
applying a single removal rate spatially (over a river network) and temporally over
growing seasons are standard practices when modeling nutrient retention in stream
networks. We suggest that a temporally explicit approach to measuring uptake and
modeling retention must be taken, especially in highly dynamic systems.
3.4.1

Drivers of C and N Uptake

One of the initial goals of this study was to determine how C and N uptake responded
to seasonal variation in two potential drivers: substrate availability (biogeochemical)
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and residence time (hydrologic). Our results confirm that, as hypothesized, these two
basic drivers had divergent seasonal trends, with residence time increasing strongly
over the growing season while ambient concentrations of both C and N decline over
the same interval (Figure 3.4). We also find that all metrics of C and N uptake,
from ambient to saturation, decrease substantially over the summer growing season.
The divergent seasonal trends in uptake metrics and residence time do not support
hypothesis 1 (Figure 3.1), and suggest that residence time is not a primary driver of
C or N uptake in our system. Instead, all C and N uptake metrics (Figure 3.5, 3.6,
3.7, 3.9) appear to follow the same seasonal trend as ambient concentrations (Figure
3.3, 3.4), lending support to hypothesis 2 and suggesting that substrate availability
is a key control on the capacity of streams to retain and transform nutrients.
The conclusion that substrate availability is a key driver of nutrient uptake is
strengthened by several additional lines of evidence, namely the seasonal trends in
metabolism and the response of nutrient uptake to increased concentrations following the hailstorm in mid-August. Our study found a strong temporal correlation
between the seasonal trends in metabolism and C and N uptake. We found that
net ecosystem productivity and ecosystem respiration (the dominant metabolic process in our heterotrophic system) both decreased over the growing season, becoming
less heterotrophic as the growing season progressed. This seasonal decrease was also
mirrored in both C and N substrate availability and nutrient uptake. Interestingly,
there was very little seasonality in GPP, which remained consistently low throughout
the summer. The similarity between the seasonal respiration (ER) rates and uptake
rates (and the lack of similarity between the primary production rates and uptake)
perhaps suggests that carbon and nitrogen uptake is more coupled to respiration and
breakdown of organic matter than the growth or building of new biomass in the form
of primary production in an oligotrophic, heterotrophic system. This finding suggests a tight coupling between nutrient uptake, respiration, and metabolism at the
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ecosystem level, and suggests that the magnitude of metabolism may be influenced
by the availability of terrestrially-derived carbon and nitrogen.
The second line of supporting evidence that reinforces the importance of substrate availability as a driver of nutrient uptake is the response of nutrient uptake to
increased C and N concentrations following the hailstorm event. The rapid, four-fold
increase in N uptake rates (Figure 3.8) following the hailstorm on 8/13 in response
to a doubling of nitrate concentrations (and the nearly tripling of DOC concentrations) provides strong support for the hypothesis that substrate availability is a key
control on setting the magnitude of ambient and saturation level uptake rates. While
we are not able to calculate residence time metrics from the tracer experiments on
8/14, there was only a small increase in discharge (5.6 L sec´1 increase) following the
storm event, suggesting that residence time likely would not have increased enough
to explain the substantial increase in nitrogen retention. This lends support to hypothesis 2 and strengthens the importance of substrate availability in determining
the magnitude of nitrogen and carbon retention at our site.
We do not suggest that residence time is an unimportant influence on nutrient
transformation in streams. Rather, we determined that in this system, it was of
secondary influence relative to substrate availability. This is in contrast one of the
dominant paradigms in aquatic biogeochemistry that identifies residence time as the
key control on carbon transformations in stream and networks (Battin et al., 2008;
Hanley et al., 2013; Cory et al., 2014; Ågren et al., 2014; Cory et al., 2015; Kothawala
et al., 2015; Wollheim et al., 2015; Lambert et al., 2016; Raymond et al., 2016).
Instead, we suggest that it is important to consider the multiple layers of controls
that reduce the potential or maximum retention rates of in-stream communities, and
recognize that the primacy of these various drivers may shift between systems and
in response to environmental change. If seasonal trends in C and N concentrations
were to shift due to hypothetical land use change or disturbance at Tenderfoot Creek
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that alleviated substrate limitation, then perhaps residence time would be a more
influential control on stream nutrient retention at this site. However, these results do
challenge the dominant paradigm that residence time is a highly influential variable
in setting the magnitude of carbon and nitrogen transformations across systems.
A wide range of variables can influence uptake rates and the activity of the
biotic community. Therefore, it is important to recognize and consider the range of
environmental variables that could have varied over the same timescales as residence
time and substrate availability. For example, day length over the period of mid
June to late July remained relatively constant, only changing by approximately 1
hour (15-16 hours daylight) over the study period, suggesting that light availability
was likely not a driving factor of the observed seasonality in uptake rates. As the
summer progressed at this site, maximum daily temperatures increased from 5 to
15.5°C. However, if temperature were a key control, we would expect the higher
temperatures in the late season to increase growth rates and enzyme activity, thus
leading to elevated late season nutrient uptake rates. The observed seasonal decrease
in uptake rates suggests that temperature was not a key driver of this trend.
Another potential hydrologic explanation for the inverse trends observed between
uptake metrics and residence time is the likely relationship between residence time
and the thickness of the diffusive boundary layer (DBL) surrounding biofilms. The
DBL is the portion of the water column overlying the benthos that solutes must
diffuse through before reaching microbial cells (Larned et al., 2004). DBL thickness
is inversely proportional to flow velocity; higher velocities reduce DBL thickness, thus
accelerating delivery of solutes to biofilm communities (Larned et al., 2004; Ensign
and Doyle, 2006). While increases in residence time may lengthen the amount of time
that solutes are available for uptake, DBL thickness may effectively prevent these
solutes from reaching biofilms responsible for nutrient retention or limit uptake over
short experimental time scales. This could provide an explanation for why residence
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time was not positively correlated with the magnitude of nutrient uptake we observed,
and also could explain why we saw the highest magnitude of uptake when discharge
was greatest and exchange across the DBL was likely highest. We were not able
not model DBL thickness in this study, so we cannot directly assess the strength of
this potential driver for this system. However, it would important to consider the
dynamic trade-off between residence time and DBL thickness when attempting to
understand how nutrient retention could respond to future changes in flow regimes.
We acknowledge that the lability of our carbon tracer (acetate) could influence
the magnitude of our observed carbon uptake rates. Because we used a labile carbon
tracer, the carbon uptake rates we report in this study likely represent the upper
bounds of potential carbon uptake rates. The greatest over-estimation of uptake
rates would likely occur at concentrations significantly above ambient, where the
total DOC concentration was composed of proportionally more acetate than native
DOC. As such, we suggest that the maximum C uptake rates presented in this study
should be interpreted conservatively. However, we suggest that the near ambient
concentration range would be less biased by the lability of the carbon tracer, and
thus we can make ambient-level comparisons more confidently. The ambient carbon
uptake calculations that we discuss in this paper represent an extrapolation of uptake
rates back to ambient concentration levels using the Michaelis-Menten parameters
fitted to our data. The points from the tracer additions in the near-ambient concentration range that were used to fit the MM parameters would represent samples
that were a mix of the native DOC pool and the added tracer, but would have predominantly been composed of the native DOC pool and only smaller amounts of
the added tracer. Therefore these uptake rates should have been less influenced by
the lability of the tracer, thus providing more certainty in uptake rates and the MM
parameters fitted to them.
Tracer lability should have little to no impact on the observed uptake metric
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seasonality because the same carbon tracer was used across all experiments. In
addition, our estimates of retention (relative to export) were calculated based on
observed ambient concentrations over the study period and are therefore more robust
that saturation level uptake rates. However, we do suggest caution in extrapolating
these uptake kinetic observations well beyond observed concentration ranges.
3.4.2

C vs. N Limitation in Oligotrophic Systems

Most established uses of the nutrient spiraling theory have approached nutrient limitation from a singular perspective – not only have they typically focused on single
element limitation (but see Bernhardt and Likens 2002; Hall and Tank 2003; Brookshire et al. 2005; Fellows et al. 2006; Schade et al. 2011, 2016), but they have also
tended to use single metrics that reflect the magnitude of uptake to determine or
define limitation at the ecosystem level. Traditionally, when comparing two macronutrients such as nitrogen or phosphorous, the element with the shortest spiraling length
or highest uptake rate is thought to be the limiting nutrient (Newbold et al., 1981).
The slope of the relationship between concentration and Sw has also been suggested
to be an indicator of the strength of nutrient limitation, with lower slope coefficients
(i.e. flatter slopes) indicating stronger nutrient limitation (Mulholland et al., 2002;
Schade et al., 2011).
Based on this paradigm and given our results, one would conclude that this
system, despite exhibiting exceedingly low nitrate concentrations and (relatively)
higher DOC concentrations, is carbon limited. Sw´amb ´ C and the slope of Sw ´ C
are all consistently lower than the same metrics from the nitrogen tracer experiments,
and Uamb ´ C is consistently higher than Uamb ´ N across sampling dates(Figure 3.6,
Table 3.2). Even when considering the benchmark rates, the benchmark nitrogen
areal uptake rates (Figure 3.7) are nearly an order of magnitude lower than the
benchmark carbon uptake rates (Figure 3.9). The spiraling length slope coefficients
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Table 3.2: Fitted Michaelis-Menten parameters from the 3 sampling dates with both
carbon and nitrogen additions

Date

Km´C
L sec´1

6/21
7/19
7/29

12.12
6.3
4.6

Umax´C
mg m´2
min´1
169
20
13

Km´N
mg L´1
0.78
1.27
0.88

Umax´N
mg m´2
min´1
6.29
1.73
0.81

Sw´C
slope

Sw´N
slope

n/a

n/a

25.3
27.8
35.6

616.9
216.9
374.2

for carbon were 7-25 times smaller than the slope coefficients for the nitrate spiraling
lengths, suggesting much more rapid turnover of carbon in this experimental stream
reach (Table 3.2). All these metrics reflect a system in which carbon is in very
high demand, is being cycled rapidly by the biotic community, and could be limiting
growth.
The traditional spiraling approaches rely on comparisons of the magnitude of
ambient uptake as a singular metric of limitation and assume that whatever element
is being taken up at the fastest rate is limiting. This can be problematic because this
approach does not account for the stoichiometry of uptake nor for the effects that
ambient concentration has on influencing ambient uptake rates. This latter point
is particularly important to consider when comparing ambient C and N cycling,
because ambient C availability can be an order of magnitude greater than ambient N
concentrations, which can potentially lead to elevated ambient uptake rates purely
as a function of the ambient concentrations present in the system. Instead of relying
solely on the magnitude of ambient uptake rates as an indicator of limitation, we
suggest 2 additional approaches that can be used to determine a more nuanced
assessment of nutrient demand and limitation: 1) assessment of the stoichiometry of
ambient uptake rates, and 2) comparisons of the responsiveness of a system to added
nutrient.
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First, we suggest that comparison of the stoichiometry of ambient uptake and
ambient C and N pools may be another useful indicator of limitation that describes
the deviation of the system from expected stoichiometric ratios, and which may lead
to different conclusions regarding limitation than traditional approaches. Threshold
element ratios (TERs) reflect the threshold past which a system theoretically switches
from limitation by one element to another due to inadequate supply of a given
macronutrient or energy (Sterner and Elser, 2002). The C:N TER therefore would
separate energy-limited growth (C:N ratio lower than TER) from nutrient limited
growth (C:N ratio higher than the TER; Sinsabaugh et al. 2016). The most basic
C:N TER can be derived from the Redfield ratio which gives a molar threshold
ratio of 6.6, while a meta-analysis of C:N ratios of TOC and NO3 -N pools found
that across a wide range of systems, the C:N TER was between 2.2-5.2 (Redfield,
1958; Taylor and Townsend, 2010). We can compare this range in C:N TERs to
the C:N ratios of ambient streamwater at TCEF and to ambient C:N uptake. Our
results confirm that the molar C:N ratio of streamwater was 119, 81, and 118 on
our 3 the sampling dates where both C and N uptake were measured, respectively,
far exceeding the C:N TER and indicating that N is in far shorter supply than C,
suggesting that this system should be N limited. We also observed C:N uptake rate
ratios at benchmark concentrations that far exceeded any expected or theoretical
stoichiometric ratios (C:N ratios ranging from 150-390). These results suggest that
far more carbon was being consumed than nitrogen in our study reach, and suggest
that nitrogen was much more scarce than carbon and therefore may have been more
limiting to growth.
The potential N limitation in this system as suggested by the stoichiometric
comparison of C:N TERs and the C:N of the ambient streamwater is also reinforced
by examination of the Km values of C and N uptake. The half saturation constant
(Km ) represents the substrate concentration ([N] or [C]) at which the total uptake
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rate is at half its maximum rate (Umax ). We hypothesize that systems characterized
by a low Km value typically have a steeper ascending limb of their kinetic curve,
indicating that uptake rates can react quickly at low concentrations to take up added
nutrient but may have lower total maximum uptake rates (Utot ). Several studies
have used Km as a metric to describe the responsiveness of the biotic community
to elevated substrate concentrations (Covino et al., 2012; Piper et al., 2017). In our
study stream, Km ´ N was consistently several times lower than Km ´ C (Table 3.2)
suggesting that while this stream had lower total demand for nitrogen (relative to
carbon), nitrogen uptake was more responsive to added solute and responded more
rapidly at low concentrations than carbon uptake.
How can these seemingly contradictory findings (both C and N limitation) that
are dependent on the choice of metric be explained? It is clear that C uptake in this
system occurs at a much higher magnitude than N uptake, but also that in-stream
communities are experiencing environmental conditions outside the stoichiometric
ratio required for balanced growth and as such are highly responsive to added N.
Therefore, we hypothesize that the high carbon uptake we observe could be due to
high metabolic demand for carbon that is not coupled to growth. Bacterial growth
efficiency (BGE) represents the amount of new microbial biomass produced per unit
of organic carbon assimilated (del Giorgio and Cole, 1998). Several studies have documented that in highly oligotrophic systems with high C:N resource stoichiometry,
bacterial growth efficiency is inversely correlated with resource C:N stoichiometry.
BGE values for these communities have been found to be as low as 5-20% (del Giorgio and Cole, 1998; Taylor and Townsend, 2010). This suggests that demand for C
could be elevated due to high maintenance energy costs, thus not translating assimilated carbon into biomass due to N limitation. This would further suggest that in
highly oligotrophic systems with low BGE and a large fraction of uptake that does
not translate into growth, use of traditional spiraling metrics to compare potential
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macronutrient and energy limitation may be challenging or could be inappropriate.
We suggest that there could be conceptual shortcomings to relying on the language of “limitation” to discuss how carbon and macronutrients are cycled in heterotrophic streams. Because nutrient limitation is conceptually linked to growth of
new biomass, it makes comparisons and differentiation between uptake that fuels
metabolic vs. growth processes challenging. Despite this, there are many scenarios in which one would want to be able to compare the uptake of carbon to other
macronutrients to assess their relative importance in observed ecosystem dynamics
and nutrient transformation, retention and export. We suggest that one potentially
productive and fruitful approach would include development of a more nuanced conceptual framework for describing and comparing the magnitude of nutrient uptake
and the regulation of nutrient cycles in aquatic systems. In particular, we propose
using multiple metrics to describe the relative importance of a given nutrient for
regulating ecosystem function or the cycling of multiple elements in streams. Instead of relying solely on the traditional spiraling metrics that use the magnitude
of uptake to determine limitation status, we suggest comparing the metrics that
represent the magnitude of uptake (i.e., Sw´amb , Uamb , Vf ´amb , or more preferably
benchmark uptake rates) with metrics that represent the responsiveness of the system to changes in concentration (Km ) and the deviation of uptake from expected
stoichiometry (C:N ratios of ambient uptake). These all provide different perspectives of nutrient demand even within a single stream, as demonstrated by our data.
The traditional spiraling metrics that compare the total magnitude of uptake will
provide information on which element the biotic community is cycling most rapidly
and in the greatest amounts (on a mass basis), whereas the responsiveness metrics
(Km ) and stoichiometry metrics may illuminate how the responsive the system will
be to additional available nutrients and which elements are present at less than ideal
stoichiometric levels for growth. We suggest that this and other multiple metric
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approaches will be necessary to separate the effects of metabolism and growth to
compare stream element cycling more comprehensively.
3.4.3

Comparing Nutrient Retention and Export

The second objective of our study was to assess the relative influence of biological
uptake on the regulation of watershed scale solute export. Our results suggest that
both carbon and nitrate fluxes were subject to a high degree of biological control.
In-stream retention of carbon exceeded carbon export for nearly the entire study
period, which resulted in a retention/export ratio greater than 1 (Figure 3.10a).
The carbon retention/export ratio peaked in mid-July, at which point in-stream
retention was three times greater than downstream export from the system (Figure
3.10b). We hypothesize that the seasonal variation in the C retention/export ratio
reflects a shifting balance between the two potential drivers of carbon uptake –
residence time and substrate availability. In late June and early July discharge
was high, and transport rates likely limited the magnitude of carbon that could
be consumed relative to the amount being exported from the system, pushing the
ratio towards export dominance. At the end of the study period, as ambient C
and N concentrations declined in late July and early August, the system began
to become substrate limited and uptake rates again declined, thus pushing the ratio
towards balanced export and in-situ processing rates (ratio of 1). The maxima of the
carbon retention/export curve represents the point at which transport (or residence
time) and substrate availability were balanced. This shifting dominance between
export and retention was also reflected in the TOC concentration time series, which
displayed a high degree of seasonality (Figure 3.10c) and decreased approximately
one mg L´1 over the study period. This variable concentration dynamic reflects the
changing influence of watershed and in-stream processes over the growing season. As
the dominance of physical export processes weakened following the snowmelt period
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and stream loading from the terrestrial landscape decreased, in-stream processes
began to exert more influence on observed concentration dynamics, subsequently
reducing the amount of carbon and nitrogen exported from the catchment. This
suggests that carbon concentrations and export dynamics may be subject to a shifting
balance of physical and biological control.
In contrast to carbon dynamics, the nitrate time series indicated a different concentration regulation regime (Figure 3.10f). Nitrate retention and export were closely
balanced throughout the study period (Figure 3.10d), resulting in a retention/export
ratio of 1 with very little to no seasonality. Unlike the carbon concentration time
series, the nitrate concentration time series displayed nearly chemostatic behavior
(Figure 3.10e), decreasing almost an order of magnitude less than the TOC time
series over the same time period („10 µg L´1 versus „700 µg L´1 ). These results
suggest that uptake kinetics could be one mechanism to explain chemostatic behavior in some streams and rivers. As concentrations become elevated, uptake rates
would increase, effectively lowering concentrations down toward the ambient baseline. On the other end of the spectrum, as ambient concentrations decrease, uptake
rates would also decrease thus allowing ambient concentrations to move up toward
the ambient baseline. We suggest that the concentration buffering effect of nutrient uptake kinetics could lead to muted streamwater concentrations though time,
especially in systems with significant biological uptake and moderate streamwater
residence times. Chemostatic behavior has often been attributed to flow proportional mobilization of solutes from the terrestrial landscape (Godsey et al., 2009;
Basu et al., 2010), however, our results suggest that uptake kinetics may be another or additional mechanism that could explain and generate chemostatic solute
dynamics in aquatic systems.
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3.5 Conclusions
Our study was designed to (1) understand the relative influence of two potential
drivers, residence time (H1) and substrate availability (H2), on nutrient uptake in
a heterotrophic stream system, and (2) assess how influential nutrient uptake could
be in regulating solute fluxes from a headwater stream network. We determined
that the declining temporal trends in both C and N uptake mirrored the seasonal
decreases in ambient [TOC] and [NO3 -N], and were inversely related to residence
time metrics that described both advective transport and the degree of transient
storage that increased over time.
Results from this study also highlighted challenges associated with assessing nutrient limitation based upon a single metric, and instead we suggest that multiple
metrics describing different aspects of how a nutrient is cycled should be considered
when determining what element(s) limit stream productivity and function. We suggest three possibilities (1) the magnitude of ambient uptake, (2) the responsiveness of
the system to near-ambient changes in concentration, and (3) the deviation of uptake
from expected stoichiometry as a suite of potential metrics to assess limitation, and
encourage future studies to determine the utility and value of this approach for illuminating the complex interactions of nutrients at the ecosystem level, and advancing
our understanding of multi-element limitation in aquatic systems.
We documented a high degree of seasonality in C and N uptake over the 8-week
study period. Ambient uptake rates at the end of the growing season had declined
90% for nitrogen and 80% for carbon compared to rates measured in late June
(Figure 3.7 and 3.9), and maximum uptake rates declined a similar magnitude over
the same interval. This variability highlights the challenges of using single point
in time approaches or single experiments to represent seasonal values of nutrient
retention. Studies relying on snapshots of nutrient uptake risk seriously over or
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under-estimating seasonal nutrient retention if they do not capture the dynamic
seasonality or variability of uptake rates.
Lastly, we determined that the magnitude of biological C and N uptake and retention was equal to or exceeded watershed solute export throughout the study period,
thus indicating the potential for the biotic community to regulate downstream water quality in headwater stream networks. These results do not suggest a complete
dominance of biological processes for regulating water quality, but instead suggest a
two-step mechanism whereby watershed and in-stream physical processes set a baseline which biological processes can further modify, thus creating multiple layers of
physical and biological influence on downstream concentrations. We suggest that
consideration of these coupled bio-physical processes is critical for understanding observed solute dynamics in headwater streams, and for recognizing how perturbations
to either set of processes will impact water quality.
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4
Quantifying coupled C and N uptake dynamics
across contrasting heterotrophic stream networks

4.1 Introduction
Elements moving through Earth’s critical zone are inherently coupled through suites
of biological, chemical, and physical mechanisms that transform and transport elements in concert. Two of the most important biogeochemical cycles for life, the carbon and nitrogen cycles, are inherently linked through the metabolism and growth
of biological communities. Carbon and nitrogen are the building blocks of life for
organisms ranging from single celled bacterium to mammals. Because carbon and
nitrogen fuel growth and metabolic processes, unbalanced or excess amounts of C
and N can have significant impacts on water quality and climate. Excess nitrogen
runoff from agriculture, urban development, and land use change more broadly has
led to a wide range of pervasive and serious impacts on aquatic ecosystem health
(Vitousek et al., 1997; Rabalais, 2002; Evans et al., 2005). Carbon emissions from
these same aquatic systems have been shown to be significant for local and global
carbon budgets (Battin et al., 2008; Butman and Raymond, 2011; Argerich et al.,
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2016), with many lakes, streams, and rivers being hotspots for exogenous carbon
fluxes from the terrestrial landscape to the atmosphere (Johnson et al., 2008; Abril
et al., 2014) as well as endogenously produced CO2 (Crawford et al., 2014; Hotchkiss
et al., 2015). Therefore, understanding how these two biogeochemical cycles interact
in aquatic systems and the mechanisms that drive their coupled dynamics is a critically important for understanding basic ecosystem function and the potential water
quality implications of global change.
In recent years, the role of coupled biogeochemical cycles as both a root cause
and a potential solution for many environmental issues has gained recognition (Finzi
et al., 2011) and spurred a wealth of new research on coupled biogeochemical cycles.
In most studies, biogeochemical cycles are considered coupled if the behavior of
one element can be explained by the behavior of another (Schlesinger et al., 2011).
Examples of coupled dynamics cover a broad range of elements and ecosystem types
(Bernhardt and Likens, 2002; Brookshire et al., 2005; Burgin et al., 2011; Howarth
et al., 2011; Townsend et al., 2011; Lutz et al., 2011; Rodrı́guez-Cardona et al., 2015).
While the definition of coupled biogeochemical cycles is (in theory) rigorous and
provides the opportunity for quantitative measurements of coupling, in practice its
usage tends to be primarily descriptive and used in a fairly broad manner. Under
this paradigm, two elemental cycles are typically described as coupled or not coupled
(Dodds et al., 2004; Brookshire et al., 2005; Schade et al., 2011; Rodrı́guez-Cardona
et al., 2015). Some studies add a modifier of “tightly” or “loosely” coupled, but
this designation is usually not specific nor quantitative. The lack of precision in
terms allows the same concept to be applied across a range of mechanisms that may
generate coupled behavior. Partially because of the lack of standard terms, and
more likely due to the paucity of quantitative metrics of coupling, spatio-temporal
comparisons of coupled dynamics and comparisons of coupling mechanisms between
different element pairs remains challenging.
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There have been several proposed modifications to the definition of coupling that
could provide more clarity in terms of the describing or categorizing the mechanisms underlying coupled dynamics. For example, Burgin et al. Burgin et al. (2011)
outlined some of the implications of assimilatory and dissimilatory coupling mechanisms for coupled carbon and nitrogen cycling. They highlighted the possibility for
both direct coupling of elemental cycles through the metabolic activity of a single
organism, and indirect coupling through syntrophic interactions between microbial
communities living and metabolizing in close spatial proximity (Burgin et al., 2011).
A recent study by Appling and Heffernan Appling and Heffernan (2014) used a modeling approach to provide a rigorous examination of the circumstances under which
coupled dynamics arise in ecosystems and their implications on solute dynamics at
the ecosystem scale. These distinctions provide important process-based hypotheses
about the different mechanisms of coupling and predictions for how coupled dynamics will manifest at the ecosystem level, but do not provide quantitative approaches
to assessing coupled dynamics in-situ.
Discussions of coupled biogeochemical cycles inherently draw upon the theory of
ecological stoichiometry, and the wealth of studies that have advanced our understanding of how organisms both respond to and shape the stoichiometry of nutrients
in the environment. The principal underlying ecological stoichiometry is that organismal biomass has specific elemental compositions. In order to grow and create more
biomass, organisms must take up elements in proportion to the ratio required to produce those different biomass components (Sterner and Elser, 2002; Appling and Heffernan, 2014). This leads to organisms taking nutrients up from the environment in
accordance to (somewhat) fixed stoichiometric ratios, and in doing so coupling their
elemental cycles (Sterner and Elser, 2002). Despite these stoichiometric demands
imposed by consumers, the availability of nutrients will vary spatio-temporally, and
as such growth will become limited by whatever element is in the shortest supply
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(Liebig, 1840). In this way, limitation and the stoichiometry of growth result in
coupled biogeochemical cycles at the ecosystem level.
This theory has been shown to be extremely robust and has been successfully
applied to a diverse array of organisms in many different ecosystem types (Sterner
and Elser, 2002; Tank and Dodds, 2003; Taylor and Townsend, 2010; Harpole et al.,
2011; Schade et al., 2011; Sinsabaugh et al., 2016). It has primarily been applied to
C, N and P cycling (del Giorgio and Cole, 1998; Elser et al., 2007), and is inherently
rooted in the idea of growth processes as the main driver of biogeochemical dynamics. Many studies in this field use growth rate as the measured response variable
that may change as a function of resource stoichiometry (Elser et al., 2007; Harpole
et al., 2011). This is a tractable variable to measure at the individual or population
level, which is the level of organization at which much ecological stoichiometry research has been conducted. In contrast, at the community or ecosystem level, the
measured response variable in studies of limitation is often uptake rate, a process
which is inherently linked and related to growth, but not synonymous with it (Piper
et al., 2017). We can conceptually connect growth and uptake by assuming that
uptake during short-term experiments is correlated to future biomass growth, however these processes are distinct. Flexibility in the stoichiometric ratios of uptake
can deviate from expected theoretical growth ratios, making application of traditional stoichiometry theory to questions of ecosystem level limitation challenging,
especially since most stream studies are measuring uptake (not growth).
This issue is compounded by the fact that in a wide range of systems growth occurs at very low rates and low growth rate efficiencies (del Giorgio and Cole, 1998),
where metabolism that is not directly tied to growth processes dominates. These
tend to be heterotrophic systems, which are found across the globe and have significant impacts on global C budgets (Duarte and Prairie, 2005). In these cases, using
concepts of ecological stoichiometry and stoichiometric ratios of C and N uptake to
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understand potential limitation by energy and macronutrients becomes challenging,
because heterotrophic organisms need not be homeostatic with respect to carbon
(i.e. energy uptake). In fact, the C:N ratio of uptake will indeed exceed traditional
threshold element ratios (Sterner and Elser, 2002) as a way to cope with oligotrophic
conditions or low resource quality (high C:N ratio substrates). This creates challenges for using traditional ecological stoichiometry theories to interpret C:N ratios
in the environment or of uptake or assess limitation status at the ecosystem level.
Co-limitation is one important subset of the coupled biogeochemical cycles literature that has potential for adaptation and application at the ecosystem level. Unlike
the lack of specificity that the broader field has experienced in recent years, the body
of research and theory surrounding widely observed co-limitation (particularly by N
and P) has been more descriptive about mechanisms that lead to co-limitation, and
stringent about defining and categorizing these mechanisms (Harpole et al., 2011).
Generally, two types of mechanisms can lead to co-limitation. Ecosystems can be
simultaneously limited by 2 elements and the addition of both (in some set stoichiometric ratio) is required for growth/response. Or, ecosystems can be independently
limited by two different elements, and can respond proportionally to individual addition of each element or synergistically to the simultaneous addition of both elements.
When two elements interact synergistically, the resulting rate or behavior is greater
than the sum of the individual parts, or behaves in super-additive manner (Harpole
et al., 2011). This has the potential to create non-linear behavior in ecosystem solute
dynamics that would not be predicted from a single-element or even a simultaneous
co-limitation perspective.
Definitions of co-limitation and the subsequent predictions for uptake and growth
at the ecosystem scale have been infrequently applied to energy and macronutrient
cycling (but see Hall and Tank 2003; Brookshire et al. 2005; Fellows et al. 2006;
Roberts and Mulholland 2007; Johnson et al. 2009; Lutz et al. 2011; Kominoski
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et al. 2015; Rosemond et al. 2015), particularly in heterotrophic systems where the
availability of carbon (i.e. energy) is likely to set limits on growth and metabolism.
While application of co-limitation theories in these systems presents an opportunity
for new understanding of coupled dynamics in this widespread ecosystem type, it
also presents a new set of challenges.
In order to move our understanding of coupled dynamics forward, new quantitative assessments of coupled dynamics and more broadly applicable qualitative
concepts that are suited to understanding co-limitation and coupled dynamics of
energy and macronutrient cycling are needed. We propose that streams provide
an ideal laboratory in which to apply and test new ideas about co-limitation and
coupled energy and macronutrient cycling. Streams can exhibit high demand for
nutrients (Peterson et al., 2001), and field methods exist to measure integrated,
whole-ecosystem scale uptake rates (Workshop, 1990; Covino et al., 2010b; Piper
et al., 2017). Streams are often oligotrophic and heterotrophic (Duarte and Prairie,
2005), suggesting that carbon and nitrogen availability is critical to metabolism and
growth processes. We propose that recently developed whole-stream, dual element
TASCC additions provide one tool to begin addressing co-limitation in a quantitative, experimental framework (Piper et al., 2017). This method uses time-lagged
solute additions of multiple nutrients to create temporal variation in resource stoichiometry within in a single experiment, and measure how uptake changes as a
function on these changing stoichiometric ratios.
This approach allows us to move past binary distinctions of systems as coupled or
not coupled. It can further allow us to compare the magnitude of coupled dynamics
and identify what environmental conditions promote coupled dynamics or modulate
the strength of coupling. To this end, we address fundamental questions related to
coupled biogeochemical cycles through a paired watershed approach that also allows
us to explore how variation in the physical environment (specifically differences in
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streamwater nutrient concentration regimes) influences system level nutrient uptake
and coupling. We compare the uptake regimes of two headwater streams that varied
in the extent of their carbon source area, and subsequently their aquatic carbon
concentrations. Using these two study sites, we investigated C and N cycling and
their coupling by addressing the following questions:
Q1: How does the ambient streamwater carbon regime structure individualnutrient (C or N) demand/uptake?
Q2: How are nutrient demand and metabolic processes related?
Q3: How does the degree or mechanism of C/N coupling vary in stream
systems with different carbon regimes? Does the strength of C/N coupling vary in response to persistent differences in ambient carbon (i.e.
energy) availability?

4.2 Methods
4.2.1

Site Description

We conducted this study in the Tenderfoot Creek Experimental Forest (TCEF), located in central Montana (Figure 4.1). TCEF has been the site of ongoing hydrologic
and biogeochemical research for over a decade (Seybold and McGlynn, 2016), and
provides a data-rich laboratory in which to test hypotheses about carbon and nitrogen cycling in headwater streams. This study utilized a paired catchment approach
and focused on 2 sub-catchments of Tenderfoot Creek: Stringer Creek (ST) and
Spring Park Creek (SPC) (Figure 4.1).
Stringer Creek and Spring Park Creek are two adjacent, first-order stream networks (Figure 4.1). The Stringer Creek watershed integrates a 555 ha watershed,
while Spring Park Creek integrates a 400 ha watershed (Pacific et al., 2010). Average annual precipitation is 840mm, of which approximately 70% of falls as snow
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Figure 4.1: Map of Stringer Creek (left) and Spring Park Creek (right), two subwatersheds located in the Tenderfoot Creek Experimental Forest (TCEF, inset top
right). In-stream monitoring stations (red triangles) were located at 2 sites in the
headwaters, as well as at the watershed outlet flumes (blue circles). Stringer Creek
and Spring Park Creek have similar watershed areas and aspect, but differ in the
extent of riparian area (shown in green). Riparian area (as delineated by a 3m elevation above creek threshold) in Stringer Creek is „3% of the total watershed area,
while Spring Park has „2 times more riparian area (6% of the total watershed area).
Riparian extent shown on this map is exaggerated for visual effect by using a 10m
elevation above creek threshold for delineating riparian area; this riparian delineation
corresponds with 5% riparian area in ST and 13% riparian area in SPC.
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in both watersheds. Peak discharge occurs as the snowpack melts between late May
and early June (Figure 4.2) (Jencso et al., 2010; Nippgen et al., 2011). Following the
snowmelt period, streamflow diminishes throughout the remainder of the summer
until seasonal baseflow conditions are reached in late summer (Figure 4.2). Stringer
Creek and Spring Park Creek are both characterized by a southwest-facing aspect,
similar amounts of snowmelt, and subsequently similar magnitudes of streamflow
(Figure 4.2).
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Figure 4.2: Time series of continuous DOC concentrations (solid lines), NO3-N
concentrations from grab samples (filled circles) and the fitted seasonal trend in
NO3 -N (dotted lines). Blue shades indicate DOC and NO3 -N data from Spring
Park, and red shades denote DOC and NO3 -N data for Stringer Creek. Discharge
from both sites is shown in dark grey (Stringer) and light grey (Spring Park). C
and N data shown here are from the post-snowmelt, baseflow recession period of the
hydrograph.

The most prominent difference between these two sites is substantial variation in
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riparian/wet-meadow extent. Stringer Creek has a narrow riparian corridor stretching along the stream channel that comprises approximately 3% of the total watershed
area (Figure 4.1). In contrast, Spring Park Creek is characterized by a more extensive
riparian/wet-meadow complex at its headwaters, which doubles the riparian extent at
this site to approximately 6% of the total watershed area (Figure 4.1) (Pacific et al.,
2010). This extensive wetland complex remains more hydrologically connected to the
stream throughout the summer growing season, and acts as a significant source area
for terrestrially-derived solutes like dissolved organic carbon (DOC) (Pacific et al.,
2010). Throughout the summer, DOC concentrations in Spring Park Creek are 1-2
mg L´1 higher than in Stringer Creek (Figure 4.2).
The differences in carbon source areas and subsequent DOC concentrations between Stringer Creek and Spring Park Creek do not extend to other key macronutrients like nitrate (NO3 -N). Nitrate concentrations are very low in both watersheds
throughout the summer growing season, but do show modest seasonal declines as the
system recedes into baseflow (Figure 4.2). The seasonal variability (approximately
10 µg L´1 ) is quite modest when compared to the 1-2 mg L´1 decrease observed in
DOC concentrations.
4.2.2

Data Collection

We completed an intensive four-month field campaign in these 2 watersheds during
the summer of 2013. From early May through late August, we monitored water
chemistry parameters and performed experimental solute additions at these two sites
across the snowmelt and baseflow recession periods. For the scope of this paper, we
focus on an approximately 2.5 month period from early June through mid-August
that represents the primary growing season at TCEF (45-75 days) in the terrestrial
and aquatic ecosystems at TCEF (Mincemoyer and Birdsall, 2006).
In each of these watersheds, we installed a network of in-stream monitoring sta86

tions, consisting of 2 stations in the headwater reaches and one at the watershed
outlet. The 2 headwater stations were used to bracket a focal study reach that
started immediately downstream of the first point of perennial flow and terminated
approximately 500m downstream (Figure 4.1). The station at the watershed outlet
was used to provide assessment of watershed scale fluxes and integrated signals of
biological processes at the network scale.
At each site, we installed a suite of in-situ sensors to measure a wide range of
water quality parameters. These included dissolved oxygen (DO, Campbell Scientific CS511-L), electrical conductance (EC) and temperature (Campbell Scientific
CS547A), fluorescent dissolved organic matter (fDOM, Turner Cyclops 7), chlorophyll A (Turner Cyclops 7), turbidity (Turner Cyclops 7), and carbon dioxide (CO2 ,
Vaisala GMT 220 sensors). At the watershed outlet of Stringer Creek, we deployed a
Satlantic Specific UV Nitrate Absorbance (SUNA) sensor to collect continuous time
series of NO3 -N at the watershed outlet scale.
Each sensor was programmed to take a measurement every 15 minutes, creating
a high temporal resolution data set of solute dynamics at these sites. Sensors were
cleaned and manually checked for fouling every 2-3 days, and visible fouling was never
observed on the sensors. The lack of fouling influence was confirmed by no changes
in the optical measurements immediately following cleaning. Sensor calibration was
checked and recalibrated as necessary every 1-2 weeks.
A continuous record of discharge was obtained for the 4 headwater stations
by monitoring streamwater stage continuously using a capacitance rod (TruTrac
WT-VO, +/- 1mm resolution), and then relating this water height data to manual measurements of discharge measured on a sub-weekly timescale using dilution
gauging methods (Kilpatrick and Cobb, 1985; Covino et al., 2011). This observed
stage:discharge relationship was used to calculate continuous stream discharge at all
headwater sites. We also conducted mass recovery experiments over the 500m focal
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reach to determine gross gains and losses of groundwater from/to the groundwater
system in addition to the net change in discharge occurring over the stream reach
(Covino and McGlynn, 2007; Payn et al., 2009; Covino et al., 2011). Continuous
time series of discharge at the watershed outlets of Stringer and Spring Park were
generated by monitoring streamwater stage measurements using capacitance rods
(TruTrac WT-VO, +/- 1mm resolution) co-located in Forest Service H-flumes, and
then converting stage to discharge using the flume geometry.
We collected grab samples of streamwater on weekly to sub-weekly time scales to
supplement and confirm our continuous in-situ stream solute time series. We used
the measured DOC concentrations from grab samples to generate a relationship
between DOC concentrations and the co-located fDOM measurements, which we
used to convert the continuous time series of fDOM into DOC concentrations.
Samples were collected in opaque amber HDPE bottles and filtered using 0.45
µm polyetherene sulfonate (PES) filters (Whatman Puradisc 25mm syringe filters).
Cations and anions (NO3 -N, Cl´ , etc.) were filtered and refrigerated during transport, and frozen until analysis at Duke University using ion chromatography (Dionex
ICS 2000 with eluent generator and AS40 autosampler, anion column AS18, Sunnyvale, CA). DOC samples were filtered and acidified to a pH of 1-2 using 6 N HCl
acid, and kept refrigerated („4°C) during transport until analysis at Duke University
using a Schimadzu total organic carbon (TOC-V) analyzer (Shimadzu TOC-V CPH
Total Organic Carbon Analyzer with ASI-V autosampler, Kyoto, Japan). For the
remainder of this study, when we present DOC and NO3 -N concentrations, they are
referring to concentrations of DOC-C (mg C L´1 ) and NO3 -N (µg N L´1 ).
4.2.3

Single Element TASCC additions

Measuring nutrient uptake has traditionally been done using steady-state plateau enrichment experiments that estimate a set of uptake metrics that correspond with a
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single enrichment concentration (Workshop, 1990). In contrast, the Tracer Addition
for Spiraling Curve Characterization (TASCC) method uses the range of concentrations observed in the stream over the course of a tracer breakthrough curve to
estimate a suite of uptake metrics from ambient to saturating concentrations, and
then uses these corresponding concentrations and uptake rates to fit a MichaelisMenten enzyme kinetics model (most common) to the uptake data (Covino et al.,
2010b).
In both Stringer Creek and Spring Park Creek, we conducted TASCC experiments
at 3 time points over the summer growing season using KNO3 as a reactive tracer
and NaCl as a conservative tracer to estimate nitrate uptake. Following the nitrate
addition experiment, we conducted an identical tracer test to measure carbon uptake
rates using potassium acetate (CH3 CO2 K) as the reactive tracer. We conducted
these tracer experiments over the 500m focal headwater reaches described earlier in
this section. Solutes were dissolved in buckets and injected instantaneously above
stream features that promoted mixing (e.g. small riffles, head drops). Immediately
prior to the TASCC additions, we conducted dilution gauging over a short reach
(approximately 35m) at the head and the base of the focal reach to quantify upstream
and downstream discharge during the TASCC experiments.
We continuously monitored streamwater electrical conductivity (specific conductance) at the head and the base of the reaches during the TASCC injections. We
used the real-time conductivity data to help ensure that grab samples, which were
collected at the base of the reach, were spaced to cover the entire breakthrough curve,
ensuring coverage of the full range of concentrations.
The TASCC method quantifies the uptake of added tracer (i.e. Uadd ), which when
summed with ambient uptake (i.e. Uamb ) represents the total uptake rate of a given
solute (i.e. Utot ). We used the methods outlined in Covino et al. 2010 to calculate
the dynamic (or added) uptake rate (denoted with the subscript “add-dyn”). For
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each grab sample collected along the solute breakthrough curve, we calculated the
longitudinal uptake rate (k ), the spiraling length (Sw ), the uptake rate (U ), and
the uptake velocity (Vf ). The longitudinal uptake rate (kadd´dyn ) was calculated by
plotting the ratio of reactive to conservative solute (i.e. N:Cl ratio) in the injectate
and in each sample against stream distance, and then calculating the slope between
each pair of points (injectate vs. each individual grab sample). Equations (4.1),
(4.2), and (4.3) are used to calculate Sw´add´dyn , Uadd´dyn , and Vf ´add´dyn , where Q is
discharge (L3 T´1 ), [N O3 ´ Nadd´dyn ] is the geometric mean of observed (background
corrected) and conservative tracer concentrations (Equation (4.4); see Covino et al.
2010b for more details), and w is stream width (m).

Sw´add´dyn “

Uadd´dyn

kadd´dyn

“
Q ˚ N O3 ´ Nadd´dyn s
“
Sw´add´dyn ˚ w

Vf ´add´dyn “ “

“

1

N O3 ´ Nadd´dyn s “

Uadd´dyn
N O3 ´ Nadd´dyn s

b“
“
N O3 ´ Nobs s ˚ N O3 ´ Ncons s

(4.1)

(4.2)

(4.3)

(4.4)

We then used the added dynamic uptake rates to estimate the ambient spiraling rates. We estimated the ambient spiraling length (Sw´amb ) by plotting the
added dynamic uptake rates (Sw´add´dyn ) against total dynamic nitrate concentrations ([N O3 ´ Ntot´dyn ], Equation (4.5)), and fitting these points with a linear regression. The y-intercept of this regression represents the ambient spiraling length
(Sw´amb ). Sw´amb was then used to estimate Uamb and Vf ´amb using Equations (4.6)
and (4.7).
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b“
“
`“
“
N O3 ´ Ntot´dyn s “
N O3 ´ Ntot´obs s ˚ N O3 ´ Ncons s ` N O3 ´ Namb sq (4.5)

Uamb

“
Q ˚ N O3 ´ Namb s
“
Sw´amb ˚ w

Vf ´amb “ “

Uamb
N O3 ´ Namb s

(4.6)

(4.7)

Lastly, we combined the estimated ambient areal uptake rates and velocities
(Equations (4.6) and (4.7)) with the added dynamic rates and velocities (Equation
(4.2) and (4.3)) to determine the total areal uptake rate (Utot ) and total uptake
velocity (Vf ´tot ).
We used the total areal uptake rate (Utot ) data to parameterize 3 common models
used to fit enzyme kinetic data: linear, efficiency loss, and Michaelis-Menten models.
We used the R2 of the model fit to select the model that best fit the data. Across
all our experiments the Michaelis-Menten model performed best. This allowed us to
estimate the maximum uptake rate (Umax ) and half saturation concentration (Km )
parameters for each of our tracer tests using Equation (5.15).

“
Umax ˚ Ss
“
U“
Km ` Ss

(4.8)

We used the fitted parameters from the Michaelis-Menten models to calculate
total areal uptake at a set of benchmark concentrations that represented the range
of observed ambient concentrations at each site. These “benchmark concentrations”
were 10, 25, and 50 µg L´1 for NO3 -N, and 1.5, 3, and 5 mg L´1 for DOC. We used
these benchmark uptake rates to compare near-ambient uptake at our sites across
the growing season. We chose this benchmark approach over using the traditional
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ambient metrics because the ambient uptake rate calculations are sensitive to the
ambient concentration at the time the experiment occurs (Equation (4.6)). The
benchmark approach allows us to standardize the concentration across time points
and compare the magnitude of uptake more accurately across time and space.
4.2.4

Dual element TASCC injections

Single element TASCC injections represent a step forward in our understanding of
stream uptake dynamics because they allow us to assess how uptake changes as
a function of stream concentration. However, the original TASCC method focuses
exclusively on estimating how the uptake rate of a given nutrient changes in response
to varying concentrations (e.g. how N uptake rates change as N concentrations vary)
while the availability of all other nutrients remain fixed/constant (Piper et al., 2017).
However, this single element framework does not acknowledge the fact that solutes
can be loaded from the terrestrial landscape and cycled in concert with other elements
or independently in stream ecosystems. In order to assess how uptake rates of C
or N change in response to variable C and N concentrations, we used the recently
developed dual-injection TASCC method proposed by Piper et al. Piper et al. (2017).
Following the single element TASCC additions, we conducted a dual element
TASCC addition that consisted of time-lagged nutrient additions of C and N (along
with conservative tracers NaCl and KBr, respectively). The exact number of minutes
needed to offset the two breakthrough curves varied depending on discharge and
travel time in the reach, but the time lag was approximately set to half the time to
peak concentration at the downstream end of the reach as observed in the previous
(single element) tracer test (Piper et al., 2017). This time-lagged set of injections
creates a zone of overlap between the two tracers with variable stoichiometric ratios
of C and N that can be used to quantify interactions and synergies between C and
N uptake.
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During the course of the dual element TASCC injection, we followed the same
monitoring and sampling protocol as was described for the single element TASCC
injections. We analyzed the data from the dual element TASCC experiments in
two ways: first, using the single element equations (Equations 4.1-4.7) presented
previously, and then second using a dual nutrient model of uptake. When using
the original TASCC equations, the uptake rates for each nutrient (C and N) were
based only on the concentration of that same nutrient (i.e. Utot ´ C did not include
NO3 -N concentrations). This provided a 2D method to assess how uptake rates of a
given nutrient (e.g. Utot ´ N ) changed over the course of the dual injection only as
a function of one concentration (e.g. NO3 -N).
In order to directly assess how the availability of a secondary nutrient influenced
uptake rates of a primary nutrient, we needed to incorporate a third dimension into
our uptake rate models. To do this, we used a model of uptake as a function of
2 changing concentrations presented in Piper et al. (2017) to fit our data. This
model is based on the Monod equation (Megee et al., 1972) that originally described
growth as a function of two limiting nutrients. As it is adapted now, it incorporates
the influence of two nutrients (e.g. C and N) on the uptake rate of a primary nutrient
(e.g. Utot ´ C) (Equation (4.9)).

U “ Umax´X ˚

CC
CN
˚
Km´N ` CN Km´C ` CC

(4.9)

Using the uptake rates and concentrations from the dual injection and Equation
(4.9), we fit a 3D uptake response surface to our data that described C or N uptake rate of a given nutrient as function of changing C and N concentrations. We
conducted our surface fitting in Matlab (MATLAB R2016a, The MathWorks Inc.,
Natick, MA, 2016) by iteratively solving for the parameter values that minimized the
root mean squared error, or the sum of the squared differences, between observed
93

and predicted uptake rate values.
To assess how ambient level uptake changed during the dual injection as a function
of changing C and N availability, we used the same benchmark uptake rate approach
described for the single element tracer tests. For each dual tracer experiment, we
used the fitted parameters from Equation (4.9) and the same range of benchmark
concentrations (10, 25, and 50 µg L´1 for NO3 -N, and 1.5, 3, and 5 mg L´1 for DOC)
to calculate benchmark uptake from the dual tracer experiments. We calculated
simple percent increase or decrease metrics to assess how benchmark uptake changed
during the dual element tracer experiments relative to the single element experiments.
4.2.5

C:N stoichiometry analyses

We calculated C:N ratios of benchmark uptake by converting the areal uptake rates
in mass terms (mg m´2 min´1 ) into molar equivalents, and then creating a ratio of
carbon uptake to nitrate uptake. We calculated the C:N ratios for the benchmark
uptake rates from the single and dual element tracer experiments, and then calculated
basic percent increase or decrease metrics to assess how the C:N ratio evolved as a
function of changing benchmark C and N uptake during the dual element tracer
experiments.
4.2.6

Stoichiometric equifinality in uptake regimes

We examined the range and combination of nutrient concentrations that could lead
to maximal and ambient uptake rates to ascertain the degree of stoichiometric equifinality possible in observed uptake. This allowed us to determine whether the combinations of C and N concentrations that can generate maximum or ambient uptake
rates were unique, or whether the same rates could be achieved by a number of
different concentration combinations.
Using the fitted parameters from Equation (4.9) that we determined for each
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tracer experiment, we calculated theoretical uptake rates for all combinations of C
and N concentrations from ambient to saturation. We then compared this dataset
of theoretical uptake rates to the maximum uptake rate parameter for each element
(Umax ´ C and Umax ´ N ), and determined whether the theoretical uptake rate
generated from that unique combination of C and N concentrations was within 5%
of the maximum uptake rate. If it was, then we highlighted that combination of
concentrations, and the resulting theoretical uptake rate, with grey shading on the
projected uptake response surface (described above).
We conducted the same of analysis using ambient level uptake rates instead of
maximum uptake rates. In the case of ambient level uptake, we highlighted combinations of C and N concentrations that generated uptake rates up to 5% greater
than the medium benchmark uptake rate (which corresponded with 3 mg L´1 DOC
and 25 µg L´1 NO3 -N). Combinations of C and N concentrations that satisfied this
test were highlighted in light blue (on the carbon response surface) and light red (on
the nitrate response surface).

4.3 Results
4.3.1

Seasonal trends in ambient carbon and nitrogen concentrations and ecosystem
metabolism

Concentrations of DOC and NO3 -N decreased throughout the study period as streamflow decreased (Figure 4.2) and connectivity with terrestrial pools of C and N diminished as described in Pacific et al. Pacific et al. (2010). Throughout the study
period, Spring Park consistently exhibited higher DOC concentrations than Stringer
Creek, validating the experimental set up of our cross-site comparison and the status of Spring Park as our “high carbon” watershed. Over the study period, DOC
concentrations decreased from 2.4 to 1.25 mg L´1 in Stringer Creek, and from 3.25
to 2 mg L´1 in Spring Park. We also observed strong diel variability in DOC con95

centrations in both watersheds, although the magnitude of diel variation was small
(<0.1-0.2 mg L´1 per day) relative to the seasonal variability (Figure 4.2).
NO3 -N concentrations were much lower and far less variable over seasonal time
scales than DOC. In both Spring Park and Stringer, NO3 -N concentrations only
decreased by approximately 10 µg L´1 N over the entire study period. This is nearly
an order of magnitude less variability than we observed in the DOC time series. We
stress that although the seasonal NO3 -N trends from ST and SPC are plotted as
distinct seasonal trajectories, at any given time point the NO3 -N concentrations in
the two watersheds were within a few µg L´1 N of each other. As such, we consider
both watersheds to be “low N” systems with functionally the same magnitude of
available nitrate.
We observed higher (i.e. more negative) rates of ecosystem respiration (ER) and
net ecosystem productivity (NEP) in Spring Park (the high carbon watershed) than
in Stringer Creek (the low carbon watershed) (Figure 4.3). In both watersheds, NEP
was at its maximum state of net heterotrophy following the snowmelt period, and the
strength of that heterotrophy decreased throughout the summer. NEP in Stringer
briefly became net autotrophic for a short period at the end of July and into the
beginning of August, while Spring Park remained in a solidly heterotrophic state for
the entire study period. It is important to point out that the variability in NEP over
the study period was driven primarily by changes in the magnitude in ecosystem
respiration (ER) rates, which decreased over the summer. Gross primary production
(GPP) remained remarkably stable throughout the study period, and was also very
consistent across the two sites (Figure 4.3).
4.3.2

Single element tracers C and N uptake from ambient to saturation

We observed strong seasonal variation in C and N uptake rates across a range of
concentrations from ambient through saturation in both our high and low carbon
96

2

g O2 m -2 day -1

0
-2

-6

-10
06/25

SPC NEP
SPC ER
SPC GPP

07/08

07/22

Date

ST NEP
ST ER
ST GPP

08/05

Figure 4.3: Seasonal trends in areal rates of gross primary production (GPP, green),
ecosystem respiration (ER, red), and net ecosystem productivity (NEP, blue). Darker
shades and circles indicate the metabolism time series from Spring Park Creek, while
lighter shades and squares refer to the time series from Stringer Creek. Negative
values of NEP indicate a net heterotrophic state, while positive rates indicate net
autotrophy. Tracer tests for both C and N were conducted on dates indicated with
the dashed vertical grey lines.

watersheds. In both Spring Park and Stringer Creek, maximum carbon and nitrogen uptake decreased over the study period (Figure 4.4 and 4.5). Maximum and
benchmark carbon uptake rates tended to be higher in Spring Park (the high carbon watershed) than Stringer Creek (the low carbon watershed), but the strength
of this difference diminished over the study period (Figure 4.4 and 4.6). By the
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end of July, maximum carbon uptake rates in Stringer Creek were marginally higher
than those measured in Spring Park (Figure 4.4). This trend was confirmed by the
benchmark uptake rate analysis, which demonstrated the same seasonal trend of
decreasing uptake rates across both sites, and which also highlighted the elevated
benchmark C uptake rates in Spring Park relative to Stringer Creek from June into
mid-July (Figure 4.6).
The trends for nitrate uptake were similar, but more subtle, than the spatial
and temporal differences in carbon uptake. The temporal differences in areal nitrate
uptake rates between any two sampling dates were less pronounced than for carbon
(Figure 4.5), although we did observe the same trend of decreasing maximum nitrate
uptake rates in both Stringer and Spring Park. Nitrate benchmark uptake rates in
Spring Park were generally higher than those in Stringer (Figure 4.7), although the
differences were not as large and were not always statistically significant (i.e. the
fitted 95% confidence intervals overlapped).
Overall, we did see differences in the magnitude of maximum and ambient nitrate
uptake rates between the high and low carbon systems, with Spring Park (the high
carbon system) exhibiting higher rates of N uptake than Stringer Creek (the low
carbon system). However these N comparisons resulted in smaller differences in N
uptake rates between Stringer and Spring Park than was observed for C uptake rates.
4.3.3

Dual element tracers Variation in C and N uptake in response to changing
resource stoichiometry

The response surfaces describing uptake varied strongly between elements (C vs. N),
between sites (ST vs. SPC), and across time points (mid July vs. late July). First
we consider the influence of added nitrogen on carbon uptake in both watersheds,
and then discuss the influence of added carbon on nitrate uptake.
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Figure 4.4: Total areal carbon uptake rate (Utot ) plotted versus the geometric
mean of total carbon concentrations. Ambient concentrations for each tracer test
are marked by the vertical dashed lines. Michaelis-Menten model fits and 95% confidence intervals for each tracer experiment are shown with solid and dashed lines,
respectively. Warm colors represent the tracer experiments in Spring Park, and cool
colors indicate the tracer experiments in Stringer Creek. The model fits for each
tracer experiments were based off 14-20 individual samples, not all of these samples
are shown within the x axis limits of this figure.

Influence of added N availability on C uptake
In Spring Park, the high carbon watershed, added nitrate did not stimulate any
additional carbon uptake (Figure 4.8a). This is demonstrated by the flat uptake
response surface showing the same level of C uptake across a wide range of nitrate
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Figure 4.5: Total areal nitrate uptake rate (Utot ) versus the geometric mean of total
nitrate concentrations. Ambient concentrations for each tracer test are marked by
the vertical dashed lines. Michaelis-Menten model fits and 95% confidence intervals
for each tracer experiment are shown with solid and dashed lines, respectively.
concentrations from ambient up to several mg L´1 of nitrate. In contrast, in Stringer
Creek (the low carbon watershed), carbon uptake did respond to increased nitrate
availability (Figure 4.8b). The points representing grab samples from the dual tracers
(Figure 4.8, red circles) populate a higher elevation on the response surface than the
points from the single element tracer tests (Figure 4.8, yellow circles). However
the increase in C uptake in response to added N occurred in a threshold manner,
where C uptake was insensitive to the magnitude of added nitrate and any amount
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Figure 4.6: Total areal carbon uptake rates at benchmark concentrations of 1.5, 3,
and 5 mg L´1 . Benchmark uptake rates and 95% confidence intervals were calculated
using the fitted Michaelis-Menten parameters and 95% confidence intervals of those
parameter estimates from tracer experiments on each date.
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Figure 4.7: Total areal nitrate uptake rates at benchmark concentrations of 10, 25,
and 50 µg L´1 . Benchmark uptake rates and 95% confidence intervals were calculated
using the fitted Michaelis-Menten parameters and 95% confidence intervals of those
parameter estimates from tracer experiments on each date.
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of additional nitrate (i.e. 0.1 mg L´1 or 1 mg L´1 ) enhanced or stimulated carbon
uptake to the same elevated rate. This is demonstrated by the constant surface
elevation in the y-axis direction (NO3 -N concentration) in excess of the ambient
nitrate concentration range (Figure 4.8b).
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Figure 4.8: Uptake response surfaces describing areal carbon uptake rates (z axis)
as a function of changing carbon and nitrate concentrations (x and y axes). Points
on the surface represent grab samples from the tracer experiments. Samples from
the single element tracers are shown in yellow, while points from the dual tracers
(where both C and N concentrations were variable) are shown in red. For any given
combination of TOC and NO3 -N concentrations, the height of the surface represents
the areal carbon uptake rate (Utot ´C), while the color ramp denotes the areal nitrate
uptake rate (Utot ´ N ) at that same point on the surface.
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In both watersheds, the general shape of the uptake response surface remained
fixed for the two sampling dates, but the overall magnitude of the uptake rates (in
the case of Stringer Creek) decreased substantially in the late July sampling point
(Figure 4.8c and 4.8d). Despite the diminished uptake rates in late July, the same
threshold behavior in C uptake rates in response to added nitrate is visible (Figure
4.8d).
Influence of added C availability on N uptake
In contrast to the results observed in the carbon response surfaces, nitrate uptake
rates in both Stringer and Spring Park were stimulated by the availability of additional C inputs. In both systems, increasing the amount of additional C available
to consumers resulted in elevated nitrate uptake (Figure 4.9a-d). This stimulation
occurred in a more proportional manner than was observed for the carbon response
surfaces in Stringer Creek (which were characterized by threshold-like behavior). For
the nitrate response surfaces, the maximum nitrate uptake rate was achieved when
both C and N concentrations were maximized. In other words, the degree of stimulation in N uptake was sensitive to the magnitude of added C in both the low and
high carbon system.
The uptake response surfaces from both watersheds experienced the same temporal decrease in maximum N uptake rates between the mid July (Figure 4.9a and
4.9b) and late July sampling points (Figure 4.9c and 4.9d) that was observed in the
carbon response surfaces.
4.3.4

Influence of dual nutrient availability on benchmark uptake and C:N ratios of
uptake

For sites and nutrients where a stimulation effect occurred during the dual element
tracer tests (ST C and N uptake, and SPC N uptake), we used the fitted dual
element kinetic equation (Equation (4.9)) to estimate benchmark uptake in the dual
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Figure 4.9: Uptake response surfaces describing areal nitrate uptake rates (z axis)
as a function of changing carbon and nitrate concentrations (x and y axes). Samples
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experiments and then compared this with the benchmark uptake rates from the
single element tracer tests. Because the fitted parameters from the dual equation
represent the influence of added C or N substrate on N and C uptake, respectively,
the benchmark uptake rates calculated with these parameters reflect the effect that
elevated levels of C and N would have on ambient level uptake of a given nutrient.
Understanding the effect of variable C:N stoichiometry on ambient level uptake allows
us to better characterize how uptake processes respond to small changes in both
concentration and stoichiometry in the near ambient range.
In Stringer Creek, benchmark uptake rates for both nitrate and carbon increased
substantially in the dual experiments (Figure 4.10a and 4.10c). The percentage values
noted on the top of the dual experiment bars represent the percent that benchmark
uptake rates increased during the dual tracer tests relative to the single element
tracer tests. When comparing the stimulation effect for C vs. N within a given
experimental time point (e.g. ST 7/18-19 vs. ST 7/29-30, vertical comparison), the
greatest increases in benchmark uptake rates occurred for N (when stimulated by
additional C inputs). For a given element and site, when comparing across time
points (e.g. N in ST 7/18-19 vs. N in ST 7/29-30), the greatest stimulation of
benchmark uptake rates by elevated dual nutrient availability occurred in the late
July time point, when ambient C and N concentrations were at their lowest (Figure
4.10a and 4.10c).
In Spring Park, benchmark nitrate uptake was stimulated during the dual tracer
experiments, however to a lesser magnitude than was observed in Stringer Creek
(Figure 4.10a and 4.10b), as the percent increase values for both experimental time
points in Spring Park were lower than those describing the response in Stringer
Creek. We did not assess the degree of stimulation of in carbon uptake in SPC
because carbon uptake at this site was not influenced by elevated levels of N (Figure
4.9c and 4.9d).
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Figure 4.10: Carbon and nitrate benchmark uptake rates from the single (solid
bars) and dual (hatched bars) tracer experiments in Stringer Creek (panel a, c)
and Spring Park Creek (panel b). The percent values written above the dual bars
represent the percent that the benchmark uptake rate increased during the dual
experiment when C and N concentrations were elevated.

The changes in benchmark C and N uptake observed during the dual tracer experiments led to changes in the C:N ratio of benchmark uptake during the dual tracer
experiments (relative to the single element tracer experiments) (Figure 4.11). In
both Stringer and Spring Park, we observed decreases in the C:N ratio of benchmark
uptake during the dual tracer experiments.
In Stringer Creek, the decrease in the C:N ratio of benchmark uptake was due to
changes (specifically increases) in both benchmark C and N uptake. The fact that the
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Figure 4.11: Molar C:N ratios of benchmark uptake in Stringer Creek (a) and
Spring Park (b). [C and N] low pairs the lowest benchmark uptake concentration
and the corresponding benchmark uptake rate for both carbon and nitrate to calculate a C:N ratio of uptake. The C: N ratios of benchmark uptake from the single
experiments are shown as solid bars, while the dual experiments are shown in hatched
bars. The percent values written above the dual experiment bars represents the percent that the C:N ratio decreased during the dual tracer experiments. The Redfield
Ratio (106:16) is shown as a solid line for reference to indicate that the C:N ratio of
benchmark uptake far exceeds any theoretical stoichiometry for growth.

C:N ratio decreased in response to a stimulation effect for both C and N suggests that
N uptake was stimulated to a greater degree than C uptake, which led to a decreasing
C:N ratio of uptake during the dual tracer experiments (Figure 4.11a). In contrast,
in Spring Park, the decreases in the C:N ratio of benchmark uptake during the
dual tracer experiment were driven solely by increasing benchmark N uptake during
the dual tracer experiments (Figure 4.11b), since benchmark C uptake remained
constant in response to added N (Figure 4.8). To quantify the magnitude that the
C:N ratio changed, we calculated the percent that the C:N ratio decreased during
the dual tracer tests relative to the single element tracer tests. When comparing
between Stringer and Spring Park within a given experimental time point (e.g. ST
7/19 vs. SPC 7/17 or ST 7/29 vs. SPC 7/31, horizontal comparison), the larger
percent decrease in C:N ratios in Stringer Creek suggest that the stimulation effect
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was greatest in the low carbon watershed (Figure 4.11).
Although the total magnitude of C and N uptake decreased over the summer
growing season, the data suggest that there was a tradeoff in both watersheds between
total uptake and sensitivity to added nutrients. Although total uptake was lowest
at the July 29-31 sampling date (Figure 4.8-4.9), the relative sensitivity of both
systems to added nutrients was highest during this late summer time point. In
both Stringer and Spring Park Creek watersheds, the greatest percent increase in
benchmark uptake (Figure 4.10) and the greatest percent decrease in the C:N ratio
of benchmark uptake (Figure 4.11) in response to elevated dual substrate availability
occurred during the late season experimental time points (late July), suggesting that
the stimulation effect was greatest when ambient concentrations were lowest.
4.3.5

Seasonal changes in metabolic rates

The decrease in C and N uptake rates over that 2-week time interval from mid to
late July coincided with significant changes in measured metabolism dynamics. In
Stringer Creek (the low carbon watershed), the decrease in C and N uptake rates
and the increase in the stimulation effects of dual nutrient availability occurred while
NEP was transitioning from net heterotrophic to net autotrophic (Figure 4.3). This
corresponded with a 133% increase in NEP rates over that time interval (i.e. NEP
became less heterotrophic/negative), a 64% increase in ER rates (i.e. ER became less
heterotrophic/negative), and a 37% decrease in GPP (Table 4.1). This suggests that
as both carbon consumption and primary production rates were collapsing towards
the end of the summer growing season, the capacity of the community to take up C
and N decreased.
We observed similar changes in the magnitude of metabolic processes in Spring
Park, although not to the same extent as was observed in Stringer Creek. In Spring
Park, NEP and ER increased (i.e. became less heterotrophic/negative) by 18 and
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Table 4.1: Percent change (% change) in metabolic rates from mid July to late July
sampling points. Positive values indicate a % increase, and negative values indicate
a % decrease.

% change in NEP
% change in GPP
% change in ER

Stringer
133.4
-36.7
64.6

Spring Park
17.7
-23.6
18.4

19%, respectively (Table 4.1). At the same time, GPP decreased by roughly 23%.
4.3.6

Stoichiometric equifinality in uptake regimes

We found a greater degree of stoichiometric equifinality in carbon uptake than nitrate
uptake in both Stringer Creek and Spring Park Creek. On the carbon response
surface, the maximum rates of uptake (shaded in dark grey) can be achieved at high
carbon concentrations in combination with a wide range of nitrate concentrations
(Figure 4.12a). In contrast, for nitrate uptake, maximum rates of uptake can only
be achieved by combining a narrower range of C and N concentrations (Figure 4.12b).
The inverse is true when considering ambient-level benchmark uptake. There is
a greater degree of stoichiometric equifinality in the combinations of concentrations
that will lead to ambient level nitrate uptake than carbon uptake. The same rate of
carbon uptake could be achieved at a wide range of N concentrations but a smaller
range of C concentrations (Figure 4.12a, shaded in light blue). For nitrate, we
observe a different structure to the combinations of concentrations that generate
ambient level uptake. Ambient level N uptake rates could be generated across a
wide range of C and N concentrations from combinations of either high N and
low C concentrations, or low N and high C concentrations. Because ambient level
nitrate uptake rates can be achieved at across a broad range of low-high C and N
concentrations, there is more stoichiometric equifinality for nitrate than carbon when
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Figure 4.12: Carbon (panel a) and nitrogen (panel b) response surfaces with regions of maximum and ambient uptake shaded. Dark grey shaded regions indicate
combinations of concentrations that could lead to maximum uptake rates (as set by
the fitted Um ax parameter). Regions shaded in light blue (panel a, carbon response
figure) and light red (panel b, nitrogen response surface) indicate combinations of
concentrations that can generate ambient level uptake rates.

considering ambient level uptake.

4.4 Discussion
4.4.1

Role of ambient concentration regime in shaping coupled dynamics

The results of this study suggest that the ambient carbon regime of the system is
an important variable in structuring the uptake response for single nutrients (C or
N) and in determining the strength of coupled C/N dynamics. In the high carbon
watershed, we observed high demand for C and N independently but less consistent
evidence of coupled dynamics, while in the low carbon watershed we observed lower
demand for C and N independently and more support for coupled C-N dynamics.
In Spring Park Creek, the high carbon watershed, we observed elevated (more
heterotrophic) rates of net ecosystem productivity and ecosystem respiration (Figure
4.3) in response to higher carbon availability, as well as higher rates of single element
carbon and nitrogen uptake across a range of ambient to saturation concentrations
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(Figures 4.4-4.7). We also observed distinct coupled C-N dynamics at this high
carbon availability site. The dual nutrient uptake response surfaces at this site
were characterized by unidirectional coupling behavior, where additional C had a
stimulating effect on N uptake (Figure 4.9), but added N did not stimulate additional
C uptake (Figure 4.8).
In contrast, in Stringer Creek, the low carbon system, we observed lower total
uptake rates for both C and N (Figure 4.4-4.7) in response to lower ambient carbon
availability (Figure 4.2) and metabolism rates (Figure 4.3). Despite the lower rates
of uptake, we found that this site was characterized by more even or symmetric
C-N coupling response, where both C and N uptake were stimulated by elevated
levels of the other nutrient (Figure 4.8 and 4.9). Although both C and N uptake
were stimulated during the dual nutrient tracer experiments, the subsequent uptake
response surfaces for C and N were distinctly different. Carbon uptake (at the low
carbon site) displayed threshold behavior in response to elevated levels of N (Figure
4.8), while N uptake was characterized by a more proportional or gradual uptake
response surface (Figure 4.9).
The observation that the C-N cycles appeared more evenly coupled in the low
carbon system was reinforced by analysis of the benchmark uptake rates (Figure 4.10)
and C:N ratios of benchmark uptake (Figure 4.11). Our results demonstrated that
Stringer Creek (the low carbon system) showed the greatest increases in benchmark
C and N uptake during the dual tracer experiments. Further, the C:N ratio of
benchmark uptake during the dual additions responded more strongly in the low
carbon system. This suggests that ambient level uptake of both C and N was more
strongly affected by elevated levels of a secondary nutrient in Stringer Creek (the
low carbon system) relative to Spring Park (the high carbon system).
Overall, these results suggest that the strength of coupled dynamics may be
modulated by the nutrient regime of a system. In our comparative study, the most
111

oligotrophic site (low C and low N) displayed stronger and more consistent coupled
biogeochemical dynamics. We hypothesize that more oligotrophic systems may display more tightly coupled biogeochemical cycles more broadly, which we will continue
to discuss in more detail in the next section.
The temporal differences we observed between the dual tracer experiments in
mid July and late July also support this hypothesis (above). The effect of the dual
nutrient tracer experiments was greatest at the late July time point when ambient
C and N concentrations were at their lowest. In both Stringer and Spring Park, the
greatest increases in benchmark uptake and the largest decreases in the C:N ratio of
benchmark uptake were observed in late July. This suggests that the level of nutrient
availability could explain spatial trends in the strength of coupled dynamics across
watersheds, but may also explain temporal variation in the magnitude of coupled
dynamics at a single site over time.
4.4.2

Metabolism rates as drivers of temporal trends in uptake and C/N coupling

Metabolism has been established as an important coupling point between carbon and
nitrogen cycles in aquatic systems and several studies have shown that metabolism
rates (GPP and ER) can explain variability in N uptake or retention rates (Fellows
et al., 2006; Hall and Tank, 2003; Roberts and Mulholland, 2007). Our results affirm
the role of metabolism as a key coupling point between C/N cycles, but also suggest
that temporal changes in metabolic rates may be able to explain the magnitude and
strength of coupled C and N dynamics.
Between our two experimental time points (mid July and late July), we observed
strong decreases in the magnitude of C and N uptake individually (Figure 4.4 and
4.5) as well as substantial decreases in the elevation of the uptake response surfaces
(Figure 4.8 and 4.9) that represent the magnitude of the synergistic responses of C
and N uptake. The elevation and slope of the uptake response surfaces for both C
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and N decreased substantially (Figure 4.8 and 4.9), suggesting that the magnitude
of the stimulation or synergism in response to elevated substrate availability was
diminished (i.e. less increase in N uptake rate per additional unit of added C or N).
These changes in uptake were coincident with important changes in the metabolic
regime of both Stringer and Spring Park. In both watersheds, respiration rates
increased (i.e. became less negative/heterotrophic) and primary production rates
decreased over this time period. The greatest increase in respiration rates (i.e. reduction in heterotrophy) occurred in Stringer Creek, where NEP actually briefly
(and temporarily) transitioned from net heterotrophic to net autorophic at the end
of July.
We hypothesize that observed decreases in respiration and primary production
rates were the primary driver of the temporal changes in C and N uptake rates and
coupling. As carbon consumption and primary production rates collapsed at the end
of the summer growing season, the capacity of the community to take up C and N
decreased. This led to decreases in the elevation of the uptake response surfaces and
the magnitude of synergistic effects between C and N. This dual kinetic framework
allowed us to identify how changing metabolic rates influenced both carbon and
nitrogen uptake and their coupled dynamics.
4.4.3

Assessing C-N co-limitation status across ambient carbon regimes

Co-limitation is the strongest form of coupled dynamics that a system can exhibit.
The findings from our study provide an opportunity to not only explore the mechanisms of coupled C and N cycling, but also the co-limitation status of the system by
energy and macronutrients.
While the co-limitation literature typically focuses their response metrics on increases in growth rate, several recent studies have provided metrics for assessing
co-limitation at the ecosystem level based upon changes in uptake rates. Appling
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and Heffernan Appling and Heffernan (2014) suggest that an increase in uptake of
nutrient A in response to a pulsed addition of nutrient B will only occur if nutrient
B is limiting, and vice versa. Under this paradigm, any increase in both C and N
uptake during the dual tracer injection suggests that the system is co-limited by
both nutrients. When using uptake response surfaces to assess co-limitation, the
surfaces for both elements should show bi-directional, and synergistic or stimulatory
responses of similar or equal magnitudes (Piper et al., 2017).
With these metrics in mind, we found strong differences in the co-limitation status
of our two study systems. Stringer Creek, the low carbon site, showed consistent signs
of co-limitation by carbon and nitrogen. The uptake response surfaces highlighted
that the uptake of both nutrients were stimulated by elevated concentrations of the
secondary nutrient, suggesting synergistic uptake responses when availability of both
nutrients was highest.
In a meta-analysis of studies assessing N and P co-limitation across primary producer communities, Harpole et al. Harpole et al. (2011) found that the likelihood of
co-limitation did not vary systematically by ecosystem type, but that simultaneous
or independent co-limitation was more common in studies with lower total N and
P. The hypothesis that co-limitation may be more prevalent in low nutrient communities builds off foundational studies that predicted greater single-element nutrient
limitation in low nutrient environments (Chapin et al., 1986). Harpole et al. Harpole
et al. (2011) also found that single element limitation was found more frequently in
systems with higher levels of N and P.
The results from our study reflect the idea that co-limitation may be more commonly found in low nutrient environments. In systems where all resources are in
equally short supply, multiple resources will limit organismal growth and respiration.
In Stringer Creek, where both C and N concentrations were low, community growth
and respiration is limited by both the amount of available energy and macronutrients
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(N).
Interestingly, Spring Park Creek (the high carbon system) did not show signs
of co-limitation by C and N. Instead our results suggest that it was single-element
limited by carbon. This was a surprising result given the higher ambient carbon
availability in this system. This may support the findings from the Harpole et al.
meta-analysis that found single-element N or P limitation in systems with higher N
and P availability. However, it begs the question of how or why the system is limited
by carbon when DOC concentrations are higher than other streams at TCEF. We
hypothesize two potential mechanisms that could explain carbon limitation in a high
carbon environment.
The first hypothesis is that carbon lability not carbon availability is limiting
the biological community in Spring Park. Studies conducted in both terrestrial and
aquatic ecosystems have identified carbon lability as an important control on respiration rates (Hobbie et al., 2000; Farjalla et al., 2009). Several studies by Berggren
et al. Berggren et al. (2007, 2009) found that bacterial communities had higher respiration rates when provided with more labile DOC substrates and also identified
systematic variation in carbon lability between forest and wetland sources, such that
higher bacterial production was higher when DOC export from forests dominated
(Berggren et al., 2009). Wetland DOC is often thought to be more recalcitrant and
a lower quality carbon source than DOC from forested uplands, which is though
to be fresher and more labile (Berggren et al., 2007; Agren et al., 2008; Berggren
et al., 2009). Although carbon concentrations in Spring Park were higher than in
Stringer Creek, a large fraction of that wetland-derived DOC pool may not have been
bioavailable, thus leading to potential carbon limitation by the biological community.
The second hypothesis that could explain the apparent carbon limitation in the
high carbon catchment could be a fertilization effect. In response to higher carbon
availability, the biological community in Spring Park could grow larger and become
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more metabolically active, and as such would have higher carbon demands that
could lead to carbon limitation despite high ambient availability. A similar “fertilization effect” was observed by two studies in Montana (McNamara, 2010; Covino
et al., 2012) in response to nitrogen loading from residential and urban development.
Streams with the highest N concentrations had the highest N uptake rates, and the
lowest ambient spiraling metrics, suggesting potential N limitation. This hypothesis
would suggest that the history of elevated carbon availability in Spring Park may
have shaped the current community structure and/or size and primed them to be
more limited by carbon due to their elevated metabolic demands.
The two hypotheses outlined above are not mutually exclusive, and the combined
action of these two mechanisms may be the cause of the carbon limitation that we
observed in Spring Park. It is clear that further work should elucidate the multiple
mechanisms that can lead to limitation despite high nutrient availability. It is also
important to note that although Spring Park was not co-limited by C and N, it did
display a form of coupled behavior because N uptake was stimulated by additional
C availability. The use of uptake response surfaces to assess changing uptake as a
function of variable resource stoichiometry provides a useful method for assessing
coupled dynamics in the absence of strict co-limitation.
These results also highlight the importance of using empirically derived uptake
rates to determine limitation status of a site, rather than using ambient streamwater
stoichiometric ratios to infer limitation status. If we had used this latter traditional
approach, we could have come to the conclusion that Spring Park would be less
carbon limited (relative to Stringer Creek) because of its high ambient C availability.
These experimental methods not only provide a framework to test for the presence
of co-limitation in aquatic systems, but also provide a unique opportunity to compare the magnitude of co-limitation quantitatively. In Stringer Creek, we measured
the largest percent increases in benchmark concentration N uptake during the dual
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experiments, and lower percent increases in benchmark C uptake (Figure 4.10). This
suggests that while the system was co-limited by both C and N, it was more sensitive
to the effects of added C, thus perhaps indicating that it was more limited by carbon
(relative to nitrogen). This exemplifies how these methods can allow assessment of
whether systems are characterized by fully balanced co-limitation, or whether they
are more sensitive and therefore more limited by one element specifically.
4.4.4

Stoichiometric equifinality in uptake regimes

We propose that the experimental approaches used in this study can provide new
process-based understanding of coupled dynamics and co-limitation in aquatic systems. But it is equally important to understand the net impact of these uptake
processes on water quality, and use this new understanding of coupled C and N cycles to assess how these two distinct stream communities will respond to potential
perturbations in solute loading from disturbances like land use change.
Exploring the degree of stoichiometric equifinality in uptake regimes is one approach to understanding how sensitive these systems are to variation in streamwater
chemistry. In Stringer Creek (the low carbon system with the most evidence for
co-limitation), we found a high degree of stoichiometric equifinality in the maximum
carbon uptake rates, suggesting that the same carbon removal rate can be achieved
at a wide range of nitrate concentrations (Figure 4.12a). This suggests that if nitrate concentrations became elevated in our stream, small increases in N availability
would initially lead to substantial increases in the rate of carbon removal, but also
that further increases in N availability would not lead to additional stimulation of
carbon uptake past the maximum rate. In contrast, for maximum nitrate uptake
rates we found lower degrees of stoichiometric equifinality. Maximum N uptake rates
only occurred within a narrower range of C and N concentrations (Figure 4.12b).
We found the greatest stoichiometric equifinality in maximum C uptake rates,
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but we found that when focusing on ambient uptake we found a higher degree of
stoichiometric equifinality in nitrogen uptake. The same rate of ambient uptake
can be achieved across a wide range of C and N concentrations. Benchmark N
uptake levels can be achieved by either low C/high N or high C/low N concentration
regimes (Figure 4.12b). This suggests that the stream community has the ability to
maintain a constant rate of nitrogen uptake in response to variation in streamwater
C and N concentrations, and thus effectively buffer N concentrations in response to
a range of solute loading conditions. This could be important for understanding how
these streams would respond to changes in the amount of terrestrially-derived solute
runoff. If future land-use change increases the amount of C and N entering the stream
network, these results suggest that the biological community will be more effective
at buffering N concentrations than C concentrations in the near ambient range.
4.4.5

Metrics for describing and categorizing coupled biogeochemical cycles

In order to analyze our results and interpret the uptake response surfaces from the
dual tracer tests, we sought meaningful metrics to compare the surfaces. The response surfaces that we present in this paper incorporate a range of uptake responses,
making it challenging to describe the differences and interpret their meaning without
a new conceptual framework. Therefore, we propose four metrics that we used to
characterize our uptake response surfaces that we think can help guide our discussion of coupled biogeochemical cycles more broadly. We present these metrics as a
framework for describing different aspects of coupled dynamics, and propose that
differences in these metrics between systems (or between experimental time points)
may arise from functional differences in community structure and biogeochemical
function.
Metric 1 Synergism Does the magnitude of the uptake rate of element A increase
when availability of element B is enhanced?
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Metric 2 Symmetry Are both element A and B influenced in the same direction,
and to the same degree (i.e. the magnitude of change)?
Metric 3 Structure Do the response surfaces for element A and B have the same
or distinct structures (e.g. threshold vs. proportional change)?
Metric 4 Direction Is the coupling unidirectional or bidirectional (i.e. is the system
single element limited or co-limited)?
We suggest that a system can be described as “tightly” coupled when their uptake response surfaces are synergistic, symmetric, bidirectional, and proportional in
response variable resource stoichiometry.
We use 2 sets of response surfaces from Stringer Creek and Spring Park to illustrate the use of these different metrics for describing coupled dynamics (Figure 4.13).
Spring Park is characterized by unidirectional coupling, where N uptake responds
synergistically in response to changing C concentrations, but not vice versa. The
structure of the N uptake response surface is characterized by proportional change,
but the carbon uptake response surface is flat and does not show any sensitivity in
uptake to changing N concentrations. In contrast, Stringer Creek shows evidence of
bidirectional coupling (i.e. co-limitation) where C and N both behave synergistically
in response to elevated levels of the secondary nutrient. However the response of C
and N cycling is not symmetric, with N being more sensitive to added C than vice
versa. The two uptake response surfaces show distinct structures, with the carbon
uptake response surface displaying threshold-like behavior in contrast to the more
proportional change in the nitrate uptake response surface. These metrics demonstrate that C and N cycling is more tightly coupled in Stringer Creek, our low carbon
watershed.
We suggest that these metrics are a useful starting point for moving past the
binary distinction of a system as coupled or not coupled, and advancing towards
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Figure 4.13: Conceptual figure summarizing the differences in C and N coupling in
Spring Park Creek (left, high carbon system) and Stringer Creek (right, low carbon
system). The C and N response surfaces for the two sites are compared in terms
of the 4 proposed metrics of coupling: structure, direction of coupling, synergism,
and symmetry. Metrics highlighted in blue suggest strong coupling, while metrics
highlighted in red suggest weak or no coupling. The metrics describing C and N cycling in Stringer Creek (highlighted primarily in blue) suggest more strongly coupled
dynamics than in Spring Park (more varied metrics).
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characterizing coupled dynamics in more meaningful ways. We propose these metrics
as a first attempt at describing the meaningful differences in the uptake response
surfaces that we observed between elements and across sites. We encourage tests of
the utility of these metrics for more fully describing coupled dynamics, and work to
identify other descriptive or qualitative and quantitative metrics to describe these
processes. In addition to developing and testing metrics, it is critically important
to pair these more robust descriptions of coupled dynamics with functional, processbased understanding of the community structure or biogeochemical responses that
generate these diverse coupled dynamics.

4.5 Conclusions
We sought to explore coupled carbon and nitrogen cycling across two contrasting
catchments using novel methods that allow us to compare the magnitude of coupled dynamics across sites, and to identify what environmental conditions promote
coupled dynamics or modulate the strength of coupling. Specifically, we sought to
1) assess how ambient streamwater carbon concentrations structured individual element uptake rates, 2) determine whether or how metabolism and nutrient demand
were related at our sites, and 3) explore how the degree or strength of C/N coupling
varied in response to persistent differences in carbon availability.
Our results clearly demonstrate that the ambient carbon regime of a system is an
important variable in structuring the uptake response of single nutrients and also for
determining the strength and magnitude of coupled dynamics. We found that the
elevated ambient streamwater carbon availability led to higher independent nutrient
uptake (C and N alone), and that both C and N uptake rates decreased over the
summer as ambient C and N concentrations declined (Q1).
We observed simultaneous seasonal decreases in ecosystem respiration rates and
C/N uptake rates, and we demonstrated that changes in metabolism rates from mid
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to late July may have been an important driver of the decrease in C/N coupling
during that time period (Q2).
Finally, we found consistent evidence of tightly coupled C and N cycles and colimitation by energy and macronutrients (N) in the low carbon system. In contrast,
we found evidence for single element C limitation in our high carbon system and
more loosely coupled C and N cycles (Q3).
We also demonstrated the utility of novel field methods for more quantitatively
assessing coupled dynamics of energy and macronutrient cycling, and lastly we proposed a new set of qualitative metrics that can be used to more accurately and
meaningfully compare and contrast coupled dynamics across spatial and temporal
scales.
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5
The influence of watershed morphology on
bio-physical drivers of carbon dynamics in
headwater stream networks

5.1 Introduction
Streams and rivers have long been identified as important locations for nitrogen and
phosphorous cycling and retention (Mulholland et al., 2008; Seitzinger et al., 2002;
Reddy et al., 1999), and in recent years the influence of aquatic processes on the global
carbon (C) cycle has been emphasized by numerous studies (Cole et al., 2007; Battin
et al., 2009; Raymond et al., 2013; Aufdenkampe et al., 2011). Aquatic ecosystems
can be “control points” of CO2 flux to the atmosphere (Butman and Raymond,
2011; Bernhardt et al., 2017), conduits for autochthonous and allochthonous DOC
transport to downstream waters (Raymond et al. 2016), locations for sedimentation
and organic matter sequestration (Cole et al., 2007; Battin et al., 2009), and sites for
internal processing of terrestrial carbon (Battin et al., 2009; Hotchkiss et al., 2015).
Despite a growing understanding and quantification of the physical carbon fluxes
(downstream C transport, CO2 evasion) from aquatic systems, the extent to which
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biological communities in stream networks influence the partitioning of these fluxes
remains unknown.
Aquatic systems receive large subsidies of dissolved organic carbon (DOC) from
the surrounding landscape. Temporal variability in aquatic DOC concentrations on
seasonal and event time scales can be driven by hydrologic connectivity between carbon source areas in the landscape and the stream network (Pacific et al., 2010). Horizontal variation/expansion of the stream network into carbon-rich variable source
areas (McGlynn and McDonnell, 2003; Pacific et al., 2010; Laudon et al., 2004; Bishop
et al., 2004) together with vertical variation in flowpath depth (Hornberger et al.,
1994; Boyer et al., 1997; Hood et al., 2006; Pacific et al., 2010; Bishop et al., 1994) can
mobilize DOC from terrestrial and riparian soils and create variation in DOC concentrations over the storm event or snowmelt hydrograph (Hornberger et al., 1994;
Boyer et al., 1997; Hood et al., 2006).
Once terrestrially derived DOC enters stream ecosystems, the relative influence of
biological processes for mediating the magnitude of DOC flux or the quality of DOC
transported downstream is still debated. Some studies suggest that DOC is primarily
transported through stream networks with little in-situ processing (Kothawala et al.,
2015; Raymond and Saiers, 2010; Raymond et al., 2016) and that variability in DOC
concentrations is largely driven by hydrologic transport mechanisms (Ågren et al.,
2014; Tiwari et al., 2014; Laudon et al., 2011). This perspective is balanced by
a more ecologically-focused view of energy cycling in streams that highlights the
prominent role of biological communities in mediating carbon dynamics through
metabolism and respiration (Fisher and Likens, 1973; Mulholland et al., 2001; Cole
and Caraco, 2001; Duarte and Prairie, 2005; Roberts and Mulholland, 2007; Battin
et al., 2008). The metabolic activity of biotic communities is the key link between
organic and inorganic carbon fluxes from aquatic systems, and thus it is critically
important to understand how biological processes can shape horizontal (downstream
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DOC transport) and vertical (CO2 evasion) fluxes.
CO2 evaded from streams has two possible sources. Terrestrial oxidation of organic matter can produce CO2 that is transported via lateral groundwater fluxes
into the stream network, where it can be evaded locally or kilometers away from
its source. Or, CO2 evaded from streams can be produced in-situ as a product of
DOM oxidation within the stream network. Aquatic oxidation can be fueled by autochthonous primary production generated within the system, or terrestrial DOM
transported via lateral hydrologic fluxes into the aquatic environment (Cole et al.
2007).
Whether the majority of CO2 evaded from stream networks is produced in the
aquatic environment, or produced in the terrestrial environment and outgassed in
stream and rivers, remains an area of active debate and research. Richey et al.
Richey et al. (2002) estimated that 80% of CO2 evaded from streams in the Amazon
Basin was of terrestrial origin and that 75% of the terrestrial CO2 fraction originated
from DOM oxidation during hydrologic transit, suggesting a high degree of in-channel
processing and transformation. In contrast, other studies from the Amazon basin
identified CO2 produced in deep soil (Johnson et al., 2008) and wetland respiration
(Abril et al., 2014) and transported laterally to the river network as major sources
of CO2 evaded from the Amazon River. Studies from more northern latitudes also
suggest mixed controls on CO2 emissions, with hydrologic transport of terrestrial CO2
and aquatic respiration both contributing to CO2 (and CH4 ) evasion from stream
networks (Crawford et al., 2014).
A more recent analysis of ecosystem respiration and CO2 evasion across streams of
varying sizes in the US identified the importance of network position and stream size
as potential mediators of the relative influence of metabolic processes on CO2 fluxes.
They found the largest terrestrial CO2 fluxes in small streams, but also the highest
amount of internal CO2 production in small streams (Hotchkiss et al., 2015). The
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study highlighted that the balance of physical transport (evasion) of terrestrial CO2
and in-situ DOM processing and CO2 production will vary spatially across a river
network. Hotchkiss et al. Hotchkiss et al. (2015) predicted that streams will shift
from physical flux dominance to internal processing dominance as river size increases,
but this has not been tested within and across systems with variable carbon cycle
dynamics. It is clear that biological processes can influence the magnitude of CO2
fluxes and the partitioning of carbon from organic to inorganic forms (Battin et al.,
2008), but a systematic understanding of when, where, and how much biological
processes matter for mediating inorganic and organic carbon export from catchments
is still lacking.
Additionally, much of the research on biological drivers of CO2 evasion or DOC
fluxes has utilized the longitudinal framework of river networks exemplified by the
River Continuum Concept (Vannote et al., 1980). Much of this research has hypothesized that carbon cycling or the balance of carbon fluxes will vary across reaches in
different network positions. While valuable, it does not explicitly explore the influence of local-scale variables that may more strongly drive carbon dynamics within
and between river networks. Differences in the configuration of source areas within
a catchment, and subsequently differences in carbon availability (e.g. bulk concentration and substrate lability) could lead to substantial variability in carbon demand
and utilization across a river network or between contrasting catchments irrespective
of network position. These variables may not change in a consistent longitudinal
manner, and as such could complicate the simpler view of network position as a key
control over the balance of physical and biological carbon fluxes.
Much of the contemporary aquatic carbon cycle research has been conducted in
large rivers and lakes, which are often point sources of large fluxes of CO2 to the
atmosphere and large fluxes of organic carbon to estuaries and the coastal ocean
(Tank et al., 2012; Mcclelland et al., 2016; Bianchi, 2011). Although much smaller
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in size, headwater systems may be equally important for carbon cycle dynamics
and deserve further investigation. Headwater streams cover the largest fraction of
river drainage network length (Nadeau and Rains, 2007) and most of the upland
landscape drains into low order streams. As such, they are the first point of contact
between the terrestrial and aquatic environments, and (relative to their size) receive
disproportionally large solute loads from the surrounding landscape. In response
to this nutrient availability and also as a function of the channel geometry of small
streams (e.g. high surface to volume ratio), headwater systems have been identified as
zones of high nutrient and organic matter retention and removal (Alexander et al.,
2000; Peterson et al., 2001). Headwater streams also typically experience a high
degree of seasonality in flow state, streamwater chemistry, and channel length and can
expand further into the terrestrial landscape during wet periods of the year (Acuna
et al. 2014; Godsey and Kirchner 2014; Zimmer and McGlynn in review ). These and
other factors combine to create biogeochemically reactive and spatially widespread
landscape feature that may exert an important influence on carbon dynamics at
regional and global scales. Despite this, spatio-temporally distributed studies of
physical and biological carbon fluxes in headwater stream catchments have not been
conducted widely to date.
To address this need, we investigated carbon fluxes and in-situ carbon processing in 2 adjacent headwater catchments that varied in their ambient carbon concentration regimes. We monitored metabolism dynamics, performed uptake kinetic
experiments, and measured physical carbon fluxes at the headwaters and watershed
outlets of each watershed. We used this observational platform to address the following questions:

Q1) What are the seasonal patterns of metabolism (biological C fluxes)
and physical carbon fluxes? (within-site variation)
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Q2) How do the seasonal patterns of biological and physical C fluxes and
the balance of bio-physical fluxes change:
Q2.1) Across sites with varying carbon availability? (watershed comparison)
Q2.2) Between sites in different network positions? (network
comparison)

5.2 Methods
5.2.1

Site Description

This study was conducted at the Tenderfoot Creek Experimental Forest (TCEF)
located in central Montana (Figure 5.1). Tenderfoot Creek is a Forest Service Experimental Forest Range located within the Lewis and Clark National Forest that
has been the site of long-term hydrological and biogeochemical research for the past
decade (Seybold and McGlynn, 2016). Our study focused on two subwatersheds
within TCEF: Stringer Creek (ST) and Spring Park Creek (SPC, Figure 5.1). Both
watersheds contain first and second order streams that drain 555 and 400 ha of upland forest, respectively. Stringer and Spring Park Creek both receive approximately
840mm of precipitation, with 70% falling as snow (Nippgen et al., 2011). Snowmelt
typically occurs between late May and early June (Figure 5.2b and Figure 5.3b)
and represents the dominant flux of water into the stream network annually. After
snowmelt, there are typically few additional precipitation inputs (e.g. rain events)
and the system recedes into baseflow conditions (Figure 5.2 and 5.3).
Our two focal watersheds vary in the magnitude of carbon source areas in each
catchment. Although Stringer Creek and Spring Park Creek are adjacent watersheds, have the same dominant aspect, and receive similar amounts of precipitation
and incoming energy in the form of net radiation, they have strikingly different wet128

Figure 5.1: Map of Stringer Creek (left) and Spring Park Creek (right), two subwatersheds located in the Tenderfoot Creek Experimental Forest (TCEF, inset top
right). In-stream monitoring stations (red triangles) were located at 2 sites in the
headwaters, as well as at the watershed outlet flumes (blue circles). Stringer Creek
and Spring Park Creek have similar watershed areas and aspect, but differ in the
extent of riparian area (shown in green). Riparian area (as delineated by a 3m elevation above creek threshold) in Stringer Creek is „3% of the total watershed area,
while Spring Park has „2 times more riparian area (6% of the total watershed area).
Riparian extent shown on this map is exaggerated for visual effect by using a 10m
elevation above creek threshold for delineating riparian area; this riparian delineation
corresponds with 5% riparian area in ST and 13% riparian area in SPC.
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Figure 5.2: (a) Time series of CO2 (purple), dissolved oxygen (DO, grey), dissolved
organic carbon (DOC, green), and streamflow (black) from the headwaters of Stringer
Creek for the period from snowmelt through baseflow recession. The magnitude of
combined rain and melt (in mm hr´1 ) is shown in hanging blue bars. (b) Time
series of dissolved oxygen (DO, grey), DOC (green), nitrate (blue) and streamflow
(black) at the watershed outlet of Stringer Creek. The continuous nitrate time series
is supplemented by grab samples of nitrate (shown as blue circles).
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the magnitude of rain and melt in mm hr´1 .

land/riparian extents. Stringer Creek has a narrow riparian corridor that comprises
approximately 3% of the total watershed area, whereas Spring Park has a much more
extensive wet meadow complex at its headwaters that comprises approximately 6%
of the total watershed area (Figure 5.1, Pacific et al. 2010). The total riparian extent varies between catchments, but also the configuration of riparian areas. Spring
Park has the majority of its riparian area concentrated at the headwaters (Figure
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5.1), while the riparian area in Stringer Creek is more evenly distributed with more
riparian contributions lower in the catchment (Pacific et al., 2010). The difference in
carbon source area extent and configuration leads to dissolved organic carbon (DOC)
concentrations in Spring Park that are approximately double („100%) higher than
Stringer Creek throughout the snowmelt and baseflow recession period (Figure 5.2
and 5.3).
Despite variation in DOC concentrations, both Stringer Creek and Spring Park
Creek are highly oligotrophic streams. Nitrate (NO3 -N) in both systems varies depending on upon network position, with higher concentrations at the watershed
outlets (15-50 ug L´1 , Figure 5.2b) and lowest concentrations found in the headwater reaches (10-25 µg L´1 , Chapter 2). Other more labile forms of nitrogen, such as
ammonium, are low and frequently undetectable (below 0.01 mg L´1 , US Forest Service Data Catalog, Seybold and McGlynn 2016). Phosphate concentrations in both
catchments range between 20-50 µg L´1 (US Forest Service Data Catalog, Seybold
and McGlynn 2016).
Streams in TCEF exist in a high light environment. Stringer Creek and Spring
Park Creek are both shallow, clear water streams with coarse gravel bed substrates
(average diameter in Stringer was 5.4cm, and 4.9cm in Spring Park) and very low
turbidity (Baker et al. 2017 in review ). The riparian vegetation is a mix of grasses
and sedges (Carex spp., Deschampia cespitosa) (Mincemoyer and Birdsall, 2006) that
provide very little shading to the stream, and day lengths range between 13-15 hours
in the summer.
5.2.2

Data Collection

We conducted an intensive four-month field campaign in the summer of 2013 to
monitor carbon and nitrogen dynamics in Stringer and Spring Park Creeks. For the
purposes of this study, we focus on an approximately 2.5 month period from late
132

June to mid-August that represents the primary growing season at TCEF (45-75
days, Mincemoyer and Birdsall 2006).
We installed a network of in-situ sensor stations in both watersheds to monitor
a suite of water quality parameters at 15-minute time intervals from mid-May until
the end of August. In each watershed we installed 3 stations total, with 2 stations
in the headwater reaches and 1 at the watershed outlet. The headwater stations in
each watershed bracketed a focal study reach that started immediately downstream
of the first point of perennial flow and terminated approximately 500m downstream
(Figure 5.1). The station at each watershed outlet was used to assess physical and
biological fluxes at the watershed/network scale.
At the headwater in-stream stations, we monitored dissolved oxygen (DO, Campbell Scientific CS511-L), electrical conductance (EC) and temperature (Campbell
Scientific CS547A), fluorescent dissolved organic matter (fDOM, Turner Cyclops 7),
chlorophyll A (Turner Cyclops 7), turbidity (Turner Cyclops 7), and carbon dioxide
(CO2 , Vaisala GMT 220 sensors). At the watershed outlet stations, we monitored
DO, EC, temperature, fDOM, chlorophyll A and turbidity with YSI EXO 2 multiparameter sondes. At the watershed outlet of Stringer Creek, we also measured
optical NO3 -N concentrations continuously using a Satlantic Specific UV Nitrate
Absorbance (SUNA). All sensors were routinely cleaned and manually checked for
fouling approximately every 2-3 days. Sensor calibration was checked and recalibrated as necessary every 1-2 weeks. The EXO sonde located at the Spring Park
Flume was routinely removed and used for synoptic surveys, which created gaps in
the data record. We did not interpolate or model the data during these periods, and
denote these data gaps using light grey shading in those figures that include this
data.
We routinely collected grab samples of streamwater from all sites to analyze for
major anions and cations, and to validate the continuous in-situ time series col133

lected by the sensors. We used DOC concentrations from the grab samples to generate a site-specific calibration curve between measured DOC and co-located fDOM
measurements, which we used to convert continuous fDOM measurements to DOC
concentrations.
We collected water samples in opaque amber HDPE bottles and filtered them
using 0.45 µpolyetherene sulfonate (PES) filters (Whatman Puradisc 25mm syringe
filters). DOC samples were filtered and acidified to a pH of 1-2 using 6 N HCl acid,
and kept refrigerated („4°C) during transport until analysis at Duke University using
a Schimadzu total organic carbon (TOC-V) analyzer (Shimadzu TOC-V CPH Total
Organic Carbon Analyzer with ASI-V autosampler, Kyoto, Japan). Major cations
and anions (NO3 -N, Cl´ , etc.) were filtered and refrigerated during transport, and
frozen until analysis at Duke University using ion chromatography (Dionex ICS 2000
with eluent generator and AS40 autosampler, anion column AS18, Sunnyvale, CA).
All in-stream monitoring stations were co-located with capacitance rods to monitor water height/stage (TruTrac WT-VO, +/- 1mm resolution), which we then converted to discharge. At the headwater sites, we converted stage to discharge using
empirical, site-specific stage:discharge relationships that were generated from measuring discharge manually using dilution gauging (Kilpatrick and Cobb, 1985; Covino
and McGlynn, 2007) on sub-weekly time scales. At the watershed outlets, we generated continuous time series of discharge by placing the capacitance rods in existing
Forest Service H-flumes, and using the flume geometry to convert water height to
discharge.
Precipitation and snowmelt were measured at two Natural Resources Conservation Service (NRCS) SNOTEL sites that spanned the elevation gradient at TCEF
(1840-2420m). We utilized a simple model that used changes in snow water equivalent (SWE) and cumulative precipitation to differentiate between rain and snowmelt
processes, which we then aggregated into a single metric of total water input (rain
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plus melt, mm hr´1 ) (Nippgen et al., 2011).
5.2.3

Measuring metabolism rates

We estimated ecosystem metabolism rates using the traditional 1-station method
(Demars et al., 2015). We calculated net ecosystem productivity (NEP) using the
temporal changes in dissolved oxygen (DO), and corrected these changes in DO for
reaeration over the footprint of the sensor (reaeration protocol described in detail
below). NEP reflects the balance between its two constituent processes (Equation
(5.1)), ecosystem respiration (ER, which consumes oxygen) and gross primary production (GPP, which produces oxygen).

N EP “ ER ` GP P

(5.1)

We utilized the day-night separation method (Marzolf et al., 1994) to estimate ER
and GPP rates, which assumes all nighttime NEP was due to ecosystem respiration
(ER) and that gross primary production (GPP) was zero during this time. We used
an average nighttime respiration rate to correct daytime NEP for respiration and
estimate GPP rates. To convert concentration-based rates (NEP in g O m´3 min´1 )
to areal rates (NEP in g O m´2 min´1 ), we multiplied the concentration-based rate
by the depth (m) at that time point, which converts the concentration-based rate to
areal rate (Equation (5.2)).

N EP

´ g ¯
` gO
q
“
N
EP
˚ depthpmq
m2 ˚ dt
m3 ˚ dt

(5.2)

We used the estimated areal metabolism rates to calculate a mass transfer coefficient, or an uptake velocity (Vf , mm min´1 , Equation (5.3)). The mass transfer
coefficient is frequently used in nutrient spiraling studies to represent the demand
for nutrients relative to their supply (Workshop, 1990; Hall et al., 2002). Converting
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from areal rates to a mass transfer velocity effectively normalizes the metabolism
rates by their concentration and allows for better comparison across sites with contrasting concentration regimes. The Vf metric also provides an assessment of carbon
uptake efficiency, with higher values indicating higher uptake rates per unit of available carbon. We calculated Vf velocities by dividing the areal rates (g m´3 min´1 )
by the concentration at the time point (g m´3 ) to obtain an uptake velocity (mm
min´1 , (5.3)).

Vf

´ mm ¯
min

“

g
m2 ˚min
g
m3

(5.3)

We performed reaeration experiments to quantify gas evasion (k ) from the stream
surface using methods outlined in Genereux and Hemond Genereux and Hemond
(1992) and Marzolf et al. Marzolf et al. (1994) at 3 different flow states over the
growing season. Briefly, we performed the propane reaeration experiments over a
100m reach bracketed by an upstream and downstream conductivity probe. We
simultaneously injected propane and a steady-state conservative tracer (NaCl) to
determine when the stream had reached steady-state plateau conditions, which we
defined as at least 3 times the travel time of the reach (τ ) (Genereux and Hemond,
1992).
Once the stream reach reached steady-state, we sampled every 10 m over the 100
reach. At each sampling location, we collected a stream water sample for chloride
analysis and a gas sample for propane analysis. Gas samples were collected using
head-space equilibration in 60 mL gas tight syringes. We injected the gas sample into
10 mL gas tight vials that had been flushed with N2 and evacuated. Chloride samples
were run on an IC (Dionex ICS 2000 with eluent generator and AS40 autosampler,
Sunnyvale, CA), and propane samples were run on a GC (Shimadzu GC17A with
FID and EID, Kyoto, Japan) at Duke University within 1 week of collection.
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We calculated the propane exchange coefficient, kpropane (min´1 ) using Equation
(5.4):

´G ˚ C ¯
`
1
1
2
kpropane min´1 q “ ˚ ln
τ
G2 ˚ C1

(5.4)

where (τ ) represents the travel time of the reach in minutes, G1 and C1 represent
the gas and solute concentrations, respectively, at the upstream site, and G2 and C2
represent the gas and solute concentrations at the downstream site (Genereux and
Hemond, 1992; Marzolf et al., 1994).
We used the empirical measurements of k and the measured discharge data to
fit the parameters on previously published relationships (Genereux and Hemond,
1992; Melching and Flores, 1999) between discharge, channel geometry or slope,
and reaeration. We used these empirically fitted hydraulic equations to model k
continuously, and for each site we selected the equation that best fit the field derived k
at our three experimental time points. This approach allowed us to use the empirical,
field-based measurements of k to constrain our extrapolation of k over the entire
study period.
5.2.4

Estimating biological and physical carbon fluxes

We calculated the physical and biological carbon fluxes through each stream network
position using equations (5.5)-(5.11). For the DOC and DIC fluxes, we calculated
the mass flux by multiplying the concentration of DOC or dissolved CO2 (in mg
L´1 ) by the instantaneous discharge (L sec´1 ), and then integrating to the time step
(e.g. 15 minutes). To obtain a daily mass flux, we simply summed all 15-minute
interval fluxes in a day (Equation (5.5)). In the case of the DIC mass flux, we used
the concentration of CO2 gas dissolved in the water (in mg L´1 ) to calculate the
mass flux (Equation (5.6)), which we refer to as the DIC flux. We recognize that
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this estimate of DIC does not include bicarbonate or carbonic acid, and thus is only
a partial reflection or estimation of DIC transport.

´ L ¯
´ mg ¯
`
`
“
˚Q
˚ dt secq
DOCf lux mgq “ DOCs
L
sec

(5.5)

´ mg ¯
´ L ¯
`
“
`
DICf lux mgq “ DICs
˚Q
˚ dt secq
L
sec

(5.6)

To estimate CO2 evasion (Equation (5.7)), we converted the estimates of oxygen
reaeration described earlier to carbon reaeration using the Schmidt number (Raymond et al., 2012). We also converted the temporally based k (sec´1 ) to a spatially
explicit k (m´1 ) using the average velocity of the reach (m sec´1 ) (Equation (5.8)).
We then multiplied the CO2 reaeration coefficient by the CO2 deficit ([CO2 ]saturated –
[CO2 ]observed ), and scaled this by the discharge and the integration distance (Equation
(5.8)) to obtain a mass of CO2 evaded from the stream surface (Equation (5.7)).

´1¯
´ mg ¯ ´ L ¯ `
`
`
CO2´evasion mgq “ k
˚CO2´def icit
˚Q
˚dt secq˚int.dist. mq (5.7)
m
L
sec

k

´1¯
m

“k

´ 1 ¯
´ sec ¯
1
˚
sec
velocity m

´m¯
`
int.dist mq “ velocity
˚ dt secq
sec
`

(5.8)

(5.9)

To estimate the biological fluxes, we used the original, concentration-based metabolism
rates of ER and GPP, scaled them to the streambed volume, and integrated up to a
daily time step (Equation (5.10) and (5.11)). To estimate streambed volume, we multiplied streambed area (m2 ) by depth (m) to determine the total volume. Streambed
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area (m2 ) was derived using a dynamic width term (m) that decreased linearly over
the growing season as discharge/flow state decreased by the channel length (m).

ERf lux “ ERrate

GP Pf lux

´ mg ¯
`
`
˚ str.volume Lq ˚ dt secq
L ˚ dt

´ mg ¯
`
`
“ GP Prate
˚ str.volume Lq ˚ dt secq
L ˚ dt

(5.10)

(5.11)

In order to compare these mass fluxes across network positions and between
watersheds, we converted the mass flux estimates to area normalized mass fluxes, or
mass yields (kg ha´1 day´1 ) by normalizing the mass fluxes by the catchment area
(in ha) draining to that point.
5.2.5

Deriving ratios of physical and biological fluxes

We calculated three different ratios to describe the balance of physical and biological
processing occurring within our study reaches. First, we calculated the physical
flux fraction, which compares the magnitude of the dominant physically driven flux
(specifically DOC flux) to the magnitude of combined physical and biological fluxes
(DOC flux, ER flux, and GPP flux, Equation (5.12)).

P hysical F lux F raction “

DOC f lux
DOC f lux ` ER f lux ` GP P f lux

(5.12)

Second, we calculated a respiration to transport ratio (respiration/transport ratio) that specifically compares the magnitude of respiration fluxes to the magnitude of
downstream DOC transport (Equation (5.13)). This ratio is conceptually analogous
to a Dahmköhler number, which compares the reaction time scale to the transport
time scale (Ocampo et al., 2006; Pinay et al., 2015).
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Respiration{T ransport Ratio “

ER mass f lux
DOC f lux

(5.13)

Lastly, we calculated a CO2 flux ratio that compares the magnitude of CO2
produced by ecosystem respiration to the magnitude of CO2 evaded from the stream.
This allows us to compare the amount of CO2 internally produced by the stream to
the amount of CO2 being released to the atmosphere (Equation (5.14)).

CO2 F lux Ratio “
5.2.6

ER mass f lux
CO2 evasion f lux

(5.14)

Theoretical DOC Yield and C Uptake Yield

To assess how much higher DOC yields would be without the influence of ecosystem
respiration, we estimated a theoretical DOC flux by summing the observed DOC flux
and ecosystem respiration mass fluxes. This theoretical DOC flux assumes that all
ecosystem respiration was fueled by DOC that was converted to CO2 via respiration
in a 1:1 manner. We area normalized this theoretical DOC flux to obtain a DOC
yield that could be compared with the other mass yield estimates for downstream
DIC transport and CO2 evasion. To quantify how much the DOC yield would increase without ecosystem respiration, we calculated the percent increase in DOC
yield between the observed and theoretical time series. This allows us to quantify
how many times greater DOC yield would be at any given time point if respiration
were to stop.
We also compared the theoretical DOC yield and the observed DOC yield to
the amount of carbon taken up by the stream community, which we refer to as the
carbon uptake yield. To calculate a carbon uptake yield, we used a time series of
empirically derived carbon uptake rates described in detail in Seybold and McGlynn
(in review ). Briefly, we used the TASCC method (Covino et al., 2010b) to measure
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carbon uptake kinetics using acetate as a labile carbon tracer and obtained a set of
fitted Michealis-Menten parameters for each sampling date. We linearly interpolated
the measured kinetic parameters to obtain an interpolated set of kinetic parameters
for each day. We then used the time series of ambient carbon concentrations along
with the time series of kinetic parameters to estimate a daily carbon uptake rate using
the Michaelis-Menten equation (Equation (5.15), Seybold and McGlynn in review ).
We scaled this areal carbon uptake rate to the streambed area and integrated to
the daily time step to determine the mass flux of carbon taken up by the stream
community. We then normalized this uptake flux to the watershed area to obtain a
carbon uptake yield that could be compared with the theoretical and observed DOC
yields.

“
Umax ˚ Cs
U“
Km ` rCs

(5.15)

5.3 Results
We observed strong temporal variation in carbon cycling rates and fluxes at each site,
as well as large differences 1) across sites at different network positions (headwaters
and watershed outlet) and 2) across catchments with contrasting carbon source areas
and subsequent DOC concentration regimes. We discuss each site individually, starting with the headwater sites in both Stringer and Spring Park, draw comparisons
between the headwater sites, and then move to describing the seasonal trends at each
watershed outlet individually before finally comparing the two watershed outlet sites
to each other and their corresponding headwater sites.
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5.3.1

Cross-site comparisons of ecosystem metabolism rates and carbon uptake velocities

Ecosystem metabolism rates varied strongly in space (between sites) and time (seasonally). In the headwaters of Stringer Creek, NEP rates were heterotrophic throughout most of the summer, and seasonal decreases in NEP were driven primarily by
decreases in the magnitude of ER rates (Figure 5.4a). GPP was low and consistent throughout the study period. NEP rates in Stinger became net autotrophic for
2-3 days in early August, but this transition was driven by a collapse in ER rates
rather than changes in GPP (Figure 5.4a). The transition from net heterotrophic to
net autotrophic was coincident with a small summer storm on 7/31, suggesting that
the precipitation event may have triggered changes in the biological community or
substrate availability.
In the Spring Park headwaters, we observed similar temporal patterns to Stringer
Creek in terms of NEP, ER, and GPP. NEP and ER decreased over the study period,
and GPP remained stable and did not display any distinct seasonal trend (Figure
5.4b). In contrast to Stringer Creek, Spring Park had higher, more heterotrophic
NEP and ER rates throughout the summer (Figure 5.4a and 5.4b). Unlike Stringer,
NEP and ER rates in Spring Park did not respond measurably to the 7/31 precipitation event.
At the watershed outlet of Stringer Creek, metabolism rates varied strongly over
the summer growing season but displayed a contrasting seasonal trend in comparison to the headwater sites. At the outlet of Stringer Creek, NEP rates increased
throughout the summer growing period, becoming more net heterotrophic later in
the summer (Figure 5.4c). ER rates followed a similar seasonal trend and increased
from June through mid-August. The degree of seasonality in NEP and ER rates was
higher than GPP, which showed only modest increases over the study period (Figure
5.4c).
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Figure 5.4: Seasonal trends in areal metabolic rates (in g O m´2 day´1 ). Gross
primary production (GPP, blue), ecosystem respiration (ER, red), and net ecosystem
productivity (NEP, purple). Metabolic rates vary strongly between the headwaters
(a) and outlet (b) of Stringer Creek, and the headwaters (c) and outlet (d) of Spring
Park Creek. For the Spring Park watershed outlet (d), periods shaded in light
gray indicate gaps in the data record that are connected for visual effect by linear
interpolation.

The outlet of Spring Park Creek showed the same early season trends as we
observed at the outlet of Stringer Creek, however the magnitude of NEP and ER
rates was much higher (e.g. more heterotrophic) in the high carbon watershed. We
were unable to estimate NEP from the Spring Park outlet for a period in mid-July,
which makes assessment of the full seasonal trend more difficult, but both NEP and
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ER rates appear to have decreased and leveled off later in the summer (Figure 5.4d).
Overall, the watershed outlets of both Spring Park and Stringer Creek had higher
and more heterotrophic NEP and ER rates throughout the summer growing season
and showed seasonal increases in heterotrophy, while the headwaters displayed an
opposite seasonal trend (decreasing heterotrophy over the summer). Across all sites,
GPP was the least variable metabolic rate, and showed only modest increases (watershed outlets, Figure 5.4c and 5.4d) or no seasonal trend (headwaters, Figure 5.4a
and 5.4b). NEP and ER rates were consistently higher in the high carbon watershed
(Spring Park).
The time series of concentration-normalized metabolism rates (Vf , mass transfer
coefficient or uptake velocity, Equation (5.3)) were characterized by the same spatial and temporal patterns that we observed in the areal metabolism rates. In the
headwaters of Stringer Creek, we observed decreasing uptake velocities for NEP and
ER over the study period, while GPP remained stable (Figure 5.5a). This was also
true for the headwaters of Spring Park, but uptake velocities were elevated in the
high carbon watershed (relative to the low carbon system), suggesting more carbon
demand and greater carbon uptake efficiency in Spring Park (Figure 5.5b). The concentration normalized uptake efficiencies (Vf ) in Stringer and Spring Park were more
similar (Figure 5.5) than the standard metabolism rates (Figure 5.4), but suggested
greater carbon uptake efficiency in the higher carbon watershed.
The flumes of both Stringer Creek and Spring Park Creek were characterized by
increasing uptake velocities (e.g. becoming more negative) over the summer growing
season. Both watersheds had similar uptake velocity magnitudes by the end of the
summer. Even when accounting for the influence of concentration using the uptake
velocity metric (Vf ), we observed higher uptake velocities (i.e. higher carbon uptake
efficiency) at the high carbon headwater site relative to the low carbon headwater
site, and also higher uptake velocities at the watershed outlets when compared to
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Figure 5.5: Seasonal trends in the mass transfer coefficient (Vf ), also referred
to as the uptake velocity (in mm min´1 ). The mass transfer coefficient reflects the
magnitude of demand (or uptake) as a function of the nutrient supply, and effectively
normalizes the rate by the ambient concentration. In this case, the metabolic rates
were normalized by the [DOC]. For the Spring Park watershed outlet (d), periods
shaded in light gray indicate gaps in the data record that are connected for visual
effect by linear interpolation.

the HW sites.
5.3.2

Spatio-temporal patterns of physical and biological carbon fluxes

The 4 sites exhibited large differences in the magnitudes of physical carbon fluxes.
The strong variation in the magnitude of metabolic rates (described above) also led
to differences in the magnitude of biological fluxes across sites.
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At the Stringer Creek headwaters, DOC flux, CO2 evasion, DIC flux, and ER
fluxes all decreased over the summer growing season (Figure 5.6a). Downstream
DOC transport and CO2 evasion dominated the cumulative carbon fluxes from the
system (Figure 5.6a, inset), and DIC flux was about half as large as DOC flux or CO2
evasion. ER mass fluxes were the fourth largest cumulative carbon flux (Figure 5.6a,
inset), but displayed less seasonal variation than DOC or DIC flux and CO2 evasion
(Figure 5.6a). The difference between physical fluxes (DOC and DIC flux, CO2
evasion) and ER fluxes was largest in the early season period, and decreased later in
the summer to a point where physical and biological fluxes were more balanced with
similar magnitudes (Figure 5.6a). GPP was only a modest sink for carbon over the
growing season.
The Spring Park Creek headwaters also showed strong seasonal decreases in DOC
flux, CO2 evasion, DIC flux, and ER flux over the summer (Figure 5.6b). Similar
to Stringer Creek, DOC and CO2 were the largest cumulative fluxes of C from the
system (Figure 5.6b, inset). ER fluxes were the third largest cumulative flux, and
were approximately 50% larger than cumulative DIC transport (Figure 5.6b, inset).
GPP was a small sink for C over the growing season.
Across both headwater sites, physical carbon fluxes dominated carbon transport
processes over the summer growing season (Figure 5.6a and 5.6b). The headwaters
of Spring Park, the high carbon watershed, had larger physical and biological carbon
fluxes than the headwaters of Stringer Creek, the low carbon watershed (Figure 5.6a
and 5.6b). In both headwater sites, the combined downstream transport of DOC
and DIC led to more horizontal fluxes from the system than vertical fluxes (CO2
evasion or GPP). The most substantial difference across the two headwater sites was
the magnitude of ER fluxes from Spring Park, which were almost double what was
measured in Stringer Creek (Figure 5.6).
At both of the watershed outlets, physical transport of DOC dominated carbon
146

1

0.75

0.08

0.5

18%

0.06

12%

0

-0.2

DOC CO2

DIC

ER

3%
GPP

0.08
0.06

0.04
0.04
0.02

20

b)

1

0.75

0.08

35% 30%

0.5

0.06

4%

0

-0.2

0.1

22%
10%

0.25

DOC CO2

DIC

ER

GPP

0.08
0.06

0.04

0.04
0.02
0.02

0.02
0

0
-0.01
06-24

Melt&Rain

10

0

0.1

35% 33%

0.25

0.1

0.1
Carbon Yield (kg C ha -1 day -1)

Cum. Yield (kg ha-1 )

a)

0

Runoff (mm hr -1)

20

Cum. Yield (kg ha-1 )

10

0
0.1

Runoff

0.1

SPRING PARK

0.2

Melt&Rain

0

Runoff (mm hr -1)

Runoff
Carbon Yield (kg C ha -1 day -1)

STRINGER

0.2

07-08

07-22

08-05

-0.01
06-24

0

07-08

07-22

08-05

0

Figure 5.6: Carbon yields (kg ha´1 day´1 ) for the headwaters of Stringer (a)
and Spring Park (b). Mass fluxes (kg day´1 ) were normalized by the contributing
watershed area to estimate a carbon yield for each process. The magnitude of carbon
yields for physically mediated processes (DOC transport, CO2 evasion, and DIC
transport) were compared to the magnitude of biologically mediated processes (ER
and GPP). Positive values indicate carbon sources, and negative values indicate
carbon sinks. Runoff (mm hr´1 ) is shown in light grey (right axis) to provide the
hydrologic context for these biogeochemical fluxes. The total cumulative yield (kg
ha´1 ) for each process over the time interval from 6/24/13 and 8/13/13 is shown in
the inset bar graph, and the percent that each flux contributes to the total carbon
budget is indicated on (as a percent) on top of each bar.

fluxes, particularly in the early season period (Figure 5.7a and 5.7b). GPP mass
fluxes were negligible when compared to ER or DOC fluxes (Figure 5.7a and 5.7b).
In Stringer Creek, the low carbon watershed, respiration and DOC mass fluxes were
nearly balanced by the end of the growing season, and on a cumulative seasonal
basis respiration was about a third of total measured carbon fluxes (33%) and DOC
fluxes were about two thirds (64%, Figure 5.7a, inset). In Spring Park, DOC fluxes
remained much higher than respiration mass fluxes throughout the study period
(Figure 5.7b), and cumulatively comprised about three quarters (73%) of the total
measured carbon fluxes, with respiration only making up approximately a quarter
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Figure 5.7: Carbon yields (kg ha´1 day´1 ) for the outlets of Stringer Creek (a) and
Spring Park Creek (b). Periods shaded in light gray in panel b indicate gaps in the
Spring Park data record that are connected for visual effect by linear interpolation.
The total cumulative yield (kg ha´1 ) for each process is shown in the inset bar graph,
and the percent that each flux contributes to the total carbon budget is indicated on
(as a percent) on top of each bar. The fluxes for both site were integrated over the
time interval from 6/24/13 and 8/13/13, however Spring Park Creek has gaps in the
data record (shaded in grey) that were not included in the cumulative flux values.

5.3.3

Assessment of physical and biological flux ratios

We measured systematic differences in the magnitudes of physical and biological
fluxes in Stringer and Spring Park Creek, as well as differences in the balance of
physical and biological fluxes in these two contrasting watersheds.
At the Stringer Creek headwaters, physical fluxes were approximately 70% of total
fluxes across the summer growing season and showed very little temporal variation
(Figure 5.8a). The respiration/transport ratio was also relatively stable over the
summer growing season, with a ratio of approximately 0.4, suggesting that respiration
was a slightly less than half as large as downstream DOC flux (Figure 5.8a).
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Figure 5.8: Time series of the physical flux ratio (teal) and the respiration/transport ratio (red) for the headwaters (a,c) and watersheds outlets (b,d) of
Stringer and Spring Park Creek. The physical flux ratio compares the magnitude
of the physically driven processes (DOC transport) to the combined sum of all the
carbon fluxes (DOC, ER, and GPP). The respiration/transport ratio compares the
magnitude of respiration mass fluxes to the magnitude of downstream DOC transport. A respiration/transport ratio of 1 would indicate equal amounts of respiration
and downstream transport.

In the headwaters of Spring Park, we observed a much more temporally dynamic
balance of biological and physical processes. The respiration/transport ratio rapidly
increased to approximately 0.9 at the end of June, and then decreased gradually to
0.4 by the end of the study period (Figure 5.8b). This suggests that during the early
season period, respiration was nearly equal to downstream DOC transport in the
high carbon watershed. The physical flux fraction started out at approximately 70%
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of the total carbon fluxes, but then quickly decreased as respiration increased in late
June (Figure 5.8b). As the influence of respiration decreased over the summer, the
physical flux fraction slowly increased back to approximately 70% of the total carbon
fluxes.
These results present a strong contrast between the balance of physical and biological fluxes across the two headwater sites. Stringer Creek had a more stable
balance of physical and biological fluxes over the study period, with physical fluxes
dominating the total carbon flux (Figure 5.8a). In contrast, Spring Park was characterized by a more temporally dynamic respiration/transport ratio with nearly equal
amount of respiration and DOC flux in the early season period, suggesting higher levels of biological control on downstream fluxes in the high carbon watershed (Figure
5.8b).
At the watershed outlets, we observed different temporal trends in the balance
of physical and biological fluxes. At the outlet of Stringer Creek, physical fluxes
represented approximately 80% of total carbon fluxes early in the season, and decreased to less than 60% by the end of the study period (Figure 5.8c). This decrease
in the magnitude of physical fluxes led to an increase in the respiration/transport
ratio over the study period, with values reaching approximately 1 by the end of the
summer (Figure 5.8c). This indicates that at the watershed outlet of the low carbon
watershed at the end of the summer, respiration and downstream transport were of
equal magnitudes. This suggests that biological and physical processes were equally
influential in mediating carbon fluxes during this period.
When one compares the Stringer Creek outlet to the headwater site in Stringer
Creek, we observe more prominent respiration fluxes at the watershed outlet than
in the headwaters, and stronger seasonal variability at the outlet site relative to the
headwaters, which were much more temporally stable. This suggests more biological
processing (relative to physical export) occurred at the watershed outlet-scale in the
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low carbon watershed.
At the Spring Park outlet, the balance of physical and biological fluxes was less
dynamic than the trends observed at the Stringer Creek outlet (Figure 5.8d). Physical fluxes comprised approximately 75-80% of total carbon fluxes, and the respiration/transport ratio varied between 0.3 and 0.45 over the growing season. In contrast
to Stringer Creek, these results suggests more biological processing (relative to physical export) in the headwaters of the high carbon watershed.
The divergent spatial patterns in the respiration/transport ratio in Stringer vs.
Spring Park Creek are supported by the trends that we observed in the cumulative
carbon yields, which showed distinct patterns in carbon yield across the two stream
networks. Cumulative DOC yields from both sites in Spring Park were higher than
the DOC yields measured for both sites in Stringer Creek (Figure 5.9). In Spring
Park, the watershed outlet had higher cumulative DOC yield than the headwaters,
leading to a positive residual between outlet and headwater yields, signifying a net
increase in carbon availability over the network due to either decreased uptake or
increased DOC loading (Figure 5.9). In contrast, in Stringer Creek, cumulative DOC
yield from the headwaters was greater than the cumulative yield from the watershed
outlet, leading to a negative residual between the outlet and the headwater and
suggesting increased uptake of DOC over the stream network or less loading from
downstream portions of the watershed (Figure 5.9).
Considering the patterns in the respiration/transport ratio together with carbon
yields provides insight into how the degree of biological control may shape and respond to carbon flux dynamics. In Stringer Creek, the degree of biological influence
(e.g. magnitude of respiration/transport ratio) increased over the stream network as
cumulative carbon yields decreased. In Spring Park Creek, the degree of biological
influence over carbon dynamics decreased over the stream network, as carbon yields
increased from the headwaters to the watershed outlet. These changes were coin151
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Figure 5.9: Seasonal trends in the cumulative DOC yield from Stringer Creek (light
teal) and Spring Park Creek (dark teal). Headwater sites are shown with solid lines
for comparison with the outlet sites (dashed lines). The cumulative carbon yield
decreases over the stream network in Stringer Creek, and increases from headwater
to the watershed outlet in Spring Park Creek.

cident with, or potentially driven by, increasing contributions from riparian source
areas over the stream network in Stringer Creek, and decreasing contributions from
riparian sources over the stream network in Spring Park Creek.
5.3.4

Comparisons of theoretical and observed DOC fluxes with carbon uptake fluxes

Although respiration fluxes were not the dominant flux in any of the sites we monitored, they did have a significant impact on mediating the amount of downstream
DOC transport. Across all four of our study sites, without respiration DOC fluxes
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could have increased by up to 40-100% (Figure 5.10).
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Figure 5.10: Observed (solid teal) and theoretical (dotted teal) DOC yield time
series from Stringer Creek (a, b) and Spring Park Creek (c, d). The theoretical
DOC yield represents the magnitude of DOC yield that would be observed without
any respiration. The grey time series shows how many times greater DOC flux
would be without ER (right axis). The observed and theoretical DOC yields are
compared to the carbon uptake yield, which shows the magnitude of measured carbon
uptake fluxes normalized to the watershed area. For all sites, the uptake yield was
significantly higher than the observed or theoretical DOC yields.

In the headwaters of Stringer Creek, theoretical DOC flux (removing the respiration effect) was consistently „40% higher than the observed DOC flux for the
entirety of the study period (Figure 5.10a). This suggests a temporally consistent,
but important, biological influence on downstream DOC transport throughout the
summer.
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The headwaters of Spring Park were much more temporally dynamic than the
Stringer Creek headwater site. Theoretical DOC flux (removing the respiration effect) increased DOC flux by 1.4-2 times over the observed DOC flux values. The
largest increases in DOC flux occurred in the early season period when respiration
was highest, leading to theoretical DOC fluxes that were approximately double the
observed fluxes during the initial post-snowmelt period (Figure 5.10b). This suggests
that in the high carbon catchment, respiration had a prominent role of mediating
DOC flux particularly in the early season when mass fluxes (both physical and biological) were highest (Figure 5.10b).
At the watershed outlet scale in Stringer Creek, respiration reduced DOC flux
by a similar magnitude to the Spring Park headwater site, but with a contrasting
seasonal trend. Theoretical DOC fluxes at the Stringer Creek outlet were „1.3-2
times greater than the observed DOC fluxes, with the greatest reductions in DOC
flux due to respiration occurring in the late season period (when theoretical DOC
flux was „2x greater than observed DOC flux) (Figure 5.10c).
The decrease in DOC flux due to respiration was less prominent at the Spring
Park outlet (high carbon watershed) than the Stringer Creek outlet (low carbon watershed). The Spring Park Creek outlet theoretical DOC fluxes were 1.2 to 1.4 times
greater than the observed DOC fluxes (Figure 5.10d), indicating that respiration did
mediate the amount of downstream DOC flux leaving the watershed but not to the
same magnitude as the Stringer Creek outlet (Figure 5.10c) or the headwater site in
Spring Park (Figure 5.10b).
We also compared the observed and theoretical DOC fluxes with the carbon
uptakes fluxes derived from the in-situ tracer tests that quantified DOC uptake
kinetics. Across all four sites, we observed significantly higher carbon uptake fluxes
than observed or theoretical DOC fluxes (Figure 5.10a-d). Although the carbon
uptake fluxes were higher than observed or theoretical DOC fluxes, they were within
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the same order of magnitude as our measured fluxes, which suggests that these two
observational and experimental metrics of supply and demand are compatible.
5.3.5

Comparing the magnitude of respiration and CO2 evasion

For the headwater sites in Stringer and Spring Park Creek, we estimated the CO2
flux ratio, which compares the magnitude of CO2 produced from respiration to the
amount of CO2 evaded from the stream. In Stringer Creek, the CO2 flux ratio ranged
from 0.35-0.4 over the study period, indicating that the amount of CO2 produced
from respiration was equivalent to less than half of the emissions from the stream
surface (Figure 5.11). In contrast, the CO2 flux ratio in Spring Park Creek was
much higher and increased from 0.6 to 1 over the study period (Figure 5.11). This
suggests that in the headwater reaches in Spring Park, the amount of CO2 produced
by respiratory processes equaled or exceeded the amount of CO2 evaded from the
stream at the end of the summer.
CO2 produced by respiration can be immediately evaded from the stream surface
or it can be transported downstream (as DIC) where it can be a source for future
(downstream) CO2 evasion. Therefore, we also sought to compare the magnitude
of respiration with combined horizontal (downstream DIC transport) and vertical
(evasion) CO2 fluxes. In Stringer Creek, the mass of CO2 produced by respiration
was equivalent to 22-30% of the combined horizontal and vertical CO2 fluxes. This
ratio was higher in Spring Park and ranged from 45-70% over the growing season.
This demonstrates that in Spring Park at the end of the summer, respiration fluxes
were equivalent to nearly three quarters of combined horizontal and vertical CO2
fluxes. This suggests that in Spring Park, respiration could be the dominant source
of CO2 evaded and transported from the stream reach and that terrestrially derived
CO2 may be a less important CO2 source.
Additionally, these results are evidence of a greater degree of biological influence
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Figure 5.11: CO2 flux ratios for the headwaters sites in Stringer Creek (light teal)
and Spring Park Creek (dark teal). The CO2 flux ratio compares the magnitude of
respiration mass fluxes to the magnitude of CO2 evasion from the stream. Ratios
close to 1 indicate that the amount of respiration occurring in the stream is equal to
the amount of CO2 being evaded from the stream.
on inorganic carbon dynamics and CO2 emissions at the end of the summer (Figure
5.11). We observed the greatest degree of biological influence on organic carbon
fluxes and DOC dynamics in the beginning of the growing season (Figure 5.8b). This
suggests that the periods of the year when we observe greatest biological influence
over organic carbon dynamics (early summer) is out of phase with the periods when
we observe the greatest influence of the biological community on inorganic carbon
fluxes (late summer).
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5.4 Discussion
The goal of this study was to assess how the balance of physical and biological carbon
fluxes varied seasonally, between sites with contrasting carbon regimes, and across
two headwater stream networks. We measured substantial seasonal variability in the
degree of physical and biological control over carbon dynamics, and these seasonal
patterns varied strongly across the stream network (headwaters vs. outlets). We
also determined that ambient C availability was an important variable in modulating
these dynamics.
5.4.1

Seasonal patterns in physical carbon fluxes and metabolism dynamics

Across all four of our study sites, physical fluxes (DOC and DIC flux, CO2 evasion)
dominated total cumulative seasonal fluxes (Figure 5.6 and 5.7, inset). Physical
fluxes were highest in the early growing season when stream discharge was high and
hydrologic transport dominated (Figure 5.6 and 5.7).
In the headwater sites, we compared the magnitude of horizontal (downstream)
C fluxes with vertical fluxes (CO2 evasion). We determined that horizontal C fluxes
were the dominant carbon flux (49-56%) of the total C budget. CO2 evasion on a
cumulative seasonal time scale was between 30-35% of the total carbon flux. This
is in contrast with studies of boreal landscapes where CO2 evasion can comprise
over 50-65% of total carbon fluxes (Wallin et al., 2013; Kokic et al., 2014). This
suggests strong differences in the partitioning between downstream organic carbon
fluxes and vertical inorganic carbon fluxes between the forested headwater streams
examined in this study and carbon-rich boreal streams. This could be due to lower
groundwater CO2 inputs from riparian and terrestrial CO2 sources in our forested
streams (Pacific et al., 2008; Jencso et al., 2010; Payn et al., 2012), or lower amounts
of in-situ processing of terrestrial carbon in streams at our study site.
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We also observed strong seasonal trends in metabolism rates that led to seasonal
variation in the magnitude of biological fluxes across all four study sites (headwaters
and watershed outlets). Biological fluxes were highest early in the summer (Figure
5.6 and 5.7), but were smaller in comparison to the magnitude of physical fluxes
at that time. The analysis of uptake velocities highlighted that the seasonal trends
in metabolic rates were not driven solely by concentration (Figure 5.5). Instead,
the analysis suggested that other variables must be influencing seasonal changes in
metabolic rates.
Other potential variables that may explain the temporal and spatial trends in
metabolic rates include light availability, temperature, residence time, and substrate
availability. Light is not likely a driver of the seasonal or spatial trends in metabolism
rates. TCEF is a high light environment with little riparian shading and long day
lengths in the summer (13-15 hours), and light availability does not vary strongly
across the network or between catchments. Temperature is also not likely the main
driver. The streams at TCEF remained fairly thermally stable over the summer
(diel temperature ranging from 4°C-12°C in the headwaters and (5°C-14°C at the
watershed outlet), and temperatures did not change significantly enough over the
stream network (1°C-2°C) to explain a several fold increase in metabolism rates
(Figure 5.4).
Residence time could be another important driver of metabolism rates, but would
not be able to explain our results. Studies in headwater stream networks have proposed that increased contact time between the benthos and dissolved solutes leads
to enhanced uptake or respiration (Battin et al. 2008). In the headwater reaches
of Stringer Creek, Seybold and McGlynn (Chapter 1, in review ) determined that
residence time increased as discharge decreased over the summer. The simultaneous
decrease in metabolism rates in the headwaters while residence times increased does
not suggest that residence time was a strong driver of metabolism rates.
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The Seybold and McGlynn study (Chapter 1, in review ) conducted in Stringer
Creek demonstrated that ambient concentrations were the most prominent driver of
the temporal trends in carbon and nitrogen uptake rates. Carbon concentrations
decreased strongly over the summer across the headwater and outlet sites (Figure
5.2 and 5.3). We hypothesize that ambient carbon availability could explain some
of the seasonal decrease in metabolism rates observed at the headwater sites in
Stringer and Spring Park, and would further explain the elevated metabolism rates in
Spring Park, the high carbon watershed. However as the Vf analysis demonstrated,
although normalizing for the effects of concentration did reduce the magnitude of
the cross-site differences, it did not eliminate the seasonal trends in metabolism
completely. Therefore other variables beyond concentration/substrate availability
must be contributing to the seasonal patterns in metabolism rates.
The watershed outlets were characterized by increasing metabolism rates over the
study period. These temporal trends do not fit with the concept that ambient concentrations predominantly drive metabolism rates (as we observed for the headwater
sites), but do appear to coincide with the temporal trends observed in residence time.
We hypothesize that the drivers of metabolism dynamics may vary across the stream
network, with substrate availability driving trends in the headwaters and residence
time acting as a more important influence at the network scale.
5.4.2

Balance of physical and biological fluxes across watersheds/network

The relative magnitude of physical and biological carbon fluxes demonstrated the
strong seasonal variation in the balance of physical and biological processes driving
carbon dynamics in our focal watersheds. In the headwaters of Stringer Creek, the
low carbon system, we found that physical fluxes dominated carbon dynamics with
very little temporal variability in the physical flux fraction (relative to biological
fluxes) and the respiration/transport ratio (Figure 5.8a). At this site, physical fluxes
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remained fairly stable at „70% of the total carbon fluxes. This temporal stability
was not due to constant carbon fluxes over the growing season, as evident in Figure
5.6, rather both the physical and biological carbon fluxes decreased proportionally
over the growing season, leading to a consistent trend of physical control in the
headwaters.
This contrasts strongly with the dynamics observed at the outlet of Stringer
Creek. Although both physical and biological fluxes declined over the summer growing season, the decline was not proportional (as we observed at the headwaters) and
physical fluxes decreased at a faster rate than biological processes (Figure 5.7 and
5.8). This resulted in a respiration/transport ratio that increased over the summer
growing season, such that at the end of the study period the magnitude of respiration fluxes were approximately equal to the amount of downstream transport. This
suggests that at the network scale in the low carbon watershed, there was a greater
degree of biological control on carbon dynamics later in the growing season.
In the headwaters of high carbon Spring Park Creek, we observed a different
pattern of physical and biological fluxes. We observed the highest values of respiration/transport early in the growing season, followed by a decrease over the study
period. This suggests that the SPC headwaters had the greatest degree of biological control early in the growing season. Compared to the SPC watershed outlet,
the headwaters had a stronger seasonal trend in carbon respiration/transport. The
respiration/transport ratio at the Spring Park outlet fluctuated between 0.2 and 0.5,
but didn’t consistently increase or decrease over the study period (Figure 5.8d).
When we compared the respiration/transport ratio across all the four study sites,
we generally found 2 contrasting scenarios – we observed stable headwaters and a
dynamic watershed outlet in Stringer Creek (Figure 5.8a and c), and a dynamic
headwaters and more stable watershed outlet in Spring Park Creek (Figure 5.8b and
d). We had expected to observe more consistent longitudinal patterns in the balance
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of physical and biological processes than we did, meaning that we expected the two
headwater sites to vary in the magnitude of fluxes, but not the seasonal patterns in
the respiration/transport ratio, etc. We assumed, as studies have suggested, that
network position was a key driver of carbon flux dynamics and thus we expected
sites in similar network positions to have the same seasonal patterns.
Our cross-watershed comparison highlights the fact that this assumption was
incorrect. The two headwater sites (and the two watershed outlet sites) do share
similarities in the general seasonal trends in metabolism rates and physical carbon
fluxes, but they vary strongly in the balance of these processes.
We hypothesize that the configuration of riparian areas (e.g. carbon source areas) in Stringer and Spring Park may drive the longitudinal/network differences we
observed in the carbon dynamics between these two watersheds. As we noted earlier
when discussing the cumulative carbon yields from Stringer and Spring Park (Figure
5.9), the cumulative carbon yield increased over the stream network in Spring Park,
and decreased over the stream network in Stringer Creek. There are two potential
mechanisms that can generate a decreasing carbon yield over the stream network.
There could either be (1) increasing biological consumption of carbon, or there could
be (2) decreasing riparian contributions lower in the catchment (or some combination
of both). In contrast, increasing carbon yields over the network can be generated by
the two opposite mechanisms: (1) decreasing biological consumption of carbon, or
(2) increasing riparian contributions over the stream network.
As described in the site description, the two watersheds vary not only in the total
amount of riparian area, but also in the configuration of riparian areas within each
catchment. In Stringer Creek, the percent riparian area increases from 1.4% in the
headwaters to 3% at the catchment outlet, such that there are proportionally more
riparian contributions at the watershed-outlet scale than in the headwaters (Pacific
et al., 2010). In Spring Park Creek, the greatest fraction of the riparian areas is
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located in the headwaters (Figure 5.1), leading to lower percent riparian area values
at the outlet relative to the headwaters (Figure 5.1).
With this description of the Stringer Creek and Spring Park Creek riparian areas
in mind, we can begin to eliminate the potential mechanisms that could explain the
trends in cumulative carbon yield. The increasing carbon yield in Spring Park (Figure
5.9) cannot be explained by increasing riparian contributions lower in the catchment,
because as we described, the relative percent riparian area decreases over the SPC
stream network. Therefore the increasing carbon yield was likely due to changes
(e.g. reductions) in the magnitude of biological processing at the watershed/network
scale.
In contrast, in Stringer Creek, we observed a decreasing carbon yield from the
headwater sites to the watershed outlet (Figure 5.9). We can eliminate decreasing
riparian contributions as the driver of this trend, because Stringer Creek has a relatively higher percent of riparian area in at the watershed outlet scale compared to
the headwaters. This suggests that the decreasing cumulative carbon yield is likely
due to increases in biological processing over the stream network.
The potential role of biological processes in driving the cumulative yield patterns
in both Spring Park and Stringer Creek is supported by the spatial patterns in the
respiration/transport ratio (i.e. the degree of biological control). At the headwaters
of Stringer Creek, we observed a low ratio of respiration/transport („0.4) that was
stable over the growing season, which suggests that physical processes dominated
in the headwaters. The respiration/transport ratio at the Stringer outlet was much
higher and increased from „0.4 to 1 by the end of the summer, suggesting relatively
equal amounts of biological processing and physical carbon transport. This shift in
the respiration/transport ratio over the stream network demonstrates the increased
magnitude of biological processes over the stream network, potentially in response
to the elevated riparian contributions lower in the watershed. We hypothesize that
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enhanced biological processing at the network or headwater scale can occur in response to local riparian contributions of labile carbon substrates, which suggests
that catchment morphology may be an important driver of the spatial patterns of
carbon cycling within a river network. The relative importance of local-scale drivers
(Wiley et al., 1990) vs. larger-scale drivers like network position (Vannote et al.,
1980) on aquatic processes has been debated in the literature for a number of years.
We suggest that our results provide a new data point in this ongoing conversation
and highlight the important role of watershed morphology and source area configuration as a potentially important variable to incorporate into our conceptual models
of carbon flux and transport.
In Spring Park, we observed the opposite trends in carbon yield and respiration/transport ratio. The respiration/transport ratio at the headwaters was generally
higher than the outlet ratio, and the percent riparian area was highest in the headwaters and decreased over the stream network. This confirms the idea that reduced
biological processing over the stream network could lead to increasing cumulative
carbon yields in Spring Park.
We also emphasize that if the spatial patterns of respiration were considered as
areal rates, we might come to the conclusion that the outlets were more reactive than
the headwaters (because they had higher rates, Figure 5.4). However, it is critically
important to put these rates into a mass balance framework so they can be compared
with other physical mass flux processes. The headwaters of Spring Park may have had
lower rates of metabolism than the Spring Park outlet, but relative to the physical
fluxes through that reach, the biological fluxes were more comparable. Despite high
rates of respiration at the outlet, the physical mass fluxes were much greater than
the respiration fluxes, leading to greater degrees of physical flux dominance.
These results suggest that watershed form (e.g. riparian extent and configuration)
has the potential to shape the productivity and metabolic state of local aquatic
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communities and subsequently the magnitude of nutrient retention, which in turn
can further modulate the solute dynamics that we observe at the catchment level.
This is a novel finding, because previous paradigms in fluvial carbon cycling have
identified/focused on terrestrial source area mobilization and flowpath variation as
the primary driver of aquatic carbon dynamics. Here we demonstrate the spatially
and temporally dynamic role of the biological community can play in mediating
watershed carbon dynamics.
5.4.3

Influence of respiration on CO2 evasion and DOC flux

Because respiration was a significant carbon mass flux across all four study sites, we
sought to quantify the importance of respiration as a source of CO2 for evasion and
downstream DIC transport, and to determine the role of respiration in mediating
observed DOC flux dynamics.
It is important to understand whether the CO2 evasion observed from streams
is primarily a transport process for terrestrially produced CO2 or whether it represents an in-situ biologically mediated conversion of organic matter into inorganic
CO2 . This will determine how CO2 evasion and downstream DIC flux might respond to natural and anthropogenic dynamics and disturbances such as variation
in precipitation regimes (wet and dry years), land-use change, and global climate
change.
In Stringer Creek, respiration mass fluxes were equivalent to 35-45% of the CO2
being evaded from the stream (Figure 5.11). When we compared the respiration
fluxes to the magnitude of both CO2 evasion and downstream DIC transport, respiration fluxes were equivalent to 22-30% of combined vertical and horizontal CO2
fluxes. This indicates that metabolism and respiration fluxes were large enough to
supply „40% of the CO2 emissions from Stringer Creek, and „25% of combined CO2
evasion and downstream DIC fluxes. Furthermore, this means that terrestrially pro164

duced CO2 must be the most dominant source of carbon being evaded from Stringer
Creek.
In contrast, in the higher carbon Spring Park Creek, we determined that the
CO2 produced from in-stream respiration was equivalent to 60-100% of the CO2
evasions from the stream (Figure 5.11) and 45-70% of combined CO2 evasion and
downstream DIC flux. This suggests that at the end of the summer, the magnitude
of microbially-mediated respiration fluxes was nearly equivalent to the total amount
of CO2 outgassed from the stream surface and could supply 70% of the combined
horizontal and vertical CO2 flux from the system. Throughout the growing season
in Spring Park (and particularly at the end of the summer), in-stream respiration
fluxes were large enough to account for the majority of CO2 fluxes out of the system,
suggesting that terrestrial CO2 sources could play a less prominent role than in
Stringer Creek.
The potential of the biological community to fuel CO2 evasion and downstream
CO2 transport has significant implications for regional and global-scale carbon cycle
models and budgets. The results of this study suggest that in some headwater
streams, respiration is an important driver of the magnitude of CO2 evasion (Figure
5.11). Previous studies suggested that the relative importance of respiration for CO2
flux may vary longitudinally across the river network (Hotchkiss et al., 2015). Here
we demonstrated that the relative role of respiration in supplying CO2 flux varied
strongly across 2 headwater stream reaches that appear similar based upon their
network position, but that differ in their ambient carbon availability and respiration
rates (Figure 5.11). In addition to this inter-watershed variability, the potential for
respiration to supply CO2 for atmospheric evasion can also vary seasonally, with
some periods of the year dominated by terrestrial or groundwater CO2 and others
supplied by CO2 produced in-situ. It is clear that a more systematic understanding
of when and where respiration can act as a driver of CO2 evasion is needed. In
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particular, we suggest that identification and understanding of additional variables
(beyond network position) that may mediate the influence of respiration is critical.
The contrasting temporal patterns observed in the theoretical DOC flux and CO2
flux fraction time series in the Spring Park headwaters also highlight an interesting
asynchrony between periods of biological control over organic and inorganic carbon
dynamics. In Spring Park, respiration appeared to have the greatest influence on
DOC flux dynamics in the early growing season period, when metabolism rates were
highest and respiration could convert the largest amount of carbon from dissolved
organic carbon into CO2 (Figure 5.10b).
The early season biological influence over DOC dynamics stands in contrast to
the temporal dynamics observed in the CO2 flux fraction, which increased over the
summer growing season. Over the summer, the magnitudes of respiration fluxes and
CO2 evasion (and downstream DIC transport) became more balanced (Figure 5.11).
As such, respiration had the potential to be an increasingly important source of
CO2 , and thus exert a greater influence over vertical and horizontal inorganic carbon
fluxes later in the summer. The increasing importance of respiration CO2 could be
due to reduced groundwater or terrestrial CO2 inputs later in the summer, such that
CO2 produced from respiration became the more dominant CO2 source. The CO2
flux fraction demonstrates that respiration had the greatest potential influence on
horizontal and vertical CO2 evasion later in the summer as it became a relatively
more important/larger source of carbon.
These results suggest that in the headwaters of Spring Park Creek, the biological community had the greatest degree of biological influence over organic carbon
dynamics early in the summer and the greatest degree of biological influence over
inorganic carbon dynamics (CO2 evasion and DIC transport) later in the summer
(Figure 5.8 and 5.11). This temporal asynchrony in periods of biological control of
inorganic and organic carbon dynamics is an additional level of complexity to build
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into our models of carbon processing and transport. It is crucial to consider that although respiration is the key process converting organic to inorganic carbon, changes
in the relative magnitude of other DOC or CO2 sources may shift how influential
respiration processes are for either DOC or CO2 flux.
Even when biological processes were not the dominant carbon flux, they still
played a substantial role in mediating DOC export. As the theoretical DOC fluxes
from all four sites demonstrate, without ecosystem respiration effectively reducing
the amount of DOC and converting it to CO2 , DOC fluxes could have been between
40-100% higher than we observed (Figure 5.10). The greatest increases in DOC flux
(in response to reduced respiration) would occur during periods of the year when
respiration was highest, which varied across sites. In the Spring Park headwaters,
the greatest increase in DOC flux would occur in the early season period (when
respiration rates were highest), which would further enhance the high level of physical
DOC flux early in the season. The watershed outlet of Spring Park would show the
greatest increases in DOC flux at the end of the summer growing season (when
respiration was highest), which would increase late season fluxes and potentially
lead a more muted seasonal decrease in DOC flux over the study period.
This differential respiration response at the headwaters and outlets could create spatially asynchronous concentration dynamics across the river network, where
stream reaches higher in the network would have more pronounced pulses of carbon
early on the hydrograph immediately following snowmelt, while streams lower in
the network would display more chemostatic concentration time series (Creed et al.,
2015) as a result of the reduced DOC consumption later in the season. While it
is unlikely that respiration would completely “turn off” and stop converting DOC
to CO2 , it is clear that any changes in the magnitude of respiration in response to
warming streamwater temperatures or changing terrestrial solute delivery could have
impacts on the amount of DOC and CO2 being transported out of the catchment.
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We utilized a novel approach when we compared the theoretical and observed
DOC fluxes with the magnitude of the measured carbon uptake fluxes to assess
whether uptake kinetics could provide a process-based link between DOC flux and
respiration. Across all four site, we observed substantially higher carbon uptake
fluxes than both DOC fluxes and respiration fluxes (Figure 5.10). In particular we
observed the highest carbon uptake rates and carbon uptake fluxes in Spring Park.
The elevated carbon uptake yields across all four sites suggests that there are either
significant non-respiratory fates for carbon (e.g. growth), or that our measured
uptake fluxes are artificially high because of 1) high tracer lability or because 2)
we are attributing carbon loss by other physical processes (e.g. photo-oxidation,
sorption) to biological uptake, and thus overestimating the magnitude of carbon
uptake.
While we recognize that the total magnitude of our measured uptake fluxes appear
to be high (relative to measured respiration or DOC fluxes), we suggest that the
cross-site comparisons of uptake fluxes are valid because the magnitude or direction
of those potential confounding processes would be relatively constant across the two
watersheds. Both Stringer and Spring Park Creek are shallow streams in high light
environments, so the potential for photo-oxidation to influence our measured uptake
rates could be an important process to assess at these sites citepCory2015. However
both watersheds have the same predominate south-facing aspect, so the effect of light
would be constant across the two systems and would not explain differences in carbon
uptake observed between the high and low carbon system. It is also possible that
the lability of our carbon tracer (acetate) could lead to systematic overestimation of
carbon uptake rates and kinetics. This would mean that actual carbon uptake yield
would be lower across all four of the study sites. However, issues of tracer lability
would not likely impact comparisons between uptake fluxes in Stringer and Spring
Park because the same tracer was used to measure uptake rates in both watersheds.
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While a direct quantitative link between the magnitude of carbon taken up and
the magnitude of respiration fluxes observed was not possible, we sought to compare
uptake and respiration because kinetics are one potential mechanism to explain the
relationship between elevated substrate availability and higher carbon uptake and
respiration. The elevated uptake and respiration (and subsequently greater degree
of biological control over carbon dynamics) in Spring Park could be theoretically
explained purely by substrate kinetics. In response to higher ambient substrate
availability, the biological community takes up and consumes more carbon than the
community in the low carbon watershed. We propose that substrate kinetics is one
potential mechanism by which systems with elevated substrate availability could
exhibit enhanced carbon processing rates.
Improved understanding of carbon uptake kinetics and the limitation status of
streams is also useful for interpreting how physical and biological fluxes may change
in the future. For example, our study of carbon and nitrogen uptake rates in Stringer
Creek and Spring Park Creek (Chapter 2) determined that Stringer showed stronger
co-limitation by carbon and nitrogen, whereas Spring Park Creek was limited by
carbon alone. This suggests that in the headwaters of Spring Park Creek (where we
observed the greatest degree of biological influence on organic and inorganic carbon
fluxes), respiration could be further increased by enhanced carbon availability, thus
exerting an even greater influence on carbon dynamics. In contrast, in Stringer
Creek, changes in the magnitude of biological fluxes would likely require increased
availability of both carbon and nitrogen.
5.4.4

Integrating empirical assessments of carbon cycling in headwater streams with
conceptual models of carbon transport and processing

In both watersheds, there were times of the year and locations in the stream networks where the magnitude of biological fluxes were equal to or exceeded physical
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fluxes. This suggests that across high and low carbon systems, the biological community has the capacity to mediate carbon dynamics. Our results also confirm that
ambient carbon availability and network position can be important determinants of
the balance of physical and biological processes.
The Stringer Creek outlet site showed the greatest degree of biological influence
on C fluxes toward the end of the summer growing season when discharge was lowest.
Periods of low discharge were also characterized by longer in-stream network residence times, which were shown to increase dramatically over the summer at TCEF
(Seybold and McGlynn in review ). These findings align with the “pulse-shunt” concept described by Raymond et al. Raymond et al. (2016) which sought to reconcile
observations of high flux during peak flows and high reactivity during periods of
low flow. Our observed early season physical flux dominance combined with the
higher respiration/transport ratio at the end of the summer support the idea that
the stream network can functions as an “active pipe” during periods of low flow/high
residence time and a more “passive pipe” during periods of high flow/low residence
time (Raymond et al., 2016).
The temporal trends in respiration and downstream transport in the Spring Park
headwaters (the high carbon watershed) suggest an alternative view of reactivity in
stream networks. Unlike Stringer Creek, the period of greatest biological influence
occurred early in the summer growing season, during a period when discharge was
high and residence time was relatively low. This suggests that unlike the pulseshunt concept, the Spring Park headwaters function as an “active pipe” during high
flow periods and a more “passive pipe” later in the summer (although it remains
biologically active throughout the summer). This challenges the paradigm that hypothesizes that contact time is the key variable for explaining in-situ processing of
organic matter or other solutes (Kothawala et al., 2015; Ågren et al., 2014; Raymond
et al., 2016), and suggests that residence time is not necessarily the main driver of re170

activity in headwater stream networks. Interestingly, this alternate concept is further
supported by findings from Seybold and McGlynn that determined the seasonality
of carbon and nitrogen uptake rates and kinetics in Stringer Creek and Spring Park
Creek were more strongly correlated with substrate availability rather than residence
time (Chapter 1, in review ).
We hypothesize that carbon lability could explain why residence time was not
always a primary driver of reactivity, and why we observed early season biological
influence on fluxes in the Spring Park headwaters (rather than late season controls
like the Stringer Creek outlet). Many studies have identified carbon lability as a
key control on the magnitude of respiration rates (Farjalla et al., 2009), and have
demonstrated that DOC lability varies systematically across different source areas.
In studies from boreal regions, wetland DOC has been found to be more recalcitrant, while DOC flushed from forested uplands has been shown to be more labile
and capable of supporting higher bacterial respiration rates (Berggren et al., 2007,
2009; Agren et al., 2008). In many snowmelt-dominated catchments, hydrologic
connectivity with these different source areas varies over the year, with the highest
amount of upland connectivity immediately following snowmelt (Jencso and McGlynn, 2011; Pacific et al., 2010). Across both of our headwater sites, we observed the
highest rates of metabolism and respiration immediately following snowmelt (Figure
5.4). We hypothesize that the lability of substrates during that time likely promoted
higher respiration early in the season despite short residence times. This in turn promoted greater degrees of biological influence (in the case of Spring Park). We posit
that carbon substrate lability and residence time are interacting drivers of carbon
dynamics, and that the primacy of these two potential drivers may change between
systems and across network positions.
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5.5 Conclusions
This study represents a new fusion of ecological and hydrologic perspectives on carbon dynamics in stream networks. Rarely have studies utilized empirically-based
measurements to compare the relative importance of biological and physical processes for mediating the carbon dynamics observed at the reach and catchment scales.
Studies typically focus on measuring metabolism and nutrient uptake at the reach
scale to understand biological processes, or focus on measuring watershed scale fluxes
to understand catchment scale hydrologic drivers. Here we sought to integrate the
perspectives and methodologies from ecosystem ecology and aquatic biogeochemistry
with those of catchment hydrology to conduct a comprehensive study of carbon dynamics in 2 contrasting headwater catchments and across network positions. As a
result of this integrated eco-hydrologic approach, we learned that:
Headwater stream networks showed spatial variation in (1) the balance of physical
and biological fluxes and (2) the degree of biological control over carbon cycling, but
the spatial variation was not explained by simple longitudinal shifts as suggested
by recent studies. We also found that local-scale variables (like carbon source area
configuration) may be more important drivers of biological processes and respiration
than longitudinal network structure.
The balance of physical/biological processes can be shaped by the ambient carbon
regime of the system. We observed a greater degree of biological control in the high
C headwater site than in the low C headwater site.
Respiration can significantly alter the magnitude of (1) DOC fluxes and (2) CO2
evasion and downstream DIC transport. In some systems and/or during some periods
of the year, respiration can be an important source for CO2 evasion. We also observed
temporal asynchrony in the periods of the summer when biological processes were
more influential for organic and inorganic carbon cycling.
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Carbon and nitrogen dynamics at the reach and watershed outlet scale are a
synthesis of both physical and biological influences. The relative degree of control
that each may exert on the solute dynamics that we observe in a water sample will
vary spatio-temporally.
Our results confirm, but also challenge, certain aspects of current conceptual
models of DOC transport in river networks (Raymond et al., 2016; Kothawala et al.,
2015) that emphasize carbon transport without assessing in-situ reach scale respiration rates. We believe that the lack of agreement between our study and more
model-based assessment of carbon cycling in streams highlights where our conceptual modeling frameworks can be improved. Confronting conceptual models of how
stream networks transform and transport solutes is necessary for improving model
performance and realism.
Methodologically, this study demonstrates the value of utilizing paired watershed
comparisons. We may have come to a very different conclusion about the spatial
patterns in bio-physical watershed fluxes had we only instrumented one watershed,
or two near replicate systems, and not had investigated the influence of ambient carbon availability on metabolic rates and fluxes. Additionally, it highlights the value
of using a temporally-distributed monitoring framework. Snapshot approaches to
measuring metabolism or carbon fluxes would have completely missed the intense
seasonality in physical and biological carbon fluxes. The seasonality of these processes was indeed one of the key characteristics of all four study sites. This finding
also points out an important modification that conceptual models of carbon cycling
must incorporate. Most of our sites (3 out of 4) showed seasonal variation in the
balance of physical and biological processes. Therefore it is clear that simply classifying a system as either physically or biologically mediated will almost certainly
miss important temporal dynamics or trade-offs in these processes.
We propose that this eco-hydrologic approach should be implemented in other
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systems, and its utility for better understanding carbon dynamics (and other solutes
of interest) should be tested. We suggest that integrating the rich fields of hydrology
and ecosystem ecology will lead to more robust understanding of the interaction
between biological processes and physical hydrologic processes from the reach to
watershed scale.
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6
Conclusions

The goal of this dissertation was to assess the hydrologic, ecological, and biogeochemical processes that influence carbon and nitrogen concentrations and fluxes in
headwater stream, and determine how and why they vary within a stream network
and across watersheds. Each chapter presented built upon the preceding chapter to
provide a more complete understanding of how hydrologic characteristics and landscape morphology can shape biological demand, and how biological retention in turn
influences carbon and nitrogen fluxes. These chapters demonstrated that:
1. Temporal trends in C and N uptake kinetics were driven by declining C and N
substrate availability, not solute residence time, and coincided with decreases
in ecosystem metabolism (NEP and ER) rates.
2. Substrate availability (in particular C concentrations) and metabolism rates
were important drivers of inter-watershed differences in C and N uptake and
coupling. Single-element C and N uptake were highest in the high carbon
watershed, but showed signs of weaker coupled dynamics. Single-element C
and N uptake rates were lower in the low carbon watershed, but showed signs
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of stronger C-N coupling and co-limitation.
3. Headwater streams displayed inter-watershed and network position related differences in the balance of physical and biological fluxes of C and N, and the
degree of biological influence on carbon fluxes. Local-scale variables (such as
carbon source area configuration) may be more important than longitudinal
network position in determining the balance of physical and biological processes. Across sites and times of, year we determined that respiration can
significantly alter DOC fluxes and CO2 evasion and subsequently downstream
transport.
The combined findings from this dissertation confirm the temporally dynamic and
biogeochemically reactive nature of headwater stream networks, and provide insight
into 1) what hydrologic variables influence the magnitude of biological demand and
retention and 2) when, where, and how the biological community is influential in
mediating catchment level export. These findings allow us to hypothesize how these
systems might respond to future changes in runoff processes and solute loading from
the terrestrial landscape.
These results also help reconcile contrasting paradigms of headwater stream function that view streams as either biogeochemical reactors imparting an aquatic signal
on streamwater chemistry or passive pipes that integrate a terrestrial landscape signal. These findings show that it is not a simple matter of being one or the other, but
instead stream can traverse this continuum over time and space. Even when physical
fluxes are the predominant flux, biological processes can still exert substantial influence, thus every sample of water that one observes is an amalgamation of physical
and biological signals.
In summary, this research brings together two disparate lines of thought from
the ecological and hydrologic communities and builds upon the foundational work
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accomplished in each field to 1) describe a process-based assessment of carbon and
nitrogen dynamics in headwater streams and 2) present a new view of headwater
stream biogeochemical and ecological function.
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Appendix A
Incorporating hydrologic measurements of
groundwater-surface water exchange into whole
stream metabolism estimates

A.1 Introduction
Carbon is the energetic currency of aquatic ecosystems, and ecosystem metabolism is
the first-order biological control on carbon, and therefore energy, cycling in aquatic
systems (Battin et al., 2008; Birkel et al., 2013). Ecosystem metabolism is the suite
of biotically mediated processes that cycle energy and macronutrients between organic and inorganic forms. Thus the degree of organic matter processing, retention,
or transport depends upon the balance of these processes (Roberts et al., 2007). The
net ecosystem productivity (NEP) of the stream is the sum of these metabolic processes, and is determined by the balance of autotrophic production (organic carbon
production, i.e. gross primary production (GPP)) and heterotrophic respiration (organic carbon consumption, i.e. ecosystem respiration (ER)). The distinction between
net heterotrophy and autotrophy is a key ecosystem metric, and describes the degree
to which the aquatic food web is based on autochthonous production or is subsi178

dized by allochthonous energy produced in the terrestrial landscape. Therefore, net
ecosystem productivity is an integrated community level metric that has ecological
as well as biogeochemical significance.
Although stream metabolism is a set of biologically mediated processes, they are
strongly influenced by, and coupled to, physical processes occurring in the stream
such as reaeration (or evasion), downstream transport, and hydrologic exchange between surface water and groundwater (figure A.1). Estimates of NEP must account
for these physical processes to isolate the purely biological signal. While correcting
NEP estimates for reaeration has been a standard approach in studies of stream
metabolism, incorporation of other hydrologically mediated processes has been minimal despite their potential impact on NEP estimates (but see McCutchan et al.
2002; Hall and Tank 2005).
The net ecosystem productivity (NEP) of the stream system is inherently tied
to the net ecosystem exchange (NEE) of the system, which is defined as NEP plus
sources or sinks of CO2 that do not involve conversion to or from organic C (Lovett
et al., 2006). The net ecosystem exchange describes the total net CO2 exchange
between an ecosystem and the atmosphere; positive NEE values indicate that the
ecosystem is a net source of CO2 to the atmosphere. These net emissions of CO2 to
the atmosphere are in part fueled by aquatic metabolism and respiration of organic
carbon of either terrestrial or aquatic origin. Many studies have shown that inland
waters play an important role in global carbon cycle by transforming and transporting carbon, to both downstream ecosystems and to the atmosphere (Cole et al.,
2007; Battin et al., 2009; Raymond et al., 2013). A recent study of streams and rivers
across the United States found that, on average, 28% of aquatic CO2 emissions were
directly fueled by aquatic metabolism and organic matter decomposition (Hotchkiss
et al., 2015). This suggests a significant biotic driver of this carbon cycle component, and a strong coupling between net ecosystem productivity and net ecosystem
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Figure A.1: Conceptual figure of the physical (shown in blue) and biological (shown
in green) processes that influence the mass balance of oxygen in the stream. The
dynamic footprint of the 1-station approach is contrasted with the fixed footprint of
2-station methods.
exchange.
Despite its importance as a key descriptor of the energetic state of the stream
community, the empirical methods for measuring metabolism in situ at the ecosystem level have changed little since their original conception in the 1950s (Odum,
1956; Staehr et al., 2012). Single station (1-station) and dual-station (2-station)
methods are widely used, with 2-station approaches often being viewed as the preferred method. Although there have been some modifications to these methods
over the years (e.g. Marzolf et al. 1994; Young and Huryn 1998; McCutchan et al.
2002; Hall and Tank 2005; Demars et al. 2011), the conceptual framework for both
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1 and 2-station methods has remained the same since Odum’s initial studies that
pioneered this method in the Florida Springs (Staehr et al., 2012). In contrast, there
have been methodological advancements associated with model-based approaches to
metabolism estimates (Holtgrieve et al., 2010; Hall et al., 2015; Birkel et al., 2013).
While valuable, these approaches have their own set of strengths and limitations,
and as of now are less widely utilized than purely empirical methods. Advancements
in in-situ monitoring techniques including high-frequency oxygen sensors have increased the temporal and spatial scale of oxygen measurements, but our empirically
based methods have largely not kept pace with these technical advances.
Empirically-based metabolism methods to date have also failed to fully incorporate the wealth of hydrologic information and hydrologic perspectives that could
strengthen existing methodologies. In particular, the lack of a full correction for the
influence of groundwater gains and losses on metabolism estimates is a glaring deficiency. The hydrologic community has identified that streams exchange groundwater
dynamically, with water being simultaneously gained and lost to local and regional
groundwater systems (Covino and McGlynn, 2007; Payn et al., 2009, 2012). Gross
gains and losses of water represent additions or losses of water (and solutes) on a
much longer temporal and larger spatial scale than transient hyporheic exchange.
These represent significant losses or gains of mass that can invalidate mass balance
approaches if uncorrected for. Although one method exists for a groundwater gain
correction in the 2-station framework (McCutchan et al., 2002; Hall and Tank, 2005),
it is vital to account for the full hydrologic turnover that occurs within a reach.
Both the traditional 1 and 2-station methods have benefits and limitations that
make them more or less applicable/ideal in certain situations. We suggest that some
of these limitations could potentially be minimized with a conceptual update of standard metabolism methods. We provide a brief overview of the existing metabolism
methods, highlight some of their strengths and limitations, and discuss a reconcep181

Table A.1: Strengths and limitations of the 1 and 2-station methods.

Footprint
Connectedness of
stations

1 station
Implicit/unstated, dynamic
footprint
Assume stream experiences
simultaneous cycles of DO
(+/-)

GW exchange

Assume physical
homogeneity over reach
(+/-)
No correction for
hydrologic exchange (-)

Hydrologic
transport

No transport (-)

Homogeneity

2 station
Explicit, pre-determined
footprint
Assumes upstream and
downstream stations
sampled the same parcel of
water (-)
Assumes homogeneity of
GW concentrations, not of
evasion or GW flux
May account for GW gains
(+)
Incorporates transport via
mean velocity (+)

tualization of the 1-station approach, combining the strengths of current methods to
provide for improved, flexible, and robust metabolism estimates.

A.2 Background
Ecosystem-level metabolism studies in the stream ecology literature are typically
conducted using either 1-station or 2-station approaches. At their most basic level,
both methods use the change in dissolved oxygen (over time or in space) to estimate
net consumption or production of DO, which is indicative of new production or
consumption of biomass. We assessed the strengths and limitations of each method
(table 1) and compare how each method assesses and/or addresses: 1) the footprint
over which metabolism measurements are scaled, 2) the sensitivity of the method to
discharge, 3) the ability to correct NEP for groundwater (GW) gains and losses.
1-station methods (temporal change in DO): The 1-station method used today is
conceptually similar to the original method used in coral reefs in the late 1940s (Sargent and Austin, 1949) and in freshwaters by Odum in 1956 (Odum, 1956). 1-station
approaches use a diel time series of oxygen from a single station (at a discrete, un182

changing spatial location) to calculate the change in oxygen concentration over time
(figure A.1, eqn. (A.1)). The change in concentration over the time step (∆DO, mg
L´1 ) is corrected for O2 losses by evasion (which are the product of the reaeration coefficient (k, min´1 ) and the DO saturation deficit, which is calculated as the difference
between the saturation concentration (DOsat , mg L´1 ) and the measured/observed
concentration (DOmeas , mg L´1 )), which results in an NEP estimate (eqn. (A.1),
Odum 1956; Bott et al. 2006a). A net decrease in oxygen indicates that consumption by respiration is greater than primary production over that time step (negative
NEP), and a net increase in oxygen indicates that production by primary production
is greater than respiration over that time step (positive NEP). In traditional methods, NEP can be calculated as a concentration based rate (mg L´1 , equation (A.1)),
or as an areal rate (mg m´2 time´1 , equation (A.2)) when normalized by stream
depth (z, m).

´

¯

N EP “ ∆DO ´ k DOsat ´ DOmeas.

¯¯
´
´
N EP “ z ∆DO ´ k DOsat ´ DOmeas.

(A.1)

(A.2)

This approach treats metabolism as a 1-dimensional process in the vertical direction (i.e. depth) and doesn’t explicitly incorporate any downstream transport or
spatial footprint. In theory the method does have an implicit spatial footprint, but it
is unstated. This unstated footprint is dynamic in time and gets larger (i.e. longer)
at high velocities, and shorter under low velocities, although to our knowledge no
studies have ever precisely tried to estimate the footprint of traditional 1-station
methods.
Although studies have not explicitly considered the implicit footprint of traditional 1-station methods, it is possible to derive its approximation. Essentially, the
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volume term (Q, m3 ) in the denominator of equation (A.3) represents the product
of the stream cross-sectional area (a) and velocity (V , Q “ aV ); when normalized
by depth this becomes a width and a velocity, and the product of this is then scaled
to the time step and becomes a length (equation (A.3)).

N EP

´
´ mg ¯
“
N
EP
m3 ˚ dt
pm2 ˚

¯
´ mg ¯
mg
˚depthpmq
“
N
EP
(A.3)
m
˚ secq ˚ dt
m2 ˚ dt
sec

This width and length then represent the footprint for a given time step at a
given velocity. This can be viewed as a geometric approximation of the measurement
footprint that is based on a geometrically derived velocity (also referred to here as a
geometric velocity). This footprint changes with varying discharge, and from here on
is referred to as the geometric velocity (GV) footprint. The geometric velocity used
in this approach is not equivalent to a solute velocity, which is more representative
of the velocity that dissolved oxygen molecules experience in the stream. We have
shown that although it is possible to derive the geometric velocity (GV) footprint,
it is not used explicitly in 1-station studies to convert to areal rates or to scale other
physical variables (e.g. groundwater gains or losses).
Current 1-station methods have several other key limitations. Because the 1station method is not spatially explicit, incorporating groundwater fluxes would be
challenging. As such, groundwater corrections developed for 2-station approaches
have not been widely implemented within a 1-station framework. Additionally, current 1-station methods are insensitive to discharge. Streamflow volume is not directly
incorporated into the NEP estimate, and instead depth (z) is used as a proxy for
discharge. Thus, 1-station approaches inherently assume that over the footprint of
the sensor, the stream is experiencing simultaneous diel cycles of DO, and that physical parameters (like reaeration) are homogeneous. Although there are limitations
to standard 1-station approaches, there are also significant strengths.
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One strength of the 1-station method is that it is a flexible framework: it only
requires one station. While the unstated nature of the footprint is a limitation, its
dynamic nature is a benefit. It can expand or contract with flow state, whereas
2-station approaches are fixed in space. We propose that if the unstated, implicit
footprint of the traditional 1-station framework is made explicit the 1-station method
could be improved significantly.
2-station methods (spatial change in DO): Current 2-station methods are conceptually similar to 1-station methods, but instead calculate the change in oxygen over
a static footprint between an upstream and downstream station (at fixed locations,
figure A.1) and offset by the advective velocity based travel time of the reach. One
major benefit of the 2-station approach is that NEP estimates can be adjusted for
the effect of GW gains (McCutchan et al., 2002; Hall and Tank, 2005), which are
accounted for by subtracting the product of a groundwater velocity ( QGW
, m sec´1 )
A
and a concentration differential between surface and groundwater (CGW -CST R ), mg
L´1 , equation (A.4)):

´
´
¯¯ ´
¯´ Q ¯
GW
N EP “ z ∆DO ´ k DOsat ´ DOmeas. ´ CGW ´ CST R
A

(A.4)

The 2-station approach is more spatially explicit than the traditional 1-station
approach because it incorporates hydrologic transport and considers the change in
concentration of a parcel of water as it travels over the stream reach. Despite this
added spatial dimension, it still calculates NEP by using depth is used as a proxy for
discharge. Because discharge is never directly incorporated in the NEP calculation,
NEP estimates are based on concentration, not on a mass basis. Although 2-station
approaches could theoretically take advantage of a mass balance approach, most
studies do not perform a full mass balance. Thus, 2-station approaches have the
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same insensitivity to discharge as do 1-station approaches, and an added insensitivity
for the GW gain correction term in equation (A.4), which we will discuss in more
detail later.
One drawback to the current 2-station framework is its inconsistent footprint
application. As discussed relative to equation 3, the 2-station approach uses a 1D
model of metabolism to convert from concentration-based rates to areal rates. It
relies on the geometric velocity footprint to calculate areal rates. However, the GW
correction term uses the fixed reach length and width to estimate the streambed area
and scale GW inflows. The geometric velocity (GV) footprint is dynamic in time
(as discussed), and is dependent on the speed of downstream transport. Therefore it
will not always coincide with the size/area of the fixed 2-station reach. This means
that the spatial extent that is being used to calculate an areal rate in the 2 terms in
equation (A.4) are not the same, and could essentially over or under-emphasize the
influence of GW, leading to inconsistencies in NEP estimates.
One stated benefit of the 2-station approach is that it is not predicated on spatial
stream homogeneity over the study reach. In most studies, evasion and groundwater gains are measured over the same upstream-downstream reach. The thought is
that since the empirical measurements of evasion and hydrologic gains are co-located
within the metabolism reach, the experimental measurements of these physical parameters should capture the heterogeneity of the system. However, Demars et al.
Demars et al. (2011) uses simple examples to show that this claim is not valid. They
demonstrate that due to heterogeneity within the 2 station reach, it is possible to
obtain positive NEP estimates (indicative of autotrophy) during night periods. They
attribute this to the fact that a concentration measurement made by an individual
sensor is the result of fine scale heterogeneity (shading, reaeration, lateral inputs)
whereas reach-scale measurements of reaeration, travel time, depth, etc. are made at
a coarse spatial scale (Demars et al., 2015). Thus the difference in dissolved oxygen
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concentrations between two stations can be driven by local scale heterogeneity (Demars et al., 2015), thus invalidating the claim that 2-station approaches can better
incorporate spatial homogeneity.
Footprint review: As discussed in the previous sections, the 1 and 2-station methods
differ strongly in their treatment of the footprint of the metabolism measurement.
The 1-station method has a dynamic, but implicit, measurement footprint, whereas
the 2-station method has a fixed and explicitly accounted for footprint. Accurate
estimates of the measurement footprint are necessary for areal rate calculations,
which are a crucial tool for comparing metabolism dynamics across aquatic systems
and within a system across flow states. Spatial footprint quantification also allows
for direct comparison of metabolic fluxes and physically-driven fluxes. Therefore, we
suggest that a more robust and explicit examination of the metabolism footprint is
needed.
Ultimately, the measurement footprint is the area of the stream that is contributing to the observed signal. However, neither of the traditional 1 and 2-station
approaches consider the various physical controls on the measurement footprint.
They either do not consider it (1-station) or fix it permanently (2-station). Various
physical and hydrologic processes determine how much of the stream is being integrated by the measurement over a given time step. These include several physical
and geomorphological variables that can constrain how much of the stream network
is being integrated: 1) the physical boundaries of the channel (i.e. channel length),
2) the reaeration distance (turnover of gasses dissolved in the water due to turbulence and atmospheric exchange), and 3) downstream solute transport velocity of the
stream. Together these variables form a hierarchy of influences on the measurement
footprint length. Here, we briefly discuss these 3 controls on the sensor integration
distance/footprint length, and then use them to discuss a proposed approach for
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representing the measurement footprint in 1-station methods.
The first control on the 1-station footprint length is the streambed area, which
is determined by the channel length and width. The measurement footprint cannot exceed the morphological boundaries of the channel, thus this sets a maximum
threshold on the footprint length. The second control is reaeration. Previous 1station methods that have incorporated more spatially explicit footprints assumed
that the turnover length of the reach (3v{k, as presented in Chapra and Di Toro
Chapra and Di Toro (1991)) approximates the effective footprint length. However
this reaeration turnover length represents the maximum reach length or the effective
reset reach length beyond which the original gas dissolved in the parcel of water
has been exchanged with the atmosphere, and the distance beyond which the mass
balance assumptions do not hold. This does not necessarily correspond with the
footprint being measured by a sensor over a given time step and a given streamflow
velocity, but it does present another maximal threshold or limit on footprint lengths.
The final determinant of footprint length is the velocity of downstream transport.
The stream solute velocity allows for approximation of the distance that a measured
parcel of water has traveled from upstream to the sensor over the time step (the area
integrated by a single measurement), which we refer to as the transport footprint. In
cases where the transport footprint is less than the reaeration length and under the
threshold set by the channel boundary, then this is the most direct approximation
of the metabolic footprint length.
The dynamic footprint derivation for 1-station methods presented in equation
(A.3) can be considered a transport footprint, because it uses a geometric velocity (GV) to determine the length of the stream being integrated over a time step.
However geometric approximations of velocity often overestimate velocity because
they do not incorporate exchange with hyporheic or transient storage zones. In contrast, tracer-derived solute velocities, which are often determined experimentally, are
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more representative of the distribution of travel times in the stream. The differences
between the geometric velocity (GV) and a metric of the solute velocity (SV) distribution can be substantial, particularly in systems with high rates of exchange and
transient storage. When integrated over the time step of inquiry, these differences in
velocity manifest themselves as different measurement footprints. To demonstrate
this, we compared the geometric and solute velocity time series from our experimental headwater catchment in Montana (figure A.2). The two velocity time series
result in striking differences in the footprint of the sensor. The geometric velocity
was greater than the solute velocity throughout the growing season, and as such the
geometric velocity (GV) footprint was much longer than the solute velocity (SV)
footprint.
2-station approaches are designed to avoid the highly dynamic nature of the measurement footprint by fixing the integration distance between 2 stationary sensors.
In effect, 2-station methods fix the transport footprint by setting the time step to the
travel time of the reach. However, the fixed distance still must be less than the reaeration length, or the parcel of water will have effectively reset itself. The reaeration
length can vary greatly seasonally and discharge, velocity, and turbulence change.
This means that the reaeration length may be expanding and contracting over time,
but the fixed footprint of typical 2-station methods cannot shift to accommodate
these variable conditions. This makes 2-station methods particularly challenging for
long-term deployments over periods when stream discharge and reach travel times
may vary greatly. Most stream metabolism studies are conducted over short, targeted experimental periods and are not deployed for long term monitoring. However
with the advent of low cost and widely available high-temporal resolution oxygen
sensors, more and more single station monitoring records are being collected.
We suggest that using a temporally dynamic footprint determined by the solute
velocity with a mass balance approach, and correcting for the effect of GW gains
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Figure A.2: a) Comparison of the tracer-derived solute velocity time series (SV,
red) and the geometric velocity (GV, blue). These differences in velocity lead to
substantial differences in the transport footprint of the sensor (b). Given a fixed
time step, the solute velocity (SV) footprint is much shorter than the geometric
velocity footprint.

and losses would significantly improve the 1-station metabolism method, and would
combine the benefits of both methods while minimizing the limitations within a
flexible and robust framework.
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A.3 Methods
A.3.1

1-station metabolism mass balance approach with dynamic footprint and hydrologic gain and loss correction

Overview
Net ecosystem productivity is derived from changes in oxygen in the stream over
time. Photosynthesis, respiration, reaeration, and groundwater gains and losses are
all processes that affect the oxygen mass balance by either adding or removing oxygen from the stream. Here, we propose a full mass balance approach to estimate
metabolism. In the absence of reaeration or GW exchange, net ecosystem productivity (sum of GPP and ER) would simply equal the rate of oxygen change over time.
However, the change in oxygen over time that we observe is the net result of physical
and biological processes; In order to isolate the biotic components (GPP and ER),
we must account for the physical processes influencing in-stream oxygen dynamics.
In a mass balance framework, it is important to establish a consistent sign convention. In our framework, biological and physical processes that add oxygen mass
to the stream have a positive sign, and biological and physical processes that remove
oxygen mass from the stream have a negative sign (Table A.2). Photosynthesis consumes CO2 to build biomass and produces O2 , which results in a net addition of
O2 to the stream (+). In contrast, respiration consumes O2 and biomass (organic
C) and produces CO2 , which results in a net removal of O2 from the stream (-).
Evasion/reaeration can result in either fluxes of O2 mass into the stream when the
surface water is subsaturated with respect to the atmosphere (+); or, it can result
in fluxes of O2 mass out of the stream when the surface water is supersatured with
respect to the atmosphere (-). Lastly, groundwater gains enter the stream carrying
oxygen with it, and result in an addition of oxygen mass to the stream (+). In
contrast, groundwater losses decrease the mass of oxygen in the stream (-).
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Table A.2: Processes affecting in-stream oxygen mass balance.
Processes that introduce oxygen (+)
Photosynthesis
Reaeration (sub-saturated conditions)
GW gains

Processes that reduce oxygen (-)
Respiration
Reaeration (super-saturated
conditions)
GW losses

The traditional 1-station metabolism approach assesses NEP based on the change
in oxygen (∆DO) from one time step to the next, with NEP calculated as a concentration based rate (mg L´1 , equation (A.5)), or as an areal rate (mg m´2 time´1 ,
equation (A.6)) when normalized by stream depth (z, m).

´
¯
N EP “ ∆DO ´ k DOsat ´ DOmeas.

(A.5)

´
´
¯¯
N EP “ z ∆DO ´ k DOsat ´ DOmeas.

(A.6)

We propose to modify equation (A.5) and (A.6), and calculate NEP on a mass
balance basis. This proposed approach allows for a more accurate groundwater gain
and loss correction, and for a more realistic spatially explicit footprint. The mass
balance (equation (A.7)) is the sum of the change in oxygen mass over the time step
(∆DOmass ), the evasion flux into or out of the stream (Kf luxmass ), and the net
hydrologic gain (N HGmass ). These terms are described in further detail below.

N EPmass “ ∆DOmass ´ Kf luxmass ´ N HGmass

(A.7)

Components of mass balance
Dynamic measurement footprint: Instead of using a static footprint (as prescribed by
the 2-station method) or an unstated footprint (e.g. traditional 1-station methods),
we calculated the advective footprint of our sensor using a solute-based velocity at
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every time step, so that the integration distance over our time step responded to
variation in discharge and travel time. We used the median solute velocity (m sec´1 )
derived from conservative tracer additions to determine the solute velocity-based
measurement footprint (integration distance, m) using equation (A.8). We used this
reach length and observed streambed width to calculate the stream surface area (m2 ).

int.dist.pmq “ velocity

´m¯
˚ dtpsecq
sec

(A.8)

Delta DO (∆DOmass ): For a traditional one station approach, the change in oxygen (∆DO) is calculated as the change in DO (mg L´1 ) from time ti to time ti´1 .
We converted this change in concentration into a mass (mg) by multiplying by the
discharge (L sec´1 ) and time (dt, sec.) over the sampling interval (equation (A.9)).
Multiplying by the volume (Q, in L sec´1 , scaled by time interval) of the stream over
the sampling interval effectively scales the ∆DO term spatially.

∆DOmass pmgq “ ∆DO

´ mg ¯
L

´ L ¯
˚Q
˚ dtpsecq
sec

(A.9)

Reaeration mass (Kf luxmass ): In order to calculate the mass of DO evaded from
the stream to the atmosphere over the reach, we converted the oxygen exchange
coefficient (kO2 ) from the standard units of min´1 into a spatially explicit metric of
evasion per meter (kO2 ´m , m´1 , (A.10)). We used the median advective velocity (m
sec´1 ) over the reach to convert from min´1 to m´1 . It is relevant to point out that
in the initial calculation of kO2 , we use the travel time to convert a distance-based
metric into a temporal metric, so these two versions of the evasion coefficient (time
vs. space) are interchangeable.

kO2 ´m

´1¯
m

“ kO2

´ 1 ¯
1
˚
m
sec
velocityp sec
q
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(A.10)

With kO2 ´m , in the appropriate units, we then calculate the mass of DO evaded
(Kf luxmass , mg) as the product of the oxygen deficit (mg L´1 ) and the reaeration
coefficient (m), multiplied by discharge (L sec´1 ) and scaled by the time step (dt,
sec.) and the reach length (m) as shown in equation (A.11).

Kf luxmass pmgq “ kO2 ´m

´1¯

´ mg ¯
´ L ¯
˚ DO def icit
˚Q
˚ dtpsecq ˚ int.dist.pmq
m
L
sec
(A.11)

Net hydrologic gain (N HGmass ): The final component of the NEP mass balance
is the net hydrologic mass gain. To calculate the mass of DO gained and lost to
and from GW over the reach and the time step (N HGmass , mg), we multiplied the
hydrologic gain and loss water fluxes (Qgain and Qloss , L sec´1 ) by the concentration
of DO in GW (CGW , mg L´1 ) and surface water (CSW , mg L´1 ) respectively, and
then scaled the mass to the time step (dt, sec.; equation (A.12)).

´
¯
N HGmass pmgq “ pQgain CGW q ´ pQloss CSW q ˚ dtpsecq

(A.12)

DO GW concentration was based on measurements from synoptic groundwater
well surveys at 4 time points throughout the summer to identify a range of GW DO
concentrations (CGW ) in our near stream system. GW DO concentrations were highest in the early season and averaged approximately 4 mg L´1 and then decreased to
approximately 2 mg L´1 in the late season. We fit a linear function to these observed
GW values so that the GW concentrations in equation 11 decreased linearly over the
study period. In order to assess the effect of the variation in groundwater concentrations on our results, we sampled values from a normal distribution centered on the
mean groundwater DO concentrations observed across the survey measurements. We
extracted the concentration values corresponding with the 95% confidence intervals
of the distribution, and included these in our calculations to provide estimates of
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mean groundwater corrected NEP as well as the associated 95% confidence intervals.
Previous studies have only accounted for the influences of groundwater gains on
NEP estimates. However, it is critically important to include groundwater losses
in the mass balance as well. Because DO is lost from the stream at the mixed
concentration (i.e. much higher than groundwater concentrations), losing a very
small volume of surface water can nearly equalize mass inputs from groundwater
gains.
Using NEP mass balance with dynamic footprint and GW correction
We used equations (A.9), (A.11), and (A.12) to generate mass flux estimates for each
term in the NEP mass balance (equation (A.7)). Once we obtained a NEP mass flux
estimate (mg), we divided it by the stream area (m2 ), generated from the dynamic
footprint analysis, to obtain an areal estimate (equation (A.13)). Because all the
individual components the mass flux equation (∆DOmass , Kf luxmass , N HGmass )
are scaled to the time step (dt), the final rate is also a per dt rate.

N EP

´ mg ¯
N EPmass
“
2
m ˚ dt
streambedareapmq

(A.13)

Once a time series of areal NEP rates were calculated, we separated NEP into
its constituent processes, ecosystem respiration (ER) and gross primary production
(GPP), using the day/night separation method (Marzolf et al., 1994; Bott et al.,
2006b,a). We followed the standard sign convention where GPP rates are positive
(indicating oxygen produced), ecosystem respiration rates are negative (indicating
oxygen consumed), and net ecosystem productivity is the sum of these two processes,
and can be either positive (net autotrophic) or negative (net heterotrophic, equation
13).
We differentiated between day and night using a PAR threshold of 400 µmol
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photon s´1 m´2 ; this threshold recreated day lengths that matched manual measurements made in the field of the photoperiod for the streambed, which was a function
of when direct sunlight was over the ridge line and at a high enough angle that
vegetation shading was minimal. Nighttime NEP was attributed entirely to ecosystem respiration, and GPP was assumed to be zero. We assumed that daytime ER
was well represented by the average nighttime ER rates (ERnight´avg ). During the
daytime, we calculated GPP as the difference between NEP and ERnight´avg .
A.3.2

Assessment metrics

To assess the full effect of the proposed solute velocity (SV) footprint and GW
correction on 1-station NEP estimates, we performed method revisions stepwise to
identify which components of the correction were most influential, and to determine
how each step influenced NEP estimates.
We performed NEP calculations with the following approaches:
1. Traditional: The traditional 1-station method (equation A.5)
2. No GW: The mass balance approach with no GW (N HGmass term excluded
from equation A.7)
3. Gains only: The mass balance approach with only GW gains accounted for
in the N HGmass term (equation A.7)
4. Losses only: The mass balance approach with only GW losses accounted for
in the N HGmass term (equation A.7)
5. Gains and Losses: The full mass balance approach with complete GW exchange accounted for in the NEP estimates (equation A.7)
We calculated the percent that NEP increased between the traditional (approach
1) and the no GW (approach 2) NEP estimate, and between the traditional (ap196

proach 1) and full GW (gains and losses, approach 5) corrected NEP estimates. We
calculated the percent increase as:

% increase “
A.3.3

N EPM B ´ N EPtrad
N EPtrad

(A.14)

Exceedance Probabilities

We calculated a simple footprint exceedance metric to explore how the temporally
dynamic and spatially explicit footprint changed over time. Similar to a hydrologic
exceedance probability, we calculated the percent of the study period that the footprint equaled or exceeded a given distance. We then converted this probability into
a temporal value that describes the number of days over the study period that the
footprint equaled or exceeded a given distance. This metric allowed us to explore
how the footprint generating our NEP signal varied in space over time.
A.3.4

Study site and data collection

We evaluated this method with data collected from Stringer Creek, a 555 ha subalpine catchment located in the Tenderfoot Creek Experiment Forest (TCEF) in
south central Montana (latitude 46° 55’N, longitude 110° ’55W). The study reach
on Stringer Creek is along a first order stream with strongly snowmelt-dominated
discharge. Peak runoff occurs in late May to early June, and decreases over the summer with little additional precipitation inputs (figure A.3.4). The stream receives a
high amount of sunlight during the summer growing season due to minimal shading
in the wide, grassy riparian zones and long day lengths, which are greater than 14
hours for the majority of the summer growing season.
In the summer of 2013, we conducted a 4-month intensive field campaign to
monitor metabolism dynamics in the headwaters of Stringer Creek. We installed two
in-stream sensor stations. The most upstream station was located at the headwa197

Figure A.3: Environmental data from Stringer Creek. Discharge and velocity are
both driven strongly by snowmelt in late May-early June, and decrease slowly over
the course of the growing season. Dissolved oxygen (% saturation) varies between
super- and sub-saturation over the course of they day, and shows some seasonal
increases in the magnitude of diel variations.

ters, immediately downstream from channel initiation at the first point of perennial
flow. The second station was placed approximately 400m downstream of the first
station. This focal study reach bracketed a forested hillslope headwater stream reach
characteristic of streams in the area.
At each monitoring location, we measured a suite of water quality parameters.
At both sites, we measured dissolved oxygen (DO), electrical conductance (EC) and
temperature using Campbell Scientific DO and specific conductivity probes (CS511L Dissolved Oxygen Probe, CS547A Conductivity Probes), and photosynthetically
active radiation (PAR) above the water surface using Campbell Scientific quantum
sensors (LI190SB Quantum Sensor) at half hourly intervals. Sensors were maintained
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and checked for fouling every 2-3 days during the study period. The study site is a
low productivity environment, so we never observed visible fouling on the sensors.
This was confirmed by the observation that the signal was never significantly altered
after cleaning. Sensor calibration was checked and recalibrated if necessary every 1-2
weeks.
Each station was co-located with a stage recorder so that we could obtain a
continuous discharge time series for each station. We conducted dilution gauging
(Kilpatrick and Cobb, 1985; Covino et al., 2011) and mass recovery (Covino et al.,
2011; Covino and McGlynn, 2007; Payn et al., 2009) on a weekly basis and used
these discharge measurements to 1) create rating curves to convert stage to discharge
and to 2) determine the relationship between the fraction of water gained and lost
as a function of discharge. This allowed us to generate a continuous time series
of discharge, and a continuous time series of hydrologic gains and losses to and
from local groundwater. We also used the dilution gauging data to determine the
relationship between discharge and median tracer velocity, which we then used to
generate a continuous time series of reach-scale solute velocity.
We performed reaeration experiments to quantify gas evasion (k) from the stream
surface using methods outlined in Genereux and Hemond Genereux and Hemond
(1992) and Marzolf et al. Marzolf et al. (1994). We performed the reaeration experiments over a 100m reach bracketed by an upstream and downstream conductivity
probe. We bubbled propane into the stream at a pressure of 35 kPa from a 20 lb.
tank of HD-5 (commercially available mixture of approximately 96% propane and
4% ethane) through an air stone. Prior to the experiment, we allowed the first few
pounds of gas to vent, which preferentially removes the lighter gas (ethane) leaving
behind pure propane. The tank pressure, and thus injection rate, was held constant
throughout the experiment to achieve steady-state saturation. The injection site
was approximately 30m upstream of the upstream monitoring station to ensure full
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mixing of the solutes. The propane addition was conducted simultaneously with a
steady-state conservative tracer addition, in which we used an FMI injection pump to
inject a concentrated NaCl solution into the stream at a constant rate that resulted
in at least a 100 µS increase in electrical conductivity downstream (Workshop, 1990).
We measured electrical conductivity using Campbell CS547A Conductivity Probes.
Once the stream reached solute steady-state saturation (which we defined as at
least 3 times the travel time of the reach (τ )), we sampled every 10 m over the 100
reach. At each sampling location, we collected stream water samples for Cl- analysis
and a gas sample. Gas samples were collected using head-space equilibration in 60
mL gas tight syringes. We injected the gas sample into 10 mL gas tight vials that
had been flushed with N2 and evacuated. Cl samples were run on an IC (Dionex ICS
2000 with eluent generator and AS40 autosampler, Sunnyvale, CA), and propane
samples were run on a GC (Shimadzu GC17A with FID and EID, Kyoto, Japan) at
Duke University within 1 week of collection.
We calculated the propane exchange coefficient, kpropane (min´1 ) using the following equation:

kpropane

´G ˚ C ¯
´ 1 ¯
1
2
“ τ ´1 ˚ ln
min
G2 ˚ C1

(A.15)

where τ represents the travel time of the reach in minutes, G1 and C1 represent
the gas and solute concentrations, respectively, at the upstream site, and G2 and C2
represent the gas and solute concentrations at the downstream site (Genereux and
Hemond, 1992; Marzolf et al., 1994).
We conducted these experiments on the same study reach at 3 time points over
the summer baseflow recession. We then used these empirical measurements to
fit the parameters on previously published relationships (Genereux and Hemond,
1992) between discharge and reaeration to more accurately extrapolate our reaeration
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values across the entire discharge time series.

A.4 Results
We found that the proposed mass balance approach that included both the dynamic
footprint and GW correction across the entire growing season, and had a significant
effect on NEP estimates.
NEP estimated using the traditional method was characterized by smaller diel
amplitude than NEP calculated with the mass balance approach with no GW (figure
A.4a). Accounting for only GW gains decreased NEP estimates, whereas accounting
for only GW losses increased NEP estimates (figure A.4a and b). Accounting for
both gains and losses resulted in rates less than (i.e. more negative) the traditional
and no GW mass balance estimates (figure A.4a and b). Under high flow conditions,
the influence of GW was greater (due to more exchange occurring during high flow
times) such that the traditional, no GW, and GW corrected NEP estimates varied
greatly during this period (figure A.4a). Under low flow conditions when less GW
was exchanged, the influence of the GW term was minimized and the GW corrected
rates converged towards the no GW NEP estimates (figure A.4b). This trend is also
reflected in the daily NEP rates in figure A.5; in the early part of the growing season
when GW exchange was high, the no GW estimate and gains and losses estimate
diverge sharply. But as the season progresses and GW exchange (and discharge)
decreased, the no GW and GW gains and losses estimates converge (figure A.5).
When aggregated to a daily time step, the average daily NEP (g m´2 day´1 )
calculated with mass balance approach but no GW was significantly greater than
NEP estimated with the traditional method (figure A.5). At high flows conditions,
the mass balance approach with no GW increased average daily NEP estimates by
0.94 times (94%) compared to the traditional approach (table A.3). At low flow
conditions, the mass balance with no GW method increased average daily NEP
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Figure A.4: NEP (g O m´2 30 min´1 ) calculated for a high flow period (a) and
a low flow period (b) in Stringer Creek. NEP is shown in different colors for each
of the 5 scenarios (traditional 1-station, no GW, etc.) outlined in the methods
section. Solid lines represent metabolism estimates calculated using the mean GW
concentration, and dashed lines represent metabolism estimates calculated using the
95% confidence intervals of the measured GW concentration distribution.
estimates by 1.7 times (table A.4).
In contrast, NEP estimated using the mass balance approach with the GW gains
and losses correction at high flow periods was 7.24 times greater than the traditional
method (table A.3), and only 1.02 times greater under low flow conditions (table
A.4). This indicates that under high flow conditions, the GW correction appears
to be the most influential component of the proposed new 1-station approach, but
under low flow conditions the dynamic footprint is the biggest driver of deviations
from the traditional method.
We also separated NEP into its constituents, ER and GPP, to assess how each of
these rates were influenced by the mass balance approach and GW correction. We
determined that ER is affected in a similar manner as NEP; the no GW estimates
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Figure A.5: Daily areal NEP (a), ER (b), and GPP (c) estimates (g m´2 day´1 )
for the entire growing season at Stringer Creek. Solid lines represent metabolism
estimates calculated using the mean GW concentration, and dashed lines represent
metabolism estimates calculated using the 95% confidence intervals of the measured
GW concentration distribution.
were less than (i.e. more negative) the traditional estimates, and the GW gains and
losses estimates decreased even further (figure A.5, table A.3, table A.4). The GW
corrected estimates deviate most strongly from the no GW and traditional methods
during the high flow periods, and then converge towards the no GW and traditional
estimates during low flow periods characterized by reduced hydrologic exchange.
In contrast to ER, GPP is not sensitive to the GW correction (figure A.5). The
no GW, gains only, losses only, and gains and losses estimates are not significantly
different. Because GPP is the difference between a corrected NEP and corrected ER
estimate, it remains the same regardless of the degree of the GW correction. However,
GPP is sensitive to the dynamic footprint used in the mass balance approach, which
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Table A.3: Method comparison of average areal rates during high flow periods (g
m´ 2 day´1 )
Process
NEP
ER
GPP

Trad.
-1.62
-2.71
1.09

No GW
-3.15
-5.31
2.16

X fold increase
0.94
0.96
0.98

Gains + Losses
-13.38
-15.55
2.17

X fold increase
7.24
4.73
0.99

Table A.4: Method comparison of average areal rates during low flow periods (g m´ 2
day´1 )
Process
NEP
ER
GPP

Trad.
0.93
-0.16
1.08

No GW
2.52
-0.46
2.97

X fold increase
1.72
1.91
1.74

Gains + Losses
1.87
-1.15
3.02

X fold increase
1.02
6.31
1.79

causes the traditional estimates to be lower than the mass balance based estimates
(figure A.5).
The effect of the mass balance approach with GW correction on cumulative growing season NEP is substantial. We found that the cumulative NEP (g ha´1 ) estimated
using GW gains and losses method was 2.41 times greater than the traditional approach (figure A.6, table A.5). The mass balance approach with no GW increased
the cumulative NEP by 0.0321 times (3.21%). We believe that the cumulative effect
of the mass balance with no GW compared to the traditional method was minimal
because the correction largely increased the amplitude of the NEP rates (figure A.4),
but didn’t change the mean NEP rates significantly. However, using the mass balance approach did provide a more accurate description of the daily and sub-daily
dynamics than the traditional approach.
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Figure A.6: Cumulative NEP yield (g ha´1 ) using the traditional, mass balance
with no GW, and mass balance with gains and losses.

A.5 Discussion
Accuracy of 1-station metabolism methods has been limited by their lack of an explicit footprint and an insufficiency of existing GW correction methods. We present
an alternative 1-station mass balance approach with an explicit, dynamic footprint
and GW gain and loss correction. We assessed this method using our data from a
subalpine headwater stream in Montana. The changes proposed strongly influenced
estimates of NEP and ER. Correcting for GW gains and losses in the 1-station framework substantially decreased (i.e. made more negative/heterotrophic) instantaneous
and daily NEP rates that propagated through to the cumulative growing season NEP
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Table A.5: Cumulative NEP using different metabolism methods (g ha´1 )
Method Type
Traditional
No GW
X fold increase
Gains + Losses
X fold increase

Cumulative NEP
-92.63
-93.97
0.0145
-315.21
2.4

estimates (figure A.4, figure A.5, figure A.6). The GW correction had the biggest
impact on NEP and ER during periods of high flow when hydrologic exchange was
greatest (figure A.4). During low flow periods, the most substantial changes in NEP
between the traditional and proposed mass balance method were driven by GW exchange and incorporation of an explicit footprint based on tracer-based velocities (as
compared to a geometric approximation).
A.5.1

Effect of GW on NEP rates

Our proposed method is intended to better reflect the effects of GW on the oxygen
mass balance of the stream, and thereby improve NEP, ER, and GPP estimates.
When we incorporate the correction for GW gains (gains only scenario), the NEP
rates become more negative (i.e. more heterotrophic, figure A.4 and A.5). Without
the correction, oxygen mass would have been added to the stream by GW over the
time step, causing the signal to appear more autotrophic. When we correct for GW
losses (losses only scenario), NEP rates become more positive (i.e. more autotrophic,
figure A.4 and A.5). In this case, oxygen mass would have been lost to GW over
that time step, causing the signal to appear more heterotrophic without the correction. this suggests that not correcting for GW gains would lead to overestimates
of autotrophy, whereas not correcting for GW losses would lead to overestimates of
heterotrophy.
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Concentration-based GW corrections have led to a different conclusion regarding
the effect of GW on metabolism rates (McCutchan et al., 2002; Hall and Tank,
2005). In these approaches, the influx of low concentration GW causes a decrease
in the concentration of stream water and thus often leads to an overestimation of
heterotrophy. However within a full mass balance framework, any mass that is added
to the stream from external sources (e.g. GW gains) must be subtracted in order to
isolate the signal from in-stream biological processes, thus leading to increased rates
of heterotrophy.
In many, and perhaps most, systems GW is gained and lost simultaneously across
a stream reach. The 1-station measurement is influenced by the balance of these gains
and losses. Given a fixed GW concentration of 2 mg L´1 , we conducted a simple
sensitivity analysis to show how variation in the fraction of water gained and lost
could influence NEP rates (figure A.7). In systems characterized by high GW losses
and low GW gains, using the full GW correction and accounting for both gains
and losses led to increased NEP rates by up to 70 g m´2 day´1 . In contrast, in
systems characterized by high GW gains and low GW losses, accounting for gains
and losses could decrease NEP rate estimates by as much as 15 g m´2 day´1 . It is
clear that correcting for GW gains and losses can significantly affect the magnitude
of NEP rates observed in our system, and could also affect the net productivity
status of stream. For example, a heterotrophic losing stream could be reassessed
as an autotrophic system when GW losses are accounted for, and vice versa for a
strongly gaining stream.
Our example (figure A.7) simplifies the effect of GW exchange on NEP by assuming a constant concentration of GW, in reality the concentration of GW can vary in
space and time. Ultimately, the combined effects of both the concentration of GW
as well as the volume of GW gained or lost determines whether the system is net
gaining or losing mass, and this in turn influences the direction that the correction
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Figure A.7: The change in NEP rates (mg m´2 day´1 ) with different fractions of
GW gain and loss. For the purpose of this simulation, the GW gain concentration
was held constant at 2 mg L´1 .

will shift NEP. As figure A.8 indicates, the same net hydrologic gain can be achieved
from both gaining and losing 2g of oxygen or 10g of oxygen. Thus it is not the total
mass of oxygen gained and lost that influences metabolism estimates, but instead
the net positive or negative balance of these two processes. Positive net gains in
mass will result in a shift towards more heterotrophic rates; in contrast, negative net
gains in mass will result in a shift towards more autotrophic rates. This suggests
that accounting for both GW gains and losses when estimating metabolism rates is
critical for accurate assessment of stream metabolic regimes.
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Figure A.8: Conceptual figure showing the effect of mass gains and mass losses via
GW exchange on NEP rates. If the net hydrologic gains (NHG) and losses are equal
(blue line), then GW does not influence NEP rates. If the NHG is positive, then
the GW correction will make NEP rates more heterotrophic. If NHG’s are negative,
then the GW correction will make NEP rates more autotrophic.

A.5.2

Discharge (in)sensitivity

One important consideration for application of traditional 1 and 2-station metabolism
approaches is their insensitivity to discharge. In most 1 and 2-station methods,
discharge is only indirectly incorporated via the depth term used to normalize the
concentration-based rates into areal rates (equation (A.2)). However, in many streams
and rivers, depth and discharge do not follow a 1:1 relationship. In fact often small
changes in depth result in large changes in discharge as a function of channel geom-

209

etry and flow velocity. In these approaches NEP rates can remain the same across
a wide range of discharge, despite the fact that the total mass of oxygen being processed under high flow conditions is far greater than under low flow conditions; given
constant streambed area, this should result in higher areal rates. In our proposed
framework, discharge is explicitly incorporated in the mass balance, which allows us
to remedy this issue.
Perhaps more problematic is the insensitivity of current GW corrections to flow
state. The GW corrections proposed in McCutchan et al. McCutchan et al. (2002)
and Hall and Tank Hall and Tank (2005) both use a groundwater velocity and a
concentration differential between surface and groundwater to calculate an areal rate
of GW inflow (equation (A.4)). This GW correction term will remain the same given
constant GW inflows and is not sensitive to total discharge. This means that if GW
gains are constant across a range of flows, the GW correction term will not change
to reflect the relative influence that those gains would have on metabolism rates.
At high flow, the relative influence of groundwater gains on oxygen concentration
dynamics and subsequent metabolism estimates is much lower than the influence
that the same gains may have under low flow conditions. However this dynamic
is not reflected in the established concentration-based methods (McCutchan et al.,
2002; Hall and Tank, 2005). Within our proposed mass balance framework, the
relative influence of GW is scaled with the incorporation of both surface water and
groundwater dynamics in our metabolism mass balance.
In our proposed approach, discharge is used to scale the observed concentration
dynamics into mass terms. It could therefore be sensitive to uncertainties associated
with high flow events because large discharge values could inflate the importance
of small concentration changes. However, the dynamic footprint in the proposed
approach helps to balance these changes. Because the dynamic footprint a function
of the solute velocity (SV), and therefore discharge, the size of the footprint (and
210

thus the areal extent of the measurement) increases. This effectively spreads larger
mass changes over a larger spatial extent and provides a more accurate areal rate.
In this way, the dynamic footprint can help offset any over-sensitivity to discharge
in the mass balance framework.
A.5.3

Measurement footprints and recommendations

We recommend that a more nuanced assessment of the different spatial scales that
may influence metabolism measurements would benefit stream ecology and biogeochemistry and better place it in a landscape and carbon cycle context. Improvements
in footprint estimates provide a more accurate estimate of NEP by attributing mass
changes to the spatial extent of influence. They also allow for more direct comparisons between metabolic fluxes and physically-driven fluxes. Therefore, mass fluxes
can be more directly compared with atmospheric or downstream carbon fluxes over
the same reach or out of the watershed.
Our analysis highlights the importance of exploring what process (advection,
reaeration, morphological constraints) sets the footprint for the metabolism measurement in a given system at a given flow state. These three processes set a hierarchy of influence on the measurement footprint extent, and can be used together
to ensure the footprint is being accurately represented in metabolism calculations
and extrapolation schemes. Given these constraints, we propose the following set of
recommendations for establishing 1-station studies and accurately calculating their
footprint.
1. Consider the physical constraints of the system. The maximum channel length
sets the upper threshold on footprint length.
2. Reaeration sets the secondary constraint. The footprint used in the mass balance cannot be longer than the reaeration turnover of the reach, otherwise the
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parcels of water being sampled are independent and the mass balance approach
or 2-station approach is not appropriate.
3. The advective footprint should be less than or equal to the reaeration footprint.
The time step provides an additional way to adjust the advective footprint;
as the time step increases and velocity stays constant, the advective footprint
lengthens. An ideal footprint length is one set below the reaeration and channel
morphology thresholds, but one that is also long enough to generate sufficient
signal relative to sample variability.
For example, figure A.9 shows time series of different footprints from our study
site in Montana. The reaeration footprint shown in red is always greater than the
advective footprint shown in blue, indicating that the advective footprint is the
best approximation of the true measurement footprint and metabolism estimate.
The advective footprint is also always less than the channel morphology threshold
(shown as a solid black line), which indicates that the advective footprint is within
the physical constraints imposed by the system during our study period and is an
accurate assessment of the metabolism footprint.
The different spatial scales of the advection and reaeration processes directly
influence the spatial scale of metabolism measurements, but don’t necessarily influence the spatial scale of metabolism process. In our system, which is a well-aerated,
heterotrophic system not limited by carbon or oxygen, these different characteristic
lengths don’t influence the spatial scale over which ER or GPP occur. However,
in other more limiting environments (e.g. systems low in oxygen where ER maybe
oxygen-limited), then these scales of measurement also start to coincide with the
spatial scales over which production and consumption of organic matter actually
occur.
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Figure A.9: The theoretical footprint length of the different controls on the sensor
footprint (reaeration, transport, channel morphology) in Stringer Creek over the
growing season.

A.6 Conclusions
This method provides a more flexible framework for calculating metabolism using a
single-station, while also better incorporating and representing hydrologic processes
and their influence on metabolism estimates. The picture that emerges from this
analysis is a much more dynamic version of our original conceptual model (figure
A.10). Instead of a simple box expanding and contracting, we can obtain a much
clearer picture of how the metabolism footprint changes over time and in response
to hydrologic drivers like discharge. As figure A.10 demonstrates, we can assess the
distribution of footprint sizes and understand how frequently our sensors integrate
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various stream reaches. This improves our areal rate estimates, which are vitally
important for cross-system comparisons between aquatic and terrestrial carbon cycling, as well as seasonal comparisons at a given site. It also allows us to more easily
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1
Trans

2

port

GPP

ER
Upstream
Sta8on

Downstream
Sta8on
GW losses

Fixed 2 sta8on footprint

GW gains

Days that stream segment is included in footprint

estimate metabolic fluxes and compare them with physically-driven ones.

Figure A.10: Reassessment of our original conceptual model. Instead of an unspecified dynamic footprint, we can quantify how large the area being integrated
by the sensor is over the growing season. The color ramp represents the number of
days over the growing season that the 1-station sensor footprint includes that stream
segment.

This mass balance approach and GW correction has important implications for
not only the magnitude of NEP rates, but also the net metabolic status of aquatic
ecosystems. As figure A.7 shows, the rates of NEP can change quite dramatically,
and can even change from being a sink of carbon to a source when GW is accounted
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for. Recent research has shown that streams are hotspots of carbon processing, and
reassessing their metabolic capacity more accurately will certainly only enhance this
understanding and allow us to couple metabolic activities to net ecosystem exchange
of carbon with the atmosphere.
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Ågren, a. M., Buffam, I., Cooper, D. M., Tiwari, T., Evans, C. D., and Laudon, H.
(2014), “Can the heterogeneity in stream dissolved organic carbon be explained
by contributing landscape elements?” Biogeosciences, 11, 1199–1213.
Ahl, R. E. (2007), “Integrated Modeling of Long-Term Vegetation and Hydrologic
Dynamics in Rocky Mountain Watersheds,” Ph.D. thesis, Department of Forestry.
Alexander, R. B., Smith, R. A., and Schwarz, G. E. (2000), “Effect of stream channel
size on the delivery of nitrogen to the Gulf of Mexico,” Nature, 403, 758–762.
Appling, A. P. and Heffernan, J. B. (2014), “Nutrient Limitation and Physiology
Mediate the Fine-Scale (De)coupling of Biogeochemical Cycles,” The American
Naturalist, 184, 000–000.
Argerich, A., Haggerty, R., Johnson, S. L., Wondzell, S. M., Dosch, N., CorsonRikert, H., Ashkenas, L. R., Pennington, R., and Thomas, C. K. (2016), “Comprehensive multi-year carbon budget of a temperate headwater stream,” Journal
of Geophysical Research: Biogeosciences, pp. 1306–1315.
Aufdenkampe, A. K., Mayorga, E., Raymond, P. A., Melack, J. M., Doney, S. C.,
Alin, S. R., Aalto, R. E., and Yoo, K. (2011), “Riverine coupling of biogeochemical cycles between land, oceans, and atmosphere,” Frontiers in Ecology and the
Environment, 9, 53–60.
216

Baker, S., Jencso, K., and McGlynn, B. (2017), “The relative influence of climate,
landscape structure, and forest harvest on suspended sediment export in forested
mountain catchments (in review),” Water Resources Research, pp. 1–39.
Basu, N. B., Destouni, G., Jawitz, J. W., Thompson, S. E., Loukinova, N. V.,
Darracq, A., Zanardo, S., Yaeger, M., Sivapalan, M., Rinaldo, A., and Rao, P.
S. C. (2010), “Nutrient loads exported from managed catchments reveal emergent
biogeochemical stationarity,” Geophysical Research Letters, 37, 1–5.
Battin, T. J., Kaplan, L. A., Findlay, S., Hopkinson, C. S., Marti, E., Packman,
A. I., Newbold, J. D., and Sabater, F. (2008), “Biophysical controls on organic
carbon fluxes in fluvial networks,” Nature Geoscience, 2, 595–595.
Battin, T. J., Luyssaert, S., Kaplan, L. a., Aufdenkampe, A. K., Richter, A., and
Tranvik, L. J. (2009), “The boundless carbon cycle,” Nature Geoscience, 2, 598–
600.
Bencala, K. E. (1984), “Interactions of Solutes and Streambed Sediment: 2. A Dynamic Analysis of Coupled Hydrologic and Chemical Processes and Determine
Solute Transport,” Water Resources Research, 20, 1804–1814.
Bencala, K. E. and Walters, R. A. (1983), “Simulation of solute transport in a
mountain pool-and-riffle stream with a kinetic mass transfer model for sorption,”
Water Resources Research, 19, 732.
Bennett, J. P. and Rathburn, R. (1972), “Reaeration in Open-Channel Flow,” Tech.
rep., US Geological Survey.
Berggren, M., Laudon, H., and Jansson, M. (2007), “Landscape regulation of bacterial growth efficiency in boreal freshwaters,” Global Biogeochemical Cycles, 21,
1–9.
Berggren, M., Laudon, H., and Jansson, M. (2009), “Hydrological control of organic
carbon support for bacterial growth in boreal headwater streams,” Microbial Ecology, 57, 170–178.
Bergstrom, A., McGlynn, B., Mallard, J., and Covino, T. (2016), “Watershed structural influences on the distributions of stream network water and solute travel
times under baseflow conditions,” Hydrological Processes, 30, 2671–2685.
Bernal, S., Von Schiller, D., Martı́, E., and Sabater, F. (2012), “In-stream net uptake
regulates inorganic nitrogen export from catchments under base flow conditions,”
Journal of Geophysical Research: Biogeosciences, 117, 1–10.
Bernal, S., Lupon, A., Ribot, M., Sabater, F., and Martı́, E. (2015), “Riparian and
in-stream controls on nutrient concentrations and fluxes in a headwater forested
stream,” Biogeosciences, 12, 1941–1954.
217

Bernhardt, E. S. and Likens, G. E. (2002), “Dissolved Organic Carbon Enrichment
Alters Stream Nitrogen Dynamics in a Forest Stream,” Ecology, 83, 1689–1700.
Bernhardt, E. S., Likens, G. E., Buso, D. C., and Driscoll, C. T. (2003), “In-stream
uptake dampens effects of major forest disturbance on watershed nitrogen export,”
Proceedings of the National Academy of Sciences of the United States of America,
100, 10304–10308.
Bernhardt, E. S., Likens, G. E., Hall, R. O., Buso, D. C., Fisher, S. G., Burton,
T. M., Meyer, J. L., Mcdowell, W. H., Mayer, M. S., Bowden, W. B., Findlay, S.
E. G., Macneale, K. H., Stelzer, R. S., and Lowe, W. H. (2005), “Can’t See the
Forest for the Stream? In-stream Processing and Terrestrial Nitrogen Exports,”
BioScience, 55, 219–230.
Bernhardt, E. S., Blaszczak, J. R., Ficken, C. D., Fork, M. L., Kaiser, K. E., and
Seybold, E. C. (2017), “Control Points in Ecosystems: Moving Beyond the Hot
Spot Hot Moment Concept,” Ecosystems.
Bianchi, T. S. (2011), “The role of terrestrially derived organic carbon in the coastal
ocean: A changing paradigm and the priming effect,” Proceedings of the National
Academy of Sciences, 108, 19473–19481.
Birkel, C., Soulsby, C., Malcolm, I., and Tetzlaff, D. (2013), “Modeling the dynamics
of metabolism in montane streams using continuous dissolved oxygen measurements,” Water Resources Research, 49, 5260–5275.
Bishop, K., Pettersson, C., Allard, B., and Lee, Y.-H. (1994), “Identification of the
riparian sources of aquatic dissolved organic carbon,” Environment International,
20, 11–19.
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Demars, B. O., Russell Manson, J., Ólafsson, J. S., Gı́slason, G. M., Gudmundsdóttir,
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Wollheim, W. M., Pellerin, B. A., Vörösmarty, C. J., and Hopkinson, C. S. (2005),
“N retention in urbanizing headwater catchments,” Ecosystems, 8, 871–884.
Wollheim, W. M., Stewart, R. J., Aiken, G. R., Butler, K. D., Morse, N. B., and
Salisbury, J. (2015), “Removal of terrestrial DOC in aquatic ecosystems of a temperate river network,” Geophysical Research Letters, 42, 6671–6679.
Woods, S. W., Ahl, R., Sappington, J., and McCaughey, W. (2006), “Snow accumulation in thinned lodgepole pine stands, Montana, USA,” Forest Ecology and
Management, 235, 202–211.
Workshop, S. S. (1990), “Concepts and Methods for Assessing Solute Dynamics in
Stream Ecosystems,” Journal of the North America Benthological Society, 9, 95–
119.
Young, R. G. and Huryn, A. D. (1998), “Comment: Improvements to the diurnal
upstream-downstream dissolved oxygen change technique for determining wholestream metabolism in small streams,” Canadian Journal of Fisheries and Aquatic
Sciences, 55, 1784–1785.
Zimmer, M. A. and McGlynn, B. L. (2017), “Ephemeral and intermittent runoff
generation processes in a low relief, highly weathered catchment (in review),”
Water Resources Research.

234

Biography
Erin Cedar Seybold was born on October 23, 1988 in Madison, WI. Erin studied
biology and environmental science at St. Olaf College in Northfield, MN and graduated magna cum laude and with high honors in biology in 2011. During her time at
St. Olaf, she was awarded the Goldwater Scholarship in 2010 and was inducted as
a member of the Phi Beta Kappa honor society in 2011. Following her graduation
from St. Olaf in 2011, Erin received a Fulbright scholarship to conduct research at
the University of Tromsø in northern Norway.
Erin began her graduate work at Duke in 2012, and was awarded an NSF Graduate Research Fellowship in 2013. She received recognition for her work at the AGU
Fall Meeting in 2015, when she was awarded an Outstanding Student Presentation
Award. She has presented at numerous national conferences, has first authored one
publication (Seybold and McGlynn, view) and one book chapter (Seybold and McGlynn, 2016), and co-authored two publications (one on her undergraduate research
(Schade et al., 2016) and one as part of a collaborative literature review project
(Bernhardt et al., 2017)). She was recently awarded a Graduate Research Internship
through NSF to spend a semester working with the U.S. Geological Survey.
Following her graduation from Duke, Erin will be moving to the University of
Vermont at Burlington to pursue an EPSCoR postdoctoral fellowship where she will
be studying the influence of catchment connectivity on biogeochemical resilience to
extreme events.

235

