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Abstract
To satisfy a growing population, much of Earth’s surface has been designed to
suit humanity’s needs. Although these ecosystem designs have improved human
welfare, they have also produced significant negative environmental impacts, which
applied ecology as a field has attempted to address and solve. Many of the failures in
applied ecology to achieve this goal of reducing neg- ative environmental impacts are
design failures, not failures in the science. Here, we review (a) how humans have
designed much of Earth’s surface, (b) the history of design ideas in ecology and the
philosophical and practical critiques of these ideas, (c) design as a conceptual process,
(d) how changing approaches and goals in subfields of applied ecology reflect changes
and failures in design, and (e) why it is important not only for ecologists to en- courage
design fields to incorporate ecology into their practice but also for design to be more
thoroughly incorporated into ours.
One of the most heavily altered and designed ecosystems in the world is the
mountaintop mines of Central Appalachia. Mountaintop mining is the most common
form of coal mining in the Central Appalachian ecoregion. Previous estimates suggest
that active, reclaimed, or abandoned mountaintop mines cover ∼7% of Central
Appalachia. While this is double the areal extent of development in the ecoregion
(estimated to occupy <3% of the land area), the impacts are far more extensive than areal
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estimates alone can convey as the impacts of mines extend 10s to 100s of meters below
the current land surface. Here, we provide the first estimates for the total volumetric and
topographic disturbance associated with mining in an 11 500 km2 region of southern
West Virginia. We find that the cutting of ridges and filling of valleys has lowered the
median slope of mined landscapes in the region by nearly 10 degrees while increasing
their average elevation by 3 m as a result of expansive valley filling. We estimate that in
southern West Virginia, more than 6.4km3 of bedrock has been broken apart and
deposited into 1544 headwater valley fills. We used NPDES monitoring datatsets
available for 91 of these valley fills to explore whether fill characteristics could explain
variation in the pH or selenium concentrations reported for streams draining these fills.
We found that the volume of overburden in individual valley fills correlates with stream
pH and selenium concentration, and suggest that a three-dimensional assessment of
mountaintop mining impacts is necessary to predict both the severity and the longevity
of the resulting environmental impacts.
Chemical weathering of bedrock is the ultimate source of solutes for all
ecosystems, a geologic sink of C, and controls the rate at which mountains dissolve into
the sea. Human activities bring large volumes of bedrock to the surface and enhance
global weathering rates. Here, we show watersheds impacted by mountaintop mining
for coal have among the highest rates of chemical weathering ever reported. Mined
watersheds deliver nearly 9,000 kg ha-1 y-1 of dissolved ions downstream. This translates
v

into a chemical weathering rate ~ 330 mm ky-1, which is 55-times higher than
background total (chemical and physical) weathering. These exceptionally high
dissolution rates result from the production of sulfuric acid by pyrite oxidation. As this
strong acid rapidly weathers surrounding carbonate materials, it not only releases large
amounts of dissolved solutes, it also liberates 10-50 g of rock-derived C m-2 yr-1. This
shifts mined watersheds from net geologic carbon sinks to net geologic carbon sources,
further adding to the carbon costs from burning coal and deforesting these landscapes.
The impact from mining will likely last decades for some aspects of recovery and
centuries to millennia for others. To examine the paired forest, hydrologic, and
biogeochemical changes from mining we used a combination of remote sensing and
watershed monitoring. We show that forest recovery on mines is at least twice as slow as
typical forest recovery from clearcutting, and that mined areas have persistent low
canopy height gaps. These vegetative changes are coupled with decreases in runoff
ratios as mines age and water moves through flatter, vegetated landscapes. However,
the vegetation change is uncoupled from biogeochemical processes, with strong alkaline
mine drainage signals persisting for decades, even as vegetation recovers.
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General Introduction
I started graduate school interested in the concept of designer ecosystems, places
that are more the product of human decisions than landform and ecosystem coevolution. Towards that goal, the first chapter is a review of this idea, why ecologists
have historically resisted a potential role as ecosystem designers, and why we need to
ultimately engage with the world as designers. Chapters 2-4 are a comprehensive study
of how one of the most heavily designed landsdcapes in the world works following
mountaintop mining for coal.

1

1. Designer Ecosystems: Incorporating Design Approaches Into
Applied Ecology
1.1 Introduction
The question of questions for mankind–the problem which underlies all others,
and is more deeply interesting than any other––is the ascertainment of the place
which Man occupies in nature and of his relations to the universe of things.
Whence our race has come; what are the limits of our power over nature, and of
nature’s power over us; to what goal we are tending…
~ Thomas Henry Huxley 1863 (Huxley 1899)

If the human population were evenly spread across all of Earth’s ice free land
surface there would be 55 people per square kilometer (Hooke et al. 2012, U.N. 2012). At
such a density, it is little wonder that the majority of earth scientists agree that our
planet has entered a new epoch, the Anthropocene (Crutzen 2002, Ruddiman 2013).
Humans directly alter more than 50% of the ice-free land area (Hooke et al. 2012). We
consume nearly half of terrestrial ecosystem annual biomass production (Vitousek 1997,
Haberl et al. 2007), appropriate ~50% of the earth’s annual supply of renewable fresh
water (Postel et al. 1996, Vörösmarty and Sahagian 2000, Nilsson et al. 2005, Vörösmarty
et al. 2013), alter global biogeochemical cycles (Canfield et al. 2010), and cause extensive
declines in biodiversity (Barnosky et al. 2011). This global-scale manipulation of Earth’s
ecosystems is the result of humanity’s increasing ability to shape environmental
processes for our own purposes. Such intentional control, wherein a given set of
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processes or patterns are altered to achieve a preferred set of conditions and outcomes,
is broadly defined as design (Simon 1969). In the Anthropocene, humans design most of
the planet’s land surface, from obvious examples such as large cities to the implicit
design of forest and marine reserve boundaries (Figure 1).
Designs that work quite well on a sparsely populated planet are less appropriate
in our modern, more crowded world (Palmer et al. 2004). Increasingly, the science of
ecology is concerned with documenting these negative consequences for organisms,
communities and ecosystems. Applied ecology (with its own subfields of conservation
biology, restoration ecology, and ecological engineering) has emerged in an attempt to
not just document environmental degradation but to also discover ways to either
prevent new negative impacts or mitigate existing degradation.
Conventional production systems are structured to optimize the production of
food, fiber, and fuel from ecosystems. The growth in intensity and extent of these
ecosystem alterations, especially those that have been optimized to produce a single
good or service, has collectively resulted in the growth of human welfare (RaudseppHearne et al. 2010); however, these benefits have come at the cost of significant
biodiversity loss, declining air and water quality, and highly altered landscape aesthetics
(Vitousek 1997, Foley et al. 2005, Rockström et al. 2009). Mitigating these significant
environmental costs becomes increasingly important to human health as an ever
increasing proportion of our planet is under human control (MEA 2005). The unabated
3

growth of these negative externalities has prompted calls for alternative approaches, in a
range of fields from agriculture (Foley et al. 2011) to conservation (Kareiva et al. 2011).

Figure 1) Landscapes patterned by human decisions. (a) Cape Town, South Africa,
surrounding Signal Hill and Table Mountain. (b) Rectangular agricultural ponds near
Yuqiao Reservoir, Tianjin, China. (c) Crop fields in California, the United States. (d
)Mount Taranaki, with circular boundary of Egmont National Park, New Zealand. All
images from Google Earth, Digital Globe, TerraMetrics, Landsat, and CNES Astrium.
Leaders within each of these fields have advocated for a change in goals that more
explicitly embraces our role as designers and not just protectors of natural systems
4

(Palmer et al. 2004, Zhang et al. 2007, Roach et al. 2008, Sarr and Puettmann 2008, Foley
et al. 2011, Suding 2011, Larson et al. 2013). This change in goal statements is unlikely to
be successful without additional changes in the approach taken by applied ecologists in
developing and proposing conservation and restoration strategies.
Ecological thinking is being applied at a range of different scales. At the most
local level, restoration and conservation projects are used to improve environmental
conditions project by project. These local projects can be coordinated or encouraged by
policy at the program level, such as adaptive management policy. Adaptive
management encourages an iterative learning and design approach to continually
improve environmental outcomes (Walters and Hilborn 1978, Folke et al. 2005, Allen et
al. 2011). More broadly, the ecosystem service framework provides a means for
encouraging conservation and restoration projects by quantifying (and often
monetizing) the social benefits that ecosystems provide to society (Ehrlich and Mooney
1983, Costanza et al. 1997, Brauman et al. 2007). These four disciplines–whether resulting
from local level goals such as restoration and conservation, general strategies such as
adaptive management, or general frameworks such as ecosystem services---were
products of the ecological research community, and reflect a movement toward
application of ecological theory in the intentional design of ecosystems. However, the
specific role of applied ecology remains unclear and highly debated; i.e., should it be to
promote human well-being through a better understanding of ecological processes
5

(Schlesinger 2004) or to protect nature for biodiversity (Soulé 2013) or both (Tallis and
Lubchenco 2014).
The concept of “designer ecosystems” is increasingly used to suggest a futurecentric, goal-oriented approach to applied ecology with a primary focus on human wellbeing and working with nature in the face of rapidly changing environmental conditions
(Palmer et al. 2004, Martínez and López-Barrera 2008, Jackson and Hobbs 2009, Larson et
al. 2013, Hobbs et al. 2014). The phrase is often met with resistance by those engaged in
conservation and restoration (Minns 1995, Pimm 1996, Murcia et al. 2014), with the word
design conveying an idea of fake nature to many (Minns 1995). Several scientists in these
disciplines have pointed to the construction of ‘designer ecosystems’ as the only way to
practically confront ‘novel’ environmental regimes (Palmer et al. 2004, Roach et al. 2008,
Seastedt et al. 2008, Hobbs et al. 2009, 2014, Larson et al. 2013, Kueffer and KaiserBunbury 2014). This debate over whether we should design ecosystems or actively
manage and create ‘novel ecosystems’ (26) creates tension within the discipline because
it requires us to address the fundamental relationship between humanity and nature,
and about the role ecologists play in shaping that interaction.
Throughout this review, we differentiate management and design of ecological
systems, respectively, as the actions by which we alter a system, sometimes to optimize
production, such as conventional agriculture, or to minimize environmental impacts,
such as conservation.
6

Figure 2) Designed systems versus designer ecosystems. Photos of systems designed
and built by people: (a)Northumberlandia, United Kingdom; (b) Versailles gardens,
France; and (c) Palm Islands, Dubai. Photos of designer ecosystems or landscapes
designed as ecosystems: (d ) Indian Bend Wash, Scottsdale/Tempe, Arizona (26); (e)
Enset Farm, Ethiopia (25); and ( f )Washington DCMiddle School, the United States
(example of ideas presented in 94). Photos a–c show systems that are entirely synthetic
products of design, but these designs are not necessarily designed as ecosystems,
whereas d–f were designed as ecosystems, taking advantage of internal ecosystem
feedbacks to provide a suite of ecosystem services beyond a single primary goal.
7

Image credits: (a) http://www.northumberlandia.com;(b) ToucanWings onWikimedia
Commons (Attribution-ShareAlike 3.0 Unported license); (c) Skatebiker onWikimedia
Commons (Attribution-ShareAlike 4.0 International license); (d )
http://gis.fcd.maricopa.gov/raf/List.aspx (photo provided by Amy Maxmen); (e)
http://www.newsweek.com/2014/12/26/solving-hunger-ethiopia- turning-native-crops291558.html;(f)MarkStorieon http://landscapeperformance.org.
Design is the broader plan where goals are set, actions are taken to achieve goals, and
failures and success are studied and incorporated into the next iteration. In this
framework, architecture is design and construction is management; in essence, design is
strategy and management is tactics.
Throughout this review, we differentiate management and design of ecological
systems, respectively, as the actions by which we alter a system, sometimes to optimize
production, such as conventional agriculture, or to minimize environmental impacts,
such as conservation. Design is the broader plan where goals are set, actions are taken
to achieve goals, and failures and success are studied and incorporated into the next
iteration. In this framework, architecture is design and construction is management; in
essence, design is strategy and management is tactics. As such, we consider adaptive
management and related approaches as design processes.
The term design–traditionally associated with engineering, architecture, and
industry–highlights a tension between control and wildness that has long been a part of
what historically has been called ecosystem management. Roderick Nash summarizes
this problem well: A designated, managed wilderness is, in a very important sense, a
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contradiction in terms. It could even be said that any area that is proclaimed wilderness
and managed as such is not wilderness by these very acts! The problem is that the
traditional meaning of wilderness is an environment that man does not influence, a
place he does not control (Nash 1978).
If we accept that nearly all ecosystems are altered by human activity, and the
majority are actively managed (through manipulation of nutrient regimes, plant
community structure, etc…), then the idea that we might sometimes design ecosystems
should be less troubling. We suggest that the term “designer ecosystems” be reserved
for ecosystems in which: ecological goals have been articulated explicitly, in which
management actions are employed and evaluated in order to achieve those goals, and
where the goals and the actions are both continually optimized as new information
becomes available (see Figure 2 for examples). Designer ecosystems are not equivalent to
managed systems; they are the best-case scenario where intensive intervention is
required, but design ideas should permeate all applied ecology with goals, actions and
information across shared ecological and design disciplines.
Here, we emphasize design instead of management for several reasons. Firstly, it
more explicitly confronts the tension Nash highlights in a world where much of Earth’s
extant ecosystems, production or protected, are created, maintained, and altered for and
by people. Secondly, it is a more inclusive category than management and allows for a
broad review of general problems and approaches to design. Lastly, it can be a shared
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terminology across fields that actively design landscapes, such as landscape architecture,
urban planning, and engineering.
To better understand how designer ecosystems could potentially be put into
practice, we review the role of design in disciplines that are closely allied with applied
ecology. The relationship between ecology and design has a long history, which has
been productive and indeed transformative for design–centered disciplines such as
landscape architecture and ecological engineering. Design need not imply intensive
manipulation with the intent of optimizing for narrow goals, nor can appropriate design
ignore the ecological, cultural, and evolutionary histories that shape natural (and
anthropogenic) ecosystems. Some of the recent self-identified failures in applied ecology
can be attributed, at least in part, to an unwillingness to effectively apply wellestablished design principles to the management of ecosystems. Here, we review the
following:

1. how humans have designed much of Earth’s surface
2. the history of design ideas in ecology and the philosophical and practical
critiques of these ideas
4. design as a conceptual process
5. how changing approaches and goals in subfields of applied ecology reflect
changes and failures in design
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why it is important for ecologists to encourage not only design fields to
incorporate ecology into their practice, but also for design to be more thoroughly
incorporated into ours

1.2. A Designed Planet

What is engineering? The control of nature by man. Its motto is the
primal one —'Replenish the earth and subdue it'.... Is there a barren
desert—irrigate it; is there a mountain barrier—pierce it; is there a
rushing torrent—harness it. Bridge the rivers; sail the seas; apply the
force by which all things fall, so that it shall lift things.... Nay, be 'more
than conqueror' as he is more who does not merely slay or capture, but
makes loyal allies of those whom he has overcome! Appropriate, annex,
absorb, the powers of physical nature into human nature!
– 1913, Rossiter W. Raymond, U.S. Commissioner of Mines and Mining Statistics
(Schulze 1996)
In many intensively altered ecosystems, such as cities, the role of humans in
redesigning the landscape is obvious. At the local scale, many environments are
controlled by infrastructure. Engineered infrastructure is designed to achieve one or a
few specific purposes such as shelter in buildings, efficient transportation on roads,
storage of water from dams, clean water through treatment plants, or the concentration
and delivery of energy through power plants. These infrastructure components are then
woven together into the human landscape that is the basis for modern society. Urban
planners, landscape architects, transportation planners, and zoning regulations
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intentionally organize this landscape at a regional scale. Together, these components of
modern infrastructure and the social system in which they are embedded are clear
examples of systems that are designed across a hierarchy of scales for specific and direct
human use.
Design at a hierarchy of scales is also central to agriculture, aquaculture, forestry,
and other production ecosystems (Rist et al. 2014). The common goal in each of these
resource extraction industries is to maximize the production of specific organisms,
typically by controlling ecological community structure, biogeochemical cycling,
hydrology, and even topography (Robertson and Swinton 2005). Although design is
accepted and emphasized as a core facet of engineering and other fields that produce or
organize stable infrastructure, it is less recognized, but equally embedded, in fields that
aim to improve the performance of production ecosystems. Instead, these fields have
robust theory developed around effective ecosystem management; for the purposes of
this review we are not exploring these literatures for reasons outlined above regarding
differences between design and management. Perhaps design is more readily
appreciated in the construction of hard infrastructure that is generally stable and
persistent over human lifespans. Dynamically maintained systems such as production
ecosystems are instead commonly referred to as ‘management’; however, production
ecosystems are no less designed. Indeed, many design approaches to achieve desired
outcomes include dynamical systems with varying degrees of active control. The
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common ground for all human dominated landscapes is that humans are intentionally
and strategically manipulating natural processes in order to achieve human-desired
goals. They simply differ in the time step between interventions.
Applied ecology is equally intentional, although immediate human needs are
typically not central goals. Rather, applied ecology tends to focus on offsetting or
minimizing the negative environmental impacts caused by infrastructure development
and resource extraction. Here, we consider applied ecology to be fields that grew
primarily out of ecology, including: ecological engineering, restoration ecology, and
conservation ecology. All of these disciplines employ ecological understanding in
altering natural systems from their current state in order to achieve particular ends; thus
applied ecology is inherently a form of ecological design. Ecological engineering is the
subdiscipline that most explicitly recognizes this, with most researchers and
practitioners in the field engaged in designing natural systems that can provide
ecosystem services, such as wastewater treatment with constructed wetlands (Mitsch
1998). As with other engineering fields, design is and always has been a central
component of ecological engineering, embraced and researched by its practitioners
(Macagno 1971, Mitsch 1998, Bergen et al. 2001).
In contrast, the field of restoration ecology–the study of repairing and managing
degraded ecosystems through human intervention (Suding 2011)– has among its
practitioners those who reject and those who embrace ‘design’. The former posit
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restoration ecology as a direct response against the heavily controlled approach to
ecosystem production (Minns 1995, Holling and Meffe 1996, Hilderbrand et al. 2005),
and hold that the primary goal of restoration is to remove the effects of human activities
and re-establish a prior (pre-human) state (Higgs et al. 2014). The latter propose
intentional, explicit construction of designer ecosystems as a way to improving current
restoration approaches (Palmer et al. 2004, Hobbs et al. 2006, Martínez and LópezBarrera 2008, Seastedt et al. 2008). Higgs and others (50) highlight these differences as
“restoration 1.0”, which uses historical ecosystems as a direct template, and “restoration
2.0” which uses historical ecosystems as a design guide (Jackson and Hobbs 2009,
Balaguer et al. 2014). While landscapes restored under either of these visions have clear
differences in the motivations that create them, their primary structuring agent is human
intent. As such, all of restoration ecology–whether 1.0, 2.0, or any further iterations–is in
reality a form of ecological design.
The same basic tension seen in restoration ecology is clearly reflected in current
and historic debates in conservation and in Roderick Nash’s quote about the paradox of
wilderness management (Nash 1978, Kareiva et al. 2011, Soulé 2013, Marvier 2014,
Kueffer and Kaiser-Bunbury 2014). Classic conservation, in the most traditional sense, is
almost exclusively focused on maintaining biodiversity. (Soulé 2013). So-called newconservationists argue that traditional conservation is driven by an anachronistic, overly
narrow goal for conservation science (Kareiva and Marvier 2012). They argue instead,
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that to succeed conservation efforts must incorporate human well-being into its goals
and into its models of system behavior (Kareiva and Marvier 2012, Kareiva et al. 2014).
By including such a broad set of conditions and goals, this ‘new conservation’
intentionally highlights the role of conservationists as ecosystem designers. However,
even in the earliest, most traditional form of western conservation, design is a deeply
embedded part of the field. From early debates about island biogeography and preserve
design to intentional exclusion of people from preserves and parks, conservation has
always been a design field (Watson et al. 2014). Such preserves are human constructs,
intentionally isolated with the purpose of maintaining a desired, wild state that is
shielded from local, regional, and global economic and social change(Nash 1978).
In the context of human dominance of environmental processes, even our efforts
to restore, protect, and enhance ‘natural’ ecosystems are themselves exercises in design
(Mallon and Price 2013, Hobbs et al. 2014). Protected and restored ecosystems are
marked on a basic level by human intent, versions of ‘designer ecosystems’ with
different end goals. Many protected areas undergo active management to exclude
invasive species, to replace altered disturbance regimes, and in some cases to improve
the experiences of human visitors. Thus, even our attempts to minimize human control
over ecosystems at small scales, even the simple act of drawing boundaries still results
in “designing” the environment at larger scales.
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1.3 Historical roots of designer ecosystems

With vast flows of energy man now begins to possess the ecosystems that spawned him.
H.T. Odum, 1962 (Odum 1962)

The idea that ecosystems could or should be designed for humans and nature
has deep roots in in the field of ecology. The analogy of ecosystems to machines has
influenced ecological thinking since the term ecosystem itself was coined, with Sir
Arthur Tansley stating that “all living organisms may be regarded as machines
transforming energy from one form into another” (Tansley 1922). By the mid-1900s,
ecosystems ecologists increasingly studied various aspects of the ecosystem ‘machine’
including: stabilizing feedback mechanisms (HUTCHINSON 1948), cycling of matter
and energy (Odum 1951) and ecological succession (Odum 1969). This increased
awareness of ecosystem functioning emerged with a growing awareness of human’s
destructive impact on nature as signaled by Rachel Carson’s Silent Spring (Carson 1962).
By understanding and controlling the flows of energy and materials, ecosystem
ecologists suggested that ecosystems could be optimized for production while
minimizing the negative externalities documented by Carson and others (Odum 1962,
1969, Patten and Odum 1981).
Such optimistic ideas about harnessing and even “improving” nature were not
limited to ecology and arose simultaneously in landscape architecture with the
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publication of Ian McHarg’s Design With Nature (McHarg and Mumford 1969),
agriculture with the creation of the agro-ecosystems journals (Harper 1974), systems
engineering (Koenig and Tummala 1972), and in economics with the growth of
bioeconomics (Clark 1990) and, eventually, ecological economics (Ehrlich and Mooney
1983, Costanza 1989). However, these visions of ecosystems designed with ecological
theory rarely permeated into the larger applied ecology arena. One reason for this
hesitancy by ecologists to work within a design framework is a long-standing
philosophical divide about the role of humans in nature (Elliot 1982, Katz 1992). This is
perhaps not surprising as ecologists are devoted to the understanding the complexity of
ecological interactions at all levels of biological organization, making it hard to accept
the idea that we will ever have sufficient knowledge to tinker effectively with
ecosystems (Leopold 1979). This perspective underpins the practical criticisms of the
overly optimistic notions of ecosystems as deterministic, controllable machines (Taylor
1988, Holling and Meffe 1996, Meffe 2014).
The term “ecosystem design” first appears in the literature, not in a paper by
ecologists, but in the title of a 1972 paper by the cyberneticists–or system engineers–
Herman Koenig and Ramamohan Tummala. The authors attempted to synthesize the
basic principles of engineering, ecology, and economics into a coordinated analysis of
the tradeoffs (economic and energetic) of alternative ecosystems: “The specific objective
of ecosystem design is to articulate the ecological and economic options available at the
17

various levels of technological, spatial, and social organization so that these normative
decisions reflect well-informed input. It is in this context that we use the concept of
ecosystem design. Ecosystem management is used to refer to the procedures through
which society selects, implements and maintains the socioecological options implicit in
the design process on preferential, humanitarian, and other normative scales.”
Under their proposed framework, the production, transformation, and storage
processes of designed ecosystems can be optimized and Koenig and Tummala proposed
that economic markets were the tools that could be used as a “computing mechanism for
allocating the material processing capacity of the environment as a scarce resource to competing
processes” (Koenig and Tummala 1972). This highly technical and mathematical
treatment of ecosystem functioning as commodity production functions presages much
of the more recent literature promoting the ideas of ecosystem service markets (Ehrlich
and Mooney 1983).
The trajectories of ecosystem ecology and cybernetics, “the science of control and
communication in the animal and the machine” (Wiener 1948), share many similarities
in conceptual and mathematical model development. Ecologists interested in systems
were primarily concerned with studying the flows of energy through ecosystem
compartments and representing these flows rigorously and quantitatively (Odum 1971).
In contrast, systems engineers were interested in applying self-regulation and control
theory to the management and manipulation of natural energy flows for human use.
18

These two goals–the science and engineering–merged when ecosystem ecologists began
to apply systems energetic models directly to the management of ecosystems (Walters
and Hilborn 1978, Ewel 1986). Concepts such as control theory, emergy, and efficiency
are still prevalent in industrial ecology (Tilley 2003) and ecological engineering (Mitsch
1998, Mitsch and Jørgensen 2003) though they have fallen out of favor in less applied
subdisciplines of ecology.
Ecological engineering is the discipline that most carefully maintains this
cybernetic approach. The discipline of ecological engineering was first envisioned and
defined by Howard T. Odum in 1962 as “the design of sustainable ecosystems that
integrate human society with its natural environment for the benefit of both” (Mitsch
1998). From its initial conception to its modern reality, ecological engineering–as
articulated most clearly by two H.T. Odum students, William Mitsch and Sven
Jørgenson– is the most clear application of the design ideals outlined by the Odums and
systems engineers of the 1970s (Mitsch and Jørgensen 2003). Despite its broad vision of
the use of natural infrastructure to achieve societal goals, ecological engineering as a
discipline has primarily focused on small-scale engineering projects, such as wastewater
treatment, where the outcomes of ecological interactions can be influenced to the
necessary degree. However, the broader vision of large-scale ecosystem design lives on
through the work of another student of H.T. Odum, Robert Costanza, and other
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ecological economists, who have developed the concept of ecosystem services (Costanza
1989, Costanza et al. 1997).
These major developments in systems ecology in the early 1960’s coincided with
a similar revolution in landscape architecture fomented by the very influential Ian
McHarg. For the earliest landscape architects, the primary goal for designing ecosystems
was to ‘perfect nature’ for aesthetic purposes (Wild 2013). Capability Brown’s (17161783) landscape gardening was so widespread that it became a de facto ideal for how
nature should appear, so much so that nearly 250 years later, rural British natural
preserves are actually relics of Brown’s 18th century designs (McHarg 1964). In America,
Frederick Law Olmsted’s imprint on American landscapes had a similar impact, such
that landscapes that were initially recognized as highly designed have over time come to
represent the idea of what nature should look like (Spirn 1996).
Until Ian McHarg published his seminal Design With Nature (McHarg and
Mumford 1969), landscape architects rarely attempted to complement their aesthetic
objectives with functional ecosystem goals (Holden 1977). In his book and other essays,
McHarg discussed how landscape architects can work with natural ecosystems to
promote a more functional and beautiful landscape (McHarg 1964, McHarg and
Mumford 1969). Other landscape architects such as John Tillman Lyle helped to further
McHarg’s vision of the function of landscape architects: producing functional and
aesthetic landscapes (Lyle 1985).
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Then, as now, the idea of optimizing or improving upon nature was often met
with both philosophical and practical critiques. The root of the philosophical problems
with a designed nature are well articulated by Robert Elliot in his 1982 essay, ‘Faking
Nature.” Elliot argues that even if perfect restoration were possible, that is the ecosystem
is returned exactly to its prior state, we still are left with a mere fake (Elliot 1982). He
posits that even perfectly “faked nature” bears the same problem as faked art, namely
that it is inauthentic and that its synthetic origin detracts from its value (Sagoff 1978,
Elliot 1982). Other philosophical critiques have focused on the enabling nature of
restoration, suggesting that it does little to reverse ecosystem degradation while
providing the illusion that new impacts can be mitigated. In a compelling essay on this
topic Eric Katz, another philosopher echoes Elliot’s point by stating that there are no
perfect forgeries in restoration ecology (Katz 1992). Katz argues that the “big lie” of
restoration is that it is just another technological fix to environmental degradation, and
under the guise of environmental consciousness, it allows humanity to continue to build
artificial constructs for human benefit (Katz 1992). Deeply embedded in these critiques is
a fundamental separation of “profane humanity and virtuous nature.” Though ethicists
and ecologists have defended ecological restoration (Light and Higgs 1992, Light 2006),
Katz and Elliot’s critiques are one facet of the central argument against including design
as an explicit part of restoration ecology. Doing so potentially helps to propagate the
notion that humans can design ecosystems with no loss of value from antecedent natural
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ecosystems. More importantly, philosophers suggest that ecosystems modified by
human intent are aesthetically less valuable than authentic ecosystems (Elliot 1982).
Perhaps no one has described this deep philosophical problem more eloquently
than Aldo Leopold, one of the fathers of conservation science. In one widely beloved
essay he writes: “The last word in ignorance is the man who says of an animal or plant,
"What good is it?" If the land mechanism as a whole is good, then every part is good,
whether we understand it or not. If the biota, in the course of aeons, has built something
we like but do not understand, then who but a fool would discard seemingly useless
parts? To keep every cog and wheel is the first precaution of intelligent
tinkering” (Leopold 1979).
Leopold’s popular writings perfectly capture modern ecological thinking
regarding the importance of biodiversity in sustaining the functioning of ecosystems
(Mora et al. 2011) and the need for caution and extreme humility in our attempts to
design natural systems. Together the critiques of Katz, Elliot, Leopold and others stand
in direct opposition to the optimistic ideal of ecosystems as controllable machines.
Further resistance to the idea of intentionally designing ecosystems arises from
practical concerns about the science of ecosystem ecology and our ability to control
complex systems. As a basic science, ecosystem ecology has undergone large
transformations since the 1960s. These included: challenges to our understanding of
succession and nutrient cycling (Vitousek and Reiners 1975); critiques of energy as the
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central denominator for analysis and design of ecosystems (Månsson and McGlade
1993); and a growing awareness that many ecosystems exhibit complex behaviors that
are highly sensitive to initial conditions (Holling 1973, Scheffer et al. 2001). These
dramatic shifts in our understanding of ecosystem dynamics have undercut the practical
optimism that humans could successfully manipulate and control ecological systems to
the degree and at the scales envisioned by early advocates of ecosystem design (Taylor
1988, Meffe 2014). Additionally, the mere possibility of optimizing or designing
ecosystems for more than one service has always been questioned (Odum 1969, Schulze
1996).
Both the ethical argument against increased human control of ecosystems, and
these practical concerns over its feasibility have limited the spread of design thinking
into applied ecology. Yet, we are already designing many of the planet’s ecosystems. To
have a positive impact on our future environment (at any scale) ecologists need to be
willing to engage in discussions about how ecosystems can best be protected and
managed–this means embracing our role within the design process. Thus far in the
history of our field, our attempts at becoming designers as well as our critiques of the
concept of ecosystem design have largely proceeded in the absence of any attempt to
fully acknowledge and understand the general philosophy of design or to appreciate the
tenets of design theory. In the following section we attempt to briefly summarize both
(Felson and Pickett 2005, Musacchio 2009).
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1.4 The process of design
The engineer, and more generally the designer, is concerned with how things
ought to be–how they ought be in order to attain goals, and to function.
- Herbert A. Simon (1969). (Simon 1969)

One could describe design as a plan for arranging elements in such a way as to
best accomplish a particular purpose
- Charles Eames (1972). (Neuhart and Neuhart 1989)

The convergent definitions of design by Charles Eames, a non-academic
furniture designer, and Herbert Simon, an economist and academic polyglot, highlight
the disparate fields that utilize and inform the philosophy of design (Figure 3). Yet,
despite its omnipresence and importance as a human action, ecologists have not
generally worked to understand design (though see: 47, 95, 96). For example, design is
not part of the standard curriculum in undergraduate or graduate ecology. Yet, many
ecologists suggest that designers need to embrace ecology (Felson and Pickett 2005,
Bernhardt and Palmer 2011b, Jones et al. 2012, Ahern 2012). For ideas in ecology to
influence the design of landscapes, the exchange of ideas must be bidirectional.
In fields as seemingly disparate as algorithm development (Simon 1969),
furniture design (Neuhart and Neuhart 1989), and architecture (Lyle 1985) design is
explicitly acknowledged and embraced, and designers work to build functional as well
as elegant and efficient products. Application of the design philosophy to ecosystems is
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a natural extension of a desire to build beautiful and useful software, chairs, and
buildings (Figure 4). As a design field, however reluctant, applied ecology can be
improved by more explicitly incorporating design principles and the language of design
into research and practice. If we accept that future ecosystem design will occur and that
decisions within the design process will be made by many stakeholders other than
ecologists, we can also use our understanding of design to identify those parts in each
stage of design where our expertise is best suited.
In discussing the design process for problem-solving computer programs,
Herbert Simon (1965) laid out the three primary objectives for any design:

1. Define performance goals

2. Identify constraints and build programs to achieve goals

3. Monitor and evaluate the performance of the design, then iterate

Though deceptively simple, each of these steps is vital to a successful design
process and represents the distillation of many definitions of design (Figure 4).
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Figure 3) Disparate design fields illustrating slightly different but convergent
definitions of the design approach.

1.4.1 Define performance goals:
The setting of goals is as essential to design as the identification of questions is to
science; in essence, setting goals defines the problem to be addressed, and design goals
define the criteria and measures of success. In the simplest case of a design process, the
designer has only to meet a single goal. A successful design would accomplish this
objective function in an optimal and measurable way. However, in more complex
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design processes a designer typically has multiple, potentially conflicting performance
goals, making it considerably more difficult to achieve an optimal design. In these
situations, two general approaches are available to the designer: satisficing and
hierarchical design.
To discuss design decisions where optimal solutions are unknowable or not
worth the search cost, Herbert A. Simon introduced the term ‘satisficing’ (Simon 1956).
This term combines the words satisfactory and sufficient to describe situations where the
search for a design that optimizes all goals is not worth the reward for finding the
optimal design or where finding an optimal design is too costly. A designer, instead,
satisfices by searching for the best alternative after a relatively moderate search of
readily available approaches. Critically, one chooses a primary goal and optimizes for
that function, leaving any secondary goals to be considered and satisficed but not
optimized.
Beyond satisficing, computer scientists often use hierarchical design, which is a
more robust approach to dealing with software design where the software needs to
consider and meet multiple goals (Neumann 1986). Here, the designer ranks the most
important goals for the project and then works on a design that meets goals in order of
importance. This design approach works well when each goal can be cleanly separated
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Figure 4) Figure shows the evolution of design products and the importance of
iteration. (a) Evolution of the Eames chair. (b) The first iPod, the iPod (2005), the first
iPhone, and the iPhone 6. (c) Outhouse, sewers of London, tertiary waste treatment
(France), wetland waste treatment (Burundi). (d ) Los Angeles River before
channelization, after concrete channelization, and future plans for river restoration.
The changing designs reflect changing systems of constraints and goals, with designs
adjusted and improved according to need. Image credits: (a) Eames Office, LLC
(http://www.eamesoffice.com), photo by Grant Young, courtesy JF Chen; (b)
http://www.apple.com; (c) Wikimedia Commons [left to right: Leonard J. DeFrancisci
(Attribution-ShareAlike 3.0 Unported license); public domain; ToucanWings
(Attribution-ShareAlike 3.0 Unported license); Sustainable Sanitation Alliance
(Creative Commons Attribution 2.0 Generic
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and isolated from others or if the designer has a detailed understanding of how
subsystem attributes relate and affect one another (Allen et al. 1992). But for many kinds
of design problems, especially in the ecosystem context, this kind of knowledge may be
limited and limiting, which is why iteration and constraint identification are vital
components of the design process. In addition to design theory, formalized decision
processes explored in decision science may be used to incorporate and address
difficulties associated with having multiple goals and uncertainty surrounding system
behavior. (Weber 1987, Zavadskas and Turskis 2011)

1.4.2 Identify constraints and design programs to achieve goals
Design depends on constraints. At the start of any design process, the solution
space is large, even with well-defined goals. Understanding and properly defining
constraints restricts the suite of possible solutions. If a constraint is not included in the
initial analysis, serious problems can later arise when the constraint is confronted.
Designs are creative and novel in the way that they confront and work within these
constraints (Wright 1958, Neuhart and Neuhart 1989).
Once the goals and constraints are set, multiple alternative designs are generated
that meet these goals and constraints to varying degrees. In practice, organizing and
prioritizing goals along with an extended exploration of possible and probable
constraints, can occupy as much or more of the design process as developing the design
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solutions themselves (Schulze 1996). As importantly, the alternative development
process may cause a reconsideration of the goals.

1.4.3 Monitor, evaluate, and iterate
Once a product (e.g. software, chair, bridge, Haber-Bosch process, or a train
schedule) is created and deployed the actual success of the product can be evaluated.
Prior to deployment, goals and constraints are generated de novo. However, iteration
(after product deployment) allows direct observation of the realities of constraints and
ability to meet goals. Iteration thus provides a far more accurate picture of the
constraint space and performance relationships between goals. Iteration may reprioritize or re-organize the hierarchy of goals, highlight obscure but important
constraints, or elucidate previously unseen design opportunities.
An example of the power of evaluation and iterative design comes from the
famous Eames chair (Figure 1). This chair could have achieved its primary function of
supporting a seated person as a colorless wood box. Yet, Charles and Ray Eames
redesigned the chair hundreds of times, eventually achieving an inexpensive but elegant
and comfortable molded wood chair whose innovative design has been praised and
imitated for decades, earning Time’s best design of the 20th century (Neuhart and
Neuhart 1989). Similarly, in computer science and software development, software
designers have shown that iteration, monitoring, and feedback can dramatically increase
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success (Nielsen 1993). In the absence of such iteration, it is only possible to perpetuate
current states of knowledge, leaving little room for advancement and adaptation of
designs.
What is the relevance of a famous chair design to the discipline of ecology? We
include this example as perhaps the most widely acknowledged demonstration of
design as an evolutionary process rather than an attempt to achieve a static endpoint.
The early Eames chair looks quite clunky in comparison to its most modern iteration,
just as our early attempts to design ecosystems have often proven clumsy and ineffective
(Figure 4). It is of course far more complicated to come up with designs that can enable a
landscape to support more native biodiversity or to increase its ability to sequester
carbon or to produce more crops with less fertilizer–or even more ambitiously to do all
of these things simultaneously than it is to build a really nice chair. Yet the analogy is
useful in how it helps illustrate the central philosophy of design as an iterative looping
process.
Becoming “ecosystem designers” seems far less threatening when we define
design (as designers have long done) as a process through which we constantly
reexamine our goals and continuously optimize our approach to achieving them as
opposed to a one-time attempt to meet the goals we set today. Just as the scientific
method is best drawn as a circle, so too, the design process never reaches an end (Figure
3).
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1.5 Applied ecology as design?
In the most general sense, humans design ecosystems with the goal of
increasing the provisioning of resources to society. The success of ecosystem designs can
be seen in the rapid rise of average global human welfare, just as the failures can be seen
in severe consequences to the environment (Raudsepp-Hearne et al. 2010). Indeed one of
the primary roles of ecologists, if not the central role of ecologists, has been documenting
the environmental impact of traditional ecosystem design (e.g. agriculture or
urbanization). However, the development and implementation of solutions to these
problems has a mixed record of success (River et al. 2005, Suding 2011). Here we review
the self-critiques of applied ecological disciplines (primarily restoration and
conservation ecology) through the lens of the stages of the design process. We consider
1) how applied ecology identifies goals, and how and why those goals have changed, 2)
what constraints shape the designs of applied ecological disciplines, and how and why
those constraints have evolved over time, and 3) the extent to which design outcomes
are monitored, and information incorporated into future designs. Acknowledging this
inherent non-stationarity of technical, social and ecological systems and the need to
manage ecosystems despite the accumulating resulting uncertainty requires us to adopt
a long-term, iterative, dynamically optimizing approach. One who recognizes this will
likely appreciate the appropriateness of the design process as an effective strategy for
decision making in the face of uncertainty.
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1.5.1 Goals in applied ecology
Restoration ecology has had two distinct ideological histories and goals that arise
from them. First, the re-creation of historic ecosystems stems from an ethical fidelity to
historical ecosystem pattern and process, a manifestation of Leopold’s land ethic
(Leopold 1979) Leopold’s own efforts in the 1950s at the University of Wisconsin
arboretum helped start large-scale prairie and forest restoration projects, and, in part,
lead to the eventual creation of the journal Ecological Restoration at the same institution
(Higgs 1997, Court 2012). The Society for Ecological Restoration originally defined
restoration to be consistent with Leopold’s land ethic: “Ecological restoration is the
process of intentionally altering a site to establish a defined, indigenous, historic
ecosystem. The goal of this process is to emulate the structure, function, diversity and
dynamics of the specified ecosystem” (Higgs 1997). This is a satisficing approach, where
restoration to a past ecosystem state takes primacy and all other goals are considered
only to meet a satisfactory, sufficient standard with a modest search for better
alternative solutions.
While re-creation of past ecosystems was a driving force in the formation of
formal restoration ecology (Higgs 1997, 2003, 2005, Jackson and Hobbs 2009, Higgs et al.
2014), there has always been a parallel–not mutually exclusive– goal for ecosystem
restoration, restoring important ecosystem services for people (Higgs 1997, Temperton
2007, Suding 2011). The ecosystem service oriented goal of restoration can be seen in
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history in the royal forests Europe restored to cultivate and maintain more and larger
prey for the aristocracy (Shirley 1867), or in the United States and United Kingdom,
wherein wealthy landowners hoped to improve streams on their property to promote
trout fishing (Van Cleef 1885, Hubbs et al. 1932, Thompson and Stull 2002). When
restoring for a specific ecosystem service, the design has often contained artificial
structures or elements that provide the service but are not comparable to historic
features of the ecosystem (e.g. lunker structures for trout habitat, see 115). Potentially,
the more specific the service to be optimized, the more divergent the resulting designed
ecosystem is likely to be from historical ecosystems.
These historic examples of restoration foreshadow the current shift in the goals
of restoration towards enhancing a multitude of ecosystem services that can sustainably
benefit people and nature alike (Suding 2011). The Society for Ecological Restoration’s
altered definition of restoration reflects this shift: “Ecological restoration is the process of
assisting the recovery of an ecosystem that has been degraded, damaged, or destroyed”
(Restoration 2014). Ecosystem-service focused restoration arises from a generally
acknowledged failure to achieve the articulated goals of recreating historic ecosystems
in a world dominated by novel species interactions in ahistorical climate,
biogeochemical, and hydrological regimes (Palmer et al. 2004, Seastedt et al. 2008,
Jackson and Hobbs 2009, Hobbs et al. 2009, 2014, Kareiva et al. 2011, Higgs et al. 2014).
Additionally, the shift in general goals reflects a problem of restoration in practice
34

wherein goals are often not even explicitly articulated for many projects (River et al.
2005, Suding 2011).
In an ecosystem service framework, project goals can be both more explicit and
more quantifiable (e.g. carbon sequestration in tons m3, nitrogen retention in kg ha-1,
visitors per month), whereas the establishment of historical baselines has always
represented a challenging target. Over the last 25 years restoration has shifted from
having the goal of restoring the ecosystems that previously existed towards restoring
specific functions that have been lost. More recently, some prominent restorationists
have even argued for enhancement of specific ecosystem characteristics to produce a
greater quantity of desired ecosystem functions moving restoration towards something
more similar to ecological engineering (Palmer et al. 2004, Roach et al. 2008, Larson et al.
2013). In an increasingly large number of restoration projects, recovering or restoring
historic ecosystem conditions is often not the primary goal. Restoration has moved
towards a hierarchical framework in which restoring historic ecosystems is a single goal
rather than the only goal: a range of ecosystem functions are now equally valid priorities
for design (Jackson and Hobbs 2009, Larson et al. 2013, Higgs et al. 2014, Hobbs et al.
2014).
Unlike restoration, the basic goal of conservation has changed little over the last
50 years, to preserve biodiversity (Soulé 1985, Kareiva and Marvier 2012, Mace 2014).
This goal unites conservationists, although some have recently argued that additional
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goals–such as sustaining human welfare, economies, and societies goals–should rather
than could be included (Kareiva and Marvier 2012, Mace 2014). These additional goals
are enabled by the ecosystem service framework which explicitly estimates the
instrumental value of conserving nature (Robertson 2006, Brauman et al. 2007, Tallis and
Lubchenco 2014). Some conservationists (Soulé 2013, Murcia et al. 2014) reject these
additional goals as a distraction and potential subversion of conservation’s core goal of
preserving biodiversity for its intrinsic value (Davidson 2013, Tallis and Lubchenco
2014).
Our examination of the design process in other disciplines illuminates the nature
of current debates in conservation biology. The controversy concerns whether the
primary goal of biodiversity conservation will be met through a clear hierarchical or
satisficing design (Ludwig et al. 2001, Kareiva et al. 2011, Soulé 2013, Marvier 2014,
Kueffer and Kaiser-Bunbury 2014), though not described in these terms. Satisficing, with
the preservation of biodiversity as the one clear primary goal and a set of clearly
secondary non-optimized goals, has been articulated as conservation biology (Soulé
1985). Hierarchical conservation designs, with a set of goals arranged in hierarchical
order, has been identified as conservation science (Kareiva and Marvier 2012). The
concern with hierarchical framework applied to conservation is that preserving
biodiversity is at risk of potentially being lowered on the goal hierarchy, as society shifts
its priorities (Soulé 2013). In a world where conservation science satisfices with
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economies taking top priority, there is real potential for biodiversity conservation to lose
all priority and even result in net environmental loss (Robertson 2006, Spash 2008,
Robertson et al. 2014). For example, if carbon sequestration markets dramatically
outprice biodiversity conservation markets, the best action for a stakeholder satisficing
may be to cultivate a eucalyptus plantation ecosystem.
Beyond restoration and conservation, researchers have argued for similar shifts
in goal setting in other areas of applied ecology (Allen et al. 1992, Courvisanos 2009,
Patten 2010). For instance, in agriculture researchers have argued that pure production
goals have to be compromised, to a degree, in order to meet broader environmental
goals, (Tilman et al. 2002, Zhang et al. 2007, Godfray et al. 2010, Foley et al. 2011), similar
arguments have been made for urban design (McGrath and Pickett 2011, Childers et al.
2014), landscape architecture (Lyle 1985), and environmental engineering (O’Farrell and
Anderson 2010). Ecosystem services are a mechanism through which traditionally nonvalued functions of ecosystems can enter into goal setting. When ecosystem services are
valued through an explicit market (e.g. water quality trading), the hierarchy of target
services can change rapidly such as the market value of water during a drought (Zhang
et al. 2007). With ecosystem services in a hierarchical framework, the general goals in
applied ecology converge on multi-ecosystem service provisioning which has been
argued to be a more sustainable approach (Foley et al. 2011). As these goals have
changed, the constraints facing field of applied ecology necessarily change as well.
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1.5.2 Constraints on ecosystem design
Two major classes of constraints influence the design of ecological systems. The
first are local and global changes in geophysical and ecological conditions, such as
shifting climate, the local or global extinction of species, and changes in the external
supply of water and nutrients. The second set of constraints is in the values, knowledge,
and institutions of society. Technical innovations can eliminate or reorder design
constraints. Changing societal values or political leadership can rather rapidly alter the
hierarchy of ecological design goals. Meanwhile the component organisms within
ecosystems are themselves constantly reorganizing and adapting to external forcing.
A central challenge of the Anthropocene is that global environmental conditions
are shifting away from historical conditions towards a set of constraints that have not
previously been confronted (Hobbs et al. 2006). As such, historical ecosystem conditions
do not necessarily provide a reliable template for setting the goals for future ecosystems
(Jackson and Hobbs 2009, Higgs et al. 2014). Moreover, past approaches that were
successful in applied ecology may not provide comparable results under emerging and
future constraints, whether water management (Milly et al. 2008), agricultural
production (Mueller et al. 2012), or species conservation (Kueffer and Kaiser-Bunbury
2014). As one among many obvious examples of this problem of non-stationarity, the
conservation plans for alpine pika for the next century will be very different from those
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of the previous century, as future climate change will rapidly reduce the southern extent
of their range (Grayson 2005). External forcing is not the only form of change; biological
adaptation and artificial selection are also changing how we define the constraint space.
For example, the breeding and genetic engineering of drought resistant corn crops may
reduce the challenge of water shortages in some systems (Gilbert 2014), whereas more
heat-resistant coral (Mascarelli 2014) could belie our dire projections of future coral reef
degradation. Because of the trajectory and pace of global environmental degradation,
any applied ecology project is unlikely to continuously meet its originally intended goals
over extended periods without active interventions.
Local conditions may change rapidly and in ways often not expected, so that
important constraints are often unknowable until designs are implemented. Increases in
impervious cover upstream of a stream restoration project (Walsh et al. 2005) or
changing fire return intervals as a result of development in the wildland urban interface
(Radeloff and Hammer 2005) can render a previously appropriate design fruitless. A
national park that was located and sized in the early 20th century will clearly be
challenged by the concentration of development at the borders in the 21st. This local and
short-term variability is important because it creates a potential need for many distinct
design solutions to any particular problem (Press et al. 2013) and it suggests that
flexibility and potential for future adaptive change must be a priority goal for projects
that hope to achieve long-term ecological benefits.
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One of the constraints to ecosystem design will always be our limited scientific
understanding. As we learn, our strategies for achieving the same goal may change
considerably. The evolution of conservation biology provides one illustration of this
issue. Early conservation efforts primarily focused on ensuring an effective population
size of endangered species (Shaffer 1981, Humphries et al. 1995). As the external
pressures that cause extinction were increasingly recognized as habitat loss,
conservation shifted its focus to habitat conservation (Harding and Crone 2001) and how
to maintain viable meta-populations across networks of connected habitat (Urban et al.
2009). Most recently, conservation scientists have grown to recognize the widespread
loss of entire habitat and landscape types under increased pressure from anthropogenic
change, causing calls for landscape and regional conservation efforts (McKinney 2008).
This arc of changing approaches demonstrates how when new constraints are
discovered and addressed, designs necessarily adapt. Yet, none of the original goals or
techniques are necessarily abandoned, and technology can influence success of each.
Furthermore, the various actions available for a conservation effort vary in their
flexibility and spatial scale. For example, the Northwestern Hawaiian Islands Marine
National Monument was in part created to protect the Hawaiian monk seal, but the
population continues to decline (Harting et al. 2014). Conservationists have responded
by implementing a set of population-specific conservation approaches (dehooking,
disentanglement, moving seals to better habitat) which have shown success in buoying
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survivorship among seals (Harting et al. 2014). These more flexible measures are able to
respond to local rapidly changing constraints, while the rigid National Monument status
provides a general, static protection.
Ecological design is affected by constraints of the biophysical and knowledge
environment, both of which are changing rapidly. For many ecological design
applications, these constraints shift meaningfully over the lifespan of the project, or even
over the course of the 'design phase'. Therefore, any ecosystem design is likely to require
adjustments over its lifespan, and indeed the most effective ecosystem designs are likely
to be those that explicitly acknowledge the lack of any definite endpoint in time.

1.5.3 Monitoring, evaluation, and iteration in ecology.
Even in a world with fixed goals and stable constraints, design begins from a
position of relative ignorance. The iterative step of the design process is aimed at
improving design through empirical trial and error. In ecosystems it costs more money
and takes more time to iterate on designs than in many other fields (like software
development). However, there still is a robust and well-developed theory for iteration
on ecosystem designs from within ecology, this process is referred as adaptive
management.
The initial conception of adaptive management was narrowly defined to refer to
the deliberate use of management interventions as experiments in order to identify
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maximum sustainable yield, primarily for fisheries (Walters and Hilborn 1978). These
efforts were a formalized way to reduce uncertainty in a constraint space where
management actions could be used as replicable experiments (Holling 1978, Walters and
Hilborn 1978). From these early efforts grew a desire to apply adaptive management
more broadly as a robust way to deal with the predictable uncertainty in ecosystem
behavior and response to management decisions, requiring a relaxation of reproducible
experimentation (Lee 1999, Allen and Gunderson 2011). Simultaneous to these changes
in adaptive management approaches was a growing awareness that ecosystems could
reach tipping points (Holling 1973). When an ecosystem is managed assuming
stationarity and only for annual maximal output, this can lead to brittleness and collapse
(Holling and Meffe 1996). Adaptive management approaches address this nonstationarity and other non-linear behaviors through shifts in both goals and approaches
as informed by monitoring and evaluation. Early adaptive management approaches
assumed that recovery from perturbations was inevitable, and thus sought to maximize
particular outputs (e.g., yield). Recognition that management could erode stabilizing
feedbacks led the theory of adaptive management toward cultivation of resilience
(Gunderson 2000). Methodologically, this shift required evaluation of a much broader
set of potential ecosystem behaviors (Peterson et al. 2003)
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Despite this intellectual progress and general acceptance in the academic
community, adaptive management has not permeated the practice of applied ecology as
extensively as desired (Lee 1999, Allen and Gunderson 2011). Several possibilities can
explain this limited application. First, high degrees of local variation on constraints limit
the ability for knowledge to be generally applied (see above). Even when knowledge is
transferable across sites and disciplines can learn from local management failures,
iterative design may be limited by time or resource constraints. Second, management
interventions may cause changes in ecosystems with lagged responses. In such cases,
disentangling causation is very difficult and adaptive management approaches can still
lead to, or even cause, negative ecosystem responses (Peterson et al. 2003). Third, the
goals and constraints for many ecosystem design projects change both throughout the
project and during the monitoring phase; determining success with moving targets is
difficult. Fourth, monitoring is an expense that can have no clear return on investment
and can be seen as a negative if managers make poor decisions despite ample
monitoring data that would implicate them (Lee 1999). Finally, adaptive management
initially did not include stakeholders in the goal setting or design processes (Lee 1999).
Central to successful design is the need for evaluation. This is perhaps where
ecological management efforts fall most short in their comparison to the ecological
design ideal. The strongest self-critiques from within applied ecology have focused on
the lack of monitoring and project evaluation (River et al. 2005, McCarthy and
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Possingham 2007, Bernhardt et al. 2007, Hobbs and Cramer 2008, Suding 2011). To
varying degrees, this problem spans all sub-disciplines of applied ecology and design in
general, despite the ubiquity of monitoring and iteration as a core feature of effective
design. In conservation, evaluation and monitoring are often core components of
projects, but design iteration is often difficult due to political and resource constraints
(McCarthy and Possingham 2007). For restoration, the problem is often much deeper.
Many projects declare amorphous goals, if any, that make monitoring and evaluation
nearly impossible (River et al. 2005). Without the full iterative component of the design
process, no learning can occur and design approaches stagnate, at best, even as the
goals, and the technical capacity and scientific understanding to achieve them continue
to rapidly evolve.
Here again, an analogy to a stagnant design that nearly all of us have
encountered may prove a useful analogy. The layout of the modern computer keyboard
has remained mostly unchanged since the QWERTY keyboard was first patented in 1868
(Noyes 1983). Many alternative letter arrangements have proven significantly easier to
master and use rapidly but have not been adopted (Noyes 1983). Thus, we have written
and most of you are reading this manuscript on computers whose keyboards are
designed to intentionally slow down your type speed in order to avoid jamming the
manual type face bars of an early 19th century keyboard (Noyes 1983). This is a great
example of a once highly successful design within an entirely failed (=halted) design
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process. If we are too prescriptive in the range of allowable design strategies, we may
prevent the innovations that are most necessary for achieving and sustaining our goals
over the long-term. Flexibility is difficult to incorporate into regulatory and policy
structures, which is why rulemaking that emphasizes the achievement of a goal rather
than management actions is more likely to have a positive, lasting impact on the
environment.

1.6 Conclusion: ecology in design and design in ecology
The point is that if we are going to design ecosystems (and we continually do so whether
we care to face all of the implications or not) then it will be best to design them intentionally,
making use of all the ecological understanding we can bring to bear. Only then can we shape
ecosystems that manage to fulfill all their inherent potentials for contributing to human purposes,
that are sustainable, and that support nonhuman communities as well. Not every landscape can
fully accomplish all three of these goals, of course, and thus Odum’s term, “compromise.” There
will always be conflicts to be resolved and priorities to be assigned. Intentional design means
carrying out conscious choices. What we are trying to do, then, is to gain a measure of control,
not in order to dominate nature but to participate creatively in its process.
-John Tillman Lyle. 1985. (Lyle 1985)

Humans have designed a substantial portion of our planet. Our expanding
population and technological innovation have created a planet that has significantly
fewer species, a modified atmosphere, and dramatically altered land-use patterns
creating a new epoch, the Anthropocene. To accomplish the overarching goal of applied
ecology within this newly acknowledged Anthropocene it will not be enough to
recognize humans as components of ecosystems. We have to acknowledge that humans
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are also designers of ecosystems. Resisting this idea risks the possibility of becoming
increasingly irrelevant to the fields of ecosystem design that embrace it. Instead, we
suggest that by understanding and appreciating what the design philosophy entails,
applied ecologists can more effectively influence the way we manage ecosystems now
and the way they will be managed in the future.
Historically, applied ecological research has focused on identifying and
quantifying the environmental costs of other human activities. But recently, ecologists
and others have called for a more active role of ecologists and ecological knowledge in
design process. Achieving sustainable, multi-service ecosystem design, both within
applied ecology, in production ecosystems, and in urban landscapes will inherently
require ecological knowledge. To engage in the broader environmental design process
(not just reserves and restoration plans, but roads and buildings and whole cities) will
require a transition for applied ecologists, forcing us to expand beyond our historic
strengths as the identifiers of constraints to scientists committed to devising, evaluating
and informing new solutions. The increasing disciplinary scope and geographic scale of
design decisions means that ecologists will be just one seat at the table. How can we
best use that position? Over short term, we must acknowledge necessity of tradeoffs
and imperfect solutions with the goal of making sure we learn from historic failures and
successes. Over the long term, design should be a component of ecological education, for
academic ecologists and especially for booming number of programs in professional
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environmental management. Furthermore, critiques and successes in applied ecology
need to be framed through the lens of design as much as failures in design fields can be
understood through the lens of ecology. Such a pedagogical shift will require disciplinewide awareness, and eventually, acceptance of the concept, process, and important role
of design in applied ecology.
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2. Deep Impact: Effects of Mountaintop Mining on Surface
Topography, Bedrock Structure, and Downstream Waters
2.1 Introduction
Humans directly alter more than 50% of the earth’s surface (Hooke et al. 2012),
with land use change causing substantial impacts to biodiversity (Foley et al. 2005,
Cardinale et al. 2012), climate warming (Kalnay and Cai 2003), water quality (Broussard
and Turner 2009), and river flow (Vörösmarty and Sahagian 2000, Vörösmarty et al.
2013). The impacts of deforestation, agriculture, urbanization, and other land use
impacts are typically quantified and compared on an areal basis, and it is assumed that
the extent of degradation scales with the spatial footprint of the land use(Green et al.
1994). Assessing all land use change in this two-dimensional framework may limit our
understanding of deep disturbances, like surface mining.
Surface mining activities are the dominant form of land use in some
regions(Latifovic et al. 2005, Townsend et al. 2009, Drummond and Loveland 2010) and,
penetrate far more deeply below the earth surface than other forms of land use change.
Mountaintop mining, a form of surface mining used in steep landscapes, is now the
dominant form of coal extraction(WVGES 2010, KGS 2015) and land cover change in the
Central Appalachian ecoregion of the United States(Townsend et al. 2009, Drummond
and Loveland 2010), an area that includes parts of Kentucky, Virginia, Tennessee, and
West Virginia(Omernik and Griffith 2014). Mining activities generate some
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environmental impacts that are common to all types of land use change like habitat loss
and water quality degradation(Palmer et al. 2010, Bernhardt and Palmer 2011a, Griffith
et al. 2012); but also generate unique impacts such as: altering landform shape and
structure(Maxwell and Strager 2013), burying headwater streams(EPA 2011), and
creating constructed stream channels and settling ponds(Palmer and Hondula 2014).
Mountaintop mining activities start by logging forests, and then using explosives
and heavy machinery to access shallow ~1m-thick coal seams(Lutz et al. 2013) located
within 100-300m of the soil surface(Townsend et al. 2009, Miller and Zégre 2014). This
process generates tremendous quantities of waste rock or overburden, which is
deposited into headwater valleys or used to partially reconstruct ridges on reclaimed
mines. Such anthropogenic valley fills have buried more than 1,000 km of headwater
streams within the region(EPA 2011).
In 2011, the U.S. Environmental Protection Agency reported that abandoned,
reclaimed, and active surface coal mines covered ~ 7% of the 48,000 km2 area in the
Central Appalachian ecoregion. Since 1970, more than ~ 2 billion tons of coal have been
extracted from this landscape(WVGES 2010, Lutz et al. 2013, KGS 2015), with 0.87 m2 of
land disturbed per short ton of coal recovered (Lutz et al. 2013). However, because each
square meter of mining can extend 10-100s of meters into the underlying bedrock, this
areal impact is likely to have a far greater impact on ecosystem properties than an
equivalent square meter of deforested or agricultural land.
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One way to conceptualize how different these physical impacts are from surficial
disturbances is in the context of Hans Jenny’s soil forming factors(Jenny 1994). Jenny
proposed that soils and ecosystems evolve as a result of five key factors: regional
climate, potential biota, relief, parent material, and time(Jenny 1994). The most common
forms of land use change (agriculture, low density development and forestry) only
directly alter the potential biota (by removing most species while intentionally inserting
others) and may reduce the reliance on parent material as a source of nutrients through
the addition of fertilizers and soil amendments. In contrast, mountaintop mining alters
all five of Jenny’s factors. Climate is altered because surface mines have higher albedo
and insolation and highly reduced rates of evapotranspiration compared to unmined
portions of the landscape(Wickham et al. 2013). Native plants are removed during
mining operations and, because native trees rarely establish in the thin, alkaline soils of
reclaimed mines(Angel et al. 2005, Zipper et al. 2011) they are typically replaced by
hydroseeded grasses and non-native tree species(Rodrigue et al. 2002, Zipper et al.
2011). The topographic relief of landscapes helps determine the rates of soil erosion and
water movement. Mountaintop mining completely reshapes topography by flattening
the landscape(Maxwell and Strager 2013, Wickham et al. 2013, Maxwell and Warner
2015). These operations also alter parent material, as coal is removed and carbonate and
shale residues are both exposed at the landscape surface and fragmented so that the
effective reactive surface area of bedrock is greatly increased(Bendfeldt et al. 2001). Such
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fundamental changes in postmining landscapes reset the soil and evolutionary
evolutionary clock, by disrupting the relationships between landforms and biota that
coevolved over millennia(Corenblit et al. 2011).
These dramatic changes to the land lead to significant changes in element cycling
within mined watersheds. Mining exposes coal and shale residues to air and water,
leading to the dissolution of pyrite and the production of sulfuric acid(Silverman and
Ehrlich 1964). Pyrite dissolution is responsible for the production of strongly acidic mine
drainage in many mines throughout the world(Banks et al. 1997, Younger 1997, Gerke et
al. 1998, Lambert et al. 2004). In the mountaintop mines of Appalachia, mining
companies intentionally mix acid generating spoil materials with carbonate rock
overburden to ensure that the acidity generated from pyrite oxidation is consumed in
weathering reactions(Evangelou and Zhang 1995, Hawkins 2004). Although acidity (H+)
is consumed, the resulting high rates of weathering generate alkaline mine drainage
(AlkMD) characterized by elevated pH and specific conductance (a proxy measure of
salinity) generated by high concentrations of sulfate (SO42-), calcium (Ca2+), magnesium
(Mg2+), and bicarbonate (HCO3-) ions, and elevated concentrations of Selenium (Se) and
many trace metals (Pond et al. 2008, Palmer et al. 2010, Lindberg et al. 2011, Griffith et al.
2012, Bernhardt et al. 2012, Vengosh et al. 2013). This AlkMD leaches from valley fills
into downstream ecosystems, where the resulting high streamwater conductivity and
high Se have been linked to declines in macroinvertebrate diversity(Pond et al. 2008,
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2014), fish abundance and biomass(Hitt and Chambers 2014), and rates of organic matter
decomposition(Fritz et al. 2010). These impacts can extend well downstream of mined
landscapes(Bernhardt et al. 2012).
To better understand mountaintop mining and the generation and longevity of
AlkMD impacts, our study objective was to quantify the areal, topographic and
volumetric impact of mountaintop mining in southern West Virginia. Second, we
explored if these 3D physical characteristics of disturbance could explain a significant
fraction of the variation in AlkMD signals in receiving streams. We are particularly
interested in considering how the volume and age of fill material may alter the chemical
signal of AlkMD in receiving streams. There is some disagreement in the literature on
this issue. Prior work has documented a strong correlation between the cumulative areal
extent of mining in a watershed and downstream declines in surface water quality that
is not dependent upon mine age(Lindberg et al. 2011, Bernhardt et al. 2012) a correlation
which has been used to suggest that AlkMD generation will perisist for many decades.
In contrast, field studies employing a space-for-time substitution approach–where
individual valley fills are not tracked over time– have suggested that the production of
AlkMD associated ions(Evans et al. 2014) and selenium from valley fill material both
decline over a ~25-year period(Ziemkiewicz et al. 2011, Ziemkiewicz and Lovett 2012).
To date, no study has quantified the amount of overburden created within individual
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valley fills or examined how variation in the volume of the resulting valley fills relates to
water quality degradation downstream.

2.2 Materials and Methods
2.2.1 Study Area

Figure 5) Study area in southwestern West Virgnia. Colored polygons show areal
estimates of mining impact in years 1976, 1985, 1995, 2005, 2011.
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Our study area is a ~11,500 km2 section of the southern coalfields of West
Virginia (Figure 5). The area is entirely inside of the Central Appalachian ecoregion,
which is characterized by steep slopes, dissected topography, shallow soils, mixed shale
and sandstone bedrock, and mixed mesophytic forest(Omernik and Griffith 2014). The
southwest corner of WV produces the majority of the state’s mountaintop mined
coal(WVGES 2010, Lutz et al. 2013) and has a long history of both deep mining and other
forms of surface mining (contour mining or highwall mining). Since the passage of the
1977 Surface Mining Control and Reclamation Act, many of these historic surface
mining practices have been broadly defined and regulated as mountaintop
mines(Copeland 2015). In the early 1970s mountaintop mining began to rapidly expand
in use and it has become the dominant form of both land use(Townsend et al. 2009,
Drummond and Loveland 2010) and coal production(WVGES 2010, Lutz et al. 2013, KGS
2015). The area studied was chosen due to publicly available elevation data from LiDAR
flights flown in 2010 (http://tagis.dep.wv.gov/home/?q=node/6), and readily available
digitized historic elevation maps from the West Virginia Department of Environmental
Protection (WVDEP). LiDAR, a portmanteau of light and radar, is a technique employed
to yield high-resolution elevation data using aircraft, onboard GPS, and laser bursts that
return elevation information at sub-cm vertical (z) and horizontal (x,y) accuracy.
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2.2.2 Approach
We confined our analysis of elevation change to areas of southern
West Virginia for which prior mining has been detected via areal imagery
delineation(Bernhardt et al. 2012). This initial analysis mapped cumulative area
under active, abandoned, and reclaimed mines on a decadal time scale since
1976(Bernhardt et al. 2012). We updated this map by adding areas of mining
detected in a more recent analysis of mining extent from 2011(Maxwell and
Warner 2015). This final dataset of mining extent includes cumulative estimates
of areas mined for the years 1976, 1985, 1995, 2005, 2011.
In order to examine changes in both topography and valley fill
volumes, we compared a historic pre-mining digital elevation model (DEM) to a
postmining DEM generated in 2010 (approach illustrated in Fig. 10a). The premining DEM was generated by the WVDEP using USGS 7.5 minute quadrangles
and ARCGIS’s TOPOGRID conversion algorithm (ESRI, Redlands, CA) to
produce a 10m resolution pre-mining DEM(Shank 2004, 2010) with most data
generated before 1970. We generated the 10m postmining DEM from LiDAR
flown in 2010 using the LiDAR to raster tool in ARCGIS 10.1, with coordinates
matching the pre-mining DEM extent.
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Because the two DEMs were generated using different techniques, we assessed
potential background measurement error between DEMs by generating more than
300,000 random points in areas with no current, historic, or permitted mining or other
forms of land use, other than forestry(Bernhardt et al. 2012, Maxwell and Warner
2015).At each of these points we subtracted the 2010 DEM from the historic DEM,
attributing any difference in elevation to differences in elevation caused by the two
different DEM-generation techniques (Topogrid vs. LiDAR). LiDAR elevation data were
generated in 2010, so for our analysis of mined landscapes, we only used areas that were
mined as of 2005, to avoid misclassifying areas that were not mined in 2010, but were in
2011.
Historic elevation estimates were tightly correlated with the 2010 elevation
values with a slope of 0.998 and an R2 of 0.999 (SI Fig. 1), but there are some differences
between the two DEMs. The error distribution is normally distributed with a median,
mean, and standard deviation of 0.22m, 0.36m, and 6m, respectively (SI Fig. 2). These
values reflect that overall, the historic elevation dataset consistently under-predicts the
2010 LiDAR elevations by an average of 36cm, potentially because LiDAR has been
shown to overestimate elevation in densely forested areas of southern West Virginia
(Shank 2004). As with elevation, we also assessed background differences between the
LiDAR and historic DEM in terms of slope. Median, mean, and standard deviation slope
differences in unmined landscapes were 1.09º, 1.14º, and 0.09º, respectively, with LiDAR
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sourced DEMs generating steeper slope estimates. This difference in unmined
landscapes likely reflects the finer resolution data from LiDAR being able to detect
steeper slopes(Chow and Hodgson 2009).

2.2.3 Determining changes in topography
Changes in topography were evaluated by aggregating data at the
regional scale and at the smallest watershed size catalogued by the USGS (Hydrologic
Unit Code HUC-12, SI Table 1). These watersheds range in size between 50-150 km2 and
were clipped to areas with available data. After removing watersheds with <1% mining,
we had 90 HUC 12-digit watersheds remaining in our study area. For each watershed,
we assessed changes in topography by comparing pre- and postmining elevation and
slope distributions (Fig. 5). With these data, we estimated how both the entire watershed
and the mined portions of each watershed changed in terms of altered slope and
elevation distributions.

2.2.4 Identifying valley fills and calculating valley fill volumes:
With the pre- and postmining elevation datasets, we detected valley fills
by subtracting the pre-mining DEM from the postmining DEM. To generate a
database of valley fills, we set a threshold for real elevation increases attributable
to mining at the point where 96% of background error could be excluded (SI Fig.
2). This corresponded to 11.4m. We then subtracted the mean error (0.36m) from
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this threshold to ensure a conservative valley fill delineation threshold. Thus,
any elevation gains greater than 11m could be classified as a valley fill. The 96%
threshold was used because it mapped valley fills that most clearly overlapped
with the database of valley fills generated by the WVDEP(Shank 2004, 2010). For
each identified valley fill, we estimated the mean and maximum depth of the fill
and the total areal extent. From this we calculated the volume of overburden. We
matched our valley fill database to the WVDEP’s database, which was generated
using similar DEM differencing approaches and mining permits(Shank 2004,
2010). Both the WVDEP database and our own analysis detected valley fills that
were not associated with permits, but we restricted our analysis to only fills
identified in both analyses(Shank 2004, 2010). One advantage to merging these
databases is that the WVDEP database has approximate age estimates for valley
fill completion era. These are: pre-1984, 1985-1990, 1991-1996, 1997-2003,and
2004-2009. The WVDEP dataset contains a total of 1,765 permitted valley fills in
our study area. Our DEM differencing approach detected 1,544 of these fills, with
smaller fills being missed due to our conservative minimum threshold of 11m of
elevation change.

58

2.2.5 Collection and analysis of valley fill chemistry data:
To understand how the physical changes from mining impact water
quality, we examined water chemistry data collected on a bimonthly basis for the
National Pollution Discharge Elimination System (NPDES). Ideally, we would
look at trends in the dominant ions associated with AlkMD (SO42-, Ca2+, Mg2+,
HCO3-). However, NPDES monitoring data only consistently report pH, iron (Fe)
and manganese (Mn) (critical indicators of acid mine drainage) and a subset
reported selenium (Se) in some more recent cases. Of these only pH and Se have
been identified as indicators of AlkMD so we focused our analyses on these
constituents(Griffith et al. 2012). Se is one of the key pollutants associated with
mountaintop mining and has an EPA water quality standard of 5 parts per
billion, due to its negative impacts on birds and fish(EPA 2011). To examine
changes over time within individual valley fills, we restricted our analysis to
sites with more than three years of data.
We linked individual NPDES monitoring points with valley fills from our
database using ESRI ARCGIS (Redlands, CA) network analysis tool. We verified
the spatial colocation of monitoring sites and valley fill locations using Google
Earth. In the end we were able to amass data for 91 valley fills where biweekly
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pH data was reported for more than 3 years, and 31 valley fills for which
biweekly Se data was reported for more than 3 years. This analysis generated a
dataset that linked valley fill characteristics (age, overburden depth, area and
volume) together with bimonthly stream chemistry.
Multiple linear regression models were used to test how geology (primary
and secondary bedrock type), valley fill characteristics (mean depth, area,
overburden volume), watershed characteristics (slope, elevation, % mining), and
mine age influenced pH and Se concentration, using mean concentrations for
each NPDES site. Within each NPDES site, we tested for changes in Se
concentration and pH over time by running simple linear regression with
annually averaged values. All statistical analyses and figurs were done using R
statistical software and ggplot2(Wickham 2011).

2.3 Results
By combining data from Bernhardt and others(Bernhardt et al.
2012) and Maxwell et al.(Maxwell et al. 2012) we estimate that from 2005 to 2011
mining has expanded from 938 km2 to 1165 km2, with active, reclaimed and
abandoned surface coal mines now covering more than 10% of the study area
(Fig. 5). Because mining occupies such a large portion of the landscape we report
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landscape change results for the entire 11,500km2 study area as well as for the
mined fraction independently.

2.3.1 Mining impacts on topography

Figure 6) Change in watershed shape from mining at a single valley fill,
Connelly Branch in the Hobet Mine Complex, WV. (a) 3-D surfaces highlighting areas
with significant elevation change (valley filling in red, ridge cutting in blue). (b) and
(c) show probability density functions for elevation and slope for preand postmining
watershed configuration.
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Mountaintop mining has dramatic and sometimes counterintuitive impacts on
landscape topography which are easier to describe for an individual mine. We illustrate
the topographic impact using a single large fill, Connelly Branch, (6.4 km2, Fig. 6). In the
Connelly Branch watershed mining operations raised the minimum elevation of the
valley by 36m (1% quantile) as a result of filling the valleys with waste rock. This rock
was generated by mining ridges within the watershed, lowering them by a mean of 11m
(99% quantile). Together this ridge cutting and valley filling increased the mean
elevation of the Connelly Branch watershed by 14.5m, decreased the standard deviation
of elevation by 14m, and decreased the mean watershed slope by 11º (Fig. 6). The
majority of slopes in the watershed are now found at two distinct peaks (2˚ and 21˚), that
are each distinct from the pre-mining slope distribution peak of 28˚(Fig. 6).
The results at Connelly Branch capture general trends for topographic changes
observed throughout our study area. Pre vs. post mining 3D map comparisons and
topographic descriptors are available for all watersheds at www.minedwatersheds.com.
Over mined areas, we measured slope decreases in all 90 HUC-12 watersheds with 84
watersheds having decreases greater than 1.14°, a detection threshold from background
error estimates between the two source DEMs. For elevation change this threshold is
36cm, and we found 74 watersheds with significant increases in elevation and only 9
with significant decreases. For the 9 watersheds with decreases in elevation, this may
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occur because overburden material has been moved across watershed boundaries and
deposited into an adjacent watershed, or impacts on elevation from deep mines where
subsidence is known to occur(Gray and Bruhn 1984).

Figure 7) Changes in slope distributions over (a) mined regions exclusively, and (b)
regional slope distribution by creating large tracts of land with slopes near 0−2°.
Prior to mining, watersheds in the region had a distinct unimodal slope
distribution with peak frequencies ~28° (Fig. 7). Mining activities have altered the slope
distributions, so that now there are two characteristic peak frequencies occurring at
slopes of ~2° and ~20°. Such bimodal slope distributions are rarely observed in
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watersheds of this size in the absence of mining(Wolinsky and Pratson 2005). This
change to mined landscapes has created a secondary slope peak for the entire 11,500 km2
region (Fig. 7). In mined locations, there has been a 30% increase in areas with slopes
lower than 25°, reflecting newly created flat ridges and gentle hillslopes, once rare in
Central Appalachia(Gallen et al. 2013, Maxwell and Strager 2013, Wickham et al. 2013).
In many areas, mining also creates flat plateaus(Maxwell and Strager 2013, Wickham et
al. 2013), a sharp contrast to the observed pattern of steepening topography in the
Appalachians caused by differential erosion rates(Gallen et al. 2013, Liu 2014).
Mining alters topography both in terms of slope and elevation.
Postmining landscapes have been raised an average of 3m in elevation, despite the
removal of coal seams estimated to be 1-1.5m thick (Lutz et al. 2013). This
counterintuitive result can only be explained by significant increases in the volume of
pore space within the-now-crushed valley fill material, where porosity has been
estimated to range from 20-57%(Diodato and Parizek 1994, Wunsch et al. 1999).
There are two important implications of this increased pore space and flattened
topography. First, some proportion of this pore space is capable of storing water, which
likely alters flowpaths and creates enhanced water storage capacity within individual
mined watersheds and throughout the region(Miller and Zégre 2014, Evans et al. 2015).
Second, this increased porosity should act in concert with reduced slopes to increase the
residence time of water within mined watersheds, a prediction confirmed empirically
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for some watersheds(Paybins et al. 2000, Messinger and Paybins 2003, Zegre et al. 2014).
In addition to altering the relationship between patterns of rainfall and runoff this
increased water residence time promotes the extraction of soluble constituent elements
from coal and shale residues within the fill material, a process that is likely generating
the AlkMD signal seen in so many previous studies(Lindberg et al. 2011, Griffith et al.
2012, Bernhardt et al. 2012, Vengosh et al. 2013).

2.3.2 Identification and characterization of valley fills
Valley fills within the study area vary widely in size, depth, and volume (Fig. 8),
with typical median dimensions (area, mean depth, max depth, volume) all increasing
over time (SI Fig. 4) such that median valley fill volumes have been increasing by an
average of 75,000 m3 per year for 25 years (Fig. 8a). Since the early 1970s, there has been
a linear increase in the total volume of waste rock deposited in central Appalachian
valleys (Fig. 8d). The largest valley fill identified is 2.9 km2 in area with a maximum
depth of 184 m, and a mean depth of 70 m. This single fill holds more than 200 million
m3 of rock overburden, a volume equal to the volume of material deposited from the
1980 Mt. St. Helens eruption(United States Geological Survey 2000). Cumulatively, the
1,544 valley fills in the study area contain more than 6.4 billion m3 (6.4 km3) of rock
overburden (Fig. 8d), a volume roughly equivalent to the volume of ejecta from the 1991
Mount Pinatubo eruption(Koyaguchi 1996). While large, this is a substantial
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underestimate of the total volume of displaced rock. Mining operations deposit much of
the overburden generated during mining operations into valley fills, but not all. Some
unknown portion of unconsolidated bedrock is also used to rebuild the ridges and
plateaus typical of the postmining landscape. Because our estimates only detect the
volume of overburden stored in valley fills, they represent a highly conservative
estimate of the total overburden volume deposited in the postmining landscape.

Figure 8) Valley fill attributes for 1544 valley fills detected in our analyses
from 1984 to 2009. (a) Histogram of valley fill areas. (b) Histogram of both mean (in
light gray) and max (in dark gray) depth of valley fills while (c) the volume of valley
fills. (d) The constant, increasing cumulative volume of overburden deposited into
headwater valleys. (e) Shows the constantly increasing median volume of valley fills
through time.
There are reasons to expect that larger volumes of overburden will induce larger
effects on downstream hydrology and biogeochemistry. Valley fills have large potential
to store water, where in the matrix of unweathered pyritic bedrock, water, and air
generate alkaline mine drainage. Previous studies estimate actual volumetric water
content of waste rock to be from 20-40%(Diodato and Parizek 1994, Hawkins 2004) and
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total porosity, or potential water storage, to be from 20-57%(Diodato and Parizek 1994,
Wunsch et al. 1999). Some portion of this pore space can fill with water, and
conservatively scaling from this lower bound of 20%(Diodato and Parizek 1994, Wunsch
et al. 1999, Hawkins 2004), we estimate that valley fills in the study area have a
theoretical capacity to store more than 1.3 km3 of water or 7 m spread over all 180 km2 of
valley fills in southwestern West Virginia. This water volume is approximately
equivalent to 1 year’s worth of rainfall for the region
(http://www.prism.oregonstate.edu/normals/). For comparison, unmined hillslope
catchments in southern West Virginia have very shallow soils (typically <2m)(Sucre et al.
2011) and fractured(Everett 1979, Kozar and Brown 1995) but low porosity
bedrock(Kozar and Brown 1995). Using the highest estimate of water holding capacity
for clay/loam soils of 40% (Saxton et al. 1986) times a max soil depth of 2m, unmined
catchments could hold a maximum of 0.8m of water. Even using these conservative
estimates, mining could increase the water holding capacity of the region by 10x. While
it is possible that water that reaches valley fills is quickly routed through large macropores and underground channels, the large storage volume coupled with observed
increases in baseflow in some mined watersheds (Messinger and Paybins 2003, Zegre et
al. 2014), generally support the idea that valley fills can store and retain large volumes of
water.

67

2.3.3 Linking valley fills with water chemistry impacts
Streams draining valley fills have significantly higher pH and Se concentrations
than reference streams in the region (Fig. 9a,b). For the 91 valley fills reporting pH data,
average effluent pH had a mean pH of 7.8 (7.7-7.9, 95% CI), whereas reference streams
have an average pH almost an order of magnitude lower than mined sites at 6.9 (6.6-7.1,
95% CI, Fig. 9a). Selenium was reported for many fewer valley fills (n=31), but was
consistently higher in valley fill effluent, averaging 6.4 and ranging from 1.4 to 19.3 ppb
(95% quantiles), while Se is nearly always below detection (0.01ppb) in reference streams
(Fig. 9b). Within the full dataset of Selenium, 12 valley fills reported mean Se
concentrations that were above the EPA criterion of 5ppb, and all 31 of the valley fills
reported Se concentrations greater than 5ppb on at least one sampling occasion.
With such common exceedances, we–and previous researchers–have worked to
understand what drives observed differences between different streams impacted by
mountaintop mining. One strong trend evident in this research is with more mining,
measured as percent cover, there is a cumulative impact on stream chemistry with
increasing concentrations of AlkMD constituents (Lindberg et al. 2011, Griffith et al.
2012, Bernhardt et al. 2012). However, there is still large variation in valley fill effluent
chemistry when percent mining is equally high between watersheds (Lindberg et al.
2011), suggesting that there are strong drivers of stream chemistry beyond percent area
mined.
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Figure 9) Boxplots for average stream concentration of (a) pH and (b) Se for
mines of different ages, shows mean (black bar), 25−75% quanties (box), range
(whisker lines), and outliers (black dots). (c) and (d) show regression lines for annual
mean stream concentration of (c) pH and (d) Se within individual valley fills. Gray
lines indicate no significant trend, whereas red shows significant increases, and blue
shows significant declines over time; Se (d) had no trends over time for any valley
fills. Relationship between valley fill volume and (e) pH and (f) Se. For pH Valley fill
volume is a strong predictor of pH only at high elevation sites (p < 0.001 r2 = 0.30) with
elevation and volume explaining 37% of the variation in pH (p < 0.001). For Se valley
fill volume and valley fill age class combine to explain 63% of variance in Se trends
between sites, both old (gray), and young (red) sites have the same slope in log−log
space, but the y-axis shown here is not in log space. There is an order of magnitude
increase in valley fill volume showing a 2.6 ppb increase in mean Se concentration.
One possible explanation for this variation is that older mines and valley fills
have lower concentrations of AlkMD constituents. Studies of acid- and deep-mine
pollution evolution shows that mining-associated pollutant concentration generally
declines over time in Scotland (Younger 1997, 2001), Wales (Younger 1997), England,
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(Younger 1997) Pennsylvania (Lambert et al. 2004), Germany (Gerke et al. 1998) and
Utah(Mayo et al. 2000). The time-scale of these declines range from 25 years(Lambert et
al. 2004) to more than a century(Gerke et al. 1998). In mountaintop mining overburden
spoil piles, similar time-scales (~ 25 years) of declining pollution have been estimated for
selenium(Ziemkiewicz et al. 2011, Ziemkiewicz and Lovett 2012) and salinity(Evans et
al. 2014). However, since no individual mines have been monitored continuously for
more than a decade, these estimates of the longevity of mountaintop mining derived
water quality impacts are based on a space-for-time substitution approach (Ziemkiewicz
and Lovett 2012, Evans et al. 2014). In this approach, investigators combined data
records from different valley fills into a single time-series analysis, and used this
analysis to suggest sharp declines in mining associated ions (specific conductance(Evans
et al. 2014) and selenium(Ziemkiewicz et al. 2011, Ziemkiewicz and Lovett 2012) over a
~20 year period. It is important to note that to this approach implicitly assumes that
mining impacts have not changed over time or vary across space. As our analysis clearly
shows, this assumption is violated. There have been significant increases in median
depth, area and volume of valley fills over the last three decades with significant spatial
variation between mines.
Using our database of valley fill characteristics we were able to examine how
variation in physical features of these fills could explain variation in effluent pH and Se.
For selenium, we were able to acquire data for 31 sites with between 4-9 years of
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sampling data at each site. There were no significant declines in annual mean selenium
concentration over time for any of these fills (Fig. 9d), even in the intermediate and older
valley fills, where previous estimates would suggest that selenium generation should be
declining (Ziemkiewicz and Lovett 2012). We were able to obtain pH data for 90 sites
with between 3 and 8 years of sampling data (Fig. 9c). Reductions in alkaline mine
drainage generation should be associated with declines in pH towards reference
conditions, yet we only observed a significant decline in pH in seven out of the 90
streams draining valley fills (Fig. 9c). A similar number of streams (n=9) documented
additional increases in pH over the monitoring period. For the majority of fills (n=75) pH
remained elevated and there were no detectable trends over time. These results are
inconsistent with the conclusions of prior studies(Ziemkiewicz and Lovett 2012, Evans et
al. 2014), which have indicated that AlkMD production declines over relatively short
time scales. Our results suggest instead that older fills are generating less Se than
modern fills, but the lack of any directional change in individual fills supports the
hypothesis that this difference arises from changes in mining practice over time (e.g
changes in the type or number of coal seams and shale overburden layers accessed)
rather than a predictable decline of Se generation over time.
Further supporting this alternate hypothesis, we found that average pH and Se
concentration were positively correlated with valley fill volume. For pH, the positive
relationship between fill volume and increasing pH was detectable at higher elevation
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sites (> 415m, Fig. 9e). At these sites, valley fill volume explained 30% of the variation in
effluent pH; the slope of this relationship suggests that for every order of magnitude
increase in fill volume (e.g. from 106 to 107 m3) there is a 0.54 unit increase in effluent pH
(Fig. 9e). No relationship between pH and valley fill volume was seen for lower
elevation sites, where pH is consistently elevated by mining activities regardless of fill
volume (Fig. 9e). The combined linear model with both elevation as a factor (high and
low elevation sites) and volume, explains 37% of the variation in pH (p<0.001). One
possible explanation for the difference between low and high elevation sites is that the
chemical composition of coal seams or bedrock may vary with elevation in subtle ways
not represented by coarse regional maps of geology (WVGES 2015). This may affect
pyrite:calcareous bedrock mixing ratios which help determine valley fill effluent
pH(Skousen et al. 2002).
Together valley fill volume and fill age explained 63% of the variation in Se
concentrations (P < 0.001, Fig. 9). The slope of the relationships relating stream Se and
valley fill volume was the same for both old and young fills, suggesting that for every
order of magnitude increase in valley fill volume mean Se concentration increases by 2.6
ppb (Fig. 9f). The difference between the two valley fill age classes was in the intercept,
which was 2.4ppb higher for younger valley fills. The divergent intercepts between age
classes is consistent with the hypothesis that more recent mines may be accessing coal
and shale layers with a higher Se content than their earlier counterparts.
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Figure 10) Two vs three-dimensional assessment of mining impacts. (a) Shows that
the rate of increase in cumulative valley fill volume (shown as a percentage of current
total, in red) is growing faster than the rate of areal expansion of mining (in black). (b)
Shows how variation in % watershed mined and cumulative volume, highlighting
two particularly divergent watersheds of similar % area mined (∼
∼35%, in red) but 5×
difference in cumulative valley fill volume. (c) and (d) Again show how watersheds
with similar % area mined can have very different impacts on topography with Ben
Creek (c) showing a much higher reduction in slope than Kiah Creek (d).
While valley fill volumes are correlated with Selenium concentration and pH, we
cannot isolate a clear mechanistic link between fill volume and AlkMD generation.
There are several possible explanations for this correlation. First, it is likely that larger
volume fills are associated with mines that are larger and deeper and thus accessing a
larger number and greater diversity of acid generating and Se bearing deposits. It is
nearly certain that larger valley fill volumes represent larger stores (in mass) of both
pyritic material and carbonate bedrock which generate stronger signals of AlkMD as
shown by Wellen and others(Wellen et al. 2015). Another possibility is that larger valley
fills have more hydrologic flux through spoil piles. Prior research on deep(Lambert et al.
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2004) and surface mines(Mayo et al. 2000) has shown that, at least early in mine-spoil
chemical evolution, higher hydrologic fluxes increased mine pollutant concentration.
Even as a proxy metric, these results, where volume of valley fill is strongly correlated
with stream chemistry, highlight the importance of accounting for the scale of
geomorphic change (especially overburden volume) when attempting to understand
long-term impacts of mining on downstream chemistry(Ziemkiewicz et al. 2011, Evans
et al. 2014), though see(Wellen et al. 2015).

2.4 Implications
While both the total area mined and the volume of overburden have grown
linearly over the last 25+ years, the rate of increase in overburden volume is increasing
faster than total area mined (Fig. 10a). This suggests that, per area mined, mining
operations were generating progressively more overburden through the 2010s, with
important implications for continued impairment of downstream ecosystems.
Additionally, these results highlight how poorly areal estimates of mining reflect the
scale of disturbance in any given watershed. At the hydrologic unit code or HUC-12
scale, percent watershed mined does correlate strongly with estimates of overburden
volume per unit area, or overburden depth if it were spread across entire watershed,
(Fig. 10b). However, there are orders of magnitude of variation around this relationship
(Fig. 10b), where the three-dimensional physical impacts to the landscape are more
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accurately captured in terms of overburden volume (Fig. 10c), or total slope change
(www.minedwatersheds.com).
With the volume of valley fills growing faster than the area of land disturbed,
one key finding in this study is that valley fill volume correlates more strongly with
stream chemistry than areal metrics (like percent area disturbed). This result is
consistent with previous studies where the mass (or volume) of overburden is the single
best predictor of stream chemistry for streams emerging from valley fills(Wellen et al.
2015). Mining expansion rates, as detected by areal analysis of satellite imagery as
in(Bernhardt et al. 2012) do not provide sufficient data to understand and predict
current and future water quality impacts from mining activities. Furthermore, studies
attempting to understand the long-term water quality trends downstream of mines must
account for variation in valley fill and overburden volume.
The volume of change in bedrock–or in Jenny’s soil formation terms (Jenny 1994),
parent material– is only one aspect of mountaintop mining disturbance. Mining also
effects relief, climate, biotic communities, and time–or time for ecosystem to coevolve
with other state factors. The large reduction in local and regional relief can have several
cascading impacts, including: increasing insolation by reducing hillslope shading as
Wickham and others found(Wickham et al. 2013), slowing the delivery of stormwater
from hillslopes to streams(Messinger and Paybins 2003, Zegre et al. 2014), and
increasing the residence times for water stored in overburden piles(Zegre et al. 2014).
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Contrastingly, reclaimed mines have been shown to have areas with high surface
soil compaction(Wunsch et al. 1999, Taylor et al. 2009), with evidence that some mines
can act to increase stormflow(Negley and Eshleman 2006, Ferrari et al. 2009). This
apparent contradiction where mines can both decrease(Zegre et al. 2014) and increase
stormflow(Negley and Eshleman 2006, Ferrari et al. 2009) may be explained by different
mine reclamation techniques with varying degrees of soil compaction(Taylor et al. 2009),
or regional variation(McCormick et al. 2009), or threshold type responses(Tromp-Van
Meerveld and McDonnell 2006). For smaller or less intense rainstorms, it is possible that
reclaimed mine areas are able to effectively store incoming water, while for the largest or
most-intense storms, areas of the mine with compacted soils reach excess infiltration
quickly and generate a strong storm response(Evans et al. 2015). These ideas are
speculative and the potential for threshold responses in the hydrology of mined sites
requires further study(Zégre et al. 2013, Evans et al. 2014, Zegre et al. 2014).
The biogeochemical and hydrologic cycles are further impacted by the reduced
interaction between plants and the water table. In the pre-mined environment, soils are
typically shallow, at most 2m deep(Everett 1979, Sucre et al. 2011). Tree roots can access
water throughout the shallow soil profile, exerting a strong control on patterns of
transpiration and total water yield from forested watersheds(Hornbeck et al. 1995). In
the post-mined environment, overburden depths can exceed 200m (the maximum valley
fill depth in our dataset is ~ 250m) and most mined sites have little or no forest recovery
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following mining(Zipper et al. 2011). Instead mines are covered in grasses and
shrubs(Zipper et al. 2011). Together these deep overburden depths and plant species
with shallower rooting systems(Canadell et al. 1996) are likely to greatly reduce the
influence of plants on hydrologic and biogeochemical cycling in post-mined landscapes.
Along with reduced slopes and increased storage potential, this reduction in
transpiration may help explain increases in baseflow in mined sites(Zegre et al. 2014,
Evans et al. 2015) and stronger signals of alkaline mine drainage (higher specific
conductance, pH & ion concentrations) during low-flow periods, when deep flow-paths
most dominate the stream network(Evans et al. 2015). Further, these changes in relief
and hydrogeochemistry in the mined environment may provide feedbacks that
discourage the recovery of native vegetation(Zipper et al. 2011), which evolved in steep
landscapes with dilute, shallow flow systems(Evans et al. 2015).

2.5 Conclusions
Our analysis demonstrates that the scale of mining impacts penetrate
deep into bedrock and persist over longer timescales than traditional two-dimensional
assessments of land use would suggest. Mountaintop mining has little physically in
common with deforestation, where the dominant effects from disturbance are mediated
through ecological factors, and ecosystems return to similar pre-disturbance hydrologic
and biogeochemical regimes over decadal time scales(Brown et al. 2005). The physical
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effects from mountaintop mining are much more similar to volcanic eruptions, where
the entire landscape is fractured, deepened, and decoupled from prior landscape
evolution trajectories, effectively resetting the clock on landscape and ecosystem
coevolution.
For disturbances deep enough to reset not only short-term ecological
community structure, but also geology and geomorphologic evolution, it is vital that we
account for the full three-dimensional scale of environmental impact. Maps of
environmental change can create false equivalencies between quantitative and
qualitatively different impacts. The need for a three-dimensional analysis of change is
clear for mountaintop mining (Wellen et al. 2015), but will also improve our assessments
of land use change with substantial earth-moving activities(Wilkinson 2005) like
building cities(Li et al. 2014, Jones et al. 2014), creating agricultural land and suburbs(Li
et al. 2014), and mining other hydrocarbons(Latifovic et al. 2005). In the case of
mountaintop mining, quantifying the physical dimensions of landscape impact provides
demonstrable improvements in prediction of water quality trends over time, and,
potentially, other valuable insights like changes to stream and river
flooding(McCormick et al. 2009, Zegre et al. 2014, Evans et al. 2015) and
baseflow(Messinger and Paybins 2003, Zegre et al. 2014) in mined catchments.
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3. The Melting Mountains of Appalachia
3.1 Introduction
Chemical weathering of bedrock is typically dominated by carbonic acid
weathering, which acts as a geologic sink of CO2 (Dessert et al. 2003), ultimately
regulating the carbon cycle over millennia (Maher and Chamberlain 2014).
However, sulfur compounds in coals and shales can be important sources of
H2SO4 (a strong acid weathering agent), when they are exposed to air or
combusted (Johnson et al. 1972, Xu and Liu 2007, Li et al. 2008, Raymond and Oh
2009). Substantial research documents that the CO2 (Maher and Chamberlain
2014) and SO2 derived from coal combustion enhances regional and global
weathering rates (Johnson et al. 1972, Lerman et al. 2007, Xu and Liu 2007, Li et
al. 2008). Yet, little work has examined how weathering may be altered at the
source mines from which this coal is derived. Mining exposes large volumes of
FeS2 bearing rock in contact with air, a geologic impact that can potentially
account for 30-40% of global riverine S fluxes (Raymond and Oh 2009).
Before 1970, U.S. coal was primarily produced from underground mines
((EIA) 2011), which altered weathering patterns in mined areas by simply
exposing FeS2 to water and air (Raymond and Oh 2009). Since 1970, coal
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production has been dominated by surface mining operations ((EIA) 2011),
which in addition to exposing FeS2 to oxygen also mechanically breaks up large
amounts of bedrock. Both forms of mining generate sulfuric acid, but surface
mining generates this acid in a matrix of fragmented rock, leading to enhanced
weathering potential. Mountaintop removal coal mining with valley fills (MTM)
as practiced in Central Appalachia is a particularly extreme form of surface
mining, excavating ridges as deep as 200 m and burying adjacent valleys and
streams beneath hundreds of meters of fractured bedrock and coal residues (Ross
et al. 2016). These impacts are extensive (Townsend et al. 2009, Drummond and
Loveland 2010); in West Virginia alone, active, reclaimed, and abandoned mines
cover more than 1,165 km2 (10%) of the 11,500 km2 coalfield region (Ross et al.
2016).
Post-MTM landscapes have lower slopes (Maxwell and Strager 2013, Ross
et al. 2016), greatly increased water storage potential (Wunsch et al. 1999,
Barbour et al. 2016, Ross et al. 2016), and an abundance of acid-generating pyrite,
which is intentionally mixed with acid-neutralizing carbonate bedrock
(Odenheimer et al. 2014), creating ideal conditions for chemical weathering. In
mine spoils, a suite of chemical reactions generate alkaline mine drainage
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(Lindberg et al. 2011, Griffith et al. 2012). Alkaline mine water starts with FeS2
dissolution and oxidation, generating sulfuric acid (Silverman and Ehrlich
1964)eqn. 1). Ca- and Mg- CO3 minerals neutralize this acid (Evangelou and
Zhang 1995, Banks et al. 1997, Hawkins 2004, Daniels et al. 2016). Together these
reactions liberate all of the soluble ions previously held in bedrock (SO42-, Ca2+,
Mg2+, HCO3-, K+, Na+, and Cl-) which collectively increase both the pH and
specific conductivity (SC) of mine-water effluent (Lindberg et al. 2011, Griffith et
al. 2012, Bernhardt et al. 2012, Orndorff et al. 2015).
3.75O2 + H2O + FeS2 = 2H2SO4 + Fe(OH)3

(1)

In addition to generating dissolved solutes, these neutralizing reactions
also have the potential to produce CO2 (eqns. 2-4). In the absence of strong acids,
weathering of carbonates can be a substantial net carbon sink over geologic time
scales (Louvat and Allègre 1997, Hamilton et al. 2007), while strong acid
weathering can liberate fossil carbon from carbonate rocks by eqn. 3.
Carbonate weathering – geologic C sink
Ca2Mg2(CO3)2 + 2H2CO3 = 2Ca2++ Mg2+ + 4HCO3-

(2)

Carbonate weathering – geologic C source
Ca2Mg2(CO3)2 + H2SO4 = 2Ca2+ + 2Mg2+ + H2O + SO42-+ CO2
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(3)

Under alkaline conditions, this CO2 is converted to HCO3- so that the net reaction
is:
Ca2Mg2(CO3)2 + H2SO4 = 2Ca2+ + 2Mg2+ + SO42-+ 2HCO3-

(4)

Although the high concentrations of these rock-derived ions in the
streams draining mountaintop mines suggest high rates of weathering and
potential for substantial geologic CO2 efflux, no empirical estimates of either rate
exists.
We calculated the first estimates of these rates using a paired-watershed
approach, which allows us to directly compare similar mined and unmined
watersheds in West Virginia’s Mud River basin (Fig. 11, https://mtmweathering.web.duke.edu). One set of watersheds consists of a pair of 1st order
streams, and another pair are 4th order watersheds (Fig. 11). At the 1st order
watershed scale, we compared the steep (mean slope 19.5º) 118 ha Rich’s Branch
(RB) site to the 68 ha watershed, Laurel Branch (LB). Laurel Branch was 97 ha
before mining activities deposited 10-14 million m3 of overburden into the valley,
shrinking the watershed by 30% and lowering the mean slope from a pre-mining
20.5º to a post-mining 13.3º (Ross et al. 2016). At the 4th order watershed scale, we
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compared the reference site, Left Fork (LF, 3,463 ha, mean slope 17.5º) to the
3,672 ha, 46% mined watershed, Mud River. MR, like LB, has been heavily
altered by mining with an estimated 162-185 million m3 of overburden deposited
into its headwater valleys, resulting in a decrease in mean slope of 3º (21.6º to
18.9º) and an increase of mean elevation by 2 m. These extensive topographic
alterations are consistent throughout the region (Ross et al. 2016).
We monitored stream stage, discharge, conductivity (specific conductance,
SC, in µS/cm), and temperature at ten-minute intervals from 10/1/2014–9/30/2015
(details in Nippgen et al., in review). We also collected biweekly stream water
samples at all sites, along with intensive storm sampling for three storms. All
samples were filtered and analyzed for SO42-, Ca2+, Mg2+, K+, Na+, NO3-, and Cl-.

3.2 Methods and Materials
We used Onset HOBO Water Level loggers and Onset HOBO Specific
Conductance loggers to measure water level and SC at ten-minute intervals in each
watershed. Redundant SC and Level measurements were recorded with a Decagon CTD
sensor. All sensors were cleaned and data were downloaded every two weeks
throughout the water year. The water level data was converted to discharge (Q) using
rating curves with at least 13 manual measurements of Q across a range of flow
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conditions. At RB, LF, and MR, we used Manning-type equations to estimate bank-full Q
at high water levels where we had no Q measurements. Water levels exceeded our
manual Q measurements <3% of the time at LF and <1% at all other watersheds. Missing
data due to sensor malfunctions were filled by linear interpolation in the absence of
precipitation events and by regressions with the redundant sensors for both SC; Q-data
gap-filling for Q is described in more detail in Nippgen et al (in review). Baseflow
contribution was calculated using Hewlett and Hibbert baseflow separation methods, as
outlined in Nippgen et al (in review).
SC data at all sites had periods of drift due to either deposition of
dissolved particulates onto the sensor electrodes or through partial sand burial. To
correct for this sensor drift, we assumed linear drift from the previous download and
corrected SC to a handheld SC meter that was calibrated monthly.
Water samples were collected at all sites every two weeks and filtered
with a 0.45 micron mixed-cellulose fiber filter. These samples were immediately stored
in a 4ºC refrigerator at Duke University before simultaneous anion and cation analysis
on two Dionex ICS-2000 ion chromatographs with an AS-40 autosampler (Dionex,
Sunnyvale, CA). Anions were analyzed on AS-18 guard and analytical columns.
Minimum detection was 10 ppb for Cl- and SO42- and 3 ppb for NO3-N. Cations were
analyzed on CS-12A guard and analytical columns. Minimum detection was 0.3 ppm for
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Ca2+, Mg2+ and Na+ and 30 ppb for K+. All samples with SO42- concentrations greater than
200 ppm were diluted prior to analysis.

Figure 11) Hillshade maps of study sites, outlined in green are reference
watersheds (RB and LF), while red highlights the mined watersheds (LB and MR),
with blue stream lines. Inset shows digital elevation model (DEM) of 1st order
watersheds with topographic changes shown at Laurel Branch (LB) with pre- and
post- mining DEMs.
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Once ion concentrations were obtained on the IC, we converted
concentrations to moles and charge equivalents to calculate HCO3- concentrations. We
assumed that all unmet negative charge could be attributed to HCO3-, such that in eq/L:
[HCO3-] = Σcations – Σanions
We performed this calculation both for all samples collected and on annual flux
estimates, assuming charge balance requirements are met using both approaches. Our
estimates of HCO3- flux using these methods are within 10% of each other. Using our
estimate of HCO3- flux, we estimated the amount of CO2 produced from sulfuric acid
weathering by assuming that all HCO3- is produced from eqn. 4. At the mined sites,
where the amount of HCO3- that would be produced cannot account for the amount of
SO42- being exported from the watershed, we assumed that all the remaining SO42produces CO2 at a molar ratio of 1:1 to calculate CO2 efflux.
To calculate 10-minute flux estimates, we used a simple mixed linear
model where ion concentration (y) in mg/l is a function of SC and percent contribution
of baseflow. SI Table 2 shows R2 and equations for all reported elemental flux. Across all
sites NO3- was not predictable using our simple models of conductivity and baseflow,
likely because NO3 export is strongly influenced by biotic factors such as season and
temperature. For charge-balance purposes, NO3- made up less than 1% of total charge in
all samples across all sites, so it likely does not impact our calculations of HCO3- and CO2
flux.
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All analyses were completed using R statistical software.

3.3 Results and Discussion
Previous studies of these same sites (Lindberg et al. 2011) reported strong
positive correlations (R2 > 0.8) across a mining gradient between stream SC and
individual ions associated with mining (Ca2+, Mg2+, SO42-). Here, we found
similar results in time-series data collected from our mined sites both at baseflow
and stormflow (Fig. 12A). Several major ion concentrations (Mg2+, Ca2+, and K+)
were also strongly correlated (R2 > 0.7) with SC in our unmined watersheds. The
relationship between ions and SC concentration at all sites is stronger when we
included percent baseflow contribution (from Nippgen et al, in review) in linear
models (SI Fig. 5, SI Table 2). The consistent relationships between baseflow, SC,
and individual ion species allowed us to use SC as a proxy for all individual ions
at all sites (R2 > 0.65, SI Table 2), effectively providing an estimate of ion
concentration at ten-minute intervals for the entire year. In addition to the ions
we directly measured, we calculated HCO3- as the residual of the charge balance
by assuming any charge imbalance could be attributed to unmeasured HCO3- (SI
Fig 6).
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Sampled streamwater chemistry shows a strong shift in the weathering
signal of mined sites. Based on Na normalized Mg and Ca ratios, unmined
streams indicate weathering of silicate and carbonate materials (Gaillardet et al.
1999), consistent with weathering of mixed sandstone and limestone bedrock
(Fig. 12B). Mined watersheds show a strong shift towards pure carbonate
weathering with an enhancement of MgCO3 weathering beyond the range of a
global database of stream ion concentrations (Gaillardet et al. 1999, Dessert et al.
2003, Xu and Liu 2007). This change in streamwater chemistry also highlights a
shift in weathering signals from a CO2 sink to a CO2 source (Hamilton et al. 2007).
[CO2 sink strength] = [HCO3- – 0.5(Ca2+ + Mg2+ )]/[0.5(Ca2+ + Mg2+)]*100

(5)

Across our two unmined watersheds, many elements (Ca2+, Mg2+, K+, and
SO42-) were exported at nearly the same rates, with an export rate of total
dissolved solids (TDS) of 212 and 254 kg ha-1 yr-1 at RB and LF, respectively. The
similarity in export rates suggests that natural weathering processes and routing
of precipitation are similar between unmined sites regardless of watershed size
(Fig. 13B). Conversely, the fully mined 1st order LB watershed exported total
dissolved solids (TDS) at a rate of 8,778 kg ha-1 yr-1, nearly 4,000% higher than its
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paired reference watershed, RB (Fig. 13). The 4th order MR mined watershed,

Figure 12) A) Correlation between conductivity and individual ion concentrations at all
sites from biweekly samples and three storms. These relationships along with baseflow
indices are used to calculate daily flux estimates. B) Na normalized ratio of Ca and Mg from
this study (plotted in circle colored points) and a synthesis of global streamwater chemistry
(crosses (x) denote global large rivers (Gaillardet et al. 1999), open squares denote karstic
streams (Xu and Liu 2007) and basalt streams are shown as closed diamonds (Dessert et al.
2003)) . The blue and purple circles indicate a range of ratios from pure carbonic acid
weathering of carbonate and silicates respectively from (Gaillardet et al. 1999). Note how
the reference watersheds have a mix of silicate and carbonate weathering signals, while the
mined watersheds clearly shift into being dominated by carbonate weathering ratios (high
Mg and Ca). C) Shows violin plots with relative CO2 sink strength as inferred from
streamwater chemistry (see text for details), negative values indicate weathering was a
source of CO2 (eqn. 5).
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where only 46% of the watershed was mined, exported TDS at a rate of 3,792 kg
ha-1 yr-1, a 1,500% increase over the reference watershed. The rates of TDS export
from MR, adjusted to the total area mined, are very similar (~8,300 kg/ha at MR
vs. ~ 8,800 kg/ha at LB ), suggesting that weathering processes are similar for
mined portions of these two watersheds. Overall, elevated TDS flux was driven
by dramatic increases in Ca2+, Mg2+, HCO3-, and SO42- export in the mined
watersheds with rates of thousands of kg ha-1 yr-1 for each solute (Fig. 13).
The total flux of TDS out of mined watersheds is exceptionally high in
comparison to other watershed disturbances. For example, in a canonical paired
watershed study, the forest at Hubbard Brook in New Hampshire was completely clear
cut and sprayed with herbicide for three years. The experimental watershed exported
265 kg ha-1 yr-1 of dissolved ions one year after the disturbance, a nearly 500% increase in
flux (Likens et al. 1970) relative to an adjacent reference watershed. In comparison, LB
exports 3,200% more dissolved solids than observed at Hubbard Brook. Globally,
dissolved elemental export rates from LB are only matched by weathering rates
observed in the Waiho river New Zealand, which is downstream of a glacier and has
area corrected runoff
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Figure 13) A) Modeled daily flux of major ions from the four study sites (see text for
modeling details). Reference watershed y-axis is zoomed in 10x from the mined
watersheds with the zoom level shown in the background of the mined watersheds.
HCO3- is calcualted by assuming charge balance. B) Shows cumulative flux of major
ions and total dissolved ions (TDS) by site. Reference sites have nearly identical per
area flux, which obscures the LF line at times.

rates 7-10 fold higher than LB (Lyons et al. 2005). In similarly sized catchments,
LB has weathering rates that are 2.5 times higher than anywhere else in the
globe. For example, the highly reactive, fresh bedrock, and high runoff islands of
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Iceland (Louvat et al. 2008), Réunion (Louvat and Allègre 1997), and Papua New
Guinea (Gaillardet et al. 1999), the highest reported chemical weathering rates
range from 1,100–3,380 kg ha-1 yr-1.
In MTM landscapes, we estimate that far more SO42- was exported than
can be accounted for by our estimates of HCO3- flux (eqn. 3 & 4, Fig. 14). Based
on annual charge balances for each watershed (Fig 4, SI Fig 6), we estimate that
carbonic acid weathering in our unmined catchments sequesters 0.2–0.5 g C m-2
yr-1. In contrast, because MTM watershed weathering is driven by sulfuric acid,
MTM watersheds release rock C at rates of 10-50 g m-2 yr-1. The rates of C release
from strong acid weathering of carbonates is small relative to the C released from
the burning of coal itself where the burning of MTM coal releases approximately
0.83 Mg C m-2 (Lutz et al. 2013). However, these rates of fossil C release from
weathering in mined watersheds could negate 11-30% of net ecosystem C uptake
by vegetation on mined lands, as estimated in previous studies (167-389 g C m2
yr -1) (Lutz et al. 2013). Furthermore, oxidation of ancient rock-organic C bound
up in coal residues and shales could dramatically increase our estimates of fossil
C release (Campbell and Fox 2010, Hilton et al. 2014). This net geologic C source
is a reversal of natural geologic C cycling where chemical weathering driven by
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carbonic acid sequesters substantial amounts of carbon over geologic time scales,
with rates as high as 25 g C m2 yr-1 (Dessert et al. 2003).

Figure 14) Shows cumulative ion flux (as kiloequivalents ha-1) for each site. For the
reference sites, HCO3 is split into two categories. HCO3—H2SO4 indicates HCO3
that can be accounted for by H2SO4 weathering (Eq. 2). HCO3--H2CO2 is the
remaining HCO3 produced by carbonic acid weathering of bedrock, which indicates a
CO2 sink. Conversely in the mined sites, SO4 far exceeds HCO3 concentrations such
that it is split into SO4--HCO3 which is sulfate that can be accounted for by carbonate
weathering (Eq. 2). SO4--CO2 indicates the remaining SO4 that can only be accounted
for if it produces CO2 that is evaded (Eq.3), showing the mined sites are a substantial
geologic CO2 source.

The extremely high weathering rates and CO2 efflux observed from mined
watersheds likely alters the physical structure of valley fill voids. For example, at
LB, the loss of more than 700 tons of material per year to weathering products
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and downstream export would create void spaces of 225-350 m3 annually,
assuming spoil material bulk density ranging from 2-3 g/cm3 (Wunsch et al.
1999). If this void-generation rate were applied evenly over the entire LB
watershed, it would represent a chemical denudation rate of at least 330 mm kyr1

or almost 55-times faster than the background estimates of chemical and

physical denudation rates for Central Appalachian mountains of 6 ± 3 mm kyr-1
(Hancock and Kirwan 2007).
By our estimate, ~878 tons of dissolved solids and ~50 tons of geologic C
are being released from each square kilometer of mines in the Mud River
watershed per year. This rate estimate was consistent between a small recently
mined watershed and a larger watershed including a number of areas mined
over the last four decades, giving us confidence that it is appropriate to scale this
rate to larger regions. If we scale this rate to the entire 1,165 km of active,
2

abandoned and reclaimed mines within West Virginia, we estimate that strong
acid weathering of mine spoil is likely exporting ~1 million tons of dissolved ions
to regional rivers and releasing up to 58,000 tons of geologic C as CO .
2

More than 40% of the 5.6 billion tons of coal mined globally (Reichl et al.
2016) is derived from surface mining techniques (World Coal Institute 2005). All
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of this coal will be associated with the liberation and oxidation of pyrite minerals
and enhanced potential for strong acid weathering and the production of
dissolved salts and release of geologically bound C. The enhanced weathering
associated with pyrite oxidation is likely to be more extreme in coal bearing
regions of the world with higher pyrite content. Indeed, even within the Central
Appalachian ecoregion there are regions with much higher FeS2 content in
bedrock (Casagrande 1987), we see far more extreme cases of dissolved ion
production in watersheds in eastern Kentucky and Tennessee, where
streamwater conductivity below surface mines can be 2-10 times higher than
observed in this study (Johnson et al. 2010).
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4. Linking topographic, hydrologic, biogeochemical, and
vegetation change in mountaintop mined landscapes
4.1 Introduction
Humans cause a variety of disturbances that initiate ecological succession
include the planting of crops, harvesting forests, building cities, or extracting mineral
resources (Hooke et al. 2012). The ecosystem change caused by these disturbances can
alter the topography, geology, and physical structure of landscapes in addition to their
vegetation structure (Marsh 1864, Doerr and Guernsey 1956, Hooke 1994, Brown et al.
2016, Tarolli and Sofia 2016). In the late 20th and 21st century, earth-moving machinery
grew in size and decreased in cost, making earth-moving activities even more
widespread causes of ecosystem change throughout the world (Hooke 1999, Wilkinson
2005, Wilkinson and McElroy 2007). In cities (Jones et al. 2014), farms (Tarolli 2016), and
mines (Ross et al. 2016), humans are creating novel landscapes with altered topography,
geology, and vegetation cover. These disturbances that extend deep into earth’s critical
zone, from bedrock to treetop, are fundamentally different from surficial changes to
vegetation, insofar as they disrupt all of major factors that structure ecosystems (Jenny
1994). However, there has been little research linking the geomorphic change of these
manmade landscapes to the ecological response on vegetation and the attendant
consequences for water and nutrient cycling (Richter and Billings 2015).
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Here we use mountaintop mining with valley fills (MTMVF) as a case study to
better understand ecosystem succession and response to linked ecological and
geological change. MTMVF is a form of surface mining for coal that takes place in the
steep, highly dissected mountains of Central Appalachia including parts of West
Virginia, Tennessee, Kentucky, and Virginia. In this ~50,000 km2 region, more than 5,000
km2 of land has been mined (Pericak et al., in prep.) making it the most common form of
landuse change (Townsend et al. 2009). To access shallow coal seams (<200m), mining
companies: harvest overlying forest; use explosives and draglines to breakup overlying
bedrock (spoil); deposit this excess spoil into adjacent valleys; harvest the coal; and use
the remaining spoil to build a stable landscape that meets the requirements of the
Surface Mining Control and Reclamation Act (Congress 1977). These activities leave
behind landscapes with highly altered topography, with a significant increase of flat
land (slopes near 2°) at the expense of the previously dominant steep slopes of 28°
(Maxwell and Strager 2013, Ross et al. 2016), and a ~10° reduction in the average slope of
mined landscapes (Ross et al. 2016). Underneath this flatter topography, there is a
complex matrix of unconsolidated and porous spoil (Wunsch et al. 1999) that can be 10
to nearly 200 meters deep (Ross et al. 2016), compared to unmined soil depths of less
than 2m (Sucre et al. 2011).
Before the passage of SMCRA in 1977, most mined lands were planted with
native trees deciduous hardwoods and pine species (Rodrigue et al. 2002). These ‘pre97

law’ forests have been shown to be equally or more productive than unmined forests
(Rodrigue et al. 2002, Zipper et al. 2011). Following SMCRA, which emphasized
stabilization of spoil piles and erosion prevention, many mine operators stopped
planting trees (Rodrigue et al. 2002) and began to hydroseed grasses immediately
following mining as a way to stabilize freshly built landscapes, with some tree planting
after the initial hydroseeding (Schoenholtz et al. 1987). However these, secondary
plantings had much less success than pre-law planting, with slow or non-existent tree
growth on most ‘post-law’ mined lands (Rodrigue et al. 2002, EPA 2005, Zipper et al.
2011). Researchers have proposed several possible reasons for the lack of tree growth
including: competitive exclusion by planted herbaceous cover (Torbert et al. 1995,
Skousen et al. 2009), soil compaction preventing tree establishment (Torbert and Burger
1990, Skousen et al. 2009, Lindsay et al. 2013), poor soil quality (Acton et al. 2011), and
herbivory (Skousen et al. 2009). The trees that are best able to grow on these landscapes
are either non-native like the invasive autumn olive or natives capable of excluding
other native trees like the black locust (Zipper et al. 2011). The widespread failures in
forest regrowth on reclaimed mines prompted the formation of the Forest Reclamation
Approach (FRA), which promotes the use of best practices to promote forest recovery on
mined lands (Zipper et al. 2011) . While this approach has shown some promise (Zipper
et al. 2011), it is a voluntary program that has only been applied to a small fraction of the
more than 5,000 km2 of mining (Wickham et al. 2013). The geological and ecological
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impacts from MTMVF leave behind a landscape covered in a range of novel ecosystems
that can be flat, grassy steppe or steep valley fill shrublands, or occasional forest cover
on pre-SMCRA landscapes.
Underneath these novel plant assemblages, in the spoil piles, valley fills, and
reconstructed ridges of mined landscapes, water is stored during storms and released as
baseflow, slowing the movement of water from precipitation to streamflow (Messinger
and Paybins 2003, Nippgen et al., in review). In the spoil matrix, water reacts with
freshly exposed pyrite (FeS2) and oxygen to produce sulfuric acid. The sulfuric acid
reacts with a carbonate matrix, rapidly weathering out a suite of ions (SO42-, Ca2+, Mg2+,
HCO3-, K+, Na+, and Cl-), and other elements (U, Se, Sr) which collectively increase the
salinity (measured as specific conductance) and pH of water emerging from mines
(Lindberg et al. 2011, Griffith et al. 2012, Vengosh et al. 2013, Ross et al. 2016).
This alkaline mine drainage lead to dramatic declines in sensitive aquatic
macroinvertebrate taxa at local to regional scales (Pond et al. 2008, Bernhardt et al. 2012,
Voss et al. In Press) as well as declines in fish and salamander populations and stream
microbial communities (Hitt and Chambers 2014, Bier et al. 2015, Price et al. 2016). The
downstream impacts from mining have been shown to last for at least decades (Evans et
al. 2014, Pond et al. 2014, Ross et al. 2016).
The cascade of mining impacts from vegetation changes to changes in water and
element flux are all linked and ultimately constrained by the new topography of mined
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lands. In this study, we use a chronosequence of mine ages at both the regional and
watershed scale to understand ecological succession on these novel landforms and how
vegetation regrowth affects the hydrology and biogeochemistry of mined landscapes.
Specifically, we ask:

1) What is the rate and character of forest regrowth on reclaimed mines?
2) How are the hydrologic impacts observed in recently reclaimed mines
(enhanced baseflows, reduced stormflows) affected by forest regrowth?
3) Does alkaline mine drainage from reclaimed mines persist or decline as
reclaimed mine spoils are weathered and mine surfaces are revegetated?

4.2 Methods
In this study, we used two complementary approaches: A regional-scale analysis
of succession (>11,500 km2, Fig. 15) and an in-depth analysis at the watershed scale (<6
km2, Fig. 16) to assess the effects of mine age on hydrology and biogeochemistry. At the
regional scale, we used remote sensing tools coupled with information on mine age
(Pericak et al., in prep) to look at how vegetation and canopy structure recover and
change following mining (Fig. 15). At the local scale in Mud River, West Virginia, we
used the paired watershed approach to examine coupled changes in vegetation,
topography, hydrology, and biogeochemistry in 9 research watersheds (2 reference and
7 mined, Fig. 16). The mined watersheds varied in size from 2.4ha to 500ha and age from
an unreclaimed 0-year mine to a watershed that was last mined nearly 20 years ago.
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4.2.1 Site Description

Figure 15) Study region in southern West Virginia. Colored portions of the map show
areas that have been mined and the age of the mines. The gray outline area shows
parts of the state where canopy height data was available, and the yellow star shows
the location of local watershed research.
Our focused study on hydrologic and biogeochemical responses to mining over
time took place in the Mud River watershed in southwestern West Virginia, USA (Figs
1&2), a tributary to the Guyandotte River. Within the larger Mud River basin, we
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selected 9 research watersheds based on differences in mine age and valley fill volume.
Hydrologic and biogeochemical exports from the seven mined watersheds were
compared to two mixed deciduous hardwood forest reference watersheds, the 118ha
Rich’s Branch (RB) and the 135 ha Spring Branch (SB). The steep slopes (Fig. 16, Table 3).
The reference watersheds have shallow (<2m) soils (Sucre et al. 2011), and are underlain
by geology of layered sandstone, siltstone , and shale (Nicholson 2005).
The seven mined watersheds ranged in current size from 2.5 ha to 590 ha (Fig.
16), with some watersheds doubling or halving in size due to mining activities (see SI
Table 1 for the full topographic change). Valley fill volume in these watersheds varied
from 0.5 to 16 million m3 (data from Ross et al. 2016). We calculated mine age for each
watershed, by taking the average mine age of every 30m pixel within each watershed
outline. This approach yields mine ages that range from unreclaimed (0-year) to 19-year
old watersheds. Thus, we capture a gradient of watershed size, mine age, and
topographic and geologic change (Fig. 16). Vegetation on these watersheds was a mix of
grassland and bare earth cover on the younger mine sites, and a nascent forest of
Autumn and Russian olive and Black Locust on our older mine sites. All sites had some
intact mixed deciduous forest downstream of their valley fills and upstream of our fixed
stream sampling locations.
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4.2.2 Vegetation change on mine lands
We used two approaches to look broadly at vegetation change and recovery after
mining. First, we used 31 years of Landsat imagery to calculate annual summer average
watershed Normalized Difference Vegetation Index (NDVI) for the 9 primary
watersheds. NDVI is a simple way of estimating the greenness of a landscape using
remote imagery and can therefore be used to track the evolution of mine lands from bare
earth to vegetated cover. NDVI is defined as:
NDVI =
We retrieved this data using climateengine.org (Huntington et al. 2016), which is a user
friendly way to use Google Earth Engine’s nearly 50 year record of Landsat images. We
retrieved NDVI for a 31-year period from 1984-2016. The United States Geological
Survey generates this NDVI product, ensuring no atmospheric and cloud interference,
with many examples of this data product being used to assess environmental change
remotely (e.g, Pettorelli et al. 2005).
While the summer annual NDVI dataset is a good approximation of total
vegetation recovery in terms of greenness, it does not readily highlight the changes in
canopy structure that previous studies have noted on mine lands (Acton et al. 2011). To
look at changes in three-dimensional canopy structure over time, we used a space-fortime substitution approach. With the annual active mining dataset from Pericak and
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others, we generated a map for southern WV to determine the last year any given part of
the landscape was mined (Fig. 15).
In conjunction with the 30 m resolution mine age dataset, we developed a
canopy height dataset for a portion of West Virginia with available comprehensive
LiDAR (Light Detection And Ranging) data generated in 2010 (Data details in Ross et al.
2016, data available in area shown in grey in Fig. 15). LiDAR is a form of remote sensing
using lasers and global positioning systems that can generate highly resolved digital
elevation models (of only earth surface) and digital terrain models (vegetation height
included). The LiDAR flown in West Virginia was flown at a resolution of one strike
per-meter. Using this raw LiDAR dataset, we used the open-access Fusion software
(McGaughey 2012) to generate a 5m resolution digital elevation model (DEM) and a
matched 5m vegetation height model from first returns. The DEM was generated from
bare earth LiDAR returns, while for the digital terrain model we took the 95% maximum
to conservatively estimate maximum canopy height over a 5m cell. By subtracting the
DEM from the DTM, we created a map of canopy height for southern WV at 5m
resolution. The 5m resolution coverage was aggregated to the 30m resolution of mine
age by taking the median canopy height of 36 cells. Because mining operations not only
alter the median canopy height, but also the canopy structure, we also aggregated the
5m resolution data by calculating the total amount of land with a max canopy height of
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less than 2m in each aggregated 30m cell. This data then gives a proportion of canopy
that is less than 2m over a 30m grid.
By combining these two datasets we can use a space-for-time substitution to
explore canopy height changes over time. Since research has shown that valley fills have
unique soil and vegetation makeup compared to non-valley fills (Wunsch et al. 1999,
Zipper et al. 2011), we also grouped the response by landscape type in addition to just
mine age. Using data on valley fills from Ross and others (2016), we split canopy
responses into parts of the landscape that are valley fills (i.e. elevation increased relative
to pre-mining DEMs because of spoil deposition) and not valley fills (mined lands with
elevations equal to or lower than pre-mining elevations).

4.2.3 Hydrologic response and recovery after mining
4.2.3.1 Instrumentation
The study period covers the 2016 water year, (10/01/2015 to 09/30/2016).
Precipitation was measured at five different locations (Fig. 16) using Onset HOBO rain
gauges recording at 10 minute intervals. All watersheds were assigned precipitation
values for the nearest rain gauge. Any missing rain data (<5% for WY 2016) was filled
using double mass curves with adjacent rain gauges.
Water level and stream specific conductance in each watershed was measured
with Onset HOBO water level loggers and specific conductance. At Rich’s Branch, we
also instrumented four sub-watersheds that ranged in size from 2ha to 70ha (Fig 2). We
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had enough manual discharge estimates to generate rating curves for 5 watersheds. The
watersheds where we converted level data to discharge were RB (ref), MB (0-year), LB
(5-year), BF (15-year), SF (15-year), based on a range of mine age. Rating curves were
developed by manually measuring discharge at least 8 times over a range of hydrologic
conditions. For sites where we were unable to measure discharge at the highest water
levels (MB, BF, and SF) we used bank-full Gauckler-Manning estimates to approximate
Q at high water levels. At these sites, bankfull Q was less than 5% of the total data.
Periods of missing data from April 2, 2016 to April 22, 2016 at MB were filled in using
regression analysis with LB data. The 10-minute data were aggregated to hourly values.
4.2.3.2 Analysis
We partition streamflow into stormflow and baseflow components for the 5 sites
with available Q data following methods outlines by Hewlett and Hibbert (1967), where
baseflow rises at a constant rate at the onset of precipitation. For all watersheds, we
used the same rate of baseflow rise from previous work at these sites (Nippgen et al., in
review). In addition to this baseflow analysis, we calculated flow duration curves for all
sites where Q was available.
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Figure 16) Mud River watershed with our small research watersheds outlined in color
and average mine age for each watershed in text. All primary sites with discharge data
have cutouts with slope mining pre (in gray) and post-mining (in red) or reference (in
blue)
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In addition to analyzing sites with Q data, we also used a combination of SC
sensor data and level data to estimate the percent of zero-flow time at all watersheds
and sub-watersheds with sensors, including those where we did not convert level data
into Q. At these sites, we assigned a zero-flow estimate if SC data was reading zero
(indicating the absence of water for the sensor to measure SC) and water level either
read zero or, if the sensor was installed in a pool, the recorded value was below levels
that were confirmed in the field as zero active in-stream flow.

Biogeochemical response
Previous work has shown that mined watersheds have much higher flux of
chemical weathering ions than reference watersheds, but this work was limited to only
one small, mined watershed (LB in this paper, Ross et al., in review). To better
understand how mined watersheds release elements over time, we measured SC across
seven mined and two reference watershed streams at a ten-minute interval for a full
year. Sensors were cleaned monthly and checked against calibrated SC measurements.
We assumed that inevitable drift between cleanings, which is caused by ion deposition
on the sensor nodes, was linear and corrected the SC signal accordingly.
In previous work, we have shown that individual ion concentration can be
modeled using the relationship between SC and baseflow Q (Ross et al., in review). To
build these models at our 5 primary watersheds with Q and SC data, we collected
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biweekly (before Jan 2016) and monthly (after Jan 2016) water samples. These repeat
sampling efforts were complimented by sampling campaigns during storms in October,
April, and June. These samples were stored in a 4ºC refrigerator at Duke University
before simultaneous anion and cation analysis on two Dionex ICS-2000 ion
chromatographs with an AS-40 autosampler (Dionex, Sunnyvale, CA). Anions were
analyzed on AS-18 guard and analytical columns. Minimum detection was 10 ppb for Cland SO42- and 3 ppb for NO3-N. Cations were analyzed on CS-12A guard and analytical
columns. Minimum detection was 0.3 ppm for Ca2+, Mg2+ and Na+ and 30 ppb for K+. All
samples with SO42- concentrations greater than 200 ppm were diluted prior to analysis.
We then converted concentrations to moles and charge equivalents to calculate
HCO3- concentrations. We assumed that all unmet negative charge could be attributed to
HCO3-, such that in eq/L:
[HCO3-] = Σcations – Σanions
Before this correction, all sites and samples had residual negative charge.
All statistical analyses and figures were generated using R statistical software.

4.3 Results
4.3.1 Vegetation recovery
Vegetation, as measured by greenness, recovers to reference conditions after
around 25 years, while modelled canopy structure recovery takes twice as long. Using
31 years of average summer NDVI, the average reference watershed NDVI is 0.7 with
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small variations (<0.1) around this mean. In mined sites there is a clear and steep decline
in NDVI at the onset of mining, consistent with the complete loss of vegetative cover
during the forest harvesting and actual coal mining phases of MTMVF (Fig. 17).
Following initial mining operations, it took an average of ~22 years for the older mined
watersheds to recover to a pre-mining NDVI score. During the early phases of recovery
most watersheds still had active mining in the watershed, which is why the watershed
mine age is younger than the earliest onset of mining. In some watersheds where mining
continued well after initial operations began (like in ST and MB) NDVI never recovers to
near reference conditions. In other watersheds where mining operations were completed
quickly with short and deep troughs in NDVI (LB and HC), there is a steeper recovery
towards reference NDVI (Fig. 17).
While the NDVI dataset shows a clear increase in vegetative cover in post-mined
watersheds, the ability for these landscapes to have vegetative recovery is a wellestablished phenomenon (Zipper et al. 2011). However, while the landscape may be
greener there are clear differences between reference forest and post-mining landscapes
in terms of canopy structure. With the naked eye, one can see stark canopy differences
between reference Appalachian forests and mined watersheds, especially valley fills
where the canopy is grassland benchtops (Fig. 18A-C). Using the space-for-time
substitution approach where each mine age class has an associated canopy height, we
can see clear differences between reference forest, valley fill, and non-valley fill portions
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of the mined landscape (Fig. 18D). The mine age dataset contains a substantial number
of mines for which we are only able to determine that they are greater than 27 years old
(the age of our earliest high resolution satellite datasets??). Excluding these
indeterminate age mines, we can build simple models to estimate canopy growth and
canopy structure change over timescales beyond our available data.

Figure 17) shows area averaged watershed NDVI for our 9 research watersheds before,
during, and after mining operations. Green circles indicate years when NDVI was
equal or greater than reference watershed NDVI, while red circles indicate years
below this threshold. The black line shows a 3-year running median.
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For changes in mean canopy height at 30m resolution across mines of different
age there is a significant difference in both the rate of recovery and the starting canopy
height between valley fills and other portions of the mined landscape (p < 0.01, total
mean canopy height growth model R2 = 0.98). At year 0 (i.e. the onset of recovery), valley
fills had a mean canopy height of 0.14m with a growth rate of 0.36m per year (Fig.
18D&E). Non-valley fills start with much higher mean canopy height of 3.3m and a
growth rate of 0.39m per year, indicating either preferential growth or planting on nonvalley fill sections of reclaimed landscapes (Fig. 18D&E). Using these rates of growth, we
can project how long these two landscape types will take to return to reference mean
forest height of 23.3m: For valley fills it would take ~64 years to return to reference
canopy height, and for non-valley fills ~51 years (Fig. 18E). These rates are slow
compared to reported growth rates for the growth of dominant trees in the region’s
forests, as White Oak and Tulip Poplar (Fig. 18E; Cotton et al. 2012).
Canopy height over a 30m resolution is a good approximation of maximum
canopy height recovery towards reference, it is a relatively coarse view of a canopy. To
obtain finer-grained estimates of canopy recovery on mined landscapes, we aggregated
a 5m resolution raster to a 30m resolution raster by taking the percentage of the 36 raster
cells with a canopy height below 2m. This resulted in statewide estimates of
shrubland/grassland type canopy cover on mined landscapes and reference forest.
Native Appalachian forests have less than 3% of the land in this <2m category, while
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Figure 18) Canopy height and structure change over time. A is a photo of a 5-year-old
mined landscape in the foreground with a native forest in the background. B is a 5year old valley fill in LB watershed, while C shows the vegetation on a reconstructed
ridge built 15-20 years prior. D, E, and F shows canopy height and structure recovery
between valley fill and non-valley fill parts of the landscape, E highlights growth rate
differences between mining and deforestation. Photos by Fabian Nippgen.
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even the oldest mined lands (> 27 years old) have three times more low stature canopy
gaps (> 9% of surface) than reference forests in the region.
As with mean canopy height, we can model the recovery of forests on mine lands
by predicting the decline of areas with <2m canopy height. Figure 4F shows log model
equation fits to this decline for both valley fills and non-valley fills, in this case both
show an equal decline of shrubland/grassland cover at a rate of 3% per year with the
valley fill landscapes starting out with more parts of the landscape with low canopy
height (R2 = 0.96, p< 0.01, Fig. 4F). The model predicts that it will take 50 years for nonvalley fill landscapes and 61 years for valley fill landscapes to fill in these low canopy
heights, results that are consistent with the time scale of recovery from the canopy
height dataset.

4.3.2 Hydrologic Response
Precipitation for the sites ranged from 1050mm in the RB reference sites to
1100mm in the BF and SF mined watersheds, potentially due to elevation differences
between the sites (Nippgen et al., in review). Total runoff in the reference watershed was
514mm. Annual runoff in the mined watersheds MB (0-year), LB (5-year), SF (14-year)
and BF (15-year) was 620mm, 561mm, 473mm, and 455mm respectively.
Hydrograph separation (Fig. 5) shows an increase in baseflow at all mined sites
compared to reference (35% baseflow) with a slightly increasing proportion of baseflow
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in the younger mines (78 and 90% baseflow) compared to the older mines (74% and 68%
baseflow). Flow duration curves (Fig. 6A) corroborate these results with increased low
flows at mined sites and lower stormflows. Despite existing differences in baseflow and
stormflow behavior, the flow duration curves of the mined watersheds trend towards
reference conditions with increasing mine age (Fig. 6A).

Figure 19) Streamflow at RB (ref), BF (15-yr), SF (14-yr), LB (5 year), and MB (0-year).
Darker shade (red or blue) shows stormflow, while lighter shade (skyblue and
orange) shows baseflow. Baseflow is generally higher as mine age decreases, with all
mine sites having several times more baseflow water flux than reference watersheds
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Runoff ratios, or the ratio of streamflow to precipitation, were highest at the
youngest mine (0.59) and elevated above reference (0.49. Fig. 6B). The 5-year watershed
had a runoff ratio near reference at 0.51, while the older mines had runoff ratios below
reference at 0.43 and 0.41 for the 14 and 15-year-old watersheds. Finally, reference
watersheds and sub-watersheds showed a strong decline in zero flow times as
watersheds increased in size (Fig. 20C). In contrast, all mined watersheds were perennial
and exhibited no zero flow periods, even for our smallest, 2.4 ha mined watershed (Fig.
20C).

4.3.3 Biogeochemical response
Consistent with previous work at these sites (Lindberg et al. 2011), stream
salinity (measured as specific conductance or SC) was elevated 10-20X above reference
conditions (Fig. 20D-G) and was less seasonally variable at all mined sites (Fig. 6D). We
do not observe any decline in median SC for mined sites with increasing mine age, when
fill volume is accounted for. In contrast, valley fill volume can explain nearly all of the
variation in median SC across our mined watersheds (Fig. 20F, R2 = .93, p<0.01). For this
regression, we removed one site (SF) that had a coal processing facility at the top of the
watershed, which likely elevates its solute yield.
The ion composition of waters in mined watersheds exhibit little variation
between mines of different mine age, watershed sizes, and valley fill volume (Fig. 21).
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Figure 20) Trends in hydrology and biogeochemistry. A) shows a flow duration curve
in log space with the inset showing unlogged space. B) Showing a decline in RR with
mine age. C) shows a shift in the relationship between watershed size and no-flow
time. D) Shows a cdf for SC at mined sites, while E) shows median SC versus mine
age, with F) showing a linear relationship between valley fill volume and SC. In E
and F a watershed (SF) with a coal processing pile is highlighted
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Reference watersheds are within a global distribution of weathering element ratio of
Ca/Na and Mg/Na (Fig. 21), while all samples from seven mined watersheds fall outside
of the global average. This shift in composition shows a change in dominant weathering
materials after mining (Fig. 21). Consistent with this shift in element concentration,
mined watersheds show a stark elevation of cation and anion concentrations (Fig. 21).

Figure 21) Top figure shows the element ratio (Ca/Na and Mg/Na) of mined and
unmined watersheds as compared to a global database of river and streams. Bottom
figure shows mined watersheds have a consistent ratio of sulfate and nitrate
concentrations versus cation concentration. While the ratio is consistent, the variation
in concentration dwarfs the chemical change associated with other disturbances.
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4.4 Discussion
We found that forest regrowth is much slower on reclaimed mines, taking at
least two times longer for forest canopies to reach reference height or growth trajectories
expected for dominant forest canopy trees in the region (Cotton et al. 2012). The oldest
mines for which we can date the start of their reforestation trajectory are 27 years old.
On these mined surfaces, mean canopy heights are 40-55% of reference heights and trees
are widely spaced, with 8-10% of the reclaimed mines in canopy gaps. Our results are
consistent with previous research has shown these areas have lower stem densities
(Handel 2005). In contrast, deforested areas throughout the region typically recover
forest canopy heights that match reference condition within 25 years (Aber 1979, Davis
et al. 2009, Cotton et al. 2012), achieving forest canopies within that time frame that are
tightly packed, with less than 3% of the area in canopy gaps.
Despite this slowed forest recovery, plant biomass is sufficient within 15 years of
initiating regrowth to reduce the amount of water leaving watersheds as streamflow, as
evidence by the significant reduction of runoff ratios in our oldest mines relative to both
younger mines and reference conditions. Immediately following mining, up to 90% of
rainwater leaves mined watersheds as baseflow, while in our oldest reclaimed mines
this proportion has dropped to 68-74%, closer to reference watershed values of ~35%.
Though recovering vegetation reduces total streamflow, the altered topography and
porous subsurface appears to permanently increase the residence time of water, as we
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observed perennial flow in all seven of our mined watersheds regardless of their area or
stage of recovery.
In contrast, there is no directional change in the timing, magnitude or
composition of alkaline mine drainage across our mining chronosequence. While mine
age does not explain any of the observed variation in alkaline mine drainage
concentrations, the volume of spoil deposited into the headwaters of mined catchments
explains 94% of the variance in median specific conductance across our watersheds. This
result is consistent with our earlier regional analysis based on much less complete
datasets (Ross et al. 2016).

4.4.1 Rebuilt landscapes
Geologic and topographic change is the root cause of many of mountaintop
mining’s long-term impacts. Mining operations have deepened the functional critical
zone from typically less than 2m to bedrock (Sucre et al. 2011) to 100s of meters (Ross et
al. 2016), creating novel landforms (Maxwell and Strager 2013) flatter topography (Ross
et al. 2016), and altered, potentially warmer, slope aspects (Wickham et al. 2013). These
foundational alterations to the critical zone are similar to volcanic eruptions in their
ability to completely reset landscape, ecosystem, and hydrologic co-evolution (Ross et al.
2016). On top of and underneath these novel landforms, there are fundamentally new
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controls and constraints on vegetation recovery and hydrologic and biogeochemical
cycling.

4.4.2 Constraints on ecological recovery on mined landscapes
Mined landscapes can be thought of as a hybrid between primary ecological
succession onto freshly exposed bedrock or secondary succession into grassland
ecosystems that have been planted by mine operators. In the primary succession case,
where mine spoil is analogous to glacial till or fresh volcanic ash, mined landscape forest
growth and productivity are limited by classic primary succession factors like limited
seed dispersal (Fastie 1995), nutrient limitation (Vitousek et al. 1993), and little or no soil
(Moral 2007). Previous research on mined landscapes has found that these primary
succession factors do limit forest growth and native plant recovery on mined landscapes
with research showing seed dispersal limitations to some native species (Holl et al.
1994), nutrient and organic matter additions improving tree growth (Lindsay et al.
2013), and low soil organic matter on mine lands negatively impacting vegetation
regrowth (Acton et al. 2011, Zipper et al. 2011).
In contrast, there is also abundant research that the primary limits to forest
regrowth are more like secondary succession in nature, with competition, herbivory, and
shading acting as primary limits to forest regrowth (Torbert and Burger 1990, Torbert et
al. 1995, Zipper et al. 2011, Franklin et al. 2012). However, the two cases are not mutually
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exclusive as the post-mining landscape is incredibly complex in nature with areas of no
soil or vegetation and areas with heavy replanting and soil amendments (Wunsch et al.
1999, Nash et al. 2016). In our dataset, there is a clear difference between valley-fills and
non-valley fills, which could be related to these two modes of succession. Valley fill
benches are heavily compacted and planted with erosion preventing grasses and shrubs,
and they start out with lower canopies than non-valley fills. This height difference
persists for > 25 years, even though valley fills typically have more edge contact with
intact forests in the valley bottoms. Previous research has suggested that this persistent
lack of forest may be due to competitive interactions between herbaceous cover, invasive
and planted shrubs, and trees (Franklin et al. 2012) and soil compaction (Phelps et al.
1981) . In contrast, non-valley fill areas are more typically directly seeded with forest
species, often directly into a spoil/soil mix (Zipper et al. 2011), and our data shows they
start out with a higher canopy height. Slow recovery on these sites may be less due to
secondary succession factors like competition, and more to do with poor primary
succession conditions like spoil/soil health (Lindsay et al. 2013, Nash et al. 2016).
The persistent changes in forest canopy structure of lower canopy height, more
open areas, and lower stem density will have long-term impacts on the biodiversity of
the region. Canopy height and architecture are known to positively correlate with
biodiversity by increasing the three-dimensional volume of habitat space, especially for
birds (MacArthur and Pianka 1966). While mountaintop mined areas do not show a
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decrease in the total number of bird species, prior surveys have documented that the
identify of bird species shifts from dominance by native forest birds to dominance by
species typically reported from Midwestern grasslands (EPA 2005). There is great
concern that by replacing continuous forest with persistent grassland/shrubland habitat
is threatening endangered Appalachian forest birds like the Cerulean Warbler
(Wickham et al. 2007, Becker et al. 2014).

4.4.3 Longevity of downstream impacts of mountaintop mines on the
hydrology and chemistry of receiving streams
In previous studies of forest disturbance by clearcutting, forest recovery leads to
hydrologic and biogeochemical cycles that tend towards reference conditions as forest
biomass accumulates (Likens et al. 1970, Swank and Douglass 1974, Johnson et al. 1988,
Adams et al. 1994, Sahin and Hall 1996). In the case of MTMVF recovery, we do observe
strong coupling between vegetation and hydrology, with declines in water yield as rates
of evapotranspiration increase with vegetation cover. These water yield decreases,
however, do not completely restore pre-mining hydrology. The streams draining our
oldest mines still have sustained, higher baseflows. The most likely explanation for this
phenomenon is that mining operations have created significant additional groundwater
storage within the fill. Given the depth of valley fills, it is likely that a large portion of
this stored groundwater is inaccessible to plants, but readily discharged to streams, as
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no mined sites had zero-flow days despite the reduction in runoff ratio. This water may
be entirely uncoupled from surface vegetation.
The biogeochemistry of this deep pool of water stored 10s of meters below the
surface is not controlled by terrestrial ecosystem nutrient cycling (Likens 2001). Instead
the chemistry of streamflow remains strongly controlled by strong acid weathering of
pyrite minerals in a matrix of carbonate minerals (Ross et al., in review). These reactions
generate alkaline mine drainage with elevated ion and pollutant concentrations for at
least decades (Ross et al. 2016), but likely longer given the complete decoupling of
surface vegetation and stream biogeochemistry.

Together the hydrologic and biogeochemical changes will continue to have
negative impacts on downstream biota. The elevated specific conductance from mining
has been shown to lower receiving stream macroinvertebrate diversity in the short (Pond
et al. 2008) and long term (Pond et al. 2014) at local and regional scales (Bernhardt et al.
2012). However, the spatial spread of these impacts is likely underestimated. Because
mining elevates baseflows and maintains persistent flow all year, even in older mines
with lower water yields, high concentrations of alkaline mine drainage likely seep far
down into watersheds at baseflow, affecting basins with little mining upstream (Nippgen
et al., in review). Further, any declines in elemental flux from mined watersheds may be
driven by declines in discharge from mined watersheds, not by declines in concentration.
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5. Conclusions
MTM has created novel vegetation, hydrologic and chemical regimes throughout
a significant proportion of Central Appalachia. Up to 10% of the surface area of the
ecoregion has been converted from a highly-dissected landscape coated in hyperdiverse
and dense Appalachian forests to a flattened plateau covered in grasses and more
sparsely distributed trees. The novel vegetation community of nonnative grasses and
Russian Olive, Autumn Olive and Black Locust trees found on reclaimed mines supports
a distinct bird community that is more typical of the grasslands of the Midwestern
United States. We expect that the novelty of these ‘Appalachian prairies’ is enabled by
the hydroseeding and planting of nonnatives, but is sustained by the modified
topography and hydrology of the mined landscape. Even as accumulating vegetation
exerts greater control on catchment water budgets, a significant increase in groundwater
residence times is required to explain the sustained elevation of baseflows and salinity in
the streams draining our oldest mines.
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Supplementary Information
Table 1) Table of all 90 watersheds used to aggregate mining impact data for

chapter 1. Slope and Elevation change data are for mined areas only.
USGS
HUC 12 ID
050701020302
050701010507
050500050701
050500090601
050702010401
050500090302
050701010402
050500090402
050500070901
050702010302
050500060201
050701010505
050500090602
050500090501
050701010502
050500090101
050500090403
050500090204
050701010508
050500090301

USGS HUC 12
Name
Ballard Fork-Mud
River
Rum CreekGuyandotte River
Headwaters
Twentymile
Creek
White Oak Creek
Headwaters
Pigeon Creek
Headwaters
Spruce Fork
Island Creek
West Fork
Leatherwood
Creek-Elk River
Ben Creek
Headwaters
Cabin Creek
Buffalo Creek
Laurel Creek
Big Horse Creek
Gilbert Creek
Headwaters Clear
Fork
Middle Pond Fork
Lower Marsh
Fork
Dingess RunGuyandotte River
Spruce Laurel
Fork

% Mined

Area
(km2)

Volume (m3)

42.3

92

554,171,564

22.9

114

365,678,894

35.4

85

330,367,662

51

50

304,789,300

16.9

150

285,021,537

21.4

132

274,487,406

16.1
16

155
111

273,154,977
270,655,742

27.7

126

264,088,119

31.6

60

260,402,808

20.3

91

231,190,726

16.6
18.5
24.6
8.1

118
128
76
76

187,610,528
169,014,326
134,547,992
125,207,149

19.8

94

115,345,440

25.3

75

109,723,818

9.1

102

108,185,725

10.9

82

106,515,258

20.2

83

90,510,147

126

Slope
Change
(°)
-9.2
-10.5

Elevation
Change (m)
5.2
6.3
6.5

-8.6
-8.5
-11.3
-7.3
-8.7
-9.3
-6.3
-10.4
-8.0
-8.6
-6.0
-7.8
-12.1
-5.9
-8.3
-9.8
-7.2
-4.3

2.7
1.5
4.2
5.5
3.3
4.3
7.8
3.6
1.8
3.3
3.3
7.6
3.0
2.6
17.2
4.5
2.4

050500060303
050702010403
050901020201
050500090603
050500070401
050500050801
050702010201
050701010503
050500070201
050500060306
050500090502
050701010504
050500060103
050500050802
050701010401
050702010102
050500090404
050702010101
050500090102
050500050809
050702010308
050701010302
050500060304
050500060302
050702010204
050500070502

Smithers Creek
Outlet Pigeon
Creek
Kiah Creek
Joes Creek-Big
Coal River
Upper Birch River
Big Beaver Creek
South Fork Tug
Fork-Tug Fork
Big Cub CreekGuyandotte River
Headwaters
Laurel Creek
Hughes CreekKanawha River
Upper Little Coal
River
Huff Creek
Long BranchPaint Creek
Headwaters
Muddlety Creek
Copperas Mine
Fork
Jacobs Fork
Lower Pond Fork
Big Creek
Outlet Clear Fork
Rich CreekGauley River
Beech Creek-Tug
Fork
Pinnacle Creek
Boomer BranchKanawha River
Armstrong Creek
Sandlick CreekTug Fork
Lilly Fork

39.3

47

88,514,895

11.7

132

87,862,168

29.9

80

82,027,594

13.9

139

80,551,243

6.7
22.5

125
100

75,233,415
67,526,486

11.2

118

67,159,049

6.2

125

63,537,166

11.3

77

61,361,288

12.4

103

57,122,276

8.5

171

56,150,665

7.8

136

54,797,560

10.1

91

54,644,730

18

93

54,388,016

17.7

118

53,544,173

10.7
13.7
13.1
6.3

36
91
88
70

53,258,628
49,758,765
49,609,511
46,177,897

12.3

106

45,651,227

11

70

45,560,697

10.8

148

43,451,669

8.2

56

42,959,076

3.5

59

42,891,435

9.1

111

40,244,956

16

75

39,021,212

127

-5.1
-6.4
-3.6
-5.3
-4.3
-1.2
-4.6
-7.0
-5.4
-5.2
-3.9
-8.7
-5.7
-2.2
-4.8
-10.7
-5.3
-3.4
-8.6
-2.9
-5.8
-5.1
-4.2
-13.8
-5.2
-2.9

3.5
4.8
1.4
3.7
1.3
1.6
4.5
3.7
3.8
3.3
2.7
-2.8
3.6
1.6
-1.0
10.2
6.9
2.6
3.3
2.9
-1.1
0.9
8.4
5.5
2.3
0.4

050500050702
050901020101
050701010202
050500060404
050702010310
050500060405
050701010506
050500070202
050500090606
050702010601
050500090604
050702010402
050500060301
050701010305
050500060402
050701010203
050901020202
050702010312
050702010203
050500060102
050702010311
050500050807
050701010201
050500060202

Outlet
Twentymile
Creek
Upper West Fork
Twelvepole Creek
Headwaters Clear
Fork
Campbells Creek
Blackberry CreekTug Fork
Rush CreekKanawha River
Elk CreekGuyandotte River
Outlet Laurel
Creek
Fork Creek-Big
Coal River
Marrowbone
Creek
Drawdy Creek-Big
Coal River
Laurel Fork
Loop Creek
Indian Creek
Lens Creek
Outlet Clear Fork
Upper East Fork
Twelvepole Creek
Sycamore CreekTug Fork
Outlet Elkhorn
Creek
Plum Orchard
Lake-Paint Creek
Mate Creek
Outlet Peters
Creek
Laurel Fork
Outlet Cabin
Creek

6.9

140

38,972,762

1.8
-4.6

9.8

117

36,113,236

5.3

96

30,840,259

10.8

102

30,638,725

18.2

101

28,726,795

3.4

85

26,987,695

3.7

114

26,589,055

4.6

95

26,256,969

4.9

89

25,919,089

13.6

59

25,896,328

2.1

122

25,520,012

7.5
4.5
4.8
7.6
4.4

86
129
111
52
91

25,183,869
24,731,859
24,561,308
24,182,529
22,675,511

7.5

141

22,431,788

11.9

61

21,317,789

6.1

86

18,081,192

7.3

61

16,466,569

9

42

15,115,853

11.6

59

14,946,770

3.1

146

12,936,470

13

97

12,765,551

128

-5.6
-7.3
-2.0
-1.8
-5.1
-4.3
-3.6
-1.7
-4.1
-3.6
-4.8
-1.1
-7.0
-4.4
-6.0
-4.4
-7.1
-5.7
-3.9
-9.9
-4.7
-4.5
-2.1

0.1
4.8
5.3
1.3
5.5
2.7
6.4
2.6
-2.7
6.5
-0.9
1.6
-0.2
3.3
2.2
2.2
7.1
4.7
0.6
1.4
3.4
0.7
3.6

050500060403
050500070501
050500050804
050500050806
050702010205
050500050803
050500050808
050500090503
050500060305
050702010301
050500060401
050500070302
050701010303
050702010202
050500070601
050500040304
050702010208
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SI Figure 1) Correlation between 2010 and historic DEM. Shows the correlation
between elevations for more than 300,000 points in forested areas of southwestern
West Virginia. Slope is ~ 0.998 with an R2, indicating little absolute difference
between the two DEMs.
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SI Figure 2) Measurement error distribution from same points as in SI Figure
1, plotted as a histogram of differences in elevation in forested areas of southwestern
West Virginia. Between the two DEMs, error mean, median, and standard deviation
are 0.22m, 0.36m, and 6m respectively. Vertical lines show 11m cutoff for valley fill
detection.
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Source
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SI Figure 3) Slope probability density function in unmined catchments.
Shows overall overestimation of shallow slopes in historic DEM compared to the 2010
DEM generated by LiDAR.
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Median valley fill characteristics
Area (ha)*

Max Depth (m)*
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50
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Mean Depth (m)*

Number of fills
450

28

value

400
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24

300
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200
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2

7.5
1
5.0
pre−1984

1991−1996

2004−2009 pre−1984

1991−1996

2004−2009

Construction Era

SI Figure 4) Shows linear increase in median valley fill characteristics, as the number
of fills added each construciton era has remained relatively constant, shaded area
represents 95% confidence interval for linear regression.
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Table 2) Modeled Equations, R2. P values for all equations are <0.001. In the equations
SC indicates specific conductance while BF(%) indicates percentage of discharge that
is baseflow (from Nippgen et al., in review).

Site

RB

LF

Equation

R2

[Ca] = 1.1 + 0.11*SC + 1.2*BF(%) + -0.018*SC*BF(%)

0.82

[Cl] = 0.36 + 0.0076*SC + 0.44*BF(%) + -0.0087*SC*BF(%)

0.59

[HCO3] = 11 + -0.017*SC + -16*BF(%) + 0.78*SC*BF(%)

0.69

[K] = 0.44 + 0.018*SC + -1.1*BF(%) + 0.016*SC*BF(%)

0.89

[Mg] = 0.67 + 0.036*SC + 0.053*BF(%) + -0.0023*SC*BF(%)

0.93

[Na] = 0.028 + 0.025*SC + 0.097*BF(%) + -0.0056*SC*BF(%)

0.92

[SO4] = 4.2 + 0.13*SC + 11*BF(%) + -0.18*SC*BF(%)

0.81

[TDS] = 20 + 0.26*SC + -7.8*BF(%) + 0.66*SC*BF(%)

0.78

[Ca] = 3.9 + 0.015*SC + 5*BF(%) + 0.0089*SC*BF(%)

0.73

[Cl] = 0.44 + 0.045*SC + 0.058*BF(%) + -0.0092*SC*BF(%)

0.89

[HCO3] = 18 + -0.16*SC + -22*BF(%) + 0.85*SC*BF(%)

0.80

[K] = 0.22 + 0.022*SC + -0.12*BF(%) + -0.007*SC*BF(%)

0.93

[Mg] = 0.48 + 0.036*SC + 0.5*BF(%) + -0.01*SC*BF(%)

0.96

[Na] = -0.37 + 0.052*SC + 0.32*BF(%) + -0.017*SC*BF(%)

0.95

[SO4] = 4.5 + 0.11*SC + 12*BF(%) + -0.17*SC*BF(%)

0.87

[TDS] = 27 + 0.12*SC + -3.9*BF(%) + 0.64*SC*BF(%)

0.85
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LB

MR

[Ca] = -38 + 0.14*SC + 38*BF(%) + -0.023*SC*BF(%)

0.88

[Cl] = 0.45 + 0.002*SC + -2.9*BF(%) + 0.0026*SC*BF(%)

0.58

[HCO3] = 19 + 0.15*SC + -120*BF(%) + 0.13*SC*BF(%)

0.61

[K] = 1.3 + 0.005*SC + -8*BF(%) + 0.0088*SC*BF(%)

0.66

[Mg] = -12 + 0.098*SC + -11*BF(%) + 0.021*SC*BF(%)

0.93

[Na] = 0.24 + 0.0026*SC + -1.6*BF(%) + 0.0022*SC*BF(%)

0.83

[SO4] = -120 + 0.59*SC + -56*BF(%) + 0.11*SC*BF(%)

0.94

[TDS] = -140 + 1*SC + -260*BF(%) + 0.31*SC*BF(%)

0.92

[Ca] = 8.2 + 0.089*SC + 26*BF(%) + -0.041*SC*BF(%)

0.72

[Cl] = 1.1 + 0.0044*SC + 1.6*BF(%) + -0.0023*SC*BF(%)

0.70

[HCO3] = 2.9 + 0.29*SC + 140*BF(%) + -0.091*SC*BF(%)

0.69

[K] = 1.3 + 0.0068*SC + -4*BF(%) + 0.0037*SC*BF(%)

0.94

[Mg] = 12 + 0.069*SC + -18*BF(%) + 0.04*SC*BF(%)

0.94

[Na] = 0.84 + 0.0042*SC + 0.88*BF(%) + -0.00016*SC*BF(%)

0.89

[SO4] = 49 + 0.3*SC + -64*BF(%) + 0.18*SC*BF(%)

0.94

[TDS] = 76 + 0.76*SC + 81*BF(%) + 0.088*SC*BF(%)

0.92
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SI Figure 5) Correlation between SC, Baseflow, and Individual Ions: Shows all
modeled ions as correlated with specific conductance and baseflow. HCO3- is
calculated by satisfying charge balance. See SI figure 2 for details. TDS is a sum of all
ions measured in each sample.
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137

138

139

SI Figure 6) HCO3- was not measured directly in the lab; instead we estimate HCO3concentrations by assuming that annual ion flux meets charge balance, shown here in
dark blue as calculated HCO3- .
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Table 3) Summary of topographic change from mining in research watersheds, with
reference watersheds. Values for elevation and slope are means.

Site
RB (Ref)
RB1 (Ref sub)
REM1 (Ref sub)
REM2 (Ref sub)
SB (Ref)
BF (15yr)
HC (5yr)
LB (5yr)
MB (0yr)
SF (14yr)
SF1 (19yr)
ST (8yr)
RB (Ref)
RB1 (Ref sub)
REM1 (Ref sub)
REM2 (Ref sub)
SB (Ref)
BF (15yr)
HC (5yr)
LB (5yr)
MB (0yr)
SF (14yr)
SF1 (19yr)
ST (8yr)
RB (Ref)
RB1 (Ref sub)
REM1 (Ref sub)
REM2 (Ref sub)
SB (Ref)
BF (15yr)
HC (5yr)

Variable
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Area (ha)
Elevation
Elevation
Elevation
Elevation
Elevation
Elevation
Elevation
Elevation
Elevation
Elevation
Elevation
Elevation
Slope
Slope
Slope
Slope
Slope
Slope
Slope

PostMining
NA
NA
NA
NA
NA
61
151.8
68.4
590.4
46.4
2.7
170.9
NA
NA
NA
NA
NA
386.5
344.3
327.7
344.8
401.5
384.6
362.9
NA
NA
NA
NA
NA
14.9
14.5
141

Pre-Mining
or Ref
120.3
68.3
2.6
34.9
134.7
61.7
128.8
99.7
221.6
56.9
12.5
158
286
286.2
308.9
295
381.9
380.2
337.8
323.1
325.1
388.9
405.8
353.8
19.3
19.3
21.2
19.6
26.2
23
21

% Change
NA
NA
NA
NA
NA
-1%
18%
-31%
166%
-19%
-78%
8%
NA
NA
NA
NA
NA
2%
2%
1%
6%
3%
-5%
3%
NA
NA
NA
NA
NA
-35%
-31%

LB (5yr)
MB (0yr)
SF (14yr)
SF1 (19yr)
ST (8yr)

Slope
Slope
Slope
Slope
Slope

16
12.6
13.6
22
11.3
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20.7
21.2
23.3
24
21.2

-23%
-41%
-42%
-8%
-47%
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