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Abstract
Following the phase-out of polybrominated diphenyl ethers (PBDEs) in the early
2000s, organophosphate esters (OPEs) emerged as PBDE substitutes and have been
applied to furniture foam, electronics, building materials, and some plastics to reduce
their flammability. Although they have been used for quite some time in hydraulic
fluids, isopropylated and tert-butylated triaryl phosphate esters (ITPs & TBPPs) have
been recently introduced as flame retardant (FR) replacements for the pentaBDE mixture
in polyurethane foam (PUF). In addition to their use as FRs, ITPs and TBPPs are also
used as plasticizers.
ITPs and TBPPs comprise a family of aryl OPEs with varying degrees of
isopropylation and tert-butylation. Individual ITP and TBPP isomers have been widely
detected in indoor house dust, and recent biomonitoring studies demonstrate that
human exposure to these compounds is widespread. Due to concerns about their
persistence, bioaccumulation, and potential toxicity (P, B, & T), the U.S. Environmental
Protection Agency (EPA) listed ITPs as one of five high priority chemicals fast-tracked
for expedited risk assessment under the 2016 Toxic Substances Control Act (TSCA)
reform.
As such, studying the exposure, metabolism, and in vitro effects of these
compounds is especially timely. The hypothesis of this research dissertation is that ITP
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and TBPP isomers may exhibit some of the same P, B, & T properties that motivated the
phase out of PBDEs. The main objectives of this research project were to generate
meaningful data to fill gaps in our knowledge of ITP and TBPP isomers, and to
contribute to the ongoing risk assessment of these compounds.
In the first aim of this thesis research, the maternal transfer of Firemaster® 550
(FM 550), a commercial mixture containing ITP isomers and brominated FRs, was
investigated in dosed Wistar rats. Gestational and lactational transfer were examined
separately, with dams orally exposed to 300 or 1000 µg of FM 550 for 10 consecutive
days during gestation (gestational day [GD] 9-18) or lactation (postnatal day [PND] 312). Levels of parent compounds were measured in dam and pup urine. The two
brominated components of FM 500, 2-ethylhexyl-2,3,4,5-tetrabromobenzoate (EH-TBB)
and bis(2-ethylhexyl)-2,3,4,5-tetrabromophthalate (BEH-TEBP), underwent both
gestational and lactational transfer. Triphenyl phosphate (TPHP) and ITPs were rapidly
metabolized by the dams and were not detected in whole tissue homogenates. However,
diphenyl phosphate (DPHP) and mono-isopropylphenyl phenyl phosphate (ip-PPP)
were detected in urine from the dosed animals. This study was the first to confirm ipPPP as a urinary metabolite of ITPs and establish a pharmacokinetic profile of FM 550 in
a mammalian model.
In the second aim of this thesis research, the contribution of individual ITP and
TBPP isomers was quantified in four commercial flame retardant mixtures: FM 550,
v

Firemaster® 600 (FM 600), an ITP mixture, and a TBPP mixture. Findings suggested
similarities between FM 550 and the ITP mixture, with 2-isopropylphenyl diphenyl
phosphate (2IPPDPP), 2,4-diisopropylphenyl diphenyl phosphate (24DIPPDPP), and
bis(2-isopropylphenyl) phenyl phosphate (B2IPPPP) being the most prevalent ITP
isomer in both mixtures. FM 600 differed from FM 550 in that it contained TBPP isomers
rather than ITP isomers. ITP and TBPP isomers were also detected and quantified in
house dust standard reference material, SRM 2585, demonstrating their environmental
relevance.
The third aim of this thesis research investigated phase I and II in vitro metabolism
of TPHP, 4-tert-butylphenyl diphenyl phosphate (4tBPDPP), 2-isopropylphenyl
diphenyl phosphate (2IPPDPP), and 4-isopropylphenyl diphenyl phosphate (4IPPDPP)
at 1 and 10 µM doses using human liver subcellular fractions. Parent depletion and the
formation of known metabolites, including DPHP, hydroxyl-triphenyl phosphate (OHTPHP), ip-PPP, and tert-butylphenyl phenyl phosphate (tb-PPP), were monitored via gas
chromatography/mass spectrometry (GC/MS) and liquid chromatography tandem mass
spectrometry (LC/MS/MS). Tb-PPP and its conjugates were identified as the major in
vitro metabolites of 4tBPDPP, accounting for up to 33% of the initial parent dose. While
the mass balance between parents and metabolites was conserved for TPHP and
4tBPDPP, approximately 20% of the initial parent mass was unaccounted for after
quantifying metabolites of 2IPPDPP and 4IPPDPP that had authentic standards
vi

available. Two novel ITP metabolites, mono-isopropenylphenyl diphenyl phosphate and
hydroxy-isopropylphenyl diphenyl phosphate (OH-ITP), were tentatively identified by
high-resolution mass spectrometry (HRMS) and screened for in recently collected
human urine. This study provided insight into recent human biomonitoring and
epidemiological studies and contributed to our understanding of the biological fate of
ITP and TBPP isomers.
Finally, the fourth aim of this thesis research evaluated ITPs, TBPPs, and related
commercial mixtures for their effect on the activity of purified human liver
carboxylesterase (hCE1). Four of the 15 OPEs tested had IC50 values lower than 100 nM,
including TPHP, 2-ethylhexyl diphenyl phosphate (EHDPP), 4-isopropylphenyl
diphenyl phosphate (4IPPDPP), and 4-tert-butylphenyl diphenyl phosphate (4tBPDPP),
as did four commercial flame retardant mixtures tested. Because hCE1 is critical for the
activation of imidapril, an ACE-inhibitor prodrug prescribed to treat hypertension, the
most potent inhibitors, TPHP and 4tBPDPP, and an environmentally relevant mixture
(house dust) were further evaluated for their effect on imidapril bioactivation in vitro.
TPHP and 4tBPDPP were potent inhibitors of hCE1-mediated imidapril activation (Ki =
49.0 and 17.9 nM, respectively), as were extracts of house dust (100 µg/ml), which
caused significant reductions in imidapril activation. Combined, these data suggest that
exposure to OPEs can affect pharmacotherapy.
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Collectively and in context of other recently published findings, this thesis
research suggests that ITPs and TBPPs may be regrettable substitutes for PBDEs.
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1. Introduction
1.1 Flame Retardant Overview
Flame retardant chemicals prevent the combustion of treated materials by delaying
or disrupting the fire propagation cycle. Halogenated flame retardants containing
chlorine or bromine atoms interfere with the free radical mechanism of the combustion
process in the gaseous phase (Green, 1996). In contrast, phosphorous flame retardants
form an incombustible char layer in the condensed phase, physically separating the
treated material from the flame (de Vos & Kesner, 2001). Because these chemicals
prolong the times it takes for an ignition source to catch fire, flame retardants are added
to a variety of household products including electronics, building materials, and
upholstered furniture, and can be classified as either additive or reactive. Reactive flame
retardants are chemically bonded to the material to which they are applied, and
examples include tetrabromobisphenol A (TBBPA) and 9,10-dihydro-9-oxa-10phosphaphenanthrene-10-oxide (DOPO) (A. B. Morgan & Gilman, 2013). Unlike
reactive flame retardants, additive flame retardants are not chemically bound to
materials they are applied to and can migrate out of the treated material over time
leading to exposure (Levchik & Weil, 2004; Wensing, Uhde, & Salthammer, 2005).
Examples of additive flame retardants include perhaps the most well-known family of
flame retardants, polybrominated diphenyl ethers (PBDEs), as well as their
organophosphate ester (OPE) replacements.
1

1.2 Flame Retardant Policy: A Changing Landscape
Flammability regulations provided an impetus for the use of additive flame
retardants in commonplace residential items such as polyurethane foam (PUF) in couch
cushioning. Passed by California’s Bureau of Home Furnishings and Thermal Insulation
in 1975, Technical Bulletin 117 (TB117) required foam and other filling materials to
withstand a 12-second open flame test (Damant, 1994). Due their cost effectiveness,
compliance with TB117 was achieved by the application of additive flame retardants.
Because it was more convenient for manufacturers to produce a single product that was
compliant in the entire North American market, TB117 became the de facto standard for
all of the United States and Canada (Stapleton, Sharma, et al., 2012). TB117 was
amended in 2010 to exempt “juvenile furniture” including strollers, nursing pillows, and
infant carriers. The regulation was amended again in 2013 to require a test for smolder
resistance, rather than open flame ignition, and exempted 15 additional juvenile
products. This standard, referred to as TB117-2013, requires the combination of
upholstery cover fabrics and filling materials to withstand a smolder test using a
cigarette as the ignition source (Ghosal & Fang, 2015). Although TB117-2013 does not
mandate the use of flame retardant chemicals, additive flame retardants remain a cheap
and convenient method for foam manufacturers to maintain compliance with existing
flammability standards.
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From the 1970s to the early 2000s, PBDEs were the predominant additive flame
retardants used to meet flammability requirements. In particular, a technical mixture
comprised of multiple tetra-, penta-, and hexa-brominated PBDE congeners, called
penta-BDE, was applied to PUF (La Guardia, Hale, & Harvey, 2006). During their use,
PBDEs were found to exhibit persistent, bioaccumulative, and potentially toxic (P, B &
T) properties. For example, PBDEs were observed to undergo long range transport and
were found to accumulate in fish and human breast milk (Gouin & Harner, 2003;
Schecter et al., 2003; Streets et al., 2006; Y. Su, Hung, Sverko, Fellin, & Li, 2007; Viberg,
Fredriksson, Jakobsson, & Erikson, 2003). Additionally, PBDEs and their hydroxylated
metabolites were linked to adverse health effects such as neurodevelopmental deficits
and thyroid hormone disruption (Chevrier et al., 2010; Herbstman et al., 2010;
McDonald, 2002). In response to these concerning findings and with encouragement by
the U.S. Environmental Protection Agency (EPA), PBDEs were voluntarily phased out
by manufacturers in the early 2000s. Upon the phase-out of penta-BDE, a demand for
replacement chemicals suitable for use in PUF arose.
In recent years, organophosphate esters (OPEs) have emerged as PBDE
substitutes in PUF and are detected frequently in foam from sofas purchased after 2005
(Cooper et al., 2016; Dodson et al., 2012). Despite their recent incorporation in PUF,
OPEs are also used heavily as plasticizers and have been on the market for quite some
time, even prior to the PBDE phase-out. OPEs encompass a large number of alkyl and
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aryl flame retardants with phosphate backbones including tributyl phosphate (TBP), tris
(2-chloroethyl) phosphate (TCEP), tris (1,3-dichloro-2-propyl) phosphate (TDCiPP), tris
(1-chloro-2-propyl) phosphate (TCiPP), triphenyl phosphate (TPHP), 2-ethylhexyl
diphenyl phosphate (EHDPHP), and isopropylated and tert-butylated triarylphosphate
esters (ITPs & TBPPs). The Frank R. Lautenberg Chemical Safety for the 21st Century Act,
a recent reform of the Toxic Substances Control Act (TSCA), acknowledged existing data
gaps and highlighted the need for more information regarding ITPs and TBPPs in
particular. Signed into law by President Obama in 2016, this act prioritized ITPs as one
of five chemicals fast tracked for expedited risk assessment (U.S. EPA, 2016). In 2017,
the Consumer Product Safety Commission (CPSC) issued a ban on the use of
organohalogen flame retardants in upholstered furniture, mattresses, and electronics,
thereby increasing the demand for non-halogenated flame retardants like TPHP, ITPs,
and TBPPs (Kaye, 2017).

1.3 Comparing Polybrominated Diphenyl Ethers and
Organophosphate Esters
Although much is known about the historic use of PBDEs, relatively little is known
about the current use of OPEs. A comparison of PBDEs and OPEs in regard to human
exposure and potential toxicity is necessary to evaluate the favorability of this
substitution.

4

1.3.1 Human Exposure
The widespread use of PBDEs since the late 1970s resulted in near-ubiquitous
human exposure, with ΣBDE lipid-adjusted breastmilk and serum levels peaking in the
early to mid-2000s (Law et al., 2014; Sjödin et al., 2004). However, the increasing use of
OPEs in PUF following the phase-out of PBDEs has also led to extensive human
exposure, and urinary biomarkers of two OPEs used in PUF have been shown to be
steadily climbing since the early 2000s (Hoffman, Butt, et al., 2017). OPE-containing
commercial formulations, like Firemaster® 550, Firemaster® 600, and isopropylated or
tert-butylated triarylphosphate isomer mixtures, have replaced the penta-BDE mixture
as additive flame retardants applied to PUF in residential furniture (Cooper et al., 2016;
Allison L. Phillips, Hammel, Konstantinov, & Stapleton, 2017). Unlike PBDEs, OPEs are
not only used as flame retardants but are also applied as plasticizers to consumer
products and construction materials (Mendelsohn et al., 2016; Yakal & Randy, 2017).
Furthermore, OPEs may occur in the home as the result of the oxidation of phosphites,
which are commonly used as antioxidants in polymer products, thus broadening the
potential for human exposure to OPEs in the indoor environment (R. Liu & Mabury,
2018). Because inhalation, dermal absorption, and hand-to-mouth contact have been
shown to be important routes of human exposure to flame retardants, levels of PBDEs
and OPEs in indoor air, house dust, and on hand wipes are informative exposure
measures.
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Although the percentage by weight application of PBDEs and OPEs to polyurethane
foam is roughly identical (~1-5%), OPEs have been detected at much higher levels in
indoor air (Cooper et al., 2016; Stapleton et al., 2009) (Table 1). While this is partly
accounted for by the dual-use nature of OPEs as both flame retardants and plasticizers,
this finding may result from the notable difference in vapor pressures between the two
chemical classes. In general, OPEs have vapor pressures that are multiple orders of
magnitude higher than PBDEs, leading to increased off-gassing from the treated product
into indoor air (Figure 1). Applying a regression derived equation adopted by the
European Union (Equation 1) to estimate the percentage loss of flame retardant that
volatilizes from treated plastic illustrates this point well (EU, 2001).
Percentage loss due to volatilization = (1.1 x 106) x VP X SL

(Eq. 1)

where VP is the vapor pressure in units mm Hg
and SL is the service life of the product, assumed to be 10 years
For instance, using a vapor pressure of 6.96 x 10-11 mm Hg for BDE-209 and a
vapor pressure of 6.28 x 10-6 mm Hg for TPHP, the volatilization loss after 10 years
would be 0.00077% and 69.08%, respectively (EPI Suite). While this equation is helpful in
demonstrating potential off-gassing outcomes that result from different vapor pressures,
it also has limitations. It should be noted that this equation emphasizes the vapor
pressure of a compound as the sole physicochemical property used to determine its
migration out of a treated product. For example, it could not be applied to reactive flame
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retardants, which are chemically bound to a treated product. Additionally, the equation
does not take into account the introduction of BDE-209 to the environment via polymer
abrasion and direct transfer to dust, which has been documented in the past (C. Rauert
& Harrad, 2015; Cassandra Rauert et al., 2016). Studies from North America and Europe
conducted in the early to mid-2000s, when PBDE exposure was at its height, measured
average ΣBDE air concentrations in the range of 100-600 pg/m3, (Allen et al. 2007;
Wilford et al. 2004; Harrad et al. 2006). By contrast, emerging research shows that OPEs
are often measured in the ng/m3 range, at least an order of magnitude higher than for
the PBDEs (Table 1). Much like PBDEs, OPE air concentrations have been found to
fluctuate seasonally and also vary depending on microenvironment, with cars and
offices often having higher concentrations compared to living spaces (Harrad et al. 2006;
Stapleton, unpublished data).
Because OPEs have higher vapor pressures and lower log KOA values compared
to PBDEs, it might be assumed that OPE dust concentrations would be lower than PBDE
dust concentrations. However, despite regional differences in flame retardant dust
concentrations, recently reported ΣOPE geometric mean and median dust levels are
generally higher than ΣPBDE geometric mean and median dust levels from the early to
mid-2000s (Figure 2). Reported ΣOPE geometric mean and median dust concentrations
range from low µg/g to low mg/g, while documented ΣPBDE dust levels are in the low
ng/g to mid µg/g range (Abdallah & Covaci, 2014; Brommer, Harrad, Van Den Eede, &
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Covaci, 2012; Cequier et al., 2014; Dodson et al., 2012; Kim et al., 2013; Phillips et al.,
2018; Stapleton, Misenheimer, Hoffman, & Webster, 2014; Tajima et al., 2014; Van den
Eede, Dirtu, Neels, & Covaci, 2011) (Table 1). It is also interesting to note that OPEs have
been found in dust at substantial levels for quite some time. For instance, ΣOPE levels
have been reported to be similar to ΣPBDE levels in house dust standard reference
material (SRM) 2585 (~5,000 ng/g), which was prepared from dust collected in the early
1990s (Bergh et al., 2011; Phillips et al., 2017; Stapleton et al., 2006; Van den Eede et al.,
2011). Although data are limited for PBDEs, OPEs have been found on hand wipes at
higher levels than PBDEs, suggesting that the magnitude of exposure via hand-to-mouth
contact is potentially greater for OPEs compared to PBDEs (Table 1).
While dietary intake has long been thought to be an important route of exposure
for PBDEs, particularly in Europe, evidence suggests that OPE exposure may also result
from dietary intake (Darnerud et al. 2006; Voorspoels et al. 2007). The use of EHDPP in
food packaging material is approved by the U.S. Food and Drug Administration (FDA),
and its migration from plasticized film wrappers into food has been documented
(Castle, Mercer, Startin, & Gilbert, 1988). The presence of OPEs has also been previously
reported in butter, bread bags, fish, and drinking water (Daft, 1982; Lombardo, 1979;
Williams & Lebel, 1981). Likewise, a recent study detected TCiPP and TBP in greater
than 70% of 87 food samples and 5 tap water samples collected in Australia (He, Wang,
et al., 2018). Based on the levels found in food, the authors calculated a daily dietary
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intake of 4.1 ng/kg bw for TCEP, 25 ng/kg bw for TCiPP, and 6.7 ng/kg bw for TBP.
Another study detected EHDPP in composite food samples from multiple food
categories, and estimated a daily intake of ΣOPEs (TCEP, TPHP, EHDPP, TDCIPP, and
TCIPP) in the range of 6-49 ng/kg bw (Poma, Glynn, Malarvannan, Covaci, & Darnerud,
2017). Due to the substantial lactational transfer of PBDEs, these levels are much lower
than the estimated PBDE dietary intake of nursing infants (307 ng/kg/day) but are
comparable or higher to the estimated PBDE dietary intake for children and adults (0.948 ng/kg/day) (Schecter et al., 2006; Voorspoels et al., 2007).
Owing to differences in metabolism between the two chemical classes,
comparison of PBDE and OPE internal dose levels is challenging. PBDEs are
bioaccumulative and have long half-lives (months-years) in the human body;
conversely, OPEs are rapidly metabolized with relatively short half-lives (hours-days)
(Geyer et al., 2004; Hoffman, Daniels, & Stapleton, 2014). PBDEs and their hydroxylated
metabolites have been measured in human serum as biomarkers of exposure, while
diester metabolites have been measured in human urine as indicators of OPE exposure.
Serum PBDE levels have been documented in the low nanomolar range, with BDE 47
detected at the highest concentration and most frequently of all BDE congeners (Sjödin
et al., 2008; Toms et al., 2009). Urinary OPE metabolite levels have been reported in the
low to mid nanomolar range, with BDCIPP frequently detected at high levels compared
to other urinary metabolites (Butt et al., 2016; Hammel, Hoffman, Webster, Anderson, &
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Stapleton, 2016). Although it is difficult to compare serum PBDE levels to urinary OPE
metabolite levels, detection frequencies among biospecimens are similar. BDE 47 was
detected in 97% of serum samples (n=2,062) tested in the 2003-2004 National Health and
Nutrition Examination Survey (NHANES), and recent urine analyses have detected
BDiCPP, BCIPHIPP, DPHP, and ip-PPP in greater than 95% of tested samples (Deziel et
al., 2018; He, Toms, et al., 2018; Hoffman, Hammel, et al., 2018; Larsson et al., 2018;
Sjödin et al., 2008). From these data, it is evident that OPE exposure is pervasive in the
human population.
Continuing OPE biomonitoring efforts will help define trends regarding human
exposure to OPEs. Available data demonstrate that OPEs and their metabolites are
detectable at relatively high levels in indoor air, dust, food items, and human
biospecimens. Although OPE exposures are potentially still increasing, it is clear that the
current potential for indoor exposure to OPEs is comparable, if not greater, than that for
PBDEs in the early to mid-2000s.

1.3.2 Potential Toxicity
Compounding their comparable potential for human exposure, OPEs have also
been evaluated for toxicity using in vitro and in vivo approaches and the data suggest
that OPEs may have similar hazard profiles compared to PBDEs (Table 2). For example,
PBDEs and OPEs have been shown to disrupt normal neurodevelopment in rodents and
in human cell lines at concentrations relevant to human exposure (Dishaw et al., 2011;
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Viberg et al., 2003). In fact, a recent study demonstrated that BDE-47 and several OPEs
have comparable activity in a variety of in vitro neurotoxicity assays (Behl et al., 2015).
Exposure to PBDEs in rodent and fish models has also been observed to disrupt thyroid
hormone homeostasis, leading to reductions in circulating levels of thyroxine (T4)
(Birnbaum & Staskal, 2004). Similarly, recent evidence suggests that OPEs can also
disturb thyroid hormone homeostasis and elicit endocrine disruption by binding to
nuclear hormone receptors (Honkakoski, Palvimo, Penttilä, Vepsäläinen, & Auriola,
2004; Patisaul, Roberts, Mabrey, McCaffrey, et al., 2013; Pillai et al., 2014).
Developmental toxicity has been documented for both PBDEs and OPEs at similar
concentrations, with exposure causing analogous morphological deformities (e.g. trunk
curvature) in embryonic zebrafish (Fu et al., 2013; Lema, Schultz, Scholz, Incardona, &
Swanson, 2007). Both families of flame retardants have also been shown to reduce
fecundity in multiple animal models (Lilienthal, Hack, Roth-Härer, Grande, & Talsness,
2006; Qiangwei Wang et al., 2015). While PBDEs have been noted to impair enzymes
related to thyroid hormone production and homeostasis, studies investigating potential
enzyme inhibition by OPEs have focused on their effect on carboxylesterase activity
(Butt & Stapleton, 2013; Morris et al., 2014). This is likely a result of their distinct
chemical structures. PBDE congeners closely resemble the structure of endogenous
thyroid hormones, whereas the structures of OPEs are related to organophosphorus
pesticides, which are known inhibitors of serine hydrolases (Figure 3).
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Despite key structural differences and potentially distinct mechanisms of action,
epidemiological studies have found similar correlations between exposure and adverse
health effects for both PBDEs and OPEs. For instance, developmental PBDE exposure
(monitored via cord blood measurement) was associated with lower scores on tests of
mental and physical development in a longitudinal cohort of children aged 1-3 years
(Herbstman et al., 2010). Similarly, developmental OPE exposure (particularly to ITPs,
measured by urinary metabolite levels during pregnancy) was recently associated with
impaired cognitive development and reduced early language abilities in children aged
2-3 years (Doherty et al., 2019). In addition to their effects on neurodevelopment, both
PBDEs and OPEs have been linked to negative reproductive health outcomes including
reduced semen mobility, lowered sperm concentration, altered male sex hormones, and
decreases in successful fertilization (Abdelouahab, AinMelk, & Takser, 2011; Carignan et
al., 2017, 2018; Meeker, Johnson, Camann, & Hauser, 2009; Meeker & Stapleton, 2010).
Multiple studies have observed that prenatal exposure to PBDEs may influence
birthweight and the duration of gestation, with increased exposure often inversely
associated with these outcomes (Chevrier, Harley, Bradman, Sjodin, & Eskenazi, 2009;
Harley et al., 2011; Lignell et al., 2013). Recently, prenatal exposure to OPEs was also
associated with sex-specific differences in birthweight driven by changes in gestational
age at the time of delivery (Hoffman, Stapleton, et al., 2018). Notably, many of the
findings of recent OPE epidemiological studies were specific to ITP exposure.
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1.4 Isopropylated and Tert-butylated Triarylphosphate Esters
(ITPs and TBPPs)
ITPs and TBPPs are a group of isomers within the OPE family. Like all OPEs, ITPs
and TBPPs have an organophosphate backbone. ITPs and TBPPs are aryl, triester
phosphates and are alkylated on at least one of their three phenyl rings. ITPs are
isopropylated and TBPPs are tert-butylated, and isomers differ by the position and
degree of alkylation (Figure 4). While these compounds have been used for quite some
time as plasticizers and in hydraulic fluids as tricresyl phosphate replacements, they
were recently introduced as a penta-BDE flame retardant substitute in PUF (Cooper et
al., 2016; David & Seiber, 1999; Latendresse, Brooks, & Capen, 1995). A variety of ITP
and TBPP isomers are present in commercial flame retardant mixtures including
Firemaster® 550, Firemaster® 600, Kronitex® 50, Kronitex® 100, Reofos® 50, Reofos®
65, Reofos® 95, Phosflex™ 21P, Phosflex™ 31P, Phosflex™ 41P, and other mixtures
containing only OPEs (Phillips et al., 2017; Weil et al., 2006). Despite their increasing use,
very little is known about the extent of human exposure to ITPs and TBPPs, their
potential toxicity, and how they are metabolized in the human body.

1.5 Thesis Research Aims
The objective of this thesis research was to fill important data gaps in our knowledge
of the fate of ITPs and TBPPs in the human body, and to contribute meaningful data to
the ongoing risk assessment of these compounds by the U.S. Environmental Protection
Agency (EPA). The main hypothesis was that ITP and TBPP isomers have similar
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adverse properties to the legacy PBDE compounds that they replaced. To this end, the
following research aims were conducted:
Aim 1: Transplacental and Gestational Transfer of Firemaster® 550 Components
in Dosed Wistar Rats [Chapter 2]. Wistar rats were dosed orally in two individual
experiments to isolate gestational and lactational transfer. Three dosing groups—
control, low, and high—were included. To evaluate maternal transfer via gestation and
lactation, whole fetuses, pups, and dam serum were analyzed for FM 550 components
and dam and pup urine were analyzed for FM 550 metabolites.
Aim 2: Characterization of Individual Isopropylated and tert-butylated
Triarylphosphate (ITP and TBPP) Isomers in Several Commercial Flame Retardant
Mixtures and House Dust Standard Reference Material SRM 2585 [Chapter 3]. The
composition of four currently used flame retardant mixtures was characterized using
individual, authentic ITP and TBPP isomer standards. Levels of ITP and TBPP isomers
in house dust standard reference material 2585 were also determined.
Aim 3: First Insights in the Metabolism of ITPs and TBPPs Using Human Liver
Subcellular Fractions [Chapter 4]. Individual ITP and TBPP isomers were incubated with
human liver S9 fractions to determine their phase I and II metabolites. Additional
experiments were performed to assess metabolism kinetics.
Aim 4: Inhibition of Human Liver Carboxylesterase by Organophosphate Flame
Retardants and Plasticizers: Implications for Pharmacotherapy [Chapter 5]. Purified
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human liver carboxylesterase (hCE1) was incubated with individual ITP and TBPP
isomers, commercial flame retardant mixtures, and house dust extracts to determine
their effect on the enzyme’s activity. Imidapril, a prodrug used to treat hypertension,
was used as the enzyme’s substrate and the formation of imidaprilat, the bioactive form
of the drug, was monitored via LC/MS/MS.
Chapter 6 summarizes the main findings of this thesis research and discusses
regrettable substitution as it relates to ITP and TBPP isomers and PBDEs, their phasedout predecessors.
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Figure 1. OPEs generally have higher vapor pressures compared to PBDEs,
leading to increased volatilization from products into air.

16

Figure 2. Comparison of ΣPBDE and ΣOPE levels in house dust by region.
Sample size (n) is indicated at the top of each bar. Studies were selected during the
early to mid-2000s for PBDEs and after the mid-2000s for OPEs. Studies included from
left to right are Harrad, 2008; Sjodin, 2008; Brommer, 2015 (U.K.); Sjodin, 2008;
Fromme, 2009; Cequier, 2014; Van den Eede, 2011; Xu, 2016; Zhou, 2017 (Europe);
Harrad, 2008 (Canada); Wu, 2007; Wilford, 2005; Schecter, 2005; Harrad, 2008 (U.S.);
Sjodin, 2008, Stapleton, 2005; Dodson, 2012; Hoffman, 2014; Stapleton 2014; Stapleton,
2009; Phillips & Hammel, 2018 (North America); Gevao, 2006; Kim, 2013; Tajima, 2014;
Ali, 2013; Mizouchi, 2005; (Araki, 2014 and Kanazawa, 2010 not graphed for scale
reasons) (Asia). See Table 1 for details on individual PBDEs and OPEs included in
sum measurements.
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Figure 3. PBDEs share structural similarities with thyroid hormones and OPEs
share structural similarities with organophosphate pesticides. In the general structure
of a PBDE, m = 0-5 and n = 0-5; the degree and position of bromination vary among
PBDE congeners. In the general structure of an OPE, R1, R2, and R3 all represent
different chemical moieties and vary between individual OPEs.
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Figure 4. General structures of ITP and TBPP isomers. ITPs are isopropylated,
whereas TBPPs are tert-butylated. The degree and position of alkylation varies among
different ITP and TBPP isomers.

19

Table 1. Comparison of PBDE and OPE levels in indoor air and house dust.

20

21

22

Table 2. Comparison of toxicological effects of PBDEs and OPEs.
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2. Transplacental and Lactational Transfer of
Firemaster® 550 Components in Dosed Wistar Rats
This chapter was published under the title “Transplacental and Lactational
Transfer of Firemaster® 550 Components in Dosed Wistar Rats” in Toxicological
Sciences in 2016. The authors are Allison Phillips, Albert Chen, Kylie Rock, Brian
Horman, Heather Patisaul, and Heather Stapleton.

2.1 Introduction
Flame retardants are a group of chemical compounds that are applied to textiles,
electronics, and other consumer products in order to suppress or delay their
combustion, and to meet federal and state flammability standards (Esch, Organization,
& Safety, 1997). Adopted in 1975, California Technical Bulletin 117 (TB117) required the
filling material used in upholstered furniture to withstand a 12-second open flame test
(Stapleton et al., 2012). Although TB117 was recently replaced by TB117-2013, which
requires smolder resistance of materials used in upholstered furniture, the use of
additive flame retardants remains a cheap and convenient method for North American
foam manufacturers to maintain compliance with existing flammability standards. Until
recently when concerns about its persistence, bioaccumulation, and toxic properties
arose, foam manufacturers primarily used pentaBDE, a commercial polybrominated
diphenyl ether (PBDE) mixture, to satisfy TB117. Following the voluntary phase-out of
pentaBDE in the US in 2005, foam manufacturers turned to alternative flame retardants
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to treat their foam. In a survey of 102 foam samples collected from residential couches in
the United States in 2011, Firemaster® 550 (FM 550) was the second most commonly
detected flame retardant (Stapleton et al., 2012). FM 550 is a novel, commercial flame
retardant mixture made up of four components: 2-ethylhexyl-2,3,4,5tetrabromobenzoate (EH-TBB), bis (2-ethylhexyl)-2,3,4,5-tetrabromophthalate (BEHTEBP), triphenyl phosphate (TPHP), and a suite of isopropylated triarylphosphate
isomers (ITPs) (Figure 5). Because flame retardants are not chemically bound to the foam
filling in furniture, they can migrate out of the treated material over time and
accumulate in indoor house dust, leading to exposure. Ingestion of house dust via handto-mouth activity is believed to be a major exposure pathway for flame retardants, and
FM 550 components have been frequently detected in house dust from around the world
at levels ranging from 3.0 ng/g to 15,030 ng/g (Ali et al., 2011, 2012; Al-Omran and
Harrad, 2015; Dodson et al., 2014; Stapleton et al., 2008; Stapleton et al., 2012). In addition,
EH-TBB and BEH-TEBP have been detected in atmospheric particles from the European
Arctic and in marine mammals, underscoring the potential for long term transport of
these compounds and illustrating their current far-reaching global distribution (Lam,
Lau, Murphy, & Lam, 2009; Salamova, Hermanson, & Hites, 2014; Zhu et al., 2014).
Furthermore, EH-TBB and BEH-TEBP have been measured in human hair and nails and
the urinary metabolite of EH-TBB, 2,3,4,5-tetrabromobenzoic acid (TBBA), has been
frequently detected in recent analyses of human urine, suggesting that human exposure
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to FM 550 is widespread (Butt, Congleton, Hoffman, Fang, & Stapleton, 2014; Hoffman,
Fang, et al., 2014; L. Y. Liu, Salamova, He, & Hites, 2015). Other metabolites of FM 550
measured previously in urine include diphenyl phosphate (DPHP), isopropylphenyl
phenyl phosphate (ip-PPP), and mono-(2-ethylhexyl) tetrabromophthalate (TBMEHP)
(M. J. Silva et al., 2015; Van den Eede et al., 2014; Van den Eede, Neels, Jorens, & Covaci,
2013) (Figure 5).
Despite its use and known exposure, there were no studies on the health effects
of FM 550 in rodents or mammals prior to 2012. Since that time, toxicological evidence
suggests that FM 550 may be obesogenic and endocrine disrupting (Fang, Webster,
Ferguson, & Stapleton, 2015; Patisaul, Roberts, Mabrey, McCaffrey, et al., 2013; Pillai et
al., 2014). Exposure to FM 550 has been associated with weight gain, anxiety-like
behavior, early-onset of puberty in females, and perturbed thyroid hormone levels in
perinatally exposed rats (Patisaul, Roberts, Mabrey, McCaffrey, et al., 2013). TPHP
exposure has also been correlated with increases in both T3 and T4 concentrations in
zebrafish larvae and an increase in the expression of genes involved in thyroid hormone
synthesis in rat pituitary cell lines (Kim et al., 2015). In addition, a recent study on a
range of brominated and organophosphate flame retardants flagged mono-ITP as a
priority chemical warranting additional testing, as it was active in ten out of the eleven
tested developmental and neurotoxicity assays at concentrations <30 μM (Behl et al.,
2015). Furthermore, the two brominated components of FM 550, EH-TBB and BEH28

TEBP, have been shown to induce DNA damage in the hepatic tissue of fathead
minnows and increase the production of E2 in mammalian H295R cells (Bearr, Stapleton,
& Mitchelmore, 2010; Saunders, Higley, Hecker, Mankidy, & Giesy, 2013). While there
have been a number of studies demonstrating the potential toxicity of FM 550
components, there has been little research investigating the toxicokinetic properties of
FM 550 in mammalian systems. Such information is critical to informing future
toxicological research and will facilitate the risk management of this recently introduced
chemical, which is prioritized for risk assessment by the EPA (U.S. Environmental
Protection Agency, 2014).
This study seeks to fill the aforementioned data gap by investigating the
toxicokinetic properties of FM 550, with a specific focus on gestational and lactational
transfer of its components. Since lipophilic chemicals are known to partition into both
breast milk and the placenta, it is possible that FM 550 is capable of both gestational and
lactational transfer, yet no studies to date have examined this endpoint (Balakrishnan,
Henare, Thorstensen, Ponnampalam, & Mitchell, 2010; Gómara et al., 2007; Shen et al.,
2007). As FM 550 is a mixture of organophosphate and brominated compounds with
varying physicochemical properties, it is likely that the components exhibit differential
pharmacokinetic behaviors. In order to establish a pharmacokinetic profile of FM 550
transfer during pregnancy and nursing, we sought to determine the accumulation of
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parent and metabolite components of FM 550 in rat fetuses and in rat pups separately,
following chronic exposure to the dam.

2.2 Materials & Methods
2.2.1 Materials
Animal care, maintenance, and experimental protocols met the standards of the
Animal Welfare Act and the U.S. Department of Health and Human Services “Guide for
the Care and use of Laboratory Animals” and were approved by the North Carolina
State University (NCSU) Institutional Animal Care and Use Committee (IACUC). A
supervising veterinarian approved and monitored all procedures throughout the
duration of the project. For each aim, all Wistar rats were obtained from Charles River
(Raleigh, NC) and/or bred in house as indicated in humidity-and-temperature controlled
rooms, each with a 14 h: 10 h light, dark cycles at 25°C and 45-60% average humidity at
the Biological Resource Facility at NCSU. As in our prior studies (Patisaul et al., 2012;
Patisaul, Todd, Mickens, & Adewale, 2009), and in accordance with recommended
practices for EDC research (Hunt, Susiarjo, Rubio, & Hassold, 2009; Li et al., 2008;
Richter et al. 2007), all animals were housed in conditions specifically designed to
minimize unintended EDC exposure including use of glass water bottles, soy-free diet,
woodchip bedding, and thoroughly washed polysulfone caging.
Individual authentic standards of EH-TBB, 13C6-EH-TBB, BEH-TEBP, 13C6-BEHTEBP, 13C18-TPHP, d15TPHP, TBBA, 13C6-TBBA, and 13C12-2,2’,3,4,5,5’-hexachlorodiphenyl
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ether (13C12-CDE141) were purchased from Wellington Laboratories (Guelph, Ontario,
Canada). The recovery standard used for EH-TBB and BEH-TEBP in pup tissue extracts,
4’-fluoro-2,3’,4,6-tetrabromodiphenyl ether (FBDE-69), was purchased from Chiron
(Trondheim, Norway). Isopropyl phenyl phenyl phosphate (ip-PPP) and 13C2-DPHP
were synthesized at Duke University by the Small Molecule Synthesis Facility (Durham,
NC) and d10-DPHP was synthesized by the Max Planck Institute for Biophysical
Chemistry (Goettingen, Germany). Pyrrolidine, TPHP (99% pure), DPHP (99% pure),
and 2,3,5-triiodobenzoic acid (TIBA) were purchased from Sigma-Aldrich (St Louis,
MO). All solvents used (methanol, ethyl acetate, hexane, dichloromethane, and
acetonitrile) were HPLC grade (EMD Millipore Corporation, Bellerica, MA).

2.2.2 Dosing Preparation
All animals were orally dosed using a concentrated solution prepared in
the Stapleton lab and then coded and transferred to the Patisaul lab to ensure
blinded dosing. A commercial mixture of FM 550 was obtained from Great
Lakes Chemical (West Lafayette, IN) and each dosing solution was prepared by
diluting the appropriate amount of FM 550 in 100% ethanol and stirring for 6h.
Dosing solutions were stored in amber bottles at 4°C until use. At the time of
dosing, 20 µl of each dosing solution was pipetted onto ¼ of a soy-free food treat
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pellet (chocolate flavored AIN-76A Rodent Diet Test Tabs, Test Diet, Richmond,
IN) as we have done previously (Patisaul, et al., 2013).

2.2.3 Animal Husbandry and Exposure
Both gestational and lactational exposure windows were selected to be 10 days in
duration to facilitate a repeated dosing regimen and to allow for the appreciable
accumulation of bioaccumulative FM 550 components.
2.2.3.1 Prenatal exposure and placental transfer
Adult Wistar rats (n = 18 females and 26 males) were obtained from Charles
River and maintained on Teklad 2020 (phytoestrogen-free) diet, then paired and
monitored for the presence of a sperm plug, which was designated gestational day (GD)
0. The males were then removed, and the dams were housed individually. All paired
females were successfully impregnated. There were three exposure groups: Vehicle, 300
µg (approx. 1 mg/kg) FM 550, and 1000 µg (approx. 3.3 mg/kg) FM 550 (the animals
were not dosed by individual weight; rather, the average weight at the time of dosing
was 300 g). Oral exposure to the pregnant dam was initiated on GD 9 and terminated on
GD 18. Fetal sacrifice was chosen to occur relatively late in gestation (GD 18) but
confidently before birth (~GD 21) in order to have a reasonable amount of fetal tissue to
extract (~1 g).
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2.2.3.2 Postnatal exposure and lactational transfer
Animals (n = 18 females and the same 26 males as Aim 1) were obtained, bred
and reared under the same conditions as described above. Of the 18 females, 1 failed to
conceive and therefore was not used in this study. On PND 0, litters were culled to 8
pups (4 males, 4 females) to ensure sufficient lactational access for each pup. Oral
exposure to the dam occurred daily from PND 3-12 via food treat as described above:
Vehicle, 300 µg (approx. 1 mg/kg) FM 550, and 1000 µg (approx. 3.3 mg/kg) FM 550.
Because there is evidence that suggests that exposure to certain endocrine disrupting
chemicals during pregnancy may cause impaired lactation in the dam, FM 550 exposure
was delayed until PND 3 (Lew, Collins, O’Reilly, & Lawrence, 2009; Rudel, Fenton,
Ackerman, Euling, & Makris, 2011; Vorderstrasse, Fenton, Bohn, Cundiff, & Lawrence,
2004). To ensure consistent lactational transfer among litters and equal exposure
windows, PND 12 was chosen as the time of sacrifice for the pups. In addition, PND 12
is confidently prior to natural weaning in rats and before rats start to scavenge for other
food sources around PND 14. Figure S1 in Appendix A provides schematic
representation of dosing and sample collection.

2.2.4 Tissue and Urine Collection
2.2.4.1 Prenatal exposure and placental transfer
On GD 18, four hours after final dosing, all dams and fetuses were weighed and
sacrificed by CO2 asphyxiation and rapid decapitation. Dam urine and blood were
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collected. Trunk blood from the dams was collected on ice and spun at 4 °C for 10 min at
13,000 rpm. Serum was extracted with disposable glass pipets and stored at -80 °C. The
head of all the fetuses was removed for a separate study, and the remaining carcass was
weighed and frozen on dry ice.
2.2.4.2 Postnatal exposure and lactational transfer
On PND 12, four hours after final dosing, dams were sacrificed as described
above and pups were sacrificed by rapid decapitation without CO2. Animals were
weighed prior to tissue collection. Dam and pup urine and blood were collected. From
each dam, 2 whole pup carcasses of each sex, male and female, were reserved and
frozen. Pup sex was verified at necropsy and only 3 of the 20 litters were found to have
uneven male: female ratios (7:1, 1:7, and 5:3). All tissues were wet weighed and frozen
on dry ice. Blood was collected on ice and serum was extracted as described above.

2.2.5 Chemical Analyses
2.2.5.1 Parent compound extraction and clean up
TPHP, mono-ITP, EH-TBB and BEH-TEBP were analyzed in decapitated (but
otherwise whole) fetuses collected from dams on GD 18 and in decapitated (but
otherwise whole) rat pups collected from dams on PND 12. Whole fetus or
approximately 1 g of homogenized pup tissue was ground with sodium sulfate, spiked
with 13C-TPHP, 13C-EH-TBB, and 13C-BEH-TEBP, and extracted using either sonication in
dichloromethane (DCM) or 12 hour Soxhlet treatment in DCM. Sonication and Soxhlet
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extractions were compared and results acquired from the two methods did not
significantly differ. Total lipid content of the tissue was measured using gravimetric
analysis of an aliquot of the extract. Purification of the fetus extracts was performed
following a slightly modified version of the solid phase extraction (SPE) method
described in Van den Eede et al., 2012. Briefly, 8 mL of hexane was used to elute EH-TBB
and BEH-TEBP, and 10 mL of ethyl acetate was used to elute TPHP and ITPs from
SupelcleanTM ENVI-Florisil® SPE cartridges (6 mL, 1.0 g; Supelco, Bellefonte, PA).
Purification of the pup tissue extracts was achieved using 8 g deactivated (2.5%)
Florisil® and elution with hexane. Extracts were cleaned using two consecutive
chromatography columns. Fractions collected from purifications were concentrated
under a gentle nitrogen stream.
2.2.5.2 Urinary metabolites extraction and clean up
DPHP, ip-PPP, and TBBA were analyzed in urine collected from dams at the
time of sacrifice (either GD 18 or PND 12) and in urine collected from pups at the time of
sacrifice (PND 12). Due to low volumes, pup urine was pooled within litters. TBBA
extraction was performed according to a previously described method (Hoffman et al.,
2014). Briefly, samples were spiked with 13C-TBBA and the sample pH was reduced to <
2 using acetic acid. Samples were purified using SampliQ OPT SPE columns (6 mL; 150
mg; Agilent, Santa Clara, CA) and TBBA was eluted with 4 mL MeOH. DPHP and ipPPP extraction was performed according the method described in Cooper et al., 2011.
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Briefly, samples were spiked with dDPHP and acidified using formic acid. Samples
were purified using StrataX-AW SPE columns (3 mL; 60 mg; Phenomenex, Torrance,
CA) and DPHP and ip-PPP were eluted with 2 mL of 5% pyrrolidine in acetonitrile.
Purified urine extracts were blown down to near dryness under nitrogen, reconstituted
with 0.5 mL MeOH:H20 (1:1 v/v), and transferred to a Mini-Uniprep Syringeless Filter
(PTFE, 0.2 μm; Whatman/GE Healthcare, Picataway, NJ) prior to analysis.
2.2.5.3 Serum extraction and clean up
TPHP, EH-TBB, and BEH-TEBP were analyzed in serum collected from dams at
the time of sacrifice (either GD 18 or PND 12) and in urine collected from pups at the
time of sacrifice (PND 12). Due to low volumes, pup serum was pooled within litters.
Analyte extraction was performed as outlined in a previously published method (Butt et
al., 2016). Briefly, samples were spiked with 13C-TPHP, 13C-EH-TBB, and 13C-BEH-TEBP
and acidified with formic acid. Samples were extracted by ultrasonification, isolated
using Waters Oasis HLB columns (500 mg, 6 ml) and cleaned with silica columns (1 g,
Waters. Sep-Pak). Analytes were eluted from the Waters Oasis HLB columns with 50:50
dichloromethane:ethyl acetate and eluted from the silica columns using
dichloromethane. Purified serum extracts were blown down to near dryness under
nitrogen and reconstituted with 100 μl of hexane prior to analysis.
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2.2.5.4 Instrumental analysis
Analyte quantification was performed using the following internal standards:
13

C-EH-TBB for EH-TBB, 13C-BEH-TEBP for BEH-TEBP, 13C-TPHP for TPHP, 13C-TBBA

for TBBA, and dDPHP for DPHP and ip-PPP. Recovery standards were used as follows:
13

C-CDE-141 for EH-TBB and BEH-TEBP in whole fetuses, FBDE-69 for EH-TBB and

BEH-TEBP in pup tissue, dTPHP for TPHP, TIBA for TBBA, and 13C-DPHP for DPHP
and ip-PPP. EH-TBB, BEH-TEBP, TPHP, and ITPs were quantified using our previously
published GC/MS methods (Stapleton et al., 2008, 2009). TBBA, DPHP and ip-PPP were
quantified using previously published LC/MS/MS methods (Butt, Congleton, Hoffman,
Fang, & Stapleton, 2014; E M Cooper, Covaci, van Nuijs, Webster, & Stapleton, 2011;
Roberts, Macaulay, & Stapleton, 2012) (See Figures S2-4 in Appendix A for
representative chromatograms). Recovery of 13C-EH-TBB averaged 96 ± 8% in fetus
extracts, 87 ± 27% in pup tissue extracts and 83 ± 7% in serum extracts; recovery of 13CBEH-TEBP averaged 92 ± 17% in fetus extracts, 94 ± 54% in pup tissue extracts, and 87 ±
11% in serum extracts; recovery of 13C-TPHP averaged 100 ± 6% in fetus extracts, 99 ± 8%
in pup tissue extracts, and 90 ± 10% in serum extracts. Average recovery of dDPHP and
13

C-TBBA in urine extracts was 85 ± 7% and 79 ± 24%, respectively. All sample values

were blank corrected using the average blank level, and method detection limits (MDLs)
were determined using three times the standard deviation of the average lab blanks
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normalized to average tissue mass or urine/serum volume extracted (Table S1 in
Appendix A).

2.2.5 Statistical Analyses
Statistical analyses were performed using StatView® software (version 5.0.1; SAS
Institute Inc., Cary, NC) and statistical significance was set at α = 0.05. No outliers were
removed from any of the data sets and data were not log-transformed for any of the
analyses. Measurements that were <MDL were replaced with values below the
appropriate MDL using a random number generator, as recommended by Antweiler
and Taylor (2008). For analyses of parent compound accumulation in whole tissue, six
dams (n = 6) were included in control and high dose groups for both gestational and
lactational experiments, and 2 fetuses (one male and one female) were analyzed from
each dam. One fetus was lost during processing in the low dose gestational group, and
one dam failed to conceive in the low dose lactational group; as a consequence, n = 5 at
the low dose for both lactational and gestational experiments. A 2-factor repeated
measures ANOVA was performed with sex being considered a repeated measure and
the litter as the definition of n =1. Dose (control, low or high) and transfer route
(gestational or lactational) were the two factors. For the serum and urine analyses, pup
serum and urine were pooled among litters, and a 2-factor ANOVA was performed with
dose (control, low or high) and rat category (gestational dam, lactational dam, or
lactational pup) as the two factors. For each rat category at low and high doses n = 4-6; n
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ranged from 2 to 6 depending on rat category in the control dose group due to low urine
and serum volumes (see Figure S1 in Appendix A for indication of sampling deviation
from study design). Upon determining significant interactions (ANOVA < 0.05), post hoc
analysis was performed using Fisher’s protected least significant difference (PLSD) test.

2.3 Results
2.3.1 Growth Parameters
At all doses tested, and for both gestational and lactational transfer, no sex
differences in either accumulation of FM 550 components or their metabolites were
observed. For this reason, male and females have been combined to calculate mean
analyte concentrations in Table 3. In addition, the number of fetuses/pups per litter and
distribution of sexes in each litter were not significantly altered as a result of FM 550
exposure. There were also no overt signs of toxicity or changes in growth for either
dams or pups across dose and transfer route groups. Lipid content of the extracts did
not differ between either dose group or sex and averaged 12 ± 3% for pups and 1.3 ±
0.6% for fetuses. Due to the inherent difference in lipid content between pups and
fetuses and because lipid content may affect the mechanism by which transfer might
occur, analyte concentration results are presented as ng/g wet weight (ng/g ww) rather
than on a lipid normalized basis. Body burdens (total amount in each animal in ng) are
also reported to account for the difference in the volumes of distribution between pups
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and fetuses. Method detection limits (MDLs) for each analyte per sample type are shown
in Table S1 in Appendix A.

2.3.2 Gestational Transfer
2.3.2.1 Tissue levels
To evaluate gestational transfer of FM 550, decapitated (but otherwise whole) rat
fetuses collected at GD 18 were analyzed for individual components. Both EH-TBB and
BEH-TEBP body burdens showed a dose-dependent increase in fetuses, demonstrating
placental transfer of the 2 brominated components of FM 550. Average EH-TBB
concentrations were 1.3 ± 0.1 ng/g ww and 4.6 ± 0.4 ng/g ww and average EH-TBB body
burdens were 1.0 ± 0.4 ng and 5.3 ± 3.5 ng in the low and high dose groups, respectively,
corresponding to 0.0013% and 0.0018% of the total dose administered to the dams
(Figure 6). Average BEH-TEBP concentrations and body burdens were 0.5 ± 0.04 ng/g
ww and 0.5 ± 0.1 ng in the low dose group and 1.9 ± 0.4 ng/g ww and 1.9 ± 0.4 ng in the
high dose group, corresponding to 0.0019% and 0.0024% of the total administered dose,
respectively (Figure 7). Average TPHP and ITP body burdens in the 2 dose groups did
not differ significantly from controls and background levels (<3.1 ng/g ww), suggesting
no accumulation (Table 3).
2.3.2.2 Urinary levels
Urinary metabolites were also measured in urine collected from the dams.
Average concentrations of urinary TBBA, the primary metabolite of EH-TBB, in dams
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dosed from GD 9 to 18 were 385 ± 110 ng/mL and 1245 ± 526 ng/mL in the low and high
dose groups, respectively (Figure 8). DPHP and ip-PPP were detected in the urine of
gestationally exposed dams and displayed a dose-dependent response (Figure 9).
Average DPHP concentrations were 2972 ± 948 ng/mL in the low dose group and
3381 ± 694 ng/mL in the high dose group, whereas average ip-PPP concentrations were
37 ± 9 ng/mL in the low dose group and 90 ± 18 ng/mL in the high dose group (Table 3).
2.3.2.3 Serum levels
TPHP and ITPs were not detected above MDL levels in the serum of gestating
dams (<5.4 ng/mL) in any of the dose groups. EH-TBB was not detected in serum of
gestating dams in the low dose group (<1.8 ng/mL) but was detected in serum of
gestating dams in the high dose group at an average concentration of 6.8 ± 1.7 ng/mL.
Similarly, BEH-TEBP was not detected in the serum of low dose gestating dams
(<0.9 ng/mL) but was detected at average concentrations of 3.2 ± 0.4 ng/mL in the serum
of high dose gestating dams (Figure 10).

2.3.3 Lactational Transfer
2.3.3.1 Tissue levels
To evaluate lactational transfer of FM 550, decapitated (but otherwise whole) rat
pups collected at PND 12 were analyzed for individual components. Both EH-TBB and
BEH-TEBP accumulated in whole pup tissue, displaying lactational transfer. Average
EH-TBB concentrations and body burdens in whole pup tissues showed a dose41

dependent increase in tissues, and were 14.3 ± 1.0 ng/g ww and 343.2 ± 84.9 ng in the low
dose group and 65.1 ± 3.6 ng/g ww and 1587.4 ± 334.9 ng in the high dose group
respectively (Figure 6), corresponding to 0.39% and 0.54% of the total administered dose.
BEH-TEBP was not detected in whole tissue of pups in the low dose group (<0.6 ng/g
ww), but was detected in whole pup homogenates in the high dose group at an average
concentration of 0.9 ± 0.2 ng/g ww and an average body burden of 27.9 ± 8.0 ng (Figure 7)
corresponding to 0.026% of the total administered dose.
2.3.3.2 Urinary levels
Average TBBA concentrations in the urine of dams dosed during lactation were
52 ± 23 ng/mL and 223 ± 55 ng/mL in the low and high dose groups, respectively (Figure
8). TBBA levels in pooled pup urine from the low dose group were <2.4 ng/mL (Table 3),
but were detected and measured at 8.7 ± 4.9 ng/mL in the high dose group,
corresponding to 0.0050% of the total administered dose (Figure 8). While there was no
TPHP or ITP accumulation in whole pup tissues in any of the treatments (<2.2 ng/g ww),
DPHP and ip-PPP, their respective metabolites, were detected in the dam urine and
displayed a dose-dependent concentration (Figure 5). Average DPHP concentrations
were 2599 ± 929 ng/mL in the low dose group and 5412 ± 1507 ng/mL in the high dose
group, whereas average ip-PPP concentrations were 34 ± 10 ng/mL in the low dose
group and 67 ± 15 ng/mL in the high dose group (Table 3). DPHP and ip-PPP were not
detected in pup urine (<6.4 and 4.3 ng/mL, respectively).
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2.3.3.3 Serum levels
TPHP and ITPs were not detected above MDL levels in the serum of lactating
dams (<5.4 ng/mL) across all dose groups. EH-TBB was not detected in serum of
gestating dams in the low dose group (<1.8 ng/mL), but was detected in serum of
gestating dams in the high dose group at an average concentration of 5.8 ± 1.9 ng/mL.
Similarly, BEH-TEBP was not detected in the serum of low dose gestating dams
(<0.9 ng/mL), but was detected at average concentrations of 3.6 ± 0.7 ng/mL in the serum
of high dose gestating dams (Figure 10).

2.4 Discussion
As FM 550 is a current and common-use flame retardant mixture found in
residential furniture, with ubiquitous exposure in most US home environments, it is
important to evaluate the potential accumulation and metabolism of these chemicals,
particularly during a vulnerable developmental period. This study sought to provide
important pharmacokinetic data on this flame retardant mixture. Our data demonstrate
that the components of FM 550 can be transferred to the developing fetus both
throughout gestation and during lactation postnatally. The differences in the transfer
routes and metabolism observed highlight the importance of understanding the effects
of these chemicals on development.
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2.4.1 Organophosphate Components
TPHP and ITPs were not detected in either whole fetus or pup tissue, indicating
they did not undergo either gestational or lactational transfer (Table 3). This is not
surprising as TPHP was shown to be readily metabolized by rat and human liver
microsomes (Sasaki, Suzuki, Takeda, & Uchiyama, 1984; Van den Eede, Maho, Erratico,
Neels, & Covaci, 2013). These compounds were also not detected in any of the serum
samples tested above MDL levels (< 5.4 ng/mL), although serum analysis was limited by
low volumes (~250 μl). Supporting rapid metabolism of both TPHP and ITPs by the
dam, DPHP and ip-PPP were measured in a dose-dependent manner in urine from both
gestationally and lactationally-dosed dams. Although our study indicates that TPHP
does not undergo gestational or lactational transfer in rats, a study involving paired
herring gulls and their eggs demonstrated that TPHP can undergo in ovo transfer
(Greaves & Letcher, 2014). In addition, other studies have detected TPHP in human
breast milk at low levels (median TPHP concentration = 0.28 ng/g ww, which is well
below the TPHP MDL in this study) (Kim et al., 2014; Sundkvist, Olofsson, & Haglund,
2010). While measured in other biological samples (Butt et al., 2014; Hoffman, Butt,
Chen, Limkakeng, & Stapleton, 2015), this was the first study to the authors’ knowledge
to confirm ip-PPP as a urinary metabolite of ITPs in a controlled dosing experiment. This
establishes ip-PPP as a useful biomarker for ITPs exposure in human populations. It is
interesting to note that the formulation for FM 550 is approximately 18% TPHP and 32%
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mono-ITP, and yet a disproportionately small amount of ip-PPP was measured in the rat
urine compared to DPHP (Figure 9) (Klosterhaus et al., 2009). To account for this
discrepancy, we propose that it is possible that ITPs can be metabolized to both ip-PPP
and DPHP, or that the metabolism rates for TPHP and ITPs differ. In addition, it is
possible that the major elimination pathway for ip-PPP is feces rather than urine.
Metabolites of tricresyl phosphate were found to be mostly excreted in the feces in a
number of different animal studies (WHO, 1990, EHC 110). Similarly, TPHP, ITPs and
their metabolites may also be excreted in the feces, although this was not measured in
the present study.

2.4.2 Brominated Components
2.4.2.1 EH-TBB
Our study showed that EH-TBB accumulates in tissue to a greater extent via
lactational transfer than during gestational transfer (Figure 6). EH-TBB concentrations
were 11-14 times greater and EH-TBB body burdens were 200-300 times greater in whole
pup tissue compared to whole fetuses in both low and high dose groups. It is generally
accepted that most xenobiotics enter breast milk through passive diffusion from the
plasma, and their concentration in the milk depends on their lipophilicity, molecular
size, maternal plasma level, protein binding in maternal circulation, half-life, and degree
of ionization (Agatonovic-Kustrin, Ling, Tham, & Alany, 2002). Like EH-TBB (logKOW =
7.73), 2,2′,4,4′,5,5′-hexachlorobiphenyl (PCB 153), p,p′-dichlorodiphenyldichloroethylene
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(p,p’-DDE), and hexachlorobenzene (HCB) have logKOW values near 7 and have been
shown to be transferred to offspring almost exclusively through milk, rather than
placental transfer (Lyche, Skaare, Larsen, & Ropstad, 2004; Nakashima, Ohsawa,
Umegaki, & Ikegami, 1997; You et al., 1999). This can be accounted for by the
mobilization of the maternal depots of lipophilic compounds during milk production.
Gallenberg and Vodicnik (1987) showed that very low density lipoproteins (VLDLs)
provide molecular binding sites for lipophilic compounds. VLDL are composed of
cholesterol, triglycerides, and proteins, and enable movement of lipids in the
bloodstream (Iverson, Hamosh, & Bowen, 1995). Shortly before parturition and
throughout lactation, VLDLs are directed to the mammary gland for milk production.
Also during this stage pregnancy the activity of lipoprotein lipase, and enzyme that
hydrolyzes VLDL to supply free fatty acids necessary for milk production, is drastically
reduced in adipose and greatly enhanced in mammary tissue (Hamosh, Clary, Chernick,
& Scow, 1970). Importantly, there is suggestive evidence for the involvement of VLDL in
the redistribution kinetics of 2,4,5,2’,4’,5’-hexachlorobiphenyl (PCB-153) (Mühlebach,
Wyss, & Bickel, 1991). Low density lipoproteins have been found to bind PCB-153 at 30
noninteractive binding sites, with a binding constant K = 2.7 x 105 and a dissociation
constant Kd = 7.2 x 10-6 M-1 (Becker & Gamble, 1982). The partition coefficient of PCB-153
in a phosphate buffer solution designed to mimic serum for human VLDL was
measured to be 1.2 x 106 M-1 (Maliwal & Guthrie, 1982). It has been shown in rats that
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serum VLDL concentrations change over the course of pregnancy, increasing during the
third trimester and decreasing following lactation (Spindler-Vomachka & Vodicnik,
1984). Spindler-Vomachka and Vodicnik (1984) also demonstrated that PCB1-53 is
preferentially associated with VLDL during pregnancy and lactation in comparison to
virgin females (PCB-153 levels found in the VLDL of dams at GD 18 were 3-fold higher
compared to the levels found in virgin rats.) By passive diffusion and by binding VLDL,
lipophilic chemicals including EH-TBB can partition into milk and later be transferred
from dam to pup during nursing. Interestingly, milk composition varies over the course
of lactation, and uptake of lipophilic chemicals is proportional to the fat content of the
milk (Clewell & Gearhart, 2002). As such, lactational transfer of EH-TBB is likely to vary
at different times during lactation corresponding to milk fat content fluctuations. The
relatively low levels of gestational transfer of EH-TBB can be explained by the presence
of a placental lipid gradient during pregnancy. The total lipid concentration in human
maternal venous plasma has been measured as about four times that of umbilical plasma
at term (Parker, Deahl, Drewry, & Hankins, 1983). This lipid gradient likely inhibits the
distribution of EH-TBB across the placenta during pregnancy. While EH-TBB levels
differed between whole fetus and pup homogenates, EH-TBB serum concentrations in
gestating and lactating dams 4 hours following the final dosing did not differ
significantly (Figures 6 and 10).
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2.4.2.1 BEH-TEBP
BEH-TEBP concentrations were slightly higher in fetuses, but BEH-TEBP body
burdens were higher in pups (Figure 7). While BEH-TEBP body burdens were
approximately 13-14 times greater in pups compared to fetuses in the high dose group,
they were comparatively lower than EH-TBB body burdens observed in pups. Schecter
et al. (2010) and Wolf (1983) showed that higher molecular weight compounds exhibit
lesser blood to milk partitioning than lower molecular weight compounds of the same
class. Lesser blood to milk partitioning of BEH-TEBP, which has a higher molecular
weight and higher estimated log KOW compared to EH-TBB (706.14 Da and 11.95
compared to 549.92 Da and 7.73), could account for lower observed levels of BEH-TEBP
tissue accumulation resulting from lactational transfer (U.S. Environmental Protection
Agency, 2012). Similarly, Zhou et al. (2014) observed lesser serum to breast milk
partitioning of BEH-TEBP compared to EH-TBB in humans. BEH-TEBP was only
detected in serum above MDL levels in dams at the high dose, suggesting its efficient
excretion (Figure 10).

2.4.3 Brominated Metabolites
Urinary TBBA concentrations were 5-7 times higher in dams dosed during
gestation compared to dams dosed during lactation in both low and high dose groups
(Figure 8). This suggests that greater amounts of EH-TBB are cleared from dams via
urine during pregnancy than during lactation, owing perhaps to fewer VLDL binding
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sites in gestational stages of pregnancy or to the partitioning of TBBA from plasma to
milk. Breast milk has a slightly lower pH (7.08) compared to maternal plasma (7.42), so
this pH gradient facilitates the partitioning of weak bases from plasma to milk (Clewell
& Gearhart, 2002). Because the pKa of TBBA has been estimated to be 2.3, TBBA would
be almost entirely deprotonated in both milk and plasma (Fang & Stapleton, 2014). Since
TBBA is mostly in its charged form, partitioning from plasma to milk is not a likely
explanation for the lower levels observed in the urine of lactating dams. Alternatively,
lower levels of TBBA found in the urine of lactating dams could be a result of simple
dilution, as both gestating and lactating dams were allowed water ad libitum. In fact,
there is evidence that lactating Sprague-Dawley rats drink, on average, more water than
their gestating counterparts (Cao et al., 2015; Slone et al., 2012). This is also supported by
the high variability in urinary TBBA levels, indicating differential water intake (Figure
8). While this “dilution effect” was not observed for DPHP and ip-PPP, it is possible
these compounds are passively excreted with urinary concentrations independent of
urine flow, whereas TBBA could be actively excreted with its urinary concentration
dependent on urine flow (Boeniger, Lowry, & Rosenberg, 1993). In this way, we might
see differences in urinary levels of TBBA between gestating and lactating rats, but not in
urinary levels of DPHP and ip-PPP as reflected in our results. Multidrug resistanceassociated protein (MRP) transporters and p-glycoprotein have been found to facilitate
active xenobiotic elimination (Hodgson, 2012). Specifically, endosulfan has been shown
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to exhibit p-glycoprotein-mediated efflux in cell culture experiments (Bain & LeBlanc,
1996). Bain and LeBlanc (1996) also showed in their experiments that lipophilicity and
molecular mass were major determinants of p-glycoprotein binding, with optimum
binding occurring with compounds that had a log Kow between 3.6 and 4.5 and a
molecular weight between 391 and 490 Daltons. Incidentally, TBBA has a log Kow of
approximately 4.28 (predicted ACD/Labs) and a molecular weight of 437.7 Daltons and
could potentially bind p-glyocprotein for active efflux.
Although we did not evaluate TBMEHP in this study, it has been measured at
much lower levels (~90x lower) than TBBA in the urine of rats dosed with Uniplex FPR45, a commercial flame retardant containing > 95% BEH-TEBP and < 5% EH-TBB (Silva
et al., 2015). Because FM 550 is approximately 30% EH-TBB and 9% BEH-TEBP by
formula, we predict that TBMEHP would be present at increasingly lower levels than
TBBA in rat urine, potentially below method detection limits. It is likely that BEH-TEBP
is excreted in the feces in a form that is not metabolized. Knudsen et al. (2016) found that
after orally administering 0.071 or 7.1 mg/kg of radioactively-labelled BEH-TEBP to
female Sprague Dawley rats, 92-98% was detected unchanged in the feces.

2.4.4 Study Limitations
As mentioned previously, some FM 550 components and their metabolites may
be excreted predominantly in the feces; however, our study did not investigate fecal
elimination. Another limit of the current study is that urine was not collected at periodic
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time intervals, allowing for calculations of average excretion rates for each FM 550
component. In addition, limited mobilization from adipose and other tissues in the dam
might contribute to the observed differences in transfer of FM 550 components to the
pups, although our study did not analyze dam tissues. For instance, Patisaul et al. (2013)
observed TBB accumulation in adipose tissue, liver and muscle of dams following
perinatal dosing.

2.4.5 Implications
The current study provides important information about FM 550 body burdens
in fetuses and pups following 10 days of exposure to the dam at different developmental
windows. Our dosing method mimics the predicted main exposure route for brominated
flame retardants—dietary ingestion, which likely occurs through either chronic hand-tomouth contact or inadvertent ingestion of household dust (Johnson et al., 2010; Stapleton
et al., 2012). Prior to this study, experiments on FM 550 have focused primarily on
human exposure and toxic endpoints. This study is one of the first to assess the
pharmacokinetic properties of the components of FM 550 and contributes important
data regarding this commercial mixture that can be applied to human exposure studies
and risk assessments. These data can also inform physiologically based pharmacokinetic
(PBPK) models for semi-volatile organic compounds (SVOCs). Future work should focus
on more detailed pharmacokinetic endpoints such as the tissue distribution of FM 550
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components and metabolites, mechanisms involved in metabolism and excretion, and
the formation of ip-PPP from ITP metabolism in real time.
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Figure 5. Parent compounds and corresponding urinary metabolites of the four
FM 550 components. *Not measured in this study.
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Table 3. Summary of parent compound and metabolite findings in fetus/whole
pup tissue and dam/pup urine and serum.
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Figure 6. Lactational transfer results in greater EH-TBB concentrations and
body burdens in fetus and pup tissue compared with gestational transfer. EH-TBB
(ng/g wet weight) was measured in fetus tissue following daily FM 550 exposure to
the dam from gestational day 9 to 18 and in pup tissue following daily FM 550
exposure to the dam from postnatal day 3 to 12 (shown in panel A). EH-TBB body
burdens (ng) were calculated based on total body mass of each decapitated pup or
fetus (shown in panel B). Doses are as follows: control = ethanol vehicle, low = 300
µg/day, high = 1000 µg/day. Gestational transfer is shown in solid gray and lactational
transfer is shown in dashed gray. For each dose, n = 4-6 and *p <0.005. The minimum
detection limit for gestational transfer was 0.3 ng/g wet weight and the minimum
detection limit for lactational transfer was 0.2 ng/g wet weight. No significant
differences were found between males and females.

55

Figure 7. Gestational transfer results in greater BEH-TEBP concentrations but
lower body burdens in fetus/pup tissue compared with lactational transfer. BEHTEBP (ng/g wet weight) was measured in fetus tissue following daily FM 550
exposure to the dam from gestational day 9 to 18 and in pup tissue following daily
FM 550 exposure to the dam from postnatal day 3 to 12 (shown in panel A). BEH-TEBP
body burdens (ng) were calculated based on total body mass of each decapitated pup
or fetus (shown in panel B). Doses are as follows: control = ethanol vehicle, low = 300
µg/day, high = 1000 µg/day. Gestational transfer is shown in solid gray and lactational
transfer is shown in dashed gray. For each dose, n = 4-6 and *p <0.01. The minimum
detection limit for gestational transfer was 0.1 ng/g wet weight and the minimum
detection limit for lactational transfer was 0.6 ng/g wet weight. No significant
differences were found between males and females.
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Figure 8. Dams dosed with FM 550 during gestation show higher levels of
urinary TBBA compared to dams dosed during lactation. TBBA (ng/mL) was
measured in dam urine following daily FM 550 exposure from gestational day 9 to 18
and in dam and pup urine following daily FM 550 exposure to the dam from postnatal
day 3 to 12. Doses are as follows: control = ethanol vehicle, low = 300 µg/day, high =
1000 µg/day. Dams dosed during gestation are shown in solid gray, dams dosed
during lactation are shown in dashed gray, and pups at PND 12 are shown in black.
For each dose, n = 2-6 and *p <0.05. The minimum detection limits for dams dosed
during gestation or lactation were 9.6 ng/mL, and minimum 2.4 ng/mL for pups at
PND 12. TBBA was measured in pup urine at levels higher than the MDL only at the
high dose.
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Figure 9. Organophosphate metabolites of FM 550 components measured in dam urine show dose response. DPHP
and ip-PPP (ng/mL) were measured in dam urine following daily FM 550 exposure from gestational day 9 to 18 and
in dam and pup urine following daily FM 550 exposure to the dam from postnatal day 3 to 12. Doses are as follows:
control = ethanol vehicle, low = 300 µg/day, high = 1000 µg/day. For each dose, n = 3-6 and *p <0.05. For DPHP, the
minimum detection limit was 25.6 ng/mL in dam urine and 6.4 ng/mL for pup urine. For ip-PPP, the minimum
detection limit was 17.1 ng/mL in dam urine and 4.3 ng/mL in pup urine. Neither DPHP nor ip-PPP were detected
above MDL in pup urine.

Figure 10. EH-TBB and BEH-TEBP detected in dam serum at the high dose.
TPHP, ITPs, EH-TBB, and BEH-TEBP (ng/mL) were measured in dam serum
following daily FM 550 exposure from gestational day 9 to 18, and in dam and pup
serum following daily FM 550 exposure to the dam from postnatal day 3 to 12. Doses
are as follows: control = ethanol vehicle, low = 300 µg/day, high = 1000 µg/day. EHTBB is shown in solid gray and BEH-TEBP is shown in checked gray. None of the
compounds were detected above MDL levels in pup serum, and TPHP and ITPs were
not detected above MDL levels in any of the tested serum (data not shown). Measured
serum levels did not differ statistically between gestating and lactating dams, so the
two groups have been combined in this plot. For each dose, n = 2-6 and *p <0.05. The
minimum detection limits are as follows: 5.4 ng/mL for TPHP and ITPs, 1.8 ng/mL for
EH- TBB, and 0.9 ng/mL for BEH-TEBP.
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3. Characterization of Individual Isopropylated and tertButylated Triarylphosphate (ITP and TBPP) Isomers in
Several Commercial Flame Retardant Mixtures and
House Dust Standard Reference Material SRM 2585
This chapter was published under the title “Transplacental and Lactational
Transfer of Firemaster® 550 Components in Dosed Wistar Rats” in Environmental
Science & Technology in 2017. The authors are Allison Phillips, Stephanie Hammel, Alex
Konstantinov, and Heather Stapleton.

3.1 Introduction
In the early to mid-2000s, the use of polybrominated diphenyl ethers (PBDEs)
was globally phased out due to concerns about their persistence, bioaccumulation, and
potential toxicity (PBT). One PBDE commercial mixture, pentaBDE, was primarily used
in furniture as a flame retardant to meet residential flammability standards; however,
new flame retardant chemicals and mixtures have since entered the market. Recent
studies by our group demonstrate that many of these new flame retardant mixtures
contain alkylated organophosphate aryl esters and, in particular, several types of
isopropyl- and tert-butyl-triphenyl phosphates (ITPs and TBPPs, respectively; Figure 11)
(Cooper et al., 2016; Stapleton, Sharma, et al., 2012). In addition to being used as flame
retardants, both ITPs and TBPPs are used in hydraulic fluids and as plasticizers in a
variety of materials (Latendresse, Brooks, Capen, & Latendresse, 1994; Weil et al., 2006).
In our previous research, we identified ITPs in a common commercial flame retardant
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mixture (Firemaster 550, FM 550), a mixture of organophosphate and brominated flame
retardants, and an ITP mixture (Stapleton et al., 2008). Similarly, we identified TBPPs in
Firemaster 600 (FM 600) and in a mixture with TPHP that we refer to as the TBPP
mixture (Cooper et al., 2016). Despite their documented neuro- and developmental
toxicity, there is currently very little information regarding human exposure to ITPs and
TBPPs and limited documentation of the presence of these isomers in environmental
samples (Behl et al., 2015; McGee, Konstantinov, Stapleton, & Volz, 2013). This pressing
lack of data has been recognized by the U.S. Environmental Protection Agency (EPA),
which recently prioritized ITPs as one of five fast-tracked PBT chemicals for further
assessment under the 2016 amendment to the Toxic Substances Control Act (TSCA) (US
EPA, 2016).
Previous research conducted by our laboratory has demonstrated that exposure
to ITP chemicals is very common in the U.S. population and that exposure ranges
considerably among individuals, likely based on differential exposure to flame retardant
and plasticizer treated consumer products. For instance, Hammel et al. detected ITPs on
silicone wristbands worn by human participants with 100% frequency (n = 40) (Hammel
et al., 2016). Furthermore, out of five organophosphate flame retardant (PFR)
metabolites measured in urine in this study, mono-isopropylphenyl phenyl phosphate
(mono-ipPPP), a confirmed metabolite of ITPs, had the highest geometric mean
concentration (2.6 ng/mL). Another recent study detected mono-ipPPP in 98% of all
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tested urine samples (n = 48) and found that, on average, levels of urinary mono-ipPPP
were 1.2 times higher in children than in their mothers (Butt, Congleton, Hoffman, Fang,
& Stapleton, 2014).
Other recent studies have used commercial flame-retardant mixtures containing
ITPs and TBPPs to assess toxicological endpoints, and yet the composition of these
mixtures has not been well-described. For example, FM 550 has been shown to be
endocrine disrupting and potentially obesogenic in rats, and exposure in fathead
minnows resulted in significant DNA damage (Bearr et al., 2010; Patisaul, Roberts,
Mabrey, Mccaffrey, et al., 2013). The ITP and TBPP commercial mixtures have been
found to disrupt C. elegans larval development, zebrafish embryonic development, and
zebrafish behavior at concentrations in the low-μM range (Behl et al., 2015; Noyes,
Haggard, Gonnerman, & Tanguay, 2015). The TBPP mixture has also been shown to
elevate estradiol serum levels, alter reproductive cycles, and elicit cholesteryl lipidosis in
adrenocortical and ovarian interstitial cells of exposed female rats (Latendresse et al.,
1995).
However, because there have been no studies that identify the composition and
ITP &TBPP isomer profile of these commercial mixtures, it is difficult to attribute
toxicological findings to a specific component(s) of the mixture. Such information will
give context to toxicological studies using these mixtures and give direction to future
exposure studies. Moreover, there is considerable confusion in the flame retardant
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literature regarding the naming and acronyms associated with these compounds, and
these mixtures also have a myriad of technical/brand names associated with them from
multiple manufacturers (Table 4). For the purposes of this study and to avoid future
confusion, individual ITP and TBPP isomer acronyms are used according to their
practical abbreviations (PRABs) (Bergman et al., 2012). Individual standards for these
isomers have become available in the past year, and the present study attempts to
alleviate confusion regarding these compounds. Here, we characterize the ITP and
TBPP isomer profiles present in FM 550 and FM 600 and two other types of
organophosphate commercial mixtures that are currently available on the market.

3.2 Experimental Section
3.2.1 Materials
Individual, authentic standards of 2-isopropylphenyl diphenyl phosphate
(2IPPDPP), 3-isopropylphenyl diphenyl phosphate (3IPPDPP), 4-isopropylphenyl
diphenyl phosphate (4IPPDPP), 2,4-diisopropylphenyl diphenyl phosphate
(24DIPPDPP), bis(2-isopropylphenyl) phenyl phosphate (B2IPPPP), bis(3isopropylphenyl) phenyl phosphate (B3IPPPP), bis(4-isopropylphenyl) phenyl
phosphate (B4IPPPP), bis(2,4-diisopropylphenyl) phenyl phosphate (B24DIPPPP), tris(3isopropylphenyl) phosphate (T3IPPP), tris(4-isopropylphenyl) phosphate (T4IPPP), 4tert-butylphenyl diphenyl phosphate (4tBPDPP), bis(2-tert-butylphenyl) phenyl
phosphate (B2tBPPP), bis(4-tert-butylphenyl) phenyl phosphate (B4tBPPP), 13C-TPHP,
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d15TPHP, 13C-EH-TBB, and 13C-BEH-TEBP were purchased from or provided by
Wellington Laboratories (Guelph, Ontario, Canada). TPHP (99% pure) and Tris(4-tertbutylphenyl) phosphate (T4tBPP) were purchased from Sigma-Aldrich (Saint Louis,
Missouri). High-performance liquid chromatography grade isooctane was purchased
from Honeywell Burdick and Jackson (Muskegon, Michigan). FM 550 was provided by
Chemtura (lot no. 77000DI8P), the commercial mixture containing only ITPs was
purchased from Jinan Great Chemical Industry Co. (no lot information provided by
manufacturer), and the TBPP mixture was produced by Ubichem and obtained from the
National Toxicology Program (lot no. M062011NS) for research purposes as part of a
materials transfer agreement. The commercial FM 600 mixture itself was not available
for analysis; for this reason, a block of FM 600 treated polyurethane foam was obtained
from a North Carolina foam manufacturer for analysis.

3.2.2 Commercial Mixture Preparation
Each flame retardant mixture preparation was weighed using a Mettler Toledo
A21 Comparator microbalance and dissolved in isooctane to make three lowconcentration (∼1 μg/mL) and three high concentration (∼5 μg/mL) solutions. FM 600treated foam was weighed (100 mg) and extracted in triplicate using dichloromethane
according to previously published methods (Stapleton et al., 2009). For the analysis here,
the concentration of FM 600 in the foam was assumed to be 4% by weight, similar to
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measurements made previously in polyurethane foam (Stapleton et al., 2009). Prior to
analysis, each solution was spiked with the appropriate internal standards.

3.2.3 SRM 2585 Analysis
Approximately 300 mg of SRM 2585 (National Institute of Standards and
Technology, Gaithersburg, MD) was spiked with 13C-TPHP and extracted three times in
dichloromethane with sonication. SRM extracts (n = 4) were cleaned using a Supelclean
ENVI-Florisil SPE cartridges (6 mL; 1.0 g; Supelco, Bellefonte, Pennsylvania) using
previously published methods (Van den Eede, Dirtu, Ali, Neels, & Covaci, 2012). ITP
and TBPP isomers were eluted using 10 mL of ethyl acetate. Eluents were concentrated
under nitrogen and solvent-exchanged to hexane prior to analysis.

3.2.4 Component Quantification
EH-TBB and BEH-TEBP were quantified with previously described
GC/ENCI−MS methods using 13C-EH-TBB and 13C-BEH-TEBP as internal standards
(Stapleton et al., 2008). TPHP and individual ITP and TBPP isomers were quantified
with the previously described GC/EI-MS methods using 13C-TPHP as an internal
standard.16 Briefly, the quantification of TPHP, ITP, and TBPP isomers was performed
using an Agilent (Wilmington, DE) gas chromatograph (model 7890A) mass
spectrometer (model 5975C) operating in electron-impact (EI) mode. Pressurized
temperature vaporization (PTV) injection was employed in the inlet, and a 0.25 mm
(I.D.) × 30 m fused silica capillary column coated with 5% phenyl methylpolysiloxane
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(J&W Scientific, 0.25 μm film thickness) was used in the GC to resolve the analytes.
Helium was used as the carrier gas in the GC with a constant flow rate of 1.3 mL/min.
The inlet was set to a temperature of 80 °C for 0.3 min and then ramped to 300 °C at a
rate of 600 °C/min to efficiently transfer samples to the head of the GC column. The GC
oven was held at 80 °C for 2 min, ramped to 250 °C at 20 °C/min, ramped to 260 °C at 1.5
°C/ min, then ramped to 300 °C at 25 °C/min and held at 300 °C for 20 min. The transfer
line temperature was held at 300 °C, and the ion source was maintained at 200 °C. Table
5 outlines the m/z ions and retention times used for the quantification of ITP and TBPP
isomers.

3.2.5 Quality Assurance and Quality Control
Laboratory blanks were included in both the commercial mixture preparation (n
= 3) and the SRM 2585 analysis (n = 6). All the samples were blank-corrected using the
average blank level. Method detection limits (MDLs) were calculated using 3 times the
standard deviation of the average lab blanks and were normalized to the amount of dust
extracted for the SRM 2585 analysis. MDLs are reported in Table S2 in Appendix B for
each isomer. Linear calibration curves were constructed using a five-point calibration for
the quantification of each isomer, with r2 values ranging from 0.9985 to 0.9999. To
evaluate the recoveries of ITP and TBPP isomers in house dust, a matrix spike
experiment was performed using a low and a high dose of isomers. Samples of SRM
2585 were spiked with either a low dose (50 ng) or a high dose (500 ng) of all ITP and
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TBPP isomers and extracted, in triplicate, according to the methods detailed above. 13C
TPHP was added prior to GC−MS analysis to quantify recovery of each analyte.
Recoveries ranged from 72.4 ± 1.0% to 109.9 ± 10.7% (see Table S3 in Appendix B) for the
various isomers.

3.3 Results and Discussion
3.3.1 Firemaster 550 and ITP Mixture
The percent composition of each ITP isomer present in the FM 550 and ITP
mixture, respectively, is shown in Table 6 and is presented on a percent w/w basis. The
FM 550 mixture consisted of approximately 44% of the brominated components, with
the remaining mass composed of TPHP and the ITPs. Like the FM 550 mixture, the ITP
mixture consisted of very similar ITP isomers, particularly TPHP, 2IPPDPP, and
B2IPPPP, which were the dominant compounds in the mixture. Notably, the
contribution of the individual organophosphate components in the ITP mixture is
roughly twice that of their contribution in FM 550, suggesting a common ITP
formulation and/or synthesis (Figure 12). T4IPPP was not detected in either of the
mixtures. Our analyses accounted for 97.8 ± 1.5% of FM 550 and 97.0 ± 5.3% of the ITP
mixture.

3.3.2 Firemaster 600 and TBPP Mixture
The percent composition of each TBPP isomer present in the FM 600 and TBPP
mixture is shown in Table 7 and is presented on a percent w/w basis. In the case of the
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FM 600 analysis, we used foam as a standard, which could be a limitation affecting the
accuracy of our characterization. We assumed that the foam was treated with 4% FM 600
by weight. Using that assumption, the foam treated with FM 600 contained
approximately 40% of the brominated compounds, with the remaining mass being
composed of TPHP and TBPP isomers. The organophosphate formulation of FM 600 was
dominated by B4tBPPP and T4tBPP isomers, with relatively little TPHP or 4tBPDPP
present in the mixture. In contrast, the TBPP mixture was composed of higher
percentages of TPHP and 4tBPDPP (Figure 13). In total, we could account for 95.3 ± 5.2%
of the FM 660 mixture and 79.5 ± 1.1% of the TBPP mixture. 2tBPDPP and B2tBPPP were
not detected in either FM 600 or the TBPP mixture, but chromatographic peaks for
3tBPDPP and B3tBPPP were observed for both mixtures (Figure S5 in Appendix B).
These peaks were presumed to be the meta-isomers based on retention times, and lack of
matching with the ortho- and para-substituted isomers. Standards of meta-TBPP isomers
are not commercially available, so quantification of 3tBPDPP and B3tBPPP was not
possible.

3.3.3 Concentrations in SRM 2585
Levels of ITP and TBPP isomers in house dust standard reference material 2585
are shown in Table 8. Deuterated TPHP was used as a recovery standard, and the
percent recovery of 13C-TPHP was 95.7 ± 6.2%. Measured concentrations of TPHP were
1002.13 ± 52.88 ng/g, similar to those reported previously. 2IPPDPP, 4IPPDPP, 4tBPDPP,
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and B4BPDPP were the most prevalent ITP and TBPP isomers in SRM 2585, all of which
had concentrations of >200 ng/g. In contrast, T3IPPP, T4IPPP, 2tBPDPP, and B2tBPPP
were not detected in SRM 2585 above MDL levels (0.67, 1.07, 0.61, and 0.98 ng/g,
respectively.) While individual isomer levels are lower than that of other
organophosphate flame retardants, ΣITP and ΣTBPP levels (1098.28 and 762.09 ng/g,
respectively) approach and, in some cases, exceed levels that have been reported for
TPHP, TCEP, and TCPP previously (Caroline Bergh, Luongo, Wise, & Östman, 2012;
Van den Eede et al., 2011). These concentrations suggest the potential for chronic human
exposure to ITP and TBPP isomers via inadvertent dust ingestion and hand-to-mouth
contact. In addition, the fact that SRM 2585 was prepared from dust collected in 1993
and 1994 suggests that ITP and TBPP use had been ongoing before pentaBDE was
phased out. Interestingly, it has been reported that the ITP isomers were originally
developed as tricresyl phosphate replacements due to the erratic supply and increasing
cost of cresols in the 1970s. Similarly, TBPP isomers were introduced in the 1970s for use
in hydraulic applications (Weil et al., 2006). However, to the authors’ knowledge, this is
the first demonstration of their presence in SRM 2585.

3.3.4 Implications
There is growing evidence that the organophosphate components in these
mixtures may elicit adverse health effects, and human exposure to them has been
demonstrated to be widespread in recent years (Belcher, Cookman, Patisaul, &
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Stapleton, 2014; Fang, Webster, Ferguson, et al., 2015; Hammel et al., 2016; Hoffman,
Butt, et al., 2015). A recent epidemiological study found a significant association
between the urinary metabolite of ITPs and decreases in successful pregnancy outcomes
(Carignan et al., 2017). Identification of the predominant ITP and TBPP isomers in
commonly used commercial flame retardant mixtures will aid in hazard characterization
and the ongoing, prioritized risk assessment of these compounds by the U.S. EPA. With
the exception of FM 600, all of these mixtures contain ≥20% TPHP, a compound with
known toxicological activity (X. Liu, Ji, Jo, Moon, & Choi, 2013; Meeker & Stapleton,
2010; Pillai et al., 2014). Interestingly, FM 600 has very low TPHP content, potentially
due to distillation or other treatment following isomerization. The four mixtures in this
study are complex, containing many different components, each with potentially unique
health hazards and physicochemical properties. These findings should be taken into
account when designing and interpreting toxicological studies. Furthermore, it should
be recognized that there are many different manufacturers of these mixtures, and
mixture formulations may differ among manufacturers and across lots. It is possible that
the minor components of the ITP mixture (<1% w/w) are synthesis byproducts and might
also vary from lot to lot. In addition, the flame retardant mixtures analyzed here are not
the only sources of ITP and TBPP isomers to the environment; ITP and TBPP isomers
also have uses as plasticizers and in hydraulic fluids (David & Seiber, 1999; Sundkvist et
al., 2010; Wensing et al., 2005). Future work should focus on identifying sources of these
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isomers, the degree of human exposure to these isomers, and the toxicological
assessment of individual isomers.
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Figure 11. Structures and associated log KOW ranges of triphenyl phosphate
(TPHP), isopropylated triaryl phosphate isomers (ITPs), and tert-butylated triaryl
phosphate isomers (TBPPs). Previous studies have indicated that increasing
hydrophobicity is positively correlated with carboxylesterase inhibitor potency.
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Table 4. Acronyms and Brand Names Associated with ITP and TBPP Isomers
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Table 5. m/z Ions and Retention Times Used for Quantification of ITP and
TBPP Isomers
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Table 6. Percent Composition (w/w) of Individual ITP Isomers in FM 550 and
the ITP Mixture*

75

Figure 12. A comparison of the contributions of individual components in the
FM 550 and ITP mixture suggests a common ITP formulation. FM 550 is shown in
gray and the ITP mixture is shown in white. The two brominated components of FM
550, EH-TBB and BEH-TEBP, comprise ~43.6% of the mixture and are absent in the
ITP mixture. With the exception of 3IPPDPP, 24DIPPDPP, and B3IPPPP, the percent
composition of organophosphate components is approximately twice that of FM 550
in the ITP mixture to compensate for the absence of the brominated components.
T3IPPP is not shown but is present in both mixtures at 0.1%.
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Table 7. Percent Composition (w/w) of Individual TBPP Isomers in FM 600treated Foam and the TBPP Mixture*
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Figure 13. A comparison of the contributions of individual components in the
FM 600 and TBPP mixture suggests a disparate TBPP formulation. FM 600 is shown in
gray and the TBPP mixture is shown in white. Strikingly, FM 600 contained relatively
little TPHP and the mono-substituted TBPP isomer compared to the TBPP mixture.
The concentration of FM 600 in the foam was assumed to be 4% by weight.
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Table 8. ITP and TBPP Levels in House Dust SRM (n=4)
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4. First Insights in the Metabolism of ITPs and TBPPs
Using Human Liver Subcellular Fractions
4.1 Introduction
Isopropylated and tert-butylated triarylphosphate esters (ITPs & TBPPs) are used
as flame retardants and plasticizers in a variety of materials ranging from residential
furnishings and electronics to hydraulic fluids (Weil et al., 2006). As flame retardants,
these chemicals have been increasingly used as pentaBDE substitutes in polyurethane
foam following the phase-out of PBDEs in the early 2000s (Cooper et al., 2016). Several
currently-used commercial flame retardant mixtures contain ITP and TBPP isomers as
major components in their formulations, including Firemaster® 550 (34% ITPs),
Firemaster® 600 (51% TBPPs), an ITP mixture (52% ITPs), and a TBPP mixture (at least
56% TBPPs) (Phillips et al., 2017).
Since their relatively recent identification as flame retardants, numerous studies
have highlighted the potential toxicity of the ITP and TBPP isomers. For instance, ITP and
TBPP mixtures have been shown to cause long-term impairment of anxiety-related
behavior in adult zebrafish following low level (0.03 µM) exposure during development
(Glazer et al., 2018). Developmental exposure to these mixtures (10-100 µM) have resulted
in bradycardia, atrial failure, and abnormalities in cardiac looping in zebrafish embryos
(Alzualde et al., 2018; McGee et al., 2013). The ITP mixture is known to bind and activate
the human nuclear receptor PPARγ, thereby increasing lipid accumulation and
promoting adipogenesis at a relatively low concentration (10 µM) (Fang, Webster, &
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Stapleton, 2015; Kassotis, Hoffman, & Stapleton, 2017; Pillai et al., 2014). Furthermore,
epidemiological studies have associated ITP exposure with adverse health and behavioral
outcomes using isopropylphenyl phenyl phosphate (ip-PPP), a urinary metabolite of ITP
isomers, as an exposure biomarker. Higher maternal urinary concentrations of ip-PPP
have been associated with poorer fine motor and language skills and lower scores on
cognitive assessments in a cohort of young children (Doherty et al., 2019). Additionally,
increasing urinary ip-PPP concentration has been associated with reduced fertility
measures and pregnancy outcomes in women undergoing in vitro fertilization, as well as
sex-dependent changes in gestational age (Carignan et al., 2017; Hoffman, Stapleton, et
al., 2018).
Because recent assessments have indicated that ITP and TBPP isomers are
potentially disruptive to normal growth and development, endocrine function, and
reproductive health, it is important to monitor exposure levels in the human population.
While a few studies have reported on the metabolism of triphenyl phosphate (TPHP),
relatively little is known about the metabolism of ITPs and TBPPs. An in vivo study using
Wistar rats confirmed ip-PPP as a urinary metabolite of ITPs in 2016, however metabolism
kinetics were not included in its scope (Phillips et al., 2016). Interestingly, urinary
diphenyl phosphate (DPHP) and ip-PPP concentrations were not reflective of the parent
TPHP and ITP composition in the dosing mixture, suggesting that ITPs might be
metabolized to both DPHP and ip-PPP or that there is a difference in elimination route for
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the two compounds. Similarly, a human exposure study using silicone wristbands found
that ITP concentrations on the bands correlated with urinary DPHP but not urinary ipPPP levels of the bands’ wearers (Hammel et al., 2016). Human biomonitoring studies
commonly rely on ip-PPP as a biomarker of exposure for ITPs, tb-PPP as a biomarker of
exposure for TBPPs, and DPHP as a biomarker for TPHP (Hoffman et al., 2018; Phillips et
al., 2018) (Table 9). However, DPHP is likely also a metabolite of ITP and TBPP isomers,
in addition to TPHP and 2-ethylhexyl diphenyl phosphate (EHDPP), complicating its
utility as a biomarker of exposure for a single parent compound (Ballesteros-Gómez,
Erratico, et al., 2015; Cooper, Covaci, van Nuijs, Webster, & Stapleton, 2011; Strobel,
Letcher, Willmore, Sonne, & Dietz, 2018). To fill data gaps regarding the fate of ITPs and
TBPPs in the human body and to develop reliable biomarkers for these compounds,
metabolism studies focusing on ITPs and TBPPs are needed.
Due to the similarities in their chemical structures, ITP and TBPP metabolism
experiments can be informed by the metabolism of TPHP, a compound with a wellcharacterized metabolite profile. TPHP has been shown to form DPHP, hydroxyltriphenyl phosphate (OH-TPHP), di-hydroxy-triphenyl phosphate (di-OH-TPHP),
hydroxyl-diphenyl phosphate (OH-DPHP), and glucuronide and sulfate conjugates of
OH-TPHP and di-OH-TPHP during in vitro metabolism studies (Su, Letcher, Crump,
Gooden, & Stapleton, 2015; Su, Letcher, Yu, Gooden, & Stapleton, 2016; Van Den Eede,
Maho, Erratico, Neels, & Covaci, 2013). A recent study demonstrated that CYP1A2 and
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CYP2E1 are the major cytochrome P450 (CYP) isoforms involved in the phase I formation
of DPHP from TPHP (Q. Zhang et al., 2019). Another study showed that the OH-TPHP
glucuronide conjugates are the primary in vitro metabolites of TPHP (accounting for 65%
on the initial TPHP treatment), which highlights the importance of phase II metabolic
processes in the biological fate of this compound (Su et al., 2015).
Much like TPHP, we hypothesize that ITP and TBPPs will undergo both
hydrolysis and hydroxylation/conjugation during metabolism. The predicted
metabolism of 4-isopropylphenyl diphenyl phosphate (4IPPDPP), a representative ITP
isomer, is shown in Figure S6 in Appendix C. Because there is an inverse correlation
between the pKa of the subsequent alcohol formed from hydrolysis of the
organophosphate and the hydrolysis rate, the cleavage of a phenol group is more likely
to occur in abiotic hydrolysis reactions than is the cleavage of an alkylated phenol group
(Figure S7 in Appendix C) (Kirby & Varvoglis, 1967). Thus, we predict that ip-PPP and
tb-PPP will be formed more prevalently in comparison to DPHP as metabolites of ITPs
and TBPPs in hydrolysis reactions. However, a substrate’s affinity for a particular
enzyme active site is difficult to anticipate and should be noted as an important caveat
of this prediction.
The current study sought to identify and quantify the in vitro metabolites and
kinetics of 4-tert-butylphenyl diphenyl phosphate (4tBPDPP; a TBPP isomer), 2isopropylphenyl diphenyl phosphate (2IPPDPP; an ITP isomer), and 4-isopropylphenyl
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diphenyl phosphate (4IPPDPP; an ITP isomer) metabolism using human liver S9 fractions.
Isomers were assessed individually for the formation of phase I and phase II metabolites,
and DPHP, OH-TPHP, ip-PPP, and tb-PPP levels were assessed quantitatively following
metabolism incubations. Recently collected human urine samples (n=9) were also
screened for the presence of ITP and TBPP metabolites.

4.2 Materials & Methods
4.2.1 Materials
Triphenyl phosphate (TPHP, 99% pure), diphenyl phosphate (DPHP, 99% pure),
uridine 5’-diphosphoglucuronic acid trisodium salt (UDPGA, 98% pure), glutathione
(GSH), adenosine 3’-phosphate 5’-phosphosulfate lithium salt hydrate (PAPS),
alamethicin, glucose-6-phosphate dehydrogenase (G-6-P-DH, 100 units/mg protein),
sodium citrate, magnesium chloride, β-glucuronidase (from Patella vulgata), and sulfatase
(from Helix pomatia) were purchased from Sigma Aldrich (St. Louis, MO). Authentic
standards of 2-isopropylphenyl diphenyl phosphate (2IPPDPP, 98% pure), 4isopropylphenyl diphenyl phosphate (4IPPDPP, 98% pure), and 13C-triphenyl phosphate
(13C18-TPHP, 99% pure) were purchased from Wellington Laboratories (Guelph, Ontario).
An authentic standard of 4-tert-butylphenyl diphenyl phosphate (4tBPDPP) was
purchased from Toronto Research Chemicals (Toronto, Ontario). Isopropylated phenyl
phosphate (ip-PPP), deuterated isopropylated phenyl phosphate (d16-ip-PPP), tertbutylated phenyl phenylphosphate (tb-PPP), and hydroxy-triphenyl phosphate (OH84

TPHP) were synthesized by the Duke Small Molecule Laboratory (Durham, NC).
Deuterated diphenyl phosphate (d10-DPHP) was synthesized by the Max Planck Institute
for Biophysical Chemistry (Goettingen, Germany). NADP monosodium salt and glucose6-phosphate (G-6-P) were purchased from Fisher Scientific (Waltham, MA). StrataX-AW
(60 mg, 3 mL) solid phase extraction (SPE) cartridges were purchased from Phenomenex
(Torrance, CA). Pooled human liver S9 fractions (mixed gender, pool of 50 individuals)
were purchased from Sekisui XenoTech, LLC (Kansas City, KS). Concentrated TRIS buffer
(1M) was obtained from VWR International (Radnor, PA).

4.2.2 Kinetic Biotransformation Assay
Kinetic experiments were carried out for TPHP, 4tBPPDPP, 2IPPDPP, and
4IPPDPP to determine depletion rates. These samples were subjected to the in vitro
biotransformation assay described below and reactions were stopped by the addition of
ice-cold acetonitrile at various time points (0, 15, 30, 45, 60, and 75 minutes).

4.2.3 In Vitro Biotransformation Assay
Methods were modeled after Van den Eede et al. 2011 and a scheme illustrating
the workflow can be found in Figure S8 in Appendix C. To explore the formation of phase
I and phase II metabolites of TPHP, 4tBPDPP, 2IPPDPP, and 4IPPDPP, a reaction mixture
containing 50 mM TRIS buffer (pH adjusted to 7.4 at 37°C), human liver S9 fraction (1
mg/mL, final protein concentration), and TPHP, 4tBPDPP, 2IPPDPP, or 4IPPDPP (tested
at both 1 and 10 µM, final concentration) in a total volume of 1 mL were pre-incubated in
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a shaking water bath at 37°C. The following co-factors were also added individually:
UDPGA (2 mM, final concentration), GSH (2 mM, final concentration) and PAPS (0.1 mM,
final concentration). To increase membrane porosity and facilitate the diffusion of the
substrate to the membrane-bound UGTs, alamethicin (50 µg/mL, final concentration) was
also added to the reaction mixture (Fisher, Campanale, Ackermann, VandenBranden, &
Wrighton, 2000). The reaction was initiated by the addition of an NADPH regeneration
system (1.3 mM NADP, final concentration). Reactions were stopped by the addition of 1
mL of ice-cold acetonitrile and storing tubes on ice. Internal standards (13C18-TPHP, d16-ipPPP, and d10-DPHP) were also added at this time. Several controls were included and are
described in more detail in the QA/QC section.

4.2.4 Deconjugation Assay
To deconjugate phase II metabolites and thereby allow for the targeted
quantification of known metabolites, a subset of reaction mixtures from the in vitro
biotransformation assay were subjected to a subsequent deconjugation assay (Butt et al.,
2014). Following heat-inactivation of the S9 fractions, reaction mixtures were incubated
overnight at 37°C in a 1 M sodium acetate buffer solution containing one of three enzyme
treatments: 1) β-glucuronidase (1000 units/mL); 2) sulfatase (33 units/mL); 3) βglucuronidase (1000 units/mL) and sulfatase (33 units/mL). Reactions were quenched by
adding an equal volume of ice-cold acetonitrile and internal standards.
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4.2.5 In Vitro Reaction Mixture Extraction and Clean Up
Following incubations, reaction mixtures were split into two equal fractions. One
fraction was processed via liquid-liquid extraction and analyzed for the depletion of
parent compounds. A 1:1 mixture of dichloromethane:hexane was added to the reaction
mixture and centrifuged at 2,500 rpm for 10 minutes. The supernatant was transferred to
a clean test tube, and the process was repeated two more times until a ~30 mL extract
was collected. The extract was concentrated under a gentle stream of nitrogen and
transferred to an autosampler vial prior to analyte quantification. The other fraction was
processed via mixed-mode anion-exchange solid phase extraction and analyzed for the
formation of metabolites (Cooper et al., 2011). Briefly, the reaction mixture was acidified
with formic acid to pH <6.5 and diluted 1:1 with water. Extracts cleaned using StrataXAW SPE columns and eluted using 5% trimethylamine in acetonitrile (v/v). Eluents were
blown down to dryness under a gentle stream of nitrogen, and then reconstituted in 1:1
methanol:water prior to metabolite quantification.

4.2.6 Urine Collection and Extraction
Nine recently collected human urine samples were screened for the presence of
metabolites identified in vitro using high-resolution mass spectrometry. Urine samples
were supplied by children from the TESIE cohort, which is described in detail in
Hoffman et al., 2018. Samples were pooled (n = 3 urine samples collected from 1
individual over 48 hours) urine aliquots collected from children aged 3-6 in North
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Carolina during 2014-2016. Urine samples (5 mL aliquots) were processed using the
liquid-liquid extraction workflow described above. Another 5-mL aliquot of each urine
sample was extracted and cleaned using previously described SPE methods. Both of
these methods were scaled up to accommodate a larger sample volume but were
otherwise identical to the methods used for the extraction and cleaning of the two in
vitro reaction mixture fractions.

4.2.7 Targeted Mass Spectrometry Analysis of Known Metabolites
Parent compounds (TPHP, 4tBPDPP, 2IPPDPP, and 4IPPDPP) were quantified
using GC/EI-MS and previously described methods (Phillips et al., 2017; Stapleton et al.,
2009). Known metabolites (DPHP, ip-PPP, and tb-PPP) were quantified using
previously published LC/MS/MS methods (Butt et al., 2014; Cooper et al., 2011). As
internal standards, 13C18-TPHP was used for the quantification of TPHP, OH-TPHP,
2IPPDPP, 4IPPDPP, and 4tBPDPP, d16-ip-PPP was used for the quantification of ip-PPP
and tb-PPP, and d10-DPHP was used for the quantification of DPHP. All sample values
were blank corrected using the average blank level, and method detection limits (MDLs)
were determined using three times the standard deviation of the average lab blanks.
Mass balances between parent compounds and identified metabolites were assessed for
each compound.
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4.2.8 Suspect Screening by High Resolution Mass Spectrometry
If a mass balance between parent compound and metabolites was not achieved,
the missing amount was explored qualitatively using high-resolution mass spectrometry
(HRMS). Suspect metabolite screening was conducted on a Q Exactive GC hybrid
quadrupole-Orbitrap GC-MS/MS system (Thermo Scientific™). The QE-GC has a
maximum scan range of 30 to 3000 m/z, is capable mass resolution up to 100,000 (m/z 272),
and mass accuracy below 1 ppm (internal calibration). For this analysis, the QE-GC was
operated in full scan Electron Ionization (EI) mode with a scan range 35 to 750 m/z, an
automatic gain control (AQC) of 1e6, s maximum IT of 200 ms, and a mass resolution of
60,000 (m/z 200). Prior to analysis of samples, the QE-GC was tuned and calibrated to
ensure maximum mass accuracy (< 0.5 ppm). The tune was examined after samples had
run to ensure no significant sensitivity loss had occurred. Analytes were identified using
the Thermo Xcalibur Qual Browser software and exact analyte fraction masses. More
information regarding the QE-GC operation parameters can be found in Appendix C.
Suspect metabolite screening was also conducted via high performance liquid
chromatography (HPLC; Thermo Scientific) coupled to a high-resolution mass
spectrometer (HRMS; Thermo Scientific Orbitrap Fusion Lumos with positive and
negative polarity electrospray ionization (ESI)). A 1 mL aliquot of each sample was
prepared for HPLC-HRMS analysis with 10 μL of sample being injected onto a Luna
C18(2)-HST column (50 x 2 mm, 2.5 um particle size, Phenomenex). MS1 data acquisition
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consisted of concurrent full scan (120–1500 m/z), high resolution (R = 240,000), accurate
mass (<1 ppm in positive mode and <1.5 ppm in negative mode) spectra and datadependent orbitrap tandem high-energy collisional dissociation mass spectra (OTMS2
HCD, R = 15,000). Raw MS files were uploaded and analyzed for the presence of ITP
metabolites in Freestyle 1.4 using exact masses (Thermo Scientific). More information
regarding the LC-Orbitrap Fusion Lumos operation parameters can be found in Appendix
C.

4.2.9 Quality Assurance and Quality Control
TPHP was included as a positive control, because in vitro formation of its
metabolites has been described in the past (Cooper et al., 2011; G. Su et al., 2015; Van
Den Eede et al., 2013). All in vitro biotransformation reactions were run in triplicate, and
kinetic samples were run in duplicate. Reactions containing heat-inactivated S9
fractions and abiotic controls (no S9 fractions) were included to account for nonenzymatic hydrolysis and abiotic transformation. Blank samples were prepared with S9s
and cofactors, but no substrate. Substrate spikes that were not subjected to the
biotransformation assay were also included to determine initial parent concentrations.
Spike recovery tests of the liquid-liquid extraction workflow were performed for each
parent compound. Recoveries were measured as follows: 96.0 ± 1.5% for TPHP, 72.9 ±
9.3% for 4tBPDPP, 100.0 ± 8.9% for 2IPPDPP, and 85.9 ± 8.1% for 4IPPDPP. A spike
recovery test was also performed for high and low OH-TPHP levels (100 and 1000 ng)
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using the SPE clean-up method. Recovery of OH-THPP was 75.2 ± 5.0% for the low spike
and 79.3 ± 0.6% for the high spike. The measured m/z value of metabolites identified
using high-resolution mass spectrometry was within 2 ppm of simulated exact mass
values for identity confirmation.

4.2.10 Data and Statistical Analyses
All statistical analyses were performed using GraphPad Prism statistical
software (version 7.04; GraphPad Software, La Jolla, CA). Statistical significance was set
to α = 0.05. All samples were blank corrected prior to statistical analysis. Values that
were less than the method detection limit (MDL) were replaced with MDL/2 (Antweiler
& Taylor, 2008). MDL values were calculated using three times the standard deviation of
the average lab blank normalized to the reaction volume. Analysis of kinetic data was
performed using linear regression, and 95% confidence intervals for the slope line of best
fit were generated. Data were fit to both zero-order and first-order models, and R2
values were used to describe the fit of the model. If slopes were found to be significantly
different among each dose, individual slopes were compared by one-way ANOVA. For
the in vitro biotransformation assay results, one-way ANOVA was used to assess
differences in the total mass balance and individual analyte levels across treatment
groups (i.e. unprocessed spike, +S9, +heat-inactivated S9, etc.). ANOVA post hoc analysis
was performed using Dunnett’s multiple comparison test. Percent depletion was
calculated using Equation 2:
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% 𝐷𝑒𝑝𝑙𝑒𝑡𝑖𝑜𝑛 = [(𝑎𝑑𝑚𝑖𝑛. 𝑝𝑎𝑟𝑒𝑛𝑡 𝑐𝑜𝑛𝑐. −𝑝𝑎𝑟𝑒𝑛𝑡 𝑐𝑜𝑛𝑐. 𝑎𝑓𝑡𝑒𝑟 60 𝑚𝑖𝑛)/(𝑎𝑑𝑚𝑖𝑛. 𝑝𝑎𝑟𝑒𝑛𝑡 𝑐𝑜𝑛𝑐. )] 𝑥 100

(Eq. 2)

4.3 Results & Discussion
4.3.1 Kinetic Biotransformation Assay
Following incubation with human liver S9 fractions for various times, in vitro
depletion rates for TPHP, 4tBPDPP, 2IPPDPP, and 4IPPDPP were determined for 1 and
10 µM doses. Depletion rates were calculated by linear regression assuming both zeroorder and first-order kinetics and are shown in Table 10. Most of the depletion rates for
the 4 OPEs fit a zero-order kinetic model better than a first-order kinetic model,
implying that depletion was independent of OPE concentration. Similarly, Greaves et al.
(2016) observed a linear depletion rate (i.e. zero-order elimination kinetics) for several
OPEs, including TPHP, at a concentration of 2 µM over a 40-minute incubation with 1
mg herring gull liver microsomes. However, first-order r2 values were slightly higher for
4tBPDPP and 4IPPDPP than zero-order r2 values at the 1 µM dose (but not at the 10 µM
dose), suggesting that enzymatic saturation may have occurred at the 10 µM dose but
not at the 1 µM dose for these compounds (Table 10). Interestingly, the depletion rate for
TPHP at the 1 µM dose was similar to the depletion rate observed for 2 µM TPHP in
herring gull liver microsomes (24 pmol/min/mg versus 22 pmol/min/mg) (Greaves et al.,
2016). Although the depletion rates were not statistically different for any of the
compounds at the 10 µM dose, 2IPPDPP had a significantly slower depletion rate
compared to the other three compounds at the 1 µM dose when modeled with zero92

order kinetics (ANOVA; p < 0.05) (Figure 14). Similarly, Strobel et al. (2018) found that
the effect of alkyl substitution at the ortho position versus the para position caused a
slower depletion rate in polar bear and seal liver microsomes for tri-isopropylated
triarylphosphate esters. Interestingly, mono-ortho substituted polychlorinated biphenyls
have also been found to have slower depuration rates in oysters than other congeners
with the same degree of chlorination (Sericano, Safe, Wade, & Brooks, 1994). It is not
clear how the presence of an ortho substituent hindered metabolic clearance, however it
is possible that a bulky alkyl group at this position results in steric hindrance and
disrupts the compound’s interaction with metabolic enzymes. This finding is potentially
important because 2IPPDPP is the dominant ITP congener in multiple technical flame
retardant mixtures currently on the market (Phillips et al., 2017).

4.3.2 In Vitro Biotransformation & Deconjugation Assay
TPHP, 4tBPDPP, 2IPPDPP, and 4IPPDPP were individually subjected to an in
vitro biotransformation assay and subsequent deconjugation incubation to determine
their phase I and phase II metabolites. Compounds were tested at two concentrations
and known metabolites (DPHP, OH-TPHP, ip-PPP, and tb-PPP) were quantified with
authentic standards via LC/MS/MS.
4.3.2.1 Triphenyl phosphate (TPHP)
The major metabolites of TPHP were DPHP and OH-TPHP (Table 11). No
significant difference in the total molar mass (i.e. summed molar mass of parents and
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quantified metabolites) was observed between the unprocessed spike and either the
heat-inactivated control or the abiotic control (ANOVA; p > 0.05) (Figure 15). Although
DPHP was detected at low levels in both the heat-inactivated control and the abiotic
control, suggesting abiotic hydrolysis did occur, the majority of metabolite formation
appeared to be enzyme-mediated. The total molar mass was 15-27% lower in the +S9
treatment compared to the unprocessed spike (ANOVA; p < 0.001) at both doses,
indicating metabolic transformation occurred. The total molar mass accounted for in the
two groups treated with deconjugation enzymes was significantly higher than the +S9
treatment group, but not significantly different from the unprocessed spike (ANOVA; p
> 0.05) (Figure 15). This implies that the amount missing from the +S9 treatment was
comprised of conjugated metabolites. There was a significant 2- to 4-fold increase in
OH-TPHP, but not DPHP, in the groups treated with deconjugation enzymes compared
the +S9 group at both doses (ANOVA; p < 0.001), suggesting that OH-TPHP conjugates
are formed during in vitro TPHP metabolism. TPHP has been previously found to form
glucuronide and sulfate conjugates of OH-TPHP following incubation with human liver
S9 fractions (Van Den Eede et al., 2013). Although Van den Eede (2013) found that
sulfate conjugates of OH-TPHP were produced at a higher rate than the glucuronide
conjugate metabolites, there was no statistical difference in OH-TPHP levels between the
two deconjugation enzyme treatment groups in our study (ANOVA; p = 0.9997). While
Van den Eede detected sulfated and glucuronidated conjugates directly, the sulfatase
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used in our study is known to have secondary β-glucuronidase activity (>300 units/mg)
and the β-glucuronidase used is known to have secondary sulfatase activity which could
account for this observation (Brand et al., 2008). In addition, Van den Eede (2013) relied
on peaks areas, which can be influenced by a compound’s ionization efficiency, as a
qualitative measure of sulfated and glucuronidated conjugates because authentic
standards were unavailable.
Another recent metabolism study of TPHP using chicken embryonic hepatocytes
found that OH-TPHP glucuronide conjugates were the dominant metabolite of 10 µM
TPHP, detecting them at concentrations 3.5 to 12-fold higher than DPHP (G. Su et al.,
2015). In our study, OH-TPHP and its conjugates were the dominant metabolites at the
10 µM dose (accounting for up to 30% of the initial TPHP treatment), but DPHP was the
dominant metabolite at the 1 µM dose (Table 11). This may suggest that the enzymes
catalyzing the hydrolysis of TPHP to DPHP became saturated at the 10 µM dose,
causing a dose-related shift in TPHP metabolism to hydroxylation and conjugation, or
that the two pathways have different threshold levels of activation. Similarly, other
studies have documented that the biotransformation of acetaminophen, bisphenol A,
and paracetamol are dose-dependent events (Domoradzki et al., 2004; Kane, Tector,
Brems, Li, & Kaminski, 1980; Prescott, 1980). While OH-TPHP conjugates have been
measured in human urine samples, levels of OH-TPHP glucuronide were found to be
50–fold lower than levels of DPHP (G. Su et al., 2016). This could be due to differences
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between in vivo and in vitro biotransformation, multiple precursor parents of DPHP in
humans, or potentially dose-related changes in metabolism. Prior in vitro
biotransformation studies have explored the metabolism of 10 µM TPHP, however
geometric mean urinary concentrations of DPHP have been measured around 10 nM, a
much lower concentration at which the hydrolysis pathway could predominate over the
hydroxylation/conjugation pathway (Phillips et al., 2018).
Although a few distinctions were noted, overall these results were consistent
with previous in vitro metabolism studies of TPHP, validating the use of our
biotransformation assays for other compounds.
4.3.2.2 4-tert-butylphenyl diphenyl phosphate (4tBPDPP)
The major metabolites of 4tBPDPP identified were tb-PPP and DPHP. To the
author’s knowledge, this is the first study to demonstrate that tb-PPP is a major in vitro
metabolite of 4tBPDPP in humans. OH-TPHP conjugates were also noticeably formed at
the 10 µM dose (Table 12). It should be noted that TPHP was an impurity (~10% w/w) in
the 4tBPDPP stock and could be a source of DPHP and OH-TPHP conjugate formation.
Assuming the transformation rate of TPHP from the experiment above, all of the DPHP
formation observed in the 4tBPDPP incubations can be accounted for by the hydrolysis
of the TPHP impurity in the dosing stock. No significant difference in the total molar
mass of parents and quantified metabolites was found between the unprocessed spike
and either the heat-inactivated control or the abiotic control (ANOVA; p > 0.05) (Figure
96

16). Although DPHP and tb-PPP were detected in both the heat-inactivated control and
the abiotic control, 2- to 4-fold higher levels of these metabolites were found in the +S9
treatment and the three groups treated with deconjugation enzymes (ANOVA; p <
0.0001). Conjugated metabolites accounted for a relatively smaller proportion of
4tBPDPP transformation compared to TPHP biotransformation. Similarly, the percent
depletion of 4tBPDPP was lower than that of TPHP, a trend that has been observed
previously in polar bear liver microsomes (Strobel et al., 2018).
While Strobel et al. (2018) found that 41% of 4tBPDPP (2 µM) was converted to
DPHP following a 100-min incubation with seal and polar bear liver microsomes, only
approximately 20% of 4tBPDPP (1 µM) was converted to DPHP following our 60-min S9
incubation (Table 12). This discrepancy may have resulted from the difference in
incubation time and substrate concentration, or the different sources of 4tBPDPP used in
the two studies. Unlike our study, Strobel et al. (2018) did not monitor the formation of
tb-PPP and also obtained 4tBPDPP from a technical mixture with an undetermined
composition, which likely contained TPHP (Phillips et al., 2017). Alternatively, the
difference may be attributed to interspecies variation, as the percentage of DPHP
formation following TPHP incubation with polar bear liver microsomes was also much
higher than was observed for human liver microsomes (97% versus 22%, respectively)
(Strobel et al., 2018; Van Den Eede et al., 2013).
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4.3.2.3 2-isopropylphenyl diphenyl phosphate (2IPPDPP) and 4-isopropylphenyl
diphenyl phosphate (4IPPDPP)
The metabolites of 2IPPDPP and 4IPPDPP were DPHP and ip-PPP (Tables 13 and
14). No significant difference in total molar mass of parent and quantified metabolites
was found between the unprocessed spike and either the heat-inactivated or abiotic
controls for both isomers (ANOVA; p > 0.05). 2IPPDPP showed the lowest percent
depletion for all of the four compounds tested, which corresponds to its slower rate of
depletion observed in the kinetic experiments. Low levels of OH-TPHP were detected in
the three groups treated with deconjugation enzymes for the 2IPPDPP metabolism
experiment but were not detected in any of the 4IPPDPP metabolism groups. DPHP was
detected at higher levels in the treatment groups compared to the abiotic control
(ANOVA; p < 0.05). Ip-PPP was also detected at significantly higher levels in the
treatment groups compared to the abiotic control (ANOVA; p < 0.05). However, ip-PPP
was detected at lower levels than DPHP for both doses and compounds across treatment
groups. Interestingly, this finding does not support theoretical hydrolysis predictions
using the Hammet equation.
Notably, a significant difference in the total molar mass of parents and metabolites
was found between the unprocessed spike and the other treatment groups (ANOVA; p <
0.05), indicating that a mass balance was not achieved by quantifying known metabolites
alone (Figures 17 and 18). DPHP and ip-PPP, the two metabolites monitored for
2IPPDPP and 4IPPDPP, appeared to account for a small amount of their respective
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metabolism (representing only up to 9% and 6% of the missing mass balance). Likewise,
DPHP was not detected following the incubation of the ortho and para isomers of
triisopropylphenyl diphenyl phosphate (T2IPPP & T4IPPP) (Strobel et al., 2018). This
suggests that there may be other, previously unknown metabolites of ITP isomers that
account for a large proportion of the metabolism of these compounds.

4.3.3 Suspect Screening by High Resolution Mass Spectrometry
To screen for metabolites contributing to the missing mass balance for 2IPPDPP
and 4IPPDPP, samples from the in vitro biotransformation assays were screened using
high-resolution mass spectrometry. A dehydrogenated metabolite of 2IPPDPP, mono-(oisopropenylphenyl)-diphenyl phosphate (exact mass = 366.1015, δppm = -0.29), and a
dehydrogenated metabolite of 4IPPDPP, mono-(p-isopropenylphenyl)-diphenyl
phosphate (exact mass = 366.1015, δppm = -1.04), were tentatively identified by high
resolution GC-MS/MS (Figure 19). These compounds were present in the +S9 group and
the three groups treated with deconjugation enzymes but not in the blanks, unprocessed
spike, or abiotic control (Figure S9 in Appendix C). The ortho form of this metabolite was
previously detected in rabbit bile following gavage administration of a technical mixture
containing 35% 2IPPDPP (Yang, Thieme, von Meyerinck, & Benthe, 1990). It is possible
the formation of these metabolites resulted from an enzymatic driven elimination
reaction (Zhang et al., 2019). Mono-(p-isopropenylphenyl)-diphenyl phosphate was also
detected in 1 out of 9 urine samples tested (exact mass = 366.1015, δppm = -0.88), and
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was not present in laboratory blanks (Figure S10 in Appendix C). Although it was not
detected in any of the in vitro biotransformation assays, (2-phenyl-4H,-4,4-dimethyl1,1,3,2 -benzodioxapho-sphoran-2-oxide) (exact mass = 262.03895, δppm = 0.56) was
tentatively detected in 1 out of 9 urine samples tested and was not present in laboratory
blanks (Figure S11 in Appendix C). This cyclic metabolite was also detected in rabbit bile
following gavage administration of a technical mixture containing 35% 2IPPDPP (Yang
et al., 1990). Ultimately, the detection of both of these novel ITP metabolites in human
urine was infrequent and their levels were very low, suggesting they are not stable or
abundant metabolites.
Hydroxylated 2IPPDPP (exact mass = 385.11994, δppm = 0.47) and hydroxylated
4IPPDPP (exact mass = 385.11994, δppm = 0.31) were also tentatively identified by high
resolution LC-MS/MS (Figure 20). These compounds were present in the +S9 group and
the three groups treated with deconjugation enzymes but not in the blanks, unprocessed
spike, or abiotic control (Figure S12 in Appendix C). Similar to the dehydrogenated
metabolite described above, o-hyrdoxy-2IPPDPP was previously detected in rabbit bile
(Yang et al., 1990). In this study, the authors determined that the hydroxyl group was
not located at the isopropyl group, but instead located on the isopropyl-substituted ring.
Because fragmentation data was not available for our study, we were unable to
determine the location of the hydroxyl group; however, it is known that phenyl rings are
typically hydroxylated at the para position in the presence of electron donating
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substituents (Bugnon & Biosciences, 2006). Because OH-TPHP is a major in vitro
metabolite of TPHP, it is not surprising that hydroxylated metabolites of 2IPPDPP and
4IPPDPP are formed during enzymatic biotransformation (Su et al., 2016; Zhang et al.,
2019). However, neither of the hydroxylated-ITP isomers were detected in screened
urine samples. The metabolites identified above were not quantified for in vitro
biotransformation samples because authentic standards were not commercially
available, but they likely contribute to a portion of the missing mass balance observed
for 2IPPDPP and 4IPPDPP.

4.3.4 Implications
Taken together, these results provide important insight into the findings of
recent human biomonitoring studies. To the authors’ knowledge, this is the first study to
provide decisive confirmation that tb-PPP is a metabolite of TBPP isomers in humans.
Furthermore, our data support the observed correlations between ambient exposure to
4tBPDPP and its metabolites in a recent children’s exposure study. For example, in a
cohort of 203 children in North Carolina, the correlations between hand wipe levels of
4tBPDPP with urinary DPHP and tp-PPP concentrations were both significant.
However, correlations between 4tBPDPP and tb-PPP were stronger than those between
4tBPDPP and DPHP (0.38 versus 0.19, respectively) (Phillips et al., 2018). Our study
showed that 4tBPDPP is primarily metabolized to tb-PPP rather than DPHP in vitro (33%
versus 19% of initial parent treatment, respectively for the +S9 treatment at 1 µM) (Table
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12). Thus, tb-PPP appears to be a more appropriate biomarker of exposure to TBPP
isomers than DPHP, a compound with multiple parent sources.
In the same children’s exposure cohort, Spearman correlations between hand
wipe levels of 4IPPDPP and urinary DPHP and ip-PPP concentrations were also both
significant. In this case, correlations between 4IPPDPP and DPHP were stronger than
those between 4IPPDPP and ip-PPP (0.29 versus 0.19, respectively) (Phillips et al., 2018).
Similarly, our in vitro studies show that 2IPPDPP can be metabolized to both DPHP and
ip-PPP, but relatively more DPHP is formed. Likewise, in a cross-sectional study of 40
adults in North Carolina that wore silicone wristbands as personal passive samplers for
one week, wristband levels of 2IPPDPP and 4IPPDPP were correlated with urinary
DPHP but not ip-PPP (Hammel et al., 2016). Furthermore, in rats dosed with the
Firemaster® 550, a mixture containing both TPHP and ITP isomers, urinary levels of
DPHP and ip-PPP were not reflective of the TPHP and ITP composition of the mixture.
In fact, a disproportionately higher level of DPHP was detected in the urine of dosed
rats compared to ip-PPP (Phillips et al., 2016).
However, DPHP is a metabolite of multiple parent compounds including
resorcinol bis(diphenyl phosphate) (RDP), TPHP, EHDPP, TBPP isomers, and ITP
isomers, complicating its utility as an exposure biomarker (Ballesteros-Gómez, Van Den
Eede, & Covaci, 2015; Ballesteros-Gómez, Erratico, et al., 2015; Van Den Eede et al.,
2013). In addition, DPHP itself has been detected at high levels in house dust
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(Björnsdotter et al., 2018). While our study identified new metabolites of mono-ITP
isomers, namely mono-isopropenylphenyl diphenyl phosphate and hydroxyisopropylphenyl diphenyl phosphate, these compounds were detected infrequently in
human urine. These novel metabolites are worthy of further study especially if authentic
standards become commercially available, which would allow for their quantification
and for the optimization of their recovery during extraction. Because most glucuronide
conjugates are known to be excreted in bile, it is possible that these and other ITP
metabolites are present in human feces (Yang et al., 1990). As such, these results
highlight the complicated nature of parent exposure estimation using urinary
biomarkers.

4.3.5 Limitations and Future Directions
Although mono-isopropenylphenyl diphenyl phosphate and hydroxyisopropylphenyl diphenyl phosphate were identified as novel, human metabolites of
2IPPDPP and 4IPPDPP, their levels were not quantified due to a lack of authentic,
commercially available standards. As a result, we were unable to determine if these two
compounds accounted for the entirety of the missing mass balance observed for the
2IPPDPP and 4IPPDPP in vitro biotransformation experiments. It is possible that there
are other metabolites of 2IPPDPP and 4IPPDPP that were not characterized by our
study. In addition, the urine used to screen for these metabolites was collected from
children aged 3 to 6 years. Children may metabolize these compounds differently than
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adults due to the reduced expression of certain metabolic enzymes during development.
In fact, the expression of CYP1A2, an enzyme implicated in the oxidative metabolism of
TPHP, is known to have a delayed onset in the human liver (Sonnier & Cresteil, 1998).
Finally, it is well known that extrapolation of in vitro metabolic incubations to in vivo
biomonitoring studies can be problematic, and this has been demonstrated for other
organophosphate esters (Su et al., 2016). Because ITP and TBPP isomers are increasingly
being used as PBDE substitutes, a better understanding of their in vivo metabolism is
necessary to properly document their levels in the human population (Cooper et al.,
2016). Moreover, because cyclic metabolites of tri-o-cresyl phosphate have been known
to cause acute neurotoxicity, special consideration should be given to the potential
formation of cyclic metabolites of ITP and TBPP isomers (Casida, Eto, & Baron, 1961;
Eto, Casida, & Eto, 1962).
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Table 9. Structures of Parent Aryl Organophosphate Esters and Metabolites
Used in Human Biomonitoring Studies
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Table 10. Depletion Rates for Kinetic Biotransformation Assays; A: Zero-order Kinetics; B: First-order Kinetics
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Figure 14. Depletion rates are calculated in kinetic experiments for each compound. A: Assuming zero-order
kinetics; B: Assuming first-order kinetics. Means (n=2) are plotted for each analyte and bars depict standard
error. Slope lines of best fit are plotted and were calculated using linear regression; 95% confidence intervals
for the best-fit lines are also shown by dashed lines.

Table 11. In Vitro Biotransformation of TPHP Following Incubation with Human Liver S9 Fractions.
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Figure 15. In Vitro Biotransformation of TPHP. A: 1 µM; B: 10 µM. Means (n=3)
are plotted for each analyte and error bars depict standard deviation of the total mass
balance for each treatment. A dashed line separates inactive and active treatments.
Total mass was significantly different from the unprocessed spike for the +s9
treatment (ANOVA; p <0.0001).
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Table 12. In Vitro Biotransformation of 4tBPDPP Following Incubation with Human Liver S9 Fractions.
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Figure 16. In Vitro Biotransformation of 4tBPDPP. A: 1 µM; B: 10 µM. Means (n=3) are
plotted for each analyte and error bars depict standard deviation of the total mass balance for
each treatment. A dashed line separates inactive and active treatments. Total mass was not
significantly different for any of the treatment groups compared to the unprocessed spike.
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Table 13. In Vitro Biotransformation of 2IPPDPP Following Incubation with Human Liver S9 Fractions.
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Figure 17. In Vitro Biotransformation of 2IPPDPP. A: 1 µM; B: 10 µM. Means (n=3) are
plotted for each analyte and error bars depict standard deviation of the total mass balance for
each treatment. A dashed line separates inactive and active treatments. Asterisks denote a
significant difference in total mass compared to the unprocessed spike (ANOVA; p <0.05).
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Table 14. In Vitro Biotransformation of 4IPPDPP Following Incubation with Human Liver S9 Fractions.
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Figure 18. In Vitro Biotransformation of 4IPPDPP. A: 1 µM; B: 10 µM. Means (n=3) are
plotted for each analyte and error bars depict standard deviation of the total mass balance for
each treatment. A dashed line separates inactive and active treatments. Asterisks denote a
significant difference in total mass compared to the unprocessed spike (ANOVA; p <0.05).
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Figure 19. Structures and GC-MS/MS total ion chromatogram (TIC; top of top panel), extracted ion chromatograms
(EIC; m/z = 365.5-365.6; bottom of top panel), measured exact mass (top of bottom panel) and simulated exact mass
(bottom of bottom panel; C21H19O4P = 366.10155) used to identify mono-(o-isopropenylphenyl)-diphenyl phosphate
(RT = 14.21 min, exact mass = 366.1015, δppm = -0.29) and mono-(p-isopropenylphenyl)-diphenyl phosphate (RT =
16.31 min, exact mass = 366.1015, δppm = -1.04).
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Figure 20. Structures and LC-Orbitrap extracted ion chromatograms (EIC; m/z = 385.1-385.3; top panel),

measured exact mass (top of bottom panel) and simulated exact mass (bottom of bottom panel; C21H22O5P =
385.11994) used to identify hydroxy-o-isopropylphenyl diphenyl phosphate (RT = 7.05 min, exact mass =
385.11994, δppm = 0.47) and hydroxy-p-isopropylphenyl diphenyl phosphate (RT = 7.11 min, exact mass =
385.11994, δppm = 0.31). While hydroxylation is shown in each of the structures to occur at the alkylated phenyl
ring, it could also occur at an unsubstituted ring or at the isopropyl group.

5. Inhibition of Human Liver Carboxylesterase by
Organophosphate Flame Retardants and Plasticizers:
Implications for Pharmacotherapy
5.1 Introduction
Current evidence suggests that human exposure to isopropylated and tertbutylated triarylphosphate esters (ITPs & TBPPs) is common; however, there are very
limited data available on their fate and effects in the human body (Behl et al., 2015;
Hammel et al., 2016). ITP and TBPP isomers are used as plasticizers in polymers and as
flame retardants in polyurethane foam commonly applied to residential furniture (McGee
et al., 2013; Phillips et al., 2017). In a recent cross-sectional cohort of 200 children in
Durham, NC, isopropylated phenyl phosphate (ip-PPP), the urinary biomarker for ITP
isomer exposure, was detected in 100% of tested samples (Phillips et al., 2018). Toxicology
and epidemiological studies have demonstrated potential hazards associated with ITP
exposure, ranging from developmental neurotoxicity in zebrafish assays to the reduced
probability of successful fertilization, implantation, clinical pregnancy and live birth in
humans (Carignan et al., 2017; Jarema, Hunter, Shaffer, Behl, & Padilla, 2015). Due to their
widespread exposure and potentially toxic properties, the U.S. EPA has prioritized their
risk assessment under the Frank R. Lautenberg Chemical Safety for the 21st Century Act,
with a statutory deadline for proposed action by June 22, 2019 (US EPA, 2016).
Organophosphate ester (OPE) plasticizers and flame retardants like ITPs and
TBPPs are incorporated into materials additively, meaning that they are not chemically
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bound and can leach out into the surrounding environment over time.(Stapleton et al.,
2009) Because many products found within the home, including upholstered furniture
and electronics, are treated with additive plasticizers and flame retardants, these
chemicals often accumulate in house dust. Indoor house dust is a known conduit of
exposure for flame retardants, and OPEs are commonly detected at high levels (µg/g) in
this matrix (Hoffman, Garantziotis, Birnbaum, & Stapleton, 2015). For instance, a recent
analysis of indoor house dust in North Carolina (n = 188) found a geometric mean
concentration of ΣOPEs to be 20.9 µg/g (Phillips et al., 2018). OPEs are also frequently
detected on wipes taken from people’s hands, and due to the prevalence of hand-tomouth behavior during early childhood, OPE exposure is often higher for young children
than for adults (Butt et al., 2014).
While ITPs and TBPPs are structurally similar to organophosphate pesticides,
OPEs have not been found to act as potent acetylcholinesterase inhibitors (Eldefrawi,
Mansour, Brattsten, Ahrens, & Lisk, 1977). However, multiple studies have shown that
triphenyl phosphate (TPHP), an organophosphate chemical with an analogous structure
to ITPs and TBPPs, inhibits mammalian carboxylesterase enzymes (Ces) (Brandt,
Heymann, & Mentlein, 1980; Morris et al., 2014). For instance, a recent study found that
mice treated with an intraperitoneal injection of 100 mg/kg TPHP had diminished hepatic
Ces activity (43% decrease) compared to untreated controls four hours following
administration (Morris et al., 2014). Another study conducted in our laboratory found that
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rats dosed orally with 1000 µg/day Firemaster® 550, an ITP and TPHP-containing flame
retardant mixture, had significantly reduced hepatic carboxylesterase activity (62%
decrease) compared to controls (Patisaul, Roberts, Mabrey, McCaffrey, et al., 2013).
Previous studies have indicated that increasing hydrophobicity is positively correlated
with Ces inhibitor potency, and yet ITPs and TBPPs, which are more hydrophobic than
TPHP, have not been evaluated for potential Ces inhibition (Figure 21) (Wadkins et al.,
2007).
Carboxylesterases are a class of enzymes belonging to the serine hydrolase
superfamily and are known to be involved in the detoxification of pyrethroid pesticides,
activation of prodrugs, and processing of endogenous lipids (Brandt et al., 1980; Morris et
al., 2014). Mammalian carboxylesterases are localized in the endoplasmic reticulum and
have been detected in many tissues including the liver, small intestine, kidney, lung, testis,
plasma, heart, colon, brain and placenta (Holmes, Cox, & VandeBerg, 2008; Yan, Matoney,
& Yang, 1999). The major Ces isoforms in the human body are hCE1, which is
predominantly found in the liver, and hCE2, which is predominantly found in the small
intestine (Schwer et al., 1997). The substrate specificity of the two isoforms are structurally
distinct, with hCE1 hydrolyzing substrates with a small alcohol group and large acyl
group, and hCE2 recognizing substrates with a large alcohol group and small acyl group
(Imai, 2006). Because an anti-hCE1 antibody was shown to inhibit 80-95% of hepatic
hydrolysis, hCE1 is thought to drive the majority of hydrolysis in the liver (Imai, Taketani,
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Shii, Hosokawa, & Chiba, 2006). Interestingly, more than an 8-fold range variance has
been reported for hCE1 protein levels among human liver microsomes, suggesting
significant inter-individual variation in hCE1 expression (Hosokawa et al., 1995).
Much like other serine hydrolases, the active site of human hCE1 contains a
catalytic triad (Ser221, Glu354, and His468) in addition to an oxyanion hole formed by Gly142
and Gly143. The active site of human hCE1 is relatively large and mostly lined by
hydrophobic amino acids, with both a rigid, substrate-specific ligand-binding pocket and
a flexible, substrate-promiscuous ligand-binding pocket (Wang et al., 2018).

hCE1-

mediated catalysis is dependent on the catalytic triad and proceeds by a four-step
mechanism: (i) nucleophilic attack by the Ser221 oxygen atom on the carbonyl carbon of the
substrate, leading to the formation of a tetrahedral intermediate which is stabilized by the
oxyanion hole; (ii) formation of an acyl-enzyme complex with release of an alcohol
product; (iii) nucleophilic attack of acyl-enzyme complex by a water or alcohol molecule
and formation of the second tetrahedral intermediate; (iv) release of carboxylic acid
product, regenerating the enzyme to its original free Ser221 state (Aranda et al., 2014).
Previously identified carboxylesterase inhibitors include bisbenzene sulfonamides, 1,2diones such as benzil, trifluoroketones, 27-hydroxycholesterol, organophosphate and
carbamate pesticides such as chlorpyrifos and paraoxon, and bis(4-nitrophenyl)
phosphate (BNPP) (Hatfield & Potter, 2011). X-ray crystallography studies have revealed
that both benzil and BNPP, organophosphate compounds and irreversible hCE1
121

inhibitors, act by forming covalent complexes with the enzyme’s active site (Fleming et
al., 2005; Maxwell, 1992). Importantly, TPHP has also been posited to bind irreversibly to
the catalytic serine of Ces enzymes, rendering them permanently inactive (Morris et al.,
2014).
Because hCE1 activity is known to be critical for the bioactivation of many widelyused prodrugs, inhibition of hCE1 by OPE plasticizers and flame retardants could
profoundly impact the efficacy of certain pharmacotherapies. Drugs that are activated by
hCE1b include Tamiflu®, antihyperlipidemic agents including simvastatin and
lovastatin, mycophenolate, an immunosuppressant drug used to prevent rejection during
organ transplantation, and capecitabine, a chemotherapy agent (Laizure, Herring, Hu,
Witbrodt, & Parker, 2013). Interestingly, a recent study demonstrated that inpatient
infants had significantly higher levels of urinary OPE metabolites compared to outpatient
infants, implying that hospitals may contain additional sources of exposure compared to
home environments (Zhang et al., 2018). Our study focused on imidapril, an angiotensinconverting enzyme (ACE) inhibitor that is commonly prescribed to treat hypertension and
congestive heart failure (Hosoya & Ishimitsu, 2002). Imidapril is a prodrug that is
metabolized by hCE1 to imidaprilat, its bioactive form (Laizure et al., 2013). It was
introduced to the market in 1993, became generic in 2008 when its patent expired, and is
also known by the brand name Tanatril® (Prosser, Almond, & Walley, 2003). Because
imidapril is well-tolerated and patients taking the drug experience a lower incidence of
122

dry cough compared to enalapril or benazepril, imidapril is often a “first choice” ACE
inhibitor (Hosoya & Ishimitsu, 2002). In fact, in Japan, imidapril was found to have the
highest distribution of sales among various ACE inhibitors, accounting for 2.13 defined
daily doses/1000 inhabitants per year (Imai, Fushimi, & Andersson Sundell, 2018).
Interestingly, responsiveness to imidapril treatment varies among patients, with a
responder rate of approximately 50% (Huang, Chien, Chen, Lai, & Chiang, 2001). While
polymorphisms of the CES1A2 gene have been reported to affect imidapril metabolism,
genetic factors alone do not account for all non-responders even when differences in
baseline blood pressure are considered (Geshi et al., 2005; Huang et al., 2001).
The current study has two goals: 1) investigate the potential in vitro inhibition of
purified human hepatic carboxylesterase (hCE1) by ITP & TBPP isomers and related flame
retardant mixtures, and 2) assesses the potential for these chemicals to inhibit imidapril
activation. Additionally, recently collected house dust samples were tested for their effect
on hCE1-mediated imidapril activation at environmentally relevant doses.

5.2 Materials & Methods
5.2.1 Materials
Bis(4-nitrophenyl) phosphate (BNPP), triphenyl phosphate (TPHP), tributyl
phosphate (TBP), tris(4-tert-butylphenyl) phosphate (T4tBPP), diphenyl phosphate
(DPHP), 2-ethylhexyl diphenyl phosphate (EHDPHP) and p-nitrophenyl acetate (PNPA)
were purchased from Sigma Aldrich. Authentic standards (>98% pure) of 2123

isopropylphenyl diphenyl phosphate (2IPPDPP) and 4-isopropylphenyl diphenyl
phosphate (4IPPDPP) were purchased from Wellington Laboratories. An authentic
standard of 4-tert-butylphenyl diphenyl phosphate (4tBPDPP) and d3-imidapril
hydrochloride were purchased from Toronto Research Chemicals. Firemaster® 550 (FM
550) and Firemaster® BZ-54 (BZ-54) were provided by Chemtura, the ITP commercial
mixture (ITP Mix) was purchased from Jinan Great Chemical Industry Co., the TBPP
commercial mixture (TBPP Mix) was produced by Ubichem and obtained from the
National Toxicology Program (lot #M062011NS) for research purposes as part of a
materials transfer agreement, and Kronitex® 50 (K 50) was purchased from Chem Service.
Isopropylated

phenyl

phenylphosphate

(ip-PPP)

and

tert-butylated

phenyl

phenylphosphate (tb-PPP) were synthesized by the Duke Small Molecule Laboratory.
Imidapril hydrochloride, imidaprilat, and d5-imidaprilat were purchased from TLC
Pharmaceutical Standards Ltd. Recombinant, purified human hepatic carboxylesterase
(hCE1) was purchased from Corning Life Sciences (Corning, NY).

5.2.2 Dosing Stock Preparation and Confirmation
Dosing stocks were prepared for the following chemicals and commercial
mixtures: TPHP, EHDPHP, 2IPPDPP, 4IPPDPP, 4tBPDPP, T4tBPP, TBP, DPHP, ip-PPP,
tb-PPP, FM 550, BZ-54, K 50, ITP Mix, and TBPP Mix. Chemical masses were recorded
using a microbalance and then dissolved in methanol to prepare each stock solution. The
final concentration of methanol used in all incubations was kept below 1%. The nominal
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concentration of each dosing stock was quantified via GC/MS using previously published
methods (Stapleton et al., 2009).

5.2.3 Screening for hCE1 Inhibition
Prior to screening experiments, the specific activity of hCE1 (16 µg/mL) for PNPA
(1 mM) was evaluated, agreed well with the value reported by the manufacturer, and
appeared to be linear for a 25-minute incubation period (Figure S13 in Appendix D). Each
chemical and commercial mixture was then individually evaluated for their ability to
inhibit hCE1 (16 µg/mL) at a range of concentrations (0.1 nM – 100 µM). Total hCE1
activity was determined by measuring the formation of p-nitrophenol (PNP) at 405 nm
from the hydrolysis of p-nitrophenyl acetate (1 mM) (Ross & Borazjani, 2007). Following
five-minute incubations in phosphate buffer (100 mM, pH 7.4) at 37°C, an equal volume
of ice-cold acetonitrile was used to stop the reaction and total carboxylesterase activity
was measured. Bis-p-nitrophenyl phosphate (BNPP), a known Ces inhibitor, was
included as a positive control. Experiments included three replicates per plate and were
run in triplicate. Results were corrected for spontaneous hydrolysis, and inhibition curves
were generated.

5.2.4 Effect on hCE1-Mediated Imidapril Activation
Due to their widespread exposure and potency in screening assays, TPHP and
4tBPDPP were also tested for their effect on the bioactivation of imidapril. An LC-MS/MS
method to quantify imidapril and imidaprilat was created based on the one described by
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Mabuchi et al. (1991) (Mabuchi, Kano, Fukuyama, & Kondo, 1999). More information on
this method can be found in Appendix D (Table S3). Initial range-finding experiments
were performed to determine incubation duration and which concentrations of imidapril
and hCE1 should be used to produce detectable amounts of imidaprilat (Figure S14 in
Appendix D). Preliminary experiments were also conducted to establish a mass balance
between imidapril and imidaprilat after the incubation of imidapril with hCE1 (Figure
S15 in Appendix D). Following 150-minute hCE1 (160 µg/mL) incubations with 10 µM
imidapril and either TPHP or 4tBPDPP (0.1 nM – 100 µM), an equal volume of ice-cold
acetonitrile containing d3-imidapril and d5-imidaprilat was used to terminate the
reaction. The incubation mixture was then cleaned using Costar® Spin-X® centrifuge
filters (nylon membrane, pore size 0.22 µM, Corning, NY). Extracts were transferred to
autosampler vials, imidaprilat formation was monitored via LC-MS/MS, and inhibition
curves were generated. Spike/recovery experiments were performed to determine the
recovery of imidapril and imidaprilat following clean-up (see Appendix D). In addition
to TPHP and 4tBPDPP, house dust sample extracts (n=20; collected in 2014-2016) were
tested for their effect on imidapril activation at 10 and 100 µg/mL doses. TPHP and
4tBPDPP concentrations in dust extracts were previously quantified and their associations
with the inhibition of imidapril activation were assessed (Phillips et al., 2018). All
imidapril activation experiments were run in duplicate.
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5.2.5 Kinetic and Mode of Inhibition Experiments
Michaelis-Menten kinetic parameters were also determined for using a range of
imidapril concentrations (1 µM – 2.5 mM) in 60-minute incubations with 160 µg/ml
hCE1. Mode of inhibition experiments were carried out for TPHP (30, 60 and 200 nM)
and 4tBPDPP (10, 20, and 75 nM) at a range of imidapril concentrations (10 – 500 µM).
After the addition of d3-imidapril and d5-imidaprilat in an equal volume of acetonitrile,
samples were cleaned using the centrifuge filter method described above. Imidaprilat
formation was quantified via LC-MS/MS.

5.2.6 Statistical Analyses
All IC50 values were calculated using a three-parameter nonlinear model in JMP
Pro (version 11; SAS Institute Inc., Cary, NC) (Roberts, Bianco, & Stapleton, 2015). IC50
values presented represent mean ± standard error. All analyses involving house dust
extracts were conducted using SAS statistical software (version 9.4; SAS Institute Inc.,
Cary, NC). One-factor ANOVA indicated a significant effect of dose (p < 0.01). Significant
effects were further tested using Tukey’s post hoc test. Imidapril activation was logtransformed before statistical analysis. Preliminary analyses indicated that OPE
concentrations in dust, as well as the percent control imidapril activation were normallydistributed. Accordingly, Pearson correlations were used to assess relationships between
these two parameters. The Km and Vmax values and inhibition types were determined by
fitting data to a competitive, noncompetitive, uncompetitive, or mixed inhibition model
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by nonlinear regression analysis using GraphPad Prism (version 7; GraphPad Software,
Inc., San Diego, CA) (Fukami et al., 2010). The Km and Vmax values depict mean ± standard
error. Statistical significance was set to α = 0.05.

5.3 Results & Discussion
5.3.1 Dosing Stock Confirmation
Test chemicals were dissolved in methanol, and the final organic concentration
was kept below 1% in all assays. All nominal dosing stock concentrations were within
10% of measured concentrations, as measured by gas chromatography mass
spectrometry (GC/MS). Nominal concentrations were adjusted according to measured
concentrations for data analysis.

5.3.2 Screening for hCE1 Inhibition
The inhibitory effects of various OPE flame retardants and related commercial
mixtures on total hCE1 activity were screened in an absorbance-based assay that
measured p-nitrophenol formation from p-nitrophenyl acetate hydrolysis (Ross &
Borazjani, 2007). BNPP, a known carboxylesterase inhibitor, was included as a positive
control for hCE1 inhibition. The measured IC50 value for BNPP in our assay, 69.3 ± 9.4
nM, agreed well with the IC50 value reported by Corning (30 nM), the enzyme’s
manufacturer (Wang, Bourgea, Williams, Wong, & Patten, 2011). IC50 values for the test
chemicals and commercial mixtures ranged from 22.3 nM to >90,400 nM. The TBPP
commercial flame retardant mixture had the lowest IC50 value (17.6 ± 6.9 nM), and FM
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550, K50, the ITP Mix, TPHP, EHDPHP, 4IPPDPP, 4tBPDPP all had IC50 values lower
than 100 nM (Table 15).
Of 2IPPDPP and 4IPPDPP, the two ITP isomers tested, 4IPPDPP had a much
lower IC50 value compared to 2IPPDPP, suggesting that steric effects (i.e. alkyl
substitution position on the ring) may contribute to inhibitor potency. Of 4tBPDPP and
T4tBPP, the mono- and tri-substituted TBPP isomers, the measured IC50 value for
4tBPDPP was multiple orders of magnitude lower than IC50 for T4tBPP, suggesting that
4tBPDPP and possibly B4tBPPPP (not tested in this study) were the main contributors to
the observed potency of the TBPP mixture. Consistent with the previously observed
positive trend between inhibitor potency and hydrophobicity, 4tBPDPP (parasubstituted, tert-butylated isomer, log KOW = 6.3) had an IC50 value that was
approximately half of the IC50 value found for 4IPPDPP (para-substituted, isopropylated
isomer, log KOW = 5.7) (Wadkins et al., 2007). Because the active site of hCE1 is lined
with mostly hydrophobic amino acids, it is unsurprising that an inhibitor’s potency is
likely related to its log KOW value, the octanol-water partitioning coefficient that is
correlated with hydrophobicity (Wang et al., 2018). Interestingly, hCE1 activity was
unaffected even at the highest test concentration for TBP (log KOW = 2.9). The diester
metabolites that were tested (DPHP, ip-PPP, and tb-PPP; log KOW = 1.4-3.1) were less
potent hCE1 inhibitors compared to their corresponding triester parent compounds
(TPHP, 4IPPDPP, and 4tBPDPP; log KOW = 4.6-6.3), potentially a result of the previously
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noted positive correlation between hCE1 inhibitor potency and hydrophobicity.
Although most of the chemicals tested here are additives in construction materials and
consumer products, EHDPP has long been approved by the U.S. FDA for use in food
packaging and has been detected in food on numerous occasions (Castle et al., 1988;
Poma et al., 2017). This is particularly concerning due the high potential for human
exposure and its potency as an hCE1 inhibitor in our assay (IC50 = 99.4 nM).
Interestingly, the FM 550 and BZ-54 mixtures, which both contain the
brominated compounds EH-TBB and BEH-TEBP, had notably different effects on hCE1
activity. BZ-54, which only contains EH-TBB and BEH-TEBP had no effect on hCE1
activity even at the highest test concentration, whereas FM 550, which contains TPHP
and ITP isomers in addition to EH-TBB and BEH-TEBP was a potent inhibitor of hCE1
activity. This indicates that organophosphate components of the FM 550 drove the
reduction of liver microsomal carboxylesterase activity observed in previous in vivo
experiments (Patisaul, Roberts, Mabrey, McCaffrey, et al., 2013). Both of the ITP
mixtures that were tested, ITP Mix and K 50, had IC50 values just under 30 nM, reflecting
their nearly identical ITP isomer composition profiles. Because the main components of
the TBPP mixture are 4tBPDPP and TPHP (24% and 36% w/w, respectively) and T4tBPP
is relatively minor component (3% w/w), it is unsurprising that the IC50 for the TBPP
mixture more closely resembles the IC50 value for 4tBPDPP and TPHP than the IC50
value for T4tBPP (Phillips, Hammel, Konstantinov, & Stapleton, 2017).
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5.3.3 Imidaprilat Formation Kinetics
The kinetics of imidaprilat formation were investigated using purified hCE1.
Imidaprilat formation showed typical Michaelis-Menten enzyme kinetics, and the model
fit was excellent (r2 = 0.993). The apparent Km for the formation of imidaprilat from
imidapril was determined to be 113.0 ± 8.2 µM, and the Vmax was estimated to be 2.01
nmol/min/mg hCE1 (Figure 22). Although these values were not identical to previouslyreported values obtained using recombinant enzyme expressed in Sf21 cells (Km = 3.2 ±
8.2 mM, Vmax = 24.5 nmol/mg/min), their semblance was deemed acceptable due to the
difference in enzyme source (Fukami et al., 2010). Additionally, the measured Vmax value
for imidaprilat formation using purified hCE1was an order of magnitude lower than the
Vmax value reported using human liver microsomes (39.1 nom/min/mg), which is in line
with values reported by the enzyme’s manufacturer for fluorescein diacetate (purified
hCE1 = 0.31 µmol/min/mg; HLM = 18.5 µmol/min/mg) (Fukami et al., 2010; Wang et al.,
2011). The interday variation was assessed by performing the assay on two separate
days (n = 2 per day) using optimized conditions (100 µM imidapril and 160 µg/ml hCE1
for a 60-minute incubation). The results showed no statistical difference among the two
days (ANOVA; p > 0.05).

5.3.4 Effect of TPHP and 4tBPDPP on hCE1-Mediated Imidapril
Activation
The inhibitory effects on imidapril hydrolase activity by hCE1 were investigated
using TPHP and 4tBPDPP. TPHP was chosen due to its ubiquity in the indoor
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environment and 4tBPDPP was chosen due to its potency in the screening assay. TPHP
and 4tBPDPP were dissolved in methanol (<1% v/v), and inhibition was calculated as
percent inhibition of the control activity (i.e. imidaprilat formed without presence of
inhibitors).
TPHP and 4tBPDPP were found to be potent inhibitors of imidapril activation
(IC50 = 57.7 and 15.8 nM, respectively), highlighting the potential for these chemicals to
interfere with certain pharmacotherapies (Figure 23). TPHP is used as both a flame
retardant and plasticizer and is one the primary components of multiple currently-used
commercial flame retardant mixtures including FM 550, ITP mixtures, and TBPP
mixtures (Phillips et al., 2017). TPHP is also found in some nail polishes, hydraulic
fluids, lubricating oils, electrical equipment, and lacquers (Carlsson, Nilsson, & Ostman,
2000; Mendelsohn et al., 2016). TPHP has been detected in indoor and outdoor air,
house dust, surface water, fish, and human hair, nails, and breastmilk (Wilford et al.,
2004; L.-Y. Liu, He, Hites, & Salamova, 2016; Phillips et al., 2018; Sundkvist, Olofsson, &
Haglund, 2010; Xu et al., 2016). Similarly, 4tBDPP has been detected in the indoor
environment, and has been detected quite frequently in indoor house dust (Phillips et
al., 2018). Geometric mean and maximum levels of ip-PPP, a urinary metabolite of ITPs,
have been measured to range from 6 to 200 nM, concentrations which are well within
IC50 values found for TPHP and 4tBPDPP in our imidapril assay (Butt et al., 2016;
Phillips et al., 2018).
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5.3.5 Mode of Inhibition of TPHP and 4tBPDPP on Imidapril Activation
The type of inhibition (competitive, non-competitive, uncompetitive, or mixed
inhibition) was investigated by calculating the Michaelis-Menten parameters using
various concentrations of the OPE inhibitor (either TPHP or 4tBPDPP) (Figure 24). The
Vmax rate was statistically lower with both increasing TPHP and 4tBPDPP concentrations
but the apparent Km did not vary with inhibitor concentration, which is indicative of
non-competitive inhibition. Fitting the data to various mode of inhibition models in
GraphPad Prism by non-linear regression supports a non-competitive inhibition (r2 =
0.996 and 0.991, respectively).
Accordingly, our kinetic experiments suggest that TPHP and 4tBPDPP are noncompetitive inhibitors of hCE1b (Ki = 49.0 and 17.9 nM, respectively), further raising
concern about their ability to compromise certain drug treatments. While competitive
inhibition in the context of xenobiotic-drug interactions likely has little relevance due to
the stark differences in substrate concentration (i.e. intentionally-administered drugs are
found at much higher levels in the human body than xenobiotics), non-competitive
enzyme inhibition by a pervasive xenobiotic, like TPHP, could potentially affect a
pharmaceutical’s efficacy. In this case, inhibition of hCE1 by TPHP or 4tBPDPP would
reduce the formation of imidaprilat from imidapril in the liver, resulting in a lower
concentration of imidaprilat in circulation than the intended dose, and potentially, the
attenuation of the therapeutic effect (reduction in blood pressure). Because TPHP and

133

4tBPDPP are non-competitive inhibitors of hCE1, increasing the dose of imidapril will
not necessarily lead to increased imidaprilat formation. Each individual’s liver has a
finite amount of hCE1 content, and a fixed percentage of hCE1 will always be
inactivated by a non-competitive inhibitor, such as a TPHP or 4tBPDPP (Bisswanger,
2011).

5.3.6 Effect of House Dust Extracts on hCE1-Mediated Imidapril
Activation
Because inadvertent ingestion of contaminated house dust is a primary route of
exposure for these compounds, testing house dust extracts for their effects on imidapril
bioactivation is especially relevant. To evaluate potential inhibition with
environmentally relevant mixtures, we incubated imidapril with hCE1 in the presence of
two doses (10 and 100 µg/mL) of individual house dust extracts (n =20 per dose). While
limited hCE1b inhibition was observed by dust extracts at 10 µg/mL, significant
inhibition (reductions of up to 33%) was observed for 10 of the 20 extracts tested at 100
µg/mL, both of which are doses that are environmentally relevant (Figure 25). The interday variation was assessed by performing the assay on two separate days (n = 2 per day)
using optimized conditions (10 µM imidapril and 160 µg/ml hCE1 for a 150-minute
incubation). The results showed no statistical difference among the two days (ANOVA;
p > 0.05). The U.S. EPA recommended values for the central tendency of the general
population for dust ingestion range from 30-60 mg/day, depending on age (US EPA,
2011).
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Recent exposure assessments estimate a total daily intake for TPHP attributed to
house dust to be 37-54 ng/kg bw/day for the 95th percentile of toddlers and measured
urinary levels of DPHP, a metabolite of TPHP, range from 27-153 nM (geometric meanmaximum concentrations) (Phillips et al., 2018; Tajima et al., 2014). Importantly,
imidapril activation takes place in the liver where the levels of parent compound are
likely to be the highest prior to metabolism. Percent inhibition was negatively correlated
with both log10TPHP and log104tBPDPP concentrations measured in the dust using mass
spectrometry (rP = -0.65 and rP= -0.49, p<0.05), suggesting that a large proportion of the
observed hCE1 inhibition from house dust was driven by these chemicals (Figure 26).
Although 4tBPDPP was a more potent inhibitor than TPHP, a stronger correlation was
observed for TPHP perhaps because TPHP is present in house dust at much higher
levels compared to 4tBPDPP. To the authors’ knowledge, other known carboxylesterase
inhibitors such as benzil, BNPP, and trifluoromethyl ketones have not been detected at
substantial levels in house dust.

5.3.7 Limitations and Future Directions
Because OPEs are known to be rapidly metabolized and the diester metabolites
were less potent hCE1 inhibitors than the triester parents, IC50 values measured in our
experiments with purified hCE1 may be lower than they would be had experiments
been performed with human liver microsomes or in cell culture (Cooper et al., 2011).
While multiple in vivo experiments have noted hepatic carboxylesterase activity
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reductions resulting from OPE administration, the doses used often exceed
environmental relevance and significant interspecies variation in microsomal
carboxylesterase activity may limit the translation of these findings to humans
(Hosokawa et al., 1995). Although human and rodent carboxylesterases share a high
degree of sequence homology (~70%), different species express distinct carboxylesterase
isoforms which have been shown to exhibit different inhibitor sensitivities, making
comparison across species difficult (Xie, Yang, Liu, Xue, & Yan, 2002). Future studies
should focus on using human-derived cell culture lines or other metabolically active
model system to evaluate hCE1 inhibition by OPE flame retardants and plasticizers.

5.3.8 Implications
Taken together, these results highlight the potential for Ces inhibition by ITP and
TBPP isomers at environmentally relevant concentrations. Unfortunately, direct
measurement of ITP and TBPP concentrations at the target (i.e. human liver tissue) is not
feasible; therefore, urinary metabolite levels can be used as a proxy for internal dose.
Although ITPs and TBPPs are rapidly metabolized, geometric mean concentrations of
isopropyl phenyl diphenyl phosphate (ip-PPP), a urinary metabolite of ITPs, ranged from
2-7 ng/ml in recent human exposure assessments, with reported maximum levels as high
as 61 ng/ml (Butt et al., 2016; Phillips et al., 2018). These urinary concentrations span 6 to
200 nM, concentrations which have been established to affect hCE1 activity by our
experiments. Furthermore, ITP and TBPP levels are presumably higher in the liver, where
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such inhibition would occur, prior to first-pass metabolism. In addition, multiple
metabolites exist for ITP and TBPP compounds and metabolites may be excreted in the
bile; thus urinary ip-PPP and tb-PPP levels likely represent an underestimation of parent
compound concentrations in the liver (Kurebayashi, Tanaka, & Yamaha, 1985). However,
it is also possible that urinary levels overestimate the concentration of parent compound
present in the liver, because xenobiotics are known to concentrate in urine (Bankir & Yang,
2012).
Our data also demonstrate the potential of OPE flame retardants and plasticizers
to interfere with pharmaceuticals that rely on bioactivation by hCE1b. Because plasticizers
are often used as excipients in drug formulations, plasticizer excipients should be
evaluated for hCE1 inhibition, especially when used in drugs that require hCE1-mediated
activation (Bhyan, Jangra, Kaur, & Singh, 2011). Other drugs that are activated by hCE1b
include Tamiflu®, antihyperlipidemic agents including simvastatin and lovastatin,
mycophenolate, an immunosuppressant drug used to prevent rejection during organ
transplantation, and capecitabine, a chemotherapy agent (Laizure et al., 2013). Similarly,
xenobiotics and drugs inactivated by hCE1b include Ritalin®, cocaine, meperidine (an
opioid pain medication), and pyrethroid pesticides like bioresmethrin (Ross, Borazjani,
Edwards, & Potter, 2006). As such, inhibition of hCE1b by organophosphate aryl esters at
environmentally relevant levels has far-reaching public health ramifications and brings
attention to xenobiotic-drug interactions, an idea that receives little attention in the
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current literature but could have profound implications for the effective use of
pharmaceuticals.
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Figure 21. Structures and associated log KOW ranges of triphenyl phosphate
(TPHP), isopropylated triaryl phosphate isomers (ITPs), and tert-butylated triaryl
phosphate isomers (TBPPs). ITPs and TBPPs are not well-studied, although previous
studies have indicated that increasing hydrophobicity is positively correlated with
carboxylesterase inhibitor potency.
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Table 15. hCE1b IC50 Values of ITP & TBPP Isomers and Related Flame
Retardant (FR) Mixtures
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Figure 22. The rate of formation of imidaprilat (nmol/mg/min) resulting from
the incubation of imidapril with 160 µg/ml hCE1b for 60 minutes. The Michaelis
constant (Km) and the maximal reaction velocity (Vmax) were obtained from nonlinear
regression analysis is GraphPad Prism 7. The experiment was run in duplicate and
each point depicts mean ± SEM.
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Figure 23. Inhibition curves for TPHP and 4tBPDPP using 10 uM imidapril and 160 µg/ml hCE1b. Activity was
normalized to control and was determined by measuring imidaprilat formation following 150-minute incubations.
Experiments were run in duplicate and each point depicts mean ± SEM. IC50 values were calculated using a three
parameter linear model in JMP Pro 11.
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Figure 24. Imidaprilat formation rate resulting from the incubation of imidapril (10-500 µM) with varying
concentrations of TPHP (0, 30, 60, and 200 nM) or 4tBPDPP (0, 7.5, 15, or 30 nM) with 160 µg/mL hCE1b for 60
minutes. Kinetic data was fit to competitive, non-competitive, uncompetitive, and mixed inhibition models by
nonlinear regression in GraphPad Prism and was best modeled by non-competitive inhibition (Ki = 49.0 nM, R2 =
0.996 for TPHP; Ki = 17.9 nM, R2 = 0.991 for 4tBPDPP). The experiment was run in duplicate and each point depicts
mean ± SEM.

Figure 25. Following the incubation of dust extracts (10 or 100 µg/ml, n = 20 per
dose) with 160 µg/ml hCE1b and 10 µM imidapril for 150 minutes, imidaprilat
formation was monitored via LC-MS/MS. Samples were run in duplicate on separate
days and bars depict mean ± SEM. *p<0.05 indicates a significant difference from
control.
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Figure 26. Following the incubation of dust extracts (100 µg/ml, n = 20) with
160 µg/ml hCE1b and 10 µM imidapril for 150 minutes, imidaprilat formation was
monitored via LC-MS/MS. TPHP concentration in dust extracts were previously
quantified. Pearson analysis showed that percent control imidapril activation was
negatively correlated (rP= -0.65, p = 0.0021, n = 20) with log10TPHP dust concentration.
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6. Conclusion
6.1 Are OPEs a Better Choice?
Although more study is warranted, early indicators suggest that OPEs, and in
particular ITPs & TBPPs, exhibit some of the same adverse properties as the PBDEs that
they replaced. These properties include persistence and most notably, toxicity, and in
addition to bioaccumulation, motivated the PBDE phase-out in the early 2000s.
Persistence, bioaccumulation, and toxicity (PBT) criteria is set by the U.S. EPA and is
described in the PBT category for Premanufacture Notices under TSCA (Carlsen &
Walker, 2006). A substance is considered persistent if its half-life in water, soil, and
sediment is greater than 60 days or its half-life in air is greater than 2 days. If its half-life
in water, soil, and sediment is greater than 180 days, it is considered very persistent (vP).
Compounds with bioconcentration factors (BCFs) that are greater than 1,000 are defined
to be bioaccumulative, and those with BCFs greater than 5,000 are very bioaccumulative
(vB). Chronic aquatic toxicity at 0.1-10 mg/L flags a chemical as a moderate concern in
the toxicity category, and chronic aquatic toxicity at <0.1 mg/L flags a chemical as a high
concern. While the PBT profiler used by the U.S. EPA does not consider health hazards,
potential human health effects are taken into account when the EPA reviews a chemical
for PBT properties. Substances are deemed as PBT when they meet the criteria for all
three inherent properties of P, B, and T or both of the properties of vP and vB.
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6.1.1 Persistence
It is generally presumed that OPEs are less environmentally and biologically
persistent due to their more reactive chemical structure and rapid metabolism compared
with PBDEs. While this is generally true, OPEs have also been observed to undergo
long-range transport to remote locations and are present at relatively high levels in
many environmental matrices. For example, OPEs have been detected in the atmosphere
of the North Sea and in airborne particles near the Arctic and Antarctic polar regions
(Möller et al., 2012; Möller, Xie, Caba, Sturm, & Ebinghaus, 2011; Salamova et al., 2014;
Sühring et al., 2016). Recently, Rodgers et al. (2018) estimated 3,300 kg/yr outdoor
emissions (in 2010) of 6 OPEs to the air in Toronto, which was 2 orders of magnitude
higher than the 10 kg/yr estimated for 5 major PBDE congeners (in 2008, before PBDE
regulations in Canada). OPEs are also widely detected in indoor air, with measured
concentrations often multiple orders of magnitude higher than those of PBDEs during
peak use (Table 1). Although degradation half-lives of OPEs in water and soil are lower
than those of PBDEs (t1/2,water = 678-5,100 days versus 2,500-42,200 days, respectively; t1/2,
soil

= 10-1,490 days versus 1,300- 3,890 days, respectively), they are sufficient for OPEs to

be considered persistent under TSCA.
OPEs are typically more water-soluble than PBDEs, have higher vapor pressures,
and have lower air-water partition coefficients (KAW) than PBDEs, resulting in the
tendency of OPEs to favor water phases over air (Brommer, Jantunen, Bidleman,
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Harrad, & Diamond, 2014; X. Zhang et al., 2016). Relatively high levels of OPEs have
been detected in urban surface waters and sewage effluents around the world
(Andresen, Grundmann, & Bester, 2004; Reemtsma, García-López, Rodríguez, Quintana,
& Rodil, 2008; Shi et al., 2016). Additionally, OPEs have been detected in drinking water,
indicating that water treatment processes are not entirely effective at removing these
compounds, and that drinking water may be an additional exposure source (Benotti et
al., 2009; U.-J. Kim & Kannan, 2018; J. Li et al., 2014).

6.1.2 Bioaccumulation
OPEs have much shorter half-lives in the human body compared to PBDEs (t1/2 =
hours to days versus months to years). The findings described in Chapter 2 demonstrate
that unlike PBDEs, TPHP and ITPs do not undergo appreciable lactational transfer in a
rodent model (Koenig, Lango, Pessah, & Berman, 2012; Phillips et al., 2016).
Nonetheless, TPHP and other OPEs have been detected in human breastmilk (Kim et al.,
2014; Sundkvist et al., 2010). Unfortunately, milk was not collected in our study and
therefore was not analyzed. It is possible that TPHP and ITPs were present in the milk
and transferred to the pups but were rapidly metabolized by the pups following
maternal transmission. Both urinary DPHP and ip-PPP levels in pup urine were below
method detection limits in our study, although our analytical analysis was restricted by
low sample volumes. Alternatively, interspecies differences relating to metabolic
enzyme isoforms, metabolic rate, gestational length, and lipid mobilization during
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pregnancy and lactation might account for this finding (Carney, Scialli, Watson, &
DeSesso, 2004).
Similar to lactational transfer, we did not observe gestational transfer of TPHP or
ITPs in our rodent study; however, TPHP was detected in placental tissue from the rats
(Baldwin et al., 2017). Because the placenta is an important source of hormones and
neurotransmitters to the developing fetus, it is likely a uniquely sensitive target of
disruption by accumulated OPEs (Rock et al., 2018). In addition to PBDEs, OPEs were
recently detected (detection frequency = 86% for TPHP) in human placental tissue (Ding,
Xu, Huang, Feng, & Yang, 2016; Gómara et al., 2007). Median placental levels of TPHP
have been found to be higher than geometric mean levels of BDE-47 (15.1 ng/g lw versus
5.09 ng/g lw, respectively), although this comparison spans two cohorts and
concentrations could be affected by cohort location and demographics (Ding et al., 2016;
Leonetti, Butt, Hoffman, Miranda, & Stapleton, 2016). Strikingly, like PBDEs, placental
OPE concentrations were not correlated with placental lipid content, suggesting that
both OPEs and PBDEs may not be distributing in tissues passively based on lipid
content, but could possibly interact with placental transporters or bind serum proteins
(Ding et al., 2016; Leonetti et al., 2016; Vizcaino, Grimalt, Fernández-Somoano, &
Tardon, 2014).
In addition to the evidence for the transfer of OPEs in humans during pregnancy,
OPEs have also been detected in fish tissue. For example, TPHP was detected in fish
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samples in the Great Lakes (n = 11, geometric mean = 17.1 ng/g lw, detection frequency =
76%), although at levels that were approximately an order of magnitude lower than
BDE-47 (n = 15, geometric mean = 116 ng/g lw, detection frequency = 100%) (Guo,
Venier, Salamova, & Hites, 2017). Interestingly, it was found that TPHP concentrations
in demersal fish were positively correlated with δ15N, indicating that TPHP may
biomagnify in aquatic species via the benthic food web (Kim et al., 2011). Notably, OPEs
have been detected in sediment from both urban rivers and remote oceans (Ma, Xie,
Lohmann, Mi, & Gao, 2017; Yan Wang, Wu, et al., 2017). However, at this time there is
not sufficient evidence for OPEs to be deemed bioaccumulative as defined by the U.S.
EPA’s PBT criteria.

6.1.3 Toxicity
Recent evidence shows similarities between several replacement OPEs and
PBDEs with respect to apical phenotypes, despite different molecular mechanisms. In a
battery of high throughput assays encompassing aspects of development, neural
development, and neural activity, ITP and TBPP commercial mixtures were active at
concentrations of less than 20 µM for 6 out of the 7 endpoints tested (Behl et al., 2015).
The ITP and TBPP mixtures had lower points of departure compared to BDE-47 in
assays of zebrafish embryonic development and rat neural network activity (Table 16).
Interestingly, the ITP and TBPP mixtures were also more potent than tricresyl phosphate
in the zebrafish embryonic development assay, and more potent than TPHP in the rat
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neural network activity assay (Behl et al., 2015). This raises concerns about the potential
developmental and neurotoxicity of ITP and TBPP compounds.
Another recent study using zebrafish embryos to evaluate developmental
toxicity, neurotoxicity, cardiotoxicity, hepatotoxicity, and teratogenicity found that ITP
and TBPP commercial mixtures produced adverse effects in several target organs at
concentrations that were comparable to BDE-47 (Alzualde et al., 2018). Reflecting the
findings in Behl et al. (2015), the ITP and TBPP mixtures had lower EC50 values in the
zebrafish development assay than BDE-47 (1.8 µM and 4.8 µM versus 12.0 µM,
respectively). Given the differences in solubility and hydrophobicity between OPEs and
PBDEs, the lowest effective level (LEL) of internal concentration that caused an adverse
effect was also determined. Internal LELs for the ITP mixture, TBPP mixture, and BDE47 were 4.21, 1,222, and 1,040 µM, respectively, indicating that the ITP mixture elicits
toxicity at a much lower internal dose than either the TBPP mixture or BDE-47 (Alzualde
et al., 2018). The ITP mixture also exhibited a high teratogenicity index (7.1 at 4dpf) and
caused abnormal trunk curvature at 8 µM. Additionally, bradycardia and atrial failure
was noted in zebrafish larvae treated with 10 µM of the TBPP mixture or 100 µM of the
ITP mixture, while these effects were not observed in zebrafish larvae exposed to 30 µM
BDE-47 (Alzualde et al., 2018).
In addition to the toxicity of OPEs and PBDEs summarized in Chapter 1, the
results described in Chapter 5 demonstrate that ITPs and TBPPs (commercial mixtures
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as well as some individual isomers) are potent inhibitors of human liver
carboxylesterase. BDE-47 was not included as a test chemical in this research aim,
although there are no reports of esterase inhibition by PBDEs in the literature. Because
hepatic carboxylesterase play an important role in prodrug activation, pesticide
detoxification, and endogenous lipid processing, inhibition of its activity by ITPs and
TBPPs could have profound effects in the human body (Imai, 2006; Ross, Streit, Herring,
& Xie, 2010). The findings of Chapter 5 are supported by several in vivo studies that also
show reduced liver carboxylesterase activity in animals dosed with OPEs (Morris et al.,
2014; Patisaul, Roberts, Mabrey, Mccaffrey, et al., 2013). Still, more research is warranted
to confirm that the inhibition of carboxylesterase activity by ITPs and TBPPs leads to an
adverse effect in the human body, and to explore other potential targets of toxicity for
these compounds.

6.1.4 PBT Classification
In a case study that screened PBDE substitutes using the US EPA’s PBT Profiler and a
cumulative Insubria PBT Index approach, tri-isopropylphenyl diphenyl phosphate was
determined to be a non-PBT chemical by the PBT Profiler, but a potential PBT chemical
by the Insubria Index (Gramatica, Cassani, & Sangion, 2016). Adequate toxicity data was
lacking for a meaningful prediction using the PBT Profiler. While no other ITP or TBPP
isomer was evaluated, TPHP was also considered a non-PBT compound by the PBT
Profiler, despite experimental and estimated data suggesting that it is stable and
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persistent in the environment (Salamova et al., 2014; Salamova, Ma, Venier, & Hites, 2013).
Both tri-isopropylphenyl diphenyl phosphate and TPHP received a non-PBT label by the
PBT Profiler because they were not deemed bioaccumulative. Experimental data
regarding the bioaccumulation of TPHP is contradictory and varies depending on species
(BCF values range from 0.06 in Phoxinus phoxinus in to 1,743 in Pimephales promelas)
(Waaijers et al., 2013). This implies that additional data is necessary to evaluate certain
OPEs for P, B, & T properties, and that modelling approaches are not always in agreement
for these compounds. However, growing evidence suggests that ITPs and TBPPs may
exhibit some of the P, B, & T properties that provoked the phase-out of PBDEs.
It is important to note that the PBT approach for chemical risk evaluation has certain
implicit limitations. Although ITP and TBPP isomers concentrate in residential house
dust, the PBT approach only evaluates a compound’s persistence in four matrices: water,
soil, sediment, and air. Importantly, human exposure to FRs largely results from
inadvertent ingestion of house dust, a matrix in which compounds likely have a lower
degradation potential due to reduced microbial presence and activity and limited
exposure to direct sunlight. Furthermore, if a chemical is of very high toxicological
concern, but is not considered both persistent and bioaccumulative, it will not receive a
PBT label. For example, while chlorpyrifos did not trigger criteria for classification as PBT,
its inherent hazard as a developmental neurotoxicant led to its residential ban by the EPA
in 2001 (Rauh et al., 2015). Classification of a chemical as PBT does not necessarily lead to
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its ban; instead, PBT chemicals have lower reporting thresholds in the EPA’s Toxic Release
Inventory Program and are subject to increased scrutiny. Thus, limitations of the PBT
approach highlights the need to conduct full risk assessments, especially for chemicals
with demonstrated toxicity that are not assigned a PBT designation.

6.2 Knowledge Gaps and Future Directions of Inquiry
There remain key gaps in our knowledge of OPEs that prevent a comprehensive
evaluation of their substitution for PBDEs in PUF, and overall use as plasticizers in other
applications.

6.2.1 Uses and Applications
Chapter 3 demonstrated that ITPs and TBPPs are used as flame retardants in
commercial mixtures applied to PUF and characterized the chemical composition of
several of these mixtures (Phillips et al., 2017). While their use as flame retardants in
PUF appears to be increasing, other applications of these compounds continue to be
unclear (Cooper et al., 2016; Sjögren et al., 2010). ITPs and TBPPs have been on the
market for quite some time, and their introduction was driven by the high cost and
erratic supply of cresol used in the production of tricresyl phosphate (Weil et al., 2006).
As tricresyl phosphate replacements, ITPs and TBPPs were widely used in hydraulic
fluids and fluid additives in aircraft engines (David & Seiber, 1999). However, this
application is unlikely to account for the ubiquitous exposure noted in recent human
exposure cohorts (Hammel et al., 2016; Phillips et al., 2018). Other proposed (but not
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documented) applications of ITPs and TBPPs include their use as light and heat
stabilizers in polyvinyl chloride plastics, flame retardant additives in lithium-ion battery
electrolyte, plastisol inks for textiles, paints, lacquers and varnishes, and adhesives
(Randell and Pickles, 1967; Hall and Owen, 2003; Wang et al., 2005; Yakal and Randy,
2017).
Certain physico-chemical properties confer ITPs and TBPPs with functional
advantages over some of the chemicals that they have replaced. For instance, in
comparison with tricresyl phosphates, ITPs have smaller increases in viscosity during
storage and exhibit ideal plastisol fusion rates, making them particularly suitable for use
in coating fabrics (Hamilton, 1972). In addition, due to their comparatively slower
hydrolysis rates, ITPs and TBPPs have also been suggested to outperform phosphite
esters as antioxidants in rubbers and plastics (Demarcq, 1971). However, intentional
applications of ITPs and TBPPs were not detected after spot testing a variety of
consumer products including cell phones and cases, keyboard and computer casings,
polyvinyl chloride electrical wires, spray foam insulation, screen-printed t-shirts,
laminate flooring and car interiors (A. Phillips tests). Knowledge of the applications of
ITPs and TBPPs would help inform our understanding of important sources and
exposure routes for these compounds. More thorough product testing is warranted with
increased sample sizes for each product group and should focus on fabric coatings and
paints as potential sources of these compounds to the indoor environment (Silva,
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Doménech-Carbó, Fuster-López, Mecklenburg, & Martin-Rey, 2010; Yan Wang, Hou, et
al., 2017).

6.2.2 Potential Toxicity
In addition to insight regarding the use and applications of ITPs and TBPPs, more
information regarding the potential toxicity of these compounds would be particularly
valuable for their ongoing risk assessment. Chapter 5 found that many of the
commercial mixtures and individual ITP and TBPP isomers inhibited purified liver
carboxylesterase. The inhibition of liver carboxylesterase by OPEs may not only affect
pharmacotherapy outcomes but may also exacerbate the toxicity of compounds known
to be metabolized by this enzyme (Ross et al., 2006). In fact, the administration of triortho-cresyl phosphate (TOCP), a known esterase inhibitor, was found to potentiate the
anticholinesterase action of malathion in mice (Cohen & Murphy, 1971). Because
malathion is detoxified by carboxylesterase enzymes, inhibition of their activity by
TOCP led to an elevated and sustained exposure to active malathion, thereby
exacerbating its toxic effect.
Additional studies should be conducted characterize carboxylesterase inhibition
more thoroughly and to evaluate the potential reversibility of carboxylesterase
inhibition by OPEs. For example, uncharged oximes reactivate carboxylesterases
inactivated by some organophosphate compounds, but other organophosphate
compounds cause inhibition that is refractory to oxime reactivation (Maxwell, Lieske, &
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Brecht, 1994). Studies should also be conducted to assess carboxylesterase inhibition at
environmental levels in vivo, as ITPs and TBPPs were found to be rapidly metabolized in
Chapter 4. Coincidentally, EH-TBB and BEH-TEBP, the two brominated components of
the Firemaster® 550 mixture, are known to be metabolized by esterases (Roberts et al.,
2012). Interestingly, the metabolism of EH-TBB by human skin S9s was found to be
proportionally slower when it was a component in the Firemaster® 550 mixture than
when administered alone (Abdallah, In Review). This suggests that the OPE components
of the mixture may inhibit enzymes active in metabolizing EH-TBB, thereby slowing its
metabolism. As such, esterase inhibition by ITPs and TBPPs may have important
implications for mixtures toxicology, especially as it relates to the toxicokinetics of
commercial mixtures known to contain both OPEs and esterified compounds.
Because many esterases in the serine hydrolase family share highly conserved active
sites and carboxylesterase inhibition is thought to occur via irreversible phosphorylation
of the active site serine, other esterases may also be inhibited by ITPs and TBPPs (Morris
et al., 2014). Due to its structural similarity with tri-ortho-cresyl phosphate (TOCP), orthoITP isomers have also been evaluated for their effect on neurotoxic esterase (NTE). NTE
plays an integral role in neural development and its activity is necessary for the export
of materials from neurons to the distal ends of long axons in adult vertebrates (Glynn,
2000; Read, Li, Chao, Cavanagh, & Glynn, 2009). Hens exposed orally to a single dose
(600 mg/kg bw) of ortho-ITP isomers exhibited decreased NTE activity that was related
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to the degree of isopropylation (12% decrease for T2IPPP; 39% decrease for B2IPPPP;
84% decrease for 2IPPDPP) (Johnson, 1970). Notably, inhibition of NTE causes delayed
neurotoxicity and manifests as ataxia and paralysis of limb extremities (Johnson, 1975).
Meta- and para- substituted isomers did not cause NTE inhibition. This finding is
concerning, because, as noted in Chapter 3, 2IPPDPP is the major ITP component of
many of the commercial flame retardant mixtures currently being used (Phillips et al.,
2017).
NTE inhibition by TOCP is attributed to the formation of an active cyclic metabolite,
called saligenin cyclic o-tolyl phosphate (CBDP) (Carletti et al., 2011). Although it was
not detected in the in vitro biotransformation experiments conducted in Chapter 4, a
cyclic ITP homolog of CBDP was detected in human urine and was also detected in the
bile of rabbits dosed with ITP mixtures (Yang et al., 1990). Moreover, although DPHP,
ip-PPP, and tb-PPP were not potent carboxylesterase inhibitors in Chapter 5, novel ITP
metabolites, including mono-isopropenylphenyl diphenyl phosphate and hydroxyisopropylphenyl diphenyl phosphate, were tentatively identified in Chapter 4 and have
not yet been tested for potential toxicity.
In addition to carboxylesterase and NTE inhibition, ITPs have also been found to
inhibit serum cholinesterase activity in dosed rodents and hens (Mackerer, Barth,
Krueger, Chawla, & Roy, 1999; Mortensen & Ladefoged, 1992). Although their effect on
lipoprotein lipase, the rate-limiting enzyme for the removal of lipoprotein triglycerides
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from circulation, has not been evaluated, the purified human form of this enzyme is
commercially available (Flier, Underhill, & Eckel, 1989). TPHP has been found to cause
serum hypertriglyceridemia in mice and elevated blood triglyceride levels in zebrafish
(Du et al., 2016; Morris et al., 2014). Previous studies in roosters demonstrated that the
injection of an anti-lipoprotein lipase serum caused a linear increase in plasma
triglyceride concentration (Putu Kompiang et al., 1976). As such, it is possible that the
inhibition of lipoprotein lipase could be one of the mechanisms underlying observed
serum hypertriglyceridemia following OPE administration. Much like the screening of
carboxylesterase inhibition described in Chapter 5, the effect of various OPEs on the
activity of lipoprotein lipase should be evaluated in vitro as an initial screening tool.

6.2.3 Metabolism and Biomarkers of Exposure
Outside of the publication by Strobel et al. (2018), the experiments described in
Chapter 4 are the only in vitro metabolism experiments that include ITP and TBPP
isomers or mixtures as substrates. Although the results of Chapter 4 provide initial
insights into the metabolism of these compounds, many important details remain
unknown. For instance, depletion rates were calculated in Chapter 4, however intrinsic
metabolic clearance values, which would be useful in extrapolating urinary metabolite
concentrations to levels of parent compound exposure in risk assessments, were not
determined. Such values have been calculated for other OPEs in the past, and have been
utilized in hazard characterization (Hoffman, Gearhart-Serna, Lorber, Webster, &
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Stapleton, 2017; Van Den Eede et al., 2013). Furthermore, it is currently unknown which
specific enzyme isoforms are active in the metabolism of ITPs and TBPPs, although
CYP1A2 and CYP2E1 have been implicated in the metabolism of TPHP (Zhang et al.,
2018). In addition to using human liver S9 fractions as in Chapter 4, experiments should
be conducted with individual enzyme isoforms to fill this knowledge gap. Differences in
metabolism that result from genetic polymorphisms, and knowledge of vulnerable
populations could be more easily understood if specific enzyme isoform information
was available for these compounds (Rostami-Hodjegan & Tucker, 2007).
It also remains unclear which urinary metabolites are the most appropriate
biomarkers for quantifying exposure to parent OPE compounds, and there is much
debate surrounding this topic in the literature. Chapter 4 demonstrated that ITPs and
TBPPs have multiple metabolites, including DPHP. However, DPHP is also a metabolite
of other OPEs like TPHP, EHDPP, and RDP, which convolutes its utility as a biomarker
of exposure to a single parent compound (Ballesteros-Gómez, Van Den Eede, et al., 2015;
Ballesteros-Gómez, Erratico, et al., 2015; Van Den Eede et al., 2013). Monohydroxylated
metabolites of TPHP have been detected in human urine samples and may serve as
more distinct biomarkers of exposure for TPHP than DPHP (Araki et al., 2018; G. Su et
al., 2016). In our in vitro experiments, OH-TPHP was the dominant metabolite of TPHP
at the 10 µM dose and was present at concentrations that were 3-fold higher than DPHP.
However, because levels of OH-TPHP are often lower than that of DPHP in urine, the
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detection of OH-TPHP has been challenging in some studies (Dodson, Van den Eede, et
al., 2014). However, with increasing analytical sensitivity and methodological
improvements, the detection frequency of OH-TPHP has improved to match levels close
to those of DPHP (Su et al., 2016; Zhao et al., In Review). Interestingly, urinary OH-TPHP
isomers showed stronger temporal reliability than urinary DPHP (creatinine-corrected
intraclass correlation coefficients (ICCs) of 0.56 versus 0.37, respectively) in a recent
human exposure assessment (Zhao et al., In Review). This finding likely reflects the
multiple parent compound sources for DPHP. In addition, urinary OH-TPHP isomer
concentrations (and not urinary DPHP concentrations) were strongly and positively
correlated to serum TPHP levels (rp = 0.27, p < 0.001), indicating that urinary OH-TPHP
might be a more specific and reliable biomarker of TPHP exposure than is urinary DPHP
(Zhao et al., In Review).
Similarly, the OH-ITP metabolites tentatively identified in Chapter 4 have
potential utility as specific and reliable biomarkers of ITP exposure. Because the
establishment of a biomarker’s ubiquity and specificity in biospecimens is key for its
validation, further study of OH-ITP metabolites is warranted. Our investigation was
limited by the lack of commercially available OH-ITP standards. Consequentially, the
quantification of OH-ITP levels in samples and the evaluation of its recovery in our
extraction and clean-up method was not possible. Although OH-ITP was infrequently
detected in human urine samples (detection frequency = 11%), optimization of
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laboratory and analytical methods may improve its measurement. Additionally, ip-PPP,
which was formed at a greater rate than OH-ITP in Chapter 4, holds promise as a
urinary biomarker of ITP exposure.
Finally, because urinary biomarkers of rapidly metabolized compounds,
like OPEs, are known to fluctuate in concentration depending on collection day and
time, alternative methods of assessing personal exposure to semi-volatile organic
compounds are currently being developed (Yu Wang, Li, Martínez-Moral, Sun, &
Kannan, 2018). Silicone wristbands have been employed as personal passive samplers in
a number of exposure cohorts and have been shown to successfully correlate short-term
external exposure with measures of internal dose. For instance, Hammel et al. (2016)
observed significant and positive associations between OPE parent levels on wristbands
and their corresponding metabolites in pooled urine samples from 40 adults who wore
the bands for seven days. Because the wristbands are worn by participants during
exposure assessments, they may capture exposures from multiple microenvironments
and exposure routes and assimilate the wearer’s behavioral attributes during sampling.
In addition, wristbands measure parent compounds rather than their metabolites, which
circumvents the problem of extrapolating parent exposure levels from measured urinary
metabolite concentrations. Still, more research should be undertaken to improve our
understanding of how these wristbands function. Bands should be calibrated for uptake
rates for individual compounds and tested for compound desorption during daily
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activities like showering and bathing. Modelling efforts should also focus on linking
wristband levels to internal dose, as internal concentrations are important for
comparisons with toxicological studies and hazard estimation.

6.3 Limitations and Research Needs
6.3.1 Commercially Available ITP and TBPP Standards
As noted previously, a key limitation in multiple research aims of this dissertation is
the lack of commercially available standards for ITP and TBPP isomers and their
transformation products. Because analytical standards for these compounds have
recently become available, there are limited data available on the presence of ITPs and
TBPPs in both indoor and outdoor environmental matrices. In fact, our laboratory is one
of the few in the world currently monitoring levels of ip-PPP and tb-PPP in human urine
samples. The Centers for Disease Control and Prevention (CDC), which administers the
National Health and Nutrition Examination Survey (NHANES) has recently added these
two urinary metabolites to their OPE exposure panel. These data and data from other
countries will provide insight into the extent of human exposure to these compounds in
the general U.S. population and use patterns around the world.
The majority of studies investigating the potentially toxicity of ITPs and TBPPs have
used commercial mixtures (Alzualde et al., 2018; Behl et al., 2015; Glazer et al., 2018).
While the use of commercial mixtures is environmentally relevant, it is difficult to
attribute the effects observed in these studies to specific component(s) of the mixture. As
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noted in Chapter 3, many of these mixtures contain a substantial proportion of TPHP, a
chemical known to elicit adverse effects in vivo and have some similar mechanisms of
action to ITPs (Du et al., 2016; Fang, Webster, Ferguson, et al., 2015; Phillips et al., 2017;
Pillai et al., 2014). It is possible that certain ITP and TBPP isomers are more biologically
active than others are, as evidenced by the findings in Chapter 5. The availability of
large quantities of neat material for each ITP and TBPP isomer would allow for their
individual evaluation and comparison.
Neat material of 2IPPDPP and 4IPPDPP was custom ordered for the experiments
described in Chapters 4 and 5. Unfortunately, neat material was not available for all ITP
and TBPP isomers, and as a result, certain questions remain unanswered. For instance,
in the carboxylesterase inhibition screening assay described in Chapter 5, Firemaster®
550 had an IC50 of 31.2 µM while the ITP mixture had an IC50 value of 28.0 µM. Because
Firemaster® 550 has a similar ITP isomer profile and approximately half the OPE
content of the ITP mixture, one would expect it to have an IC50 value closer to twice that
of the ITP mixture. However, the Firemaster® 550 mixture had a higher 24DIPPDPP
content than the ITP mixture (11% versus 7%, respectively), which could account for the
observed similarity in IC50 values if 24DIPPDPP is an especially potent carboxylesterase
inhibitor (Phillips et al., 2017). Lack of neat material for 24DIPPDPP prevented this
compound from being tested in the assay. Furthermore, while neat material of 4tBPDPP
was commercially available, it was found to contain TPHP as an impurity
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(approximately 10% w/w). This contamination complicates the interpretation of results
obtained from the experiments performed in Chapters 4 and 5.

6.3.2 Evaluation of ITP and TBPP Metabolites
Because PBDE metabolites are known to elicit toxicity in vitro and in vivo, the
evaluation of OPE metabolites for potential toxicity is crucial to enabling a
comprehensive comparison of the two flame retardant classes (Butt & Stapleton, 2013;
Dingemans et al., 2008; Roberts et al., 2015). Like many of the parent ITPs and TBPPs,
commercial standards are not available in neat form for many of the metabolites and
transformation products identified in Chapter 4. Consequentially, toxicological
assessment of these compounds is not currently feasible. While toxicological models like
C. elegans and zebrafish have often been used for the assessment and prioritization of
novel chemicals, other in vitro and alternative models being used lack or have limited
metabolic capacity. For instance, microde array-based assays of neural network activity
have become popular for screening compounds for acute neurotoxicity (Duarte, Rutten,
van den Berg, & Westerink, 2017; Vassallo et al., 2017). Caution should be exercised
when interpreting results from these types of assays, because the potential toxicity of
compounds with biologically active metabolites may be underestimated. If metabolites
have not been identified and synthesized, such assays are of limited utility unless
compound is biologically activated by metabolic tissue prior to testing. Even still,
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decisions regarding the specifics of metabolic activation (i.e. incubation time, amount of
protein, etc.) would introduce ambiguity to the assay’s interpretation.

6.3.3 In Vitro to In Vivo Extrapolation: Metabolism and Health Effects
Similarly, the simulation and prediction of in vivo metabolism in human populations
from in vitro data is notoriously challenging. Although OH-TPHP conjugates appear the
be the dominant in vitro metabolite of TPHP, their levels in human urine are
significantly lower than DPHP (Su et al., 2015, 2016). Factors such as protein content,
substrate and cofactor concentration, and incubation time may all affect the outcome of
in vitro metabolism experiments, and a framework for integrating discrete pieces of
information from various experiments has not been well established. Furthermore, in
vitro-in vivo extrapolations usually do not reflect interindividual variability because they
are often based on mean data values (Rostami-Hodjegan & Tucker, 2007). As such, they
have a limited capacity to address extremes in the population and may over- or
underestimate risk in some cases. Though the experiments carried out in Chapter 4 used
liver S9s from a 100-individual, mixed-gender pool, it is well known that plasma
binding, hepatic blood flow, liver weight, hepatic microsomal protein, hepatocellularity,
and the abundance of various metabolic enzyme influence variability in xenobiotic
metabolism (Poulin, Kenny, Hop, & Haddad, 2012).
Finally, to increase the relevance of the in vitro findings of Chapter 5, data
generated from a human cohort is needed. Such data would incorporate factors such as
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the presence and activity of other metabolic enzymes, signaling pathways and feedback
loops, interindividual differences, etc. that were not accounted for in the in vitro
experiments. Although publicly available data exist for blood pressure, pharmaceutical
use, and urinary OPE metabolite levels as part of NHANES, there is no longitudinal
information relating pharmaceutical efficacy (e.g. blood pressure before and after
pharmaceutical administration). Such information would be needed to determine if OPE
exposure impacts a pharmaceutical’s effectiveness. The idea proposed in Chapter 5, that
certain OPE exposure may inhibit the carboxylesterase-mediated activation of some
prodrugs and subsequently attenuate their therapeutic effect, should be explored in a
human cohort. Average blood pressure readings should be taken prior to the
administration of an ACE inhibitor known to be activated by liver carboxylesterase, like
imidapril. OPE exposure data should be collected, either via wristband or by pooled
urine sample, over the course of the pharmaceutical regime. Urine should also be
collected for analysis of imidaprilat concentrations. Following pharmaceutical
administration, blood pressure should be monitored. Associations between changes in
blood pressure before and after drug administration, OPE exposure levels, and urinary
imidaprilat concentrations should be explored, while accounting for potential cofactors
such as age, BMI, race, sex, exercise frequency, diet, comorbidities and pharmaceutical
dose. (Hosseini et al., 2015).
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6.4 A History of Regrettable Substitution
Although there remains much to learned about OPEs, their replacement of
pentaBDE in PUF is potentially a regrettable substitution, i.e. the replacement of a
known bad actor chemical with other less-studied chemicals whose exposure and health
implications are unclear (Scherer, Maynard, Dolinoy, Fagerlin, & Zikmund-Fisher, 2014).
Unfortunately, this would not be the first instance of a regrettable substitute being used
in consumer products.
Due to growing public concern about its potential health effects and activity as an
endocrine disruptor, six major companies removed bisphenol A (BPA) from infant
bottles in 2009. Shortly thereafter, the U.S. Food and Drug Administration (FDA) banned
the use of BPA in infant bottles and sippy cups (Barraza, 2013). Because the addition of
BPA confers a desirable hardness to polycarbonate plastics, its removal from infant
bottles created a demand for a replacement chemical with similar function. Bisphenol S
(BPS) emerged as a popular BPA substitute, and was added to infant bottles which could
be labeled as “BPA-free” by manufacturers (Glausiusz, 2014). Subsequent toxicological
investigation of BPS revealed many of the same concerns that prompted the
discontinuation of BPA. For example, studies have found that both BPA and BPS induce
increases in lipid content in adipocytes and hepatocytes in vitro, have similar potencies
and modes of action as estrogenic compounds, and cause nearly identical effects on the
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rat cardiovascular system (Gao, 2015; Héliès-Toussaint, Peyre, Costanzo, Chagnon, &
Rahmani, 2014; Rochester & Bolden, 2015).
Another instance of regrettable substitution is the replacement of the butter
flavoring, diacetyl (2,3-butanedione), with alphadiketone (2,3-pentadione) (Potera, 2012).
Diacetyl (2,3-butanedione) was implicated in the onset of obliterative bronchiolitis in
workers at microwave popcorn processing plants and found to cause bronchial
epithelial damage via inhalation in vivo (Kreiss et al., 2002; Morgan, Flake, Kirby, &
Palmer, 2008). Following its voluntary replacement, its substitute, alphadiketone (2,3pentadione), was observed to cause similar deleterious effects in the respiratory tract
(Hubbs et al., 2002; Morgan et al., 2012). Similar to this example, industry has recently
shifted to using short-chain poly- and perfluoroalkyl substances (PFAS) as surfactants
and stain repellants instead of long-chain PFASs due to concerns about their persistence
and health effects (Sun et al., 2016). Initial investigations have found that some shortchain PFASs show similarly high hepatotoxicity and comparable stability under
environmental conditions to their long-chain PFAS predecessors (Wang, Cousins,
Scheringer, & Hungerbuehler, 2015).

6.5 Moving Towards Informed Substitutions
Due to the prevalence of cases of regrettable substitution, the National Research
Council (NRC) published a report urging for “informed substitution” in 2014 (NRC,
2014). Informed substitution may be achieved by using alternative assessments, which
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entail a comprehensive comparison of potential substitutes that are functionally similar
to an established chemical of concern based on performance, societal costs, economic
considerations, and possible threat to human and ecological health (Lavoie et al., 2010).
Unfortunately, alternative assessments often only consider chemical substitutes which
have already been manufactured and for which information regarding physicochemical
properties and health effects are available (either empirically or predicted or model
based on structure). Instead of characterizing associated hazard after the manufacture of
a chemical, reduced hazard should be treated as a component of overall performance in
chemical design. Much like in drug discovery and pharmaceutical development, high
throughput and in vitro tools should be used to develop a ranking system for potentially
hazardous chemical candidates early in the process of chemical design before a chemical
goes to market. Green chemistry approaches integrating physicochemical properties,
structure-activity relationships and mechanistic toxicology offer a promising start.
One example of informed substitution is the replacement of the wood preservative,
chromated copper arsenate (CCA), with alkaline copper quaternary (ACQ) (Zimmerman
& Anastas, 2015). Exposure to CCA, which contains arsenic and chromium, has been
associated with increased cancer risk (Landrigan, Kimmel, Correa, & Eskenazi, 2004).
ACQ performs similarly to CCA as a wood preservative but does not contain arsenic or
chromium (Kim et al., 2012). Although questions remain about copper releases from
ACQ-treated wood and their potential ecological impacts, this replacement is widely
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viewed as successful. Because huge economic resources and time are spent identifying
and characterizing hazardous chemicals in our environment, significant costs may be
avoided by investing in tools that will facilitate informed substitution in the future. Safer
substitutions, like the one described above, necessitate advances in computational
toxicology, data generation and curation, and systems biology. To break the cycle of
regrettable substitution, substantial resources should be devoted to the molecular design
of safer chemicals and to fostering collaboration among environmental health scientists
across various employment sectors (i.e. academia, government, industry, etc.).
Although informed substitution represents one avenue for improving the safety of
consumer products, other approaches do not necessarily involve chemical replacement.
For example, reforming flammability standards, like the amendment of TB-117 in 2013,
to more faithfully depict real-life scenarios could preclude the need for chemical flame
retardants altogether. Exempting juvenile products, like infant positioners and car seats,
could reduce potentially harmful early-life exposures to flame retardants and other
chemicals. Evaluating the necessity of flame retardants in individual products and
settings (i.e. asking whether the inclusion of chemical flame retardants in a product
provides a benefit that outweighs the cost of exposure and the potential health hazard)
could also refine our use of these chemicals. For example, perhaps chemical flame
retardants are not necessary in residential couches but provide a safety advantage in
some public settings like movie theaters. Finally, rather than using additive chemicals to
172

confer flame retardant properties, the use of natural materials that are inherently nonflammable should also be considered. These materials might allow for a similar degree
of protection provided by chemical flame retardants, without negative environmental
and health consequences.
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Table 16. Point of Departure (POD) values for the ITP mixture, the TBPP
mixture, and BDE-47 from in vitro toxicity testing (adapted from Behl et al., 2015).
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Appendix A
Table S1. Summary of MDLs for each sample type.
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Figure S1. Dosing and Sample Collection for Whole Fetus and Whole Pup
Tissue Experiments. For both gestational and lactational experiments, 6 dams were
included per dosing group in the study design. Three dosing groups (high = 3.3
mg/kg/day, low = 1 mg/kg/day, and vehicle control = ethanol) were included in each
experiment. On PND 0, litters were culled to 8 pups (4 males and 4 females) to ensure
sufficient lactational access for each pup. Fetuses were sacrificed at GD 18 and pups
were sacrificed at PND 12 4 hours after final dosing. Whole tissues were homogenized
and frozen for analysis. Two fetuses (1 male, 1 female) and two pups (1 male, 1
female) were analyzed for each litter. At the time of sacrifice, urine and serum were
collected from gestationally-dosed dams (GD 18), lactationally-dosed dams (PND 12)
and lactationally-exposed pups (PND 12). Pup urine and serum were pooled within
litters. Sampling deviated from the study design for the low dose group in both
lactational and gestational whole tissue analyses (n = 5) because one fetus was lost
during process and one dam in the lactational group failed to conceive. For the high
dose and control group in both lactational and gestational whole tissue analyses, n =
6. Urine and serum volumes were limited, therefore n = 4-6 for metabolite analyses of
the low and high dose groups and n =2-6 for metabolite analyses of the control
groups.
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Figure S2. Representative chromatogram of EH-TBB in a low dose fetus
obtained using a SIM GC/MS method. EH-TBB (0.8 ng) in a low dose group fetus
sample. Quantification m/z = 357. The MDL for EH-TBB in whole fetus tissue is 0.2
ng/g ww.
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Figure S3. Representative chromatogram of BEH-TEBP in a low dose fetus
obtained using a SIM GC/MS method. BEH-TEBP (0.3 ng) in a low dose group fetus
sample. Quantification m/z = 463.7. The MDL for BEH-TEBP in whole fetus tissue is
0.1 ng/g ww.
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Figure S4. Representative chromatogram of TBBA in a high dose pup urine
sample obtained using a MRM LC/MS/MS method. TBBA (0.9 ng, or 9 ng/mL) in a
high dose group pup urine sample. Quantification MRM = 436.7  392.6. The MDL
for TBBA in pup urine is 2.4 ng/mL.
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Appendix B

Figure S5. Total ion chromatogram (TIC) of the TBPP mixture run in GC/EIMS shows peaks tentatively identified as 3tBPDPP and B3tBPPP. The peak for
3tBPDPP eluted at ~17.6 min and was identified by m/z 367 and 382. The peak for
B3tBPPP eluted at ~20.7 min and was identified by m/z 423 and 438.
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Table S2. Method Detection Limits (MDLs) for FR Mixture Components
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Table S3. Matrix Spike Recoveries of ITP and TBPP Isomers (n=3).
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Appendix C

Figure S6. The metabolism of ITPs and TBPPs is predicted to include both
hydrolysis and hydroxylation/conjugation pathways. The predicted pathway shown
for 4IPPDPP is based on known metabolism pathways for TPHP (Su et al., 2016, 2015).
Hydrolysis metabolites include DPHP and ip-PPP; hydroxylated metabolites include
hydroxy-4IPPDPHP. Phase II conjugates include sulfated- and glucoronidated4IPPDPP. For simplicity, only the glucuronide conjugate is shown here.
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Figure S7. The pKas of potential leaving groups involved in the hydrolysis of
ITPs and TBPPs can be used to predict likely ITP and TBPP metabolites. pKas of
various potential leaving groups were calculated using the Hammet equation:

Leaving groups with a higher pKa are less stable and will have slower reaction
rates during hydrolysis (Hansch et al., 1991; Schwarzenbach et al., 2002; Tribble and
Traynham, 1969). For simplicity, only ITP leaving groups are shown here.
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Figure S8. Schematic representation of the workflow for the in vitro
biotransformation and deconjugation assays, and subsequent metabolite screening.
A TBPP isomer (4tBPDPP) is used as an example parent compound.
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Additional Operation Parameters of the QE-GC
For Electron Ionization (EI) mode, the QE-GC is equipped with a Thermo TG5SILMS column capillary column (30 m × 0.25 mm ID, 0.25 µm film thicknesses) with
helium as the carrier gas flowing at 1.3 mL/min. The Programmable Temperature
Vaporizer (PTV) Inlet is operated in splitless injection mode. The GC oven temperature
program was 80 °C for 2 min, 80 to 250 °C at 20 °C/min, 250 to 260 °C at 1.5 °C/min, 260
to 300 at 25 °C/min and final hold 20 min (total run time 38 min).

Additional Operation Parameters of the LC-Orbitrap Fusion Lumos
The HPLC was operated at a flow rate of 0.3 mL min-1 using a linear gradient
from 10% to 95% 0.8 mM ammonium acetate in methanol (with 0.8 mM ammonium
acetate in water as the other solvent) over 7 minutes with a 2 minute hold before a linear
gradient from 95% to 10% 0.8 mM ammonium acetate in methanol over 9 minutes.
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Figure S9. Extracted ion chromatogram (EIC; m/z = 366.10077-366.10223) of in
vitro biotransformation samples for 2IPPDPP incubations. The top chromatogram
shows the +s9 treatment group containing the dehydrogenated 2IPPDPP metabolite
(exact mass = 366.1015). The bottom two chromatograms show the unprocessed spike
and abiotic control, which do not contain the dehydrogenated 2IPPDPP metabolite.
Similar chromatograms were produced for the dehydrogenated 4IPPDPP metabolite
and are not shown here.
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Figure S10. Extracted ion chromatogram (EIC; m/z = 366.10000-366.10500) of one
of the human urine samples. The bottom panel shows the measured exact mass
(C21H19O4P = 366.10123) simulated exact mass (C21H19O4P = 366.10155, δppm = -0.88).
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Figure S11. Extracted ion chromatogram (EIC; m/z = 262.03930-262.03950) of one
of the human urine samples. The bottom panel shows the measured exact mass
(C13H11O4P = 262.03909) simulated exact mass (C13H11O4P = 262.03895, δppm = 0.56).
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Figure S12. Extracted ion chromatogram (EIC; m/z = 385.11900-385.12000) of the
in vitro biotransformation samples for 4IPPDPP incubations. The laboratory blank,
abiotic control, and unprocessed spike all did not contain hydroxylated-4IPPDPP.
While some peaks with very low abundances were observed in these samples, the
measured exact masses for them (top of lower panel) did not match the simulated
exact mass for hydroxylated-4IPPDPP (bottom of lower panel; δppm > 2.5).
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Appendix D

Figure S13. The specific activity of hCE1b (16 µg/mL) for PNPA (1 mM) was
determined to be 902 nmol/min/mg and agree with the value reported by the
manufacturer (880 nmol/min/mg). The extinction coefficient, ε, for p-nitrophenol
(PNP) at 405 nm in 100 mM potassium phosphate buffer at pH 7.4 used to calculate
activity was 13 cm-1mM-1. Specific activity was found to be linear for 25 minutes (R2 =
0.9924).
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Description of LC-MS/MS method for imidapril and imidaprilat detection
A positive electrospray ionization liquid chromatography tandem mass
spectrometry (LC-MS/MS) method was created based on the one described by Mabuchi
et al. (1991).1 Specifically, analyses were carried out on an Agilent 1260 Infinity
quaternary liquid chromatography system coupled with a 6460 triple quadrupole mass
spectrometer (Agilent Technologies, Santa Clara, CA). Chromatography was achieved
under isocratic conditions using a Luna C18(2) column (50 x 2.0 mm, 2.5 µm particle
size, Phenomenex, Torrance, CA) preceded by a SecurityGuard Polar-RP (4 x 2.0 mm)
guard cartridge. The mobile phases were acetonitrile and 0.05% formic acid in water
(1:3, v/v), flow rate was 300 µl/min, the injection volume was 5 µl and the column oven
was 40°C. Data were acquired under multiple reaction monitoring conditions using
optimized parameters (Table S1). Imidapril was normalized using d3-imidapril and
imidaprilat was normalized using d5-imidaprilat. In the ion source, the gas (N2)
temperature was set to 325°C, gas flow rate was 12 ml/min, the nebulizer pressure was
35 psi, the sheath gas temperature was 325°C, the sheath gas flow was 8 ml/min, and the
capillary voltage was +4000 V. Six-point calibration curves (0-1500 ng/ml) for imidapril
and imidaprilat were constructed and R2 values were >0.99.
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Table S4. Mass Spectrometry Parameters used for the Detection of Imidapril
and Imidaprilat
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Figure S14. The specific activity of hCE1b (160 µg/mL) for imidapril (10 µM)
was determined to be 0.142 nmol/min/mg and are in the same range as values reported
previously for human liver microsomes (0.4 nmol/mg/min) and human liver cytosol
(0.05 nmol/mg/min). Specific activity was found to be linear for 150 minutes (R 2 =
0.9997).
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Figure S15. The amount of imidapril remaining and the amount of imidaprilat
formed following the incubation of 3.5 nmol of imidapril with hCE1b (160 µg/mL) at
various time points. Reactions were quenched by the addition of an equal volume of
acetonitrile containing d3-imidapril and d5-imidaprilat. Incubation buffers were
cleaned using centrifuge filters, and imidapril and imidaprilat were quantified via
LC-MS/MS analysis.
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Description of imidapril and imidaprilat spike/recovery experiments
A matrix spike experiment was performed to determine the recovery of imidapril
and imidaprilat following clean-up using Costar® Spin-X® centrifuge filters (nylon
membrane, pore size 0.22 µM, Corning, NY). Phosphate buffer was spiked in triplicate
with either a low dose (20 ng) or high dose (500 ng) of imidapril and imidaprilat,
separately, and cleaned using the centrifuge filters. Laboratory blanks (n=3) were also
included. After centrifugation, d3-imidapril and d3-imidaprilat were added prior to LCMS/MS analysis. The recoveries of imidapril were 66.5 ± 1.9% and 77.3 ± 2.3% (low and
high doses, respectively), and the recoveries of imidaprilat were 88.0 ± 1.4% and 84.6 ±
3.5% (low and high doses, respectively).
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