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Abstract
Non-point source pollution is not generated from any single source, rather can
arise from a mixture of agricultural, residential, and industrial activities. As a result of
these activities millions of tons of chemicals enter into aquatic environments annually
with the potential to disrupt the fragile ecosystems existing within. Common
anthropogenic compounds most frequently seen in estuarine environments include
pesticides, antifoulants, polycyclic aromatic hydrocarbons (PAH), and industrial
solvents.
This dissertation examines the acute toxicity and sub-lethal effects of diuron,
CuPT, B(a)P, and styrene in the mud snail, Ilyanassa obsoleta, the American oyster,
Crassostrea virginica, the sea urchin, Lytechinus variegatus, and/or the barnacle,
Amphibalanus (= Balanus) amphitrite. In addition, the general effects of non-point source
pollution within the Rachel Carson Estuarine Research Reserve (RCERR) were examined
at six sites in order to gain a better understanding of the current health of this unique
habitat.
Of the four compounds tested, only the industrial solvent, styrene, resulted in an
LC50 (1341 µg L-1, I. obsoleta) that was within the range of currently reported
environmental levels. Diuron and CuPT did not elicit mortality at environmentally
relevant concentrations, but did significantly reduce fecundity in I. obsoleta and C.
virginica and fertilization success and larval development in L. variegatus. The only
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notable sub-lethal effect elicited by the PAH, benzo(a)pyrene, was a significant decrease
in egg capsule production by I. obsoleta following exposure to concentrations as low as
50 µg L-1.
Within the RCERR, animals from Sites 4, 5, and 6 were observed to have
significant differences with respect to fecundity, condition index, and/or ECOD activity
when compared to conspecific organisms from control Site 1. This is most likely a
consequence of their proximity to anthropogenic sources. Large variation in mortality
(15-98.9%) was observed when families of A. amphitrite from a single population where
exposed to CuPT.
It is often difficult to extrapolate data from laboratory findings into natural
populations. Frequently the organisms used under laboratory conditions are genetically
very similar, while field population can vary with anthropogenic exposure. Caution
must be taken when developing protocols for risk assessment to ensure that actual
environmental conditions are being represented.
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Chapter 1

Introduction:
Non-Point Source Pollution in Estuaries
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1.1 Background
The United States Environmental Protection Agency (USEPA) defines non-point
source pollution (NPSP) as “pollution coming from many diffuse sources” (USEPA,
1994). This type of pollution is not generated from any single source; rather can arise
from a mixture of agricultural, residential, and industrial activities. NPSP is typically
caused by precipitation moving over or through terrestrial areas resulting in the
transport of chemical compounds to fresh and saltwater systems (Carpenter et al, 1998;
EPA, 1994). NPSP can also include aquatic based pollution stemming from commercial
and recreational boating activity (Flory and Alber, 2005).
An estimated 140 million tons of fertilizer and several million tons of pesticides
enter the environment each year as a result of agricultural practices (Food and
Agricultural Organization of the United Nations, 2006). In addition, accidental spills and
intentional disposal of other pollutants also contribute to NPSP. Jackson et al (2001)
reported nearly a half million tons of oil and gasoline components entering the
environment through accidents in the year 2001. As a result of these accidental and
intentional practices, hundreds of thousands of tons of synthetic chemicals, nutrients
and various anthropogenic compounds find their way into lakes, rivers, streams and
ultimately oceans each year (Schwarzenbach et al, 2006), but not without first filtering
through transitory environments such as estuaries.
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Estuaries can be described as partly enclosed tidal inlets where fresh and salt
water mix (Little, 2000). They are places of extraordinary biological importance and
home to an immense diversity of plants and animals. Estuarine environments are critical
ecosystems that serve as feeding grounds for migratory waterfowl, nurseries for juvenile
fish and invertebrate larvae, and provide shelter for many types of benthic organisms
including ecologically important molluscs, crustaceans, and echinoderms.
Estuaries are not only ecologically important but provide income and
commercial livelihoods to hundreds of thousands of people worldwide. In 2004, the
North Carolina Department of Environment and Natural Resources (NCDMF, 2007)
estimated that 34 million pounds of blue crab were harvested resulting in a dockside
value of $23 million. In 2005 an estimated 71,398 bushels of oysters worth nearly $1.7
million were harvested (NCDMF statistics, accessed 16 December 2006). In addition,
millions of pounds of Atlantic croaker, summer flounder, and other recreational sport
fish are harvested within the Pamlico and Albemarle (NC) sounds and estuaries
annually (NCDENR, 2007).
With so much ecological and commercial value placed on estuarine
environments, it is unfortunate that they are all too often the ‘end of line’ or ‘dumping
grounds’ for many anthropogenic compounds. For decades estuarine environments such
as salt marshes and mangrove swamps, have been viewed as unsightly and nasty
environments. So much so that in the early 1900’s the British newspaper, The Punch,
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published an article titled “Have you ever been in a mangroove swamp, my dear –
Nature at its most revolting” (Little, 2000).
Fortunately attitudes have changed since then. In an effort to protect these
resources new government legislation mandates water quality monitoring and requires
environmental impact studies for areas of commercial and residential development.
These legislative efforts were also instrumental in the creation of the National Estuarine
Research Reserve System (NERRS). The NERRS represents 27 different biogeographical
areas of the United States (U.S.) set aside where long term research, monitoring, and
protection of resources have been implemented. One of these sites exists within the
North Carolina Estuarine Research Reserve System (NCERRS) and was named after a
pioneer in environmental protection and monitoring, Rachel Carson.

1.2 North Carolina Rachel Carson Estuarine Research Reserve
The North Carolina Rachel Carson Estuarine Research Reserves (RCERR)
represents an ideal location for monitoring the impact of coastal development and the
input of anthropogenic compounds on estuarine organisms. The site includes a number
of islands covering more than 2500 acres within the midst of one of the state’s fastest
growing areas. The islands and estuarine waters at the site are strongly influenced by
the Newport River, the North River Channel, the Beaufort Inlet and the continually
changing Back Sound conditions. The twice-daily tides, a low variation in salinity over
the western section, and the topography of the entire site creates a diverse and
4

productive estuarine ecosystem. Habitats found within the site include tidal flats,
flooded salt marshes, ocean beach, sub-tidal soft bottoms, hard surfaces, and dredge
spoil areas.
Over the past few decades the area surrounding the reserve has become the
target of residential and industrial development. Numerous housing developments,
recreational boating facilities, industry, and agricultural areas have all contributed to the
influx of pollutants into this reserve. The estuary’s own sediment may also serve as a
continual source of contaminants due to years of pollutants partitioning into this
environmental compartment.
Some recent advances have been made in an effort to clean up the aquatic
environment, mainly by controlling pollution from point sources such as industries and
sewage treatment plants. Unfortunately, non-point source pollution remains one of the
largest causes of water quality problems. NPSP is the main reason that approximately 40
percent of rivers, lakes, and estuaries are not clean enough to allow basic uses such as
fishing or swimming (New York Sea Grant, 2001). Industrial development, land
reclamation, and waste disposal sites are currently the most common uses for estuarine
environments and remain the major sources of anthropogenic compounds.
The chronic input of contaminants into the RCERR and other estuarine
environments has the potential to upset the balance of the ecosystem by altering the
reproduction and development of ecologically vital organisms. Various anthropogenic
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compounds are known to exist within estuarine environments. Most commonly seen are
antifoulants, pesticides, industrial solvents, and any number of polyaromatic
hydrocarbons (PAHs). In this dissertation the effects of non-point source contamination
on six sites within and four sites outside the RCERR were examined. These sites were
chosen based on their proximity to anthropogenic sources of pollution (Figure 1.1). Each
site will be discussed in detail throughout the chapters of this dissertation. In addition,
the reproductive and developmentally specific effect of four different compounds
representing the major types of anthropogenic inputs (i.e. pesticides, antifoulants,
petroleum by-products and industrial solvents) will be examined.

Figure 1.1 The Rachel Carson Estuarine Research Reserve (RCERR) and the 10 sites
sampled for this dissertation.
6

1.3 Anthropogenic Compounds
Anthropogenic compounds are chemicals that are man made and enter into the
environment through human activity. Along with bacteria and nutrients from livestock
and pet waste, sediment from improperly managed construction sites and excess
fertilizers used in agriculture and residential practices, anthropogenic compounds such
as pesticides, petroleum by-products, and industrial solvent make up the majority of
NPSP. The three major sources of these man-made compounds are agriculture, domestic
and urban runoff, and industry (Schwarzenbach et al, 2006). The impact from a
compound entering an environment is not easily estimated and many variables need to
be considered when evaluating potential toxicity. Toxicity is heavily weighted on a
number of factors but most importantly whether or not the compound is persistent and
mobile in the environment.
Tributyltin (TBT) is a classic example of a chemical that was originally hailed for
its long standing persistence and effectiveness as an antifouling agent. The
characteristics that made TBT economically invaluable to the antifouling market (high
effectiveness, environmental stability, and low water solubility) were exactly the same
characteristics that made it detrimental to organisms in the environment. TBT and other
organotins found their niche in the antifouling market in the late 1960s and early 1970s.
However, within a decade, reports surfaced associating the use of organotins with
decreased spatfall and unnatural shell thickening in the oyster, Crassostrea gigas (Alzieu
7

et al, 1986; Alzieu, 2000). During this same time period work in the United Kingdom
linked TBT to endocrine disruption in the marine gastropod, Nucella lapillus. Bryan et al,
(1986, 1987) reported the masculinization of females (imposex) and widespread decline
in population numbers due to exposure to TBT. Although the USEPA, through the
‘Organotin Antifouling Paint Control Act’ of 1988, regulates the use of TBT in paints and
sets standards for the amount of biocides that can leach from the paint into water, this
compound is still used at unregulated volumes in many countries and serves as a
continued source of non-point source pollution.
Beside gastropod deformities (Gibbs et al, 1987; Bauer et al, 1995), other
consequences of NPSP include shell malformations and steroid metabolic variations in
bivalves (Morcillo et al, 1998) reduced reproductive capacity in crustaceans (McKenney
et al, 1998; Oberdörster and McClellan-Green, 2000), altered developmental patterns in
echinoderms (Chapter 4, this dissertation), and depressed immune system and
physiological function in both vertebrates and invertebrates (Nakata et al, 2002; Oyama
et al, 2003). This variety of effects is alarming in view of the ecological importance of
both vertebrate and invertebrate species within estuarine ecosystems.
The following studies examine the effects of four representative compounds from
several major classes of commonly found environmental pollutants. These pollutants
include pesticides such as the herbicide diuron, antifoulants such as the biocide, copper
pyrithione (CuPT), PAHs such as benzo (a) pyrene (B(a)P), and industrial solvents such
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as styrene. All four of these compounds were examined for their potential to cause
mortality and elicit sub-lethal effects on reproduction, fecundity, and/or larval
development in four model invertebrate species typically found in North Carolina
estuarine waters.

1.3.1 Pesticides
The USEPA defines a pesticide as ‘any substance or mixture of substances
intended for preventing, destroying, repelling, or mitigating any pest’ (USEPA, 2007).
Pesticide usage is a critical concern in many coastal areas, where inputs from agriculture
and urban areas impact the surrounding estuaries and marshes. Unfortunately pesticide
detection is not a routine test in most standard water quality assessments. As a result,
the type and amount of pesticides in many coastal waters are unknown and are
estimated based on potential use and proximity to agricultural and residential areas. The
RCERR is one such place where pesticide contaminants in sediments and water samples
are unknown. We chose the commonly used herbicide and antifouling additive, diuron
as our representative NPSP pesticide.
Diuron (3-(3,4-dichlorophenyl)-1,1-dimethylurea (Figure 1.2)) has been found in
marine environments (Thomas et al, 2001) and surface waters (Moncada, 2004; Green
and Young, 2006) at concentrations from the low µg L-1 to mg L-1 range. This compound
belongs to the N-phenylurea class of chemicals and was originally approved for use by
the USEPA in 1967. Diuron inhibits photosynthesis by reversibly inhibiting
9

photosynthetic electron flow to the plastoquinone in the photosystem II complex (PSII)
(Hayes, 1978; Ware, 1978). This inhibition is caused by blocking the electron transport
chain just after the primary electron acceptor QA (for a review of PSII herbicides see
Oettmeier, 1992; Jones and Kerswell, 2003).

Figure 1.2 Diuron chemical structure.

The USEPA estimated that 9 to 10 million pounds of diuron were used in
agricultural practices in 2003. In addition, 2-3 million pounds were used in ‘right of way’
management along roads, railways, and fences (USEPA, 2003). It is not known how
much diuron is used through application of antifouling coatings on recreational water
crafts in the United States. However, Boxall et al (2000) reported that up to 10 tons (20
thousand pounds) of diuron were used on leisure craft in the United Kingdom (U.K.)
during 2000. Recent reports have placed diuron concentrations at ranges between 6.74
µg L-1 in coastal waters of the U.K. (Thomas et al, 2001) up to 1.3 mg L -1 in U.S. surface
waters (Moncada, 2004; Green and Young 2006). These levels have raised concerns
because diuron inhibits photosynthesis in aquatic environments at concentrations as low
10

as 0.3 µg L-1 (Jones and Kerswell, 2003). The most likely source of these environmental
levels of diuron are a result of agricultural runoff and leaching from antifouling
coatings.
Unfortunately little is known regarding the effects of diuron on organisms
inhabiting contaminated aquatic environments. A few studies exist that report LC50 (48
hour) values of diuron ranging from 4.3 mg L-1 to 42 mg L-1 in fish, and from 1 mg L-1 to
2.5 mg L-1 for aquatic invertebrates (Okamura et al, 2002). In addition, diuron has also
been reported to disrupt mitosis in early development of the Pacific oyster, Crassostrea
gigas at realistic environmental concentrations. Based on this evidence, classification of
diuron has been deemed moderately toxic to fish and aquatic invertebrates.

1.3.2 Antifoulants
Antifoulants are compounds used to combat fouling organisms such as
barnacles, tunicates, algae, and bacterial films often found on submerged surfaces (i.e.
boat hulls, docks, pilings, etc). Fouling is a major problem because it decreases ship
performance and costs the shipping industry millions of dollars each year in dry dock
fees, loss of trade, and increased fuel consumption. Controlling fouling has strategic,
economic and environmental consequences (Johnson and Miller, 2003; Johnson and
Gonzalez, 2004). In the past, various broad spectrum biocides such as arsenic,
organomercury, organochlorides, and organotins have been used to manage fouling
organisms. Within the past few decades these broad spectrum biocides were determined
11

to have unacceptable environmental impacts, the worst of which were local and regional
population (mostly invertebrate) extinctions (Gibbs et al, 1991; Stewart et al, 1992). As a
result antifouling companies have started adding organic biocides (such as broad
spectrum pesticides) to coating formulations to increase effectiveness while at the same
time reducing metal concentrations (Voulvoulis et al, 1999).

Figure 1.3 Copper pyrithione (CuPT) chemical structure.

Copper pyrithione (Figure 1.3) (in addition to diuron) is one such broad
spectrum biocide that is presently being added to existing coatings in an attempt to
lower overall copper concentrations in antifouling paints (Voulvoulis et al, 1999).
Copper pyrithione (2-mercaptopyridine N-oxide copper salt) (CuPT) is a microbial
biocide that was introduced into the market as an antifoulant in 1996 (Arch Chemicals;
Maraldo and Dahllöf, 2004). Mackie et al (2004) reported total pyrithiones (including
sodium-, zinc-, and copper conjugates) within U.K. waters exceeding 0.3µg L-1.
Concentrations of these chemicals are expected to increase with the eventual phase-out
of other antifoulants such as the organotins. For these reasons the biocide additive,
CuPT was chosen as the NPSP antifouling representative examined in this study.
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While limited information exists on CuPT, zinc pyrithione (ZPT) (a sister
compound to CuPT) has been in use much longer and may provided some insight into
CuPT’s mode of toxicity. ZPT has been used as an anti- fungal, bacterial, and algal
compound since the 1960s (Turley et al, 2005). It complexes immediately with Cu2+ ions
after dissociation in marine environments to form the related transchelate CuPT (Mackie
et al., 2004). Both CuPT and ZPT are lipophilic compounds with half-lives ranging
between 15 min to 30 days (Turley et al., 2005; Maraldo and Dahllöf, 2004), depending
upon environmental conditions. The fastest degradation rates of ZPT and CuPT
occurred in the presence of light or sandy and aerobic sediments (Turley et al, 2005).
While absolute certainty of the mode of action of CuPT is still unclear, Ermolayeva and
Sanders (1995) suggest that pyrithiones act by interfering with the activity of the
primary proton pump, H+-ATPase, resulting in the disruption of cell membranes. It is
assumed that CuPT functions through a similar process.

1.3.3 Polycyclic Aromatic Hydrocarbons
In addition to pesticides and antifoulants, aquatic environments are also plagued
with by-products from petroleum based activities. Polycyclic aromatic hydrocarbons
(PAHs) are a large class of compounds that are comprised of two or more fused
aromatic rings. Natural sources of PAHs include forest fires and volcanic eruption
(Wcislo, 1998), however most PAHs result from the burning of fossil fuels or from
incomplete combustion. PAHs are most often lipophilic, have low water solubility, sorb
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to organic particles, and accumulate in aquatic sediments, which together make them a
potentially dangerous class of chemicals (Meyer and Quinn, 1973). There are more than
100 different types of PAHs (Agency for Toxic Substance and Disease Registry, 1995), 16
of which are designated “compounds of interest” by the USEPA (Miles and Delfino,
1999). PAHs vary in their chemical characteristics and in their capacity to elicit
biological effects. In aquatic environments PAHs become rapidly associated with
particles in the water and are deposited in sediments, where they are consumed by
benthic organisms (McElroy et al, 1989). It is thought that the majority of damage from
PAH exposure results from oxidative stress which can influence detoxification pathways
and cause production of genetic abnormalities (Livingstone et al, 1990; Grundy et al,
1996; Ericson and Balk, 2000; McElroy et al, 2000).
One of the most common PAHs in aquatic environments is benzo(a)pyrene
(B(a)P). B(a)P (Figure 1.4) is a 5-ring polycyclic aromatic hydrocarbon (PAH). It has been
reported at levels exceeding 50 µg Kg-1 in highly polluted areas of the U.S, England,
Finland, Lithuania, and Russia (Madany et al, 1994; Kirso et al, 2002; Hylland, 2006).
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Figure 1.4 Benzo(a)pyrene (B(a)P) chemical structure.

While extensive studies have been done on aquatic vertebrates, relatively little
data exist on in vivo B(a)P and metabolism of other PAHs in invertebrates (James, 1989;
Livingstone, 1990, 1991). Molluscs and crustaceans comprise two of the most heavily
impacted classes of invertebrates within estuarine environments (Elder and Dresler,
1988; Grundy et al, 1996; Carman et al, 1997; Wootton et al, 2003). Molluscs and
crustaceans exposed to PAH compounds, like B(a)P, experience sub-lethal effects that
include changes in molting, growth, behavior, the induction of enzymatic activities such
as ethoxycoumarin-O-deethylase (ECOD) (Oberdörster et al, 1999; 2000) and severe
immunological alterations such as inhibition of phagocytosis and damage to lysosomes
(Grundy et al, 1996; Wootton et al, 2003; Auffret et al, 2004). These physiological changes
are thought to result from the production of polar biochemically reactive electrophilic
species which interact with nucleic acids and proteins (Stegeman and Lech, 1991;
Stegeman et al, 1992; Xue and Warshawsky, 2005).
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With so much recreational activity within and surrounding the RCERR it is
inevitable that levels of PAHs will continue to rise within the Reserve. A potential
problem exists in these compounds’ affinity for high organic based sediments
(Schwarzenbach et al, 1992). Organisms living in these muddy environments are
exposed daily to chronic levels of B(a)P and other PAHs and are forced to adapt to their
presence. A major concern addressed in this dissertation is how B(a)P affects
reproduction and development of the benthic organisms living in these estuarine
environments.

1.3.4 Industrial Solvents
Organic solvents have been widely used in various industrial practices. Their
main application includes formulation of products, paint thinning, and cleaning of
materials to remove contaminants (Siva, 1990; Callahan and Green, 1995). During these
applications, solvent emission and waste solvent generation frequently occurs. Organic
solvents are known to cause adverse health effects in both human and wildlife (Burrell,
1993). Non-point source pollution from organic solvents is typically divided into either
volatile organic molecules (VOMs; anthropogenic compounds that are emitted into the
atmosphere) or terrestrial pollutants that enter into ground water, sediments, and
marine environments.
Styrene (Figure 1.5) is routinely used in the production of polystyrene, latex, and
resins and is typically released into the environment during production, storage,
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transport, use or through disposal practices ( Gibbs and Mulligan, 1997). Styrene has
been ranked 23rd out of all chemicals in terms of total amount released and is listed
among the top ten carcinogenic VOMs (Gibbs and Mulligan, 1997). Styrene has an
estimated worldwide production capacity of over 16 million tons (Miller et al, 1994) and
was reported in some U.S. oil refinery wastewater effluents at concentrations over 30 µg
(Pelish et al, 2003). In other parts of the world, styrene has been reported in wastewater
effluent at concentrations exceeding 5.0 mg L-1 (Gomez et al, 2001).

Figure 1.5 Styrene chemical structure.

In mammals, styrene is distributed among the liver, pancreas, kidneys and brain
and can accumulate within adipose tissue (Bond, 1989). While several studies on the
effects of styrene exposure in mammals have been performed, a limited number of
investigations have been conducted with aquatic vertebrates and even fewer with
aquatic invertebrates. Reports on the toxicity of styrene to aquatic invertebrates are
scarce and usually limited to acute studies under open and static conditions. The results
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from these assays are quite variable due to poor solubility and the high volatility of
styrene (Cushman et al, 1997; Gibbs and Mulligan, 1997).
Typically industries using industrial solvents are located on rivers or coastlines
that allow for easier transportation of manufactured goods. Unfortunately these rivers
and coastlines often border estuarine environments with little monitoring of industrial
effluents. According to the USEPA Toxics Release Inventory Program (March 22, 2007)
industries in and around Beaufort, NC released a total of 113,859 pounds of styrene in
2005, thus, styrene was chosen as a representative industrial compound for this study.

1.4 Laboratory and Field Experiments
Estuaries are critical habitats that are among some of the most productive
environments in the world. Yet, they also rank among the most anthropogenically
contaminated, mostly as a result of non-point source pollution. Assessing these types of
environments can be extremely difficult due to the numerous variables encountered and
the degree of chemical mixtures in the environment. A majority of studies examining the
effects of anthropogenic compounds on organisms are done under laboratory settings
where such variables as concentration, exposure time, and environmental factors can be
controlled. Unfortunately examining organisms in the field is not as simple or as
organized. One concern discussed in this dissertation is the variation in toxicity of
compounds among populations. With field organisms being exposed to variable
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environmental conditions and input of anthropogenic compounds, determining the
exact effect a chemical compound has in nature often proves difficult.
Registering chemical compounds with the USEPA requires a battery of EPAmandated assays including acute, sub-chronic, and chronic toxicity tests. Regulations
governing compounds such as pesticides, antifoulants, petroleum products, and
industrial solvents are typically based on laboratory toxicity assays that use organisms
with little genetic variability (Forbes and Depledge, 1992). A major concern with these
assays is that because laboratory populations are far removed from natural populations
the regulatory assays may not accurately predict natural impacts. Animals in the field
are exposed to a range of anthropogenic compounds that could induce natural
variations in response. These variations may include altered physiological, metabolic,
and detoxification pathways both among and within populations of organisms (Barata
et al, 2002; Virgilio et al, 2005; Piola and Johnston, 2006).
Another major problem is that ecotoxicological assessments often neglect a
potential pollutants’ impact on representatives of the invertebrate phyla (Depledge and
Billinghurst, 1999; Rittschof and McClellan-Green, 2005). This is alarming in view of the
ecological importance of invertebrate systems in the global environment and their
sensitivity to many toxic compounds. Since invertebrates are key components of all
ecosystems, the threat of negative reproductive and developmental effects should be
fully evaluated to ensure environmental protection. The major focus of this dissertation

19

was to investigate acute toxicity and sub-lethal effects of non-point source pollutants on
invertebrates. Four model organisms were used in this dissertation to investigate
mortality and sub-lethal effects including fecundity, fertilization success, and/or larval
development. The model species used in these studies included the mud snail, Ilyanassa
obsoleta, the American oyster, Crassostrea virginica, the variegated sea urchin, Lytechinus
variegatus, and the barnacle, Amphibalanus amphitrite.

1.4.1 Ilyanassa obsoleta
The mud snail, Ilyanassa obsoleta, (Say) is a common, soft sediment, intertidal
inhabitant found along the east coast of the United States. Mud snails tend to aggregate
in tens of thousands (Straw and Rittschof, 2004) and are reproductively active from
January through April (Oberdörster and McClellan-Green, 2000; Rittschof et al, 2002;
Straw and Rittschof, 2004; Oberdörster et al, 2005). They feed predominately on
microorganisms that grow in and on the surfaces of sediments, oysters, and on decaying
matter such as fish and crabs (Britton and Morton, 1994; Giannotti and McGlathery,
2001).
Mud snails have been used extensively in organotin related studies (Oberdörster
and McClellan-Green, 2000; Rittschof et al, 2002; Straw and Rittschof, 2004; Oberdörster
et al, 2005) and have been shown to exhibit imposex induction (a condition characterized
by the development and superimposition of male accessory sex organs (Jenner, 1979;
Gibbs et al, 1987,1991; Oehlmann et al 1996)), altered cytochrome P450 metabolism
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(Oberdörster et al, 1998), alterations in neuropeptide hormone expression (Oberdörster
and McClellan-Green, 2000), and behavioral castration (disruption of sexual behavior)
following anthropogenic exposure (Straw and Rittschof, 2004). I. obsoleta was considered
an excellent model organism, because of its rich literature base in previous studies, ease
of collection, and overall ecological importance in mud flat environments.

1.4.2 Crassostrea virginica
The American oyster, Crassostrea virginica, (Gmelin) is of both great economic
and ecological value. Oysters have been cultivated for more then 2000 years, with the
current U.S. harvest estimated at over 30 million pounds; 75% of which is comprised of
C. virginica (Southern Regional Aquaculture Center Publication, 2001). They can be
found attached to hard substrates such as rocks or other shells. Their flattened, distorted
shells are variable in size and can grow to 15 cm in length (Calvo et al, 2000). Oysters are
typically found in estuaries including embayments with low salinities and in shallow
water of tidal to subtidal depth. If uncrowned and healthy, this bivalve can live
upwards of 20 years, but more typically have life expectancy in the 5–7 year range
(Kennedy, 1996).
The reproductive cycle begins with spawning, which is usually triggered by
water temperature above 25° C (Kennedy, 1996). After fertilization in the open water,
cell division proceeds rapidly and within hours, fertilized eggs develop into microscopic
larvae. Settling occurs when the larva cements itself onto a hard substrate and
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metamorphoses into a tiny oyster termed a spat. Sexual maturity can occur within 4
months in warmer waters, but has usually been found to take between 1–3 years in
colder waters such as those surrounding the RCERR (Kennedy, 1996).
C. virginica is often used as a sentinel species due to its ability to bioaccumulate
pollutants from the environment. Healthy oyster populations increase estuarine water
clarity by filtering out suspended particles (Gerritsen et al, 1994; Brumbaugh et al, 2000).
This bivalve mollusk was chosen as a model because of its invaluable ecological and
commercial importance and for the fact that it comprises a major constituent of the
RCERR.

1.4.3 Lytechinus variegatus
The urchin Lytechinus variegatus (Lamarck) occurs in shallow water from North
Carolina to Brazil, and throughout the Caribbean and the Gulf of Mexico (Hill and
Lawrence, 2003; M. Wise, personal correspondence). The species is usually thought of as
inhabiting seagrass beds, but is more typically found on rock, oyster substrate, and hard
bottoms within and surround the Reserve (Watts et al, 2001). L. variegatus is a broadcast
spawner, which has reproductive cycles that correspond with changes in a variety of
environmental factors including temperature, salinity, photoperiod, and food
availability (Beddingfield and McClintock, 1998).
One reason L. variegatus was chosen as a model organism was because gametes
can be obtained in the laboratory with the use of KCl and fertilization and larval
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development are easily observed. The eggs and early embryos of L. variegatus are
transparent which makes visualizing cleavage and development relatively
straightforward (Ettensohn et al, 2004). In addition, the early development of sea urchin
embryos is highly synchronous, i.e., when a batch of eggs is fertilized, all of the resulting
embryos typically develop on the same time course (McCarthy and Young, 2002). This
synchronous development makes biochemical and molecular studies of early embryos
possible, and it also allows for detection of a number of disturbances in development by
anthropogenic compounds. The sea urchin has been widely used as a test species in
developmental toxicity studies (Heslinga, 1976; Bellas et al, 2005, Rosen et al, 2005;
Wong and Wessel, 2005)

1.4.4 Amphibalanus amphitrite
Amphibalanus (= Balanus, Clare and Rittschof, 1989) amphitrite (Pitombo, 2004) is a
small sessile barnacle that can be found throughout the world in the mid-intertidal to
shallow subtidal zones (Zullo, 1979) mainly as a result of ballast water introduction. In
the wild, barnacles can be found on a number of different substrates including oysters,
salt marsh cordgrass, rocks, and seawalls (Holm et al, 2000). These barnacles are
hermaphrodites, but cross-fertilization occurs in dense populations. In such cases, males
deposit sperm directly into the mantle cavity of adjacent functional females via the penis
(Ruppert and Barnes, 1996). Fertilized eggs are brooded in the mantle cavity and
produce free-swimming planktonic larvae (Rittschof et al, 2003).
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Attachment and metamorphosis of cypris larvae are extremely sensitive to a
range of environmental and anthropogenic factors (Holm et al, 2000). A. amphitrite
typically live 120 days under laboratory conditions (Rittschof et al, 2003) and can
produce up to 10,000 eggs per brood and up to 24 broods per year (Costlow and
Bookhout, 1956; El-Komi and Kajihara, 1991) under natural conditions. Because of this
organism’s sensitivity to anthropogenic factors and its role as a target species of
antifoulants, it is an excellent test organism to understand how copper pyrithione
impacts mortality and variations of toxicity within populations and families.

1.5 Objectives
The objectives of this study were (1) to determine the effects of four
representative compounds (diuron, copper pyrithione, benzo(a)pyrene, and styrene) on
acute toxicity, fecundity, and ECOD activity in the mud snail, Ilyanassa obsoleta and then
compare these results with these same organisms at each of the six sites within the
RCERR (Chapter 2); (2) to determine the effects of four representative compounds on
acute toxicity, condition index, fecundity (field sites only), and ECOD activity in the
oyster, Crassostrea virginica and then compare our results with animals from RCERR
(Chapter 3); (3) to examine the effects of diuron and copper pyrithione on mortality,
fertilization, and larval development in the sea urchin, Lytechinus variegatus (Chapter 4);
(4) to examine the variation in toxicity of copper pyrithione among populations and
families of the barnacle, Amphibalanus amphitrite (Chapter 5). Lastly Chapter 6
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summaries the results and conclusions for this study and presents a brief examination of
invertebrate health within the RCERR.

25

Chapter 2

The effects of diuron, copper pyrithione,
benzo (a) pyrene, and styrene exposure on
acute toxicity, reproduction, and ECOD activity
in the mud snail, Ilyanassa obsoleta:
A laboratory and field survey in the Rachel Carson
Estuarine Research Reserve, Beaufort, NC
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2.1 Introduction
Pesticides, antifoulants, petroleum by-products, and industrial solvents are
common pollutants found in estuarine waters. Exposure to these compounds can result
in mortality as well as sub-lethal impacts. Imposex induction (Gibbs et al, 1987),
developmental and metabolic changes (Morcillo et al, 1998), and reproductive and
behavioral alterations (Oberdörster and McClellan-Green, 2000; Oberdörster and Cheek,
2001; Straw and Rittschof, 2004) are just a few examples of the chronic effects observed
in marine invertebrates following exposure to anthropogenic compounds. The
concentration of these type of chemicals that are required to cause mortality are
chemical- and species-specific but are generally several orders of magnitude greater than
levels required to elicit chronic effects. Exposure of animals through accidental spills or
illegal dumping of toxic material often results in acute toxicity however, it is the slow
bioaccumulation and bioconcentration of anthropogenic compounds that go unseen,
that are the real cause for concern.
The rationale for this study was to examine acute and sub-lethal effects of typical
non-point source pollution (NPSP) in the model organism Ilyanassa obsoleta. Diuron,
copper pyrithione, benzo(a)pyrene, and styrene were chosen as representative
compounds of pesticides, antifoulants, petroleum by-products, and industrial solvents
typically found in estuarine environments. Diuron (3-(3,4-dichlorophenyl)-1,1dimethylurea) belongs to the N-phenylurea class of chemicals and has been one of the
27

major herbicides used since the 1950s. It has recently been added to marine antifouling
coatings. It inhibits photosynthesis in plants and algae by reversibly inhibiting electron
flow to the plastoquinone in the photosystem II (PSII) complex, resulting in the blockage
of the electron transport chain (Oettmeier, 1992; Jones and Kerswell, 2003). Diuron has
been reported at concentrations ranging from a few µg L-1 to over 1 mg L-1 in some
United States (U.S.) surface waters (Moncada, 2004; Green and Young, 2006) and has
been reported to inhibit photosynthesis in aquatic environments at concentrations as low
as 0.3 µg L-1 (Jones and Kerswell). The majority of the diuron entering the aquatic
environment results from agricultural and residential runoff (Moncada, 2004; Green and
Young, 2006).
Copper pyrithione (2-mercaptopyridine N-oxide copper salt) (CuPT) is a
microbial biocide that was introduced into the market as an antifoulant in 1996 (Arch
Chemicals; Maraldo and Dahllöf, 2004) and is presently added to existing coatings in an
attempt to lower overall copper concentrations (Voulvoulis et al, 1999). Little is known
regarding its current environmental concentrations or its mode of toxicity however;
Mackie et al (2004) reported total pyrithiones (including sodium-, zinc-, and copper
conjugates) exceeding 0.3 µg L-1 within United Kingdom (U.K.) waters. In the aquatic
environment CuPT is formed through the transchelation of its sister compound zinc
pyrithione (ZPT), which is also used in some antifouling coatings (Mackie et al, 2004;
Turley, 2005). CuPT is lipophilic with a half-live ranging between 15 min to 30 days
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(Turley et al, 2005; Maraldo and Dahllöf, 2004), depending on environmental conditions.
The fastest degradation rates of CuPT occur in the presence of light or aerobic sandy
sediments through photolysis and hydrolysis, respectively (Turley et al, 2005). While the
mode of action of CuPT is still unclear, Ermolayeva and Sanders (1995) suggest that
pyrithiones act by interfering with the activity of the primary proton pump, H+-ATPase.
This is hypothesized to result from the collapse of cell membrane pores leading to ion
gradient destabilization and ultimately cell apoptosis (Bragadin et al, 2003). It is
assumed that CuPT operates by similar mechanisms.
Benzo(a)pyrene (B(a)P) is a commonly occurring polycyclic aromatic
hydrocarbon (PAH) found in marine environments. In nature its’ main sources include
forest fires and volcanic eruption (Wcislo, 1998) but it is typically introduced into the
marine environment as a result of incomplete combustion and industrial activities
(Hylland, 2006). B(a)P is listed by the U.S. Environmental Protection Agency (USEPA) as
a possible carcinogen (USEPA, 1996; 1999) and has been found at concentrations greater
than 50 µg Kg-1 in highly polluted areas of the U.S., England, Finland, Lithuania, and
Russia (Kirso et al , 2002; Saltiene et al, 2002). The main problem associated with B(a)P
and its metabolites is their ability to interact with nucleic acids and proteins (Stegeman
and Lech, 1991; Stegman et al, 1992; Xue and Warshwsky, 2005) resulting in genetic and
biochemical alterations.
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Styrene is a volatile organic molecule (VOM) found in motor vehicle exhaust,
solvents, and other industrial practices (Gibbs and Mulligan, 1997). It is ranked 23rd in
terms of total amount released into U.S. sediments and is routinely listed among the top
carcinogenic VOMs (U.S. Toxic Release Inventory, 1997). According to USEPA Toxic
Chemical Release Inventory, total styrene released into U.S. land and water bodies from
1987-1993 totaled over 2 millions pounds. Some global concentrations have even been
reported at levels exceeding 5.0 mg L-1 (Gomez et al, 2001). In mammals, tissue
distribution of styrene occurs within the liver, pancreas, kidneys and brain and can
accumulate within fatty tissue (Bond, 1989). While several studies on the effects of
styrene exposure in mammals have been reported, limited studies have been preformed
using aquatic vertebrates and even fewer in aquatic invertebrates.
Anthropogenic compounds such as pesticides, antifoulants, petroleum byproducts, and industrial solvents enter into rivers, lakes and estuaries (Schwarzenbach
et al, 2006) daily. Organisms living in these environments will either die or invoke
coping strategies to deal with such toxicant related stress. Coping strategies often
include such detoxification mechanisms as activation of the cytochrome P450 system,
glutathione induction, metallothionein production, sequestration of metals, and
reallocation of energy supplies (Notten et al, 2006; Moraga et al, 2005).
It is known that animals in stressful conditions often reallocate energy away
from secondary biological activities such as reproduction (i.e. egg capsule production) to

30

mechanisms necessary for survival (Notten et al, 2006; Moraga et al, 2005). One such
mechanism is the cytochrome P450 detoxification system (CYP450). These phase I
enzymes are responsible for biologically transforming both endogenous and exogenous
compounds such as polycyclic aromatic hydrocarbons (PAHs), pesticides, and other
xenobiotics (Livingstone, 1985, 1989, 1997; Sarkar et al, 2006). Typical reactions
associated with CYP450 include oxidation, reduction and hydrolysis (Stegeman and
Hahn, 1994; DiGiulio et al, 1995; Lanis and Yu, 1999). These reactions can be quantified
by the measurement of specific enzyme activities. One such enzyme that has historically
been used to estimate PAH exposure is ethoxycoumarin-O-deethylase (ECOD) (Goksøyr
and Förlin, 1992).
In this study mortality, egg capsule production, and ECOD activity were
assessed in the mud snail, Ilyanassa obsoleta after exposure to four representative classes
of anthropogenic compounds (diuron, CuPT, B(a)P, and styrene). These same endpoints
were assessed in mud snails from six sites within the Rachel Carson Estuarine Research
Reserve (RCERR) Beaufort, NC. The area surrounding the reserve has recently
undergone an increase in residential development and recreational activity. The chronic
input of contaminants from these sources into the estuarine environment has the
potential to upset the balance of the existing ecosystem. The purpose of this study was to
provide insight into the effects of non-point source pollution in the ecologically
important model organism I. obsoleta.
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2.2 Methods and Materials
2.2.1 Study Sites
Six sites surrounding the RCERR were chosen for their proximity to various
industrial, residential, and coastal sources of pollution (Table 2.1, Figure 2.1). Site 1 has
no notable levels of PAHs, PCBs, or heavy metals, has been used as a control site in
previous studies (Oberdörster and McClellan-Green, 1998, 2000; Straw and Rittschof,
2004; Oberdörster et al, 2005; McClellan-Green et al, 2006), and is considered AA quality
shellfish water by the North Carolina Department of Environment and Natural
Resources (NCDENR). Site 2 is located along the Carrot Island side of Taylors Creek,
across from the Beaufort, NC waterfront and is approximately 100 m from a public
marina and other residential and private docks. Site 3 is located on the same tidal creek
as Site 2 but receives wastewater discharge from a tertiary sewage treatment pipe
approximately 200 m across the creek. Site 4 is the final site located on the Carrot Island
side of Taylors Creek and is regularly exposed to persistent and residual contaminants
from an active boat launch, commercial fishing vessels, and a nearby wood veneer
production facility. Site 5 is located along the North River Channel and was chosen in
order to evaluate anthropogenic input resulting from agricultural and recreational
activities in the North River. Site 6 is situated on the western end of the RCERR across
from Radio and Pivers Islands. It receives tidal flows from the North and Newport
River estuary and is an active waterway for boats entering the Beaufort Inlet.
32

Table 2.1
Site
1
2
3
4
5
6

Mud snail collection site coordinates and descriptions

Latitude
34° 42.38 N
34° 42.74 N
34° 42.64 N
34° 42.50 N
34° 41.67 N
34° 42.81 N

Longitude
76° 40.10 W
76° 39.58 W
76° 38.62 W
76° 37.96 W
76° 37.26 W
76° 40.23 W

Description
Reference site in Carrot Island embayment
West end of Beaufort waterfront, marine, moorings
Midway along Taylors Creek near 3° sewage pipe
Across Taylors Creek from industry and boat ramp
Along North River Channel
Across Gallants Channel from DUML

Figure 2.1 Map of the Rachel Carson Estuarine Research Reserve (RCERR), Beaufort,
NC with mud snail collection sites indicated by site number.
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2.2.2 Experimental Solutions
Diuron (Sigma-Aldrich, St. Louis, MO) stock solutions were prepared in acetone
at a concentration of 10 g L-1 following Jones and Kerswell (2003) and Chesworth et al.
(2004). CuPT (Arch Chemicals, Norwood, CT) stock solutions were prepared in
dimethylsulfoxide (DMSO) at a concentration of 2 g L-1 following Kobayashi and
Okamura (2002). B(a)P(Sigma-Aldrich, St. Louis, MO) was prepared in warm acetone at
a concentration of 1 g L-1 following McClellan-Green (personal correspondence). Styrene
(Fisher Scientific Company, Fair Lawn, NJ) stock solution was prepared in ethanol at a
concentration of 10 g L-1 following Ohtani et al (2001). Stock solutions were kept at room
temperature in dark bottles to avoid photolysis for no longer then 1 week. Working
solutions were made immediately before use by dilution in filtered seawater (FSW) to
appropriate concentrations.

2.2.3 Diuron, CuPT, B(a)P, and Styrene Acute Toxicity – LC50
Approximately 500 I. obsoleta snails were collected from Site 1 during the first
week of November 2005. Snails were maintained at the Duke University Marine
Laboratory (DUML) on a 14L:10D cycle in continuously flowing single pass sand-filtered
seawater (30–35 salinity, approx. 4°C) and allowed to graze on algae growing on the
tanks for 48 hours prior to use.
Acute toxicity assays were 96 h in duration with daily mortality checks and
water and treatment renewal. Snails (all greater than 1 cm in length) were housed in
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groups of twenty in 1 L acid-washed glass jars and allowed to acclimate to a 14L:10D
light cycle (seawater at 20°C, 35 ppt) for 24 hr before the start of the experiment. All
controls, (FSW, acetone, DMSO, and ethanol), were tested in triplicate at the highest
concentration of their respective compounds. Three replicates of 25, 50, 75, 100, and 1000
µg L-1 diuron and CuPT; 10, 50, 100, 500 µg L-1 B(a)P and 50, 500, 1000, and 5000 µg L-1
styrene were tested and analyzed for acute toxicity. LC50, the concentration at which
mortality occurs in 50% of snails, was estimated using GraphPad Prism version 4.00
(GraphPad Software, San Diego, CA).

2.2.4 Compound-Specific Egg Capsule Production and ECOD Activity
Assays
Approximately 500 I. obsoleta snails were collected from Site 1 during February
2006 and kept at DUML under the same conditions as described in section 2.2.3 for 48
hours prior to use. The test concentrations for assays were based on preliminary
findings, acute toxicity measurements, and environmentally relevant concentrations
reported in the literature.
Compound-Specific Egg Capsule Production Assay
Groups of twenty I. obsoleta were placed in 1 L acid-washed glass jars and
exposed to 750 mL of FSW, acetone, DMSO, and ethanol controls at the highest
concentration used in their respective compounds. In addition, snails were exposed to
750 mL of 100 and 1000 µg L-1 diuron; 3.21 and 49.7 µg L-1 CuPT; 10, 50, and 100 µg L-1
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B(a)P and 50, 500, 1000, and 5000 µg L-1 styrene. Both control and treated snails were
exposed for 30 days with daily renewal of compound and mortality checks. Each assay
was performed in triplicate. Snails grazed on biofilms produced in the glass jars and
were fed fish every seven days following Oberdörster et al (1998). At the end of the 30
day exposure period, snails were dissected and sexed (Oberdörster et al., 1998). The
number of females and egg capsules per jar was recorded. Statistical analysis was
preformed to compare controls to treatments with the use of a One Way Analysis of
Variance and a Holm-Sidak post-hoc test (SigmaPlot, SYSTATSoftware Inc. San Jose,
CA).
Compound-Specific ECOD Activity Assay
Groups of twenty I. obsoleta were placed in 1 L acid-washed glass jars and
exposed to 750 mL of FSW and respective solvent controls. In addition snails were
exposed to 750 mL of 100 µg L-1 diuron; 10 µg L-1 CuPT; 50 µg L-1 B(a)P and 100 µg L-1
styrene for 96 h with daily water and treatment renewal. Each exposure was preformed
in triplicate.
After 96 h snails were dissected and gonad-digestive gland removed. Gonaddigestive glands from five snails were combined per sample, rinsed in 50 mM Tris (pH
7.4), 1.15% KCl, then blotted and weighed to the nearest 0.1 gram. Tissue was
homogenized in 50mM Tris (pH 7.4), 1.15% KCl at a 1:3 (v/v) ratio and centrifuged at
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9,000 x g for 10 minutes. Supernatant was stored at -80°C until analyzed. The protein
content of all samples was determined using the Bradford method (Bradford, 1976).
Solutions consisting of 1 mL of 2 mM 7-ethoxycoumarin in Tris-HCl (pH 7.6), 400
µL of 50 mM Tris-HCl (pH 7.6), and 100 µL of sample, were added to glass tubes and
pre-warmed 5 minutes in a shaking water bath at 30°C. At the end of the pre-incubation,
25 µL of 5 mM NADPH was added to each tube and incubated at 30°C for 20 minutes.
The reaction was stopped by plunging tubes in an ice bath and deproteinated by adding
1 mL of cold 5% (w/v) zinc sulphate. Samples were centrifuged at 2000 x g for 15
minutes at 4°C. One mL of deproteinated supernatant was transferred to clean glass tube
containing 2 mL of 0.5 M glycine-NaOH buffer (pH 10.5) (Lake, 1987). ECOD activity
was measured following Livingstone (1991) (pmol hydroxycoumarin min-1 mg-1 protein)
using a Perkin-Elmer (Norwalk, CT) Model LS50B luminescence spectrophotometer at
excitation and emission wavelengths of 380 and 456 nm, respectively. Statistical analysis
was performed using paired T-tests comparing each treatment with its respective
control (SigmaPlot, SYSTATSoftware Inc. San Jose, CA.)

2.2.5 Site-Specific Egg Capsule Production and ECOD Activity
Assays
Approximately 100 to 150 I. obsoleta were collected from each of the six sites
during the last week of January 2006 to coincide with the normal snail breeding period
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(Oberdörster and McClellan-Green, 2000). Snails were maintained under the same
conditions as section 2.2.3 for 48 hours prior to use.
Site-Specific Egg Capsule Production Assay
Groups of twenty I. obsoleta were placed in 1 L acid-washed glass jars and
exposed to FSW for 30 days. Mortality assessment and water renewal was preformed
daily as described in 2.2.4. At the end of the 30 day period, snails were dissected and
sexed (Oberdörster et al, 1998). The number of females and egg capsules per jar were
counted and recorded. The average numbers of egg capsules per female were compared
to Site 1 using a paired T-test for sites 2, 3, 5, and 6 and a Mann-Whitney Rank Sum Test
for Site 4 (failed normality test) (SigmaPlot, SYSTATSoftware Inc. San Jose, CA.).
Site-Specific ECOD Activity Assay
Twenty snails from each of the six sites in the RCERR were collected and
immediately dissected. Groups of five snails per sample were rinsed in 50mM Tris (pH
7.4), 1.15% KCl, blotted and weighed to the nearest 0.1 gram. Protein concentration and
ECOD activity were determined as described in section 2.2.4. Statistical analyses were
performed comparing Site 1 (reference site) to each of the other 5 sites using paired Ttests (SigmaPlot, SYSTATSoftware Inc. San Jose, CA.).

38

2.3 Results
2.3.1 Diuron, CuPT, B(a)P, and Styrene Acute Toxicity – LC50
No mortality was observed in I. obsoleta exposed to FSW or any of the solvent
controls. Exposure to CuPT caused mortality at concentrations as low as 25 µg L-1 and
exhibited a LC50 of 63.2 µg L-1 (95% C.I. 50.3–79.3 µg L-1; Figure 2.2). Styrene produced
mortality in exposed snails at concentrations as low as 50 µg L-1 and resulted in a LC50 of
1341 µg L-1 (95% C.I. 1020.0–1765.0 µg L-1). No LC50 could be estimated for diuron or
B(a)P. B(a)P exposures did produce a lowest observable effective concentration (LOEC)
at 10 µg L-1 and a 20% mortality at 500 µg L-1 .

Figure 2.2 Mortality in Ilyanassa obsoleta after 96 h exposure to CuPT (○) and styrene
(■). Dashed lines indicate 95% confidence interval.
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2.3.2 Compound-Specific Egg Capsule Production Assay
The average number of egg capsules laid per female for FSW was 73.2 (±3.2;
Standard Error of the Mean). This was not significantly different from the acetone,
DMSO, or ethanol controls, thus all controls were combined to increase statistical power.
Diuron significantly (p<0.05) decreased egg capsule production in both the 100 and 1000
µg L-1 treatments with egg capsule laid per female values of 43.3 (±3.3) and 53.8 (±6.4),
respectively (Figure 2.3a). Likewise snails exposed to 3.21 and 49.7 µg L-1 CuPT
produced significantly fewer egg capsules with an average of 54.5 (±4.6) and 0 (±0) egg
capsules laid per female, respectively (p<0.05) (Figure 2.3b). The 50 and 100 µg L-1
concentrations of B(a)P differed significantly from the control with average egg capsules
laid per female of 55.3 (±6.8) and 54.2 (±1.8), respectively (p<0.05) (Figure 2.3c). All
styrene treatments (50, 500, 1000, and 5000 µg L-1) produced significantly fewer (p<0.05)
number of egg capsules per female (50.46 (±4.9), 34.39 (±2.7), 23.92 (±3.0), and 10.9 (±5.7),
respectively) than the control (Figure 2.3d). Thus, exposure of mud snails to each of the
test compounds significantly reduced the number of egg capsules laid.

2.3.3 Compound-Specific ECOD Activity Assay
The average ECOD activity in snails exposed to FSW was 0.003 (±0.003) pmol
hydroxycoumarin min-1 mg-1 protein. This was significantly lower then the acetone
control of 0.013 (±0.001) pmol hydroxycoumarin min-1 mg-1 protein), but was not
different than either the DMSO or ethanol controls. ECOD activity measured in I.
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obsoleta exposed to diuron, CuPT, or styrene was not significantly different from FSW or
their respective solvent controls (acetone, CUPT, and ethanol). Exposure of snails to 50
µg L-1 B(a)P had significantly decreased (p<0.05) ECOD activity (0.004 (±0.003) pmol
hydroxycoumarin min-1 mg-1 protein) when compared to the acetone control (Figure 2.4).
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Figure 2.3 Average number of egg capsules per female Ilyanassa obsoleta after 30 d
exposure. Treatment included (a) diuron and acetone solvent control, (b) CuPT and
DMSO solvent control, (c) B(a)P and acetone solvent control, and (d) styrene and
ethanol solvent control. Error bars are standard error.*p<0.05.
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Figure 2.4 ECOD activity in Ilyanassa obsoleta after 96 h exposure. Exposures include
(a) FSW, acetone solvent and diuron control (asterisk indicates significance solely
between FSW and acetone solvent control), (b) DMSO solvent control and CuPT, (c)
acetone solvent control and B(a)P, and (d) ethanol solvent control and styrene. Error
bars are standard error. *p<0.05

2.3.4 Site Specific Egg Capsule Production Assay
The average number of egg capsules laid per female ranged from 0.55 to 60.45
between the six sites (Figure 2.5). Egg capsules laid per female averaged 55.5 (±3.0) at
Site 1 (Figure 2.5). This was significantly higher than averages at sites 3, 4, and 6. Site 6
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average 35.7 (±4.1; p=0.05) egg capsules laid per female. Site 4 had the lowest number of
egg capsules laid per females, averaging 0.55 (±0.21; p=0.05). Site 3 fell in between the
number of egg capsules laid per female at Site 4 and 6, with egg capsules laid per female
averaging 4.7 (±0.9; p=0.001). Site 2 averaged 50.68 egg capsules laid per female which
was similar to Site 1. Site 5 had the highest number of egg capsules laid per female with
a value of 60.45 (±5.57) but this level was not significantly different from Site 1.
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Figure 2.5 Average number of egg capsule per female Ilyanassa obsoleta at sites 1–6.
Error bars are standard error. *p<0.05 compared to control site 1.
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2.3.5 Site Specific ECOD Activity Assay
ECOD activity in snails collected from Site 1 was 0.015 (±0.005) pmol
hydroxycoumarin min-1 mg-1 protein). This level of activity was higher, although not
significantly, than Sites 2, 4, 5, or 6 (Figure 2.6). Site 3 snails exhibited approximately the
same level of activity as Site 1. Snails from all sites were highly variable with respect to
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Figure 2.6 ECOD activity in Ilyanassa obsoleta at sites 1–6. Error bars are standard
error.
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2.4 Discussion
2.4.1 Diuron, CuPT, B(a)P, and Styrene Acute Toxicity – LC50
LC50s represent the lethal concentration of a toxicant that is required to cause
mortality in 50% of exposed organisms. Concentrations causing mortality in I. obsoleta
are within the range of reported values for other marine organisms (Table 2.2). In this
study only CuPT and styrene were able to elicit such acute effects, 63.2 µg L-1 and 1341.0
µg L-1, respectively. B(a)P causes mortality in only 20% of snails exposed at the highest
concentration of 500 µg L-1. Diuron was unable to produce mortality even at the highest
concentration of 1000 µg L-1. Realistically, the concentrations of diuron, CuPT, and B(a)P
required to elicit mortality in I. obsoleta in this study are not environmentally relevant.
However, the LC50 for styrene (1341 µg L-1) is well below some present environmental
levels. Concentrations in various Argentinean wastewater effluents have been reported
as high as 5 mg L-1 (Gomez et al, 2001). In addition, styrene was one to ten orders of
magnitude more toxic to mud snails than other organisms such as the fish, Pimephalus
promelas and earthworm, Eisenia foetida (Cushman et al, 1997). The reason some
organisms are more susceptible to toxicants than others is not fully understood at this
time, but may be explained by variations in metabolic processes, physiology, or
detoxification pathways (Davis and Hidu, 1969; Lytle and Lytle, 1990; Au et al, 1999;
Lannig et al, 2006).
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Table 2.2 Toxicity data of diuron, copper pyrithione (CuPT), benzo(a)pyrene (B(a)P,
and styrene.
Compound

Organism

LC50

Reference

Diuron

Mercenaria mercenaria (clam)

5 mg L-1

Davis and Hidu, 1969

Americamysis bahia (shrimp)

1.1 mg L-1

U.S. EPA, 2000

Daphnia magna (water flea)
Pterconarcys californicus (stone
fly)

0.4 mg L-1

Shcherban, 1972

3.6 mg L-1

Sanders and Cope, 1968

Aedes aegypti (mosquito)

1.2 mg L-1

Nebeker and Schytema, 1998

Chironomus tentans (midge)
Lytechinus variegatus
(echinoderm)
Heptacarpus futilirostris
(shrimp)

3.3 mg L-1

Knapek and Lakota, 1974

7.14 mg L-1

Chapter 4, this dissertation

2.5 µg L-1

Mochida et al, 2006

Pagrus major (fish)

9.3 µg L-1

Mochida et al, 2006

Aquatic fish

4.3–43.6 µg L-1

Yamada and Kauno, 2002*

Pinmephales promelas (fish)

4.3 µg L-1

NRAAVC, 2001

Oncorhynchus mykiss (fish)
Lytechinus variegatus
(echinoderm)

7.6 µg L-1

Okamura et al., 2002

14.04 µg L-1

Chapter 4, this dissertation

Daphnia pulex (water flea)

5 µg L-1

Trucco et al, 1983

xenopus laevis (frog embryo)

13.4 mg L-1

Propst et al, 1997

Solea solea (fish)

5 mg L-1

Au et al, 1999

Gammarus duebeni (amphipod)

11 mg L-1

Lawrence and Poulter, 1998

Pimephales promelas (fish)

10 mg L-1

Cushman et al, 1997

CuPT

B(a)P

Stryene

Hyalella azteca (amphipod)
9.5 mg L-1
Eisenia fostida (earthworm)
120 mg Kg-1
* orginal article in Japanese, abstract in english

Cushman et al, 1997
Cushman et al, 1997

2.4.2 Compound-Specific Egg Capsule Production Assay
Little is know about the endocrine or other physiological effects of diuron in
aquatic invertebrates (Nebeker and Schuytema, 1998). I. obsoleta exposed to both 100 and
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1000 µg L-1 diuron produced significantly (p<0.05) lower numbers of egg capsules per
females then control animals. One possible explanation is that diuron may be interfering
with endocrine function resulting in decreased fertilization or fecundity. Nebeker and
Schuytema (1998) reported decreased survival and number of young produced in
Daphnia pulex exposed to diuron at concentrations of 7.7 mg L-1 and in the fathead
minnow, Pimephales promelas at concentrations of 31.2 mg L-1. These concentrations are 1
to 2 orders of magnitude higher than that which produced decrease egg capsule
production in I. obsoleta. Such low sub-lethal effects were also reported by Romano et al
(in preparation) where exposure of sea urchins, Lytechinus variegatus to 0.1µg L-1 diuron
significantly impacted sperm function. In addition, Christian and Tate (1982) reported
that another urea pesticide, fluometuron, also decreased fecundity in the flatworm,
Fasciola hepatica, at realistic environmental concentrations.
One other possible explanation may be related to the decrease in photosynthetic
food available to I. obsoleta during the period of egg capsule production. Diuron has
been observed to inhibit photosynthesis at concentrations as low as 0.3 µg L-1 (Jones and
Kerswell, 2003). It was expected in addition to fish meat every seven days, snails would
also graze on algae and other photosynthetic growth within the glass jars. The removal
of this added food source in combination with the toxicant itself may have been enough
to nutritionally limit snails causing them to reallocate energy from fecundity
mechanisms into starvation and detoxification coping strategies. Similar energy
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reallocation in times of stress has been observed in marine organisms such as the mysid
shrimp, Neomysis integer following tributyltin exposure (Verslycke et al, 2003).
Snails that were exposed to 3.21 and 49.7 µg L-1 CuPT were also observed to have
significantly decreased egg capsule production. This may have also resulted from some
interference in endocrine function or physiological mechanism. At this time the mode of
toxicity of CuPT is thought to include cell membrane disruption resulting in altered ATP
synthesis (Chandler and Segel, 1978; Dinning et al, 1998; Bragadin et al, 2003). In CuPT
exposed snails, decreased ATP supplies may interfere with either egg capsule
production directly or in the physical release of egg capsules from the oviduct. Typically
eggs are released from the ovary and fertilized in the oviduct (Sullivan and Maugel,
1984). They are then transferred to the albumen gland and embedded within fibrous
material which is ultimately passed through the oviduct and out into the mantle
(Sullivan and Maugel, 1984). It is possible that decreased ATP production affects one or
more steps of egg capsule production and/or extrusion. Unfortunately ATP levels and/or
synthesis were not measured as part of this study. Histological analysis may help
identify any causative abnormal morphology in the egg capsule gland and/or oviduct
resulting from CuPT exposure.
Styrene significantly reduced egg capsule production at concentrations of 50, 500,
1000, and 5000 µg L-1. Styrene is metabolized by cytochrome P450 isozymes (CYP2E1
and CYP2F2 in mammals) to styrene oxide (Linhart et al, 2000) which in turn has been
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reported to cause glutathione depletion (Hynes et al, 1999). Information regarding the
toxicity of styrene to aquatic organisms is very minimal in the literature and mainly
limited to acute studies (Gibbs and Mulligan, 1997). The cause of decreased egg capsule
production following styrene exposure in snails in not known, but similar reductions in
fertility have been reported in Ceriodaphnia dubia at styrene dimer and trimer
concentrations as low as 0.04 µg L-1 (Tatarazako et al, 2002). Further histological analysis
examining the egg capsule gland and oviduct could provide insight into this problem.

2.4.3 Compound-Specific ECOD Activity Assay
The cytochrome P450 (CYP450) system is an integral part of the detoxification
process and is typically associated with phase I type reactions (Landis and Yu, 1999)
such as oxidation, reduction, and hydrolysis (Stegeman and Hahn, 1994; Di Giulio et al,
1995). Benzo(a)pyrene is a classical PAH inducer of cytochrome P450 activity
(specifically CYP4501A) in many species and has historically been quantified by ECOD
activity (Goksøyr and Förlin, 1992). In the present study, none of the test compounds
significantly increased ECOD activity. The one surprising observation was that the
acetone control (p<0.05) and to some extent the ethanol control (although not
significantly) induced ECOD activity in snails when compared to FSW (Figure 2.4).
Acetone and ethanol are metabolized by some of the same enzyme systems and
can both induce expression of cytochrome P4502E1 (Lieber and Decarli, 1972; Brady et
al, 1988; Sohda et al, 1993; Forkert et al, 1994; Bondoc et al, 1999). Brady et al (1988) and
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Forkert et al (1994) reported that acetone significantly increased both the microsomal
protein content and the activity of cytochrome P4502E1 in rat liver 18 h after a single
dose of 15 nmol kg-1 body weight and in mouse liver 24 h after exposure to a single oral
dose of 5 mL kg-1. Ethanol has also been found to induce microsomal protein content
and P4502E1 activity in rat liver (Lieber and Decarli, 1972, Lieber, 1999).
The use of ECOD activity to assess CYP2E1 induction has been demonstrated in
mammals for nearly a decade (Wronska et al 1997; Gonzalez and Tarloff, 2004) and
recently in invertebrates by Downs et al (2001) through the cross reactivity of
mammalian CYP2E1 antibodies in I. obsoleta. Since acetone and ethanol can induce
CYP2E1 induction and CYP2E1 can be quantified by ECOD activity, the increased
ECOD activities seen in this study could be attributed to the acetone and ethanol
exposures. A repeat of this study should be preformed to verify this supposition.
In snail exposure to B(a)P, ECOD activity was significantly (p<0.05) less than
activity measure in the solvent control, acetone. This was unexpected since B(a)P has
long been known to induce ECOD activity in higher order species (Stegeman and Hahn,
1994; Padros and Pelletier, 2000). One explanation may be the short duration of the
exposure. B(a)P is considered a chronic toxicant and acute toxicity in not normally seen
at environmentally relevant concentrations. Grinwis et al (2000) reported similar
findings in the European flounder, Platichthys flesus. B(a)P was found not to induce
CYP1A at exposure concentrations of 28 µg L-1 nor with intraperitoneal administration at
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a dose of 25 mg Kg-1 body wt during a short-term. The reason for the lack of ECOD
induction in compound exposed I. obsoleta may be related to the short duration of the
experiment. Alternatively it is possible that invertebrates such as the mud snail do not
respond to classical aryl hydrocarbon receptor (AhR) ligands in the same manner as
higher organisms. This could be due to altered receptor mechanisms or composition of
cytochrome P450 isozymes. The induction of P4501A activity has been reported to be
very low (~2X background) in both gastropod and bivalve molluscs, particularly during
active breeding periods (Livingstone and Farrar 1985; Hamers et al, 2004). Although the
reason behind the seasonal differences it is not known, it could explain the decreases
seen in our study since snails were collected in the middle of their breeding season
(February).

2.4.4 Site-Specific Egg Capsule Production Assay
Decreased reproductive potential was also observed at some of the six RCERR
sites. Sites 3, 4, and 6 were 11, 100, and 1.5 fold (respectively) lower with respect to egg
capsule production per female than animals from reference Site 1. Site 3 is
approximately 200 m from a tertiary-treated sewage discharge pipe. Sewage treatment
effluents are known to contain pharmaceuticals, personal hygiene by-products and
industrial chemicals (Daughton and Ternes, 1999; Kummerer, 2001).These type of
compounds can have a wide range of effects on organisms living in proximity their
discharge and in many cases produced endocrine disrupting effects (Kime, 1999;
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Sumpter, 1998). In a recent study, Cœurdassier et al (2005) exposed snails, Lymnaea
palustris, to wastewater effluent for four weeks resulting in decreased egg production
per female, eggs per cluster, and egg clusters per snail. The decrease in egg capsules laid
per female observed in this study may be due to a similar process involving the
proximity to wastewater effluent. A study directly exposing I. obsoleta to the effluent
discharge would test this hypothesis.
Both Sites 4 and 6 experience heavy boat traffic. Site 4 is located across from an
active boat launching facility as well as docks for commercial fishing vessels. Snails from
Site 4 exhibited the lowest number of egg capsules per female, over 100 fold lower than
animals from the reference site. Site 6 is located on the western end of the RCERR
adjacent to Radio and Pivers Islands and the Beaufort Inlet and produced approximately
half the number of egg capsule as snails from Site 1. A study by Romano et al
(manuscript in preparation) reported higher concentrations of PAH (pyrene,
benzo(a)pyrene, and naphthalene) in the vicinity of Site 4 than Site 1 (unfortunately
sediment from Site 6 was not tested). If snails are being stressed by these and other
contaminants such as copper, TBT, and antifouling compounds then they (similarly to
the diuron, CuPT, styrene compound assays) could also be experiencing endocrine
system alterations or possibly reallocating energy supply from reproduction to survival
and detoxification (Servia et al, 2006; Heiden et al, 2005).
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It is interesting to note that in another study by Romano et al (manuscript in
preparation), imposex levels at Site 1 were reported to be 0%, while a site directly across
from site 4 reported an imposex rate of over 90%. The observed increased in imposex
levels in snails from the area adjacent Site 4 may explain the dramatically lower number
of egg capsules laid per female. It is possible that endocrine disrupting compound (EDC)
contaminants entering the waterway across the creek are also deposited at Site 4.
Unfortunately the imposex levels at Site 4 were not measured. Oehlmann et al (2000)
and McClellan-Green (2005) have both reported significant decreases in fecundity and
egg capsule production after exposure to nanomolar concentrations of triphenyltin and
tributyltin, respectively. Unfortunately imposex levels were also not recorded at Sites 3
or 6. If snails were negatively impacted by organotin exposure, it is also possible their
fecundity was impacted.

2.3.5 Site Specific ECOD Activity Assay
There was no statistically significant inhibition or induction of ECOD activity at
any of the six sites sampled within the RCERR. This may be due to the time of year the
animals were collected. Livingston and Farrar (1985) reported seasonal changes in
benzo(a)pyrene hydroxylase activity (BPH) in the mussel, Mytilus edulis with BPH
activity being low with the onset of spawning. They reported increases in BPH activity
during the non-reproductive period. The I. obsoleta breeding season begins around midJanuary and progresses through the end of April (Oberdörster et al, 1998, 2005;
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Oberdörster and McClellan-Green, 2000). Since snails were obtained in January, it is
possible that instead of increasing enzymatic activity to detoxify PAHs, snails
ovodeposit these toxicants within the eggs. Other studies have reported toxic
compounds being ovodeposited in eggs (Stewart et al, 1997; Dimitriou et al, 2003). In a
study by Goldberg et al (2004) TBT was found in egg capsules of the snail Adelomelon
brasiliana at concentrations ranging between 0.264 and 1.86 µg per egg.
To conclude, estuarine environments are unique and delicate ecosystems that
serve as spawning grounds, nurseries, and living environments for numerous organisms
and aquatic life. Unfortunately they are all too often the ‘end of line’ for pesticides,
antifoulants, petroleum by-products, and industrial solvents. While these compounds
can elicit acute responses at high concentrations, they typically cause far more silent
problems such as endocrine disruption and reproductive damage. Although some of the
concentrations used in the acute toxicity assays were not environmentally relevant (at
present), the concentrations that resulted in decreased egg capsule production per
female were relevant. The exact mechanism causing the decrease in fecundity in diuron,
CuPT, B(a)P, and styrene exposed I. obsoleta, is not known at this time. Other than PAHs,
the presence of these compounds within the RCERR is only hypothesized based on
human influences. What is known is that some anthropogenic compound or mixtures of
compounds are having negative impacts on fecundity in I. obsoleta within the Rachel
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Carson Research Reserve. Further assessments must be made to evaluate the causes of
such problems and to monitor the Reserve’s continued health.
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Chapter 3

The effects of diuron, copper pyrithione,
benzo (a) pyrene, and styrene exposure on
acute toxicity, condition index, fecundity, and ECOD
activity in the American oyster, Crassostrea virginica:
A laboratory and field survey in the Rachel Carson
Estuarine Research Reserve, Beaufort, NC.
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3.1 Introduction
The Rachel Carson Estuarine Research Reserve (RCERR) is home to a wide
variety of marine invertebrates. One of its inhabitants is the American oyster, Crassostrea
virginica (Gmelin, 1791). The oyster is a sessile bivalve mollusc of great ecological and
economic importance. It is often used as a sentinel species due to its ability to
bioaccumulate pollutants from the environment (Paez-Osuna et al, 2002). Healthy oyster
populations increase estuarine water clarity by filtering out suspended particles
(Gerritsen et al, 1994; Brumbaugh et al, 2000) and often serve as the only natural hard
substrates for other marine animals in these soft-bottomed environments providing
(Soniat et al, 2004; Woods et al, 2005).

Recently oysters have been the target of parasites, disease, and anthropogenic
contaminates in the Chesapeake Bay, the estuaries and bays of North Carolina, and in
other coastal Atlantic waters (Ewart and Ford, 1993; Smith et al, 2005; Encino et al, 2006).
As result, the oyster industry has suffered dramatically over the past two decades. In
1983, more than 724,000 pounds of oyster meat was harvested with an estimated value
of $1.02 million. This is compared to just 260,000 pounds in 2003, with an estimated
value of $1.12 million according to the N.C. Division of Marine Fisheries (NCDMF). The
purpose of this study was to assess the role of non-point source contaminants on oyster
decline, by evaluating the effects of representative contaminants on metabolic and
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physiological parameters. We also addressed current populations of C. virginica within
the Rachel Carson Estuarine Research Reserve (RCERR) in Beaufort, NC in an effort to
determine whether they are affected by non-point source contaminants. Acute and sublethal chronic effects were examined in C. virginica after exposure to four representative
anthropogenic compounds (diuron, copper pyrithione, benzo(a)pyrene, and styrene)
and at six sites within the Rachel Carson Estuarine Research Reserve (RCERR). These
compounds were chosen to represent types of pesticides, biocides, petroleum byproducts, and industrial solvents typically found in estuarine environments.
Diuron (3-(3,4-dichlorophenyl)-1,1-dimethylurea is urea herbicide that has been
used in agriculture since the 1950s and has recently been added to some antifouling
coatings. It inhibits photosynthesis by interfering with electron flow to the
plastoquinone in photosystem II (PSII) complex, resulting in the blockage of the electron
transport chain (Oettmeier, 1992; Jones and Kerswell, 2003). Diuron has been reported in
some United States (U.S.) surface waters at concentrations ranging from a few µg L-1 to
over 1 mg L-1 (Moncada, 2004; Green and Young, 2006) and has been found to inhibit
photosynthesis in aquatic environments at concentrations as low as 0.3 µg L-1 (Jones and
Kerwell, 2003). The majority of the diuron entering the aquatic environment is a result of
agricultural and residential runoff (Moncada, 2004; Green and Young, 2006).
Copper pyrithione (2-mercaptopyridine N-oxide copper salt) (CuPT) is a broad
spectrum biocide that was introduced into the antifouling market in 1996 (Arch
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Chemicals; Maraldo and Dahllöf, 2004). It is presently added to many existing coatings
in an attempt to lower overall copper concentrations (Voulvoulis et al, 1999). Little is
know regarding its mode of toxicity or its current environmental concentration however
Mackie et al (2004) reported total pyrithiones (including sodium-, zinc-, and copper
conjugates) within United Kingdom (U.K.) waters exceeding 0.3 µg L-1. In the aquatic
environment other pyrithiones (sodium and zinc) transchelate (Mackie et al., 2004;
Turley et al, 2005) to CuPT with half-lives ranging between 15 min to 30 days (Turley et
al., 2005; Maraldo and Dahllöf, 2004), depending upon environemntal conditions. The
fastest degradation rates of CuPT occur in the presence of light or sediments (Turley et
al, 2005). While absolute certainty of the mode of action of CuPT is unclear, Ermolayeva
and Sanders (1995) suggest that pyrithiones in general act by interfering with the activity
of the primary proton pump, H+-ATPase. This is hypothesized to result from the
collapse of cell membrane pores which lead to ion gradient destabilization and
ultimately cell apoptosis (Bragadin et al, 2003). It is assumed that CuPT operates by a
similar mechanism.
Benzo(a)pyrene (B(a)P) is a frequently occurring polycyclic aromatic
hydrocarbon (PAH) found in aquatic environments. B(a)P is naturally produced as a
result of forest fires and volcanic eruption (Wcislo, 1998) but is typically introduced into
the marine environment as a result of combustion and industrial activities (Hylland,
2006). B(a)P is listed by the U.S. Environmental Protection Agency as a possible

59

carcinogen (USEPA 1996, 2002) and has been found at concentrations greater than 50 µg
Kg-1 in highly polluted areas of the U.S., England, Finland, Lithuania, and Russia (Kirso
et al , 2002; Saltiene et al, 2002). B(a)P toxicity results from its (and its metabolites) ability
to interact with nucleic acids and proteins (Stegeman and Lech, 1991; Stegman et al,
1992; Xue and Warshwsky, 2005) resulting in biochemical and genetic alterations
Styrene is a volatile organic molecule (VOM) found in solvents, motor vehicle
exhaust, and from other industrial activities (Gibbs and Mulligan, 1997) It is one of the
top carcinogenic compounds released into the environment (U.S. Toxic Release
Inventory, 1997) and has been reported in some South American wastewater effluents at
concentrations exceeding 5.0 mg L-1 (Gomez et al, 2001). Numerous studies have shown
that styrene is deposited in the liver, pancreas, kidneys and brain of mammals and can
accumulate to significant levels lipid rich tissues (Bond, 1989). While several studies on
the effects of styrene exposure in mammals and other vertebrates have been reported,
few have been performed in aquatic invertebrates.
In this study mortality, condition index, egg production, and ECOD activity were
assessed in the American oyster, Crassostrea virginica after exposure to four
representative classes of compounds and at six sites within the RCERR. An organism’s
ability to deal with non-point source contaminants is critical to survival in most polluted
environments.
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Condition index is one method employed to evaluate how oysters and other
bivalves are affected by their environment (Van Dolah et al, 1992; Rheault and Rice,
1996) and has historically been used to assess oyster growth with respect to
anthropogenic contaminants (Lawrence and Scott, 1982; Lauenstein and O’Conner, 1988;
Lytle and Lytle, 1990; Yevich and Zaroogian, 1990). The literature is replete with
different methods for calculating condition index, but it more often includes a ratio
involving wet and dry weights, together with other physical parameters such as length,
width, or volume. This study employs the condition index as described by Abbe and
Sanders (1988), which compares dry tissue weight to the interior volume of oysters.
Changes in growth can be attributed to physiological changes experienced by oysters in
terms of carbohydrate, protein, lipid, and mineral content as well as parasitism and the
effects of anthropogenic compounds (Austin et al, 1993; Cheung and Tse, 1993; MarinMezquita et al, 1997).

The P450 system is an integral part of the detoxification process and is typically
associated with reactions such as oxidation, reduction, and hydrolysis (Stegeman and
Hahn, 1994; DiGiulio et al, 1995; Landis and Yu, 1999). Ethoxycoumarin-O-deethylase
(ECOD) has been widely used to assess substrate specificity of cytochrome P450 in
mammals and some invertebrates (Goksøyr and Förlin, 1992). The major catalysts for
ECOD activity in mammals are P450 isoyzmes 1A1, 1A2, 2B, and 2E1 which are induced
by a range of anthropogenic compounds (Yamazaki et al, 1996).
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The area surrounding the reserve has recently undergone an increase in
residential development and anthropogenic activity. The persistent input of pollution
from these sources into the environment has the potential to upset the existing
ecosystem. The purpose of this study was to provide insight into the effects of non-point
source pollution in the ecologically and economically important model organism C.
virginica.

3.2 Methods and Materials
3.2.1 Study Sites
Site 1 (Figure 3.1) is located within the southwest portion of the RCERR and has
been used as a reference site in several pervious studies (Oberdörster et al, 1998, 2005;
Oberdörster and McClellan-Green, 2000; Straw and Rittschof, 2004; McClellan-Green et
al, 2006). Site 2 is located on the Carrot Island side of Taylors Creek, a tidal creek, and is
approximately 200 m across from a public marina and numerous residential and public
docks. Site 3 is situated to the east of Site 2 along the Carrot Island side of Taylors Creek
and is approximately 100 m from a tertiary treated wastewater drainage pipe. Site 4 is
even further east along the Carrot Island side of Taylors Creek and is regularly exposed
to persistent and residual petroleum by-products from an active boat launch, a dock for
commercial fishing vessels, and a nearby wood veneer production facility. Site 5 is
located along the North River Channel and was chosen in order to evaluate
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anthropogenic input resulting from agricultural and recreational activities in the North
River. Site 6 is situated on the western end of the RCERR across from Radio and Pivers
Islands. It receives tidal flows from the North River and Newport River estuary and is
an active waterway for boats entering the Beaufort Inlet.

Figure 3.1 Map of the Rachel Carson Estuarine Research Reserve (RCERR), Beaufort,
NC with oyster collection sites indicated by site number.

3.2.2 Experimental Solutions
Stock solutions of diuron (Sigma-Aldrich, St. Louis, MO) were prepared in
acetone at a concentration of 10 g L-1 following Jones and Kerswell (2003) and Chesworth
et al (2004). Stock solutions of CuPT (Arch Chemicals, Norwood, CT) were prepared in
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dimethylsulfoxide (DMSO) at a concentration of 2 g L-1 following Kobayashi and
Okamura (2002). B(a)P(Sigma-Aldrich, St. Louis, MO) stock solution was prepared
following P. McClellan-Green, personal correspondence, in warm acetone at a
concentration of 1 g L-1. Stock solutions of styrene (Fisher Scientific Company, Fair
Lawn, NJ) were prepared following Ohtani et al (2001) in ethanol at a concentration of
10 g L-1. All stock solutions were kept in amber bottles or wrapped in aluminum foil at
room temperature for no longer then 1 week to avoid photolysis. Working solutions
were made directly before use by diluting stock solutions in filtered seawater (FSW) to
appropriate concentrations.

3.2.3 Diuron, CuPT, B(a)P, and Styrene Acute Toxicity – LC50
Approximately 80–120 oysters were collected from Site 1 during the months
April, June, and July 2005. Oysters were maintained at the Duke University Marine
Laboratory (DUML) on a 14L:10D cycle in continuously flowing single pass sandfiltered seawater (30–35 salinity, approx. 4°C) for 48 hours prior to 96 h mortality assays.
Ninety six hour acute toxicity assays were conducted with water renewal and
mortality checked daily. Oysters (all over 7 cm in length) were housed in groups of 10–
12 in 54 L glass aquaria and allowed to acclimate to a 14L:10D light cycle, temperature of
18–20°C, and a salinity of 35 ppt for 24 hr before the start of each experiment. Each
compound was tested at different time periods. FSW and solvent controls were tested at
the highest concentration of their respective compounds in each treatment (diuron/
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acetone, CuPT/DMSO, B(a)P/acetone, styrene/ethanol). Compound treatments consisted
of the following: 1, 5, 10, and 50 mg L-1 diuron; 5, 10, 50, 100 µg L-1 CuPT; 10, 50, 500 µg
L-1 B(a)P; and 50, 500, 5000 µg L-1 styrene.
Animals were deemed dead if a gap between the two valves was evident
following removal from the tanks indicating that the abductor muscle was no longer
functioning. Desiccation and odor were also used to assess mortality. Acute toxicity or
the lethal concentration required to cause mortality in 50 % of animals was estimated
using GraphPad Prism version 4.00 (GraphPad Software, San Diego, CA).

3.2.4 Compound-Specific Condition Index and ECOD Activity Assays
Approximately 80–120 oysters were collected from Site 1 in November 2006.
Oysters were maintained on a 14L:10D cycle under the same condition as in section 3.2.3
for 48 hours prior to treatment. Following exposure, the oysters were assessed for
compound specific condition index and ECOD activity. The concentrations used in these
assays were determined from preliminary findings and acute toxicity measurements and
were deemed to be environmentally relevant based on reports in the literature.
Compound-Specific Condition Index Assay
Groups of 3 C. virginica were placed in large acid-washed glass finger bowls and
exposed to FSW, DMSO, acetone, and ethanol controls at the highest concentration of
their respective compounds. Treatment exposures were conducted in triplicate at
concentrations in 1L volumes of 1000 µg L-1 diuron; 10 µg L-1 CuPT; 50 µg L-1 B(a)P; and
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2000 µg L-1 styrene. All assays were carried out for 96 h with daily water renewal and
mortality checks. At the end of the 96 h exposure period, whole wet weight, body wet
weight, and empty shell wet weight were recorded. Oysters were then dried for 48 h at
85°C and whole dry weight, body dry weight, and empty shell dry weight were
recorded. Condition index was determined following Abbe and Sanders (1988).
Condition Index = (dry total oyster weight (g)/dry shell cavity volume) x 100
Dry Shell Cavity Volume = whole weight – empty shell weight

The condition index values were compared between controls and their respective
treatments using paired T-tests (SigmaPlot, SYSTATSoftware Inc. San Jose, CA).
Compound-Specific ECOD Activity Assay
Groups of 3 C. virginica were placed in large acid-washed glass finger bowls and
exposed to the same solvent controls and compound treatments as in section 3.2.4 for 96
h with daily water renewal and mortality checks. Oysters were dissected and digestive
gland removed. Digestive glands from individual oysters were then rinsed in 50 mM
Tris (pH 7.4), 1.15% KCl, blotted and weighed to the nearest 0.1 g. Tissue was then
homogenized in 50 mM Tris (pH 7.4) and 1.15% KCl at a 1:3 (v/v) ratio and centrifuged
at 9,000 x g for 10 minutes. Supernatant was stored at -80°C until assayed. The protein
content of all samples was determined using the Bradford method (Bradford, 1976).
Solutions consisting of 1 mL of 2 mM 7-Ethoxycoumarin in Tris-HCl (pH 7.6),
400 µL of 50 mM Tris-HCl (pH 7.6), and 100 µL of sample, were added to glass tubes
and pre-warmed 5 minutes in a shaking water bath at 30°C. At the end of the incubation,
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25 µL of 5 mM NADPH was added to each tube and incubated at 30°C for 20 minutes.
The reaction was stopped by plunging tubes into an ice bath and deproteinated by
adding 1 mL of cold 5% (w/v) zinc sulphate. Samples were centrifuged at 2000 x g for 15
minutes at 4°C (Lake, 1987). One mL of deproteinated supernatant was transferred to
clean glass tube containing 2 mL of 0.5 M glycine-NaOH buffer (pH 10.5). ECOD
activity was measured following Livingstone (1991) (pmol hydroxycoumarin min-1 mg-1
protein) using a Perkin-Elmer (Norwalk, CT) Model LS50B luminescence
spectrophotometer at 380/456 and excitation and emission, respectively. Statistical
analysis was compared between controls and their respective treatments using paired Ttests for CuPT, B(a)P, and a Mann-Whitney Rank of Sums for diuron (failed normality
test) (Sigma Plot, SYSTAT Software Inc. San Jose, CA).

3.2.5 Site-Specific Condition Index, Eggs per Female, and ECOD
Activity Assays
Approximately 60 oysters were collected from each of the six sampling sites
during June 2006. Once collected, oysters were returned and maintained under the same
acclimation conditions as the acute and exposure assays.
Site-Specific Condition Index Assay
Similar testing conditions and procedures used in the compound-specific assays
(section 3.2.4) for condition index were employed for the site-specific assay. Five oysters
from each site were opened and whole wet weight, body wet weight, and empty shell
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wet weight were recorded. Oysters were then dried for 48 h at 85°C and whole dry
weight, body dry weight, and empty shell dry weight were recorded. Condition index
was determined following Abbe and Sanders (1988). Statistics were preformed on
condition index values per site using a Kruskal-Wallis One-Way Analysis of Variance on
Ranks (SigmaPlot, SYSTAT Software, Inc. San Jose, CA).
Site-Specific Eggs per Female Assay
Five oysters from each of the six sites were immediately dissected following
collection. A drop of gonad from each oyster was placed on a slide and sex determined
using a 20X Wild Heerbrugg dissecting microscope. The presence of eggs indicated the
oyster was female and gravid.
Once females were identified, the gonad was sliced/scraped downward into a
small finger bowl and the tissue diced into small pieces. Water was used to dislodge
eggs from the gonad and the material decanted into a 250 mL beaker. This was repeated
four times to ensure all eggs were removed. The egg and tissue mixture was then
filtered through a 75 µm sieve and eggs collected on a 20 µm sieve. Eggs were
suspended in 200 mL FSW. Five 10 µL aliquots were placed on a single slide and the
number of eggs counted. Aliquots were averaged for each oyster. Statistics were
preformed using paired T-tests to compare the average number of eggs per female at
Site 1 with the remaining sites (SigmaPlot, SYSTATSoftware Inc. San Jose, CA).
Site-Specific ECOD Activity Assay
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Similarly to section 3.2.5, five oysters from each of the six sites were immediately
dissected following collection. Individual oysters were rinsed in 50 mM Tris (pH 7.4),
1.15% KCl, blotted and weighed to the nearest 0.1 g. The protocols described in section
2.4.2 were used here to determine protein concentration and ECOD activity. Statistical
analysis was preformed using SigmaPlot (SYSTAT Software Inc. San Jose, CA). ECOD
activity from oysters at Site 1 were compared to those from Sites 2, 3, 4, 5 and 6 using
paired T-tests.

3.3 Results
3.3.1 Diuron, CUPT, B(a)P, and Styrene Acute Toxicity – LC50
No mortality was observed in C. virginica exposed to FSW or any of the solvent
controls. Diuron had a lowest observable effective concentration (LOEC) of 5 mg L-1 and
produced a LC50 of 10.85 mg L-1 (95% C.I. 7.49–15.72 mg L-1; Figure 3.2). CuPT produced
a LOEC in oysters of 10 µg L-1and resulted in a LC50 of 74.53 µg L-1(95% C.I. 57.22–97.1
µg L-1; Figure 3.2). A LC50 in C. virginica exposed to B(a)P or styrene could not be
determined. This is likely due to the solubility limits of B(a)P and the volatility of
styrene in the aerated tanks.

3.3.2 Compound-Specific Condition Index Assay
The average condition index value for C. virginica exposed solely to FSW was
97.1 (Standard Error of the Means ± 1.5) (Figure 3.3). This was equivalent to the acetone,
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DMSO, and ethanol controls. There were significant differences between oysters
exposed to 1000 µg L-1 diuron and those exposed to the acetone control (C.I. = 86.8 (± 1.8;
p=0.006)). Oysters exposed to 10 µg L-1 CuPT were significantly different from the
DMSO control (C.I = 82.4 (±1.2; p=0.002). Styrene (2000 µg L-1) exposed oysters also had a
significantly lower condition index (C.I. = 84.8 (± 3.1; p=0.033) when compared to their
ethanol control. No significant difference in condition index could be determined
between 50 µg L-1 B(a)P, (C.I. = 85.4 (± 4.7)) and its acetone control.

Figure 3.2 Mortality in Crassostrea virginica after 96 h exposure to diuron (●) and
CuPT (○). Dashed lines indicate 95% confidence intervals.
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Figure 3.3 Average condition index value for Crassostrea virginica after 96 h exposure
to (a) FSW, acetone control, and diuron, (b) DMSO control and CuPT, (c) acetone
control and B(a)P, and (d) ethanol control and styrene. Error bars are standard error.
*p<0.05, **p<0.005.

3.3.3 Compound-Specific ECOD Activity Assay
The average ECOD activities in oysters exposed to FSW was 0.007 (± 0.0037)
pmol hydroxycoumarin min-1 mg-1 protein (Figure 3.4). This was significantly lower
(p<0.05) than for oysters exposed to the solvent control, acetone (0.032 (± 0.0033) pmol
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hydroxycoumarin min-1 mg-1 protein). Neither DMSO nor ethanol was found to be
significantly different than FSW. ECOD activity was decreased, although not
significantly, by all four compounds when compared to their individual solvent controls

ECOD Activity
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(Figure 3.4).
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Figure 3.4 ECOD activity in Crassostrea virginica after 96 h exposure to (a) FSW,
acetone solvent and diuron control, (b) DMSO solvent control and CuPT, (c) acetone
solvent control and B(a)P, and (d) ethanol solvent control and styrene. Error bars are
standard error.* p<0.05 between FSW and Acetone.
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3.3.4 Site Specific Condition Index Assay
The average condition index ranged from 85.76 to 99.86 between the six sites
(Figure 3.5). Condition index averaged 99.86 (±0.6) at control Site 1. This was
significantly (p<0.001) different from condition index values from sites 4, 5, and 6 having
condition index values of 84.6 (±2.3), 85.61 (±3.3), 85.76 (±2.0), respectively.
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Figure 3.5 Average condition index value for Crassostrea virginica from sites 1–6.
Error bars are standard error. ***p<0.001.
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3.3.5 Site-Specific Eggs per Female Assay
The average number of eggs per gram of female oysters from Sites 1–6 range
from 5.2 x 104 to 3.2 x 105 (Figure 3.6). Site 3 had the lowest number of eggs per gram
with an average of 5.2 x 104 eggs per gram (± 8.2 x 103), while site 2 had the highest eggs
per gram averaging 3.2 x 105 (± 9.1 x 104). Sites 4, 5 and 6 resulted in average eggs per
gram of 6.3 x 104 (± 2.8 x 104), 2.3 x 105 (± 4.5 x 105), and 3.1 x 105 (± 3.6 x 104) respectively.
Only Site 6 was found to be significantly different from Site 1 (6.6 x 104 (± 1.3 x 104))
(p<0.05).
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Figure 3.6 Average number of egg capsules per Crassostrea virginica at sites 1–6. Error
bars are standard error. *p<0.05.
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3.3.6 Site-Specific ECOD Activity Assay
ECOD activity in oysters collected from Sites 1–6 surrounding the RCERR were
found to have enzyme activities ranging from levels of 0.017 (± 0.002) to 0.062 (± 0.002)
pmol hydroxycoumarin min-1 mg-1 protein, (Figure 3.7) respectively. Only Site 6 (0.062 (±
0.002) pmol hydroxycoumarin min-1 mg-1 protein) was found to be significantly different
(p<0.001) from the control Site 1 (0.017 (± 0.002) pmol hydroxycoumarin min-1 mg-1
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Figure 3.7 ECOD activity in Crassostrea virginica at sites 1–6. Error bars are standard
error. ***p<0.001.
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3.4 Discussion
3.4.1 Diuron, CUPT, B(a)P, and Styrene Acute Toxicity – LC50
In the present experiment diuron and CuPT caused mortality in C. virginica at
concentrations that are not environmentally realistic. Moncada (2004) as well as Green
and Young (2006) reported concentrations of diuron in surface waters ranging from 2–30
µg L-1. Total pyrithiones have only been found up to 100 nM in some U.K. rivers and
harbors (Mackie et al, 2004). These are both 1000x lower than levels necessary to achieve
mortality in C. virginica. B(a)P and styrene did not produce mortality even at their
highest respective concentrations.
Although concentrations of diuron and CuPT required to cause mortality in
oyster are not environmentally realistic, it is interesting to note that CuPT causes
mortality at concentrations two orders of magnitude lower than diuron. Similar results
were reported for other model species (Table 3.1). Mochida et al (2006) and NRAAVC
(2001) reported LC50 values for CuPT at concentrations three orders of magnitude below
those of diruon in the shrimp, Heptacarpus futilirostris and in fish, Pinmephales promelas.
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Table 3.1 Toxicity data of diuron, copper pyrithione (CuPT), benzo(a)pyrene
(B(a)P), and styrene.
Compound

Organism

LC50

Reference

Diuron

Mercenaria mercenaria (clam)

5 mg L-1

Davis and Hidu, 1969

Americamysis bahia (shrimp)

1.1 mg L-1

U.S. EPA, 2000

Daphnia magna (water flea)
Pterconarcys californicus (stone
fly)

0.4 mg L-1

Shcherban, 1972

3.6 mg L-1

Sanders and Cope, 1968

Aedes aegypti (mosquito)

1.2 mg L-1

Nebeker and Schytema, 1998

Chironomus tentans (midge)
Lytechinus variegatus
(echinoderm)
Heptacarpus futilirostris
(shrimp)

3.3 mg L

Knapek and Lakota, 1974

7.14 mg L-1

Chapter 4, this dissertation

2.5 µg L-1

Mochida et al, 2006

Pagrus major (fish)

9.3 µg L

Mochida et al, 2006

Aquatic fish

4.3–43.6 µg L-1

Yamada and Kauno, 2002*

Pinmephales promelas (fish)

4.3 µg L

NRAAVC, 2001

Oncorhynchus mykiss (fish)
Lytechinus variegatus
(echinoderm)

7.6 µg L-1

Okamura et al., 2002

14.04 µg L-1

Chapter 4, this dissertation

Daphnia pulex (water flea)

5 µg L-1

Trucco et al, 1983

xenopus laevis (frog embryo)

13.4 mg L-1

Propst et al, 1997

Solea solea (fish)

5 mg L-1

Au et al, 1999

Gammarus duebeni (amphipod)

11 mg L-1

Lawrence and Poulter, 1998

Pimephales promelas (fish)

10 mg L-1

Cushman et al, 1997

CuPT

B(a)P

Stryene

-1

-1

-1

Hyalella azteca (amphipod)
9.5 mg L-1
Eisenia fostida (earthworm)
120 mg Kg-1
* orginal article in Japanese, abstract in english

Cushman et al, 1997
Cushman et al, 1997

One possible explanation for this differential in diuron and CuPT toxicity may be
their respective modes of action. Diuron is a photosystem II inhibitor (Moncada, 2004)
and acts by interfering in the electron transport chain of photosynthetic organisms
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(Oettmeier, 1992; Lansen et al, 1993; Jones and Kerswell, 2003). The mode of action for
CuPT is thought to be disruption of the cell membrane resulting in altered ATP
synthesis (Chandler and Segel, 1978; Dinning et al, 1998 Bragadin et al, 2003). One
would expect CuPT to have greater consequences in non-photosynthetic organisms than
diuron because it produces mortality at concentrations three orders of magnitude lower.
The real and underlying problem with diuron is that it can inhibit photosynthesis at
concentrations as low as 0.3 µg L-1 (Jones and Kerswell, 2003). This could theoretically
threaten the photosynthetic food sources that oysters and other marine organisms rely
upon, potentially causing indirect mortality.

3.4.2. Compound-Specific Condition Index Assay
Condition index is an important tool in accessing bivalve health. It typically
compares dry/wet tissue weight to interior bivalve volume (Abbe and Sanders, 1988)
and is used as a tool for monitoring environmental pollutants (Lawrence and Scott, 1982;
Scott and Lawrence, 1982; Rosas et al, 1983). Oysters have been observed to suffer
changes in their lipid, mineral and carbohydrate content in response to some
anthropogenic compounds (Austin et al, 1993). A perfect condition index score using
Abbe and Sanders (1988) method of assessment is 100. C. virginica exposed to FSW
resulted in a condition index value of 97.1. This was not significantly different from any
of the solvent controls. Condition index values observed in diuron, CuPT, and styrene
were all significantly less then their respective controls. Condition indexes of oysters
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exposed to B(a)P were not observed to be significantly different from their acetone
control. One reason for the lack of difference between B(a)P and acetone may be that the
oysters were exposed to the treatments for only 96 h. B(a)P is well known carcinogen
with the ability to produce DNA adducts over chronic time periods (Garman et al, 1997;
Ericson et al, 1998; Reichert et al, 1998; Ericson et al, 1999). The duration of B(a)P
exposure may not have been long enough to produce significant changes in weight.
Because we wanted to examine the acute affects of compound exposure on condition
index and not other variables such as algal food (especially because of the
photosynthetic inhibitory effect of diuron) the assays were only run 96 h. The effects of
chemical exposures on condition index are typically monitored 20 to 30 days (Lannig et
al, 2006) with feedings occurring 2 to 3 time per week. The significant difference found
between diuron, CuPT, and styrene and their respective acetone, DMSO, and ethanol
controls are unclear at this time, but may be due to utilization of lipid, and carbohydrate
stores as a result of starvation (Davis and Hidu, 1969; Lytle and Lytle, 1990; Au et al,
1999; Lannig et al, 2006).

3.4.3 Compound-Specific ECOD Activity Assay
The cytochrome P450 (CYP450) system is an integral part of the detoxification
process and is typically associated with phase I type reactions (Landis and Yu, 1999)
such as oxidation, reduction, and hydrolysis (Stegeman and Hahn, 1994; Di Giulio et al,
1995). Benzo(a)pyrene is a classical PAH inducer of cytochrome P450 activity
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(specifically CYP4501A) in many species and has historically been quantified by ECOD
activity (Goksøyr and Förlin, 1992). In the present study, none of the test compounds
significantly increased ECOD activity. The one surprising observation was that the
acetone control (p<0.05) and to some extent the ethanol control (although not
significantly) induced ECOD activity in oysters when compared to FSW (Figure 3.4).
Acetone and ethanol are metabolized by similar enzyme systems and can both
induce expression of cytochrome P4502E1 (Lieber and Decarli, 1972; Brady et al, 1988;
Sohda et al, 1993; Forkert et al, 1994; Bondoc et al, 1999). Brady et al (1988) and Forkert et
al (1994) reported that acetone significantly increased both the microsomal protein
content and the activity of cytochrome P4502E1 in rat liver 18 h after a single dose of 15
nmol kg-1 body weight and in mouse liver 24 h after exposure to a single oral dose of 5
mL kg-1. Induction of microsomal protein content and P4502E1 activity in rat liver has
also been reported to be induced by ethanol (Lieber and Decarli, 1972, Lieber, 1999).
The use of ECOD activity to assess CYP2E1 induction has been demonstrated in
mammals (Wronska-Nofer et al 1997; Gonzalez and Tarloff, 2004) and invertebrates
(Downs et al, 2001). Since acetone and ethanol can induce CYP2E1 induction and
CYP2E1 can be quantified by ECOD activity, the increased ECOD activities seen in this
study could be caused by the acetone and ethanol exposures. A repeat of this study
should be preformed to verify this hypothesis.
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In oysters exposure to B(a)P, ECOD activity was less (but not significantly) than
activity measure in the solvent control, acetone. This was unexpected since B(a)P has
long been known to induce ECOD activity in higher order species (Stegeman and Hahn,
1994; Padros and Pelletier, 2000). One explanation may be the short duration of the
exposure. B(a)P is considered a chronic toxicant with acute toxicity not normally
observed at environmentally relevant concentrations. Similar reports of B(a)P related
decreases in ECOD activity have been reported by Grinwis et al (2000) in the European
flounder, Platichthys flesus exposed to B(a)P at concentrations as high as 28 µg L-1
Another possible explanation for the lack of ECOD induction seen in C. virginica
may be attributed to the fact that oysters do not respond to classical aryl hydrocarbon
receptor (AhR) ligands in the same manner as higher organisms. This could be due to
altered receptor mechanisms or composition of cytochrome P450 isozymes. The
induction of P4501A activity has historically been very low (~2X background) in both
gastropod and bivalve mollusks (Hamers et al, 2004), particularly during active breeding
periods (Livingstone and Farrar, 1985). Since oysters were collected for the ECOD assays
in November, it is possible that seasonal differences contributed to the overall lower
ECOD activity.

3.4.4 Site Specific Condition Index Assay
Site specific condition index values helped estimate the health of organisms at
particular sites within and around the RCERR. Comparisons of condition index values
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were then made among all sites for an overall assessment of oyster health in the RCERR.
Condition index values ranged between 85 to over 99. Control Site 1 had the highest
condition index value followed closely by Sites 2 and 3, indicating that these organisms
were in good health. Site 4, 5, and 6 all had condition index values that were
significantly lower than Sites 1 and 2. Site 4 experiences heavy boat traffic and is across
(100 m) from an active public boat ramp, docks, and industrial development. Site 5 is
located at the mouth of the North River and receives pollutants from residential and
agricultural sources up stream. Site 6 is also an area of high boat traffic located within
the Beaufort Inlet, which serves as the main thoroughfare to Beaufort Harbor. Romano
(2007, chapter 2) reported lower egg capsule production in female Ilyanassa obsoleta from
Site 4, thus, it is not surprising that oysters from this same site may be stressed. It is
possible that disease, fewer nutrients, and/or contaminant exposure in this area is
causing oysters to reallocate energy from carbohydrate and lipid production to
supplying energy for detoxification and survival (Servia et al, 2006).

3.4.5 Site-Specific Eggs per Female Assay
As a result of the condition index finding from Sites 1–6, we decided to
investigate whether oysters with lower condition indexes also had lower numbers of
eggs per gram tissue (female). Female oysters that are of harvestable size, 7 cm or
greater, can release as many as 100 millions eggs during a reproductive season spanning
from early to late spring and again from early to late fall (Williams, 2001).
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Oysters from Site 6 were found to have significantly more eggs per gram tissue
(female) than oysters from Site 1. At this time we are not sure how to interpret this data.
The most likely cause for differences in egg concentration are water temperature and
nutrition. Because Site 1 is shallower and does not experience the strong tidal currents of
Site 6, it is possible that the temperatures at Site 1 reached the ideal spawning
temperatures, between 15.5 and 20°C (Williams, 2001), prior to sampling, therefore
oysters from this site were already depleted. Collection of oysters at these two sites may
have occurred after and before spawning, respectively. It is also possible that animals
from Site 1, while healthier, are nutritionally limited with respect to egg production. Site
1 is a low lying mud flat with few inputs while Site 6 experiences a strong tidal flow
with nutrient input from up river sources.

3.4.6 Site-Specific ECOD Activity Assay
The cytochrome P450 system is responsible for metabolizing many different
types of substrates including fatty acids, prostaglandins, xenobiotics, and steroid
hormones (Nebert et al, 1989). While some substrates can inhibit CYP450 activity such as
tributyltin (Fent, 1996; Klaassen et al, 1996), PAHs tend to induce their activity
(Livingstone, 1991). Monitoring ECOD activity is one method to assess PAH induced
CYP450 expression. In this study ECOD activity in C. virginica was significantly higher
at Site 6 than at control Site 1. One possible explanation might be the proximity of Site 6
to the Beaufort Inlet. During the spring, summer, and early fall months Beaufort Inlet
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receives heavy boat and recreational activity. Long term exposure to compounds such
as PAHs and petroleum by-products are known to induce ECOD activity. Ismert et al
(2002) exposed the snail, Helix aspersa to PAH-saturated conditions for 4 weeks. They
recorded significant induction of ECOD activity. Induction of ECOD activity has also
been seen with 3-methylchoanthrene in the aquatic invertebrates Mytillus edulis and
Littorina littorea (Livingstone et al, 1988). Further studies including other benthic
invertebrates and soil PAH assays should be preformed to verify this hypothesis.
To conclude, the concentrations of diuron and CuPT required to cause mortality
in C. virginica are several orders of magnitude higher than presently reported
environmental levels. It is interesting to note, however, that CuPT causes mortality at
concentrations two orders of magnitude lower than diuron. One could easily expect
CuPT to have more consequences in non-photosynthetic organisms than diuron. CuPT’s
mode of toxicity (Ermolayeva and Sanders, 1995) could potentially shut down all
physiological activities within an organism that rely on ATP production. Diuron does
not appear to be especially toxic to C. virginica however as diuron use arises or if
concentrations reach or exceed levels that inhibit photosynthesis, this could pose
problems. Diuron could then result in indirect mortality due to food limitability.
At the present time we have not determined the exact anthropogenic
contaminants with the RCERR. But is does appear that something is affecting the overall
health of oysters at Sites 4, 5, and 6. Many other assessments such as water quality and
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sediment analysis assays need to be preformed before any concrete cause and effect
relationship can be made.
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Chapter 4

Effects of diuron and copper pyrithione
on adults, gametes and embryos of the
sea urchin, Lytechinus variegatus.
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4.1 Introduction

Fouling of submerged surfaces by living and non-living substances is inevitable.
Fouling decreases ship performance and costs the shipping industry millions of dollars
each year in dry dock fees, loss of trade, and increased fuel consumption. Controlling
fouling is both strategically and economically important, but can have grave
environmental consequences (Johnson and Miller, 2003; Johnson and Gonzalez, 2004). In
the last 50 years, broad spectrum metal biocides in polymer coatings have been used to
manage fouling. Many of these biocides (especially the organotins) have unacceptable
impacts, the worst of which had been the local and regional extinctions of certain species
(Gibbs et al, 1991; Stewart et al, 1992). Besides the obvious acute toxicity, sub-lethal
impacts of these compounds have been observed and include morphological
abnormalities (Alzieu et al, 1991; Morcillo et al, 1998), sexual abnormalities (Jenner, 1979;
Gibbs et al, 1987, 1991; Bauer et al, 1995), and reduced or altered reproductive capacity
including behavioral castration (Medesani et al, 2004; Oberdörster and Cheek, 2001;
Oberdörster et al, 1998, Straw and Rittschof 2004). In marine mammals, there has also
been evidence of immune disorders related to organotin uptake (Nakata et al, 2002).
Because of the myriad number of impacts, organotin antifoulants were the
subject of an International Maritime Organization (IMO, a component of the United
Nations, 2004) Convention in which coating companies voluntarily withdrew organotins
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from the global commercial market (D. Rittschof, personal correspondence). After the
withdrawal of organotin based antifoulants, coating companies depended heavily on the
use of copper oxide in their paint formulations. This unfortunately led to increased
copper concentrations in waters with heavy boating activity and resulted in violations of
the Clean Water Act of 1972 (Rosen et al, 2004). As a consequence, copper biocide
coatings have been banned in several countries including Sweden and Denmark and
restricted in several U.S. states (Rosen et al, 2004).
In response to new requirements for the reduction of copper leaching from
antifoulants, companies have begun adding organic biocides to their coating
formulations. These biocides work to reduce copper release rates and increase the
overall effectiveness of the coating. Diuron and copper pyrithione (CuPT) are two
biocides currently added to antifoulant coatings. Diuron (3-(3,4-dichlorophenyl)-1,1dimethylurea) is a phenylurea herbicide that has been used in agricultural applications
since the 1950s. It is now employed as a biocide in antifouling coatings throughout the
United Kingdom (U.K.), France, Japan, and the United States. (Boxall et al, 2000; Thomas
et al, 2000; Okamura et al, 2003). Diuron inhibits photosynthesis at concentrations as low
as 0.3 µg L-1 (Jones and Kerwell, 2003) by interfering with the plastoquinone in the
photosystem II complex (Pruess and Hall, 1995; Jones and Kerswell, 2003) of plants and
algae. Concentrations of diuron in surface waters have been found at concentrations
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ranging from a few µg L-1 to over 1 mg L-1 in some U.S. surface waters, mainly as a result
of agricultural runoff (Moncada, 2004; Green and Young, 2006).
Copper pyrithione (2-mercaptopyridine N-oxide copper salt) (CuPT) is a
microbial biocide that was introduced into the market as an antifoulant in 1996 (Arch
Chemicals; Maraldo and Dahllöf, 2004). Mackie et al (2004) have reported total
pyrithiones (including sodium-, zinc-, and copper conjugates) within UK waters at levels
exceeding 0.3 µg L-1. While limited information exists on CuPT, zinc pyrithione (ZPT) (a
sister compound to CuPT) has been in use much longer and may provided some insight
into CuPT’s mode of toxicity. ZPT has been used as an anti- fungal, bacterial, and algal
compound since the 1960s (Turley et al, 2005) and complexes with Cu2+ ions after
dissociation in marine environments to form CuPT (Mackie et al, 2004). Both CuPT and
ZPT are lipophilic compounds with half-lives ranging between 15 min to 30 days
(Turley et al, 2005; Maraldo and Dahllöf, 2004), depending on environmental conditions.
The fastest degradation rates of these pyrithiones occurred in the presence of light or
aerobic sediments (Turley et al, 2000). While absolute certainty of the mode of action of
CuPT is unclear, Ermolayeva and Sanders (1995) suggest that pyrithiones act by
interfering with the activity of the primary proton pump, H+-ATPase. This is
hypothesized to result from the collapse of cell membrane pores which lead to ion
gradient destabilization and ultimately cell apoptosis (Bragadin et al, 2003). It is
assumed that CuPT operates by a similar mechanism.
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The aim of this project was to investigate both lethal and sub-lethal effects of
environmentally relevant concentrations of diuron and CuPT on the sea urchin
Lytechinus variegatus. L. variegatus has been used extensively in marine pollution
bioassays (Kobayashi, 1980; Kobayashi and Okamura, 2004) and appears to be a well
characterized and sensitive species (Ramachandran et al, 1997; Yarolslavtseva and
Sergeeva, 2002; Geraci et al, 2004). In this study, acute toxicity in adult L. variegatus, sublethal fertilization effects on exposed adults and gametes, and the impact of short term
exposures on development were examined.

4.2 Materials and Methods
4.2.1 Study site and preparation
Adult variegated urchins, Lytechinus variegatus (Lamarck), were collected during
the summer months of 2004 and 2005 from Bogue Sound, NC (see Figure 4.1), and
purchased from Sea Life Inc. of Tavernier, FL during winter months. L. variegatus from
these sources have been used in studies of normal embryonic development for over two
decades (Wessel et al, 1998; Gross and McClay, 2001; Gross et al, 2003). Urchins were
maintained at the Duke University Marine Laboratory (DUML) for up to one week on a
14L:10D cycle in continuously flowing single pass sand-filtered seawater (30–35 salinity,
25°C) and allowed to graze on oyster rubble and algae growing on the tanks until used
in experiments.
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Figure 4.1 Beaufort, NC area sampling site. Lytechinus variegatus were collected by
dredge in Bogue Sound indicated by the star and surrounding circle.

4.2.2 Experimental Solutions
Stock solutions of diuron (Sigma-Aldrich, St. Louis, MO) were prepared in
acetone at a concentration of 10 g L-1 following Chesworth et al (2004) and Jones and
Kerswell (2003). CuPT (Arch Chemicals, Norwood, CT) stock solutions were prepared in
dimethylsulfoxide (DMSO) at a concentration of 2 g L-1 following Kobayashi and
Okamura (2002). Stock and working solutions were kept in dark bottles at room
temperature to avoid photolysis for no longer than one week. Working solutions were
made immediately before use by diluting stock solutions in filtered seawater (FSW). All
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working solutions of diuron contained 0.0001% (v/v) acetone and those for CuPT
contained 0.00005% (v/v) DMSO.

4.2.3 Acute Toxicity
Acute toxicity assays were 96 hr in duration with daily static renewal of
treatments and mortality checks. Urchins (all roughly 7 cm test diameter) were housed
individually in 1 L acid-washed glass jars and allowed to acclimate to a 14L:10D light
cycle (20°C and 35 ppt) for 48 hr before the start of the experiment. Data were pooled
from three replicate assays for each biocide. In each iteration approximately 70 urchins
were assayed with five or 15 replicate urchins per treatment. A filtered seawater (FSW)
control, solvent control and several biocide concentrations were employed for each
assay. Diuron was tested at concentrations between 0.5 and 200 mg L-1 while CuPT was
tested between 0.1 and 200 µg L-1. The data for each test was pooled, log10 transformed,
and modeled as four-parameter sinusoidal does-response curves using GraphPad Prism
version 4.00 (GraphPad Software, San Diego, CA).

4.2.4 Gamete Toxicity and Percent Fertilization following Adult
Exposure to Biocides
Adult L. variegatus were exposed to 6.53 mg L-1 diuron, 7.09 µg L-1 CuPT, or
controls for 96 h with daily treatment renewal. Concentrations were chosen as a result of
preliminary studies. The same acclimation, testing conditions, and procedures described
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for the acute toxicity assays were used. At the end of the exposure period urchins were
induced to spawn with an injection of 1 mL of 0.55 M KCl. For each treatment, eggs
from five females were pooled and sperm from five males were pooled. Eggs were
collected by placing spawning females aboral side down in individual 250 mL beakers of
FSW. Eggs were allowed to settle by gravity then washed by decanting and
resuspending in FSW three times. Spawning males were placed oral side up on a tray of
ice and “dry” sperm was collected by pipetting directly from the gonopores. The sperm
was kept on ice until used. A sperm suspension was made by diluting 25 µL of pooled
dry sperm into 5 mL of FSW (Ettensohn et al, 2004).
All possible pairwise crosses of gametes from FSW control, diuron-treated, and
CuPT-treated adults were carried out (9 total crosses, see Table 4.1). All crosses are
referenced by a code that indicates the exposure of the female parents followed by the
exposure of the male parents, such as “diuron-CuPT” for a cross of a diuron-treated
female with a CuPT-treated male. Fertilization crosses were made by mixing 10 µL of
egg suspension with 5 µL of sperm suspension. Crosses (5 replicates) were carried out in
a polystyrene 96-well microplate containing 200 µL of FSW (Ettensohn et al, 2004) with
an egg:sperm ratio of approximately 1:4000. Fertilization success was scored by counting
eggs with and without a fertilization envelope 30 minutes after the mixing of sperm and
egg using a 40x magnification on a Leitz-Wetzlar scope.
Percent Fertilization after Gamete Exposure to Biocides
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Eight control female and eight control male L. variegatus, selected at random,
were induced to spawn following the same procedure as in 4.2.4 (Gamete Toxicity and
Percent Fertilization following Adult Exposure to Biocides). After the final seawater wash,
eggs were resuspended (10% (v/v)) in 0.1, 1, 10, or 1000 µg L-1 diuron, 0.1, 1, 10 or 100 µg
L-1 CuPT, acetone, DMSO, or FSW for 30 minutes. Alternatively, 25 µL of dry sperm was
suspended in 5 mL of identical treatments. Crosses of gametes exposed to identical
treatments were made (i.e. 10 µg L-1 CuPT eggs crossed with 10 µg L-1 CuPT sperm).
Fertilization crosses were made by mixing 10µL of egg suspension with 5 µL of sperm
suspension (1:4000 egg:sperm dilution (Ettensohn et al, 2004)) in five wells of a
polystyrene 96-well microplate ultimately containing 200 µL of test compound.
Fertilization success was scored by counting eggs with and without a fertilization
envelope 30 minutes after mixing of egg and sperm.

4.2.5 Embryo Development
The impacts of diuron and CuPT exposure on embryo development in L.
variegatus were tested by exposing FSW fertilized eggs and embryos to biocides in 30
minute intervals at 18°C. Seven 30 minute exposure intervals (from t= 0 to t= 240 min)
followed by two 120 min exposure intervals (from t= 240 min to t= 480 min) were
conducted. The two longer exposure periods were included because development in
FSW up to the hatched blastula stage was slower at 18°C than in previous reports where
higher temperatures were used (Ettensohn et al, 2004).
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Eggs from five FSW females and sperm from five FSW males were collected,
pooled, and crossed as described above to produce a 105 ml reservoir of fertilized eggs.
From this reservoir, aliquots of 20–40 fertilized eggs were taken and added to wells of a
96-well microplate containing 200 µL of 0.1, 1, 10, or 1000 µg L-1 diuron, 0.1, 1, 10 or 100
µg L-1 CuPT, acetone control, DMSO control, or FSW alone. Four replicate aliquots per
treatment per time interval were used. The fertilized eggs remaining in the reservoir
were allowed to develop into embryos at room temperature with gentle aeration. A new
set of aliquots (20-40) embryos were taken from this reservoir every 30 minutes and
added to new microplate wells containing 200 µL of treatment solution. At the end of
each 30 minute time period embryos were preserved in their current stage of
development by adding a few drops of buffered formalin. [Note: Formalin preservation
did not induce abnormal development (unpublished observations)]. The cell stage and
any abnormal development were recorded for all eggs in each replicate for each
exposure interval.
Mean cell number (the total number of cells per embryo divided by the total
number of embryos) was calculated for embryonic stages from the 1 cell to 64 cell stage
but not for hatched blastulas. FSW embryos reached the hatched blastula stage during
the last exposure period (t= 360–480 min). For this period, we used the proportion of
embryos reaching the hatched blastula stage as our test statistic.
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4.2.5 Statistics
The percentages of successful fertilization after adult exposure were arcsinsquare root transformed to meet assumptions of normality and equal variance and
tested with a one-way analysis of variance (ANOVA) followed by Holm-Sidak post-hoc
tests. Fertilization rates of exposed gametes and percentages of embryos reaching the
hatched blastula stage after 480 minutes were similarly tested but without
transformation.
One-way ANOVAs followed by Holm-Sidak post-hoc tests were performed on
mean cell numbers and the percentages of embryos undergoing abnormal development
between the treatments for any particular time period, and separately for diuron and
CuPT. Data for both mean cell number and abnormal development did not always meet
the assumptions of equal variance and normality even after being arcsin-square root
transformed. Since more data fit the assumptions after transformation than before,
parametric one-way ANOVAs were performed using the transformed data despite the
assumption violations.
When both solvents and FSW controls were tested, the solvent treatments and
not the FSW treatments were used as controls in statistical analyses. All data points are
presented in graphs as mean with error bars representing standard errors of the mean.
All ANOVAs were performed using SigmaStat (SYSTAT Software, Inc. San Jose, CA).
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4.3 Results
4.3.1 Acute Toxicity
Mortality was concentration-dependent in the acute toxicity assays, (Figure 4.2).
The 96 h LC50 (95% CI) for adult L. variegatus exposed to diuron was 7.14 mg L-1 (4.9–10.3
mg L-1). The 96 h LC50 (95% CI) for adult L. variegatus exposed to CuPT was 14.04 µg L-1
(8.0–24.6 µg L-1).

Figure 4.2 Mortality in adult Lytechinus variegatus after 96 h exposure to diuron (●)
and CuPT (○). Dash lines represent 95% confidence interval.
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4.3.2 Gamete Toxicity and Percent Fertilization following Exposure of
Adults to Biocides
Nine crosses were made with gametes from adults exposed to three different
treatments (FSW, 6.53 mg L-1 diuron, and 7.09 mg L-1 CuPT). The FSW-FSW cross had a
98.64% fertilization success level and was used as the control cross to which all other
crosses were compared (see Table 4.1). Treatment of adults with either biocide
significantly decreased fertilization success, except for those observed in the FSW-CuPT
and diuron-FSW crosses. The lowest three percentages of successful fertilization (75.2%,
76.12%, and 84.3% (p< 0.01, Holm-Sidak post-hoc)) occurred when adult males were
exposed to diuron. All crosses made with CuPT exposed females showed significantly
reduced percentages of successful fertilization (all p< 0.01, Holm-Sidak post-hoc) and
ranged from 89.26% when crossed with FSW males to 76.12% when crossed with diuron
males.
Percent Fertilization after Gamete Exposure to Biocides
When gametes from FSW parents were exposed after spawning, crosses of
gametes in the presence of FSW, acetone, or DMSO resulted in fertilization success levels
of 96.3%, 96.6%, and 97.1% respectively (Figure 4.3). The three lowest concentrations of
diuron exposed gametes resulted in significantly reduced (p<0.001, Holm-Sidak posthoc) fertilization when compared to their acetone control. The highest diuron treatment,
1000 µg L-1, showed no significant effect on fertilization. Gametes from FSW parents that
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were exposed to all concentrations tested, from 0.1 to 100 µg L-1, resulted in significantly
reduced (all p<0.001, Holm-Sidak post-hoc) percentages of fertilization.

Table 4.1
Fertilization success of gametes from adult male and
female L. variegatus exposed to 6.53 mg L-1 diuron or
7.09 mg L-1 copper pyrithione (CuPT) or FSW (control)

Exposure
Female

Male

% Fertilizationa

Control

Control

98.64 ± 1.31

Control

Diuron

75.20 ± 6.01**

Control

CuPT

93.48 ± 7.71

Diuron

Control

94.78 ± 4.39

Diuron

Diuron

84.38 ± 7.68**

Diuron

CuPT

91.00 ± 3.73**

CuPT

Control

89.26 ± 2.85**

CuPT

Diuron

76.12 ± 16.67**

CuPT

CuPT

85.96 ± 7.45**

plus or minus standard deviation

a

**p<0.01 Holm-Sidak post-hoc tests after ANOVA
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100 ug/L CuPT
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85

90

95
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Percent Fertilization

Figure 4.3 Fertilization success of gametes exposed to diuron, copper pyrithione, and
controls. Sperm and eggs were exposed to the same treatments in each cross.

4.3.3 Embryo Development after Gamete Exposure to Biocides
Embryos from a FSW-FSW cross were exposed to biocides in 30 minute exposure
periods. Development was delayed in embryos exposed to diuron starting at the 60–90
min. exposure period. Significantly fewer embryos advanced to the next developmental
stage following exposure in all four diuron treatments (Figure 4.4a). Beginning with the
60–90 min. period and later, exposure to the highest diuron treatment, 1000 µg L-1
resulted in mean cell numbers that were significantly lower than each acetone control
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(all p<0.05, Holm-Sidak post-hoc; Figure 4.4a). In addition, all four diuron treatments
showed significantly reduced mean cell numbers during the 60–90, 180–210, and 210–
240 min. exposure periods (all p<0.05, Holm-Sidak post-hoc). The control FSW embryos
were in the 2 cell stage in the former exposure period and the 16 cell stage during the
latter two periods (please refer to photos in Figure 4.6 for control FSW cell stages). These
three exposure periods were the only intervals in which the lowest two diuron
treatments, 0.1 and 1 µg L-1, elicited a significant effect.
During the two hour exposure periods from 360–480 min., 89.7% of FSW
embryos and 93.3% of acetone embryos reached the hatched blastula stage (Figure 4.4b).
All diuron treatments significantly lowered the percentages of embryos developing from
the 64 cell stage to the hatched blastula stage (all p<0.001, Holm-Sidak post-hoc). The
lowest 0.1 µg L-1 diuron treatment was the only diuron treatment to show any
appreciable (77.6%) development into the hatched blastula stage. The 1, 10, and 1000 µg
L-1 diuron exposures resulted in 0%, 1%, and 0% development to the hatched blastula,
respectively.
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Figure 4.4 Embryo development during diuron exposure. (a) Mean cell number of
embryos exposed to diuron during 30 min exposure periods (t = 0–360 min). Black
symbols, control treatments; gray symbols, significantly different from acetone; open
symbols, not significantly different. (b) Percentage of embryos exposed to diuron in
the 64 cells stage and the hatched blastula stage at the end of the 360–480 min
exposure period. ***p<0.001.
102

Embryos exposed to CuPT during development (Figure 4.5a) also developed more
slowly than DMSO controls. Mean cell numbers were significantly reduced for CuPT
treated embryos after the 60–90 min. exposure period in which the control FSW cells
were in the 2 cell stage (please refer to photos in Figure 4.7). All CuPT treatments
showed significantly reduced mean cell numbers during the 90–120 min. period (control
FSW embryo was in the 4 cell stage) (p<0.05, Holm-Sidak post-hoc).
In the 360–480 min. exposure period control treatments of FSW and DMSO
resulted in 98.3% and 96.4% of embryos reaching the hatched blastula stage. All CuPT
treatments significantly reduced the percentage of embryos developing from the 64 cell
stage to the hatched blastula stage during the 360–480 min. exposure period (Figure 4.5b;
p<0.001, Holm-Sidak post-hoc). The lowest two CuPT treatments, 0.1 and 1 µg L-1, were
the only exposures in which embryos progressed to the hatched blastula stage (8.3% and
2.4%, respectively).
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Figure 4.5 Embryo development during CuPT exposure. (a) Mean cell number of
embryos exposed to CuPT during 30 min exposure periods (t = 0–360 min). Black
symbols, control treatments; gray symbols, significantly different from DMSO; open
symbols, not significantly different. (b) Percentage of embryos exposed to CuPT in
the 64 cells stage and the hatched blastula stage at the end of the 360–480 min
exposure period. *p<0.05, ***p<0.001
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4.3.4 Abnormal Embryo Development
The percentages of embryos exposed to FSW or acetone that developed
abnormally ranged between 0 and 3.4% (Figure 4.6). In contrast, there was a direct
relationship between diuron concentration and the percentage of embryos exhibiting
abnormal development, reaching a maximum of 19.5% by the hatched blastula stage in
embryos exposed to 1000 µg L-1. The lowest diuron treatment, 0.1 µg L-1, did not
significantly alter development however exposure to 1 µg L-1 diuron resulted in
significantly higher percentages of abnormal embryos during the 150–180 (p<0.01,
Holm-Sidak post-hoc) and 360–480 (p<0.05, Holm-Sidak post-hoc) min. exposure
periods. Exposure of embryos to 10 µg L-1 diuron resulted in the production of
significantly more abnormalities than control solvent (p<0.01, Holm-Sidak post-hoc)
during four separate exposure periods. Higher percentages (all p<0.05, Holm-Sidak
post-hoc) of abnormal development also occurred with the highest diuron treatment of
1000 µg L-1 during all exposure periods except the 60–90 and 120–150 min. time intervals.
During these two periods, when control FSW cells were in the 2 cell and 4 cell stages
respectively, none of the treatments produced an elevated rate of abnormal
development. In addition, only exposure to 1 mg L-1 during the 90–120 interval resulted
in the development of abnormal embryos.
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Figure 4.6 Abnormal development in embryos exposed to diuron, acetone, and FSW.
The modal cell stage of FSW embryos and the end of each exposure period can be
seen across the top of the figure. *p<0.05; **p<0.01; ***p<0.001

As with diuron, exposure of urchin embryos to CuPT showed a direct relationship
between chemical concentrations and percentage of developmental abnormalities
(Figure 4.7). These abnormalities occurred at levels of 0 to 3.1% for control exposures up
to 21.3% for 64-cell stage embryos exposed at the highest, 100 µg L-1, CuPT treatment.
Percentages of abnormal development were significantly elevated during only one
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exposure period using 1 µg L-1, during four periods using 10 µg L-1, and eight out of ten
periods using 100 µg L-1 CuPT (Figure 4.7).

Figure 4.7 Abnormal development in embryos exposed to CuPT, DMSO, and FSW.
The modal cell stage of FSW embryos and the end of each exposure period can be
seen across the top of the figure. *p<0.05; **p<0.01; ***p<0.001.

There were no significant differences in abnormal development during the 60–90
and 90–120 min. periods in which the control cell stages in FSW were 2 and 4 cell,
respectively (Figure 4.7). These were the only two time periods without any significant
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differences following CuPT exposure. Urchin embryos exposed 240–360 min. after
fertilization appear to be especially vulnerable to abnormal development when exposed
to CuPT. The three highest treatments produced significantly elevated percentages of
abnormally developed embryos at levels between 17.5 and 23.3% during this time
interval. Control embryos in the 240–360 min exposure period were mostly in the 64 cell
stage.

4.4 Discussion
In this study adult mortality, percent fertilization, and embryonic development
in the non-target species, Lytechinus variegatus were examined following exposure to the
biocides, diuron and CuPT. Our objectives were: (1) to determine the concentrations
which would elicit 50% mortality of adults (LC50); (2) observe the effect that adult
exposure (at LC50 concentrations) would have on gamete fertilization; (3) determine the
effects that pre-exposure of gametes (egg and sperm) would have on fertilization; and
(4) assess timing of exposure on embryonic development and metamorphosis.

4.4.1 Diuron
Diuron caused mortality in adult L. variegatus at 1 mg L-1 with an LC50 of 7.14 mg
L-1 (Figure 4.1). This LC50 is well within range of those reported for other aquatic
invertebrates (Table 4.2) such as opossum shrimp, Americamysis bahia (1.1 mg L-1; EPA
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Pesticide Database, 2000), clams, Mercenaria, mercenaria (5 mg L-1; Davis and Hidu, 1969),
and water fleas, Daphnia magna (0.4 mg L-1; Shcherban, 1972). It is also similar to values
reported for terrestrial invertebrates such as mosquitos, Aedes aegypti (1.2 mg L-1; Knapek
and Lakota, 1974), stoneflies, Pterconarcys califoricus (3.6 mg L-1; Sanders and Cope, 1968),
and the midge, Chironomus tentans (3.3 mg L-1; Nebeker and Schytema, 1998). Overall,
diuron exhibits low acute toxicity in L. variegatus and other invertebrates.

Table 4.2
Recent toxicity data of diuron, copper pyrithione (CuPT), and zinc pyrithione
(ZPT) in aquatic species.
Compound

Organism

LC50

Reference

Diuron

Mercenaria mercenaria (clam)

5 mg L-1

Davis and Hidu, 1969

Americamysis bahia (shrimp)

1.1 mg L-1

U.S. EPA, 2000

Daphnia magna (water flea)

0.4 mg L-1

Shcherban, 1972

Aedes aegypti (mosquito)
Pterconarcys califoricus
(stonefly)

1.2 mg L-1

Knapek and Lakota, 1974

3.6 mg L-1

Sanders and Cope, 1968

Chironomus tentans (midge)

3.3 mg L-1

Nebeker and Schuytema, 1998

Oncorhynchus mykiss (fish)
Heptacarpus futilirostris
(shrimp)

74 mg ai L-1

Okamura et al, 2002

2.5 µg L-1

Mochida et al, 2006

Pagrus major (fish)

9.3 µg L-1

Mochida et al, 2006

Aquatic fish

4.3-43.6 µg L-1

Yamada and Kakuno, 2002

Pinmephales promelas (fish)

4.3 µg ai L-1

NRAAVC, 2001

Oncorhynchus mykiss (fish)

7.6 µg ai L-1

Okamura et al, 2002

Pinmephales promelas (fish)

2.6 µg ai L-1

NRAAVC, 2001

CuPT

ZPT
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Concentrations of diuron that cause mortality in non-target species are 100 to
1000 fold higher than environmental levels previously reported in the U.K. (6.7 µg L-1;
Thomas et al, 2001) and in Japan (3.03 µg L-1; Okamura et al, 2003). Thus acute toxicity of
diuron does not appear to be an issue in the non target species, L. variegatus, at
environmentally relevant concentrations.
Although diuron did not appear to elicit acute toxicity in L. variegatus at
environmental concentrations it did significantly decreased fertilization efficiency.
Gametes released from adults exposed for 96 h to concentrations of diuron
approximating the acute LC50 and gametes from untreated adults that were pre-exposed
for 30 minutes to a series of diuron dilutions, both resulted in significantly lower
fertilization percentages. The experiments exposing adults to LC50 levels are analogous
to previously published studies (Sanders and Cope, 1968; Davis and Hidu, 1969;
Nebeker and Schuytema, 1998) and show impacts at concentrations 1000 fold higher
than reported environmental levels. However, when environmental conditions of
broadcast spawners were mimicked, by exposing the egg and sperm to varying levels of
diuron before fertilization, we observed significant decreases in percent fertilization at
concentrations as low as 0.1 µg L-1 (Figure 4.4). These concentrations were 30 to 60 times
less than reported environmental levels (Thomas et al, 2001; Okamura et al, 2003).
Fertilization using sperm from unexposed L. variegatus, which was then treated
in vitro with diuron, consistently produced lower percentages of successfully fertilized
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embryos than sperm from any other type of cross (Table 4.1). This suggests that diuron
may impact male reproduction. This conclusion is bolstered by the findings of Sarkar et
al (1997) who reported that some phenylureas (the same class of compounds as diuron)
decreased epididymal sperm count and the percentage of motile sperm in rats. They
also demonstrated that phenylurea exposure often resulted in increased numbers of
morphologically abnormal sperm cells. The mechanism directly responsible for sperm
damage is not known.
Sub-lethal effects of exposure in the form of delayed development and
abnormalities were observed in embryos at concentrations comparable to those present
in the environment. After 90 minutes post-fertilization, concentrations as low as 0.1 µg
L-1 diuron induced significant developmental delays during one or more exposure
periods (Figure 4.4a). The first cell division between 90 and 120 minutes, and the 16-cell
stage between 180 and 240 minutes were especially susceptible to delay. Interestingly
during these exposure periods, there were relatively lower occurrences of abnormalities
compared to other periods (Figure 4.6). The zygote, 8-cell, 64-cell, and hatched blastula
stages appeared to be the most sensitive stages for abnormal development (Figure 4.6).
Very few abnormalities were seen in the 2- and 4-cell stages between 60 and 150 minutes
at the lower concentrations. Although the mode of action of diuron on development in
invertebrates is unknown, it does significantly affect fertilization and larval
development at concentrations well within the range of current environmental levels.
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4.4.2 Copper pyrithione
Copper pyrithione induced mortality in L. variegatus at concentrations as low as 5
µg L-1 and resulted in a 96 h LC50 of 14.04 µg L-1. No other studies have reported CuPT
LC50 values for L. variegatus however Mochida et al (2006) reported CuPT LC50s of 2.5
and 9.3 µg L-1 for the toy shrimp, Heptacarpus futilirostris, and the teleost red sea bream,
Pagrus major, respectively. These results suggest that L. variegatus is equivalent to marine
crustaceans and teleosts in their sensitivity to CuPT. Our acute toxicity assays show
CuPT is three orders of magnitude more toxic to L. variegatus than diuron.
CuPT has not been reported in present environmental samples, however the
compound was only recently added to the list of approved biocides and most agencies
do not monitor for the presence of this compound or its derivatives. Concentrations of
pyrithione molecules (sodium-, zinc-, and copper-) exceed 100 nM in some U.K. waters
(Mackie et al, 2004). ZPT is known to transchelate in seawater becoming the more stable
compound, CuPT (Dahllöf et al., 2005). Applying current ZPT concentrations and
assuming that ZPT and CuPT use in antifoulants will increase in the future, it is
reasonable to assume that the concentrations used in this study are applicable regarding
sub-lethal effects.
CuPT exposure caused a significant decrease in fertilization success when L.
variegatus adults were exposed to concentrations approximating the LC50 (Table 4.1). All
crosses involving CuPT treated adult females resulted in significantly reduced
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fertilization. The control-CuPT (female: male) cross did not result in reduced fertilization
suggesting that CuPT exposure has less of an effect on males than in females. As seen
with diuron, CuPT exposure of the gametes in vitro significantly reduced fertilization at
concentrations as low as 0.1 µg L-1 (Figure 4.5). This, in conjunction with decreases in
percent fertilization observed using adult females exposed to CuPT; suggest that
negative effects on fertilization success may be due to compromised eggs. It is possible
that the lipophilic egg takes up the organic pyrithione molecule or that it is
ovodeposited as are many other organic contaminants. Bellas et al (2005) proposed a
similar hypothesis based on their studies showing significant decreases in the
percentage of normal larvae in the ascidian, Ciona intestinalis, following exposure of
unfertilized eggs to 48 µg L-1 ZPT.
As with diuron there are direct relationships between CuPT concentration and
both developmental delay (Figure 4.5) and abnormal growth (Figure 4.7). Development
of L. variegatus embryos exposed to CuPT was delayed at concentrations 5 to 16 fold
lower than the reported environmental levels of total pyrithiones (Bragadin et al, 2003).
All tested concentrations of CuPT resulted in near total failure of embryos to reach the
hatched blastula stage within the 2 h window from 360-480 minutes post-fertilization
compared with nearly 100% of the control embryos (Figure 4.5b).
Ramachandran et al (1997) noted that the most sensitive stage of development in
the copper-exposed sea urchin, Diadema setosum occurred during the first cell cleavage.
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This partially agrees with the data presented here. In addition to the first cell cleavage,
early morula and late blastula stages of development were also found to be very
sensitive to CuPT exposure (Figures 4.5a, 4.7). Treatment with CuPT at concentrations as
low as 1 µg L-1 resulted in significant abnormal growth in 8-cell and 64-cell stage
embryos however exposure to 0.1 µg L-1 never significantly elevated levels of
abnormalities in any cell stage. Significant abnormal development was seen at 100 µg L-1
CuPT during all cell stages except the 2-cell and early 4-cell stages (Figure 4.7)
suggesting these stages may be resistant to CuPT-induced abnormalities. These findings
for CuPT parallel those we report for diuron as well as those reported by Bellas et al
(2005) for Paracentrotus lividus urchin embryos exposed to ZPT (sister compound to
CuPT). They found significant decreases in the percentage of normal pluteus larvae
when fertilized eggs were exposed to various concentration of ZPT (EC50 of 2.56 µg L-1).
Conversely they report no normal development of larvae at concentrations greater then
3.3µg L-1 whereas our study clearly demonstrates the presence of abnormal embryos at 1,
10, and 100 µg L-1.
The specific cause of CuPT toxicity is not well understood. Sub-lethal effects or
sensitivities could be a result of DNA protein cross-links (Costa et al, 1993; Garman et al,
1997), altered transcription of regulatory genes required for normal development
(Dandapat et al, 2003), cell membrane disruptions (Al-Adham et al, 1998; Dinning et al,
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1998), or the interference of ATP synthesis resulting from mitochondrial damage
(Bragadin et al, 2003).
Any or all of these interferences could be responsible for mortality, a decrease in
fertilization capacity, and developmental effects. Sensitivity in embryonic developmeny
appears to occur in all periods from the 1 cell stage to blastula formation. With the
unknown mode of action and the numerous biochemical processes occurring
throughout larval metamorphosis, it is possible that diuron and CuPT affect multiple
pathways in L. variegatus. While current environmental concentrations of diuron and
CuPT are not yet at levels that can induce mortality in adult marine organisms, we have
shown that low concentrations can both reduce fertilization efficiency and impact
embryo development. Further examination with other non target organisms should be
carried out in order to understand the effects of diuron and CuPT on overall ecological
health. In addition, studies examining current levels of these compounds and their
behavior in the environment should be conducted in order to evaluate risk.
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Chapter 5

Variations in copper pyrithione toxicity
among populations and families of the barnacle,
Amphibalanus (= Balanus) amphitrite
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5.1 Introduction
Fouling, the colonization of man-made surfaces by living and non-living
substances, has major strategic, economic, and environmental consequences (Costlow
and Tipper,1984). Fouling of boat hulls has historically been controlled by the use of
broad spectrum biocides that leach from paint formulations and kill settling organisms.
By law, these biocides must be registered and environmental risk evaluated (Voulvoulis
et al, 2002; Rittschof et al, 2003). Registering biocides requires a battery of EPAmandated assays including acute, sub-chronic, and chronic toxicity tests (FIFRA, 1972;
Forbes and Forbes, 1994).
Typically regulations governing the registration of biocides are based on
laboratory toxicity assays that use organisms with little genetic variability such as
Daphnia sp., Ceriodaphnia sp., Hyalella sp., and Mysis sp. (Forbes and DePledge, 1992). One
concern is that because laboratory populations are far removed from natural
populations, regulatory assays may not accurately predict natural impacts. The purpose
of this study was to examine the variation in toxic responses following exposure to the
biocide, copper pyrithione (CuPT), in the barnacle, Amphibalanus (= Balanus) amphitrite
(Pitombo, 2004), which were collected from five different environmentally impacted
sites.
A. amphitrite can be found throughout the world in both tropical and subtropical
environments and is considered to be a major fouling organism. These organisms thrive
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in areas such as marinas, on harbor pilings, and on boat hulls where they are routinely
exposed to heavy metals, polycyclic aromatic hydrocarbons (PAHs), and other industrial
pollutants. Exposure to such compounds can potentially alter physiological or metabolic
activities, or cause changes in detoxification pathways resulting in variation in
organisms among and within populations (Barata et al, 2002; Virgilio et al, 2005; Piola
and Johnston, 2006).
Antifouling companies have voluntarily withdrawn organotin-based antifoulants
from the market in response to restrictions on heavy metal release and have adopted a
new approach to coating synthesis. Organic biocides, such as pesticides and broad
spectrum biocides are now being incorporated into paint formulation in an attempt to
lower overall copper concentrations. Copper pyrithione (2-mercaptopyridine N-oxide
copper salt) (CuPT) was introduced into the antifouling market in 1996 (Arch Chemicals;
Maraldo and Dahllöf, 2004). It is hypothesized to act as a biocide by interfering with the
activity of the primary proton pump, H+-ATPase (Ermolayeva and Sanders, 1995). This
interaction can lead to disruptions of cell membranes, disruptions of pH gradients, and
complex binding with metals and proteins (Chandler and Segel, 1978, Dinning et al,
1998).
Here we report on variations in the acute toxicity of CuPT among different
populations of the barnacle, Amphibalanus amphitrite, collected from four different sites
with varying pollutant loads. The four sites were ranked for environmental pollution
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load by incorporating two qualitative assessments and two quantitative measurements.
Qualitative assessments included: a) visual indicators of anthropogenic sources; and b)
sediment type. Quantitative measurements included: a) mud snail imposex rates (a
measure directly linked to organotin contaminants); and b) the presence of PAHs in the
sediments. Furthermore, we characterized the variation in sensitivity to CuPT at the
population level using 15 separate barnacle families collected from a fifth site. This was
accomplished following the procedures of Holm et al (2000, 2005) to ensure independent
maternity and paternity.

5.2 Materials and Methods
5.2.1 Study Sites
Barnacles were collected from four sites (Figure 5.1) in the Newport River
estuary in Carteret County, NC. The sites were chosen based on visual evidence of
anthropogenic inputs and in order to provide a range of levels of industrial and
residential pollutants. The four sites described below are numbered according to their
assumed level of pollution with Site 1 being the cleanest and Site 4 the most polluted.
Site 1 (34°42.38N, 76°40.10W) is located within the Rachel Carson Estuarine
Research Reserve (RCERR) and is considered to be a AA Quality Shellfish area (North
Carolina Department of Environment and Natural Resources). Mud snails collected
from this site have historically showed low imposex rates (Oberdörster et al, 1998; Straw
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and Rittschof, 2004; Chapter 2, this dissertation) and sediment analysis indicates no
discernable organic contamination (P. McClellan-Green, unpublished). The lack of
contaminants at this site is due to the absence of both residential and industrial activity
and to constant flushing by the coastal ocean. Site 2 (34°42.27N, 76°37.32W) is located on
Taylors Creek, a small tidal creek adjacent to public and private boat docks. This creek
serves as the main waterway for the town of Beaufort, NC. Site 3 (34°42.56N, 76°39.55W)
borders a public boat ramp on Taylor’s Creek that is used to launch small recreational
boats. In addition a veneer factory and a Menhaden processing plant (closed in 2006) are
within close proximity. Site 4 (34°43.18N, 76°42.26W) is located on Calico Creek, a tidal
creek in the northeast corner of Morehead City, NC. This creek was visually the most
polluted site and is impacted by a private marina, a commercial port, dockage for a NC
Army Reserve station, sewage discharge from the town of Morehead City, and
previously served as the site for an automobile repair shop.
A fifth low impact site, a seawall at the same tidal height and water quality as
Site 1, was used for the collection of 15 independent barnacle families. Site 5 (34°42.54N,
76°40.21W) is located on the southeast facing seawall of the Duke University Marine
Laboratory (DUML), Beaufort, NC. This site has been the source of living barnacles used
in previous studies of heritable traits (Holm et al, 2000, 2005).
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Figure 5.1 Location of the five barnacles sampling sites in the Newport River estuary.

5.2.2 Percent Imposex
The historical presence of antifouling compounds was established for Sites 1-4 by
monitoring the imposex rate of resident mud snails. Approximately 50-70 mud snails,
Ilyanassa obsoleta, were randomly collected during August 2006 from Sites 1-4. Animals
were removed from shells and female snails examined for the presence of male
accessory sex organs following Oberdörster et al. (1998).
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5.2.3 PAH Analysis
Sediment was collected from Sites 1–4 during August 2006 in clean glass
containers and transported to the laboratory wrapped in aluminum foil to reduce any
degradation of PAHs by ultraviolet light. Three replicate 20 g wet wt. sediment samples
from each site were oven dried at 35°C for 24 hours, then ground with a mortar and
pestle before PAH extraction (Extraction of PAHs was carried out according to USEPA
Protocol 3550B, 1996). A 2 g dry wt. subsample was dissolved in 10 mL of methylene
chloride and sonicated (Sonic Dismembrator-60, Fisher Scientific) for 2–3 minutes.
Samples were centrifuged at 5000 rpm for 30 minutes and the supernatant dried under
nitrogen.
Spectrofluorometry was used to detect PAHs because it is a rapid and
inexpensive screening method (Dissanayake and Galloway, 2004). Samples were
resuspended in 3 mL of methanol and the fluorescence measured using a Perkin-Elmer
(Norwalk, CT) Model LS50B luminescence spectrofluorometer. The following
parameters were used to obtain PAH estimates for pyrene, naphthalene, and benzo (a)
pyrene (B(a)P), respectively: excitation 341 nm, emission 383 nm; excitation 290 nm,
emission 335 nm; and excitation 380 nm, emission 430 nm.

5.2.4 Toxicant
CuPT (Arch Chemicals, Norwood, CT) stock solutions were prepared in
dimethylsulfoxide (DMSO) at a concentration of 2,000 mg L-1 following Kobayashi and
122

Okamura (2002). Stock and working solutions were kept for no longer than one week in
amber bottles, at room temperature to avoid photodegradation. Working solutions were
made immediately before use by diluting stock solutions in filtered seawater (FSW). All
working solutions of CuPT contained 0.00005% (v/v) DMSO.

5.2.5 Ranking of Sites
The four sites were ranked for environmental pollution load by incorporating
two qualitative (visual impact and sediment type) and two quantitative (imposex levels
and total PAH concentration) measurements (Table 5.1). The presence of pollution
sources and sediment type associated with the sites were used to establish visual
estimates for each site. Mud snail imposex percentages (a biomarker of organotin
contamination) and the presence of PAHs in sediments were used as quantitative
measurements to rank the four sites with respect to actual anthropogenic contaminants.
Local pollution sources, percent imposex in mud snails, and total PAH concentration
were ranked from 1–4 (lowest to highest pollution) while sediment type was scored as
either 0 (mud) or 1 (sand). Since PAHs sorb better to high organic mud than low organic
sand (Schwarzenbach et al, 1992), sand was scored with a 1 to offset likely
underestimated PAH measurements based on sandy sediments. The lowest, cleanest
total pollution score a site could receive is 3 while the highest, most polluted score is 13.
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Table 5.1 Site pollution scores, rankings, and LC50 values
Site
Rank
Overall
Number Sourcesa Imposex PAH Sediment Sum
Rank
1
1
1
1
2
0
4
2
2
2
2
1
1
6
3
3
3
4
3
0
10
4
4
4
3
4
0
11
aSources of anthropogenic input in the area

Nauplii LC50
µg L-1 (95% CI)
6.1 (5.0–7.1)
5.6 (5.3–5.9)
5.3 (4.6–5.9)
4.0 (3.6–4.3)

5.2.6 Toxicity Assays
Naupliar assays for the toxicity of CuPT were preformed as described in
Rittschof et al (1992). Stage II nauplii of A. amphitrite from sites 1–4 were collected within
3 hours of hatching. Four replicate, 250 µL aliquots (20–40 nauplii) were added to glass
test tubes containing 4 mL of the test solutions. All test solutions were prepared in 0.22
µm filtered seawater (35‰). Larvae were not fed for the duration of the assay.
Exposures were carried out at 22–25°C for 24 h after which time nauplii were examined
for swimming activity or movement using a dissecting microscope. The number of live
and dead larvae were counted. Nauplii that could no longer move or swim were
determined to be dead.

5.2.7 Experiment I – Naupliar Toxicity Assay
Approximately 100 barnacles were collected during June 2006 from hard
substrata (dock pilings, PVC pipe) at each site (1–4). Upon return to DUML barnacles
were placed in approximately 1 L of 0.22 µm filtered seawater at 35‰ (FSW) and
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crushed to facilitate release of nauplius larvae. Nauplii were collected and exposed to
FSW, DMSO or 3.76, 5.64, 6.58, and 7.52 µg L-1 CuPT in FSW or DMSO.

5.2.8 Experiment II – Variation Between Families
Twenty to thirty barnacle-laden oyster shells were collected at approximately 1
m intervals along the DUML seawall at Site 5 during June 2006. Collection of oyster shell
substrata and egg masses ensured that no egg mass from an individual barnacle shared
a parent with any egg mass from another barnacle (Holm et al, 2000). Masses of welldeveloped fertilized eggs were dissected from barnacles (the maternal parents) and
placed into separate plastic containers with 100 mL FSW. Nauplii from the most fecund
15 barnacles were used in the toxicity assay. Nauplii larvae that hatched from egg
masses were exposed to solutions of DMSO, FSW or to 6.1 µg L-1 CuPT. Mortality was
scored after 24 h as described above and families were numbered in order of their
sensitivity to CuPT with family 1 the least sensitive and family 15 the most.

5.2.9 Statistics
Mortality in the FSW control treatments served as the natural response rate. LC50
concentrations for each of the sites were calculated using PROC PROBIT in SAS
(SAS/STAT Version 8, SAS Institute Inc., 1999). Differences in larval mortality among
families were characterized using the nonparametric Kruskal-Wallis test (PROC
NPAR1WAY, SAS/STAT Version 8, SAS Institute Inc., 1999).
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5.3 Results
5.3.1 Ranking of sites
Table 5.1 shows the ranking results for each of the two qualitative and
quantitative assessments. Site 1 received the lowest score for anthropogenic sources. It
had 0% imposex, a low level of total PAH (0.43 µg L-1), mud sediment, and received a
total score of 4. Sites 2 and 3 are ranked the second and third cleanest sites with
pollution scores of 6 and 10, respectively. Site 2 had the second lowest visual pollution
score, 41.2% imposex, the lowest levels of PAH (0.23 µg L-1), and organic/ sand sediment.
Site 3 had the second highest visual pollution score, the highest percent imposex (91.2%),
total PAH levels of 0.53 µg L-1, and mud sediment. Site 4 had the highest visual pollution
score resulting in a total score of 11. It had 81.2% imposex, PAH concentrations (6.22 µg
L-1) an order of magnitude greater than other sites, and mud sediment. The pollution
scores ranked the sites in the same order as predicted based on visual estimates of
anthropogenic activities adjacent to each site.

5.3.1 Variation in LC50 among sites
Nauplii toxicity tests from Sites 1, 2 and 3 were statistically similar to one another
with CuPT LC50 of 6.1 (95% CI, 5.0–7.1), 5.6 (5.3–5.9), and 5.3 (4.6–5.9) µg L-1, respectively
(Table 5.1). Site 4 nauplii were significantly (p<0.001)) more sensitive to CuPT with an
LC50 of 4.0 (3.61–4.29) µg L-1. There is an inverse relationship between the pollution rank
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of a site and the LC50 of its nauplii to CuPT (Table 5.1). Site 1, the cleanest site, had the
highest LC50, and the least sensitive larvae while the most polluted Site 4 had the lowest
LC50 and most sensitive larvae.

5.3.2 Variation in mortality among barnacle families
All 15 families collected from Site 5 showed significant mortality when exposed
to 6.1 µg L-1 CuPT compared to FSW or DMSO (p<0.0001). Mortality ranged from 15.0%
(95% CI, 8.78–21.39) for Family 1 up to 98.9% (95% CI, 95.4–100) for Family 15 (Figure
5.2). Families were ordered based on their sensitivity to CuPT exposure.
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Figure 5.2 Percent mortality of nauplii from 15 Amphibalanus amphitrite families after
24 h exposure to controls DMSO (○) and FSW (▼), and 6.1 µg L-1 CuPT (●).
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5.4 Discussion
Acute toxicity assays using A. amphitrite nauplius larvae collected from four sites
within Carteret County, NC had LC50 values ranging between 4.0 to 6.1 µg L-1 CuPT
(Table 5.1). These concentrations are similar to the LC50 reported for another crustacean,
the adult toy shrimp, Heptacarpus futilirostris (LC50 = 2.5 µg L-1; Mochida et al., 2006).
Other marine organisms assayed for CuPT toxicity include the sea urchin Lytechinus
variegatus (LC50 = 14 µg L-1), the mud snail, Ilyanassa obsoleta (LC50 = 63.2 µg L-1), (Romano
et al, unpublished) and the red sea bream, Pagrus major (LC50 = 9.3 µg L-1; Mochida et al.,
2006). Total pyrithiones in harbors have not been reported at concentration higher than
100 nM (Mackie et al, 2004) thus we do not expect CuPT pollution to cause acute toxicity
in A. amphitrite larvae not associated with boat hulls.
The LC50 values (Table 5.1) for the four collection sites were inversely related to
the pollution score for each site. Site 1, located within the RCERR with notable AA
shellfish quality waters, ranked the cleanest of the four sites and produced nauplii with
the most resistance (highest LC50). Site 4, located in a tidal creek surrounded by a
commercial port, marina, and other anthropogenic inputs and which has high levels of
imposex and PAHs produced nauplii with the lowest resistance to CuPT toxicity (lowest
LC50).
One explanation for this susceptibility is that barnacles residing in highly
polluted sites are undergoing altered physiological and metabolic processes. It is also
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highly probable that their detoxification systems are already at full capacity and that
they are unable to handle additional stress (Baird et al, 1990; Lam, 1996). This concept is
supported by Wang et al (2006) who reported that fish exposed to organotin and PAHs
exhibited increased vulnerability to oxidative stress and had lower glutathione-stransferase activity, resulting in reduced physiological resilience to new stressors.
Brüschweiler et al (1996) found similar results with inhibition of cytochrome P4501A in
fish after organotin exposure. In molluscs, similar findings have been reported in oysters
exposed to PAH contaminants. Surveys conducted by Auffret et al (2004) report
lingering effects of oil spill ‘Erika’ off the west coast of France are still causing
immunological impairment and alterations and decreased defense related functions in
the Pacific oyster, Crassostrea gigas, three years after the accident. The data suggest that
organisms from low impacted sites are better able to withstand toxicant stress than those
from more impacted sites.
To examine natural variation between families, nauplii from 15 different barnacle
families from a low impacted site were tested for sensitivity to CuPT. After exposing the
barnacle families to a single concentration of CuPT, we found that mortality ranged
between 15 and 98.9%. We interpret the high variation in mortality as evidence for
selection of compound resistant organisms. Similar conclusions have been reached for
other model systems such as those exposed to heavy metals. Forbes et al (1995) found
that exposure to cadmium increased the variability in growth rate of two species of
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gastropods and hypothesized that environmental stress can reduce population response
and result in increased variation in biological responses. To further support this
supposition Baird et al (1990) reported that clones of D. magna exposed to cadmium
varied over 3 orders of magnitude in their acute responses with LC50 ranging between
0.06–100 ppb.
In this study, two observations were made: 1) that prior exposure to pollutants
can increase the sensitivity of A. amphitrite to CuPT; and 2) that a large variability in
mortality (15-98.9%) was found to exists within a population of A. amphitrite exposed to
CuPT. These results suggest caution when extrapolating results from laboratory strains
that may have little genetic variability. Wild populations are routinely exposed to an
assortment of anthropogenic contaminants and other stressors. These conditions, in
turn, may select for different genotypes that are more or less sensitive to toxicant insult.
When developing protocols for environmental risk assessment, future tests should
include assays that examine responses of field populations in addition to those of
laboratory strains in order to better represent environmental conditions and variability.
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Chapter 6

Conclusions:
Effects of Non-Point Source Pollution
on Invertebrates
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6.1 Overview
Non-point source pollution is not generated from any single source of
contamination; rather it is a mixture of agricultural, residential, and industrial activities.
In a recently released report, the United Nations estimated that several million tons of
pesticides and nearly half a million tons of petroleum products are released into aquatic
environments annually through intentional or accidental disposal (McGinn, 2004). These
man-made contaminants enter into streams, rivers, and ultimately into the worlds
oceans, but first they filter through transitory environments such as the Rachel Carson
Estuarine Research Reserve (RCERR). The area surrounding the Reserve is one of the
fastest growing areas in the state of North Carolina and is within close proximity to
numerous agricultural, residential, and industrial developments. According to the latest
data available from the USEPA Toxics Release Inventory Program (March 22, 2007),
industrial sources in and around Beaufort, NC released a total of 113,859 pounds of
styrene, 9,966 pounds of copper, and 6,861 pounds of lead into the environment adjacent
to the RCERR in 2005. The exact amounts of pesticides and other anthropogenic
compounds released into the area surrounding and entering the RCERR are unknown.
Standard water quality assessments within the reserve do not routinely monitor for the
presence of anthropogenic contaminants.
This dissertation investigated the hypothesis that non-point source contaminants
entering into estuarine systems adversely affects the health, development and
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reproductive capacity (productivity) of organisms living in that environment. To
accomplish this, a detailed examination of the acute toxicity and sub-lethal effects of
four representative compounds that have the potential to enter into the RCERR (based
on surrounding development and anthropogenic activities) were first conducted. These
compounds included pesticides, antifoulants, petroleum by-products, and industrial
solvents. Specifically, the effects of diuron, copper pyrithione (CuPT), benzo(a)pyrene
(B(a)P) and styrene exposure on the mud snail, Ilyanassa obsoleta, the American oyster,
Crassostrea virginica, the sea urchin, Lytechinus variegatus, and the barnacle, Amphibalanus
amphitrite were examined. These organisms were selected because they represent
ecologically important mollusks, echinoderms, and crustaceans that live within this
reserve system. Next, the general effects of non-point source pollution were examined at
six sites within the RCERR in order to gain a better understanding of the current health
of this unique habitat. Our results show that the pesticide diuron, the antifoulant CuPT,
the polycyclic aromatic hydrocarbon B(a)P, and the industrial solvent, styrene all
adversely impacted mortality, reproduction, and/or development in each of the model
organisms used in these studies.

6.2 Pesticides/Antifoulants
One of the major hypotheses tested in this dissertation was that diuron would
exhibit acute and/or sub-lethal affects in non-photosynthesizing organisms at
concentration currently observed in the environment. While diuron has been used since
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the 1960s as a photosystem II inhibiting herbicide, more recently it has been added to the
arsenal of antifouling additives for copper-based paint formulations. Very little
information is available on the effects of diuron in the context of its role as an antifoulant
additive. Diuron has been reported at concentrations ranging from a few µg L-1 to
several mg L-1 in marinas, harbors, and some U.S. surface waters (Thomas et al, 2001;
Moncada, 2004).
The model organisms employed in this study were exposed to increasing
concentrations of diuron for a period of 96 hours in a static renewal system. Diuron was
not shown to be acutely toxic to adult C. virginica or L. variegatus at environmentally
relevant concentrations (Fig. 6.1). We were also not able to achieve an LC50 for I. obsoleta,
possibly due to a solubility limitation of the pesticide in saltwater at the higher test
concentrations. Sub-lethal effects were however observed in I. obsoleta, C. virginica, and
L. variegatus at concentrations well within current environmental ranges. A significant
reduction in egg capsule production was seen in I. obsoleta at concentrations as low as
100 µg L-1 and a significant reduction in C. virginica condition index was achieved at 1
mg L-1. Larval development and fertilization success in L. variegatus was negatively
impacted at concentrations as low as 0.1 µg L-1. This concentration has been reported to
negatively affect photosynthesis in two species of sea grass (Haynes et al, 2000) and is
over one order of magnitude lower that levels which have been recorded in several
marinas and harbors (Thomas et al, 2001).
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Sub-lethal Effect
LC50
I. obsoleta
C. virginica
L. variegatus

Diuron
I. obsoleta: 100 µg L-1
Reduces Egg Capsules
per female

L. variegatus: 0.1 µg L-1
Reduces fertilization in exposed gametes
Delays embryo development
Increases abnormal development

C. virginica: 1 mg L-1
Reduces Condition Index

Concentration (log scale)

I. obsoleta – No LC50

L.variegatus: LC50
7.14 mg L-1

C. virginica: LC50
10.85 mg L-1

Figure 6.1 Summary of the concentrations at which diuron affects invertebrate models
both lethally and sub-lethally in relation to environmental concentrations (shaded
blue, common; shaded pink, worst case).

Copper pyrithione is another compound that has recently been added to the
antifouling market. Environmental levels of this compound have not been reported
however; total pyrithiones (including Cu, Zn, and Na conjugates) have been estimated
in excess of 0.3 µg L-1 in some U.K. waters (Mackie et al, 2004). The use and
environmental concentrations of CuPT and its sister compound zinc pyrithione (ZPT)
(which can transchelate to CuPT upon introduction into marine environments) is
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predicted to increase as organotin based antifoulants are phased out and replaced with
newer paint formulations (Jensen et al, 2000). Presently 70% of all European pleasure
crafts are estimated to use antifoulants that include ZPT (Jensen et al, 2000) and
approximately half of this level when applied will transchelate into CuPT (Dahllöf et al,
2005).

CuPT
L. variegatus: 0.1 µg L-1
Reduces fertilization in
exposed gametes
Delays development
Increases abnormal
morphology

I. obsoleta: 3.21 µg L-1
Reduces eggs per female

Sub-lethal Effect
LC50
I. obsoleta
C. virginica
L. variegatus
A. amphitrite

C. virginica: 10 µg L-1
Reduces condition index

Concentration (log scale)

A. amphitrite: LC50
6.1 µg L-1

L. variegatus: LC50
14.04 µg L-1

C. virginica: LC50
74.53 µg L-1
I. obsoleta: LC50
63.2 µg L-1

Figure 6.2 Summary of the concentrations at which CuPT affects invertebrate models
both lethally and sub-lethally in relation to environmental concentrations (shaded
blue, total pyrithiones; shaded pink, predicted future concentration).
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At exposure levels equivalent to currently estimated environmental
concentrations, CuPT was not acutely toxic to adult I. obsoleta, C. virginica, L. variegatus,
or stage II A. amphitrite nauplii (Fig. 6.2). CuPT exposure did however, produce sublethal affects including decreased fertilization success and increased delays in
development and abnormal morphologies. Based on the findings presented in this
dissertation, anticipated increases in the use of this compound(s) will acheive
environmental concentrations of pyrithione that elicit acute toxicity in stage II A.
amphitrite nauplii and produces sub-lethal effects in I. obsoleta, C. virginica, and L.
variegatus.

6.3 Polycyclic Aromatic Hydrocarbons
B(a)P is a product of both natural and anthropogenic production and is not
normally considered to be acutely toxic to most marine organisms at environmental
levels. Background levels of B(a)P that are considered typical in drinking water,
rainwater, and subterranean water range from 0.2 to 1000 ng L-1, while highly
contaminated waters have been reported to exceed 50 µg L-1 (Irwin et al, 1997). In our
range finding study, we were not able to achieve an LC50 in I. obsoleta or C. virginica;
however it should be noted that some death of I. obsoleta did occur at concentrations as
low as 10 µg L-1. In addition, decreases in egg capsule production and condition index
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were observed in I. obsoleta and C. virginica at the lowest (fecundity and condition index)
test concentration of 50 µg L-1 (Fig. 6.3).

Sub-lethal Effect
LC50
I. obsoleta

B(a)P
I. obsoleta: 50 µg L-1
Reduces eggs per female

Concentration (log scale)

I. obsoleta – No LC50
C. virginica – No LC50

Figure 6.3 Summary of the concentrations at which B(a)P affects invertebrate models
both lethally and sub-lethally in relation to environmental concentrations (shaded
blue, B(a)P levels reported in UK wastewater; shaded pink, total PAHs).

Based on the findings reported in this dissertation B(a)P was not acutely toxic to
adult I. obsoleta or C. virginica. No LC50 could be acheived in I. obsoleta or C. virginica
either, most likely due to solubility issues at higher concentrations in saltwater
environments. Acute toxicity due to benzo (a) pyrene exposure is rarely reported in
mammals, birds, and aquatic organisms. PAHs in general are more frequently
associated with chronic risks that result from reactive metabolites produced within
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detoxification pathways (Livingstone et al, 1990; Grundy et al, 1996; Ericson and Balk,
2000; McElroy et al, 2000). These chronic effects often result in biological and
physiological changes including inhibition of molting, growth, behavioral alterations, or
induction of enzymatic activities such as ethoxycoumarin-O-deethylase (ECOD)
(Oberdörster et al, 1999; 2000). In addition, exposure to PAHs has been reported to cause
severe immunological alterations such as inhibition of phagocytosis and damage to
lysosomes (Grundy et al, 1996; Wootton et al, 2003; Auffret et al, 2004).

6.4 Industrial Solvents
Styrene is globally used as an industrial solvent in the production of polystyrene,
copolymers and other forms of resins. According to USEPA's Toxic Chemical Release
Inventory, total styrene released into U.S. land and water bodies from 1987-1993 totaled
over 2 million lbs. These releases mainly stemmed from the adhesives and sealants
industries with the largest releases occurring in Texas and Louisiana (USEPA, accessed
27 April, 2007). While styrene is highly volatile (vapor pressure, 4.5 mmHg at 20oC), it
still has the potential to enter into aquatic environments through various exposure
scenarios (Cushman et al, 1997). In 1992, Miller et al (1994) estimated a worldwide use of
approximately 16 million tons with much of that volume being transported by barge and
vessels over large bodies of water. One of the major hypotheses of this dissertation was
that exposure of an organism to environmental concentrations of styrene would elicit
acute and sub-lethal effects.
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Sub-lethal Effect
LC50
I. obsoleta
C. virginica

Styrene

I. obsoleta: 50 µg L-1
Reduces eggs per female

C. virginica: 2 mg L-1
Reduces condition index

Concentration (log scale)

I. obsoleta: LC50
1.34 mg L-1

C. virginica – No LC50

Figure 6.4 Summary of the concentrations at which styrene affects invertebrate
models both lethally and sub-lethally in relation to environmental concentrations
(shaded blue, from Argentinean wastewater effluent).

Styrene caused mortality in I. obsoleta at concentrations as low as 50 µg L-1 and
resulted in an LC50 of 1.34 mg L-1 (Fig. 6.4). These concentrations are well within reported
environmental levels both within the U.S (exceeding 50 µg L-1; Pelish et al, 2003) and
globally (exceeding 5 mg L-1; Gomez et al, 2001). One possible explanation for the
inability to achieve an LC50 in C. virginica exposed organisms may be the exposure
methodology for the experiment. Oysters were placed in 10 gallon aquaria with surface
areas approximating three square feet. The systems were open and constantly aerated
with the use of air stones. It is possible that the styrene was volatilized thereby
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decreasing exposure concentrations. In the I. obsoleta toxicity assay, while containers
were aerated they did not contain air stones and were covered at all times with plastic
wrap.
Sub-lethal affects were observed including reductions in fecundity and overall
health indices in both species at environmentally relevant concentrations. A reduction in
egg capsules laid per female I. obsoleta was observed at concentrations as low as 50 µg L, the lowest test concentration used in the fecundity study. Lowered condition index

1

values were observed at a concentration of 2 mg L-1, the only concentration tested.

6.5 Health Assessment of RCERR
Developmental, reproductive and health indices were assessed in organisms
from six sites surrounding the RCERR. These sites were chosen based on their
proximity to potential sources of agricultural, industrial, and residential pollution
(Figure 6.5). Site 1, a mud flat consisting of fine sediments and sandy bottom, was
chosen as a control site. This site has been previously analyzed for contaminants and has
no notable levels of PAHs, PCBs, or heavy metals (Oberdörster and McClellan-Green,
1998, 2000; Straw and Rittschof, 2004; Oberdörster et al, 2005; McClellan-Green et al,
2006) and is considered AA quality shellfish water by the North Carolina Department of
Environment and Natural Resources (NCDENR). Site 2 is a sandy bottom environment
located along the Carrot Island side of Taylors Creek. This site is directly across from the
Beaufort, NC waterfront and has the potential to be impacted by recreational and
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residential activities. Site 3 is located on the same tidal creek as Site 2 but receives
wastewater discharge from a tertiary sewage treatment pipe located approximately 200
m across the creek. Organisms at this site are potentially exposed to pharmaceuticals,
roadway runoff, and residential wastes. Site 4 was the final site chosen along the Carrot
Island side of Taylors Creek. This high organic matter site is regularly exposed to
persistent and residual contaminant inputs located on the opposite side of the creek
including an active boat launch, commercial fishing vessels, and a nearby wood veneer
production facility. Site 5 is located along the North River Channel and was chosen in
order to evaluate anthropogenic input resulting from agricultural and recreational
activities in the North River. Site 6 is situated on the western end of the RCERR across
from Radio and Pivers Islands. It receives tidal flows from the North and Newport
River estuary and is an active waterway for boats entering the Beaufort Inlet.
Presently, the exact nature and composition of anthropogenic contaminants
affecting the RCERR is not known. It does appear however, that some compound or
mixture of compounds is impacting the overall health of organisms within the Reserve.
A reduction in egg capsules laid per female I. obsoleta was observed at Sites 3, 4, and 6
while a reduction in condition index in C. virginica was seen at Sites 4, 5, and 6. In
addition to the reduction in condition index of oysters from Site 6, an increase in ECOD
activity was observed that was approximately 3 times higher than that which was
observed in oysters from Site 1.
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These site-specific results imply that Sites 4 and 6 are the two most highly
impacted sites, possibly a result of petroleum by-products and/or endocrine disrupting
compounds contained within the sediments. Sites 3 and 5 appear to be undergoing
initial signs of environmental impact as observed by the decrease in fecundity of I.
obsoleta and the reduction in overall health of C. virginica. This may be related to the
proximity of Site 3 to the wastewater discharge pipe and the proximity of Site 5 to tidal
flushing from the eastern end of Taylors Creek and the North River Channel. No
significant impacts or reduction of fecundity in I. obsoleta or overall health of C. virginica
was observed in organisms from Sites 1 and 2. This is most likely a result of the tidal
flushing and lack of proximity to anthropogenic sources for Site 1. In addition, Site 2
contains very little organic matter with the majority (>99%) of the sediment consisting of
coarse sands and is highly influenced by the strong tidal flow through the Beaufort Inlet.
Environmental assessments such as water quality and sediment analysis need to
be performed within the RCERR before any concrete cause and effect relationship can be
determined. It is clear based upon the observance of decreased egg capsule production
in I. obsoleta and decreased condition index in C. virginica, that something, most likely
xenobiotic compounds of some sort, is adversely affecting invertebrates within the
Reserve. With the dramatic increases in coastal development and recreational and
commercial activities surrounding the RCERR, the Reserve should be routinely
monitored. Current monitoring activities within the Reserve include daily tidal height,
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wind direction, water temperatures, salinity, and phosphate and nitrate concentrations.
Based on our observations, the presence of contaminants such as pesticides, antifoulants,
petroleum by-products and industrial solvents within the Reserve should also be
monitored.

6
2
11

3

4
5

Figure 6.5 Relative health of the six sampled RCERR sites. Healthy, green; slightly
impacted, orange; highly impacted, red.

Estuaries provide many wildlife benefits such as nursery habitat, feeding
grounds, and sanctuaries. They also contribute millions of dollars to local economies in
the form of tourism and commercial and recreational fishing. In general, estuaries serve
the public with a suite of resources, benefits, and services and must be maintained
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carefully for the shared benefit of all who enjoy and depend upon them. In order to
maintain their usefulness and accurately determine whether they continue to function as
healthy ecosystems additional recommendations for assessing the health of the Reserve
have been formulated. They include 1) expanding field observations to include other
invertebrate and vertebrate species commonly found within the RCERR (including
different life stages) and 2) conducting contaminant assessments within sediment and
water samples and 3) examining seasonal health assessments and yearly trends with
regard to reproductive capacity in important Reserve species. Hopefully such
recommendations will aid in the assurance of continued estuarine health of this unique
and ecologically important environment.
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