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Abstract
Methylmercury is a bioaccumulative neurotoxin that severely endangers human
health. Humans are exposed to methylmercury through consumption of contaminated
aquatic fish. To date, effective strategies for preventing and remediating methylmercury
contamination have remained elusive, mainly due to the lack of knowledge in regard to
how methylmercury is generated and degraded in the aquatic environment. The goal of
this dissertation was to study the mechanisms of two transformation processes that
govern the fate of methylmercury in natural settings: microbial mercury methylation
and methylmercury photodegradation. The role of mercury speciation (influenced by
environmental conditions) in determining the reactivity of mercury in these biological
and photochemical reactions was the focus of this research.
Methylmercury production in the aquatic environment is primarily mediated by
anaerobic bacteria in surface sediments, particularly sulfate reducing bacteria (SRB). The
efficiency of this process is dependent on the activity of the methylating bacteria and the
availability of inorganic divalent mercury (Hg(II)). In sediment pore waters, Hg(II)
associates with sulfides and dissolved organic matter (DOM) to form a continuum of
chemical species that include dissolved molecules, polynuclear clusters, amorphous
nanoparticles and after long term aging, bulk-scale crystalline particles. The methylation
potential of these mercury species were examined using both pure cultures of SRB and
sediment slurry microcosms. The results of these experiments indicated that the activity
of SRB was largely determined by the supply of sulfate and labile carbon, which
significantly influenced the net methylmercury production in sediment slurries. The
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availability of mercury for methylation decreased during aging. Dissolved Hg-sulfide
(added as Hg(NO3)2 and Na2S) resulted in the highest methylmercury production.
Although the methylation potential of humic-coated HgS nanoparticles decreased with
an increase in the age of nanoparticle stock solutions, nano-HgS was substantially more
available for microbial methylation relative to microparticulate HgS, possibly due to the
smaller size, larger specific surface area and more disordered structure of the
nanoparticles. Moreover, the methylation of mercury derived from nanoparticles cannot
be explained by equilibrium speciation of mercury in the aqueous phase (<0.2 µm, the
currently-accepted approach for assessing mercury bioavailability for methylation).
Instead, the methylation potential of mercury sulfides appeared to correlate with the
extent of dissolution and their reactivity in thiol ligand exchange. Additionally,
partitioning of mercury to a diverse group of bulk-scale mineral particles and colloids
(especially FeS) may be an important process controlling the mercury speciation and
subsequent methylmercury production in natural sediments.
In surface waters, sunlight degradation is believed to be the predominant
pathway for the decomposition of methylmercury. The mechanism of this process was
investigated in a series of photodegradation experiments under natural sunlight and
UV-A radiation, and in the presence of DOM and selective quenchers for photogenerated reactive intermediates. The results suggested that singlet oxygen generated
from photosensitization of DOM drove the photodecomposition of methylmercury. The
rate of methylmercury degradation depended on the type of methylmercury (CH3Hg+)
binding ligand present in the water. CH3Hg -thiol (e.g., glutathione, mercaptoacetate,
v

DOM) complexes were significantly more reactive in photodegradation compared to
other methylmercury complexes (CH3HgCl or CH3HgOH), which may be because thiolbinding can effectively decrease the activation energy and thus enhance the reactivity of
methylmercury molecules toward the Hg-C bond breaking process. These findings
challenge the long-accepted view that water chemistry characteristics do not affect the
kinetics of methylmercury sunlight degradation, and help explain recent field
observation that methylmercury photodegradation occurred rapidly in freshwater lakes
(where CH3Hg-DOM dominate methylmercury speciation) but relatively slowly in sea
water (where CH3Hg-Cl control methylmercury speciation).
Overall, this dissertation has demonstrated that chemical speciation of inorganic
mercury and methylmercury determines their availability for microbial methylation and
sunlight degradation, respectively. The abundance of these available mercury species is
influenced by a variety of environmental parameters (e.g., DOM). This dissertation work
contributes mechanistic knowledge toward understanding the occurrence of
methylmercury in the aquatic environment. This information will ultimately help
construct quantitative models for accurately predicting and assessing the risks of
mercury contamination.
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Chapter 1. Introduction
Part of this chapter was reproduced from Hsu-Kim H., Kucharzyk K., Zhang T.,
Deshusses M.A. Mechanisms of mercury bioavailability and microbial methylation in
the aquatic environment: a critical review. Environmental Science & Technology, Submitted.

1.1 Motivation
Methylmercury is a potent neurotoxin that accumulates in aquatic food webs and
poses a significant risk to human health(1). Individuals with developing neurological
systems (i.e., fetuses, infants and young children) are particularly susceptible to the
adverse (and in extreme cases, fatal) effects caused by methylmercury poisoning. In the
U.S., 10,000’s to 100,000’s of children are born each year with in utero methylmercury
exposure exceeding health guidelines(2) as methylmercury can pass through the
placenta from the mother to the fetus. The major route of human exposure to
methylmercury is consumption of fish(3) contaminated by methylmercury that
originates from both natural waters(4) and sediments(5). Despite the critical importance
of controlling the methylmercury levels in these aquatic settings, the mechanisms by
which methylmercury is generated and degraded in the aquatic environment are largely
unknown. As a result, accurate prediction of methylmercury accumulation and efficient
remediation strategy of methylmercury contamination have remained elusive.
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The biogeochemical cycling of mercury that results in bioaccumulation of
methylmercury is highly complex and dynamic(6). Methylmercury concentrations in
aquatic systems vary widely and are seldom a simple function of the total mercury
input(7). Instead, methylmercury accumulation reflects the net result of many sources
and sinks in the ecosystem. In particular, microbial formation from inorganic divalent
mercury in anaerobic sediments accounts for the majority of the methylmercury that is
potentially taken up by aquatic biota(8), while photodegradation by natural sunlight is a
predominant removal pathway of methylmercury in surface water(9, 10). The
significance of these two processes in methylmercury cycling in the aquatic environment
has been demonstrated in previous work, yet the exact mechanisms that govern these
processes are not well understood.
Microbial formation of methylmercury is primarily driven by sulfate-reducing
bacteria in anaerobic sediments(11). Methylmercury production rates are generally
related to two main factors: the productivity of the methylating bacteria and the
availability of inorganic mercury species for microbial uptake and methylation. The
uptake of mercury into methylating organisms is thought to occur through passive
diffusion of neutrally-charged dissolved mercury-sulfide complexes (i.e., Hg(HS)20 and
HgS0) (12). With this basis, chemical equilibrium models are utilized to predict the
concentrations of these mercury species and correlate with methylmercury
production(13-15). However, a growing body of evidence has suggested that the

2

underlying assumptions of this approach are questionable. For example, instead of
passive diffusion, methylating bacteria may take up mercury through an active
transport mechanism(16, 17). Moreover, recent advances in nanogeochemistry helped
demonstrate that HgS0 is more likely to be mercury sulfide nanoparticles rather than a
mononuclear aqueous complex(18). These discrepancies point to the need for reexamining the current mercury methylation paradigm and this was the first goal of my
dissertation. The potential role of mercury sulfide nanoparticles in microbial
methylation is of particular research interest and may provide new perspectives for
understanding the mechanisms of this process.
Like the formation process of methylmercury, there still exist many gaps in our
knowledge regarding the mechanism and pathway of methylmercury photodegradation.
In natural waters, the degradation of methylmercury occurs mainly through sunlight
induced pathways, as indicated by previous in situ incubation experiments(9). This
process is known to occur through an indirect mechanism(19) that may involve a variety
of reactive intermediates generated from sunlight-activated chromophores in surface
waters. However, the nature and source of these reactive intermediates are unclear.
Initial field studies have reported first-order degradation rates of methylmercury that
were of similar magnitude in different types of freshwater systems and appeared to be
independent of other water chemistry characteristics (e.g., TOC, pH) (9, 10, 20, 21). Thus,
sunlight intensity has been proposed to be the only important factor in methylmercury
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photodegradation. This statement has been seriously challenged by two recent
observations. First, sunlight degradation of methylmercury occurred to a much lesser
extent in a coastal marine environment compared to freshwater lakes(22). Second,
theoretical calculations indicated that methylmercury-thiol complexes (dominant
methylmercury species in freshwater) tend to be more reactive than methylmercurychloride complexes (dominant methylmercury species in seawater) toward
decomposition by electrophiles (e.g., photo-generated reactive species)(23). The results
from this theoretical study, although they need to be verified in laboratory experiments,
provide a plausible explanation for the first observation. Thus, the second focus of this
dissertation was to address these questions concerning the mechanism of
methylmercury photodegradation.
This research effort aims at developing a better mechanistic understanding of
how methylmercury accumulation occurs in the aquatic environment. Our overall
hypothesis is that the various mercury species present in natural settings are not equally
available for microbial mercury methylation and methylmercury photodegradation. To
what extent these two processes occur is largely determined by the chemical speciation
of mercury that is subject to the environmental conditions. In order to examine this
hypothesis, two key research questions are addressed in this dissertation: (1) what
mercury species are readily available for microbial formation and photodegradation of
methylmercury; and (2) how the environmental conditions influence the occurrence of
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these reactive mercury species. The results from this research will allow for accurate
prediction of the “hot spots” of net methylmercury accumulation (high methylation
potential and low demethylation potential) based on measurable environmental
parameters, and ultimately the elimination of the hazard of methylmercury
contamination to human beings.

1.2 The problem of methylmercury in the environment
1.2.1 Methylmercury and its toxicological effects
Mercury can exist in three oxidation states: elemental/metallic (Hg0), mercurous
(Hg(I)) and mercuric (Hg(II)). Elemental mercury (Hg0) strongly partitions to the air, and
thereby is capable of traveling across long distances (24, 25), and causes widespread
contamination of mercury, even in remote areas where no point sources are identified.
Under ambient conditions, mercurous mercury (Hg(I)) is highly unstable and rarely
considered in environmental studies(26). Mercuric mercury (Hg(II) has been found in
both inorganic and organic forms. Organic mercury compounds are defined as mercury
bound to carbon based structures, and the most commonly encountered organ mercuric
species in the aquatic environment is monomethylmercury (MeHg).
MeHg is a developmental neurotoxin(1, 3) that can transport across the bloodbrain barrier and placenta in mammalian animals. The bioaccumulative properties of
MeHg in mammals is thought to be based on specific uptake of the MeHg-L-cysteine
complex that is mistaken for methionine and transported across membranes by a neutral
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amino acid membrane transport protein (27-30). Compared to adults, fetuses and infants
are particularly susceptible to MeHg poisoning due to their developing neurological
systems(1, 31). Elevated level of MeHg causes neurological disorders and brain
dysfunction, possibly by generating reactive oxygen species (e.g., superoxide, hydrogen
peroxide and nitric oxide) or compromising intracellular calcium homeostasis and
glutamate homeostasis(32, 33). The symptoms of MeHg poisoning range from mild
numbness to blindness, loss of balance, and in extreme cases, death(34). While the brain
is the primary organ affected by MeHg poisoning, adverse cardiovascular effects, such
as acute myocardial infarction, have also been linked to MeHg exposure(35, 36).
MeHg is better retained by higher-level organisms than other mercury species
and is the predominant form of mercury that bioaccumulates in the aquatic food
chain(37). Previous evidence suggests that nearly all of the mercury (>85%) in the muscle
tissue of fish occurs as MeHg(38-40). Because of the large biomagnification factors, fish
body burdens for MeHg can be as high as 106 times the MeHg concentration in the
surrounding water(41, 42). Dietary intake of contaminated fish is the major exposure
route for MeHg in humans(3). As of 2010, more than 4500 fish consumption advisories
have been issued in the U.S. These advisories span across 50 states, one territory, and
three tribes. 81% of all advisories are issued, at least in part, because of unsafe levels of
mercury(43). With the application of mercury isotopes, recent studies have
demonstrated that the MeHg in fish originates from both aquatic sediments(5) and
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surrounding water(4). Thus, the processes that determine the MeHg concentrations in
these two media are critical for reducing the risk to human health posed by MeHg.

1.2.2 Sources and transformations of methylmercury
Mercury is a global pollutant that is released into the atmosphere from both
natural and anthropogenic sources. Natural sources include volcanic eruptions, forest
fires, biomass burning, and low-temperature volatilization(44). Anthropogenic sources
include fossil fuel combustion, mining, waste disposal, and chemical production(44).
The mercury emission from these sources is mostly gaseous Hg0. The major pathway by
which Hg0 enters the aquatic environment is first oxidation to inorganic Hg(II), followed
by transportation to water bodies via wet or dry deposition(6). In fact, in situ
methylation of inorganic Hg(II) is considered to be the primary source of MeHg in most
aquatic settings. The contribution of the external MeHg input (e.g., wastewater
discharge, surface runoff, groundwater infiltration) to the bioaccumulation of MeHg in
aquatic food webs is relatively minor(8-10, 45). In situ production of MeHg may be
mediated by microorganism(11, 46) or sunlight(47, 48), and occur in sediments(8) or
water columns(49). Mass-balances for MeHg in both coastal marine and freshwater
settings have shown that the sediment, where there is little to no sunlight penetration, is
the most significant reservoir for MeHg(8, 50). The production of MeHg is mainly driven
by the anaerobic bacteria that thrive in surface sediments. Many bacteria responsible for
mercury methylation degrade MeHg as well(51). In addition, a variety of other bacterial
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strains that cohabitate with the mercury methylators can demethylate MeHg via cellular
detoxification(52) or metabolic mechanism(53). Thus, MeHg concentration and net
accumulation in natural sediments are governed by the balance of simultaneously
occurred microbial production and degradation of MeHg.
MeHg that accumulates in the surface sediments establishes a concentration
gradient of MeHg between sediment pore waters and overlaying waters, which drives
the diffusive flux of MeHg from the sediment to upper water bodies(54). This process
can be enhanced by advective mixing at the sediment-water interface(55, 56) or
bioturbation by benthic organisms(57). Once MeHg is transported into the photic zone,
sunlight induced degradation is believed to take place and remove up to 80% of the
MeHg flux (9, 10). Thus, photodegradation is the predominant pathway for the
decomposition of MeHg and maintains the MeHg concentrations at low levels in surface
waters.

1.3 Microbial formation of methylmercury in natural sediments
1.3.1 Mechanisms of microbial mercury methylation
1.3.1.1 Mercury methylating bacteria

Microbial Hg(II) methylation was first demonstrated in 1969(46) and it is now
widely accepted that in aquatic sediments the primary Hg(II) methylators are sulfatereducing bacteria (SRB), a group of obligate anaerobic bacteria that utilize sulfate as the
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terminal electron acceptor for respiration(58). Although the possibility of Hg(II)
methylation by other microbes (i.e., iron-reducing bacteria and methanogens) has been
recently reported(59-61), the dominant role of SRB in Hg(II) methylation is supported by
extensive evidence from pure culture and sediment microcosm experiments. Key results
from these works include the following: (1) a variety of SRB cultures can effectively
convert Hg(II) to MeHg(51, 62); (2) the addition of molybdate, a specific inhibitor of
sulfate reduction suppressed Hg(II) methylation in sediment samples(58); (3) Hg(II)
methylation rates were observed to correlate with sulfate-reduction rates(63) or with the
distribution of SRB populations in sediment(64); and (4) the experimental addition of
sulfate enhanced MeHg production in sediment cores(65).
To date, mercury methylation capacity has been tested in fewer than 50 bacterial
strains (Figure1.1). However, it appears that the ability to methylate mercury is not
shared by all SRB(66). The order Desulfovibriales has been the most extensively examined,
with about half of the species having the ability to produce MeHg. Mercury-methylating
SRB are also found within the Desulfobacterales order as well as the Desulfuromonales
order. The capacity for mercury methylation was found to depend on the strain rather
than species, genus or metabolic group(62).
As shown in Figure 1.1, the vast majority of the Hg methylators also have the
ability to demethylate MeHg. Biotic demethylation occurs through both reductive and
oxidative pathways(66). Reductive demethylation is mediated by the mer operon system
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and result in the formation of CH4 and either inorganic Hg(II) or Hg0. In oxidative
demethylation, MeHg is degraded to inorganic Hg(II), CO2, and small amounts of CH4
as a cometabolic by-product of methylotrophic metabolism(66). Reductive
demethylation is a well known mechanism for mercury resistance and detoxification.
This process occurs in both aerobic and anaerobic environments(67), and is favored at
high concentrations of mercury(52). Oxidative demethylation, on the other hand, mostly
occurs in anaerobic sediments, and has been detected in both pristine and mercury
contaminated areas(53, 68, 69). Many mercury methylating bacteria including all
obligatory anaerobic microorganisms, do not have the mer sequence in their genomes,
suggesting that they most likely degrade MeHg through an oxidative pathway.
1.3.1.2 Mercury uptake prior to methylation

Microbial methylation of mercury has been broadly recognized as an
intracellular reaction(70, 71), and thus transport of inorganic mercury from the microbe’s
surroundings through the cellular membrane is the first step leading to mercury
methylation. In general, microorganisms can take up metals either by a metabolismindependent, passive process or a metabolism-dependent, active process. Passive
processes would probably dominate in low nutrient environments since active uptake
requires energy, and microorganisms normally lack specific uptake systems for
metals(72).
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Desulfobacterium autotrophicum (ABR92474)*

Desulfomicrobium baculatum (AM419440)
Desulfovibrio termitidis (AF418142)

DESULFOVIBRIONACEAE
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DESULFOVIBRIONACEAE

Desulfovibrio vulgaris (AF418179)
Thermoproteus tenax (CAF18529)
Sulfolubus solfataricus (NP344015)
Haloarcula marismortui (YP134400)
0.2

THERMOPROTEACEAE
SULFOLOBACEAE
HALOBACTERIACEAE

Thermosulfovibrio yellowstonii
(ACI22200)

Figure 1.1: Phylogeny of bacterial strains capable of methylating and demethylating
mercury for those strains with available 16S rRNA gene sequences.
Strains denoted with symbols are microorganisms with only methylation (*) or only
demethylation (▲) capabilities. The phylogenetic tree was generated using the
neighbor-joining analysis. All accession numbers are indicated.
The speciation of mercury has long been considered as an important determinant
of its biological uptake. In Escherichia coli (E. coli) and marine diatom organisms cultured
in a chloride gradient and exposed to Hg(II), a maximum reduction of cell viability
(presumably reflecting mercury uptake and toxicity) was achieved when HgCl2
complexes were the dominant Hg(II) species in the culture solutions(73, 74). The large
uptake of Hg(II) in conditions with high concentrations of HgCl2, but not in conditions
where HgCl3- or HgCl42- dominated Hg speciation, would suggest passive diffusive
uptake of lipophilic, neutrally-charged forms of Hg(II)(73, 74). These findings have been
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extrapolated to the process of mercury methylation, in which anaerobic bacteria were
also presumed to take up mercury by a passive diffusion mechanism(13, 75, 76).
Mercury uptake by bacteria could also occur through a facilitated diffusion
mechanism. Facilitated uptake of dissolved Hg(II) has been proposed by studies
involving Gram-negative bacteria that are not known to methylate mercury(77, 78). The
details of the facilitated uptake mechanism remain unclear, but in an engineered strain
of Vibrio anguillarum pRB28, a small change in pH (from 7.3 to 6.3) resulted in a large
increase in the uptake of inorganic Hg(II)(78). This effect of pH on uptake could not be
explained by a model of passive diffusion of uncharged Hg(II) species, and likely
occurred through a facilitated mechanism(78).
Researchers have also suggested that microbial uptake of mercury can involve an
active transport mechanism. This conclusion is based on studies performed with both
methylating and non-methylating microorganisms(16, 17, 79). Mercury uptake was
reduced when the incubations were performed at decreased temperatures and in the
presence of Na+/K+ ATPase inhibitors, indicating a metabolic influence on the mercury
uptake which cannot be explained simply by diffusion into the cells(17, 79). Moreover,
recent studies by Schaefer et al.(16, 17) suggested that mercury uptake by two mercury
methylating bacteria (Geobacter sulfurreducens and Desulfovibrio desulfuricans) was energy
dependent, either through an electrogenic or ATP-driven mechanism. Complexation
with certain types of thiols, such as cysteine, enhanced the uptake and subsequent
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methylation of inorganic Hg(II). However, Schaefer et al.(16, 17) postulated that the
involvement of a specific amino acid membrane transporter was unlikely, and that
mercury uptake may involve a non-specific transporter for trace metal nutrients,
resulting in the accidental uptake of Hg(II).
1.3.1.3 Biochemical mechanisms of mercury methylation

The major obstacles for advancing our knowledge of microbial mercury
methylation include the absence of identified genetic systems responsible for mercury
methylation and lack of clear correlations between taxonomy of methylating microbes
and methylation rates. The biochemical reactions causing methylation of mercury are
considered to be intracellular, followed by a rapid efflux or diffusion of MeHg outside
the cell(80). The ability to produce MeHg is constitutive rather than induced by exposure
to mercury(80). Despite many previous research efforts, there is still little understanding
on the biochemical pathways of MeHg formation in SRB. Since MeHg production is
primarily associated with the activity of sulfate-reducing organisms, it has been
proposed that the organism's ability to methylate mercury is most likely associated with
substrate specificity of its enzymes(71). For some microorganisms methylmercury
production could be linked to a specific methyl-transferase pathway, to a Hg-specific
uptake pathway, or to the biochemistry of mercury binding within the cell(80).
The main biochemical agents that can induce a spontaneous transfer of a methyl
group include: S-adenosylmethionine, N5-methyl-tetrahydrofolate derivatives, and
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methylcobalamin(70). Among these, methylcobalamin has been identified as an agent
that can facilitate the transfer of methyl groups (CH3-) to mercuric ions (Hg2+). The
importance of methylcobalamin has been shown in studies conducted with the sulfatereducing bacterium Desulfovibrio desulfuricans LS, a dissimilatory incomplete oxidizer of
short-chain fatty acids(71, 81). For this organism, the proposed mechanism of carbon
flow involves the transfer of a methyl group to methyl-tetrahydrofolate via
methylcobalamin (MeB12), with the methyl group originating from C-3 of Ser (by serine
hydroxymethyl transferase) or from formate. Next, the enzymatic acetyl-coenzyme A
(CoA) pathway initiates a methyl group transfer from methyl-tetrahydrofolate to a
corrinoid membrane protein and enzymatic transmethylation to Hg2+. The consensus is
that mercury methylation is most likely an incidental rather than a primary function of
methylcobalamin. Paradoxically, methylcobalamin was identified in some acetogens and
methanogens(82), which were previously excluded from the groups of organisms
considered to be mercury methylators.
Although mercury methylation occurred mainly through the acetyl-CoA
pathway in Desulfovibrio desulfuricans LS(71, 81), experiments involving other incomplete
oxidizing SRB strains have demonstrated that inhibitors of the acetyl–CoA pathway
(such as chloroform and cobalt limitation) had no effect on MeHg production(83, 84).
Furthermore, SRB strains that are complete oxidizers (i.e., microbes that consume acetate
to generate CO2) have shown a correlation between mercury methylation and the
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abundance of CO dehydrogenase (CODH), a key enzyme in acetyl-CoA pathway(83).
These inconsistencies highlight the gaps in our knowledge of the biochemical process
responsible for MeHg production, and underscore the point that the methylation of
mercury within SRB may involve more than one mechanism.

1.3.2 Chemical speciation and reactivity of inorganic mercury in
natural sediments
1.3.2.1 Chemical speciation of inorganic mercury in the aquatic environment

In the aquatic environment, inorganic Hg(II) generally persists in the form of
mercury-ligand complexes (e.g., Hg2+ complexes with chloride, inorganic sulfide, or
dissolved organic matter), or Hg(II) is associated with particles (mercury-bearing
minerals or Hg2+ adsorbed to particle surfaces). The relative partitioning of inorganic
Hg(II) in various dissolved and particulate forms will govern the overall mobility of Hg
and the availability of Hg to methylating microorganisms in anaerobic settings. In the
past, researchers have attempted to differentiate the speciation of Hg(II) based on size
separation (i.e. filtration with a particular pore size or molecular weight cutoff) or metalligand complexation (from experimentally determined thermodynamic binding
strengths of ‘dissolved’ Hg complexes).
In a surface water or sediment porewater, the fraction of Hg(II) in the particulate
phase has traditionally been operationally defined by the amount of mercury that is
retained by a 0.2 or 0.45 μm filter. Smaller particles (i.e. < 0.2 or < 0.45 μm) suspended in
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water (i.e. colloids) are capable of passing through these filters. Therefore, ultrafiltration
devices have been applied to surface waters to quantify the amount of colloidal mercury
relative to dissolved and particulate forms(85-87). Previous work has shown that in 0.4
μm-filtered water, the percentage of mercury that is captured by a 10-kDa ultrafiltration
device (i.e. the ‘colloidal fraction’) varied from 20 to 80%, where the lower end of this
range occurred in saline water and the higher end occurred in freshwater(85-87). This
result is consistent with the coagulation of colloidal particles in saline water to form
aggregates larger than 0.4 μm. In the porewater of anoxic sediment where methylation
primarily occurs, the proportion of mercury in the colloidal fraction is not as well
documented. However, the presence of colloidal Hg could be expected in light of
evidence showing that nanoparticulate forms of HgS can persist as by-products of
mineral precipitation occurring in the presence of dissolved organic matter (DOM)(18,
88-90).
The species of Hg(II) present in the aquatic environment can also be
differentiated based on binding strength of dissolved Hg(II)-ligand complexes. Trace
metal complexation has been studied extensively in the past using a wide variety of
methods that include electrochemical, competitive ligand exchange, and
chromatographic approaches(91). When all of these techniques were applied to streams,
rivers, estuaries and municipal wastewater effluent(92-95), the results generally
demonstrated that the stability constants for Hg-ligand complexes resembled those for
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Hg-thiol complexes. Presumably, dissolved Hg(II) in these settings is specifically
binding to thiol functional groups associated with dissolved organic matter (DOM), as
demonstrated in spectroscopic studies(96-98). In some settings, particularly wastewater
effluent(92), the experimentally-determined stability constants for Hg(II) species were
greater than expected for Hg-thiol complexes, suggesting that ‘stronger’ Hg(II)
complexes (such as Hg-sulfide clusters or nanoparticles) were present in these
settings(99).
1.3.2.2 Current model for predicting methylation potential

In natural sediments, methylmercury levels rarely correlate to the amount of
total mercury and only a small portion of the total inorganic Hg(II) is likely to be
available to the mercury methylating bacteria. To this end, bioavailability models for
mercury have been devised to link the geochemical speciation of inorganic Hg(II) to
MeHg production in sediments and other anaerobic settings. The most established
approach for modeling mercury bioavailability assumes that uptake occurs through a
passive diffusion mechanism(12). Thus, only neutrally-charged forms of dissolved Hg(II)
can be taken up by methylating microorganisms, and the concentration of the
‘bioavailable’ forms of Hg(II) can be estimated from thermodynamic equilibrium models
of Hg(II) complexes(12). This modeling approach has been utilized by several others in
attempts to draw correlations between observed MeHg concentrations in environmental
samples and the calculated concentrations of neutrally-charged forms of dissolved
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Hg(II)(13-15, 100). However, careful examination of the underlying assumptions reveals
that this model is inherently flawed.
First of all, the outcome of this model heavily relies on the accuracy of the
stability constants for the formation of Hg(II)-ligand complexes. However, much
uncertainty arise from the HgS0(aq) (or HgOHSH(aq)) complex, a species that has been
proposed to be the available form of mercury for microbial methylation(75). The
intrinsic solubility of HgS0(aq) (Ksp1 = 10-10 for the reaction: HgS(s) + H2O ⇔ HgS0(aq)) was not
experimentally determined, but was instead extrapolated from the formation constants
of other metal complexes (ZnS and CdS)(101). The original study that proposed the ZnS0
and CdS0 species acknowledged that these compounds were likely to consist of colloidal
forms of metal sulfides rather than mononuclear aqueous complexes(101). A more recent
study(102) postulated that the formation of HgS0(aq) from HgS(s) should be represented by
the smaller value estimated by Dryssen and Wedborg (Ksp1 = 10-22.3). Moreover, aqueous
HgS0 remains as an unknown chemical species as it has never been directly measured in
any study, rendering it difficult to prove the viability of a formation reaction and
equilibrium constant.
Another source of uncertainty for equilibrium calculations is the solubility
products Ks0 for minerals such as metacinnabar and cinnabar, which vary by orders of
magnitude in a database for critically selected stability constants (log Ks0 = -38 ± 2)(103).
The values of these constants determine the saturation index of Hg-sulfide, a parameter
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for predicting the potential of particle formation. The development of the neutral
mercury-sulfide bioavailability model required the selection of relatively large solubility
constants for HgS(s) (Ks0= 10-36.5) so that the transition of the predominant dissolved Hgsulfide species (e.g. HgS0(aq) versus HgS(HS)-) could be matched to field data showing a
decrease of MeHg with an increase of sulfide concentration(75). However, this selection
leads to the prediction that in sediment pore waters, dissolved Hg(II) is understaturated
(with respect to metacinnabar HgS(s)) and thus Hg-sulfide particles is not
thermodynamically favored in most sediment pore waters(12), a notion that conflicts
with direct observations of HgS(s) in sediments(104).
The second questionable assumption of this model is that the mercury speciation
in pore waters can be represented by chemical equilibrium. Previous measurements of
mercury speciation (whether they involve metal-ligand stability or characterizations of
particulate vs. dissolved) rarely fully considered the heterogeneity of mercury species in
natural aquatic systems, and that there is no clearly defined cutoff that distinguishes a
dissolved molecule from a colloidal particle(105). Rather, the constituents that comprise
a surface water or sediment porewater include a continuum of species: from dissolved
molecules to polynuclear clusters, amorphous nanoparticles, and larger (perhaps
crystalline) particles (Figure 1.2). This mixture of compounds would not be predicted
from equilibrium mineral solubility and likely represent intermediates of metal-ligand
complexation, mineral dissolution, and precipitation processes at non-equilibrium.
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Several studies have pointed to the importance of rate-limited processes (e.g. HgS(s)
dissolution, precipitation, mass transfer across depth) for influencing Hg geochemistry
in sulfidic settings(18, 55, 88, 105, 106). Taken together, the current model that utilizes
equilibrium speciation to predict the reactivity of inorganic Hg(II) in microbial
methylation needs to be re-examined.
Stable NOM-capped
polynuclear clusters

dissolved Hg(II)
complexes
dissolution

sorption
of NOM

bioavailable to
methylating bacteria

dissociation

ripening or
aging

cluster formation in
presence of NOM

Heterogeneous
amorphous
nanoparticles

not bioavailable

Stable colloid and
nanoparticle suspension

Aggregated colloids
and nanoparticles

Figure 1.2: The transformations of mercuric sulfides in sediments.
These processes involve a diverse collection of species, many of which are
intermediates of metal-ligand complexation reactions and precipitation and
dissolution of HgS(s). Modified from Aiken et al.(105).
1.3.2.3 Hg-sulfide-DOM speciation

Although the current model completely neglects the role of DOM in microbial
mercury methylation, field and experimental data have demonstrated correlations
between organic carbon concentration and MeHg production(107-109). DOM could
contribute to Hg bioavailability and methylation potential in two ways. First,

20

complexation of Hg(II) by DOM is thought to decrease the amount of Hg(II) available to
the methylating bacteria due to the difficulty for the large macromolecular and
hydrophilic Hg-DOM complexes to diffuse through the cell membranes(110). On the
other hand, in most settings MeHg concentration was observed to increase with organic
carbon content in sediments(107, 111). This positive correlation is typically attributed to
a stimulating effect of the labile carbon on microbial growth. However, neither of these
two theories fully captures the inter-related roles of DOM and sulfide for inorganic
Hg(II) speciation and methylation. Exceptions to the correlation between MeHg and
DOM have been reported(112) in which the co-existence of sulfide and DOM appeared
to yield a favorable geochemical environment for microbial Hg(II) uptake(112).
Therefore, the explicit mechanism through which DOM contributes to mercury
methylation needs to be investigated in conjunction with other environmental variables,
especially sulfide.
Thermodynamic equilibrium calculations generally show that Hg2+ preferentially
coordinates to inorganic sulfides over organic thiols associated with DOM due to the
higher abundance and/or affinity of sulfides. However, DOM can influence Hg(II)
speciation in other ways, particularly if the transformations involving Hg are at a nonequilibrium status. DOM is known to enhance the dissolution rate of cinnabar and
inhibit the precipitation rate of metacinnabar(88, 113). The occurrence of an aqueous
ternary DOM-Hg-sulfide complex is a possible explanation(114). However, more recent

21

studies have demonstrated that DOM plays a significant role in slowing the growth and
aggregation of HgS nanoparticles as they precipitate in aqueous suspension(115, 116).
These nanoparticles are likely to consist of a metacinnabar-like material (in terms of HgS coordination structure) that result in amorphous or nanocrystalline Hg-S-DOM
nanoparticles(89, 90).
Discrete nanoparticles of HgS have been detected directly in soil and
sediment(117-119). However, these examples were highly contaminated settings (mining
and industrial sites where mercury-enriched materials were actively processed).
Methods to directly detect nanoparticles (e.g. electron microscopy) generally require
high concentrations of the target element in the sample (e.g. greater than parts-permillion). In most settings where mercury concentrations in sediments are much more
dilute, nanoscale mercuric sulfides will likely comprise of a mixture of metal sulfides,
such as Hg sorbed to mackinawite-like (FeS) nanoparticles(120).
1.3.2.4 Reactivity of nanoparticles

Recent research on mercury-sulfide-organic matter chemistry has indicated that
nanoparticles of Hg-S-DOM need to be considered in speciation models(18, 89, 90). The
role of these particles for bioavailability and methylation potential remains unknown
(and is a goal of this dissertation). Nanoscale particles are expected to behave differently
than the compositionally identical, larger materials due to the high specific surface areas
and unique reactivity of materials at the nanoscale(121, 122). Indeed, the defining
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characteristics of nanoparticles are not only the small size (i.e., at least one dimension
smaller than 100 nm) but also size-specific reactivity exhibited by the nanomaterials(123).
Nano-specific reactivity is generally observed in particles smaller than 30 nm and stems
from the relatively large specific surface area and crystal lattice imperfections in a
material with a large proportion of atoms on the surface. Nano-specific reactivity may
include increased sorption capacity (normalized to surface area), enhanced transport,
and faster rates of dissolution(121, 123).
The reactivity of nanoparticles can lend them to unique pathways for uptake into
organisms, and at the very least, will influence the microbial bioavailability of the metal
constituents of the nanoparticle. Clues toward understanding the importance of nanoHgS for microbial uptake and methylation could be gained from more established
research on biouptake of iron originating from nanoscale iron oxides. For example, in
microbial iron reduction, nanosized iron oxide colloids exhibited up to 100 times greater
iron transformation rates than their respective bulk minerals(124). This observation was
attributed to the enhanced solubility(125) and larger mineral particle-bacteria contact for
nanoparticulate Fe(III)(126, 127). Moreover, microscopic analysis revealed that iron
oxide nanoparticles can penetrate the outer membrane of iron reducing bacteria,
Shewanella putrefaciens, without collapsing the cells(126), and this bacterium tended to
dissolve Fe(III) at the bacteria-mineral interface(128).
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In previous studies, the reactivity of nanoparticles has almost always been
examined in relatively simple and non-environmentally relevant matrices (e.g.,
experimental solutions, pure bacterial cultures)(124, 129). The information that we gain
from this is valuable but not sufficient for constructing a predictive model for real
environmental settings. In natural aquatic systems, nanoparticles commonly exist as
aggregates(121). Environmental factors, including pH, salinity, sulfide content and DOM
content are expected to influence the structure of the nanoparticle aggregates(18, 130,
131); this in turn has been shown to affect the reactivity of nanoparticles in
biogeochemical processes (e.g., dissolution and bio-reduction)(129, 132-134). Therefore,
in order to understand the potential role of nanoparticulate Hg-S-DOM species in
microbial methylation, experimental efforts under environmentally relevant conditions
are warranted.

1.4 Photodegradation of methylmercury in natural waters
1.4.1 Mechanisms of sunlight induced degradation
Photodegradation refers to the degradation processes that are triggered by
absorption of photons. In natural waters, photodegradation is driven by sunlight
irradiation. Sunlight induced degradation of various organic compounds, including
pharmaceuticals(135-137), pesticides(138, 139), and phenol(140) has been extensively
documented. In general, photodegradation occurs via two types of pathways: direct
photolysis and indirect photolysis.
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1.4.1.1 Direct photolysis

Direct photolysis is a process in which a substrate of interest is excited to a higher
energy state by the absorption of photons and consequently decomposes to other
substances. In this process, not all excited molecules undergo chemical reactions that
result in new products. Instead, a portion of the excited molecules may drop to their
ground state while releasing energy in the form of heat or light, or transfer their energy
to other compounds that are in the same matrix. The efficiency of direct photolysis in
contaminant degradation is quantified by quantum yield, the ratio of the amount of
molecules degraded during photolysis and the amount of photons absorbed by the
reaction matrix.
There are two prerequisites for direct photolysis to occur and become an
important removal mechanism of contaminants in natural waters. First, the
contaminants need to reside in a location that receives adequate amounts of sunlight
irradiation(141). At each depth in the water column, the sunlight spectrum and intensity
is dependent on the turbidity of water and the presence of other light absorbing
compounds or organisms. Generally, radiation with shorter wavelength is attenuated
more rapidly in the water column relative to longer-wavelength radiation. As a result,
direct photolysis driven by the high energy component of sunlight (i.e., ultraviolet (UV)
A and B) may be negligible at water depth greater than several centimeters(142, 143).
Second, the absorption spectra of the contaminants need to overlap with the spectra of
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the available sunlight irradiation(144). Solar radiation below 290 nm is significantly
blocked by the stratospheric ozone layer, and thus sunlight reaching the Earth’s surface
contains mainly visible and infrared light, with a small amount of UV light.
Contaminant compounds that strongly absorb radiation at wavelengths corresponding
to UV-B (290-320 nm), UV-A (320-400 nm) and visible light (400-750 nm) are known to
readily decompose via direct photolysis in natural waters(137, 140). However, many
compounds lack chemical structures that enable them to absorb sunlight, or the energy
of the available sunlight is too limited to induce degradation processes. MeHg follows
this second example. Quantum mechanical calculations have shown that breaking the CHg bond in MeHg molecules requires energy higher than 4.4 eV(19) which corresponds
to UV light with a wavelength shorter than 280 nm. Therefore, the sunlight degradation
of MeHg likely occurs through indirect pathways.
1.4.1.2 Indirect photolysis

During indirect photodegradation of a contaminant, a different light absorbing
compound, often referred as photosensitizer, transfers the energy from a
photochemically excited state to the substrate of interest by directly reacting with the
substrate. Alternatively, the excited photosensitizer can generate a suite of reactive
intermediates that subsequently decompose the substrate. These reactive intermediates
are transient species in natural waters and their production follows two types of
mechanisms. The type I mechanism involves electron transfer from the excited
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photosensitizer to the dissolved oxygen molecules and results in the production of
hydroxyl radical (•OH), superoxide radical anion (HO2•/O2•-), hydrogen peroxide (H2O2),
peroxyl radical (ROO•), etc. The type II mechanism involves energy transfer from the
excited photosensitizer to the dissolved oxygen molecules in a collision-dependent
process and typically results in the production of singlet oxygen (1O2).
The reactive intermediates, including the excited photosensitizer molecules, are
widely prevalent in surface waters(145, 146) and their concentrations reflect the balance
between rapid generation and consumption processes. Among all the reactive
intermediates, hydroxyl radical and singlet oxygen have received most of the attention,
due to their important role in photodegradation of environmentally relevant compounds.
In particular, previous photodemethylation studies have demonstrated that indirect
photolysis of MeHg can occur through both hydroxyl radical and singlet oxygen
pathways(147, 148).
Hydroxyl radical is a very strong and non-selective oxidant that reacts with most
contaminants at near diffusion-controlled rates (~109-1010 M-1s-1)(146). The primary
quenchers of hydroxyl radical include DOM, carbonate and bicarbonate(149, 150), which
are ubiquitous in natural waters. As a result, the abundance of hydroxyl radical is
extremely low (10-16~10-18 M) in pristine waters but can be elevated by orders of
magnitude due to human activities(146, 151, 152). For instance, the photolysis of nitrate
that is released from agriculture application is a major source of hydroxyl radical in
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freshwater systems(152). In another example, in surface waters impacted by acidic mine
drainage, Fenton reactions likely dominate the production of hydroxyl radicals(153).
Singlet oxygen is the first excited state of molecular oxygen and preferentially
reacts with electron-rich compounds(154). In the aquatic environment, singlet oxygen is
mainly consumed by water molecules through physical quenching(155). Compared with
hydroxyl radical, singlet oxygen has lower oxidative reactivity but higher selectivity and
longer life time in water. The steady-state concentrations of singlet oxygen in natural
waters are in the range of 10-12~10-14 M, significantly larger than concentrations of
hydroxyl radical(151, 156).
The kinetics of indirect photodegradation in natural waters is generally
determined by three factors: 1) sunlight intensity and penetration; 2) the reactivity
between the substrate of interest and reactive intermediates; 3) the chemical
characteristics of natural waters, such as pH, particle content, dissolved oxygen, and the
type and concentration of photosensitizers. To understand the mechanisms of indirect
photodegradation, numerous studies have performed laboratory or in situ experiments
to answer the following questions: 1) What are the reactive intermediates responsible for
the degradation? 2) What is the source of these reactive intermediates? 3) What is the
reactivity between the reactive intermediates and the target contaminants? 4) How do
environmental parameters (i.e., solar irradiation, water chemistry characteristics) affect
the degradation kinetics? In these studies, Electron paramagnetic resonance (EPR)
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spectroscopy with the application of spin-trapping agents to stabilize the unpaired
electrons in the reactive intermediates is one of the most commonly employed methods
for identifying and quantifying the reactive intermediates(139, 157, 158). Researchers
have also utilized chemical probes and quenchers that preferentially react with the
reactive intermediates at a known reaction rate(151, 159-161).

1.4.2 Photochemistry of dissolved organic matter
In natural waters, DOM is the most abundant light absorbing compound and
present at a wide range of concentration levels (0.2-200 mg-C/L)(162). DOM consists of
the decomposed plant and animal material and is a mixture of organic molecules with
ill-defined structures. The main fraction of aquatic DOM is humic substances, which
comprise two types of macromolecular hydrophobic acids, humic acid and fulvic acid.
The highly heterogeneous nature of DOM dictates the complexity of its role in aquatic
photodegradation processes.
The chromophoric moieties in DOM readily absorb sunlight and induce indirect
photolysis by generating a variety of reactive intermediates(163). First, upon absorbing
sunlight, the DOM molecule is promoted to its excited triplet state (3DOM*) and this
excited species can directly react with contaminants and lead to degradation(164). A
number of studies have demonstrated the significant role of DOM in the
photodegradation of pharmaceutical and pesticide compounds(165-167). This process
may involve energy, electron or hydrogen atom transfer between 3DOM* and the
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contaminant molecules. The degradation kinetics appeared to be correlated with the
extent of adsorption of the organic contaminant onto DOM macromolecules(165-167).
Second, 3DOM* can react with dissolved oxygen and generate singlet oxygen via the type
II mechanism. DOM is known to be the primary photosensitizer responsible for singlet
oxygen formation in natural waters(168, 169). Singlet oxygen is thought to exhibit a
heterogeneous spatial distribution around photosensitized humic acid molecules in
aqueous solutions. The 1O2 concentration appears to be several orders of magnitude
higher at the origin of 1O2 generation (i.e., humic acid molecules) than in the bulk
solution (Figure 1.3)(169, 170). These findings suggest that the compounds in close
proximity to DOM (e.g., hydrophobic organics, metals complexed by DOM) are
expected to be exposed to elevated levels of 1O2, relative to bulk solution. Moreover,
DOM has been reported to be a source of other reactive intermediates, such as •OH(171174), O2•-(175) and H2O2(175-177). In particular, H2O2 that is generated from photolysis of
DOM can react with dissolved ferrous iron (Fe(II)) to produce •OH. This reaction is
commonly referred as photo-Fenton reaction and is considered as a potentially
important source of •OH in sunlit waters(171-173).
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Figure 1.3:: 1O2 distribution around a 1.3-nm raidus DOM macromolecule.
in H2O (solid line), D2O (1O2 enhancer; dashed line) and H2O with 1 mM sodium azide
(1O2 quencher; dotted line)(169).
The inhibitory effects of DOM have also been observed in photodegradation
studies. Three mechanisms have been proposed to account for this phenomenon: 1)
DOM is a scavenger of photogenerated reactive intermediates, such as •OH(139, 149,
150); 2) DOM competes with other (possibly more efficient) photosensitizers for sunlight
irradiation and the presence of DOM retards direct photolysis by screening the reactive
components of sunlight(178-180); and 3) In some cases, DOM decelerates
photodegradation through quenching of the transformation intermediates of the
contaminants(181, 182).
To further complicate matters, DOM compounds that are from different sources
have exhibited distinct behavior in photodegradation processes(183, 184). Studies have
shown that fulvic acids were more efficient in generating 3DOM*(165) and 1O2(185) than
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humic acids, and autochthonous fulvic acids were more photochemically reactive
compared to allochthonous fulvic acids(184). Recent research has investigated the
properties of DOM responsible for such discrepancies. The ability of DOM to generate
O2 appeared to correlate with its molecular weight(157), fluorescent emission(185) and
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UV absorbance properties(186). The ratio of absorbance at 254 nm and 365 nm may be a
good indicator of 1O2 and H2O2 production from photolysis of DOM(186).

1.4.3 Chemical speciation and reactivity of methylmecury in natural
waters
Apart from the complex role of DOM in photochemistry as discussed in section
1.4.2, a unique role which DOM may play in MeHg photodegradation is that DOM can
strongly chelate MeHg. As a result, in some settings, DOM significantly influences the
speciation of MeHg through the formation of MeHg-DOM complexes. In natural waters,
the MeHg cation (CH3Hg+) is predominantly complexed by dissolved ligands such as
chloride (Cl-), hydroxide (OH-), and DOM. The thermodynamic stability of CH3Hg+
complexes with thiol functional groups in DOM are orders of magnitude greater than
CH3Hg+ complexes with other ligands, as indicated by the larger stability constants for
these complexes. Thus, CH3Hg+ preferentially associates with DOM in natural
waters(187, 188). In addition to the affinity of CH3Hg+ for the ligands, MeHg speciation
is also determined by the concentration of each ligand. Figure 1.4 shows the computed
concentrations of dissolved CH3Hg-ligand complexes as a function of chloride
concentration under environmentally relevant conditions. CH3HgCl complexes are
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expected to be the main MeHg species in coastal marine waters with chloride
concentration greater than 0.1 M. In contrast, most freshwater systems contain enough
DOM (>1 mg-C/L) and low chloride such that CH3Hg+ are bound to thiol ligands
associated with DOM(189, 190).
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Figure 1.4: MeHg speciation calculated for a range of chloride concentrations.
Speciation for water containing 10-12 M total MeHg, 0.001 M to 0.7 M Cl-, 10-10 mol
DOM binding site per L (corresponding to 1 mg/L DOM), and pH 7. Seawater
contains ~0.5 M Cl- (191).
Recent field study in a marine environment revealed that MeHg
photodegradation is relatively slow in sea water compared to microbial processes(22),
while other studies demonstrated consistently higher photodegradation rates of MeHg
across freshwater systems with different water chemistry characteristics (e.g., DOC,
pH)(9, 10, 20, 21). In theoretical computation studies, Ni et al. concluded that
coordination of CH3Hg+ ions to thiol-containing ligands increased the electron density at
the Hg-C bond of MeHg. The shift of negative charge towards the methyl group
increased its vulnerability to attack by an electrophile (e.g., OH and 1O2) and
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consequently increased the reactivity of MeHg towards degradation (i.e., breaking the
C-Hg bond)(23). Although this theory has not yet been proven experimentally, it
provides a plausible explanation for the difference observed in the kinetics of MeHg
photodegradation between freshwater and marine systems. Here, this dissertation will
address this potential mechanism of degradation via DOM activation by sunlight and
specificity for MeHg-thiol complexes.

1.5 Research objectives
The overriding goal of this research was to understand how MeHg is generated
and degraded in the aquatic environment. The main focus of this dissertation is to
establish a relationship between the geochemical speciation of mercury and its
availability in microbial methylation and sunlight degradation. The specific objectives
include: 1) Demonstrate that in natural sediments, the methylation potential of inorganic
Hg(II) is determined by the kinetically-hindered mercury sulfide precipitation and
mineralization processes, rather than equilibrium pore water chemistry; and 2)
Investigate the degradation pathway of MeHg in sunlit natural waters and the influence
of MeHg speciation on the degradation kinetics.
The first objective is addressed in Chapter 2 and 3. To achieve this objective,
three forms of mercury sulfides, including dissolved Hg(NO3)2 and Na2S, humic-coated
HgS nanoparticles and microscale crystalline HgS particles, were selected to represent
different aging states of mercury in natural sediments. The methylation potential of
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these mercury sulfide species were examined using pure cultures of SRB (Chapter 2) and
sediment slurry microcosms (Chapter 3).
In Chapter 2, the methylation of mercury derived from nano-HgS aged for
different time periods (16 h to 1 week) was also assessed. To explore the mechanism of
microbial methylation of nano-HgS, the structure of HgS nanoparticles and bulk
crystalline particles were characterized using a suite of techniques, including dynamic
light scattering (DLS), BET N2 adsorption, transmission electron microscopy (TEM),
energy dispersive X-ray (EDX) spectroscopy, selected area electron diffraction (SAED),
synchrotron X-ray diffraction (XRD) and X-ray photoelectron spectrometry (XPS).
Mercury fractionation method (filtration and centrifugation) coupled with TEM-EDX
were applied to investigate the mechanism of mercury delivery to the methylating
bacteria. The speciation of mercury in the culture media during methylation was
analyzed using a previously developed competitive ligand exchange-solid phase
extraction method.
In Chapter 3, natural sediments and waters from both freshwater and saline
settings were utilized in sediment slurry microcosm experiments to investigate the
‘aging’ effect on the bioavailability of mercury under more environmentally relevant
conditions. In these experiments, environmental variables (e.g., TOC, sulfate, salinity,
sulfide, iron, pH) were monitored concurrently with net MeHg production. The
speciation of mercury in sediment slurries was assessed using a centrifugation and
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ultracentrifugation method. These results were analyzed to understand how
environmental conditions influence the speciation of mercury and the consequence of
these changes for MeHg production. In addition, saturation indices for sulfide mineral
phases, including metacinnabar (β-HgS(s)), mackinawite (FeS(s)) and pyrite (FeS2(s)), in
filtered (<0.2 μm) pore waters were calculated to evaluate the potential occurrence of
nanoparticles during mercury methylation.
The second objective regarding the mechanism of MeHg photodegradation is
addressed in Chapter 4. Both natural water and simulated water, natural sunlight and
UV-A radiation were utilized in this chapter. First, photodegradation experiments were
conducted with MeHg and DOM at various concentration ratios to demonstrate the
ability of DOM to induce and enhance MeHg photodegradation. Furthermore, selective
quenchers were added to those reaction matrices to identify the photo-generated
reactive intermediates responsible for MeHg degradation. In particular, singlet oxygen
quenchers with different hydrophobicities were employed to assess how the
heterogeneous distribution of singlet oxygen around photo-sensitized DOM influenced
MeHg decomposition. Finally, the second order rate constants for the degradation (via
photo-generated reactive intermediates) of environmentally relevant MeHg-ligand
complexes were quantified using competition kinetics. Glutathione (GSH) and
mercaptoacetate (MA) were selected as surrogates of thiol-containing ligands that were
expected to bind to MeHg ions in DOM-containing fresh water. Cl- and OH- ligands

36

were relevant for saline or low-DOM water. The effect of thiol-binding on the reactivity
of MeHg molecules was also investigated in the direct photolysis experiments with UVC radiation.
The final chapter (Chapter 5) summarizes the key findings from this dissertation
work and emphasizes the importance of mercury speciation for understanding the
mechanisms of microbial formation and photodegradation of MeHg. The implications of
this research to mercury biogeochemistry, nanogeoscience and DOM photochemistry
are also discussed in this chapter.
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Chapter 2. Methylation of mercury by bacteria exposed
to dissolved, nanoparticulate, and microparticulate
mercuric sulfides
This chapter was published in Zhang T., Kim B., Levard C., Reinsch B.C., Lowry
G.V., Deshusses M.A., Hsu-Kim H. (In press). Environmental Science & Technology.
Reprinted with permission from Environmental Science & Technology. Copyright 2012
American Chemical Society.

2.1 Introduction
Methylmercury (MeHg) production in the aquatic environment is primarily
mediated by anaerobic bacteria, particularly sulfate reducing bacteria (SRB) (58, 62).
Microbial mercury methylation has been extensively studied for decades (46).
Nevertheless, our knowledge of the mechanisms of this process is rather limited. The
speciation (and subsequent bioavailability to methylating bacteria (192)) of inorganic
divalent mercury (Hg(II)) is controlled by inorganic sulfide (S(-II)) and dissolved natural
organic matter (NOM) that can strongly bind Hg2+ (12, 193, 194).
In the past, mercury bioavailability and methylation potential has been predicted
based on chemical equilibrium models of dissolved mercury complexes in porewater
(nominally defined by 0.2 or 0.45-µm filters) (12). This approach presumes that mercury
uptake is controlled by hydrophobic partitioning of dissolved neutrally-charged Hgsulfide species that passively diffuse through the cell membranes of methylating bacteria.
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Thus, the methylation potential from this approach is estimated from the concentrations
of neutrally-charged Hg sulfide species calculated at chemical equilibrium. Our previous
research has shown that this model is flawed because it must invoke an unknown
species, HgS0(aq) that may represent nanoparticulate HgS rather than a mononuclear
aqueous complex (18). Here, we hypothesize that mercury speciation in anaerobic
settings represent a mixture of dissolved, nanoparticulate, and bulk scale forms of HgS
whose concentrations and bioavailability cannot be represented by conventional
equilibrium models.
Mercuric sulfide (HgS) nanoparticles are known to exist in nature (117-119) and
can account for a portion of mercury passing through 0.2 or 0.45-µm filters (195-197), an
operational cut-off often used to separate ‘dissolved’ from particulate. In filtered
porewater, mercury is often supersaturated with respect to HgS(s) (18). As with other
minerals, the precipitation of HgS(s) involves nanoparticles that can be prevented from
growing or aggregating by NOM (18, 198). Nanoparticles of HgS and other metal
sulfides have been observed in anaerobic sediments and other settings where active
precipitation was occurring (117-119, 199, 200), yet the role of nanoscale HgS for
biomethylation has not been elucidated. As a result, accurate prediction of MeHg
production and accumulation in the environment remains elusive.
Nanoparticles are not simply smaller versions of larger particles. Indeed,
nanoparticles exhibit unique reactivity due to the high surface area-to-mass ratio of
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nanoscale materials and resulting alterations in lattice structure and surface chemistry
(121). Conventional models of metal bioavailability use a chemical equilibrium
speciation approach that presumes all particles (nano or otherwise) to be unavailable to
microbes, yet this approach neglects properties such as enhanced solubility and greater
deposition of nanoscale materials directly onto cell surfaces (126, 201, 202). Thus,
nanoscale-specific reactivity of mercury may be contributing to its bioavailability and
methylation potential in the environment.
In this study, we examined the methylation potential of various forms of
mercuric sulfides by exposing fermentatively cultured SRB strains, Desulfobulbus
propionicus 1pr3 and Desulfovibrio desulfuricans ND132, to three forms of mercury:
dissolved Hg(NO3)2 freshly mixed with Na2S (dissolved Hg+S exposure), humicstabilized HgS nanoparticles, and commercially-purchased HgS microparticles. These
forms of mercury represented three different aging states of mercury in sulfidic
sediments. We also characterized the structure of the HgS nanoparticles and assessed
the speciation of mercury in the culture media during the incubation experiments.

2.2 Materials and Methods
2.2.1 Microorganisms and Culture Conditions
Desulfobulbus propionicus 1pr3 (ATCC 33891) and Desulfovibrio desulfuricans
ND132 (C. Gilmour, Smithsonian Environmental Research Center) were utilized as the
test microorganisms. These strains were cultured in Hungate tubes (Bellco Glass) placed
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in an anaerobic chamber. Cell growth was monitored by optical density (OD660) and
protein content (203). The bacterial cultures were maintained between experiments on
sulfate-containing medium. Prior to mercury methylation bioassays, the cultures were
transferred three times in fermentative media that contained 20 mM pyruvate (for 1pr3)
or 40 mM fumarate (for ND132) as the organic carbon source, 0.15 mM Ti-nitrilotriacetic
acid (NTA) as the reductant and 10 mg/L resazurin as the redox indicator, according to
previous methods (193, 204).

2.2.2 HgS Particle Preparation
The Hg stock solution consisted of Hg(NO3)2 dissolved in 0.1 N HNO3. Na2S
stocks were prepared by dissolving freshly washed and dried crystals of Na2S·9H2O
(Fisher Scientific) in N2-purged water and were utilized within 4 h of preparation. HgS
nanoparticles were synthesized by dissolving 50 μM Hg(NO3)2 and 50 μM Na2S with 10
mg-C L-1 Suwannee River humic acid (SRHA, International Humic Substances Society)
in a solution of 0.1 M NaNO3 and 4 mM sodium 4-(2-hydroxyethyl) piperazine-1ethanesulfonate (HEPES) (pH 7.5, double-filtered to <0.1 μm). Depending on the
experiments, the Hg-S-NOM nanoparticle stock solution was allowed to age for 16 hours
to 1 week at room temperature prior to use in the methylation experiments. A
microparticulate HgS stock suspension was prepared by adding a commercial
metacinnabar powder (β-HgS, Alfa Aesar) into nanopure-filtered water (>18 MΩ-cm).
This suspension was mixed end-over-end prior to taking an aliquot for the experiments.

41

2.2.3 HgS Particle Characterization
The average hydrodynamic diameter of HgS nanoparticles and microparticles
were analyzed by light-intensity weighted dynamic light scattering (DLS) (Malvern
Zetasizer NS). The diameters of the monomers within the aggregates were analyzed by
transmission electron microscopy (TEM). BET surface areas of HgS nanoparticles and
microparticles were determined using the BET N2 adsorption technique (Beckman
Coulter SA3100 Surface Area Analyzer). The geometric surface areas of HgS particles
were calculated from the individual particle size obtained from TEM images. The
geometric surface area calculations assumed spherical particles with a density of 7.71 g
cm-3 (205).
The crystallographic structure of HgS nanoparticles and microparticles was
analyzed by synchrotron X-ray diffraction (XRD) performed at the Stanford Synchrotron
Radiation Laboratory (SSRL) BL 11-3. The average crystallite diameter D of nano-HgS
was estimated from the broadening of the X-ray diffraction peaks by the Scherrer
formula (206):

D=

Kλ
β co s θ

where K is the constant of proportionality (K=0.9),
( λ =0.0977 nm),
θ

β

(2.1)
λ

is the x-ray wavelength

is the full width at half the maximum intensity in radians (FWHM) and

is the Bragg angle.
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The elemental composition of the HgS particles was analyzed by X-ray
photoelectron spectrometry (XPS) using a PHI VersaProbe Scanning XPS Microprobe.
Additional details on the preparation of samples for these analyses are provided in the
SI section.

2.2.4 Mercury Methylation Bioassay
The bacterial cultures were pre-grown in a fermentative medium and incubated
until exponential growth phase (19 h for D. propionicus 1pr3 and 67 h for D. desulfuricans
ND132) prior to dosing with mercury. In the dissolved Hg+S exposure, Hg(NO3)2 and
Na2S were added into the test cultures separately. While we refer to this exposure as
“dissolved Hg+S” because of the initial method of dosing, HgS was supersaturated in
these cultures and likely consisted of early-stage precipitation products (i.e., HgS
clusters and nanoparticles). The cultures were also exposed to humic-associated HgS
nanoparticles, representing an intermediate stage of heterogeneous HgS precipitation,
and microscale crystalline HgS, representing a mercury-bearing mineral encountered in
soil and sediments (118, 207). In the dissolved and micro-HgS treatments, SRHA, NaNO3
and HEPES were also added to the test cultures to account for the chemical carryover
from the HgS nanoparticle stock in the nano-HgS treatment. The concentration of spiked
mercury sulfides was 6 to 20 nM in micro-HgS treatment and 1 to 5 nM in all the other
treatments. The cultures were continuously mixed end-over-end and stored in an
anaerobic chamber during incubation (1 to 10 days). All mercury methylation bioassays
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were conducted in the dark at room temperature (25-27°C). All the bacterial cultures
were buffered with 19.2 mM 3-(N-morpholino)propanesulfonic acid (MOPS) at pH 7.07.3.
At each time point, triplicate vials were sacrificed and subsampled for
measurements of total protein and mercury concentration. After subsampling, the
remaining cultures were preserved by adding 0.4% (v/v) concentrated hydrochloric acid
(HCl) (trace metal grade) and stored at 4°C prior to MeHg analysis. Two sets of controls
were incubated under the same conditions including: 1) abiotic control consisting of
uninoculated media amended with Hg(NO3)2 and Na2S; 2) killed control consisting of
autoclaved (121°C, 30 min) cultures amended with Hg(NO3)2 and Na2S after the
autoclave step. MeHg concentrations in all control samples were below the detection
limit (≤ 8 pM MeHg) and significantly lower than MeHg in viable cultures amended
with Hg(NO3)2 and Na2S.

2.2.5 Chemical Analysis
MeHg concentration was quantified by distillation, aqueous phase ethylation,
gas chromatographic separation, and atomic fluorescence spectrometry (Tekran 2600)
(208). Samples for total mercury analysis was first digested with 2 to 4% (v/v) BrCl for at
least 12 h and analyzed by SnCl2 reduction, gold amalgamation, and cold vapor atomic
fluorescence spectrometry (209).
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2.2.6 Mercury Fractionation by Filtration
In mercury methylation bioassays, total mercury in a subset of D. propionicus
1pr3 cultures was fractionated using filtration. Separate test cultures were filtered with
either 0.22 μm polycarbonate (GE Osmonics Labstore) or 0.02 μm aluminum oxide
(Whatman) syringe filters. Total mercury concentration in the filtrates was quantified
and represented different mercury species: 1) <0.02 μm fraction considered the
nominally “dissolved” mercury and likely consisted of aqueous mononuclear mercury
complexes (e.g., Hg(OH)x2-x, Hg(HS)x2-x) and possibly polynuclear mercury sulfide
clusters; 2) 0.02 to 0.22 μm fraction which contained colloidal mercury (e.g., Hg-S-NOM
nanoparticles); and 3) >0.22 μm fraction which contained cell- and/or large particleassociated mercury. Filtration experiments were also performed with bacteria-free
media amended with the three forms of mercury (dissolved Hg+S, nano-HgS, and
micro-HgS). These solutions were stored at room temperature and filtered with 0.02 μm
and 0.22 μm filters at multiple time points up to 1 day.
Centrifugation and ultracentrifugation were also used to separate dissolved and
nanoparticulate species. Further details are provided in the SI section.

2.2.7 TEM Analysis of HgS-Amended Cultures
After 14-h exposure to HgS, cells from 1pr3 cultures were separated by
centrifugation, washed with 10 mM phosphate buffered saline (PBS, pH 7.4), and
resuspended in a fixative solution containing 4% (v/v) formaldehyde and 2%
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glutaraldehyde. After storing for 4 h in the fixative, the cells were washed with high
purity deionized water (>18 MΩ-cm). This suspension was deposited on a carbon-coated
copper grid (200 mesh) and imaged by FEI Tecnai TEM operating at 80 keV (Figure 2.2b,
2.2d, 2.2f) and a JEOL 2000 FX TEM operating at 200 keV with an energy dispersive Xray (EDX) spectrometer for the element analysis. (Figure A7).

2.2.8 Mercury Ligand Exchange Reactivity
A subset of mercury-treated media solution (no bacteria) was analyzed for
chemical speciation of mercury using a previously developed competitive ligand
exchange-solid phase extraction (CLE-SPE) method (18, 92, 99). This technique separates
labile mercury species from strongly complexed (i.e., inert) mercury species based on the
chemical reactivity of mercury in the presence of a competing ligand: glutathione (GSH)
or diethyl dithiocarbamate (DEDC). GSH and DEDC are both thiol-containing
compounds and form strong hydrophilic complexes (HgH2(GSH)22-) or hydrophobic
complexes (Hg(DEDC)20) with mercury that can be differentiated from the original Hgsulfide or Hg-NOM species using C18-resin solid phase extraction. In the past,
researchers have used CLE-SPE to quantify stability constants (assuming that reactions
reach equilibrium). Here, we do not imply equilibrium but simply use this method to
quantify the reactivity of the Hg for thiol-ligand exchange.
The bacteria-free media containing mercury (either dissolved Hg+S, nano-HgS,
or micro-HgS) were sampled at the beginning and end of a one-day holding period at
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room temperature. These samples were divided into three aliquots that were amended
with either 0.1 mM GSH, 0.1 mM DEDC, or no additional thiol. After 1 h of reaction time,
the samples were filtered through a C18-resin packed column. The hydrophobic fraction
was defined by mercury retained by the resin, while the hydrophilic fraction was
defined as mercury passing through the C18-filter.The concentration of chemically ‘labile’
Hg was quantified from the difference of hydrophilic Hg concentrations in the thiolamended sample and in the control (i.e. no thiol added).

2.3 Results and Discussion
2.3.1 Methylation of Mercury Sulfides
The net production of MeHg in the cultures varied depending on the type of HgS
added (Figure 2.1). For each SRB strain, the cultures exposed to dissolved Hg(NO3)2 and
Na2S (and likely to be precipitating HgS in situ) demonstrated the highest net MeHg
production. MeHg production was observed to a lesser extent in the nanoparticle
exposures. In cultures exposed to HgS microparticles, MeHg concentration was less than
8 pM and similar to the autoclaved and abiotic controls. Furthermore, MeHg production
by cultures exposed to nanoparticles depended on the age of the nano-HgS stock
solutions. The cultures methylated 6% to 10% of the total mercury derived from
nanoparticles aged for 16 hours, while cultures methylated a smaller fraction (2% to 4%)
if exposed to older nanoparticles (aged 3 days or 1 week) (Figure 2.1a and 2.1b).
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Consistent results were obtained in replicate experiments employing higher mercury
doses (5 nM) and longer incubation time (up to 10 days) (Figure A1).
Overall, the results demonstrated that the methylation potential of mercury
introduced as HgS nanoparticles was greater than bulk scale HgS particles. These results
were not due to differences in cell growth, as the optical density (OD660) and protein
content were identical in all HgS exposures (Figure A2). In the D. propionicus 1pr3
cultures, OD660 increased from 0.27 to 0.31 (0.0050 h-1) and total protein concentration
increased from 9.5 to 14.1 μg/mL (0.017 h-1) after one day of incubation. In the D.
desulfuricans ND132 cultures, OD660 increased from 0.23 to 0.35 (0.017 h-1) and total
protein concentration increased from 26.1 to 49.5 μg/mL (0.027 h-1) after one day of
incubation.
The differences of methylation between the nanoparticle and microparticle
exposures were likely due to geochemical Hg speciation rather than growth rates of the
cultures. The diameter of the nanoparticles was smaller (3 to 4 nm) and specific surface
area was larger (220 to 260 m2 g-1) compared to the microparticles (>500 nm, 2.5 m2 g-1)
(Table 2.1, Figure A3 and A4). While the surface composition of Hg and S was similar for
the nano- and micro-HgS, as shown by X-ray photoelectron spectroscopy (Figure A5a
and A5b), the degree of crystallinity varied between nano- and microparticles. X-ray
diffraction and electron diffraction data suggested that the nanoparticles were poorly
crystalline compared to the HgS microparticles (Figure A4 and A5c).
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While nanoparticles generally have high specific surface areas relative to their
bulk scale analogs, they can also exhibit unique reactivity due to lattice or surface
imperfections that occur with nanoscale particles (121, 122). Here, we provide two lines
of evidence to demonstrate that biomethylation of HgS nanoparticles did not depend
simply on surface area. First, as the HgS nanoparticles were allowed to age for 16 hours
and 3 days prior to exposure to D. propionicus 1pr3, their methylation potential was
considerably reduced (Figure 2.1a) while their size and specific surface area remained
similar (Table 2.1). Statistically significant differences in geometric surface area and
monomer diameter were observed only with the 1-week old nanoparticles.
Second, nano-HgS was more reactive per unit surface area relative to micro-HgS.
MeHg generated from nano-HgS with 5.3×10-5 m2 L-1 surface area was 3 times greater
than MeHg generated from micro-HgS with 11×10-5 m2 L-1 surface area (Figure 2.1c),
corresponding to a production of MeHg per m2 of material that was 6 times higher for
nano-HgS compared to micro-HgS (1.13 µmol m-2 and 0.18 µmol m-2, respectively). The
reduced availability of nano-HgS during aging may be due to the structural changes
occurring with amorphous nanoparticles or cluster/particles at the small size range (1-2
nm). These changes would not be reflected in the diameter and specific surface area
measurements from TEM or XRD analyses. Due to sample preparation and analysis
requirements, these methods are not quantitative reflections of all forms of mercury in
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Figure 2.1: Net MeHg production in SRB cultures exposed to different forms of
mercuric sulfides.
Methylation by (a) D. propionicus 1pr3 and (b) D. desulfuricans ND132 cultures that
were exposed to 1 nM dissolved Hg(NO3)2 and Na2S, 1 nM humic-HgS nanoparticles,
and 6 nM HgS microparticles. The HgS nanoparticle stock solution was stored at
room temperature for 16 h and a longer period (3 days in Figure 2.1a and 1 week in
Figure 2.1b) prior to amending to cultures. (c) Methylation by D. propionicus 1pr3
cultures that were exposed to the similar geometric surface area of HgS nano- and
microparticles: 1 nM (5×10-5 m2 L-1) HgS nanoparticles aged for 16 h, 56 nM HgS
microparticles (3×10-5 m2 L-1), and 227 nM HgS microparticles (11×10-5 m2 L-1).
Autoclaved cultures or abiotic culture media were amended with 1 nM dissolved
Hg(NO3)2 and Na2S. All cultures received the same humic acid concentration (0.2 μg-C
L-1). The error bars represent ±1 s.d. of duplicate samples for the controls and triplicate
samples in all other experiments.
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the nano-HgS stock solution, and the data are likely to be biased towards more
crystalline particles.
The net production of methylmercury was relatively fast in the first few hours
and slow after this initial time period (Figure 2.1). This deceleration of MeHg production
could not be explained by microbial growth, as we observed a steady increase of cell
density throughout the one-day mercury methylation experiments (Figure A2). Similar
trends were observed in other mercury methylation studies using the same SRB strains
(193, 204) and estuarine sediment slurries (63). These results are possibly due to the
saturation of enzymes and/or depletion of certain compounds (e.g. methyl donors) that
were required for mercury methylation. Furthermore, inorganic Hg speciation may have
shifted after the first few hours towards less bioavailable forms for the bacteria. The
declining net methylation rate may also be explained by the contribution of a reverse
process (i.e. methylmercury degradation) balancing overall methylmercury
concentrations in the cultures. Desulfovibrio desulfuricans ND132 and Desulfobulbus
propionicus strains are known to simultaneously generate and degrade MeHg (51, 204,
210). We performed experiments with the 1pr3 strain exposed to methylmercury
chloride and observed MeHg degradation in these cultures (Figure A6).
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Table 2.1: Average size and surface area of humic-HgS nanoparticles and HgS
microparticles utilized in methylation bioassays.
Diameters and geometric surface areas were compared to the 16-h HgS nanoparticles
using an unpaired two-tailed t-test. Values that are statistically different (p<0.01) from
the 16-h nanoparticles are indicated by an asterisk (*).

HgS particles
Nanoparticles
(aged for 16 h)
Nanoparticles
(aged for 3
days)
Nanoparticles
(aged for 1
week)

Hydrodynamic
diameter (nm)(a)

Monomer
diameter
(nm)(b)

Crystallite
diameter
(nm)(c)

Surface area (m2 g-1)
BET(d)

Geometric(e)

25.8 ± 2.9
(n=10)

3.2 ± 0.8
(n=110)

5.7 ± 0.1 (n=3)

47.9

264 ± 72 (n=110)

27.6 ± 3.0
(n=5, p=0.27)

3.3 ± 0.9
(n=110,p=0.14)

5.0 ± 0.3
(n=3,p=0.012)

ND

250 ± 63
(n=110,p=0.13)

28.3 ± 4.9
(n=4, p=0.25)

3.6 ± 0.7*
(n=110, p=10-5)

5.7 ± 0.1
(n=3, p=0.89)

ND

224 ± 47*
(n=110,p=2×10-6)

1457 ± 435*
530 ± 367*
2.5 ± 1.8*
NA
2.5
-8
-25
(n=7, p=2×10 )
(n=78, p=10 )
(n=78, p=10-68)
(a) Quantified by light-intensity weighted dynamic light scattering.
(b) Estimated from individual monomers observed in TEM images (Figure A4).
(c) Estimated from the broadening of the X-ray diffraction peak widths by the Scherrer
formula (Figure A5c).
(d) BET surface area quantified by N2-gas adsorption.
(e) Geometric surface areas (based on approximation of spherical monomers) were calculated
from the size of individual particles in TEM images.
NA: Not available
ND: Not determined
Microparticles

The net production of methylmercury was relatively fast in the first few hours
and slow after this initial time period (Figure 2.1). This deceleration of MeHg production
could not be explained by microbial growth, as we observed a steady increase of cell
density throughout the one-day mercury methylation experiments (Figure A2). Similar
trends were observed in other mercury methylation studies using the same SRB strains
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(193, 204) and estuarine sediment slurries (63). These results are possibly due to the
saturation of enzymes and/or depletion of certain compounds (e.g. methyl donors) that
were required for mercury methylation. Furthermore, inorganic Hg speciation may have
shifted after the first few hours towards less bioavailable forms for the bacteria. The
declining net methylation rate may also be explained by the contribution of a reverse
process (i.e. methylmercury degradation) balancing overall methylmercury
concentrations in the cultures. Desulfovibrio desulfuricans ND132 and Desulfobulbus
propionicus strains are known to simultaneously generate and degrade MeHg (51, 204,
210). We performed experiments with the 1pr3 strain exposed to methylmercury
chloride and observed MeHg degradation in these cultures (Figure A6).

2.3.2 Mercury Fractionation in Methylating Cultures
In cultures exposed to the three forms of mercury, we fractionated the mercury
into nominally dissolved mercury (<0.02 μm), colloidal mercury (between 0.02 and 0.22
μm), and particulate or cell-associated mercury (>0.22 μm) using filters with two
different pore sizes (0.02 and 0.22 μm) (Figure 2.2). Bacteria-free media that were
amended with dissolved HgNO3, nanoparticulate HgS, and microparticulate HgS was
also filtered in the same manner (Figure 2.3). The results indicated that the two filters
could be used to distinguish these forms of mercury (Figure 2.3a).We also examined the
cultures with transmission electron microscopy (TEM) to further differentiate mercury
associated with cells from mercury associated with large aggregates of HgS particles. In
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the nano-HgS exposures, the filtration results showed that the amount of mercury in the
>0.22 m fraction increased over incubation time (Figure 2.2c). In TEM images, on the
other hand, large aggregates of HgS particles (>0.22 m), as seen in the micro-HgS
treated cultures (Figure 2.2f and Figure A7c), were not observed in the nanoparticle
exposures (Figure 2.2d and Figure A7b).
While mercury was quantified in the >0.22 µm fraction, the nanoparticles were
likely too dilute to be observed in bacterial cultures that contained a complex mixture of
particles (Figure A7b). The nanoparticles could also be dissolving into solution, as
indicated by a small increase of dissolved mercury (from 0.073 nM to 0.21 nM in one day)
in bacteria-free media amended with 1 nM nano-HgS (Figure 2.3c). This concentration
range is greater than would be expected from the equilibrium solubility of β-HgS(s) (Ksp =
10-38.7±2 for the reaction: Hg2+ + HS- = HgS(s) + H+) (103). Using Hg-sulfide equilibrium
equations described in our previous paper (18), we calculated that in our samples with 1
nM Hg(II) and 1 nM S(-II) at pH 7.5, dissolved Hg concentration at equilibrium with
HgS(s) should be 10-9 to 10-5 nM, depending on the solubility product for HgS(s). In media
containing both bacteria and nanoparticles, the percent of total mercury in the >0.22 µm
fraction was 60% after 1 day and greater than bacteria-free media containing
nanoparticles (8%) (Figure 2.2c and Figure 2.3c), indicating that the nanoparticles were
either depositing onto cells or releasing dissolved mercury that was immediately
adsorbed to or taken up by the cells. Micro-HgS was less accessible for biomethylation,
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possibly due to the minimal or slow mercury dissolution (<0.02 nM mercury dissolved
in the bacteria free experiments, Figure 2.3d).
While mercury was quantified in the >0.22 µm fraction, the nanoparticles were
likely too dilute to be observed in bacterial cultures that contained a complex mixture of
particles (Figure A7b). The nanoparticles could also be dissolving into solution, as
indicated by a small increase of dissolved mercury (from 0.073 nM to 0.21 nM in one day)
in bacteria-free media amended with 1 nM nano-HgS (Figure 2.3c). This concentration
range is greater than would be expected from the equilibrium solubility of β-HgS(s) (Ksp
= 10-38.7±2 for the reaction: Hg2+ + HS- = HgS(s) + H+) (103). Using Hg-sulfide equilibrium
equations described in our previous paper (18), we calculated that in our samples with 1
nM Hg(II) and 1 nM S(-II) at pH 7.5, dissolved Hg concentration at equilibrium with
HgS(s) should be 10-9 to 10-5 nM, depending on the solubility product for HgS(s). In
media containing both bacteria and nanoparticles, the percent of total mercury in the
>0.22 µm fraction was 60% after 1 day and greater than bacteria-free media containing
nanoparticles (8%) (Figure 2.2c and Figure 2.3c), indicating that the nanoparticles were
either depositing onto cells or releasing dissolved mercury that was immediately
adsorbed to or taken up by the cells. Micro-HgS was less accessible for biomethylation,
possibly due to the minimal or slow mercury dissolution (<0.02 nM mercury dissolved
in the bacteria free experiments, Figure 2.3d).
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Figure 2.2: Percentages of mercury in solution after filtration of D. propionicus 1pr3
cultures and TEM images of the cultures.
Cultures were exposed to 1 nM dissolved Hg(NO3)2 and Na2S (a and b); 1 nM humicHgS nanoparticles (aged for 16 h, c and d); and 6 nM HgS microparticles (e and f).
“Hg<0.02 μm” represented the fraction of total mercury that passed through 0.02-μm
filters. “0.02 μm<Hg<0.22 μm” represented the concentration difference of aliquots
filtered by either 0.22-μm or 0.02-μm filters. Cells for TEM image were collected 14 h
after exposure to HgS. The error bars represent ±1 s.d. for duplicate samples.
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a.

b.

c.

d.

Figure 2.3: Filtration of mercury-amended bacteria-free media (for culturing D.
propionicus 1pr3).
(a) Medium solution was amended with 1 nM Hg(NO3)2, 1 nM humic-HgS
nanoparticles (aged for 16 h) or 6 nM HgS microparticles, and filtered immediately
(less than 10 min) after mercury addition. Filtration of separate samples at different
time points after they were amended with different Hg-sulfide species, including (b)
1 nM dissolved Hg(NO3)2 and Na2S, (c) 1 nM humic-HgS nanoparticles (aged for 16 h),
and (d) 6 nM HgS microparticles. “Hg<0.02 μm” represented the fraction of total
mercury that passed through 0.02-μm filters. “0.02 μm<Hg<0.22 μm” represented the
concentration difference of aliquots filtered by either 0.22-μm or 0.02-μm filters. The
error bars represent ±1 s.d. for duplicate samples.
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In the dissolved Hg+S and nano-HgS exposures, the amount of mercury in the
>0.22 µm fraction was similar (Figure 2.2a and 2.2c), yet these treatments exhibited
markedly different MeHg production (Figure A8). While HgS clusters and nanoparticles
were likely forming in the cultures receiving dissolved Hg(II) and S(-II), net MeHg
production was faster in the dissolved mercury exposure than the nanoparticle exposure.
These results agree with recent studies that suggested transmembrane mercury uptake
as the rate-limiting step of intracellular mercury methylation (51, 211) and imply that
HgS nanoparticles are not as bioavailable as their precursors (e.g., dissolved mercurysulfide complexes and clusters). Similar patterns of mercury size fractionation were
observed in replicate cultures processed by centrifugation and ultracentrifugation
(Figure A9).

2.3.3 Mercury Speciation by Competitive Ligand Exchange
We applied competitive ligand exchange-solid phase extraction (92, 99) to further
examine the ligand exchange reactivity of mercury in bacteria-free media. In this method,
labile mercury species were replaced by Hg-thiol complexes: either hydrophilic
mercury-glutathione (GSH) complexes or hydrophobic Hg-diethyldithiocarbamate
(DEDC) complexes. Labile mercury was quantified by the change of mercury in the
hydrophilic fraction (defined as mercury passing through a C18-resin filter). In the microHgS exposure, mercury speciation remained unchanged after addition of GSH or DEDC
(Figure 2.4), indicating that mercury was largely inert. In the media containing nano-
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HgS, the amount of hydrophilic mercury increased after 1 day, and this fraction was
mostly removed by DEDC ligand exchange (Figure 2.4b), indicating the presence of
labile mercury. However, in the dissolved Hg+S exposure, the changes in the
hydrophilic mercury fraction after addition of GSH and DEDC were both larger than in
the nano-HgS treatment. This pattern of decreasing thiol-exchange reactivity between
the dissolved, nanoparticulate and microparticulate mercury corresponded to
decreasing methylation rates (Figure 2.1). Mercury is believed to bind to bacterial cells
through thiol-containing ligands on the membrane surfaces (212), and these complexes
may enter the cells as favorable substrates for methylation (211) . Hence, the labile
mercury quantified by thiol ligand exchange could signify the available fraction of
mercury for microbial uptake and methylation.

2.3.4 Environmental Implications
Our overall results have shown that mercury bioavailability (and methylation
potential) is not adequately represented by equilibrium speciation of aqueous dissolved
mercury (defined by a 0.2 or 0.4-µm filter) (12). Our previous work (18) has suggested
that HgS(aq)0 (a form of dissolved mercury presumed to be bioavailable (12)) may
represent HgS nanoparticles rather than a mononuclear aqueous mercury-sulfide
complex.
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Figure 2.4: Hydrophilic mercury in HgS-amended media after competitive ligand
exchange with GSH or DEDC and C18 solid-phase extraction.
Uninoculated medium solutions (for culturing D. propionicus 1pr3) were spiked with
1 nM dissolved Hg(NO3)2, 1 nM dissolved Hg(NO3)2 and Na2S, 1 nM humic-HgS
nanoparticles (aged for 16 h), and 6 nM HgS microparticles. Ligand exchange
reactions were performed by amending aliquots of these samples with GSH or DEDC
at two time points after the mercury amendment: (a) Immediately (less than 10 min).
(b) 23 h. GSH and DEDC were mixed in the samples for 1 h and then filtered through
a C18 resin. All solutions received the same humic acid concentration (0.2 μg-C/L).
Error bars represent ±1 s.d. for duplicate samples.
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Bacteria are not known to directly take up nanoparticles without compromising
their membrane integrity. Moreover, previous works have indicated that bacteria can
take up metal constituents of nanoparticles through the dissolution of nanoparticles that
accumulated at cell surfaces (126, 201, 202). Indeed, a mechanism of direct uptake of
nanoparticles is not necessary for explaining the data presented here. Instead, our results
suggest that bioavailability is related to the kinetics of reactions (rates of cluster
formation, crystal ripening, dissolution, etc.).
Therefore, a single entity to represent nanoparticulate or colloidal HgS is overly
simplistic. The bioavailability of mercury depends on the evolving nanoscale properties
of mercury compounds that fall in the fraction typically designated as dissolved and
colloidal (less than 0.2 or 0.45 µm). This conclusion could help explain observations that
mercury recently deposited to surface waters from the atmosphere (as weak HgCl2
complexes) is more readily transformed to MeHg than older mercury that persists
mainly as crystalline HgS(s) in historically contaminated sediments (109, 213).
Although the occurrence of nanoparticulate or colloidal HgS has been suggested
in a number of studies (18, 89, 90, 99, 117-119), our investigation is the first to explore the
potential of HgS nanoparticles to serve as an important, but previously unrecognized
source of bioavailable mercury for methylating bacteria. Overall, our results point to a
new approach that should consider reaction mechanisms and Hg transformation
kinetics for modeling mercury bioavailability. Such models could facilitate prediction
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and mitigation of MeHg hotspots in the aquatic environment. Given that mineral
nanoparticles are ubiquitous in the environment (121), the importance of nanoscale
processes for trace metal bioavailability and toxicity has yet to be fully realized. Our
findings provide a new approach that may be applied to other metal-sulfide
nanoparticles (e.g., ZnS, CuS, FeS) and their potential roles in biogeochemical metal
cycling.
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Chapter 3. Net methylation of mercury in estuarine
sediment slurry microcosms amended with dissolved,
nanoparticulate, and microparticulate mercuric sulfides
3.1 Introduction
The major route for human exposure to neurotoxic methylmercury (MeHg) is
dietary consumption of contaminated fish(3). MeHg production in aquatic ecosystems
mainly occurs through methylation of inorganic mercury by anaerobic bacteria in
sediments (46, 214). However, production rate of MeHg appears to vary across aquatic
ecosystems, sometimes by orders of magnitude(192, 215, 216). Although numerous
studies have been conducted to investigate the microbiological(60, 217-219) and
geochemical factors(100, 112, 220, 221) that control MeHg production in natural
sediments, great uncertainty remains regarding the biochemical pathway of MeHg
production and the identity of inorganic mercury species available for methylation.
Our previous study has indicated that the availability of mercury for methylation
decreased during aging of mercury in sediments, a process in which mercury is expected
to transform from dissolved Hg-sulfides to nanoparticulate and microparticulate forms
of HgS. Our results demonstrated that nanoparticulate HgS resulted in significantly
higher MeHg production relative to micro-crystalline HgS. Dissolved Hg species (i.e.,
Hg that passed through 0.02 μm filters or remained in the supernatant after
ultracentrifugation) was most susceptible to methylation by pure cultures of sulfatereducing bacteria (SRB) grown under fermentative conditions (222).While this previous
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work highlighted the importance of Hg-sulfide speciation for MeHg production and the
previously unrecognized role for nanoparticles, natural sediments comprise of much
more complex biological and chemical conditions than represented by the pure bacterial
cultures in our previous work. For example, natural sediments often contain a diverse
group of microorganisms that are expected to simultaneously generate and degrade
MeHg(51, 61, 223). Non-methylating microbes may also compete with methylating
bacteria for labile carbon for growth, resulting in limitations to MeHg production rates.
The geochemistry of mercury in sediments is also different from our previous pure
culture experiments. Sediments comprise of a mixture of the mineral particles or
particles coated with natural organic matter that can scavenge Hg from pore water via
adsorption or complexation(224, 225). Therefore, the results from pure culture studies
may not directly apply to real sediments, and the aging effect on the availability of Hg
for methylation needs to be examined under more environmentally relevant conditions.
In this study, we conducted sediment slurry microcosm experiments to
investigate whether ‘aging’ of mercuric sulfides decreased MeHg production, as we
observed in pure cultures of SRB. In these slurry experiments, we also sought to
understand how environmental variables (e.g., salinity, organic carbon) could influence
the speciation of mercury between various sulfide phases (e.g. dissolved,
nanoparticulate, microparticulate) and the consequence of these changes for MeHg
production. For our slurries, we selected sediments and water at two locations in the San
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Francisco Bay estuary (California, U.S.A.) to represent sediments in freshwater and
saline settings. The slurries were amended with one of three forms of mercury: dissolved
Hg(NO3)2 freshly mixed with Na2S, HgS nanoparticles, and HgS microparticles. In these
HgS treatments, we compared the net MeHg production and other water quality
parameters relative for Hg speciation.

3.2 Materials and Methods
3.2.1 Sediment and water collection
Sediment samples were obtained from two sites at San Francisco estuary, CA in
August 2011, as part of a periodic sampling of the San Francisco Estuary Institute
Regional Monitoring Program in the San Francisco Bay-Delta region. Site BG30 is a
freshwater location in the San Joaquin River (38.023° N, 121.808° W), and site LSB129S is
a saline water located at lower south bay area near the city of San Jose (37.487° N,
122.101° W). Triplicate surficial (0-5 cm) sediment samples were collected with Van Veen
sediment grab samplers and packed into acid-cleaned polyethylene jars with Teflonlined caps. The sediment samples were covered with a thin layer of overlaying water,
and the sample jars were sealed with no headspace. At the same sampling sites, surface
water was also collected using acid-cleaned polyethylene jugs filled to capacity.
Sediment and water samples were transported on ice to the laboratory and stored at 4°C.
A portion of each sediment samples was analyzed for total mercury, methylmercury,
acid volatile sulfide (AVS) and water content. Surface water samples were analyzed for
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pH, total organic carbon (TOC), sulfate (SO42-), ferrous iron (Fe(II)), total Fe, and total
mercury (Hg) content.

3.2.2 Pore water characterization
Pore waters were extracted from the sediment samples by centrifugation at 3000
g for 20 min and analyzed for total mercury concentration. Total mercury in pore waters
was fractionated using a previously developed centrifugation method(222). The bulkscale particulate mercury was first separated from pore waters by centrifugation at 6,700
g for 5 min. The mercury in the supernatant was further fractionated by
ultracentrifugation at 370,000 g for 1 h. After ultracentrifugation, the mercury remaining
in the supernatant was considered to be nominally dissolved, while mercury in the
pellet after ultracentrifugation consisted of colloidal mercury. The applicability of this
procedure for separating dissolved, nanoparticulate and microparticulate mercury was
demonstrated by centrifugation and ultracentrifugation of simulated natural water that
were treated by these different forms of mercury (Figure 3.1a).
Pore water samples were also filtered through 0.2 μm nylon syringe filters in an
anaerobic chamber. A portion of the filtered pore water was analyzed for dissolved Fe(II)
immediately. Aliquots for TOC and SO42- measurements were refrigerated prior to
analysis. Aliquots for analysis of AVS were preserved with 0.01 N zinc sulfate (ZnSO4)
and 0.01 N potassium hydroxide (KOH, trace metal grade) at 4°C. Additional samples
were collected for analysis of major cations (e.g., Na, Mg, K, Ca, Fe, Mn, etc.).
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3.2.3 Sediment slurry preparation
For slurry preparation, sediment samples were homogenized, apportioned into
acid-cleaned serum bottles, and mixed with N2-purged surface water in an anaerobic
chamber. A redox indicator, resazurin, was added to a final concentration of 2 mg/L. The
serum bottles were then capped with butyl rubber stoppers and crimped with
aluminum seals. The slurries were incubated in dark at room temperature (20-22°C) to
deplete residual oxygen. The slurries were not utilized for mercury methylation
experiments until resazurin became clear.
The preparation of the sediment slurries involved two experimental procedures
that involved differences in the solid to water ratio and pre-incubation period (prior to
Hg addition). For Experiment 1, 20 g (wet weight) sediment was mixed with 140 mL
water and incubated for 2.5 days prior to mercury spikes. For Experiment 2, 50 g (wet
weight) sediment was mixed with 120 mL water and an external carbon source (10 mM
sodium pyruvate). These slurries were incubated for 7.5 days prior to mercury
amendments.

3.2.4 HgS particle preparation
The mercury stock solution consisted of Hg(NO3)2 dissolved in 0.1 N HNO3. Na2S
stocks were prepared by dissolving freshly washed and dried crystals of Na2S·9H2O in
N2-purged water and were utilized within 20 h of preparation. HgS nanoparticles were
synthesized by dissolving 50 μM Hg(NO3)2 and 50 μM Na2S with 10 mg-C L-1 Suwannee
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River humic acid (SRHA, International Humic Substances Society) in a solution of 0.1 M
NaNO3 and 4 mM sodium 4-(2-hydroxyethyl) piperazine-1-ethanesulfonate (HEPES)
(pH 7.5, filtered to <0.1 μm). The Hg-S-NOM nanoparticle stock solution was allowed to
age for 16 h at room temperature prior to use in the methylation experiments. A
microparticulate HgS stock suspension was prepared by adding a commercial
metacinnabar powder (β-HgS, Alfa Aesar) into nanopure-filtered water (>18 MΩ-cm).
This suspension was mixed end-over-end prior to taking an aliquot for the experiments.
Our previous data indicated that the nanoparticulate HgS comprised primarily of
metacinnabar-like particles with an average diameter of 3.2 ± 0.8 nm (based on TEM
analysis) and geometric surface area of 264 ± 72 m2 g-1. The microparticulate HgS was
actually a mixture of metacinnabar and cinnabar particles (based on X-ray diffraction)
with an average diameter of 530 ± 367 nm (based on TEM analysis) and geometric
surface area of 2.5 ± 1.8 m2 g-1(222).

3.2.5 Mercury methylation experiments
After pre-incubation, sediment slurries were spiked with three forms of mercury
sulfides, including dissolved Hg+S (i.e., Hg(NO3)2 and Na2S added from their respective
stock solutions), HgS nanoparticles and HgS microparticles. Three sets of controls were
also incubated in the methylation experiments: (1) A mercury blank consisting of
sediment slurries without the mercury addition; (2) Amendment with 20 mM sodium
molybdate, a specific inhibitor of sulfate reduction, added one day prior to dosing with
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Hg(NO3)2 and Na2S; (3) autoclaved control consisting of autoclaved (121 °C, 30 min)
slurries amended with Hg(NO3)2 and Na2S after the autoclave step. In the dissolved
Hg+S exposure, micro-HgS exposure and the three controls, SRHA, NaNO3 and HEPES
were added to the slurries to account for the chemical carryover from the HgS
nanoparticle stock in the nano-HgS treatment. The spiked mercury sulfide in each slurry
sample was 200 nmol in micro-HgS treatment and 50 nmol in all other treatments. All
the slurries were incubated statically for up to 7 days in the dark at room temperature
(20-22°C).
At each time point, replicate serum bottles (n=2-3) were sacrificed for chemical
analysis. First, the slurries were mixed end-over-end, and 1 mL of gas was collected
from the headspace using a gas-tight syringe for analysis of volatile Hg (mainly Hg0).
The gas samples were then injected into nanopure-filtered water (>18 MΩ-cm)
containing 2% (v/v) BrCl. These samples were stored in gas-tight glass vials and
equilibrated for > 3 days under room temperature prior to total mercury analysis. The
highest Hg0 concentration detected from these samples accounted for < 0.1% of total Hg
spike. Thus, Hg(II) reduction to gaseous Hg0 was not significant in our experiments.
After collection of the headspace sample, liquid aliquots were collected from the
water overlaying the sediment, filtered through 0.2 μm nylon syringe filters and
preserved for chemical analysis, including total Hg, AVS, Fe(II), TOC, major anions (e.g.,
SO42- and Cl-) and major cations (e.g., Na, Mg, K, Ca, Fe, Mn, etc.). After pore water
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sampling, aliquots of sediment-water mixture were fractionated using the
(ultra)centrifugation method, as described in section 3.2.2, to separate particulate,
colloidal, and dissolved forms of Hg. The remainder of the slurries were frozen (-80°C)
until analysis for whole sediment AVS, MeHg, and total mercury content. The pH of the
slurries and the dissolved Fe(II) concentration were measured immediately after sample
collection. All sample collection was conducted in an anaerobic chamber (Coy Lab
Products).

3.2.6 Chemical analysis
MeHg concentration in the slurry samples was analyzed using a modified
version of a previous method (226). MeHg was extracted from an aliquot of the slurries
(containing ~1 g wet sediment) by adding 5 mL of a potassium bromide (KBr) extraction
solution, 1 mL of 1 M CuSO4, and 10 mL dichloromethane (CH2Cl2) into the slurry
samples The KBr extraction solution consisted of 18% KBr (w/v) in 5% concentrated 36
M H2SO4 (v/v, trace metal grade) and 0.02% NH2OH•HCl (w/v). The sediment-CH2Cl2
mixture was held under static conditions for 1 h and then continuously mixed for 1 h.
The CH2Cl2 phase of this mixture was then separated from the sediments. MeHg that
partitioned in the CH2Cl2 was back-extracted into nanopure-filtered water while heating
at 70°C for 2 h. At the end of the heating, CH2Cl2 was purged from the sample with
ultrapure N2 for 5 min. MeHg concentration in the aqueous phase was quantified by
aqueous phase ethylation, gas chromatographic separation, and atomic fluorescence
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spectrometry (Brooks Rand Model III)(208). Sediment MeHg concentrations were
corrected for extraction efficiency using a standard reference material (CC580) and
reported on a dry weight basis.
For total mercury analysis, water samples were first digested with 0.5-2% (v/v)
BrCl and analyzed by SnCl2 reduction, gold amalgamation, and cold vapor atomic
fluorescence spectrometry(209). Total mercury in sediment slurries was measured by
atomic absorption spectrometry (Milestone DMA-80)(227).
Acid volatile sulfide (AVS) in water and slurry samples was quantified using
acid leaching with 1 N HCl, volatilization of H2S and subsequent trapping in 0.5 N
NaOH, followed by colorimetric detection of sulfide by the Cline method(228, 229).
Dissolved Fe(II) concentration was determined using a phenanthroline colorimetric
method(230). SO42- and Cl- were analyzed on a Dionex ICS-2000 ion chromatograph
equipped with an AS18 analytical column, ASRS 300 suppressor and KOH eluent
generator (Dionex, Sunnyvale, CA). TOC were measured on a TOC-V CPH total organic
carbon analyzer (Shimadzu, Kyoto, Japan). Water samples for analysis of major cations
were treated with 0.5% (v/v) hydrochloric acid (HCl, trace metal grade) and 2% (v/v)
nitric acid (HNO3, trace metal grade), and analyzed using inductively coupled plasma
mass spectroscopy (ICP-MS, Agilent Technologies, Santa Clara, CA). The water content
in sediment samples was determined by overnight drying of 4-5 g wet sediments at
100°C.

71

3.2.7 Equilibrium speciation calculations
Hg and Fe(II) speciation calculations were conducted using MINEQL+ software
(version 4.5, Environmental Research Software)(231) to determine saturation indices for
metacinnabar (HgS(s)), mackinawite (FeS(s)), pyrite (FeS2(s)). The input parameters
included measured pH, total Hg, Fe(II), AVS, Cl-, and thiol concentration in the water
samples (slurries filtered to <0.2 μm). The thiol concentration was estimated from the
TOC measurements of the water samples from the slurries without carbon addition,
assuming 73 μmol thiol per gram TOC(113). The results were corrected for temperature
(21°C) and the ionic strength estimated from the concentrations of the major cations (Na,
Mg, K and Ca). The formation constants used for calculation were from MINEQL+
database or literature, and summarized in Table B1.

3.3 Results and Discussion
3.3.1 Surface water and sediment characteristics
BG30 and LSB129S represented typical conditions in freshwater and saline
estuary environment, respectively. Total Hg content in both sediment and water
samples were relatively low (Table 3.1) and fell within the range of previous
measurements for the San Francisco Bay-Delta region (232), indicating that these
sampling areas were not recently impacted by mercury contamination. Although the
total sediment Hg from the two sites were close to each other, the fraction of MeHg in
total Hg was much higher for LSB129S (0.90%), relative to BG30 (0.11%). The percentage
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of total mercury in sediments present as MeHg has been proposed to be a proxy for net
MeHg production rate(107, 215, 233-235). Thus, our results suggested that mercury
methylation was likely more active in the sediment at LSB129S, which was possibly due
to the high sulfate abundance typically encountered in the marine environment that can
result in enhanced productivity of SRB. Elevated AVS concentration in pore water and
the whole sediment from LSB129S (an order of magnitude higher than BG30, Table 3.1)
also suggested a greater extent of sulfate reduction at this site.
In addition to microbial activity, MeHg production is also dependent on the
geochemical speciation of inorganic mercury(12, 222). The mercury speciation in pore
waters was analyzed using a centrifugation and ultracentrifugation method. Pore waters
were first extracted from BG30 and LSB129S sediments using centrifugation at 3,000 g
for 20min, and then further centrifuged at two higher speeds (6,700 g and 370,000 g) to
remove large and colloidal particles from the aqueous phase, respectively. Simulated
water that was amended with dissolved HgNO3, nanoparticulate HgS and
microparticulate HgS was processed using this method and the three forms of mercury
were effectively distinguished (Figure 3.1a).
In the sediment samples, we utilized this procedure to make operationallydefined distinctions between particulate, colloidal, and dissolved Hg in the sediments
and to semi-quantitatively assess the distribution of Hg between colloidal and dissolved
phases in the porewater. The results from the Hg fractionation in pore waters showed
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that the majority of the mercury was associated with bulk-scale particles (i.e., the
fraction removed from pore waters after centrifugation at 6,700 g for 5 min, Figure 3.1b).
The colloidal fraction (i.e., the difference between supernatant Hg after centrifugation at
6,700 g for 5 min and supernatant Hg after centrifugation at 370,000 g for 1 h) was
significant in BG30 pore water but negligible in LSB129S pore water (Figure 3.1b). This
result is consistent with the aggregation of colloidal particles under high salinity
condition to form large aggregates that settled from solution after ‘light’ centrifuging (18,
130). Similar patterns have been observed in mercury fractionation experiments with
surface waters(85-87). In a separate aliquot of the pore water sample, a portion of the
colloidal Hg (as defined above) in BG30 pore water was also able to pass through the 0.2
µm filters. This type of filtration is often used to determine dissolved forms of mercury
in water, and our data demonstrate that a significant portion of this Hg is colloidal
(Figure 3.1b).

3.3.2 Net MeHg production in sediment slurry microcosms
The net production of MeHg in sediment slurries varied depending on the
procedure of slurry preparation (Figure 3.2). In Experiment 1, the slurries were prepared
with a lower sediment-water ratio and pre-incubated without an additional carbon
substrate. Here, microbial activity appeared to be limited, especially in comparison to
slurries from Experiment 2 that contained a higher sediment-to-water ratio, longer preincubation period, and external carbon addition (pyruvate).
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Table 3.1: Surface water and sediment characteristics
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Site
BG30
LSB129S
Sample
Surface water a
Pore water b
Sediment c Surface water a
Pore water b
Sediment c
pH
7.62
7.43
ND
7.87
7.66
ND
[TOC] (mg/L)
2.8 ± 0.5
20.0 ± 0.2
ND
4.1 ± 0.1
16.4 ± 0.1
ND
[SO42-] (mM)
0.69 ± 0.02
0.40 ± 0.09
ND
22.3 ± 0.1
20.0 ± 0.5
ND
-1
AVS (μmol g )
ND
0.001 ± 0.0002 1.34 ± 0.32
ND
0.021 ± 0.004
13.51 ± 1.54
d
d
[Fe(II)] (mM)
< DL
0.10 ± 0.02
ND
< DL
0.11 ± 0.02
ND
[Total Fe] (mM)
0.006 ± 0.0001
0.10 ± 0.02
ND
0.011 ± 0.0004
0.13 ± 0.02
ND
-1
0.020 ± 0.008
0.034 ± 0.013
1943 ± 104
0.011 ± 0.001
0.031 ± 0.0005
1477 ± 57
[Total Hg] (pmol g )
-1
[MeHg] (pmol g )
ND
ND
2.19 ± 0.65
ND
ND
13.3 ± 1.5
aThe values represent mean ± standard deviation of duplicate samples (w/o 0.2 μm filtration).
bThe values represent mean ± standard deviation of triplicate samples (w/ 0.2 μm filtration).
cThe values represent mean ± standard deviation of triplicate samples and are expressed on a dry weight (dw) basis.
d< DL: values below the detection limit of Fe(II), 0.004 mM.
ND: not detected

Although the slurries in the two experiments received the same amount of Hg
spike,the Hg loading per gram sediment was higher in Experiment 1 due to the lower
sediment mass. The net MeHg production was reported as the difference between the
starting and final MeHg concentration in the slurry microcosms during a 2.8-day
incubation in Experiment 1 and 2.2-day incubation in Experiment 2 (Figure 3.2). Despite
the longer incubation and higher inorganic Hg loading per sediment mass, net MeHg
production in Experiment 1 was very limited, probably due to the suppressed bacterial
activity caused by the lack of carbon source. The availability of labile organic carbon is
known to be an important factor in determining microbial MeHg production(194, 219).
In Experiment 1, TOC did not appear to decrease during the incubation (Figure B1a and
B1b), possible due to its minimal availability for bacterial metabolism.
In Experiment 2, samples were also collected after the 2.2-day incubation until up
to 7 days (Figure 3.3). Net MeHg production in autoclaved slurries was below the
detection limit (0.2 pmol g-1 (dw)), indicating that MeHg was generated from biological
activity. Addition of molybdate, a specific metabolic inhibitor of SRB, decreased the
MeHg production by 92.9 ± 0.6% in BG30 slurries and 92.7 ± 1.1% in LSB129S slurries.
This result suggested that SRB were the major mercury methylators in this experiment.
The dominant role of SRB in MeHg sedimentary accumulation has been confirmed by
many other studies(63-65, 214).
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Figure 3.1: Mercury fractionation using centrifugation and ultracentrifugation.
(a) Simulated water, consisting of 5 mM NaHCO3, 50 mM NaCl and 1 mg-C/L Pony
Lake fulvic acid (PLFA, International Humic Substances Society), was amended with
1 nM dissolved Hg(NO3)2, HgS nanoparticles or HgS microparticles, and
(ultra)centrifuged immediately (less than 10 min) after mercury addition. (b) Pore
water was first collected from the supernatant after centrifugation of the sediments at
3,000 g for 20 min. This pore water was further centrifuged at 6,700 g for 5 min or
370,000 for 1 h, or filtered with 0.2-μm filters. “Hg < 0.02 μm” represents the fraction
of total mercury that passed through 0.02-μm filters. The error bars represent 1 s.d. for
duplicate samples.
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Figure 3.2: Net MeHg production in sediment slurries 2.2-2.8 days after amendment of
50 nmol mercury (either dissolved Hg(NO3)2 + Na2S, HgS nanoparticles or HgS
microparticles).
The MeHg concentration was normalized to the dry sediment mass. In Experiment 1,
slurries consisted of 20 g wet sediment and 140 mL surface water, and pre-incubated
for 2.5 days prior to Hg addition. In Experiment 2, slurries consisted of 50 g wet
sediment, 120 mL surface water and 10 mM sodium pyruvate, and pre-incubated for
7.5 days prior to Hg addition. The error bars represent 1 s.d. of replicate samples (n=23). The net MeHg production from micro-HgS exposed LSB129S slurries in
Experiment 1 was below the detection limit (0.2 pmol g-1).
Most of the sulfate in BG30 samples was consumed prior to the mercury
amendments in Experiment 2. Hence, sulfate concentration in the overlaying water was
near or below the detection limit (~0.01 mM), which became an inhibitory factor of
microbial activity and subsequent MeHg production in these slurries. As a result, TOC
degradation appeared to be insignificant (Figure B1c) and less MeHg was generated in
BG30 samples relative to LSB129S samples (Figure 3.3). Moreover, the net MeHg
production in BG30 slurries amended with Hg(NO3)2+Na2S and nano-HgS was almost
identical (Figure 3.3a), which deviates from our previous observation that dissolved
Hg(NO3)2+Na2S was more available to methylation than nano-HgS(222). This
discrepancy is likely because the previous experiments were conducted using actively

78

growing bacteria and Hg availability was the limiting factor of MeHg production(222).
However, in the present study, bacterial activity was so low (Figure B2a) that the
available Hg was in excess in both Hg(NO3)2+Na2S and nano-HgS treatments.
It should be noted that the MeHg concentration in Hg(NO3)2+Na2S and nano-HgS
treated BG30 slurries at the end of the 7-day incubation was significantly higher than
that at the time zero (p < 0.05, Figure 3.3a). This result suggests that active sulfate
reduction may not be a prerequisite for Hg methylation. Pure cultures of SRB have been
shown to efficiently methylate mercury under fermentative conditions(193, 236) and
comparable MeHg production rates have been detected from natural sediments with
low sulfate content relative to those with high sulfate content(215). Therefore, the
relationship between mercury methylation and sulfate reduction in SRB may need to be
re-examined, particularly in low salinity environment.
In Experiment 2 that included pyruvate addition, sulfate reduction (Figure B2b),
TOC degradation (Figure B1d) and mercury methylation (Figure 3.3b) all actively
occurred in LSB129S slurries. The net MeHg production in the slurries amended with
Hg(NO3)2+Na2S was found to be the largest of the three types of Hg treatments, similar
to our previous experiments with SRB in pure culture (222). Likewise, the methylation
potential of nano-HgS was higher than that of micro-HgS (Figure 3.3b). The difference in
MeHg production among the three HgS treatments can not be explained by the activity
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Figure 3.3: Net MeHg production in the slurry microcosms exposed to 2 nmol g-1 (dw)
dissolved Hg(NO3)2 and Na2S, HgS nanoparticles or HgS microparticles in Experiment 2.
The slurries were prepared with sediments from site (a) BG30 and (b) LSB129S. The
MeHg concentration was normalized to the dry sediment mass in each serum bottle.
Incubation time represents the time after Hg amendments. The error bars represent 1
s.d. for duplicate samples in the test groups. Single replicate of slurries were
incubated for the controls.
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of SRB,as sulfate concentration decreased at similar rates in all HgS exposures (Figure
B2b). Instead, the availability of inorganic mercury most likely controlled the MeHg
production in LSB129S slurries. Furthermore, the net MeHg production during the 7-day
incubation in the slurries treated with Hg(NO3)2+Na2S was 170 ± 26 pmol g-1 (dw) for
LSB129S and 63 ± 6 pmol g-1 (dw) for BG30, while the sulfate reduction was at least 40fold greater in LSB129 samples (2.7 mM), relative to BG30 samples (< 0.068 mM). The
maximum extent of sulfate reduction in BG30 samples (0.068 mM) was estimated by
assuming that the sulfate measured at time zero was completely depleted during the 7day incubation (Figure B2a). Normalizing the net MeHg production to the sulfate
reduction revealed that the mercury species present in the BG30 slurries may be more
available for methylation than LSB slurries.

3.3.3 Mercury speciation in sediment slurry microcosms
In Experiment 2, the Hg spikes applied in the Hg(NO3)2+Na2S and nano-HgS
treatments (~2 nmol g-1(dw)) only increased the total Hg concentration to 2 to 2.5 times
the concentration in the original sediments (Table 3.1). However, the MeHg production
from the newly added Hg (as dissolved Hg-S or HgS nanoparticles) was 18-48 times
greater compared to “Hg blank controls” that contained mercury from the original
sediment material (Figure 3.3). The availability of native Hg in the sediments resembled
the HgS microparticles (Figure 3.3), which can be explained by the pore water
fractionation results showing that Hg mainly existed as bulk-scale particles in BG30 and
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LSB129S samples (Figure 3.1b). This result is also consistent with the previously
reported ‘aging’ effects of mercury in sediments that reduce bioavailability over
time(109, 213).
To further explore the relationship between mercury speciation and its
methylation potential, total aqueous mercury in the slurries amended with the three
forms of HgS or lacking Hg addition was fractionated using centrifugation (6,700 g for 5
min) and ultracentrifugation (370,000 g for 1h) in Experiment 2. In both types of
sediment slurries (BG30 and LSB129S), the addition of Hg(NO3)2+Na2S and nano-HgS
appeared to increase the dissolved Hg content of the mixtures relative to the control
with no Hg added. For each time point (0 and 7 days) in both BG30 and LSB129S
samples, the concentration of dissolved Hg was larger than the dissolved Hg in the
slurries exposed to microparticulate HgS and the Hg blank control (Figure 3.4). In our
previous research with pure cultures, the dissolved Hg was the most susceptible Hg
species to microbial methylation (222). Thus, in these sediment slurries, the higher
concentration of dissolved Hg may, at least partly, explain the greater amounts of MeHg
production in slurries that were amended with Hg(NO3)2+Na2S and nano-HgS relative to
the other slurries (Figure 3.3).
However, the amount of dissolved Hg alone does not explain the observation
that the dissolved Hg fractions in LSB129S samples exposed to Hg(NO3)2+Na2S and
nano-HgS were similar (Figure 3.4c and 3.4d), yet the net MeHg production in these two
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treatments differed significantly (p < 0.05, Figure 3.3b). This discrepancy is probably
caused by the mineral particles in the sediments which were not present in the pure
bacterial cultures that we utilized for the previous study(222). In Experiment 2, the
majority of mercury added as Hg(NO3)2 or nanoparticles (~345 nmol Hg per L of water
in slurries) was immediately bound to large particles. Upon Hg addition in these two
treatments, only 0.3-1.3% of the total Hg spike remained in the supernatant after
centrifugation at 6,700 g for 5min (Figure 3.4a and 3.4c). Bacteria tend to attach to the
surface of mineral particles via sorption or biofilm formation(237). Thus, association
with sedimentary particles may localize Hg to the methylating bacteria and create a
‘micro-environment’ with chemical conditions different from the bulk samples.
Moreover, it is possible that a proportion of the dissolved Hg species are not
available for microbial methylation. In other words, only the portion of mercury that can
be readily taken up by the methylating bacteria contributes to the MeHg production.
Other researchers have postulated that Hg-thiol complexes are the dominant form of Hg
species on the bacterial surface(212), and this form of Hg can be taken up into the cells
through an active membrane transport mechanism(17, 211). Additionally, recent studies
have demonstrated that Hg uptake was the rate-limiting step toward methylation(51,
211), and the microbial MeHg production correlated with the Hg fraction that was
readily available for thiol ligand exchange(222).
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a.

b.

c.

d.

Figure 3.4: Hg fractionation in sediment slurries amended with 2 nmol g-1 (dw) (345
nmol Hg per L of water in the slurries) dissolved Hg(NO3)2 and Na2S, HgS nanoparticles
or HgS microparticles in Experiment 2.
The slurries were prepared with sediments from site BG30 (a and b) and LSB129S (c
and d). (Ultra)centrifugation was performed immediately (a and c) and 7 days (b and d)
after mercury amendments. ‘Dissolved Hg’ represents the total Hg remained in the
aqueous phase after ultracentrifugation at 370,000 g for 1 h. ‘Colloidal Hg’ represents
the concentration difference of supernatant Hg after centrifugation at 6,700 g for 5 min
and ultracentrifugation at 370,000 g for 1 h. The error bars represent 1 s.d. for
duplicate samples in the test groups. Single replicate of slurries were incubated for
the Hg blank control.
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A substantial amount of colloidal Hg was detected in the Hg(NO3)2+Na2S and
nano-HgS exposed BG30 slurries and this fraction increased during the 7-day incubation
period, while the colloidal Hg in the LSB129 samples was little to none (Figure 3.4). This
result can be explained by the previous observation that HgS nanoparticles are stable in
the presence of natural organic matter, but subject to aggregation in high salinity
waters(18).
In sedimentary environments, other sulfide-complexing metals, such as Zn, Fe
and Cu, often coexist at much higher levels relative to Hg. In particular, due to the high
abundance of iron, Fe(II) likely controls the sulfide speciation and thus indirectly
influences the speciation and bioavailability of inorganic Hg in pore waters. In BG30 and
LSB129S sediments, Fe(II) was detected at micromolar quantities (Table 3.1). Also, we
observed a surficial black layer inside the LSB129S slurry microcosms, indicative of FeS
precipitates.
We attempted to model the equilibrium speciation of Hg, Fe, and S in the filtered
porewater from our study. In these calculations, we utilized the concentration
measurements of filtered (< 0.2 μm) water from the HgS-treated slurries (Figure 3.5 and
3.6). In the calculations, we assumed that these concentrations represented ‘dissolved’
species, and used the results to determine the saturation indices for mineral phases,
including metacinnabar (HgS(s)), mackinawite (FeS(s)) and pyrite (FeS2(s)). The solubility
product Ks0 for metacinnabar varies by 4 orders of magnitude in databases of critically
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selected stability constants(103). Here, we utilized two values at the high and low end of
this range (10-36 and 10-40) for our speciation calculations.
In speciation calculations for the BG30 slurries, the HgS(s) saturation index was
greater than zero in slurries treated with Hg(NO3)2+Na2S and nano-HgS for both values
of Ks0 (Figure 3.5). This result indicated that HgS(s) was above saturation and
precipitation of metacinnabar was thermodynamically favored in these filtered (<0.2 μm)
samples. In the micro-HgS exposed and non-spiked BG30 slurries, oversaturation of
HgS(s) could also occur, particularly at the end of the incubation (Figure 3.5b).
Nanoparticles are small enough to pass through the 0.2 μm filters, although a portion
may adsorb or deposit on the filter membrane surface. In contrast, the speciation
calculations indicated lower (negative, if Ks0 = 10-36) saturation indices of metacinnabar in
LSB129S samples (Figure 3.6), suggested a lower thermodynamic driving force for HgS
precipitation.
The saturation indices for pyrite were 10 to 11 orders of magnitude greater than
zero in all the samples (Figure 3.5 and 3.6), indicating a high potential for FeS2(s)
formation if S0 was present in the sediments. The increase of AVS content in the slurries
did not account for all the sulfate reduced during the 7-day incubation (Figure B3),
which may be attributable to the formation of reduced sulfur species such as pyrite that
are not detected by AVS. Moreover, all BG30 samples were oversaturated with respect to
mackinawite, while the saturation indices of FeS(s) was near or below zero in most

86

LSB129S samples. Overall, these calculations indicated that the measured colloidal Hg
fraction in the slurry samples was not simply HgS. Instead, mercury was probably
associated with other metal sulfides (e.g. FeS) via co-precipitation or Hg adsorption to
the surface of FeS nanoparticles(238, 239). The role of these colloidal Hg-S-Fe species for
microbial methylation potential is unclear and needs to be studied further.

3.3.4 Environmental implications
Our study has demonstrated that MeHg production in natural sediments was
largely governed by two factors, the activity of the methylating bacteria and the
availability of inorganic mercury. Environmental variables, such as TOC, sulfate, salinity
and iron influence MeHg production by regulating one or both of these factors.
SRB was predominantly responsible for Hg methylation in our study and their
activity could be limited by the supply of sulfate and/or labile organic carbon.
Nevertheless, in the presence of abundant carbon source (Experiment 2), MeHg
production occurred to a comparable extent under sulfate-limited conditions (BG30)
relative to sulfate-rich conditions (LSB129S) (Figure 3.3). There are two possible
explanations for this phenomenon. First, mercury methylation may not be necessarily
coupled to sulfate reduction activity. The relationship between MeHg generation and
sulfate reduction in SRB may be more complex than previously recognized. Second,
despite the sufficient source of sulfate in the LSB129S slurries, MeHg production was

87

Figure 3.5: Calculated saturation indices for the water samples withdrawn from the
sediment (BG30) slurries.
Slurries were treated with 2 nmol g-1 (dw) dissolved Hg(NO3)2 and Na2S, HgS
nanoparticles or HgS microparticles. Saturation indices of metacinnabar (β-HgS(s)),
mackinawite (FeS(s)) and pyrite (FeS2(s)) were calculated using measured pH, Hg, Fe(II),
AVS, Cl- and DOC concentrations in 0.2-μm filtered water samples collected at two
time points during the methylation experiments: (a) Immediately (less than 10 min)
and (b) 7 days.
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Figure 3.6: Calculated saturation indices for the water samples withdrawn from the
sediment (LSB129S) slurries.
Slurries were treated with 2 nmol g-1 (dw) dissolved Hg(NO3)2 and Na2S, HgS
nanoparticles or HgS microparticles. Saturation indices of metacinnabar (β-HgS(s)),
mackinawite (FeS(s)) and pyrite (FeS2(s)) were calculated using measured pH, Hg, Fe(II),
AVS and Cl- concentrations in 0.2-μm filtered water samples collected at two time
points during the methylation experiments: (a) Immediately (less than 10 min) and (b)
7 days.
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limited by mercury availability in the marine sediment due to enhanced colloidal
aggregation under high ionic strength conditions.
Our results also confirmed the previous pure culture study(222) that aging of
mercury from dissolved HgS to nanoparticulate HgS and then crystalline micro-HgS,
decreased its availability for microbial methylation. However, the chemistry in natural
sediments is more complex than that found in pure cultures of bacteria. Partitioning of
Hg to bulk-scale mineral particles and colloids (especially FeS) may considerably
influence the Hg speciation and MeHg production. As a result, dissolved Hg (i.e., Hg
remained in the supernatant after ultracentrifugation) in sediment pore water may not
accurately represent the available fraction of Hg for methylation. Additional approaches
targeting the Hg species that are likely taken up by the methylating bacteria (e.g., Hgthiol complexes) are needed to assess the Hg availability in natural samples.
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Chapter 4. Photolytic degradation of methylmercury
enhanced by binding to natural organic ligands
This chapter was published in Zhang T. and Hsu-Kim H. (2010). Nature
Geoscience, 3(7), 473-476. Reproduced with permission from Nature Geoscience.
Copyright 2010 Nature Publishing Group.

4.1 Introduction
Demethylation of methylmercury (MeHg) in natural waters occurs through both
biological(240, 241) and photochemical processes. In sunlit waters, the photochemical
process is the dominant removal pathway for methylmercury and has been estimated to
account for as much as 80% of MeHg flux out of lakes(9, 242). While sunlight is known
to induce MeHg degradation, rates vary among different types of water.
Photodegradation is rapid in remote lakes in North America and the Arctic(9, 20, 21),
but relatively slow in seawater, especially compared to microbial processes(22). The
reason for such variability is unknown because the photodemethylation process is
poorly understood.
MeHg degradation is likely to be induced by the ultraviolet spectrum (<400 nm)
of sunlight(20). Hydroxyl radicals (•OH), which are produced via photo-Fenton reactions
or by photolysis of nitrate, have been proposed as the reactive intermediates responsible
for photodegradation(243, 244). However, with previously reported •OH demethylation
rates (k ~2 to 9 × 109 M-1 s-1)(243-245), significant MeHg degradation by this pathway
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would require large steady state •OH concentrations that would occur only under
specific conditions: agriculturally-impacted waters (with high nitrate and low dissolved
organic carbon(9, 245, 246)) or in acidic waters (pH ≤ 6) with sufficient soluble Fe to
drive photo-Fenton processes(247). While production of •OH is possible at neutral
pH(248), production rates are highly sensitive to pH shifts, dissolved natural organic
matter (NOM) content, and filtration of samples (in which removal of particulate Feoxides would decrease •OH production rates). Such patterns are inconsistent with
previous field studies on MeHg photodegradation in which pH variations (from 6 to 7.5)
and filtration of the sample did not change photodegradation rates(9, 21, 242, 249). Such
discrepancies point to another photoreactive intermediate (in addition to •OH) that can
induce MeHg degradation in surface waters.
MeHg degradation can also occur through singlet oxygen (1O2)(250), which is
generated by sunlight sensitization of dissolved NOM(169, 251). In this study, we
examined the mechanism of MeHg photodegradation by exposing MeHg to natural
sunlight and UV-A radiation in the presence of NOM and selective quenchers for photogenerated reactive intermediates. We also demonstrated that the reaction rates between
O2 and MeHg were sufficient to account for sunlight-induced degradation. However,

1

these rates applied only to certain types of MeHg species in water: CH3Hg-thiol
complexes with NOM.
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4.2 Materials and Methods
4.2.1 Materials
Nanopure-filtered water (>18 MΩ-cm) was used to prepare all stock solutions.
Ultrahigh purity grade nitrogen was used for degassing water. Chemical stock solutions
were stored in borosilicate glass containers at 4°C. All containers were acid cleaned by
overnight soaking in 1 N HCl followed by 3-times rinses with Nanopure water.
Monomethylmercury chloride stock solutions contained either 1000 mg-Hg/L
(Alfa Aesar) or 1 mg-Hg/L (Brooksrand) that were preserved with 0.5% (v/v) glacial
acetic acid and 0.2% (v/v) HCl. The humic acid stock solution was prepared by
dissolving Suwannee River humic acid standard (SRHA, International Humic
Substances Society) in nanopure water. The pH was adjusted to 7.5 by trace metal grade
HCl and NaOH (Fisher Scientific). The SRHA solution was then filtered with 0.2 μm
nylon syringe filters (VWR) and total organic carbon (TOC) concentration was
determined in the filtered stock by combustion catalytic oxidation/infrared spectroscopy
(Shimadzhu TOC Analyzer). Stock solutions of glutathione (GSH, Sigma-Aldrich) and
mercaptoacetate (MA, Sigma-Aldrich) were prepared in N2-purged water and were
utilized within 48 hours of preparation. Stock solutions of nitrobenzene (NB,
Mallinckrodt) and 2-chlorophenol (2CP, Alfa Aesar) were prepared by diluting the
original liquid stock in nanopure water. A working solution of 10 g/L H2O2 was diluted
from a 30% H2O2 (Fisher Biotech) stock and utilized within 2 hours of preparation.
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Catalase (from bovine liver, Sigma-Aldrich) stocks were prepared by diluting to 0.2
mg/mL in 1 mM phosphate buffer (pH=7.3). Aliquots of the catalase stock were stored at
-20 °C and utilized within 8 hr of thawing. Reagents for thiol detection consisted of 2.0
mM 2,2’-dithiobis (5-nitropyridine) (DTNP, Fluka) dissolved in acetonitrile, 0.5 M
sodium acetate buffer (pH = 6), and 7.5 mM tributylammonium (TBA, J.T. Baker)
dissolved in an acetate buffer (pH=3.5).

4.2.2 Sample matrix
Methylmercury (MeHg) photodegradation experiments were conducted in both
simulated water and seawater. The simulated water consisted of Nanopure water
(Barnstead) buffered to pH 7.3-7.4 with potassium phosphate (1-10 mM). The seawater
matrix comprised of filtered seawater from the Gulf of Mexico (Sigma Aldrich). TOC
concentration of this water was measured at 2.8 mg-C/L. The phosphate buffer or
seawater matrix was then amended with MeHg and a ligand: either GSH, MA, SR humic
acid, or Cl-. In buffered solutions without additional ligands, methylmercury speciation
was predominantly in the form of CH3HgOH and CH3HgHPO4- complexes, depending
on pH and total phosphate concentration.

4.2.3 Photodegradation experiments
Sunlight exposure experiments were conducted on the roof of Hudson Hall at
Duke University, Durham, NC (36°0’0” N, 78°56’28” W). Solar fluence was calculated
based on the hourly sunlight intensity data recorded by the National Oceanic and
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Atmospheric Agency’s weather station (Site ID #NC Durham 11W) in the Blackwood
Division of the Duke Forest (located approximately 14 km away). Sunlight exposure
experiments were performed twice: October 20, 2008 and December 2-4, 2008, during
which the average temperature at noon was 15.2°C and 8.9°C, respectively.
Singlet oxygen experiments were performed by exposing the samples containing
rose bengal to artificial UV-A radiation at room temperature (25-26°C). The photolysis
chamber consisted of four parallel low-pressure fluorescent UV lamps (blacklight blue,
Atlantic Ultraviolet, 15W), which have an output spectrum ranging from 320 to 400 nm
and a peak intensity at 365 nm. UV-A and sunlight photodegradation experiments were
performed in FEP Teflon bottles. These bottles were expected to transmit approximately
50-80% of radiation in the UV-A range (315-400 nm)(249, 252, 253). Other factors such as
lamp intensity (which can dim over time) and distance from the lamp also affected
fluence during the photochemical experiments. Thus, data for comparing MeHg
degradation over time (e.g., data plotted on the same figure) were acquired by placing
the samples side-by-side on one platform at the same time in the UV reactor.
2CP was applied as the probe compound to detect the formation of 1O2 (254, 255)
and was added in the same reaction matrix with MeHg- ligand complexes for
quantification of rate constants by competition kinetics. During each sunlight and UV-A
photodegradation experiment, temperature was controlled by partially submerging the
Teflon bottles in a deionized water bath at ambient temperature. The deionized water
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was replaced every couple hours during the photolysis experiment. The temperature of
the water was monitored in another Teflon bottle that was placed next to the other
samples. The fluctuation of temperature during irradiation was less than ±1 °C.
Direct photodegradation by UV-C radiation (λ=254 nm) and •OH-induced
photodegradation experiments were conducted in a bench-scale reactor with quasicollimated beam system. The reactor contained four low-pressure mercury vapor lamps
(USHIO, 15 W). Incident UV irradiance was measured by a UV radiometer (International
Light Inc., Model 1700/SED 240/W). Fluence was defined as the average irradiance
multiplied by the exposure time. For this system, fluence was calculated as the radiation
emitted at 254 nm. Each sample was placed in a 300-mL borosilicate glass dish, covered
with a quartz disc, and continuously mixed with a stir bar during UV-C exposure. H2O2
was added as a photochemical generator of •OH (256), and NB was applied as the probe
compound to detect the formation of •OH (257). Catalase was added to samples
immediately after UV-C irradiation to quench the excess H2O2 prior to detection (256).
No additional temperature controls were employed since the temperature did not
fluctuate more than 1°C during the course of UV-C exposure.

4.2.4 MeHg decomposition by superoxide
We performed additional experiments with superoxide (O2•-) generated from an
enzyme reaction to determine if MeHg degradation can occur with O2•-. The samples
consisted of 10 mM potassium phosphate (buffered to pH 7.3) spiked with 15 nM MeHg
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and 4 μM GSH. Superoxide was generated at room temperature (25-26°C) by the
reaction of 2.5 mM xanthine with 0.15 units/mL xanthine oxidase (XO) in the sample
solution. A probe compound 3’-(258)-bis(4-methoxy-6-nitro)benzenesulfonic acid
hydrate (XTT) was employed to monitor the formation of O2•- (according to previous
published methods (258)). Upon reaction with O2•-, XTT is reduced to a compound that
has an absorbance maximum at 470 nm. Prior to MeHg and GSH analysis, 16 units/mL
superoxide dismutase (SOD) was added to samples immediately after sample collection
to quench any additional generation of O2•-.
MeHg recoveries were tested by preparing a separate set of samples with all
reagents added (XO, XTT, SOD in phosphate buffer) prior to the MeHg spike. The
average recovery of MeHg in this sample was only 75.7% (±0.6%, n=2), possibly due to a
matrix effect caused by the combination of XO, XTT, and SOD reagents. Thus, all MeHg
concentrations in the O2•--induced degradation samples were corrected for this matrix
effect.

4.2.5 Chemical analyses
Methylmercury concentration was quantified in the water samples using a
standard method (259, 260) involving aqueous phase ethylation, purge and trap on
Tenax resin, gas chromatographic separation, and atomic fluorescence spectrometry
(Tekran 2600). Aliquots of samples were taken prior to photodegradation experiments
and analyzed to check the recoveries of MeHg from each reaction matrix. The average
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recovery of MeHg was 98.3% (±7.6%, n=56). No strong matrix effect was observed
during ethylation and MeHg analysis steps. Thus, a pre-separation or distillation step
was not necessary for MeHg quantification in the samples.
Total Hg concentration was monitored in the photolyzed samples by atomic
absorption spectrometry (Milsteone DMA-80) (261). The average recovery of total Hg
was 94.6% (±6.6%, n=39) after the photodegradation experiments, indicating that
substantial loss of volatile Hg0 was not occurring during photolytic exposure.
GSH and MA concentration was quantified using published methods (262). In
summary, thiol compounds in sample aliquots were derivatized by DTNP and
quantified within 48 hours of derivatization using reverse phase high performance
liquid chromatography (RP-HPLC) with detection by UV absorbance. Thiol
concentration decreased rapidly due to reactive oxygen species generated during the
photolytic exposure. However, during the entire duration of the experiment, thiol
concentration always exceeded total Hg concentration (Figure C5). Therefore, we
assumed that all MeHg species was complexed by thiol ligands during the experiment.
NB was quantified by a previously developed isocratic elution RP-HPLC method
(256). 2CP was quantified by a gradient elution RP-HPLC (263). All HPLC
measurements were carried out on a Varian HPLC workstation fitted with an Alltech C18
column and a photodiode array detector. Aliquots of samples were taken prior to
photodegradation experiments and analyzed to check the recoveries of the HPLC
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methods. The average recoveries were 97.1% (±8.2%, n=31) for thiols, 103.2% (±7.3%,
n=24) for 2CP and 104.6% (±8.0%, n=25) for NB.
Methylmercury concentration data were reported as average ±1 standard
deviation of duplicate or triplicate measurements. Error bars for GSH, MA, NB, and 2CP
concentrations represent ±1 standard error calculated from the linear regression of the
external calibration employing a 95% confidence level. In all figures, error bars that were
smaller than the symbols were not plotted.

4.2.6 Quantification of rate constants
Direct UV-C photodegradation rates were measured by quantifying the first
order fluence-based rate constant, k D , Fluence , for MeHg-ligand complexes (CH3HgL)
corresponding to the following reaction:
kD
CH 3 HgL + hν 
→ products

(4.1)

The value for k D , Fluence was obtained by linear regression of logarithmic MeHg
concentration ratios determined as a function of fluence:

ln

[CH3HgL]t
= −kD ⋅ Fluence
[CH3 HgL]0

(4.2)

The time-dependent first order rate constant for photodecomposition, k D ,t , can
be estimated from k D , Fluence by considering the incident irradiance IUV of the UV lamps:

k D ,t = k D , Fluence ⋅ IUV
For our direct UV degradation experiments, IUV was measured by a UV
radiometer prior to each experiment. For the time frame of our experiments, we
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(4.3)

observed direct UV degradation of MeHg only with UV-C irradiation and not with UVA irradiation. Thus, in calculating indirect photodegradation rates (i.e., by 1O2 and •OH)
we needed to consider direct UV degradation only in the experiments with •OH and not
in the experiments with 1O2.
For 1O2 and •OH-induced degradation experiments, competition kinetics were
applied to determine the second-order rate constants for decomposition of CH3HgL
complexes. Probe compounds (either 2CP for 1O2 or NB for •OH) were added to reaction
matrices. Simultaneous degradation of MeHg and the probe compound was monitored.
Competition kinetics in the singlet oxygen experiments are summarized in the
following reactions:
k1

O2 , CH 3HgL
CH 3 HgL + 1O2 
→ products

(4.4a)

kr
2CP + 1O2 
→ products

(4.4b)

kr
2CP − + 1O2 
→ products

(4.4c)

'

where 2CP and 2CP- are the protonated and deprotonated forms of 2chorophenol, and the reaction rate constants are kr = 3.82×105 M-1s-1 and kr’ = 2.05×108 Ms (reference (255)). The overall second-order degradation rate constant for 2-

1 -1

chlorophenol, is equal to:

 2CP − 
2CP ]
[
' 
k O ,2 CP = kr
+k
[ 2CPtot ]
[ 2CPtot ]
1

r

2

(4.5)

The second-order rate constants for CH3HgL degradation by singlet oxygen was
calculated by combining the rate laws for CH3HgL and 2CP degradation (264):
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[CH 3 HgL]t k O , CH HgL [ 2CPtot ]t
=
⋅ ln
[CH 3 HgL]0 k O , 2CP
[ 2CPtot ]0
1

ln

2

(4.6)

3

1

2

The rate constant k 1O

was calculated from the slope of data plotted as

2 ,CH 3 HgL

ln[MeHg]/[MeHg]0 versus ln[2CPtot]/[2CPtot]0.
In the kinetics experiment with hydroxyl radicals, nitrobenzene (NB) was used as
the probe compound. The competition reactions are summarized by the following:
kD
CH 3 HgL + hν 
→ products

(4.7a)

k•

OH , CH 3HgL
CH 3 HgL + •OH →
products

(4.7b)

k•

OH , NB
NB + •OH →
products

(4.7c)

where the rate constant for Eq. (7c) is k •OH , NB = 2.43×109 M-1s-1 (reference (256)).
From Equations (4.7a), (4.7b) and (4.7c), the rate laws for MeHg and NB degradation
were derived as the following:

d [CH 3 HgL ]
dt

= −k • OH ,CH HgL ⋅  • OH  ⋅ [CH 3 HgL ] − k D ,t ⋅ [CH 3 HgL ]

(4.8a)

3

d [ NB ]
dt

= −k • OH , NB ⋅  • OH  ⋅ [ NB ]

The second order rate constant k •OH ,CH

3 HgL

(4.8b)

for CH3HgL degradation by •OH

radicals was calculated by integrating Equations (8a) and (8b) to the following:

ln

t
[CH3 HgL]t
= −k OH ,CH HgL ⋅ ∫  • OH  dt − kD,t ⋅ t
0
[CH3 HgL]0
•

(4.9a)

3

ln

[ NB ]t
[ NB ]0

t

= −k • OH , NB ⋅ ∫  • OH  dt
0
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(4.9b)

The steady state approximation was made for •OH radicals. As a result,
Equations (4.9a) and (4.9b) were combined to solve for k •OH ,CH

− ln
k • OH ,CH HgL =

− ln

[CH3 HgL]t
/t
[CH3 HgL]0

and − ln

3 HgL

:

[CH 3 HgL]t / t − k
D ,t
[CH 3 HgL]0
⋅ k OH , NB
NB ]t
[
/t
− ln
[ NB ]0
•

3

The rate constant k •OH ,CH

3 HgL

(4.10)

was solved from the data by calculating

[ NB ]t
/t
[ NB ]0

from the slope of MeHg and NB concentration data

plotted as ln C/C0 versus exposure time.

4.2.7 Dark controls and direct photolysis
Dark controls were performed using replicate samples in bottles that were
wrapped in foil and placed under the same conditions as the photolyzed samples (i.e.,
exposed to sunlight, or placed under UV-A or UV-C lamps). As shown in Figures C3,
more than 97.2% of MeHg and 99.7% of 2CP were recovered during the entire course of
the experiment, indicating that these compounds were not degraded by rose bengal and
other sample constituents in the dark. The recoveries of GSH and MA in the dark
controls were >80.5%, indicating that some oxidation of the thiols were occurring under
ambient (i.e., oxic) laboratory conditions. Dark controls for •OH-induced degradation
experiments comprised of water samples that contained H2O2, another type of reactive
oxygen species (ROS). As shown in Figure C6, MeHg degradation was not observed
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after 65 min of exposure to H2O2. Degradation of GSH was observed at a rate similar to
that observed during UV-C irradiation (i.e., •OH generation).
Dark controls were also conducted for water samples that contained SR humic
acid as the source of photochemical reactive species for MeHg decomposition. These
samples contained 0.5 nM to 4000 nM MeHg, 2.8 mg-C/L SRHA in a 10 mM phosphate
buffer (pH=7.3-7.4) and were wrapped in foil prior to placement in the UV-A batch
reactor. The recovery of MeHg during more than 100 hr of UV-A exposure was 96.8%
(±9.1%, n=6).
MeHg degradation by direct photolysis (i.e., no ROS generated) was also tested
in simulated water samples containing MeHg. UV-C decomposition of CH3Hg-GSH
complexes was observed (Figure 4.4). However, direct photolysis by UV-A irradiation or
sunlight was not observed. The recovery of MeHg was 102.5% (±10.1%, n=4) after 18.5 hr
of sunlight exposure (Figure 4.1a) and 103.8% (±6.5%, n=4) after 50 hr of UV-A exposure
(data not shown).

4.3 Results and Discussion
4.3.1 MeHg photodegradation by NOM
In the sunlight degradation experiments, simulated freshwater containing MeHg,
SRHA, and a phosphate buffer (pH 7 to 7.4) was exposed to natural sunlight over 4 days
in October and December 2008 on a building roof top in Durham, North Carolina.
During the exposure period, MeHg did not degrade in appreciable amounts in samples
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that contained only the phosphate buffer (Figure 4.1a). MeHg degradation was observed
only when humic acid was present and when the MeHg concentration was low (15 nM)
relative to humic acid. The different rates observed between the 15 nM and 1500 nM
MeHg treatments could be caused by differences in complexation between MeHg and
thiols associated with the humic. In the sample with 2 mg-C/L humic, the reduced-sulfur
concentration from the humic acid was estimated at 150 nM (assuming 7.3×10-5 moles
reduced-S per g C(113)) and greater than total MeHg (15 nM). In contrast, the sample
with 1.1 mg-C/L humic and 1500 nM MeHg contained 80 nM reduced-S, less than MeHg
concentration.
We performed similar photodegradation experiments using a bench scale UV-A
reactor (λ=365 nm) to show that degradation rates depended on the concentration of
MeHg relative to humic acid. MeHg degradation occurred only if humic acid was
present (Figure C1). Furthermore, degradation was observed only at MeHg
concentrations (0.5 nM and 125 nM) that were less than the estimated reduced-S content
of the humic (200 nM) (Figure 4.1b). We observed similar trends demonstrating the
concentration dependence for MeHg degradation in samples formulated in seawater
and irradiated by artificial UV-A (Figure C1).
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Figure 4.1: Concentration dependence of MeHg photodegradation rates.
a) MeHg degradation by sunlight in water containing Suwannee River humic acid
(SRHA) and phosphate (1 mM, pH = 7).The high MeHg treatment (1500 nM) was
exposed in October 2008 (15.2°°C average noon temperature). The low MeHg treatment
(15 nM) was exposed in December 2008 (8.9°°C). Error bars represent ±1 s.d. for
replicate measurements (n=2-3) of the same sample. b) MeHg degradation by artificial
UV-A (λ
λ=365 nm) in water containing SRHA (2.8 mg-C/L) and phosphate (10 mM, pH
7.4). Data points represent the average MeHg concentration (±1 s.d.) for duplicate
samples.
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Sunlight irradiation of chromophoric NOM is known to generate reactive
intermediates such as •OH, superoxide, and 1O2(265). In additional photodegradation
experiments, we utilized selective probes to identify the reactive intermediate that was
responsible for MeHg decomposition (Figure 4.2). The addition of β-carotene and
sodium azide (NaN3), known to be sensitive to 1O2, resulted in slower MeHg
degradation kinetics (Figure 4.2a). Experiments were also repeated in 98.5% deuterated
water (D2O), a solvent that is ~13 times slower than H2O at quenching singlet oxygen(169,
266) and thus, increases steady state 1O2 levels. The use of D2O appeared to increase the
rate of decomposition; however, this enhancement was smaller than expected. The
addition of isopropyl alcohol (a probe for •OH(267)) and isoprene (a probe for
photosensitized triplet state NOM(267, 268)) did not appreciably change
photodegradation rates (Figure 4.2b). MeHg degradation was not observed in dark
controls: the recovery of MeHg was 92% (± 8.3%) after 120 hr. Additional dark
experiments with enzyme-generated superoxide indicated that superoxide was not
capable of decomposing MeHg within this time frame (Figure C2). Collectively these
results suggested that 1O2 was the reactive intermediate responsible for
photodegradation in our experiments and not other types of intermediates such as •OH,
photosensitized NOM, and superoxide.
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Figure 4.2: MeHg degradation via generation of 1O2 from photosensitized humic acid.
MeHg was degraded by UV-A in simulated water containing MeHg (0.5 nM), SRHA
(2.8 mg-C/L), and phosphate (10 mM, pH 7.3). a) Replicate samples were amended
with either D2O (a singlet oxygen enhancer), NaN3 or β-carotene (singlet oxygen
quenchers); b) No difference was observed in replicates amended with isoprene (a
quencher for triplet state dissolved NOM) or isopropyl alcohol (quencher for •OH).
Error bars represent ±1 s.d. for replicate measurements (n=2-3).
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The experiments with β-carotene, NaN3, and D2O demonstrated the consequence
of a heterogeneous distribution of 1O2 in humic acid solutions and the binding of MeHg
to NOM. According to Latch and McNeill(169), singlet oxygen is generated in the lightabsorbing regions of dissolved NOM and quickly quenched by water. Therefore, the
steady state 1O2 concentration can be orders of magnitude greater in close proximity to
dissolved NOM molecules than in bulk solution(169). In our experiments, this
concentration gradient may explain why hydrophilic modifiers such as NaN3 and D2O
had less effect on MeHg degradation rates than would be predicted based on known
reaction rates between the modifiers and 1O2 (Table C1). In contrast, β-carotene is a
hydrophobic modifier that sorbed to NOM macromolecules and subsequently inhibited
MeHg degradation to an extent that was predicted (Table C1). These results indicated
that MeHg was sorbed to or complexed by humic molecules and, consequently, reacted
with 1O2 molecules in the hydrophobic regions of the NOM.

4.3.2 Speciation-dependent MeHg photodegradation rate
In our experiments water composition was an important factor controlling
degradation kinetics. Rates depended on the relative concentrations of MeHg and humic
acid (Figure 4.1). Direct interactions between MeHg and NOM (such as metal-ligand
complexation) may be critical to photodemethylation kinetics.
We tested the importance of ligand complexation by quantifying second-order
rate constants k 1O ,CH HgL for reactions between 1O2 and CH3Hg+ complexes with Cl-,
2

3
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glutathione (GSH) or mercaptoacetate (MA). GSH and MA were selected as surrogates
of thiol-containing ligands that are expected to bind to CH3Hg+ ions in NOM-containing
freshwater(216, 269). Singlet oxygen was generated in these experiments by UV-A
sensitization of rose bengal. Dark controls were also performed to ensure that the
reactants did not cause degradation (Supplementary Figure C3). Additional experiments
with amendments (D2O or NaN3) and with Eosin-Y (instead of rose bengal) were
performed to demonstrate that singlet oxygen, and not sensitized rose bengal, was the
reactive intermediate for the degradation experiments (Figure C4). Reaction rate
constants were quantified by competition kinetics in which the simultaneous
degradation of 2-chlorophenol was monitored in the same solution.
In water containing GSH and MA, we observed faster MeHg decomposition by
O2 than in water containing Cl- or the phosphate buffer alone (Figure 4.3). We observed

1

similar trends in experiments with seawater (Figure C5). These results indicated that
O2–induced degradation was faster for CH3Hg-GSH and CH3Hg-MA complexes than

1

for CH3HgCl and CH3HgOH/ CH3HgHPO4- complexes (corresponding to PO4-buffered
water with no additional ligands).
Complexation of sulfhydryl groups by mercury was expected to slow thiol
oxidation by reactive oxygen species(270). However, the total thiol concentration was in
excess of total Hg in the samples. Thus, the thiols were decomposing simultaneously
during the reaction (Figure C6), producing compounds such as organic sulfur radicals
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that may be capable of inducing demethylation. We tested the reactivity of thiol
oxidation products by performing dark oxidation experiments with hydrogen peroxide
(H2O2), which oxidized GSH and MA to form sulfhydryl radical intermediates(271).
Decomposition of CH3Hg-GSH complexes was not observed, even as GSH (which was
in excess of MeHg) was oxidized by H2O2 (Figure C7). Therefore, we concluded that
sulfhydryl radicals were not reactive intermediates that caused degradation.
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Figure 4.3: Effect of ligand complexation on singlet oxygen-induced of MeHg.
MeHg (350 nM) was complexed with GSH, MA, Cl-, or OH-/HPO42- in water
containing 2-chorophenol (40 μM) and phosphate (10 mM, pH=7.3). 1O2 was generated
by UV-A (λ=365 nm) irradiation of rose bengal. Lines indicate model predictions from
rate constants. Error bars represent ±1 s.d. for replicate measurements (n=2-3).
Second-order reaction rates constants (Table 4.1) calculated from the 1O2
experiments indicated that k 1O ,CH HgL values for CH3Hg-GSH and CH3Hg-MA complexes
2

3

were 2 to 4 times greater than the rate constant measured for the CH3HgOH/
CH3HgHPO4- mixture. Degradation of CH3HgCl was not detected for the time scale of
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our experiments (34 hr). Thus, the CH3HgCl rate constant with 1O2 was at least an order
of magnitude slower. For the •OH degradation pathway, rate constants did not appear
to differ between CH3Hg-thiol complexes and CH3HgOH/CH3HgHPO4- mixed
speciation (Table 4.1).
Table 4.1: Degradation rate constants for methylmercury complexes.
Values represent average (± 1 standard deviation) of duplicate photochemical
experiments at 25-26 ºC.
O2-induced
degradation
1

MeHg species

k 1O ,CH HgL (M-1 s-1)
2

CH3HgCl

3

•

OH-induced
degradation

k •OH ,CH

3 HgL

(M-1 s-1)

Direct UV (λ=254
nm) degradation
kD (cm2/mJ)

<0.32×106 (b)

NA

NA

CH3HgOH,
CH3HgHPO4- mix(a)

1.9 (±0.04)×106

1.9 (±0.09)×109

<0.23×10-4 (c)

CH3Hg-GSH

7.4 (±0.2)×106

1.9 (±0.04)×109

2.2 (±0.02)×10-4

CH3Hg-MA

4.9 (±0.5)×106

NA

NA

(a)

The initial methylmercury speciation (in phosphate buffer) was 49% CH3HgOH and
51% CH3HgHPO4- in the 1O2-induced degradation experiments (pH = 7.3), and 90%
CH3HgOH and 10% CH3HgHPO4- in the •OH-induced and direct UV-C degradation
experiments (pH = 7.4).

(b)

Calculated limit of quantification based on >95% of the initial MeHg measured in
solution after exposure to UV-generated 1O2 for the maximum duration of the
experiment (34 hr).

(c)

Calculated limit of quantification based on >94% of the initial MeHg measured in
solution after the maximum UV fluence (2600 mJ/cm2) for the experiment.

NA: Not available
The increased reactivity between CH3Hg-thiol complexes and 1O2 may be caused
by shifts in carbon-mercury bond energies induced by thiol complexation. In theoretical
studies, Ni et al.(23) demonstrated that coordination of a reduced sulfur residue (-SH) to
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CH3Hg+ resulted in greater electronegativity at the carbon atom. Tossel(19) also utilized
quantum mechanical calculations to show that sulfhydrl coordination decreased electron
transition energies to a range where irradiation by low UV wavelengths (λ<270 nm)
could induce demethylation.
We confirmed these theoretical calculations by performing direct photolysis
experiments with UV-C radiation (λ = 254 nm) to demonstrate that thiol complexation
alters electron transition energies of the CH3Hg-ligand molecule. Degradation of MeHg
by UV-C was observed only if methylmercury was in the form of CH3Hg-GSH
complexes (Figure 4.4).
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Figure 4.4: Effect of ligand complexation on direct UV-C degradation of MeHg.
Reaction matrices contained MeHg at varying initial ratios of MeHg and GSH (4 μM
initial MeHg, 1 mM phosphate, pH 7.4). Solid line indicates a linear regression of data
for [GSH]0:[MeHg]0 ≤ 1.
Degradation was not observed in the phosphate buffer alone, where
methylmercury consisted of 90% CH3HgOH and 10% CH3HgHPO4-. Moreover, the
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observed decomposition rates increased as the GSH:MeHg molar ratio increased from
zero to 1, and remained constant for all mixtures where GSH was in excess of MeHg.
GSH did not decompose during direct UV-C exposure (91.9% ± 1.4% GSH recovered
after 2600 mJ/cm2 fluence). These results showed that GSH complexation altered the
reactivity of the MeHg molecule to make it more susceptible to photodegradation.

4.3.3 Environmental Implications
Speciation-dependent degradation rates can explain the variability observed
between freshwater lakes and seawater. MeHg speciation differs greatly between
seawater and freshwater due to ligand competition between Cl- and thiolate (R-S-)
functional groups associated with NOM. CH3HgCl complexes are likely dominating
methylmercury speciation in coastal marine waters with Cl- concentration greater than
0.1 M (Figure C8). In contrast, most freshwater systems contain enough dissolved NOM
(>1 mg-C/L) and low Cl- such that CH3Hg+ ions are bound to thiol ligands associated
with NOM(269, 272, 273).
In sunlit surface water containing NOM, the steady state concentration of 1O2 can
be as high as 10-13 to 10-12 M (169). Using the CH3Hg-thiol rate constants in Table 4.1, we
calculated a first order photodegradaton rate ranging from 0.04 to 0.6 d-1, values that are
close to rates quantified in lakes(9, 21, 249). Overall, our results indicate that ecosystem
mass balances for MeHg must consider water composition and MeHg speciation when
estimating losses from sunlight decomposition. With this new understanding of how
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photodemethylation occurs, we can improve efforts to predict mercury cycling in the
aquatic environment and prevent bioaccumulation of MeHg in food webs.
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Chapter 5. Conclusions
5.1 Summary
The overarching goal of this dissertation research was to investigate the
mechanisms of microbial MeHg formation and MeHg photodegradation in the natural
aquatic environment. Most importantly, our study focused on elucidating what mercury
species were actively participating in these transformation reactions, and how
environmental conditions influenced these processes. To that end, we investigated: 1)
How the kinetically-limited mercury sulfide mineralization reactions control the
availability of inorganic mercury to methylating bacteria in sediments (Chapters 2 and 3);
and 2) How MeHg is degraded by natural sunlight in surface waters and the role of
MeHg speciation for influencing degradation kinetics (Chapter 4).
In Chapter 2, the methylation potential of three forms of mercury sulfides (i.e.,
dissolved Hg(NO3)2 and Na2S, humic-coated HgS nanoparticles and microscale
crystalline HgS particles) that represent different aging states of mercury in natural
sediments was examined using pure cultures of SRB. The bacteria exposed to dissolved
Hg-sulfide generated the most MeHg, and the methylation potential of nanoparticulate
mercury was considerably higher than microparticulate mercury. This result may be
explained by the dissolution of mercury sulfides and their reactivity in thiol ligand
exchange. In cultures amended with dissolved and nanoparticulate mercury, mercury
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likely partitioned onto the bacterial cells and released dissolved Hg species that were
susceptible to thiol ligand exchange. In contrast, HgS microparticles were inert to thiol
ligand exchange and did not dissolve appreciably during incubation. Moreover, in
bacterial cultures exposed to nano-HgS, MeHg production decreased with an increase in
the age of nanoparticle stock solutions. The HgS nanoparticles comprised of smaller
crystallite diameter higher specific surface area, and more disordered structure (lower
degree of crystallinity) than the microparticulate HgS. However, no significant structural
changes were detected by DLS, TEM, XRD or XPS during aging of HgS nanoparticles.
In Chapter 3, we extended the concepts of the pure culture experiments (in
Chapter 2) and performed methylation experiments in sediment slurry microcosms to
better simulate environmental conditions. Natural sediments collected from both
freshwater and coastal marine systems were utilized in sediment slurry microcosm
experiments to quantify the methylation potential of dissolved Hg-sulfide, HgS
nanoparticles and HgS microparticles in relation to various environmental parameters.
As can be seen in Chapter 3, environmental variables, including sulfate, labile carbon,
salinity, sulfide and iron, influenced the net MeHg production by regulating the activity
of methylating bacteria or the availability of inorganic mercury. SRB appeared to be the
principle Hg methylators in the sediments and their productivity was determined by the
availability of both labile carbon (electron donor) and sulfate (electron acceptor). Net
MeHg production in nano-HgS amended slurries was consistently greater relative to
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micro-HgS amended slurries in all experiments (freshwater or marine sediment, carbonlimited, sulfate-limited or microbial activity-abundant condition), possibly due to the
higher concentration of dissolved mercury species (defined as the mercury remained in
the aqueous phase after ultracentrifugation at 370,000 g for 1 h) released from HgS
nanoparticles. Dissolved Hg-sulfide appeared to be more available for methylation
compared to nano-HgS in the slurries with high sulfate reduction activity, although
MeHg production from these two treatments was indistinguishable under sulfatelimited conditions. The bulk-scale particles in natural sediments (such as FeS or bacterial
cells) were likely scavenging mercury added to the system. We hypothesize that such
processes would substantially affect mercury speciation in the slurries and the
subsequent bioavailability for methylation. In addition, filtered pore water (<0.2 μm) in
the freshwater sediment treated with dissolved and nano-HgS was supersaturated with
respect to metacinnabar (β-HgS(s)), mackinawite (FeS(s)) and pyrite (FeS2(s)), suggesting
that colloidal/nanoparticulate mercury was likely to co-exist with these particles through
co-precipitation with and/or adsorption to Fe-sulfides. In contrast, colloidal mercury
fraction was minimal in marine sediment pore water, which may be attributable to the
high extend of colloidal aggregation in high salinity environment.
In Chapter 4, we reported our findings regarding the mechanism of sunlight
induced degradation of MeHg in surface waters. The degradation kinetics of MeHg was
evaluated in natural water and simulated water samples with various concentration
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ratios of DOM:MeHg and in the presence of selective quenchers for photo-generated
reactive intermediates. The results demonstrated that photosensitization of DOM by
natural sunlight or UV-A radiation induced MeHg degradation via generating 1O2.
Furthermore, significant degradation of MeHg only occurred when the abundance of
thiol functional groups in DOM was high enough to complex with all MeHg molecules.
This is likely because thiol-binding can effectively decrease the activation energy of the
Hg-C bond breaking process, and thus increase the reactivity of MeHg toward
decomposition. Indeed, the degradation rate of MeHg-thiol complexes appeared to be
significantly greater than that of other MeHg complexes (CH3HgCl or CH3HgOH) in
both 1O2 and UV-C radiation induced degradation experiments. Our study emphasizes
that the role of DOM in MeHg sunlight degradation is critical and complex. First, DOM
is the photosensitizer that induces MeHg degradation by generating reactive
intermediates (1O2) upon sunlight irradiation. Second, DOM is capable of binding
CH3Hg+ ions (via thiol complexation) and resulting in elevated exposure to 1O2 within
hydrophobic portions of the DOM macromolecule (where 1O2 concentration is expected
to be greater than in bulk solution (169)).
Overall, this dissertation work has demonstrated that not all mercury species are
equally available for the transformation processes between inorganic Hg(II) and MeHg.
The occurrence and abundance of the available mercury species is determined by a
variety of environmental factors. In natural sediments, where MeHg is generated from
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microbial methylation, DOM-coated HgS nanoparticles may persist and contribute
available mercury species by releasing chemically labile mercury. In surface waters,
MeHg complexed with thiol ligands (e.g., DOM) is readily available for sunlight
degradation, likely through a pathway involving 1O2 generated from DOM
photosensitization.

5.2 Implications and future research
Considering the complexity of the mercury biogeochemical cycle, the intention of
this dissertation is not to suggest a specific mechanism and exclude the others. Instead,
this study aims to bridge the knowledge gap between the speciation and
availability/reactivity of mercury in the processes controlling MeHg concentrations in
aquatic ecosystems. Several implications arise from the research presented in this
dissertation and are summarized below.

5.2.1 Towards an understanding of mercury methylation potential
The results in Chapter 2 point out that the equilibrium speciation of ‘dissolved’
aqueous mercury (defined by a 0.2-µm filter) cannot accurately predict the production of
MeHg because this mercury fraction (<0.2 µm) contains a continuum of mercury species
that include dissolved molecules, polynuclear clusters, and amorphous nanoparticles.
These different forms of mercury exhibited distinct methylation potential. The
transformation reactions involving these mercury species, such as cluster formation,
monomer aggregation and crystal ripening, are often times kinetically-hindered in the
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presence of DOM(105). Therefore, the bioavailability and methylation potential of
mercury is most likely related to the ‘slow’ kinetics of these processes that control the
relative abundance of various mercury species (i.e., those falling through a 0.2-µm filter),
rather than the equilibrium chemistry. Future modeling efforts for predicting mercury
bioavailability will need to consider the rate of transformations involving mercury
species. Such an approach would require a series of rate constants for the geochemical
reactions that dictate the concentration of the available forms of inorganic mercury for
microbial methylation.
Chapter 2 and 3 provide the first documentation of HgS nanoparticles serving as
an important, but previously unrecognized source of available mercury for
biomethylation. The enhanced methylation of the nanoparticles (relative to bulk-scale
HgS particles) cannot be simply explained by their greater surface area, and is likely
caused by the unique reactivity at the nanoscale. The exact mechanism for microbial
methylation of HgS nanoparticles was not thoroughly elucidated with the available data
on my dissertation. In particular, my research did not provide a clear reason for the
decreased availability of nano-HgS during aging. Future research is needed to address
two main questions. First, the properties that change during the aging of mercury
sulfides (particularly at the nanoscale) should be indentified and related to methylation
potential. The structural changes of HgS nanoparticles aged for different length of time
could not be reflected in the DLS, TEM or XRD results in the present study, probably
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because these methods are probing the more crystalline phases in the nano-HgS stock
solution and are less sensitive towards amorphous materials. Additional techniques that
better probe short scale atomic structure, such as small angle X-ray scattering (SAXS)
and X-ray absorption spectroscopy (XAS), should be applied and complemented with
bulk scale mercury speciation analysis (e.g., CLE-SPE) to assess the evolving properties
of HgS during aging. Secondly, the environmental conditions, including pH, salinity
(ionic strength), the concentration and type of DOM and metal:sulfide ratio, are known
to control the formation and stability of metal sulfide nanoparticles(18, 131, 274-276).
The influence of these factors on the properties of mercury sulfide that change during
aging and result in lower MeHg production needs to be investigated. The information
from these works will possibly link the measurable environmental parameters to the
amount of bioavailable mercury in sediments and ultimately to MeHg production.
The understanding of how the geochemical speciation determines the availability
of inorganic mercury for methylation will be tremendously improved if future research
in the field of microbiology and molecular biology can fully address the microbiological
mechanism of mercury methylation. For example, the mechanism of mercury uptake by
the methylating bacteria is poorly understood, even though bacterial uptake is believed
to be the rate-limiting step of intracellular mercury methylation(51). A few recent studies
have proposed that methylating bacteria may preferentially take up Hg(II)-thiol
complexes through an active transport system(17, 211). Our results in Chapter 2 agree

121

with this observation by showing that the susceptibility of mercury to thiol ligand
exchange correlated with the methylation potential of these mercury species. If future
studies further corroborate the notion that methylating microbes take up mercury
through an active transport mechanism, our research then provides a methodology (i.e.,
CLE-SPE) to quantify the availability of inorganic mercury for microbial uptake and
subsequent methylation.
Additionally, the biochemical pathway and the enzymes that are responsible for
mercury methylation are currently unknown. Although sulfate reduction rate has been
widely used as a measure of microbial activity in mercury methylation studies(63, 218)
due to the dominant role of SRB in sedimentary MeHg production(58, 64), our study,
among others(193, 215, 236), has shown that MeHg production can occur to a significant
extent under sulfate-limited conditions, suggesting that mercury methylation may not
be directly coupled with sulfate reduction activity. Thus, further research is needed to
determine a better measure of biological activity pertaining to MeHg production. This
information will help design the experiments for assessing the bioavailability of
inorganic mercury by ensuring that mercury methylation is not limited by microbial
activity (e.g., enzyme, methyl donor molecules) and thus MeHg production solely
reflects the availability of inorganic mercury.
Because of the complexity of environmental samples, the results from the pure
culture study (Chapter 2) should be applied to real sediment system with caution.
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Additional factors need to be taken into account when assessing mercury methylation in
natural sediments. In Chapter 3, our results have shown that mercury has a high
propensity to partition onto bulk sediment particles. The importance of this process for
bioavailability would largely depend on the relative distribution of mercury and
methylating bacteria. For instance, mercury bound to sediment particles may be directly
available for the methylating bacteria that are also attached to the sediment solid phase.
Thus, the biogeochemical reactions occurring at the microbe-sediment particle interfaces
(e.g., adsorption, complexation, dissolution, precipitation, aggregation, etc.) may be
important for determining MeHg production in real sediments. Analytical tools with
both high spatial resolution and chemical sensitivity are required to investigate these
interfacial processes, since these reactions involve nano-scale particles (as demonstrated
in Chapter 2 and 3) and mercury often occurs at relatively low concentrations in natural
samples. High-resolution electron microscopy, synchrotron-based X-ray microscopy,
and microprobe mapping have been utilized to examine the distribution of mercury and
other trace elements and to identify the ‘hot spots’ of these elements in biological
samples(117, 277, 278). These techniques can also be coupled with metal speciation
analysis, including X-ray absorption spectroscopy, X-ray diffraction, electron diffraction,
and energy dispersive X-ray spectroscopy, and have shown great promise in elucidating
the mechanisms of nanoparticle-microbe transformation processes(279).
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5.2.2 Other metal sulfide nanoparticles
In the sediment environment, an array of sulfide-complexing metals, such as Fe,
Mn, Zn and Cu, often exist and possibly affect mercury speciation. In particular, iron
sulfides are the most abundant sulfide minerals and thus tend to control the fate of other
metals(239), including mercury. Sulfate reduction and iron reduction are both
commonly encountered electron-accepting processes in anaerobic sediments. Therefore,
the products of these reactions (i.e., S2- and Fe2+) are expected to precipitate in sediments
as FeS(s). Amorphous mackinawite is the initial product of FeS precipitation. This
mineral phase slowly transforms into well-crystalline iron-sulfide minerals, such as
pyrite (FeS2(s)) under ambient conditions(280). FeS(s) is known to scavenge metals from
aqueous phase and renders them less available for biogeochemical reactions via three
mechanisms: surface adsorption, co-precipitation and metathesis (surface metal
exchange)(239).
In the case of mercury, amendment of wetland sediment with Fe(II) has been
suggested as a strategy for preventing MeHg accumulation, based on the idea that Fe(II)
can reduce the solubility (and subsequent availability for microbial methylation) of
mercury by decreasing the concentration of dissolved sulfide(100, 281). This appeared to
be true at high Fe(II) doses, but it has also been repeatedly shown that low doses of Fe(II)
enhanced mercury methylation(100, 220, 281), which can not be explained by
equilibrium speciation. Instead, this phenomenon may be due to the ‘slow’ kinetics of
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FeS precipitation, and as a result, the stable occurrence of polynuclear cluster and nanoscale particles of FeS(282-284) (as suggested in Chapter 3).
Future research is needed to prove the promoting effect of nano-FeS on mercury
methylation and more importantly, to elucidate why this occurs. A few studies have
been conducted to investigate the interaction between Hg2+ and FeS nanoparticles(238,
285, 286). However, the influence of FeS-Hg interaction on the availability of mercury for
microbial methylation has yet to be evaluated. Moreover, pre-synthesized FeS
nanoparticles were utilized in these studies, which do not necessarily simulate all the
environmental conditions. For example, instead of reacting with pre-formed
nanoparticulate FeS, Hg2+ may co-precipitate with Fe2+ and S2- in natural sediments,
especially during redox oscillation at the sediment-water interface, where mercury
methylation often occurs. As suggested in our study (Chapter 2 and 3), the initial
precipitation products of HgS (e.g., polynuclear clusters) are likely more bioavailable
than the nanoparticles. Thus, the clusters formed during the initial stage of coprecipitation of Fe2+, S2- and Hg2+ may be a potentially important source of available
mercury for biomethylation.
It is interesting to note that the proposed mechanism of the interaction between
Hg2+ and nano-FeS changed from Hg adsorption onto nano-FeS surface to surface
precipitation of metacinnabar as the concentration ratio of Hg2+ to nano-FeS
increased(238). Also, natural organic matter (NOM) appeared to compete with

125

disordered mackinawite for binding with Hg2+ through thiol complexation(286). These
parameters (Fe, S, Hg and NOM content) may significantly vary in natural settings and
thus affect reactions involving Fe, S and Hg. Therefore, future research should focus on:
1) characterizing the structure (e.g., size, crystallinity, surface chemical composition, etc.)
of the stable products of Hg, S and Fe co-precipitation; 2) quantifying the methylation
potential of these products in relation to their structural characteristics; 3) assessing how
environmental conditions (e.g., redox oscillation, pH, salinity, NOM, Fe, S and Hg
content) affect the structure and methylation potential of these materials.

5.2.3 Implications for MeHg photodegradation
The mechanism of MeHg sunlight degradation proposed in this dissertation
(Chapter 4) challenges the long-standing view that the kinetics of MeHg
photodegradation in surface waters is not influenced by water chemistry characteristics
other than those affect light intensity and MeHg concentration. We demonstrate for the
first time that the speciation of dissolved MeHg is a factor for photodegradation and
thiol complexation of MeHg enhances its reactivity toward photodemethylation in
natural waters. Our results explain the field observation that MeHg photodegradation
occurs to a lesser extent in sea water, where CH3HgCl complexes dominate MeHg
speciation, while MeHg photodegradation is relatively rapid in freshwater lakes where
MeHg-thiol complexes control MeHg speciation(191).
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Our study also demonstrates that the role of DOM in MeHg sunlight degradation
is of critical importance because DOM is the photosensitizer compound that generates
reactive intermediates upon sunlight irradiation. Moreover, DOM enhances the
reactivity of MeHg via thiol-complexation. Suwannee river humic acid (SRHA) was
selected as a model DOM in this dissertation because it has been well characterized(113)
and extensively used in studies of mercury-DOM interaction(18, 89, 114). However,
DOM is highly heterogeneous and the structure varies widely between differing aquatic
systems. Depending on the source and chemical composition, DOM may behave very
differently as a photosensitizer and as a metal binding ligand. For example, a variety of
reactive intermediates(164, 169, 171, 175, 177), including 1O2, •OH, 3DOM* O2•- and H2O2,
are found to be generated from photosensitization of some types of DOM, while other
types of DOM can serve as a scavenger of photo-generated reactive intermediates, such
as •OH(139, 149, 150). Also, MeHg binding capacities vary between different types of
humic substances. Therefore, we suggest that a diverse group of DOM be examined
further for their role in MeHg photodegradation.
In addition, the quantifiable properties of DOM that possibly determine its
ability to complex MeHg and generating reactive intermediates should be characterized
and related to the kinetics of photo-induced MeHg decomposition. These properties
may include reduced sulfur content(187, 287), molecular weight(157), UV
absorbance(186) and fluorescence excitation-emission matrices(185) as suggested by
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other photodegradation studies, and should be incorporated into the MeHg
photodegradation model together with the parameters that have already been discussed
in the previous research (e.g., temperature, solar radiation, light penetration and pH).

5.2.4 Photochemistry in the aquatic environment
Another implication of our MeHg photodegradation study is that the role of 1O2
in sunlight-induced degradation may have been long underestimated. In the previous
studies, a hydrophilic probe (furfuryl alcohol, FFA) has been used to quantify the
abundance of 1O2 in water where H2O molecules are the primary quenchers of 1O2(151,
161). As a result, this approach has neglected the notion that 1O2 concentration may be
unevenly distributed in DOM-containing water and that hydrophobic regions of DOM
macromolecules may act as sites or regions for elevated 1O2 concentrations (relative to
the bulk water)(169). With this underestimate of 1O2 concentration, researchers have
presumed that 1O2 is not significant for photodegradation of compounds Other reactive
intermediates, particularly •OH, are presumed to be more important. Our study is the
first to provide an example where the heterogeneous distribution of 1O2 in DOM is
critical for photochemical degradation kinetics.
The effect of the heterogeneous distribution of 1O2 around DOM is not limited to
the fate of MeHg but may also be relevant to photodegradation of other compounds that
associate with DOM. According to Latch and McNeill, the 1O2 concentration at the origin
of generation is roughly 1000-fold higher than in bulk solution(169, 251). Even if a
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substance that is only 10% associated with DOM, the contribution of 1O2 degradation
would be underestimated by 100 times using the 1O2 concentration measured with
hydrophilic probe. This could be the case with photodegradation of a variety of
substances that associate with DOM through hydrophobic interaction, electrostatic
interaction or ligand complexation.
In fact, the binding with DOM appeared to control the kinetics of
photodegradation of halogenated organic contaminants(288-291) and nitroxides(292) in
recent studies. In particular, intra-DOM 1O2 reaction has been demonstrated to be the
major pathway of sunlight degradation of a polychlorinated biphenyl compound(288).
Additionally, association with DOM may also enhance the photoinactivation of
pathogenic microorganisms by bringing them in close proximity to high concentrations
of 1O2. This has been proven to be true in a photodegradation study using MS2 coliphase
as a surrogate for enteric viruses(293). Hence, intra-DOM 1O2 reactions may be
important photochemical mechanisms for a variety of substances in the environment.
Future research should investigate the kinetics of this process by utilizing proper 1O2
probes that accurately mimic the interactions between DOM and the compound of
interest . The potential application of intra-DOM 1O2 reactions for water and wastewater
treatment should also be assessed.
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5.2.5 Predictive model for methylmercury
The prevailing theme throughout this dissertation was the role of chemical
speciation (of mercury) for reactivity in biological and photochemical transformation
processes. The knowledge gained from this research will significantly improve our
understanding of how MeHg is generated and degraded in aquatic ecosystems. The
results from this dissertation and proposed future research will contribute toward
establishing a quantitative model that link the kinetics of MeHg formation and
degradation to environmental conditions. This model will include speciation-dependent
rate constants and measurable environmental parameters that are known to determine
mercury speciation. This model could enable an accurate prediction of MeHg
accumulation in response to ecosystem alterations, such as accidental mercury
contamination (e.g., oil spill, coal ash spill, acid mine drainage inflow, municipal
wastewater inflow, etc.), acid deposition, wetland restoration and sediment remediation.
This information could also facilitate the development of effective cleanup strategies and
proper policies for the regulation of mercury sources, and ultimately reducing the
human exposure to MeHg.
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Appendix A Supporting information for Chapter 2
SI Materials and Methods
Methylmercury Degradation Bioassay. The cultures of D. propionicus 1pr3 were pregrown in a fermentative medium and incubated until exponential growth phase prior to
dosing with methylmercury chloride (MeHgCl). All methylmercury degradation
bioassays were conducted under the same conditions as in the mercury methylation
bioassays. Abiotic control consisted of uninoculated media amended with MeHgCl.
Characterization of HgS Particles. The average hydrodynamic diameter of HgS
nanoparticles and microparticles were analyzed by light-intensity weighted dynamic
light scattering (DLS) (Malvern Zetasizer NS). The diameters of the monomers within
the aggregates were analyzed by transmission electron microscopy (TEM). Samples for
DLS were directly quantified in their respective stock suspensions. Samples for TEM
were prepared by depositing droplets of the particle stocks on a carbon-coated copper
grid (200 mesh), wiping the excess liquid with a lint-free tissue, and allowing the grid to
air dry under protective cover. Micro- and nano-HgS particles (aged for 16 h or 1 week)
were examined by a FEI Technai TEM at 200 keV and characterized with selected area
electron diffraction (SAED) to assess crystal structure of the particles (Figure A4a-f).
Images of HgS nanoparticles (aged for 3 days) were captured on a Hitachi HF2000 TEM
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operating at 200 keV and analyzed for elemental composition by energy dispersive Xray (EDX) spectroscopy (Oxford Inca EDX system) (Figure A4g and h).
For X-ray diffraction (XRD) analysis, the HgS nanoparticle stocks were filtered
through 0.025 μm pore size mixed cellulose ester membranes (Millipore). The material
that deposited on the filter membrane was analyzed for crystallographic structure by
synchrotron XRD performed at the Stanford Synchrotron Radiation Laboratory (SSRL)
BL 11-3. Samples were placed in the path of a 12,700 eV beam measuring 0.150 mm2 and
the diffraction pattern was captured using a MAR 345 detector set at a distance of 149.9
mm away from the sample, as determined through calibration with a LaB6 standard. The
diffraction image was integrated and peak matched in a manner similar to Reinsch et al.
(2010) (294). The resulting spectra indicated that the commercial HgS microparticles
consisted of a mixture of metacinnabar and cinnabar (approximately 50-50 proportion
based on Rietveld analysis of XRD data in Figure A5c). The spectra for the humic-HgS
nanoparticles indicated metacinnabar-like structure, but peaks were broader and less
defined than the micro-HgS spectrum, signifying that nano-HgS consisted of smaller
crystallite size and less crystallinity (Figure A5c).
The HgS particles that deposited on the 0.025 μm mixed cellulose ester filters
(Millipore) were also analyzed for elemental composition by X-ray photoelectron
spectrometry (XPS) (Figure A5a and b). A PHI VersaProbe Scanning XPS Microprobe
was used for these measurements. XPS data were calibrated using the binding energy of
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C(1s) (285.00 eV) as the internal standard. In the XPS spectra, binding energy and peak
width of the Hg(4f) and S(2p) transitions were comparable for nano-HgS and micro-HgS,
indicating similar local structure.
Centrifugation and Ultracentrifugation of HgS-Amended Cultures. In mercury
methylation bioassays, total mercury in D. propionicus 1pr3 cultures was also
fractionated using centrifugation and ultracentrifugation (Figure A9). HgS-treated
bacteria were first separated from the bulk medium by centrifugation at 6,700 g for 5
min. The pellets (containing mercury associated with bacterial cells and/or large particle
aggregates) were washed with 10 mM PBS (pH 7.4) by centrifugation and resuspended
in nanopure-filtered water (>18 MΩ-cm). The cells within the washed pellets were then
lysed through four freeze-thaw cycles plus 15-min sonication (90 W). This procedure
was adequate to fully compromise the cell membrane integrity as determined from the
LIVE/DEAD® viability assay (Invitrogen). The mercury released from the lysed cells
was collected from the supernatant after centrifugation at 10,800 g for 30 min and the
cell debris- and/or large particle-associated mercury was collected from the pellets. Total
mercury in the supernatant of the centrifuged (6,700 g, 5 min) sample was further
fractionated by ultracentrifugation at 370,000 g for 2 h. After ultracentrifugation, we
considered the mercury remaining in the supernatant to be nominally dissolved, while
mercury in the pellet after ultracentrifugation consisted of nanoparticulate/colloidal
mercury. The applicability of this procedure for separating dissolved, nanoparticulate
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and microparticulate mercury was demonstrated by (ultra)centrifugation of bacteria-free
media that were treated by these different forms of mercury (Figure A9d).

Figure A 1: Net MeHg production in D. propionicus 1pr3 cultures exposed to different
forms of mercuric sulfides.
Test cultures were exposed to 5 nM dissolved Hg(NO3)2 and Na2S, 5 nM humic-HgS
nanoparticles (aged for 16 h), and 20 nM HgS microparticles during (a) 1-day time
course experiments and (b) 10-day time course experiments. Abiotic controls were
uninoculated medium solutions amended with 5 nM dissolved Hg(NO3)2 and Na2S.
The error bars represent ±1 s.d. for duplicate samples.
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Figure A 2: Bacterial growth in SRB cultures exposed to different forms of mercuric
sulfides.
Total protein content and optical density (OD660) of (a) D. propionicus 1pr3 cultures
and (b) D. desulfuricans ND132 cultures.
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Figure A 3: Intensity-weighted size distribution of HgS particles measured by
dynamic light scattering.
(a) HgS nanoparticles (aged for 16 h); (b) HgS nanoparticles (aged for 3 days); (c) HgS
nanoparticles (aged for 1 week); (d) Commercial HgS microparticles.
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Figure A 4: TEM and SAED patterns of HgS nanoparticles.
Aged for 16 h (a,b), HgS nanoparticles aged for 1 week (c,d), and commercial HgS
microparticles (e,f). The EDX spectra for HgS nanoparticles aged for 3 days (g) is
shown in (h). EDX spectrum indicated the presence of Hg and S in the nano-HgS
sample. In SAED patterns, defined rings indicate long range crystal structure.
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Figure A 5: X-ray photoelectron spectroscopy (XPS) and X-ray diffraction (XRD)
results of HgS particles.
XPS data corresponding to (a) Hg(4f) and (b) S(2p) electrons for the HgS nanoparticles
(aged for 16 h, 3 days or 1 week) and HgS microparticles used in methylation
experiments. XPS spectra were also collected for pure minerals of metacinnabar and
cinnabar. (c) XRD spectra of the same samples. Dotted lines correspond to expected
peak positions for pure cinnabar and pure metacinnabar. The spectra for humic-HgS
nanoparticles indicated metacinnabar-like structure. HgS microparticles consisted of
a mixture of metacinnabar and cinnabar.

138

Mercury concentration (pM)

1000
800

MeHg in 1pr3 culture
Total Hg in 1pr3 culture

600

MeHg in abiotic control
400

Total Hg in abiotic control

200
0
0

10

20

30

40

50

Incubation time (h)
Figure A 6: MeHg degradation in D. propionicus 1pr3 cultures.
Test cultures were exposed to 1 nM methylmercury chloride (MeHgCl) during 2-day
time course experiments. Abiotic controls were uninoculated medium solutions
amended with 1 nM MeHgCl. The error bars represent ±1 s.d. for duplicate samples.
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Figure A 7: TEM images and EDX spectra of D. propionicus 1pr3 cultures.
Cultures were exposed to (a) 1 nM dissolved Hg(NO3)2 and Na2S, (b) 1 nM humic-HgS
nanoparticles (aged for 16 h), and (c) 6 nM HgS microparticles. Test cultures for TEM
imaging were collected 14 h after exposure to HgS. Elemental composition of the
particles around and/or on the bacterial cells (in black circles) was determined by
EDX. The Cu, C, O and Si peaks are from the sample grid. Hg-containing particles
were not observed in the cultures exposed to dissolved and nanoparticulate mercury;
however, other nanoparticles comprising of elements in the culture media were
present, highlighting the heterogeneous nature of the bacteria cultures.
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Figure A 8: Net MeHg production in D. propionicus 1pr3 cultures exposed to different
forms of mercuric sulfides.
Test cultures were exposed to 1 nM dissolved Hg(NO3)2 and Na2S, 1 nM humic-HgS
nanoparticles (aged for 16 h), and 6 nM HgS microparticles. The error bars represent
±1 s.d. for duplicate samples. Results of Hg fractionation by filtration and
(ultra)centrifugation of these samples are shown in Figure 2.2 and Figure A9,
respectively.
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Figure A 9: Centrifugation and ultracentrifugation of mercury-amended D.
propionicus 1pr3 cultures.
Cultures were treated with different Hg-sulfide species, including (a) 1 nM dissolved
Hg(NO3)2 and Na2S, (b) 1 nM humic-HgS nanoparticles (aged for 16 h), and (c) 6 nM
HgS microparticles. Cultures were incubated at room temperature for up to 1 day after
mercury addition. At each time point, cultures were first centrifuged at 6,700 g for 5
min. The pellets were lysed through freeze-thaw cycles plus sonication and then
centrifuged at 10,800 g for 30 min. The supernatant (after 6,700 g for 5 min) was
ultracentrifuged at 370,000 g for 2 h. (d) Bacteria-free media were amended with 1 nM
Hg(NO3)2, 1 nM humic-HgS nanoparticles (aged for 16 h) or 6 nM HgS microparticles,
and (ultra)centrifuged immediately (less than 10 min) after mercury addition. The
error bars represent ±1 s.d. for duplicate samples.
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Appendix B Supporting information for Chapter 3
Table B 1: Stability constants utilized to calculate saturation indices for HgS(s)
(metacinnabar), FeS(s) (mackinawite) and FeS2(s) (pyrite).

H2S ⇔ HS + H
HS- ⇔ S2- + H+

log K (I = 0 M, 25°C)
-7.02
-17.3

Reference
(231)
(231)

HgS(s) + H+ ⇔ Hg2+ + HS-

log Ks0 = -38 ± 2

(103)

Hg2+ + HS- ⇔ HgSH+
Hg2+ + 2HS- ⇔ Hg(SH)20
Hg2+ + 2HS- ⇔ HgHS2- + H+
Hg2+ + 2HS- ⇔ HgS22- + 2H+

30.2
37.7
31.5
23.2

(12)
(295)
(295)
(295)

Hg2+ + RS2- ⇔ Hg(RS2)
RS22- + H+ ⇔ RS2HRS2H- + H+ ⇔ RS2H2

log KDOM = 28.7 (aquatic humic)
8.4
8.4

(296)
(297)
(297)

Hg2+ + H2O ⇔ HgOH+ + H+
Hg2+ + 2H2O ⇔ Hg(OH)20 + 2H+
Hg2+ + 3H2O ⇔ Hg(OH)3- + 3H+

-3.4
-6.2
-21.1

(103)
(103)
(103)

Hg2+ + Cl- ⇔ HgCl+
Hg2+ + 2Cl- ⇔ Hg(Cl)20
Hg2+ + 3Cl- ⇔ Hg(Cl)3-

7.3
14.0
15.0

(103)
(103)
(103)

Hg2+ + Cl- + H2O ⇔ HgOHCl0 + H+

4.2

(103)

Fe2+ + HS- ⇔ FeS(s), mackinawite + H+
Fe2+ + HS- + S0(s) ⇔ FeS2(s), pyrite + H+

3.6
14.2

(231)
(283)

Fe2+ + HS- ⇔ Fe(HS)+
Fe2+ + 2HS- ⇔ Fe(HS)2(aq)
Fe2+ + 3HS- ⇔ Fe(HS)3-

4.34
8.95
10.99

(298)
(231)
(231)

Fe2+ + H2O ⇔ FeOH+ + H+
Fe2+ + 2H2O ⇔ Fe(OH)2(aq) + 2H+
Fe2+ + 3H2O ⇔ Fe(OH)3- + 3H+

-9.40
-20.49
-28.99

(231)
(231)
(231)

Fe2+ + Cl- ⇔ FeCl+

-0.20

(231)

-

+
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Figure B 1: Total organic carbon (TOC) concentrations in water samples withdrawn
from the sediment slurries exposed to 2 nmol g-1 (dw) dissolved Hg(NO3)2 and Na2S,
HgS nanoparticles or HgS microparticles.
The slurries were prepared with sediments from site BG30 (a and c) and LSB129S (b
and d). In Experiment 1 (a and b), slurries consisted of 20 g wet sediment and 140 mL
surface water, and incubated for 2.5 days prior to Hg addition. In Experiment 2 (c and
d), slurries consisted of 50 g wet sediment, 120 mL surface water and 10 mM sodium
pyruvate, and incubated for 7.5 days prior to Hg addition. The error bars represent 1
s.d. of replicate samples (n=2-3). Single replicate of slurries were incubated for the
control.
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Figure B 2: Sulfate reduction in slurry microcosms exposed to 2 nmol g-1 (dw)
dissolved Hg(NO3)2 and Na2S, HgS nanoparticles or HgS microparticles in Experiment 2.
The slurries were prepared with sediments from site (a) BG30 and (b) LSB129S. The error
bars represent 1 s.d. for duplicate samples in the test groups. Single replicate of
slurries were incubated for the controls. After 2.2-day incubation, sulfate was only
detected in the samples collected from molybdate-treated and autoclaved BG30
slurries (a).
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Figure B 3: Sulfate reduction and AVS production in sediment (LSB129S) slurries
exposed to 2 nmol g-1 (dw) dissolved Hg(NO3)2 and Na2S, HgS nanoparticles or HgS
microparticles (Experiment 2).
The sulfate reduction and AVS production were calculated from the difference in
pore water sulfate and total AVS concentrations between day 0 and day 7 after
mercury addition to the slurries, respectively. The error bars represent 1 s.d. for
duplicate samples in the test groups. Single replicate of slurries were incubated for
the Hg blank control.
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Appendix C Supporting information for Chapter 4
Table C 1: Effects of D2O, sodium azide, and β-carotene on the steady state 1O2
concentration during UV-A irradiation of simulated water containing Suwannee
River humic acid.
The samples consisted of 0.5 nM MeHg, 2.8 mg-C/L SRHA and 10 mM phosphate
(pH=7.3) amended with D2O, NaN3 or β-carotene.

[O ]
[O ]
1

[O ]
[O ]
1

2 ss , with amendment

1

0.2 M NaN3

0.1 mM
β-carotene

2 ss , no amendment

calculated

11.0

0.00328

0.294

2 ss , no amendment

measured

1.13

0.138

0.393

1

2 ss , with amendment

98.5% D2O

The ‘calculated’ steady-state concentration of 1O2 was estimated using a
previously published approach (169, 267, 299) that is summarized by the following:
kf
 1 O2  =
ss
k solv + k q [Q ]

(11)

where kf is the zero-order formation rate constant of 1O2, ksolv is the rate constant between
O2 and the solvent (either H2O or D2O), and kq is the reaction rate between 1O2 and the

1

quencher Q (either NaN3 or β-carotene). The following rate constants were utilized for
the calculation: k solv , H 2O = 2.5 × 105 s -1 , k solv , D2O = 1.9 ×104 s -1 ,

kq , NaN3 =3.8 (±0.4) ×108 M -1 s -1 , and kq , β -carotene = 6 ×109 M -1s -1 (references (169, 267, 299,
300)). The value for kf was assumed to be the same with and without the amendment.
The measured steady state 1O2 concentration was quantified from the
methylmercury degradation data assuming pseudo-first order kinetics:

d [CH 3 Hg ]
= −kCH3 Hg [CH 3 Hg ]  1O2 
ss
dt

(12)

kobs = kCH3Hg 1O2

(13)

[ ]
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ss

where the observed rate constant kobs was calculated from the slope of the linear
regression of experimental data plotted as ln [MeHg]/[MeHg]0 versus time. The rate
constant kCH3 Hg was assumed to be the constant with and without the amendment.

Table C 2: Stability constants utilized for methylmercury speciation calculations in
MINEQL+ (I= 0 M, 25°C).
All values were obtained from the NIST/Smith and Martell database (301,), unless
otherwise noted.

CH3Hg + OH ⇔ CH3HgOH
CH3Hg+ + Cl- ⇔ CH3HgCl0
CH3Hg+ + HPO42- ⇔ CH3HgHPO4-

log K
9.45
5.44
5.12

L2- = mercaptoacetate
CH3Hg+ + L2- ⇔ CH3HgLL2- + H+ ⇔ HLHL- + H+ ⇔ H2L

log K
17.3
10.6
3.6

L3- = glutathione
CH3Hg+ + L3- ⇔ CH3HgL2CH3HgL2- + H+ ⇔ CH3HgHLCH3HgHL- + H+ ⇔ CH3HgH2L
L3- + H+ ⇔ HL2HL2- + H+ ⇔ H2LH2L- + H+ ⇔ H3L
H3L + H+ ⇔ H4L+

log K
16.7
9.4
3.7
8.88
17.12
20.40
22.48

Natural organic matter (NOM) (a)
CH3Hg+ + NOM ⇔ CH3Hg-NOM

log K
13.5, 14.0, 14.5

+

(a)

-

0

CH3Hg-NOM binding constants represent the range of values reported by

Hintelmann et al. (272) and Amirabahman et al. (269) for aquatic humic substances that
contain binding site density of 0.001-0.24 nmol per mg NOM.
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b.
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Sea water

Figure C 1: Suwannee River humic acid (SRHA)-induced photodegradation of MeHg.
a) UV-A degradation of MeHg dissolved in nanopure water amended with SRHA. b)
Degradation of MeHg dissolved in 10 mM phosphate buffer (pH 7.3) amended with
SRHA. c) Degradation of MeHg dissolved in seawater (containing 2.8 mg/L organic
carbon) and seawater spiked with additional DOC (in the form of Suwannee River
humic acid) (pH=7.8). Error bars represent ±1 s.d. for replicate measurements (n=2-3).
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Figure C 2: Reaction between MeHg and superoxide (O2-).
MeHg was exposed to O2- generated by xanthine-xanthine oxidase (XO) in water
containing 10 mM phosphate (pH 7.3), 50 μM XTT, and 15 nM initial MeHg with or
without 4 μM GSH. a) Degradation of MeHg was not observed. Error bars represent
±1 s.d. for duplicate measurements. b) The probe compound XTT reacted with O2- to
generate a reaction product with an absorbance at 470 nm. c) GSH was observed to
degrade as O2- was generated in the sample with 4 μM initial GSH. The steady state
superoxide concentration in these experiments was approximately 3×
×10-5 M (assuming
×104 M-1s-1 between XTT and O2- (302)). Given this steady
2nd order rate constant = 8.6×
state concentration, the 2nd order rate constant between MeHg and O2- is less than 0.03
M-1s-1, a rate that is too slow to account for MeHg photodegradation in our
experiments (e.g., Figure 4.1).
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Figure C 3: Recovery of reactants in dark controls corresponding to competition
kinetics experiments for 1O2 degradation of CH3Hg-thiol complexes.
a) CH3Hg-GSH sample consisted of 350 nM MeHg, 100 µM GSH, 40 µM 2CP in a
phosphate buffer (10 mM, pH 7.3) and 15 µM rose bengal. b) CH3Hg-MA sample
consisted of 350 nM MeHg, 100 µM MA, 40 µM 2CP in a phosphate buffer (10 mM, pH
7.3) and 15 µM rose bengal. All sample bottles for dark controls were wrapped with
foil before placement under UV-A lamps.
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Figure C 4: MeHg degradation by 1O2 generated by UV-A irradiation of rose bengal or
Eosin-Y.
UV-A degradation of MeHg in simulated water containing 350 nM MeHg, 200 μM
GSH, 60 μM 2CP, 15 μM rose bengal and 10 mM phosphate (pH=7.3). The singlet
oxygen enhancer D2O and quencher NaN3 were amended to replicate samples. In one
sample, 15 μM Eosin-Y instead of rose bengal was used as the 1O2 generator.
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Figure C 5: Effect of ligand complexation on 1O2-induced degradation of MeHg in
seawater.
1O2 was generated by UV-A irradiation (λ=365 nm) of 15 μM rose bengal in seawater
amended with 350 nM MeHg and either GSH or MA (pH=7.4). The residual organic
carbon in the seawater matrix was 2.8 mg-C/L. Error bars represent ±1 s.d. for replicate
measurements (n=2-3).
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a.

b.

Figure C 6: Simultaneous degradation of methylmercury and thiols during reactions
with 1O2 and •OH.
a) Degradation of glutathione (GSH) and MeHg by 1O2. b) Degradation of
mercaptoacetate (MA) and MeHg by 1O2. Singlet oxygen was generated by UV-A
sensitization of rose bengal (15 µM) in samples containing 0.35 µM MeHg, a thiol
(either 75 µM GSH or 100 µM MA) and 40 µM 2CP dissolved in a phosphate buffer (10
mM, pH=7.3). c) Degradation of GSH and MeHg by •OH generated from UV-C (λ
λ=254
nm) irradiation of H2O2 (0.18 mM). Samples initially contained 0.35 µM MeHg, 12.5
µM GSH and 4 µM NB dissolved in phosphate buffer (1 mM, pH=7.4). In all cases,

154

thiol concentrations exceeded MeHg concentration during the entire duration of the
photodegradation reactions.
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Figure C 7: Recovery of reactants for dark experiments with hydrogen peroxide.
The samples consisted of 2 µM MeHg, 10 µM glutathione (GSH), 4 µM nitrobenzene
(NB), and 1.5 mM H2O2 dissolved in 1 mM phosphate buffer (pH=7.4).
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Figure C 8: MeHg speciation calculated for a range of chloride concentrations.
Speciation for water containing 10-12 M total MeHg, 0.001 M to 0.7 M Cl-, 10-10 mol
NOM binding site per L (corresponding to 1 mg/L NOM), and pH 7. Calculations
were performed with MINEQL+ using constants in Table C1 and assuming three
different values for the CH3Hg-NOM binding constant K CH 3 Hg - NOM : a) 1013.5; b) 1014.0; c)
1014.5. Seawater contains ~0.5 M Cl-. Thus, CH3HgCl complexes are expected to
dominate MeHg speciation.
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