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Abstract
Human actions have led to the destruction or degradation of natural habitats in
virtually all parts of the Earth. Ecosystem restoration is one method to mitigate the
effects of habitat loss. But restoration ecology is a young discipline and there is much
left to be learned about how to effectively restore ecosystem functioning. This
dissertation examines how soil amendments and planted herbaceous species diversity
affect the restoration of ecosystem functions in wetlands, while also testing basic
ecological questions that help us understand ecosystem function. Using data from the
greenhouse and from the biodiversity and ecosystem function field experiment in Duke
Forest, in Durham, NC, I examine how plant trait diversity, average plant traits, and
environmental conditions influence nitrogen (N) removal from restored wetlands. Field
data collected from a restored wetland in Charlotte, NC, enables me to examine how soil
organic amendments influence the development of soil properties, processes, and plant
communities. Finally, combining field data from both sites, I compare how soil
properties influence denitrification potential in both restored wetlands.
One unanswered question in the research relating biodiversity and ecosystem
function is whether species diversity or species traits are more important drivers of
ecosystem function. The first portion of my dissertation poses several hypotheses about
how plant traits, plant trait diversity (calculated as a multivariate measure of plant trait
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diversity), and environmental conditions are likely to influence two ecosystem
functions, biomass N and denitrification potential (DEA), and then examines these
hypotheses in a restored wetland in the Piedmont of N.C. Using multiple linear
regression, I demonstrate that functional diversity (FD), of traits important for plant
growth had no effect on biomass N, but two plant traits, leaf area distribution ratio
(LADR) and water use efficiency (WUE), had strong negative effects. Soil inorganic N
also had a positive effect. For DEA, FD of traits related to denitrification also did not
have a significant effect, but there was evidence of a weak positive effect. Two plant
traits had positive effects on DEA, aboveground biomass and aboveground biomass C:N
ratio; two traits, belowground biomass C:N ratio and root porosity, had negative effects.
Soil inorganic N and soil organic matter also had positive effects on DEA. Results from
a Principal Components Analysis (PCA) clustering plant species in trait‐space, suggest
that Carex, Scirpus, and Juncus species tend to be associated with traits that maximize
biomass N, while there is no specific region of trait space or set of species that
correspond to high DEA. Instead, there are multiple plant trait combinations that can
lead to high DEA. These results suggest that, even though plant diversity (as measured
by FD) does not significantly influence biomass N or denitrification, plant trait diversity
is important to maintaining multiple ecosystem functions simultaneously.
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Restored wetlands tend to have lower levels of soil organic matter than natural
reference wetlands. Low soil organic matter can limit nutrient cycling as well as plant
survival and growth in restored wetlands. In the second portion of my dissertation, I
examine how soil compost amendments influence the development of soil properties
and processes as well as plant communities at a restored wetland in Charlotte, NC.
Using two‐way analyses of variance, multiple comparisons of means, and regression, I
determine that available N and phosphorus (P) increase with increasing soil organic
matter in both the low and high marsh. Total microbial biomass (MB) and microbial
activity (measured by denitrification potential (DEA)) also significantly increase with
increasing organic matter in both marsh communities, as does soil moisture. Neither
total plant biomass (in the low marsh), nor plant species richness (in the high or low
marsh) demonstrate any consistent patterns with soil organic matter level in the first
three years post‐restoration. These results suggest that compost amendments can
positively influence some soil properties (i.e. soil available N, P, microbial biomass, and
soil moisture) and some ecosystem functions including nutrient cycling (such as
denitrification potential), but may have limited early impacts on plant communities.

In restoration ecology there is a general assumption that restoring ecosystem
structure will also restore ecosystem function. To test this fundamental assumption, I
examine whether two restored wetlands demonstrate similar general relationships
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between soils variables (i.e. do the two systems have similar soil ecosystem structure),
and whether the importance of each soil relationship is the same at both systems (i.e. do
the two systems demonstrate the same soil function). I use structural equation
modeling to both pose hypotheses about how systems function and to test them using
field data. I determine that the same model structure of soil relationships is supported
by data from these two distinct, yet typical urban restored wetland ecosystems (that is,
the two systems have similar soil structure). At both systems higher soil organic matter
is the most important predictor of higher DEA; however, most of the other relationships
between soils variables are different at each system (that is, the two systems are not
functioning in the same way). These results suggest that some fundamental
relationships between soil properties and microbial functioning persist even when
restored wetlands have very different land‐use histories, plant communities, and soil
conditions. However, restoring similar soil ecosystem structure does not necessarily
lead to the restoration of similar soil function. Ultimately, I hope this research advances
our understanding of how ecosystems function and improves future wetland restoration
efforts.
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1. Introduction
1.1 Why restore ecosystems?
Human actions have led to the destruction or degradation of natural habitats in
virtually all parts of the Earth (Millennium Ecosystem Assessment 2005). The
degradation or loss of these ecosystems and the resulting extinction of species and loss
of biodiversity is a growing global concern (Vitousek et al. 1997, Dirzo and Raven 2003),
as is the loss of ecosystem services (Millennium Ecosystem Assessment 2005).
Restoration has been suggested as a way of mitigating habitat and biodiversity loss
because restored lands can either (1) become agricultural or industrial lands and thus
reduce the pressure to convert additional natural habitats to these human uses, or (2)
provide new “restored” habitat to benefit biodiversity (Dobson et al. 1997). It is very
important to note, however, that restoration efforts should not be seen as a panacea
giving humans an excuse for continued land degradation, or as Young (2000) aptly
phrases it, restoration ecology does not get us “off the hook” from continuing our efforts
to limit biodiversity and ecosystem losses via political pressure and conservation efforts.
Ecosystem restoration is one of the tools available to create sustainable landscapes, but it
should be combined with efforts to conserve the remaining fully functioning, minimally
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impaired ecosystems (Dobson et al. 1997, Young 2000, Baron et al. 2002). Hobbs and
Harris (2001) state it clearly: “There is no substitute for preserving good quality habitat.”
It is also important to recognize that not all ecosystems are restorable (Zedler
2000); some ecosystem changes are irreversible or will take many decades to recover
such that functionally they are not restorable within an ecologically meaningful time‐
scale (Craft et al. 1999, Craft et al. 2003). Full restoration of an ecosystem to a self‐
sustaining state may also not be possible because of irreversible constraints (such as loss
of native species pools, or changes in landscape connectivity, soil conditions, and/or
biogeochemical cycling) on the restored system that inhibit the ability of the restored
system to return to a desired historic state (Suding et al. 2004). For example, Zedler and
Langis (1991) determined that coarse soils at a salt marsh restoration site were so low in
organic matter and nitrogen (N) that plant growth was limited. Cordgrass growth
improved with fertilization, but once fertilization ceased, the increase in canopy height
could not be sustained suggesting that the coarse soils of the restoration site would
likely limit the long‐term ability to restore tall cordgrass to the site (Lindig‐Cisneros et
al. 2003). The current constraints on an ecosystem also make it challenging, if not
impossible, to restore natural levels of seasonal and interannual variability that are
important in maintaining the integrity of ecosystems (Baron et al. 2002). These
constraints mean that the ecosystem cannot be returned to its historic trajectory but
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instead is set on an altered trajectory (SER 2004). As a result, restored ecosystems may
not be equal to natural wetlands in terms of ecological functioning (Richardson 1994).
Nevertheless, the continued degradation of landscapes and habitats around the
world means that restoration ecology, and repairing damage to degraded ecosystems, is
an essential part of our interaction with the planet in the new millennium (Hobbs and
Harris 2001). In many cases it is possible to restore at least some level of ecosystem
functioning. Therefore, it is important to continue to improve our understanding of
how restoration practices affect restored ecosystem development and functioning in
order to improve the effectiveness of future restorations. This said, restoration efforts
can greatly benefit from an increase in science‐based restorations in which ecological
knowledge informs the design and subsequent monitoring of restored ecosystems
(Palmer et al. 2006). This dissertation examines two different science‐based wetland
restorations, assessing how different restoration techniques impact ecosystem
functioning, particularly biogeochemical cycling and plant community development.

1.2 Defining restoration ecology and ecological restoration
There are many definitions of restoration and oftentimes the word restoration is
used to mean many different activities. One definition of ecological restoration is the
“process of assisting the recovery of an ecosystem that has been degraded, damaged, or

destroyed” which includes “intentional activity that initiates or accelerates the recovery
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of an ecosystem with respect to its health, integrity and sustainability (SER 2004).” A
slightly different definition is “an attempt to return an ecosystem to some historical state
(Palmer et al. 2006),” which is often represented by a reference system that has
presumably been minimally altered. But selecting an appropriate “historical state” as a
target for restoration can be problematic (i.e. Do we try to go back to conditions 50 years
ago? pre‐European settlement?, etc.) In addition, as previously mentioned, returning a
system to an historic state is often not possible given current conditions, disturbances,
and constraints on the ecosystem (such as changes in available water, surrounding land‐
use, or climate). Therefore, a more realistic goal of restoration is to move a system to a
less disturbed state, preferably a state in which the system is able to perform desired
ecosystem functions and recovers some of its natural dynamics, even if this new state
does not represent the historic conditions of the ecosystem. This changes the focus of
restoration from trying to recreate something from the past to creating systems in the
present (and hopefully the future as well) that fulfill desired goals (Hobbs and Harris
2001). Thus, many restored ecosystems perhaps may be better described as “designed
ecosystems” that perform certain ecosystem functions (Palmer et al. 2004), and not
historical restorations of the ecosystems the way they were prior to disturbance.
Designed ecosystems are advocated as the goal of ecological engineering which seeks to
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design, create, or restore ecosystems so that they function to meet human needs (Mitsch
and Jorgensen 1989, Mitsch 1993, Mitsch 1996).
Restorations vary greatly in the necessary actions. The simplest restorations
involve removing the cause of degradation or disturbance and allowing the system to
recover through natural ecological processes (Palmer et al. 2006). More intense
restorations are often necessary, however, since the disturbance may have led to altered
environmental conditions which will not recover to pre‐disturbance conditions without
active management. There often is a considerable distinction between habitat
restoration (performed usually for a target species or set of species (Miller and Hobbs
2007)), ecological restoration (which seeks to reestablish a completely functioning
ecosystem as it was prior to disturbance (SER 2004)), and the restoration of ecosystem
functioning which may involve creating conditions that favor ecosystem functioning
with an ecosystem that does not resemble any historic predecessor (Palmer et al. 2004).
Thus, many activities fall under the heading of “restoration,” but have different goals,
involve different restoration techniques, and may have very different outcomes.
The final distinction in terminology that is important to establish is the difference
between ecological restoration and restoration ecology. These terms are tightly related,
but still distinct. Ecological restoration is specifically the process or physical act of
restoring an ecosystem, while restoration ecology is a fairly young scientific discipline (a
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sub‐discipline of ecology) that seeks to apply ecological theories and principles to
restoration in order to explain and/or predict the outcomes of restoration activities
(Palmer et al. 1997, Zedler 2000).

In this dissertation, I capitalized on two ecological

restorations that were already planned and funded to perform restoration ecology
experiments. I firmly believe that we can and should use restoration projects as an
opportunity to test our assumptions about how ecosystems function. The hope of
restoration ecology is that, through the use of ecological experiments in a restoration
context, we can improve our understanding of what it takes to restore an ecosystem to
improve the effectiveness of future ecological restoration. However, every restoration
site is unique, therefore, general restoration guidelines may be impossible to develop.
Instead, it may be necessary to continually practice “adaptive restoration” where
restoration goals are laid out, experiments are designed and implemented based on
those goals, and then restoration projects are adapted based on the experimental results
(Zedler and Kercher 2005). This cycle can repeat multiple times at one site until
restoration goals are met.

1.3 Recognizing the limitations of restoration
It cannot be overemphasized that having clear goals for a restoration is
imperative in order to determine what actions are necessary, what factors may limit the
restoration, and how to determine if the restoration is successful (Hobbs and Harris
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2001). If possible, to prevent wasting resources, it is important to ascertain when there
are limiting factors at a site that are likely to make restoration impossible. For example,
a wetland site in San Diego Bay was restored in order to provide Light‐footed Clapper
Rail habitat, but after the restoration, it was determined that the substrate soils of the site
were too sandy to support the tall cordgrass growth required by clapper rails (Langis et
al. 1991, Zedler 1993). Soil amendments at the restored site had a limited impact on
nutrient pools and plant growth suggesting that even with continued amendment inputs
the restored wetland might not achieve functional equivalency with natural wetlands
and would not likely provide the desired bird habitat (Gibson et al. 1994).
In cases where wetlands have been drained, physical changes in the soil
chemistry can occur that make it impossible to restore the wetland to prior conditions.
In an extreme example, Fitzpatrick (2004) determined that, due to drainage and
subsequent burning of certain areas of marsh soils in Iraq, permanent changes in the
topsoil resulted in the formation of a hard ceramic crust that cannot support plant
growth, preventing these sites to ever be restored. Richardson (2005) also found that
draining and then reflooding some Iraqi marshes resulted in an accumulation of salts in
the soils which limit the restoration of freshwater marsh vegetation unless saline
conditions can be reduced. These are all examples of areas where restoration is not
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likely to succeed and thus, resources should be invested in sites with more potential for
restoration.

1.4 Restoration and ecological discovery: a mutually beneficial
partnership
In truth, every restoration project is an experiment of sorts because attempting to
reassemble the pieces of an ecosystem and adjust them so that the ecosystem functions
properly again is an inherent test of our understanding of the ecosystem, as well as a
wonderful opportunity for studying the system (Bradshaw 1987, Jordan III et al. 1987).
This is why Bradshaw called ecosystem restoration the “acid test of ecology” (1987).
Restoring an ecosystem has been compared to reassembling a watch where one only
truly knows how the watch works if one can put it back together so that it works again
(Bradshaw 1987, Jordan III et al. 1987). But Bradshaw also points out that restorations
may not be an absolutely critical test of our understanding in part because natural
systems, unlike watches, are living systems and therefore have the ability to self‐repair.
Thus, a restoration may succeed due to the self‐healing nature of the system in spite of
faulty theories and restoration treatments. But, as Ewel (1987) suggests, this means that
restorations can be situations where “everyone wins” because they are either successful
and we are rewarded by gaining back an ecosystem that was previously lost or
degraded, or the restoration fails and we learn an immense amount about how
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ecosystems work while studying why it failed. Bradshaw (1987) also suggests that we
likely learn more from restoration failures than successes; restorations will demonstrate
what functions are the most critical and which are less crucial, as well as what we
understand about the system and what we misunderstood or forgot. Consequently,
restoration is an excellent tool for testing fundamental ecological theories and
restoration projects are a wonderful laboratory for ecologists because they occur on
relatively large spatial scales and provide the freedom to manipulate species, soils, and
hydrology that otherwise would be impossible (Ehrenfeld and Toth 1997).
But these proclaimed beneficial research outcomes of restoration assume that
scientists are studying and monitoring restoration effectiveness. Yet, there continues to
be a derth of ecological research conducted at restoration sites. Most restoration projects
are poorly documented such that determining the cost and goals of each restoration is
challenging, not to mention whether the restorations were effective or not. For example,
based on a national survey completed in 2004, only about 10% of U.S. stream and river
restoration project records indicated that some kind of assessment or monitoring had
occurred following restoration (Bernhardt et al. 2005). The lack of assessment post‐
restoration is likely due in part to a lack of funding available to cover the costs
monitoring and analysis. It may also be due to the fact that until the mid‐1990s,
restoration research was not treated as a legitimate area for basic research by the
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National Science Foundation, and hence funding for restoration research was coming
mainly from private sources or government funds allocated for reclamation or
rehabilitation (Allen et al. 1997). However, due to this lack of monitoring, ecologists are
missing out on many important opportunities to learn from successes and failures in
order to improve future restoration efforts (Bernhardt et al. 2005).

1.5 Challenges of ecological research in a restoration context
Despite the incredible, exciting opportunities available for studying the
fundamental theories of ecology at restoration sites and testing our knowledge of how
ecosystems function, there are also special challenges of doing research in restoration
areas that must be acknowledged and anticipated at the outset of an experiment. For
example, it can be challenging to design experiments that work within a restoration
project’s budget, timing, and spatial extent (Palmer et al. 2006). Restoration activities can
be quite expensive making it necessary for scientists to cooperate with agencies or
groups that are already planning and paying for restorations in order to find good field
experiment sites. Data available for stream restoration projects demonstrate that the
median cost nationwide of a stream restoration project is $18,800, but this number is
highly variable depending on the type of projects implemented; in N.C. stream
restoration median costs are $596, 518 (Sudduth et al. 2007). The high cost of restoration
as well as the site‐specific nature of many projects often result in no replication (N=1)
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(Allen et al. 1997) or pseudo‐replication where one site is subdivided into many subunits
and treated as replicates. These limitations to traditional scientific experimental design
can result in the need for different statistical approaches to analyze restoration data, and
also less power to extrapolate results to other settings. It is also not uncommon for
researchers to find they lack control of the activities, including the timing of restorations,
at a restoration site which can complicate, and even ruin, attempts to implement
scientific experiments (Allen et al. 1997). Many restoration projects lack clearly defined
restoration goals without which it is basically impossible to determine the effectiveness
of the restoration (Allen et al. 1997). All of these challenges mean that there is a definite
need for researchers and restoration practitioners to interact, work together, and
communicate effectively for everyone’s benefit (Allen et al. 1997).
In my dissertation research I have experienced both the benefits and challenges
of doing scientific research in a restoration setting. Although my interest in doing
research at restoration sites is not diminished, I have learned several lessons I will apply
in any future restoration ecology opportunities. For example, if experimental treatments
are being applied by others, I will make sure I am present at the site while this occurs to
ensure that everything goes as planned. I will also maintain good communication with
project managers as well as contractors at the site. There will always be unanticipated
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issues that arise when working at restoration sites, but it is important to control the
factors that are within one’s power.

1.6 Emerging ecological concepts applicable to restoration
ecology
There has been an increasing awareness of the need to apply our understanding
of established ecological theories and concepts to the practice of ecological restoration.
Succession, disturbance ecology, niche theory, island biogeography, and population
theory are but a few (Zedler 2000, Young et al. 2005). But there are also some emerging
ecological concepts that are applicable to restoration experimental settings including
diversity and ecosystem function (BEF) (Young et al. 2005). There are some important
similarities between BEF research and restoration ecology: (1) Both fields seek to
understand the consequences when nature is deconstructed and how best to reconstruct
it; and (2) Both fields believe that it is possible to examine fundamental theories of
ecology using small areas, over short periods of time, to reconstruct ecosystem processes
and properties (Naeem 2006). Therefore, both fields of research can inform each other.
In my dissertation, I examined how plant herbaceous diversity impacts nitrogen (N)
cycling in a restored wetland. I examined two key ecosystem functions related to N
cycling: denitrification and plant biomass N.

12

Another emerging concept is the importance of microbial communities in
ecosystems (Young et al. 2005). Microbes play a central role in the establishment of
plants as well as in soil ecosystem processes, such as denitrification. In my dissertation,
I examined how soil organic amendments (in one experiment) and plant diversity (in a
second experiment) influenced microbial biomass and denitrification activity.

1.7 Why focus on wetlands?
There are several definitions of a wetland depending on whether the definition is
being used for scientific purposes, management, or regulation (Mitsch and Gosselink
2000). The definition that is typically used by ecologists is the 1979 U.S. Fish and
Wildlife Service definition which states that “wetlands are lands transitional between
terrestrial and aquatic systems where the water table is usually at or near the surface or
the land is covered by shallow water” (Cowardin et al. 1979). Following this definition
wetlands must have one or more of the following: (1) at least periodically, the land
supports predominantly hydrophytes (vegetation adapted to live in saturated
conditions), (2) the substrate is predominantly undrained hydric soil (hydric soils are
those that develop under saturated conditions), and (3) the substrate is nonsoil and is
saturated with water or covered by shallow water at some time during the growing
season of each year.
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It is estimated that approximately half the world’s wetlands have already been
destroyed; the remaining wetlands account for less than 9% of global land area and
many of these remaining wetlands are degraded (Zedler and Kercher 2005) . Wetlands
are often destroyed because they are drained for agriculture or development, but
wetlands have also been destroyed by human changes to landscape hydrologic regimes
such as the dikes and dams that prevent rivers from flooding essentially cutting off the
water supply to floodplain wetlands without directly “draining” them (Zedler and
Kercher 2005). Coastal wetlands are also facing increased risks due to global climate
change and sea level rise; it is estimated that as much as 22% of global coastal wetlands
could be lost by 2080 due to sea‐level rise (Nicholls et al. 1999). Wetlands downstream
of agricultural and urban areas may not be completely destroyed, but can become
degraded due to eutrophication (i.e. nutrient pollution), while additional potential
threats to wetlands include salinization, sedimentation, and exotic species invasion
(Zedler and Kercher 2005).
Why should these figures about wetland destruction and degradation cause us to
worry? Aside from any inherent value that wetlands may have as unique, beautiful
ecosystems, wetland destruction and degradation has very real consequences for
humans. Wetlands perform a variety of ecosystem functions that provide important
ecosystem services including biodiversity support (habitat), flood abatement, water
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quality improvement, and carbon sequestration (Richardson 1994, Zedler and Kercher
2005). Each of these functions is not necessarily provided by every wetland, however.
In other words, all wetlands are not created equal (Richardson 1994), because factors
such as landscape position, hydrological source, soils, and plant communities differ
greatly between wetlands. It is especially important to protect rare wetland types or the
last remaining wetlands in a landscape in order to ensure key wetland functions
(Richardson 1994). Given that half of the world’s wetlands have already been
destroyed, it is critical to protect the remaining relatively undisturbed wetlands and
restore as much function as possible to degraded wetlands so that wetlands can continue
to provide the ecosystem services on which humans depend.

1.8 Role of riparian wetlands
The term “riparian” refers to biotic communities adjacent to streams and lakes
(Naiman and Decamps 1997), although in this dissertation the focus is solely on those
riparian ecosystems adjacent to streams. Riparian wetlands are dynamic, highly
variable systems that experience variable natural disturbance regimes and as a result,
encompass sharp gradients of environmental factors (Gregory et al. 1991). Whether they
are broad alluvial valleys, such as the bottomland hardwoods forests of southeastern
U.S., or narrow strips of vegetation along streams in the arid western part of the U.S.,
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riparian zones are linear systems due to their connection to streams and rivers (Mitsch
and Gosselink 2000). Due to this linear nature, riparian zones can serve as important
corridors for animal movement as well as seed dispersal (Gregory et al. 1991). Riparian
zones also play an important role in regulating stream function by influencing
temperature, light availability, stream bank stability, water and nutrient inflows, and by
contributing both large woody debris and carbon sources to streams, helping to form
complex stream channels and maintain stream food webs (Gregory et al. 1991, Naiman
and Decamps 1997).
Riparian zones are also lateral in nature because they are the interface between
terrestrial and aquatic ecosystems (Gregory et al. 1991). They are physical buffers that
slow surface flows so that sediments and sediment‐bound pollutants settle out (Naiman
and Decamps 1997). Due to the spatially and temporally variable nature of floods,
riparian wetlands experience changing levels of soil moisture and soil oxygen with
anaerobic conditions developing rapidly when flooding occurs (Mitsch and Gosselink
2000). These rapid hydrological changes, as well as potentially high levels of nutrient
inputs from upland ecosystems, mean that riparian wetlands tend to be areas of active
biogeochemical transformations and vegetative uptake, and act as filters reducing
nutrient inputs to aquatic habitats (Gregory et al. 1991, Naiman and Decamps 1997,
Mitsch et al. 2001). As a result, riparian zones have been considered to be the most
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important wetlands for surface water quality protection (Gilliam 1994). However,
riparian areas are also some of the most severely altered ecosystems in the U.S. with
some areas experiencing up to 95% loss of natural vegetation (Brinson et al. 1981).
Restoring riparian buffer zones has been proposed as one method for reducing
the N loading to the Gulf of Mexico from the Mississippi river basin that causes
eutrophication, algal blooms, and massive fish kills in the “dead zones” (Mitsch et al.
2001). Riparian wetlands are very effective at removing N primarily via denitrification
and plant biomass uptake (Lowrance et al. 1984, Gilliam 1994, Hill 1996). Some studies
have found that denitrification is the primary mechanism of NO3‐ removal (Verchot et al.
1997, Schade et al. 2001), but others have concluded that storage of N in plant biomass
also plays an important role in N removal (Lowrance et al. 1984, Groffman et al. 1992).
Given non‐point source pollution increasingly degrades aquatic ecosystems across the
U.S., restoration of riparian wetlands is one tool to improve and/or protect water quality.
This dissertation focuses primarily on N dynamics in restored riparian wetlands
examining both the role of denitrification and plant biomass on N removal.
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1.9 Research interests and Dissertation Outline
1.9.1 General Research Interests
I am broadly interested in how human changes to the environment are affecting
ecosystem function and nutrient cycling. In my dissertation research I have focused on
how different wetland restoration strategies influence the development of ecosystems
and the provisioning of ecosystem functions. To address this topic I combined the study
of ecosystem ecology, biogeochemistry, biodiversity and ecosystem function, and
wetland restoration.

1.9.2 Research Site Descriptions
Site descriptions and methodologies are explained in each chapter, as
appropriate. Briefly, the two project sites are both located in the Piedmont region of
North Carolina. Both sites are urban stream and wetland restoration projects with the
primary goal of water quality improvement via the removal of excess nutrients from
urban sources. The Charlotte site is surrounded by a more “built” environment
including a large shopping center across the street, while the Durham site is located in
Duke Forest and is surrounded by a community running trail through the forest.
However, both stream sites carry high loads of nitrogen (N), phosphorus (P), and fecal
coliform, a situation typical of streams draining urban watersheds (Paul and Meyer

18

2001). Both of these projects are representative of stream and wetland restoration
projects in the southeastern U.S.

1.9.3 Outline of the Dissertation
Given that different restoration methods and site conditions are likely to have
large impacts on the effectiveness of the restoration of ecosystem functioning, this thesis
consists of three papers examining how soil conditions and plant communities influence
N removal in restored wetlands. Chapter 2, entitled, “Do plant traits, plant diversity, or
environmental conditions regulate riparian zone nitrogen cycles?” examines how plant
functional diversity and environmental soil conditions affect the two primary
mechanisms of N removal from wetlands, biomass N (plant uptake) and denitrification
potential. Chapter 3, entitled, “Does restoration of ecosystem structure restore ecosystem
function? A cross‐system comparison of soil condition controls of denitrification
potential in restored wetlands using Structural Equation Modeling,” uses Structural
Equation Modeling (SEM) to understand the primary soil properties that influence
denitrification potential at both restoration sites, specifically examining the similarities
and differences in ecosystem structure and functioning at the two sites. Chapter 4,
entitled, “Soil organic matter amendment effects on soil properties, processes, plant
biomass, and diversity in a restored wetland in North Carolina,” addresses how soil
organic matter (OM) amendments impact soil and plant processes, in particular soil
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available nutrients, moisture, and denitrification, as well as plant leaf N, total biomass,
and species richness. Finally, I conclude Chapter 5 with recommendations for future
research and a call for additional participation from ecologists in restoration in order to
learn from successes and failures to improve future restoration efforts.
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2. Do Plant Traits, Plant Diversity, or Environmental
Conditions Regulate Riparian Zone Nitrogen Cycles?

2.1 Introduction
The extinction of species and resulting loss of biodiversity due to human actions
is a growing global concern (Vitousek et al. 1997, Dirzo and Raven 2003, Millennium
Ecosystem Assessment 2005). Habitat destruction, landscape fragmentation, and
predicted changes in habitat ranges due to climate change all have the potential to result
in significant species losses (Loreau et al. 2001). Many studies have demonstrated that
biodiversity affects the stability and functioning of ecosystems (Naeem et al. 1994,
Naeem and Li 1997, Hector et al. 1999, Loreau et al. 2001, Tilman et al. 2001, Zedler et al.
2001, Zak et al. 2003, Heemsbergen et al. 2004) although the interpretation of some of
these results has been questioned (Aarssen 1997, Huston 1997, Wardle 1998, Huston
2000, Huston et al. 2000). Despite the discussion over the responsible mechanisms, there
is a general consensus that biodiversity can have a significant impact on ecosystem
function (Loreau 2000, Balvanera et al. 2006, Cardinale et al. 2006).
One unresolved issue in the biodiversity debate is whether plant species
diversity or dominant plant traits drive ecosystem functioning (Hooper et al. 2005). The
debate about this issue is due to multiple hypotheses about the mechanisms by which
diversity impacts ecosystem functioning. Theoretical studies have predicted that

21

increasing biodiversity will increase productivity (Tilman et al. 1997b, Lehman and
Tilman 2000, Loreau 2000) and field studies have demonstrated this effect (Hector et al.
1999, Loreau and Hector 2001, Tilman et al. 2001). One suggested mechanism by which
plant diversity affects productivity is complementarity of resource use. In
complementarity, either facilitation or variation among species in resource uptake
and/or use (i.e. “niche differentiation”) enable a more diverse community to exploit
more resources and, hence, have greater productivity (Tilman et al. 1997b, Lehman and
Tilman 2000, Loreau and Hector 2001). In other words, complementarity occurs because
species have different growth strategies or traits, and this trait diversity enables a more
diverse group of species to have greater productivity (Tilman et al. 1997b).
Each species possesses a combination of ecophysiological and morphological
traits that could affect ecosystem functions. Some of these traits may covary, but others
may vary independently. This means that different species may have similar values of
one trait but very different values of another trait. Eviner (2004) found that species
exhibited unique combinations of traits and hence had different effects on ecosystem
processes even when species shared similar trait values for one particular trait. This
suggests that biodiversity research efforts should move toward a trait‐based definition
of diversity rather than a species richness definition (Naeem and Wright 2003).
Functional diversity (FD) is defined as the diversity of traits that influence the
functioning of the ecosystem (Tilman 2001) which means that, by definition, FD is the
subset of the full range of biological diversity representing only the component of
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diversity that influences specific ecosystem functions such as productivity, stability, and
nutrient cycling. FD, which is calculated based on traits demonstrated or hypothesized
to be important to specific ecosystem functions, can be used to derive a better
understanding of the relationship between biodiversity and ecosystem function (Petchey
and Gaston 2002a). The specific traits included in FD will depend on the ecosystem
function of interest. For example, if productivity is the ecosystem function of interest,
some FD traits could include those that are specific to resource acquisition such as
specific leaf area and specific root length.
It may be that in terms of maintaining ecosystem function, the functional traits of
individual species are likely to be at least as important as the diversity of traits (Hooper
and Vitousek 1997, Grime 1998). Grime (1998) proposed a ‘mass‐ratio’ theory which
suggests that “the extent to which plant species affect ecosystem functions is likely to be
closely predictable from its contribution to the total plant biomass.” It follows from this
theory that ecosystem properties will be determined largely by the characteristics of the
dominant species (Grime 1998). This suggests that average plant trait values are likely
to have a greater influence on ecosystem functioning than trait diversity. The argument
that average traits matter more than the diversity of traits is logically embedded within
the hypothesis that higher levels of ecosystem functioning observed in experimental
treatments with higher diversity are due to a sampling effect (Aarssen 1997, Huston
1997). The sampling effect hypothesis argues that as diversity increases, it is more likely
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that a highly influential species will be included in the species mix leading to greater
ecosystem functioning.
Traditionally biodiversity and ecosystem function studies have examined this
relationship using species richness as their proxy for biodiversity. In this study, we
examine how this relationship might change with a different method of measuring
biodiversity: plant trait diversity, as measured by FD. We compare plant effects on two
N cycling ecosystem functions, contrasting the importance of plant trait diversity versus
average plant traits in a restored riparian wetland. In addition to plant effects on
ecosystem functions, there are also important environmental drivers of ecosystem
functions, such as soil conditions and nutrient availability. Hydric soils in wetlands play
a critical role in providing many wetland ecosystem services, such as traps for sediments
and zones for nutrient transformations (Richardson 1989, Richardson 1994, Shaffer and
Ernst 1999, Stolt et al. 2000) as well as providing critical habitat for soil fauna including
microbes (Young and Ritz 1998). Thus, we first explore the question, “To what degree
do environmental soil conditions versus plants affect (1) biomass N and (2)
denitrification?” We then examine in more detail the effects of plants on ecosystem
functioning by asking, “To what extent do average plant traits versus plant trait
diversity predict these ecosystem functions?” Finally, from an ecosystem management
perspective, it is important to examine whether there are certain combinations of traits
and/or species that maximize biomass N, denitrification, or both functions. Based on the
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results of our plant trait analysis, we examine which species express the traits most
related to each ecosystem function.

2.1.1 Specific Hypotheses
First, we explore the relative importance of plant effects versus soil conditions
(including soil moisture, bulk density and soil organic matter) and nitrogen availability
(soil N), to two ecosystem functions: (1) biomass N, defined as the grams of N in
aboveground biomass which measures the total accumulation of N in plant
aboveground tissues, and (2) denitrification, the process by which facultative anaerobic
microbes convert nitrate to N2 gas using organic carbon (C) as an energy source. In this
study we used Denitrification Enzyme Assay (DEA) (Smith and Tiedje 1979, Groffman et
al. 1999) as our indicator of microbial community denitrification potential. To measure
DEA C and N are supplied in excess and the incubation is carried out under anaerobic
conditions such that N2 gas produced is only a function of the level of enzyme in the
sample.
Because N cycling is the focus of this study, we examine biomass N instead of
total biomass. Biomass N is a function of both plant productivity and the C:N ratio of
the plant biomass. In ecosystems such as riparian wetlands, with high nutrient fluxes
and high productivity (Mitsch and Gosselink 2000), even plants with low C:N can have
high relative growth rates and sequester large amounts of N. Because we assume this
relatively tight relationship between productivity and biomass N, our hypotheses are
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mainly focused on predicting standing crop production. For biomass N, we hypothesize
that soil N and soil conditions are important drivers of plant productivity. We also
hypothesize that plant traits are important predictors of biomass N given the tight link
between plant traits, such as specific leaf area (SLA), and productivity, as measured by
relative growth rate (Cornelissen et al. 2003). We hypothesize that traits associated with
high growth rates will lead to increases in biomass N.
Both soil N and soil C will have been shown to be important drivers of
denitrification rates (Drury et al. 1991, Groffman 1994, Ettema et al. 1999, Lowrance and
Hubbard 2001, Groffman and Crawford 2003). Thus, we hypothesize that both of these
environmental conditions are important factors influencing denitrification. We also
hypothesize that soil moisture may be important in driving the redoxomorphic (redox)
conditions that facilitate denitrification. Under oxygen‐free conditions, when organic
substrate is present, denitrifying organisms can use nitrate (NO3‐) as an electron acceptor
in respiration (Reddy and Patrick 1984). Hence, soil moisture levels are a key
determining factor in whether conditions are sufficiently anaerobic for denitrification to
occur (Clement et al. 2002, Barnard et al. 2006, Pinay et al. 2007b). But we are
particularly interested in whether plants affect denitrification, a microbially‐mediated
soil process. Other studies have found that specific types of plants, such as annuals, and
specific species influence denitrification enzyme activity (Crush 1998, Hume et al. 2002,
Lin et al. 2002, Patra et al. 2006, Hernandez and Mitsch 2007, Pinay et al. 2007a). We
hypothesize that plants are likely to influence denitrification mainly via their C inputs
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both in terms of C quantity and quality, both of which have been shown to limit
denitrification (Groffman et al. 1991, Schipper et al. 1994, Hill 1996, Groffman and
Crawford 2003, Hill and Cardaci 2004, Hernandez and Mitsch 2007). Plants may also
affect denitrification through modification of the redox conditions in the soil via root
delivery of oxygen through radial oxygen loss.
The second goal of this study is to examine in more detail the mechanisms by
which plants affect ecosystem functions. Specifically, we address how well trait
diversity (FD) versus average plant trait values predict ecosystem function. For biomass
N, we hypothesize that trait diversity is more important than average trait values
because trait diversity allows for the greatest capture of resources to occur and hence
greater productivity. We examine two categories of traits by which plants can impact
biomass N: resource allocation and resource acquisition. (See Figure 1a for a graphical
representation of how plant traits impact biomass N and Table 1 for the justification for
our trait choice). We also hypothesize that average trait values of two traits, specific leaf
area (SLA) and specific root length (SRL) may be positively correlated with biomass N
because these traits are positively correlated with relative growth rate and hence, plant
productivity (Cornelissen et al. 2003).
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Figure 1: (a) Conceptual diagram of how plant traits impact biomass N
Biomass N is an ecosystem function that plants directly perform. We identified two
categories of traits by which plants can influence biomass N: (1) Resource Allocation and
(2) Resource Acquisition. See Table 1 for a definition of each trait. We also
hypothesized that a diversity of traits in each category would result in complementary
resource acquisition and use which would promote primary production and biomass N.
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Figure 1: (b) Conceptual diagram of how plant traits impact DEA
Conceptual diagram of how plant traits impact DEA. DEA is an ecosystem function that
plants influence indirectly by modifying the soil environment. We hypothesized three
categories of traits by which plant traits could impact DEA: (1) Carbon Quantity, (2)
Carbon Quality, and (3) Redox (potential). We hypothesized that DEA will be promoted
if the plant community trait values either increase (AGB, BGB, and POR) or decrease
(AGCN and BGCN) such that C quantity, quality, and soil oxygen increase. By
comparison, we hypothesize that a diversity of trait values is unlikely to promote DEA
because trait diversity could result in little change, or decreases, in C quantity, quality,
or redox. See Table 2 for a definition of each trait.

29

Table 1: Categories of traits by which plants could affect biomass N
Category
Resource
Allocation

Measured Traits
1) Specific Leaf Area
(SLA), cm2 g‐1

2) Specific Root
Length (SRL), cm
g‐1

Resource
Acquisition

1) Leaf area
distribution ratio
(LADR)
Calculated: (Total
Leaf area on plant
above 15cm height)
(Total Leaf area on
plant 0‐15cm),
unitless

Justification for Trait Choice
SLA, a measure of the area of leaf per
gram of leaf, should reflect relative
growth rates (Diaz and Cabido 1997,
Cornelissen et al. 2003) and nutrient
acquisition (Chapin III et al. 1996), with
higher SLA attributed to greater growth
rates. A diversity of SLA may enable a
community to thrive under variable
conditions and hence have greater N
uptake and biomass N.
SRL, the amount of length of root per cm
of root, is an index of plant nutrient
uptake strategy related to the amount of
root in contact with soil (Cornelissen et al.
2003). A diversity of SRL might result in
greater productivity through
complementarity of nutrient uptake and
hence greater biomass N.
LADR is a measure of canopy architecture
and represents different growth strategies
of plants. A diversity of LADR could
result in a community capable of
capturing resources, especially light, more
effectively and hence being more
productive and having increased biomass
N.
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2) Water Use
Efficiency (WUE),
calculated as
(Photosynthesis)
(Transpiration ),
unitless

WUE, a measure of C assimilated per unit
water transpired (Diaz 2001), could
increase growth under dry or ponded
conditions since plants can be water
stressed in both situations. Under
variable water table conditions, a variety
of WUE could produce greater plant
productivity across a growing season and
thus more plant uptake and biomass N.

BGR represents different belowground
3) Belowground
resource acquisition or exploitation
biomass
strategies. A diversity of rooting depths
distribution ratio
and root allocation at different depths will
(BGR)
Calculated as:
likely result in greater resource capture
(Biomass top 15 cm)
(Chapin III et al. 1996) and hence greater
(Biomass below 15
productivity and biomass N.
cm), unitless
Within each category, each trait is described as well as the justification for the trait
choice including any proposed mechanisms by which the trait will impact biomass N.

For denitrification, we hypothesize that average trait values are likely to be more
important than trait diversity (Figure 1b and Table 2) because of the mechanisms by
which plants can impact denitrification. Plants affect denitrification, a microbially‐
driven process, indirectly through plant inputs to soils that influence the microbial
environment (Wardle 2002, Wardle et al. 2004). As a result, we predict that average
plant traits, such as the quality of belowground plant inputs, are more likely than FD to
have a direct relationship with denitrification because average trait values will better
represent the general environmental conditions microbes experience. Specifically we
hypothesize that there are three categories of traits (Figure 1b) by which plants will
impact DEA, and we want to determine whether certain categories are more or less
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important to promoting DEA. The first category, “C Quality,” includes the traits
belowground and aboveground carbon (C):N ratios (BGCN and AGCN, respectively),
which represent the “quality,” or relative amount of energy, in plant inputs to soils
(Eviner and Chapin 2003). These traits are likely to have a negative relationship with
denitrification because, as the C:N ratio decreases, better quality C is available to
stimulate microbial denitrification. Second, in the “C Quantity” category, we
hypothesize that aboveground and belowground biomass (AGB and BGB, respectively)
are likely to have a positive effect on denitrification due to an increase in C supplied to
microbes, given that C regulates microbial activity and population size, including
denitrifiers (Drury et al. 1991, Groffman 1994, Groffman and Crawford 2003). Finally, in
the “Redox” category, we hypothesize that root porosity (POR) is positively correlated
with denitrification because in an anaerobic wetland environment, root porosity can
lead to oxygen release by roots , facilitating nitrification (Reddy et al. 1989, Cronk and
Fennessy 2001). Available soil nitrate and rates of nitrification have both been found to
be tightly related to denitrification (Groffman 1994, Ettema et al. 1999, Lowrance and
Hubbard 2001).
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Table 2: Categories of traits through which plants could affect denitrification
Category
Carbon Quantity

Measured
Traits
1) Aboveground
biomass
(AGB), g

2) Belowground
biomass
(BGB), g

Carbon Quality

1) C:N ratio of
roots (BGCN),
unitless

Justification for Trait Choice
Greater plant productivity aboveground will
increase the quantity of plant litter inputs to
soil and hence soil carbon availability for
denitrifiers (Diaz 2001).
Greater plant productivity belowground
will increase belowground nutrient flux
(Chapin III et al. 1996) as well as the
quantity of plant root exudates (Farrar et al.
2003) and root turnover to soil and, hence,
soil carbon available for denitrifiers.
Lower C:N ratios make plant inputs of
higher quality (Burke et al. 1998) so roots are
more easily decomposed by microbes,
providing needed carbon to denitrifiers.

As above except with leaf litter inputs that
are more easily decomposed by microbes
providing needed carbon to denitrifiers
(Melillo et al. 1982, Chapin III et al. 1996,
Diaz 2001).
Redox
Increased POR could bring O2 to the rooting
zone which might inhibit denitrification, or
it could promote NO3‐ production in the root
zone (Reddy et al. 1989, Cronk and Fennessy
unitless
2001, Ehrenfeld et al. 2005) which could then
diffuse to the adjacent anaerobic zone and
stimulate denitrification. In anaerobic
wetland soils, POR is likely to stimulate
nitrification and result in greater
denitrification.
Categories include the measured trait and the justification for the trait choice including
any proposed mechanisms by which the trait will impact denitrification.
2) C:N of
aboveground
biomass
(AGCN),
unitless
1) Root porosity
(POR),
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2.2 Methods
2.2.1 SWAMP study area and experimental design
The Duke University Stream and Wetland Assessment Management Park
(SWAMP) is located along Sandy Creek in the Duke Forest in Durham, NC (36° 00ʹ N,
78° 54ʹ W). Soils in this area are primarily Cartecay silt loams and Mayodan sandy
loams (Kirby 1971). The site is a riparian forested wetland dominated by Acer rubrum
(red maple), Liriodendron tulipifera (tulip poplar), and Liquidambar styraciflua L. (sweet
gum). Sandy Creek watershed drains 490 hectares including part of the Duke campus
and neighboring Durham residential areas. Increased urbanization has intensified flood
peaks causing channel incision and loss of the floodplain‐stream connection such that,
prior to restoration in 2004, the stream repeatedly exceeded EPA recommended levels
for phosphorus, N, and fecal coliform (Elting 2003), a situation typical of streams
draining urban watersheds (Paul and Meyer 2001). The wetland and stream restoration
project included raising the streambed to reconnect floodplain and stream, with a goal of
reducing peak floodwaters and promoting retention and transformation of pollutants
within the floodplain. In the process of restoration, all riparian vegetation was removed
and the site was graded to a constant elevation.
The study site is located adjacent to the SWAMP restored stream in the riparian
wetland. Fifty‐one 2 x 2 meter plots were planted in May 2005 with 100 seedlings
(added as plugs) of 1, 4, or 8 species from a pool of 10 species. The species in the study
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(see list in Table 3) were selected from a list of recommended species for North Carolina
stream restoration (Hall 2003) based on commercial availability and to maximize trait
diversity. Two monocultures for each species were planted. Fifteen 4‐species plots and
sixteen 8‐species plots were planted with species randomly selected from the ten.
Species within each plot were planted in equal densities and equally spaced but
randomly placed within the plot. This design with monocultures and different levels of
polycultures is similar to several other studies investigating the relationship between
biodiversity and ecosystem functioning by Fridley (2002, 2003) and Callaway et al.
(2003) and minimizes the conflation of diversity and composition by allowing for
variation in composition at the highest diversity level. However, although the field
plots had diversity treatments assigned by species number so as not to bias the results
and to facilitate the planting process, analyses of diversity effects were performed using
the calculated Functional Diversity (FD) (Petchey and Gaston 2002a) of each plot (see
Functional Diversity (FD) Calculation section).
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Table 3: Trait values for planted species and Microstigium vimineum
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Species
Asclepias incarnata
Carex crinita
Carex lurida
Eupatorium
fistulosum
Chasmanthium
latifolium
Juncus effusus
Lobelia cardinalis
Microstegium
vimineum
Panicum virgatum
Scirpus cyperinus
Vernonia
noveboracensis

Abbrev.
Ascinc
Carcri
Carlur
Eupfis

WI
OBL
FACW+
OBL
FAC+

WUE SRL
4.73
1.19
2.90
0.83
2.60
0.66
2.18
1.44

SLA
312.5
318.9
257.3
400.2

LADR
28.16
1.40
1.36
1.29

BGR
2.48
2.85
0.55
2.58

AGB*
80
290
332
140

Chalat

FAC‐

5.71

Juneff
Lobcar
Micvim

FACW+
FACW+
FAC+

Panvir
Scicyp
Vernov

FAC+
OBL
FAC+

BGB* BGCN
0.184
57.29
0.293
44.45
0.152
48.06
0.467
54.97

AGCN
38.40
27.48
29.19
24.99

POR
0.103
0.167
0.322
0.056

0.51

317.8

0.80

2.59

239

0.098

34.74

30.85

0.161

2.85
2.62
4.09

8.88
5.66
7.45

141.6
506.7
643.5

0.12
0
0.18

6.37
6.05
8.00

405
124
37

0.018
0.072
0.481

24.98
22.40
53.97

16.00
13.28
41.70

0.243
0.023
0.027

6.67
2.73
3.97

0.58
0.49
1.32

263.4
214.6
362.8

3.32
0.72
2.93

4.13
1.55
1.21

127
474
301

0.053
0.101
0.135

27.60
32.87
55.45

29.54
27.34
41.97

0.196
0.305
0.092

Trait definitions can be found in Tables 1 and 2.
WI = Wetland Indicator status for Region 2 (Southeastern U.S.) (U.S. Fish and Wildlife Service 1988)
OBL = Obligate wetland species (occurs in wetlands 99% of time)
FACW= Facultative Wetland Species (occurs in wetlands 67‐99% of time)
FACW+ = Occurs at a frequency toward the higher end of the category (more likely to be found in a wetland)
FAC = Facultative species (equally likely to occur in wetland or not, 33‐66% of time)
FAC‐ = Occurs at a frequency toward the lower end of the category (less likely to be found in a wetland)
* = measured in the field plots; all other traits were measured in the greenhouse

2.2.2 Soil sampling and laboratory analysis
Soil samples were collected in the second growing season of the experiment,
2006, in May, July, and late August. Two soil samples from each plot were collected in
plastic sleeves from the upper 15 cm of each plot using a piston corer. These samples
were stored on ice until being transported back to the lab. Once in the lab, these soils
were stored at 4 °C until they could be analyzed, which was typically within a week of
collection.
Upon arrival at the laboratory, each core was weighed for bulk density analysis.
Then the two cores from each plot were bulked together and sieved through a No. 4
(4.75 mm) sieve prior to analysis. All roots that would not pass through the sieve as well
as roots that were easily removed by visual inspection were collected from each soil
sample, briefly rinsed in DI to remove soil, dried at 60 °C, and then weighed to estimate
belowground biomass within each plot. A sub‐sample of each soil was oven dried at
105°C for 24 hours to determine the moisture content, and dry soil conversions were
used to calculate bulk density of each core (Culley 1993). A sub‐sample of this dried soil
was then used to determine percentage soil organic matter (OM) by loss on ignition
(LOI) at 450 °C (Storer 1984). Two replicate 3 g field‐moist sub‐samples were analyzed
for 2M KCl extractable nitrate + nitrite (NO 3‐N) and ammonium (NH4‐N) (Maynard and
Kalra 1993) on a Lachat QuikChem 8000 (Lachat Instruments, Loveland, CO, USA.).
Denitrification Enzyme Assay (DEA) (Smith and Tiedje 1979, Groffman et al.
1999) was used as an index of denitrification potential. DEA measures potential
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denitrification because C and N are supplied in excess and the incubation is carried out
under anaerobic conditions such that N2O gas produced is only a function of the level of
enzyme in the sample. In this way, DEA is a useful technique to study denitrification in
ecosystem studies because it responds well to longer‐term variation in environmental
conditions that control denitrification such as soil moisture and C availability (Groffman
et al. 1999). In the lab, duplicate samples of 5 g of homogenized, field‐moist soil were
amended with a solution of dextrose and potassium nitrate to ensure non‐limiting
substrate conditions, and with chloramphenicol to inhibit protein synthesis. The slurries
were made anaerobic with repeated flushing with N2 gas. Flasks were vented with a
needle followed by an injection of 10 mL of acetylene into each flask to inhibit N2
production (Smith and Tiedje 1979, Groffman et al. 1999). Flasks were placed on an
orbital shaker and shaken at 125 rpm for 90 minutes. Gas samples were collected at 30,
60 and 90 minutes with a syringe. Gas samples were stored in evacuated glass vials
until analysis (max holding time 48 hours) on a Shimadzu GC‐17A 63Ni electron capture
detector gas chromatograph (GC) (Shimadzu, Inc., Columbia, MD, USA.). N2O
dissolved in sample water was corrected with the Bunsen equation (Moraghan and
Buresh 1977). The first 30 minutes of incubation is normally considered the ramping up
phase; however, the majority of our samples demonstrated the highest activity in the
first 30 minutes. As a result, for this analysis we have used the T30 sample values as our
measure of DEA. These values represent what the community was capable of
producing in the first half an hour of incubation with acetylene as well as a potentially
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small amount of production which could have occurred prior to the addition of
acetylene while batches of flasks were being prepared for analysis. As a result, we did
not multiply these T30 rates by two for a per hour rate, so our estimates are a
conservative estimate of an hourly rate of DEA, but are the most appropriate to compare
treatment effects.

2.2.3 Aboveground plant biomass harvesting and lab analysis
In September 2006 aboveground biomass in two 0.25m2 quadrats was harvested
and bulked from each plot. Species were sorted in the field into the 10 planted species,
“other,” or Microstegium vimineum (Japanese stiltgrass), an exotic grass that is common
in riparian zones (Barden 1987) and is the most frequent invader of our experimental
plots. All samples were dried at 60°C for a week and then weighed to determine total
biomass for each species in each plot. A representative sub‐sample of each species,
based on a weighted allocation of stems, leaves, and reproductive structures, was then
ground with a Wiley Mill or liquid N and then analyzed for total N using dry
combustion on a FlashEA 1112 Elemental Analyzer (Thermo Scientific, Waltham, MA,
USA.). The percent N of each species was then multiplied by the mass of that species in
each plot to get g of N for that species; total biomass N was the sum of the g of N of each
species in a plot.
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2.2.4 Trait measurements
Due to the destructive nature of many of the trait measurements needed to
calculate FD, we measured most plant traits on individuals of the same species grown in
the greenhouse. Individuals of each species were started from seed in March and then
transplanted to individual pots as seedlings in early April and grown in a normal
greenhouse potting mix (Metromix). Species were then grown in pots for two months
under greenhouse conditions designed to replicate temperature, humidity, and
photoperiod at the field site. Species were kept at a constant water level with saturation
at 15 cm below the surface. Species traits were measured in June 2005. All traits were
continuous variables. See Tables 1 and 2 for specific definitions of each trait and Table 3
for a list of trait values for each species. We measured photosynthesis and transpiration
under saturating light conditions to calculate water use efficiency (WUE) using a LiCor‐
6400 (LI‐COR Biosciences, Lincoln, Nebraska, USA) (Diaz 2001). We estimated root
length using Winrhizo software to calculate specific root length (SRL, cm g ‐1)
(Cornelissen et al. 2003). We also measured specific leaf area (SLA, cm2 g‐1) (Cornelissen
et al. 2003), leaf area distribution ratio (LADR), and belowground biomass distribution
(BGR). C:N ratio of aboveground and belowground biomass (AGCN and BGCN,
respectively) were measured on a FlashEA 1112 Elemental Analyzer (Thermo Scientific,
Waltham, MA, USA.), and root porosity (POR) was measured using the pycnometer
method (Jensen et al. 1969).
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We measured two additional traits, aboveground biomass (AGB) and
belowground biomass (BGB), from our field plots. ABG was calculated for each species
as the average aboveground biomass harvested in September 2006 from the two field
monocultures of each species. The only exception to this was Lobelia cardinalis because
monocultures of this species were severely impacted by deer herbivory in 2006. In 2005,
we took similar measurements on a different set of plots at the same site that also
included Lobelia cardinalis monocultures. So, we used the aboveground biomass data
collected in 2005 for this species because it grew better and had less herbivory in 2005.
BGB was similarly calculated as the average total root biomass from the August 2006 soil
cores from the two monocultures of each species with two exceptions. First, we used
root biomass from the same plots of Lobelia cardinalis from 2005 that we used for biomass
estimates. Second, because we did not have any monocultures of Microstegium
vimineum, we used the root biomass from an adjacent unplanted control plot with
naturally recruited Microstegium vimineum accounting for 63% of the plot aboveground
biomass.
Using the measured trait values for each individual species, we then calculated a
plot average trait value based on the species composition in each plot. We used the
species aboveground biomass weights from our field harvest in each plot to calculate a
weighted average value of all traits for each plot. All traits were weighted using the
aboveground biomass ratios because it was impossible to separate roots by species in
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polyculture plots to calculate belowground biomass ratios. These weighted averages
enabled us to compare the importance of plant diversity versus plant traits.

2.2.5 Functional Diversity (FD) calculation
FD includes more information and fewer assumptions than other measures of
diversity such as species richness or functional group richness. The calculation of FD
assumes that the traits used are functionally important: they inform about the
differences between species that affect the target ecosystem function (Petchey et al.
2004). We used five traits to calculate FD for biomass N (FDB) and for denitrification
(FDD). These traits were transformed into standard deviation units (z‐scores) so that all
traits would be equally weighted no matter their original units. These z‐scores were
used to calculate dendrograms of the ten planted species plus Microstegium vimineum,
with a calculated branch length for each species based on the five traits indicating how
different each species was from the others. A longer branch length means a species is
more different from the rest of the species. To calculate the final FD for each plot, the
branch lengths for each species present in a plot were summed. See Petchey and Gaston
(2002b) for a more detailed description of the FD calculation. Species were considered to
be present in a plot when their biomass accounted for at least 10% of the total plot
biomass. This meant that plots had between 1 and 9 species present since it was possible
to have up to 8 planted species plus Microstegium vimineum.
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2.2.5.1 Biomass Nitrogen FDB
B

To select traits for our calculation of functional diversity of biomass N (FDB), we
considered mechanisms by which plants would increase N uptake and incorporation
into their tissues. We hypothesized that plants could affect biomass N through two
categories of traits: 1) resource allocation, and 2) resource acquisition. We selected five
traits related to these two categories: SLA, SRL, LADR, WUE, and BGR. See Table 1 for
the justification for each trait we selected. We chose not to include aboveground
biomass as a trait in FDB due to circularity. Across plots, the FDB scores for biomass N
ranged from 5.19 to 18.99.

2.2.5.2 Denitrification FDD
In selecting traits for our calculation of functional diversity of denitrification
(FDD), we considered three different categories of plant traits that could affect the
resources needed for denitrification: C quality, C quantity, or the redox/moisture status
of the soil (Figure 1b). We selected five traits to measure in the greenhouse related to
each of these categories. For C quality we measured 1) C:N ratio of roots (BGCN), and
2) C:N ratio of aboveground biomass (AGCN). For C quantity we measured traits from
our field samples because we collected them as part of our sampling. We collected 1)
aboveground biomass (AGB) near the end of each growing season, and 2) root biomass
(BGB) from our soil cores each time we sampled. For soil redox status we measured root
porosity to estimate the amount of oxygen that could be transported through the root
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system of each plant to the soil. See Table 2 for details about each trait we selected. FDD
scores ranged from 3.72 to 14.08.

2.2.6 Statistical analyses
2.2.6.1 Model formation and testing
We used general linear models to examine the influence of FD, plant traits, and
environmental variables on biomass N and denitrification. Models were constructed to
reflect different hypothesized pathways by which plants and soil properties could affect
each ecosystem process. Because the effects of FD and individual plant traits are of
interest, we opted to model these effects using multiple models to ensure the resulting
estimates were consistent. A consistent estimate of an effect (slope) indicated that the
effect was less likely to be influenced by other factors. We divided the soil variables into
“soil conditions,” representing soil moisture, bulk density, and soil organic matter, and
“soil N” hypothesizing that soil conditions versus soil N were two different pathways
by which soils could impact ecosystem processes. There were three times as many data
for the DEA than for biomass N because we sampled soils three times and biomass only
once during 2006. As a result, for the biomass N models we used average soil properties
from all three soil sampling dates because these averages are likely to reflect the
conditions throughout the growing season.
We compared all the combinations of pathways, with and without FD, including
the “soil condition” model, the “soil N” model, the “plant traits” model, and then we
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also constructed a global model that included all the pathways (Table 4). We assessed
two features when comparing the different models: 1) the relative ability of each model
to efficiently explain observed variance in biomass N or denitrification and 2) the
consistency between models of the parameter estimates for FD and plant traits. The
consistency of parameter estimates is one way of ascertaining the importance of a
parameter regardless of the other variables included in the models. Some variables were
log transformed to improve interpretation of results (Gelman and Hill 2007). By this we
mean that when it was more appropriate to interpret a result in terms of “an X% change
in VarX led to a Y% change in DEA” we logn transformed X variables using the natural
log. Analyses were performed in the statistics package R 2.4.1.
Because we measured denitrification in the same plots throughout the growing
season, we verified that our residuals from each sampling date were independent and
normally distributed. The median value and spread of the residuals from each sampling
month were very similar (data not shown). QQ plots also confirmed that residuals from
each month did not differ greatly from those in the overall data. This analysis confirmed
that there was no obvious month‐to‐month shift in terms of model performance. As a
result, we combined all dates into one dataset and include “date” as a factor in our
denitrification analysis.
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Table 4: Different statistical models to explain plant biomass N and DEA
Model Name
Soil Condition Model

Variables in Model
Soil % Moisture*
Bulk Density
Soil % Organic Matter*
Soil N Model
Total Inorganic Nitrogen*
Plant Traits Model
See Tables 1 and 2 for specific
traits for biomass N or DEA
FD
FDB or FDD
Global Model (all variables)
Soil % Moisture*
Bulk Density
% Soil Organic Matter*
Total Inorganic Nitrogen*
Plant Traits (for biomass N or
DEA)
FDB or FDD
* Variable was log transformed for the analysis
All models were tested with only the variables listed and, when not already included
with 1) the addition of FD, 2) the addition of plant traits, and 3) with FD and plant traits
in the model. In the DEA models, an additional factor (date) was included in all models
to account for seasonal variability.

2.2.6.2 AIC weights analysis
We used Akaike weights analysis to determine the weight of evidence in favor of
each model given the data and the set of models we proposed (Burnham and Anderson
2002). This likelihood analysis assumes that the best model must be one of the proposed
models, so it is important that the models included in the comparison are all plausible
models. This analysis assumes that the likelihood of a model is evidence for how good a
model it is for these data.
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Data often support multiple potential “good” models due to an inadequacy of
the data to reach a strong inference (Burnham and Anderson 2002). Thus, it is important
to compare different models which can be done by comparing the weight of evidence
(Wi) for the model. Wi is an index that represents the ratio comparing the AIC of the
specified model relative to all the other models. Wi can be interpreted as the probability
of the model being correct, given the data. Using the Wi scores from each model, it is
possible to calculate the relative variable importance (RVI) for particular model
parameters (Burnham and Anderson 2002). The RVI for variable X is the sum of all the
Akaike weights for models where X occurs. RVIs can then be compared to ascertain
which variables have the most support in the set of models. In this way, it is possible to
determine which parameters have the strongest support based on the data and models.
RVI values do not give you a test of significance, however, so we cannot claim a variable
is significant in a model if it has a high RVI. Instead we can say a variable has a great
deal of support or little support based on the RVI analysis.

2.2.6.3 Model averaging
Because some parameter estimates differed depending on the model we
examined, we calculated the average effect of each variable across models. We did this
using the Bayes Factor, which requires calculating a log‐likelihood value for each model
using the residuals and residual variance from each model. Each model coefficient
estimate was then given a weight in the final “average” model calculation based on its
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likelihood. Models that had larger likelihoods were given more weight in the
calculation of the average model values. The standard error (SE) of the average model
was calculated in a similar fashion. We first multiplied the squared value of the SE from
each model with the squared weighting factor for each model, summed all of these
values, then took the square root to get the SE of the average model (following the
standard formula for the standard deviation of a linear combination of random
variables) (Kass and Raftery 1995).

2.2.6.4 Principal Components Analysis (PCA)
We used a Principal Components Analysis (PCA) ordination to examine the
relationships between species traits, species, and ecosystem functions (Pearson 1901,
Hotelling 1933). We used this analysis to determine (1) whether species clustered in trait
space, and (2) whether there were places in trait space where biomass N or
denitrification were maximized. Species were arranged in trait space using the traits we
determined were important in our general linear models which were AGCN, BGCN,
AGB, POR, LADR and WUE (see Section 2.6.1 Model formation and testing and Sections
4.3.1 and 4.3.2 on Plant Trait Effects). PCA ordinations were performed in PC‐Ord
Version 4.10.
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2.3 Results
2.3.1 Species Richness versus biomass N and DEA
Species richness has been the traditional way of examining biodiversity and
ecosystem function. Thus, before examining the effect of FD on ecosystem function, we
examined the relationship between species richness and biomass N and denitrification
(Figure 2a and 2b) which showed no relationship between species richness and either
ecosystem function.
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a

b

Figure 2: Planted species richness versus (a) biomass N, and (b) denitrification
potential
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2.3.2 Biomass Nitrogen results
As we predicted, there was a tight relationship (R2= 0.76) between biomass N and
total aboveground biomass (plant production) (Figure 3).

Figure 3: Total aboveground biomass (g) versus biomass N (g) in each plot

The Akaike weights analysis demonstrated that for biomass N, the model with
the most information content was the soil N + plant traits model (Wi=0.497, Table 5).
However, there were several competing statistical models for biomass N that all had a
good deal of support. There were three models with subsets of variables that had more
support than the global model (which included all the variables). Of the model
parameters that were strongly supported, plant traits and soil N were strongly
supported (RVI = 0.997 and 0.944, respectively) while soil conditions and FDB were not
well supported (RVI = 0.094 and 0.46, respectively). The individual parameter estimates
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from the regression models also demonstrated that soil conditions did not influence
biomass N (Figure 4a, b, and c), but that soil N did have a significant positive influence
(0.36 +/‐ 0.08 SE, Figure 4d). This means that for every 10% increase in soil N there was
an increase of 3.6% in biomass N. Average soil N in the plots varied substantially (2.42
to 273.19 μg N g soil‐1) allowing for variation in soil N to account for a considerable
amount of the variation in biomass N (a maximum of a 5.5‐fold change in biomass N
due to soil N differences).
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Table 5: Akaike weights analysis for biomass N models
Models
Soil N + Traits
Soil N + FDB + Traits
Soil Conditions + Traits
Global
Soil Conditions + FDB + Traits
Soil N
Soil N + FDB
Soil Conditions
Soil Conditions + FDB
Traits
Traits + FDB
FDB

Variables
2,4
2,3,4
1,4
1,2,3,4
1,3,4
2
2,3
1
1,3
4
3,4
3

Parameters
Soil Conditions (1)

R2
0.57
0.58
0.56
0.60
0.56
0.31
0.33
0.31
0.31
0.32
0.32
0.00

AIC
53.46
53.85
58.46
58.63
60.44
65.52
66.63
69.56
71.54
72.86
74.86
83.12

Delta i
0
0.40
5.00
5.17
6.98
12.06
13.17
16.10
18.08
19.40
21.40
29.66

Wi
0.497
0.408
0.041
0.037
0.015
0.001
0.001
<0.0001
<0.0001
<0.0001
<0.0001
<0.0001

RVI
0.094
Moisture
Bulk Density
Organic Matter

Soil N (2)

0.944
Inorganic N

FDB (3)

0.461
FDB

Plant Traits (4)

0.997

WUE
SRL
SLA
LADR
BGR
Model variables are: (1) Soil Conditions, (2) Soil N, (3) FD, and (4) Plant Traits. In the
top of the table, each model lists the parameters included in that model, the R2 and AIC
of the model, the Delta i which is the difference between the model AIC and the model
with the lowest AIC, and Wi (weights) for the model. Weights represent the likelihood
that model is the “best” model to explain the data from the proposed set of candidate
models. The bottom of the table shows the relative variable importance (RVI) which is
the sum of the weights (Wi) for all models containing a particular parameter.
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a

b

c

d

Figure 4: Soil variable coefficients (circles) and 50% (blue) and 95% (turquoise)
confidence intervals (C.I.) for each estimate for the biomass N models
Figures are coefficient effects of (a) Log Soil Moisture (%), (b) Bulk Density (g/m2), (c)
Log Soil Organic Matter (% by weight), and (d) Log Soil N (ug/g). If the 95% C.I. of a
coefficient does not overlap zero, then the coefficient estimate is significant. This occurs
for Soil N which is the only soil variable with a significant effect on biomass N.
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Looking at the plant variables more carefully, FDB did not have an effect on
biomass N (Figure 5a). Neither did several of the individual plant traits, specifically
SRL, SLA, and BGR (Figure 5c, d, and f). However, two plant traits did have a
consistent effect on biomass N, WUE and LADR (Figure 5b and 5e). WUE had a
negative effect on biomass N (mean of ‐0.220 +/‐ 0.045 SE) so for every 1‐unit increase in
WUE, there was a decrease in biomass N of 0.22%. The ten species had a range of WUE
between 2.18 (for Eupatorium fistulosum) up to 6.67 (for Panicum virgatum) which could
result in maximum differences in biomass N of about 1%. Biomass from our plots
ranged from 66 g to1158 g, so this could mean a difference of between 0.6 to 11.6 g of N
stored in biomass between plots with different species compositions.
LADR had a consistent but small, negative effect (mean of 0.058 +/‐ 0.010 SE) on
biomass N (Figure 5e), so that for every 10‐unit change in LADR, there was a decrease in
biomass N of 0.58%. To put that in perspective, our 10 species varied in LADR from 0
(for Lobelia cardinalis that had all its growth from 0‐15 cm) to 28 (for Asclepias incarnata
that had few leaves from 0‐15cm and almost all leaf area above 15 cm). That is almost a
30 unit change between the two which could result in as much as a 1.74% difference in
plot biomass N between the two. Overall, these results demonstrate that certain plant
traits, specifically LADR and WUE, and also soil N, had the largest effect on biomass N
storage while soil conditions and FDB had little effect.
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Note the difference scale
on the X axis than in
Figure 1 with the Soil
Variable coefficients.
Figures are coefficient
effects of (a) FDB, (b) WUE,
(c) SRL, (d) SLA, (e)
LADR, and (f) BGR.
Models from top to bottom
are Soil Conditions, Soil
Conditions + FD (a) or Soil
Conditions + plant traits
(b‐f), Nitrogen, Nitrogen +
FD (a) or Nitrogen + plant
traits (b‐f), Plant Traits, FD
Only (a) or Plant Traits +
FD (b‐f), Global Model
with all predictors, and the
Average Across Models.
WUE and LADR are the
variables that had a
significant effect on
biomass N (coefficients
with average 95% C.I. that
do not overlap zero).
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Figure 5: FDB and plant traits coefficient estimates (circles) and 50% (blue) and 95% (turquoise) confidence intervals (C.I)
for each estimate in the biomass N models

2.3.3 DEA results
The Akaike weights analysis demonstrated that for DEA, the global model,
including all of the parameters, was the only strongly supported model (Wi=0.821, Table
6). All model parameters had high RVI support, the strongest being soil N (RVI=1,
Figure 6d), followed by FDD and plant traits (RVI = 0.92 and 0.90, respectively, Table 6),
and then by soil conditions (RVI = 0.82). All five of the models with the greatest support
included soil N and the only single parameter model with any support (although weak)
was the soil N model (Wi=0.031). The individual parameter estimates from the
regression models demonstrated that soil N had a significant positive effect (1.1 +/‐ 0.15
SE, Figure 6d). This means that for every 10% increase in soil N there was an increase of
11% in DEA. Average soil N in the plots varied from 2.42 to 273.19 μg N g soil‐1 enabling
variation in soil N to account for a great deal of the variation in DEA (a maximum of a
181‐fold change in DEA due to soil N differences).
Within soil conditions, soil organic matter (OM) specifically had a significant
influence on DEA (1.6 +/‐ 0.48 SE, Figure 6c). This means that for every 10% increase in
soil OM, there was a 16% increase in DEA. Soil OM ranged from 3.7 to 19.1% which
means variation in soil OM accounted for a considerable amount of the variation in DEA
(a maximum of an 18‐fold change in DEA due to soil OM differences).
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Table 6: Akaike Weights Analysis for DEA Models
Models
Global
Soil N + FDD
Soil N + Traits
Soil N
Soil N + FDD + Traits
Soil Conditions + FDD + Traits
Soil Conditions + Traits
Soil Conditions + FDD
Soil Conditions
Traits
Traits + FDD
FDD

Variables
1,2,3,4
2,3
2,4
2
2,3,4
1,3,4
1,4
1,3
1
4
3,4
3

Parameters
Soil Conditions (1)

R2
0.74
0.70
0.72
0.69
0.72
0.64
0.63
0.59
0.56
0.32
0.32
0.12

AIC
323.15
328.14
328.64
329.72
329.95
368.11
369.25
376.34
385
447.78
449.44
474.32

Delta i
0
4.99
5.49
6357
6.8
44.96
46.1
53.19
61.85
124.63
126.29
151.17

Wi
0.821
0.068
0.053
0.031
0.027
<0.0001
<0.0001
<0.0001
<0.0001
<0.0001
<0.0001
<0.0001

RVI
0.82
Moisture
Bulk Density
Organic Matter

Soil N (2)

1
Inorganic N

FDD (3)

0.92
FDD

Plant Traits (4)

0.90

AGCN
BGCN
AGB
BGB
POR
Model variables are: (1) Soil Conditions, (2) Soil N, (3) FD, and (4) Plant Traits. In the
top of the table, each model lists the parameters included in that model, the R2 and AIC
of the model, the Delta i which is the difference between the model AIC and the model
with the lowest AIC, and Wi (weights) for the model. Weights represent the likelihood
that model is the “best” model to explain the data from the proposed set of candidate
models. The bottom of the table then shows the relative variable importance (RVI) which
is the sum of the weights (Wi) for all models containing a particular parameter.
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Figure 6: Soil variable coefficients (circles) and 50% (blue) and 95% (turquoise)
confidence intervals (C.I.) for each estimate for the DEA models
Figures are coefficient effects of (a) Log Soil Moisture (%), (b) Bulk Density (g/m2), (c)
Log Soil Organic Matter (% by weight), and (d) Log Soil N (ug/g). If the 95% C.I. of a
coefficient does not overlap zero, then the coefficient estimate is significant. This occurs
for Soil OM and Soil N, the two variables that significantly affect DEA.
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Figures are coefficient
effects of (a) FDD, (b) Log
BGCN, (c) Log AGCN, (d)
Log AGB, (e) BGB, and (f)
Log POR. Models from top
to bottom are Soil
Conditions, Soil Conditions
+ FD (a) or Soil Conditions
+ plant traits (b‐f),
Nitrogen, Nitrogen + FD (a)
or Nitrogen + plant traits
(b‐f), Plant Traits, FD Only
(a) or Plant Traits + FD (b‐f),
Global Model with all
predictors, and the Average
Across Models. BGCN,
AGCN, AGB and POR all
had significant effects on
DEA (coefficients with
average 95% C.I. that do
not overlap zero). FDD
almost has a significant
effect.
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Figure 7: FDD and plant trait coefficient estimates (circles) and 50% (blue) and 95% (turquoise) confidence intervals (C.I.)
for each estimate in the DEA models

Examining the plant effects more carefully, FDD had an average positive effect on
DEA and was statistically significant in some models (meaning the 95% confidence
interval for the estimate of the FDD coefficient did not overlap zero), but not in all the
models, including the average across all models. At the same time, FDD had a consistent
positive, but weak effect on denitrification in every model. In addition, the FDD
parameter was strongly supported by the Akaike weights analysis (RVI = 0.92). Both of
these results are evidence that FDD may affect DEA even though the results of our
multiple regression analysis did not find a significant effect. The average effect size of
FDD from the regression models, however, was fairly small (0.22 +/‐ 0.16 SE, Figure 7a).
This means that for every 10% increase in FDD, if all other factors were held constant,
there would be a 2.2% increase in DEA. To put that in context, the minimum FDD was
3.72 and the maximum was 14.08. This change in FDD could account for an increase in
DEA of approximately 34% (or a 1.34‐fold change in DEA due to differences in FDD), all
other factors being equal.
Examining the plant traits results, each of the plant traits, except BGB, had an
important effect on DEA (Figure 7). BGCN had an average negative effect on DEA
(mean of ‐1.50 +/‐ 0.66) which means for every 10% increase in BGCN there was a 15%
decrease in DEA. BGCN ranged from 22.4 to 57.3 enabling changes in BGCN to account
for a 4.1‐fold change in DEA. For every 10% increase in AGCN there was a 12% increase
in DEA (mean of 1.20 +/‐ 0.52). AGCN ranged from 13.3 to 42 such that changes in
AGCN could also account for a 4‐fold change in DEA). AGB had a positive effect on
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DEA (mean of 0.31 +/‐ 0.14) such that for every 3% increase in AGB there was a 1%
increase in DEA. The range of AGB was from 37 to 474 meaning that changes in AGB
could account for a 2.2‐fold increase in DEA). Finally, for every 10% increase in POR,
DEA decreased 4.5% (mean of ‐0.45 +/‐ 0.22). POR ranged from 0.023 to 0.305 accounting
for a 3.2‐fold change in DEA. Overall, these results demonstrate that plant traits, but
also soil N and soil OM, had pronounced effects on DEA with a potential weak effect of
FDD as well.

2.3.4 PCA results
The first three PCA axes (components) accounted for 91.3% of the variability.
Axis 1 was characterized by all the traits (Figure 8a): AGB, AGCN, BGCN, LADR, and
POR, and explained 52.7% of the overall variation. Axis 2 explained 14.5% of the
variation and was characterized by POR, AGB, and AGCN. Axis 3 (Figure 8b) was
characterized by WUE and BGCN, and explained 24.1% of the variation.
In terms of species groupings, the members of the related sedges (Cyperaceae‐
Carex crinita, Carex lurida, and Scirpus cyperinus) and rush (Juncaceae‐Juncus effusus)
families clustered together in trait space on all three axes, although more strongly on
Axes 1 and 3. The other species did not cluster based on functional groups or any other
kind of grouping that we perceived.

62

Figure 8: Principal Components Analysis of species in trait space
(a) Axes 1 and 2 and (b) Axes 1 and 3. Species abbreviations are as listed in Table 3.
Traits used were those that were found to be important in the biomass N and DEA
models. Traits displayed are those with loadings > 0.2. Biomass N arrows were added
by hand based on the negative relationship of biomass N with WUE and LADR. There
was no specific region of trait space or set of species that corresponded to high DEA;
high DEA could be achieved through several different trait and species combinations.
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The dotted arrow (Figure 8) represents combinations of traits that our model
predicts should increase the ecosystem function biomass N. Biomass N was negatively
correlated with LADR and WUE, suggesting biomass N can be maximized by species
with traits similar to the sedges and rushes. DEA, on the other hand, was negatively
correlated with BGCN and POR and positively correlated with AGCN and AGB. As can
be seen from Figure 8a and b, all four of these traits were loaded on Axis 1 but in
opposite directions. BGCN and AGCN were negatively loaded along Axis 1 while AGB
and POR were positively loaded. Yet, DEA was simultaneously positively and
negatively correlated with members of each of these trait pairs. This means that no
single position in trait space could maximize all trait values that were correlated with an
increase in DEA.

2.4 Discussion
We designed this study to examine how important plant biodiversity is to
maintaining two key riparian wetland ecosystem functions that temporarily or
permanently remove N from soil and ground water: biomass N and denitrification.
Specifically we investigated to what degree environmental soil conditions versus plant
effects influence these ecosystem functions. Additionally, we examined to what extent
average plant traits versus plant trait diversity predict these ecosystem functions. This
approach is different from the methods used in many previous biodiversity and
ecosystem function studies, where species richness is compared to the ecosystem
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function of interest (as seen in Figure 3). This traditional method of analysis often
demonstrates that the best performing monoculture is capable of achieving the same
level of ecosystem function as the polycultures which suggests no relationship between
species richness and ecosystem function. Our results also demonstrated this pattern.
Hence, an important question we addressed here is whether the relationship between
biodiversity and ecosystem function changes using a different approach to measure
biodiversity: plant trait diversity (measured as FD). We discovered that the role of
diversity in ecosystem functioning can differ depending on which function one
examines; this is similar to the findings of Keer and Zedler (2002) in a salt marsh in
California. In addition, we determined that different plant traits are important to
maintaining each ecosystem function. Thus, greater functional diversity can foster
multiple ecosystem functions. These results are similar to those from a recent study in
the role of biodiversity in ecosystem multifunctionality that demonstrated that greater
diversity was needed to maintain several ecosystem functions concurrently (Hector and
Bagchi 2007).

2.4.1 Biomass N versus DEA model comparison
2.4.1.1 Soil N and soil condition effects: biomass N models
The Akaike weights analysis concerning biomass N confirmed our hypothesis
that soil N is important to plant growth and hence to biomass N. We found strong
support for soil N in the biomass N models (Table 5). Nitrogen is a major plant nutrient
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and soil N limits plant productivity in many ecosystems. We found that soil N is the
most strongly supported variable in our biomass N models.
The fact that soil conditions had so little support in our biomass N models
suggests that other environmental conditions were not limiting to plant growth at our
site. We predicted that available moisture might limit plant growth, as summer drought
is not uncommon in the Piedmont region of North Carolina. During the growing season
encompassed by this experiment, soils in the top 15 cm were somewhat dry at every
sampling date, especially in August 2006 (soils ranged from 16.9‐34.9% moisture by
weight) when there had been little rain for a period of several weeks. However, our
analysis suggested that even under these conditions, soil moisture did not limit plant
biomass N (Figure 4a).

2.4.1.2 Soil N and soil condition effects: DEA models
We anticipated that both soil N and soil conditions would be important
predictors of DEA and both variables were supported by the Akaike weights analysis
(Table 6). Soil N, in the form of NO3‐, is a primary reactant in denitrification and soil N
availability and loading have strong positive effects on potential denitrification
(Groffman 1994, Ettema et al. 1999, Lowrance and Hubbard 2001). In our study, soil N
had a significant effect on biomass N (Figure 6d).
“Soil conditions” was the variable with the least support in our DEA models, but
it still had strong support. Soil conditions included soil OM, soil moisture, and bulk
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density. We found that the most important soil condition for the DEA models was soil
OM (Figure 6c). Soil C controls variation in DEA at some sites, as C supply is the
ultimate regulator of microbial activity and population size, including denitrifiers
(Drury et al. 1991, Groffman 1994, Groffman and Crawford 2003, Sutton‐Grier (in
preparation)). Given the importance of soil C, we hypothesized that soil OM levels
would be an important factor affecting DEA and our results support this hypothesis.
Soil moisture could also affect denitrification by affecting the prevalence of anaerobic
zones, yet it did not have a significant average effect on DEA (Figure 6a). The field site
was never saturated within the top 15 cm at any of the sampling dates, and percent
moisture in the soil samples dropped throughout the summer even while DEA values
increased from May to July. So, field conditions were not ideal for denitrification to
occur except potentially in anaerobic microsites. For this reason, soil moisture did not
drive the relationship between soil conditions and potential denitrification. Bulk density
also did not significantly affect DEA. These results suggest that the availability of both
soil N and soil C may limit denitrification at this site.

2.4.1.3 FD effects: biomass N models
We found no support for FDB in the biomass N models and limited support for a
positive effect of FDD on DEA. We expected the opposite result. Previous studies have
shown that plant communities with high species richness are more productive than
communities with low richness (Tilman et al. 2001, Zedler et al. 2001, Callaway et al.
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2003). Tilman et al. (1997a) demonstrated that plant percent N and total N, as well as
biomass, increase with increasing species richness and functional group richness in a
grassland. Callaway et al. (2003) found that increasing species richness in a salt marsh
increased N accumulation in roots and above‐ground biomass, although the mechanism
by which this increase occurred was determined, based on a greenhouse study, to be a
selection effect due to two high performing species and not species complementarity
(Sullivan et al. 2007). Based on these results, we hypothesized that increased plant FDB
would lead to greater plant production and N removal from soils. However, we did not
find evidence of a positive effect of biodiversity on biomass N in this herbaceous,
riparian wetland community. These results are similar to a wetland mesocosm
experiment with emergent vegetation in which there was no effect of increasing
functional group richness on aboveground plant production (Bouchard et al. 2007).
Based on our results, it appears that average plant trait values are better predictors of
biomass N than plant diversity, as measured by FDB, in this riparian wetland. Other
studies have suggested similarly that ecosystem functions, such as productivity, can be
controlled more by the traits of dominant plant species and not by diversity, as
measured by species richness (Huston 1997, Grime 1998, Wardle 2002).

2.4.1.4 FD effects: DEA models
Contrary to our hypothesis, we found evidence, although not statistically
significant, that FDD had a potential positive effect on DEA. Other biodiversity studies
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have found that belowground processes do not respond to plant diversity as much as
aboveground processes, such as percent cover and aboveground biomass (Spehn et al.
2005), and that soils tend to be more impacted by the dominant plant functional
characteristics than by species richness (Hooper et al. 2005). Bouchard et al. (2007)
determined that increased plant functional group richness had no effect on
denitrification potential. However, other wetland studies have found a positive
correlation between species diversity and ecosystem function (Callaway et al. 2003),
including an observational study examining denitrification and species richness
(Chabrerie et al. 2001). Zak et al. (2003) also suggested that plant‐microbe interactions
are an integral part of plant diversity’s influence on ecosystem functions. Even though
the FDD effect was weak and was not significant in the overall averaged model
coefficient, the effect was consistently positive in each model. Additional evidence for a
potential FDD effect comes from the Akaike weights analysis which supported FDD as an
important model parameter. The lack of a strong effect may have been due to natural
environmental variability at our site that made it difficult to separate the functional
diversity effect from other sources of variability. If this is the case, we predict that the
effect of functional diversity will strengthen with time as plant effects on soil conditions
accumulate through root turnover, root exudation, and litter inputs. Diversity effects
have been found to strengthen with time in other experiments (Tilman et al. 2001, Spehn
et al. 2005, Cardinale et al. 2007, Fargione et al. 2007, Fornara and Tilman 2008). The
data presented here are from the second growing season of these plots, during which we
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believe plants affected soil conditions and processes only through their root systems
since there had yet to be any noticeable incorporation of aboveground litter from each
plot into the soils (Sutton‐Grier, personal observation). As time passes and plant inputs
are incorporated from both belowground and aboveground sources, plant effects on
DEA, including the effect of functional diversity, may strengthen.
It is also possible that we did not see a strong effect of FD on either biomass N or
DEA because several of the trait values used to calculate each FD were measured in the
greenhouse and not the field. All traits except AGB and BGB were measured in the
greenhouse due to the destructive nature of many of these measurements. We recognize
that there can be significant differences in plant traits when traits are measured in the
greenhouse versus the field because the environmental conditions under which a plant
grows can affect trait expression (Conner et al. 2003). Current efforts are underway at
this site to assess how much this phenomenon applies to this ecosystem. Differential
trait expression in the greenhouse versus the field could be resulting in our inability to
see a strong effect of functional diversity on DEA in our field plots.
We are unsure as to the potential mechanism(s) by which FDD may affect DEA.
In riparian soils, studies indicate that the quantity of organic matter (Groffman and
Crawford 2003) as well as its quality affect denitrification rates (Groffman et al. 1991,
Schipper et al. 1994, Hill 1996, Groffman and Crawford 2003, Hill and Cardaci 2004).
Additionally, denitrification is often limited by lack of C (Groffman et al. 1996c). It is
possible that DEA could be stimulated as FDD increases if there was an increase in
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productivity with increased functional diversity. The increase in productivity would
then result in an increase in available C in soils which could stimulate DEA through two
pathways: (1) Increased C could provide added substrate for microbial metabolism of
NO3‐ and hence stimulate DEA directly, or (2) increased C could stimulate DEA
indirectly through a priming effect by promoting decomposition of organic material and
hence an increase in N mineralization and available NO3‐ (Kuzyakov et al. 2000,
Kuzyakov 2002). We did not observe an increase in aboveground biomass N (which
was strongly correlated to total biomass) with increasing functional diversity, however.
Our plant trait results support the possibility that available C is important to DEA
because we found a strong positive effect of AGB on DEA. We believe the effect of AGB
is not actually a direct effect on DEA, however, but an index of net fixed C and hence
representative of the C supplied belowground to soils (see the discussion of the AGB
effect in the Plant Traits section (4.3.2) for more details). We did not find a strong
relationship between FDD and AGB, however. So, although AGB has an affect on DEA,
it does not appear that the weak FDD effect on DEA is directly related to FDD promotion
of productivity and hence AGB. Thus, the exact mechanisms by which FDD may be
stimulating DEA remain unclear.

2.4.1.5 Plant trait effects: biomass N models
Plant traits have important effects on both ecosystem functions. We included
separate plant traits in each set of models because plants are able to influence each
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ecosystem function in different ways; thus distinct plant traits are likely to affect each
function. Many studies have demonstrated a tight relationship between plant traits
representing resource acquisition and resource allocation strategies at both regional and
global scales (Reich et al. 1992, Craine et al. 2002, Kerkhoff et al. 2005). Therefore we
hypothesized that SLA and SRL, traits that represent plant resource allocation, would be
important predictors of plant biomass N. Interestingly, neither trait had an effect on
biomass N. Instead, two other traits, WUE and LADR, substantially influenced biomass
N (Figure 5). We included WUE in our FDB calculation, and hence in our plant traits
models as well, because WUE is a measure of C assimilated per unit of water transpired
(Diaz 2001), and we hypothesized that a diversity of WUE could be important for high
productivity in a riparian wetland where water levels vary throughout the growing
season. If plants with different WUE could be productive at different water levels
throughout the season, this would promote greater productivity over the entire growing
season. We did not expect to find a relationship with the average plot WUE and
biomass N. However, it is possible that given water uptake and nutrient uptake are
linked via root uptake dynamics, a plant that is more water efficient, and therefore needs
to take up less water, may also take up fewer nutrients. This reasoning supports a
negative relationship between WUE and biomass N. It is also possible, however, that
the negative correlation of WUE with biomass N is not due to an actual negative
relationship between water use efficiency and biomass N, but instead reflects a negative
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correlation between WUE and a suite of traits we did not measure that lead to high
biomass N per unit area.
LADR can be interpreted as an index of plant growth strategy and light capture.
High LADR is represented by species, such as Asclepias incarnata (LADR = 28.16), that
grow tall and have large leaves higher in the canopy. Plants with low LADR included
the sedges and rushes, Carex crinita (1.40), Carex lurida (1.36), Scirpus cyperinus (0.72), and
Juncus effusus, (0.12), species that tend to grow near to the ground and have vertically
displayed leaves that pack densely together. We hypothesized that a diversity of LADR
would enable a plant community to capture more light and be more productive. We did
not anticipate a specific effect of plot LADR on biomass N. To be able to answer
questions about specific trait effects on ecosystem function, we need more trait‐based
research. This study is an early step in examining how traits impact ecosystem
functions, but we need more data to develop a mechanistic understanding about how
specific plant traits contribute to ecosystem function.

2.4.1.6 Plant trait effects: DEA models
Our hypothesized link between DEA and plant traits was less certain because
plants can only indirectly affect denitrification, which is a microbially‐mediated process.
It is well known, however, that plants affect soil environment structure through several
mechanisms including the release of cementing materials, the creation of pore spaces,
and the addition of litter and humus (Wardle 2002). In addition, many studies have
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found plant species effects on microbially‐driven soil processes such as N
mineralization, nitrification, and CH4 and CO2 release (Wedin and Tilman 1990, Hobbie
1992, Steltzer and Bowman 1998, Verville et al. 1998, Knops et al. 2002). These plant‐
induced changes are mainly due to differences in the quality of plant inputs to soils
which is determined by the ecological strategies and the associated suite of traits of the
dominant species (Wardle 2002). Other studies have found plant traits are key
determinants of soil ecosystem properties and processes such as total N and microbial
biomass and activity (Wardle et al. 1998, Bardgett et al. 1999). Thus, it is perhaps not
surprising that we found correlations between several plant traits, specifically AGB,
AGCN, BGCN, and POR, and DEA.
The positive relationship between AGB and DEA seems somewhat intuitive
given how important available C is for denitrification. We do not think, however, that
AGB had a direct effect on DEA because we observed little incorporation of litter into
the soils in these plots in the first 2 growing seasons. As a result, we believe that this
AGB effect is better interpreted as an index of plant productivity and C storage. From
our greenhouse data, we find a weak linear relationship between AGB and BGB
(R2=0.54, data not shown), suggesting that plants with higher AGB also have higher
BGB. Root biomass has been shown to be positively correlated with denitrification
potential (Klemedtsson et al. 1987). In this analysis, however, we measured AGB and
BGB from an aboveground harvest and a belowground sub‐sample in our soil cores,
respectively. These two variables were not correlated (R2 <0.01, data not shown)
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possibly because the root samples were only from very small subsections of the plot.
This is likely part of the reason why root biomass (BGR) was not correlated with DEA.
Estimates of the amount of plant C fixation that can be recovered in soils vary from 2 to
17 % (and potentially as high as 33%) resulting in a substantial C input from plants to
soils primarily through root turnover, but also through rhizodeposition (sloughing of
dead cells, secretion of mucilage, and diffusion of root exudates) (Hutsch et al. 2002,
Farrar et al. 2003, Nguyen 2003, Ehrenfeld et al. 2005). This suggests that in plots with
greater AGB, where more C was fixed, it is likely there was also more C released
belowground. Although C can be released belowground through a variety of
mechanisms including root exudates, mucilage, sloughing of border cells, and root hair
turnover, root exudates deposit at least 3‐10x and up to 100x more C belowground than
the other mechanisms and thus are a critical source of C in soils (Nguyen 2003). Root
exudates are largely low molecular weight sugars and amino acids, representing high
quality, labile C, which is easily consumed by microorganisms (Hertenberger et al. 2002,
Farrar et al. 2003). Sites with higher labile C typically have higher levels of potential
denitrification (Schipper et al. 1994, Groffman et al. 1996a, Hill and Cardaci 2004). So,
the positive relationship between DEA and AGB is likely due to a correlation between
AGB and belowground C inputs including root exudation and biomass.
We hypothesized that AGCN would have a negative effect on DEA such that as
AGCN increased (and hence, litter quality decreased), DEA would decrease. However,
we found a positive relationship of AGCN with DEA. In spite of this result, we are
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fairly confident that AGCN is not having a direct relationship on DEA because, as
mentioned previously, we did not see any noticeable incorporation of litter into the soils
in the plots. As a result, this result is likely because AGCN is correlated to some other
trait that leads to increased DEA.
We have some evidence, based on the negative effect of BGCN on DEA, that C
quality may drive DEA rates. We hypothesized that increases in BGCN would have a
negative effect on DEA because decreases in C quality would make it more difficult for
microbes to access the C they need as an energy source to complete denitrification. As
hypothesized, we found a negative effect of BGCN on DEA. Combined, these plant trait
results suggest that plants substantially affect the quality and quantity of C entering
soils, and that both of these aspects of soil C affect DEA.
There may be other mechanisms by which plants impact DEA in addition to their
C inputs. We hypothesized that plants with high root porosity might aerate
rhizospheres, raising soil redox potential. This effect would be particularly important
under saturated soil conditions with little oxygen present limiting nitrification.
However, in our riparian wetland study site, we found that soil water levels were never
high enough at any of our sampling dates to saturate the top 15 cm of the soil profile.
Hence, the conditions under which we designed our hypothesis did not occur.
Consequently, we do not have a good explanation for why we observe a negative
relationship between porosity and DEA. Perhaps root porosity correlates with another
unmeasured plant trait that causes a decrease in DEA.
76

2.4.2 Why traits and not FD?
We hypothesized that high trait diversity would maximize resource capture and
productivity, and hence biomass N, but that average trait values would drive soil
conditions that affect DEA. We determined, however, that average plant traits are more
important to both ecosystem functions, but that different traits are important for each
function. We also found that, contrary to our hypothesis, trait diversity is potentially
weakly related to DEA but not related to biomass N. These results suggest that FD, a
measure of the diversity of plant traits that increases when plants traits are more
different from each other, may have a relationship with some ecosystem functions, but it
is less effective at predicting ecosystem functions in newly restored riparian wetlands
than average plant trait values. This is similar to conclusions from other studies
suggesting that plant effects on belowground processes are determined by key traits
associated with the dominant plant ecological strategies, not by species richness (Huston
1997, Grime 1998, Wardle 2002).

2.4.3 Relationship of species, traits, and ecosystem functions based
on PCA
Biomass N was negatively related to WUE and LADR, suggesting that biomass N
could be maximized in the region of trait space that is opposite WUE and LADR.
Therefore species with lower WUE and LADR, mainly the sedge and rush species, were
located in the same region of trait space where biomass N could be maximized. In terms
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of restoration planning and design, this suggests that planting sedge and rush species
could result in high biomass N.
Considering the DEA traits, however, we do not find a defined “trait space” that
corresponds to high DEA. The traits that correlate with high DEA in our analysis are
BGCN, AGCN, AGB, and POR (Figure 7). AGCN and BGCN have opposite effects on
DEA, with BGCN negatively correlated and AGCN positively correlated, and yet both
traits are negatively correlated to axes 1 and 2 in the PCA (Figure 8a). This relationship
is counterintuitive and suggests that at least one of these traits is linked to some other
trait that we did not measure that would explain the relationship with DEA. Following
the same trend, AGB and POR are both positively correlated with PCA Axis 1 (Figure
8a) but they have opposite effects on DEA with AGB positively correlated and POR
negatively correlated (Figure 7). These results suggest that, unlike with biomass N,
where there appears to be a certain combination of traits that can lead to high biomass
N, there is no single region in trait space where DEA is maximized. Instead, high DEA
can be achieved through different combinations of traits and hence, different plant
strategies. This means that maximizing DEA at a restoration site could be achieved
through multiple combinations of traits and species. Planting species exhibiting a
diversity of traits might result in greater DEA since different plant strategies may be
important to stimulate DEA at different times of the year or under different
environmental conditions.
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2.5 Conclusion
The results of this study demonstrate that plants have a large influence on both
plant biomass N and denitrification, the two primary ecosystem functions that
temporarily or permanently remove N from wetland soils. Our results suggest a small
effect of plant diversity on denitrification potential, but plants appear to have the largest
effects on these two ecosystem functions via their expressed traits. Other environmental
conditions, specifically the soil physical environment, also regulate both functions (soil
N for both functions and additionally soil OM for DEA). Based on our PCA results,
biomass N appears to be maximized in trait space overlapping to some degree with
where the sedges and rushes are located in trait space. DEA, on the other hand, is
correlated with multiple traits that are positioned in opposing directions in trait space.
This indicates that there is not one region of trait space that maximizes DEA; high DEA
can be achieved through different combinations of traits (i.e. different plant strategies).
As a result, maximizing DEA may involve planting a selection of species exhibiting a
diversity of traits.
The ecological implications of these results are especially important for restored
systems since, based on our results, the selection of plant species can be critical to
establishing ecosystems capable of performing multiple ecosystem functions. Given that
biomass N was maximized by traits that only minimally coincided with the traits
leading to high DEA, it is unlikely that the same plants can maximize both ecosystem
functions. Here we considered only two ecosystem functions. Trait diversity is likely to
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be even more important when an entire suite of ecosystem functions are desired from a
restored system. Therefore, we conclude that to maximize multiple ecosystem functions
simultaneously, a diverse set of plants will likely be needed to ensure that the
appropriate conditions are present for each function.
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3. Soil Organic Matter Amendments Improve Soil
Conditions and Denitrification but Do Not Consistently
Affect Plant Biomass or Diversity in a Restored Riparian
Wetland in North Carolina

3.1 Introduction
Human actions have impacted natural habitats in virtually all parts of the Earth,
in many cases degrading or destroying ecosystems (Vitousek 1997). Approximately 50%
of the area of wetlands in the lower 48 states in the U.S. has been destroyed (Mitsch and
Gosselink 2000). Wetland restoration is one method to regain some of the ecosystem
services wetlands provide, such as water purification and flood abatement. But
restoration is not typically a simple matter of returning water to the system (Zedler
2003); there are many synergistic components that create a functioning ecosystem. To
improve our understanding of both how ecosystems function and the effectiveness of
future restoration projects, we need focused field experiments testing the impacts of
alternative management decisions on key ecosystem functions (Zedler 2000, 2003).
In wetland restoration, it remains unclear how to restore degraded soils.
Previous studies demonstrated that restored wetlands tend to have lower organic matter
than natural wetlands (Clewell and Lea 1989, Shaffer and Ernst 1999). These low
organic matter levels can limit plant establishment and growth (Zedler and Langis 1991,
Stauffer and Brooks 1997, van der Valk et al. 1999) as well as nutrient cycling (Groffman
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et al. 1996b). Wetland disturbance often involves ditching and/or draining the wetland
creating an aerobic soil environment in which soil organic matter oxidizes and soil
storage of carbon decreases (Bruland et al. 2006). Some restorations involve excavations
to intersect ground water and can expose coarse subsoils (Stauffer and Brooks 1997) or
cause disturbance and compaction due to the heavy equipment needed for re‐grading a
site to restore wetland hydrology (Bruland et al. 2006). This disturbance and
compaction increases the bulk density of the soil making it more difficult for plant roots
to penetrate soils (Clewell and Lea 1989, Bruland et al. 2006). Re‐grading may also
involve the removal of the top soil layers that tend to be richest in soil organic matter
and microbial populations (Taylor et al. 2002, Bruland et al. 2006). Thus, wetland
disturbance and restoration create conditions that decrease organic matter and microbial
populations in restored wetlands.
Because soil organic matter is critical to wetland ecosystem functioning, restoring
soil organic matter at sites where soils have been disturbed or removed may be critical
to effective restoration. However, effective methods to restore soil organic matter
remain unclear. One suggested method of soil conditioning is to spread and disk
organic matter into soils. Composted sludge in particular, introduces soil microfauna
and can improve soil fertility (Clewell and Lea 1989). In this study we examined how
compost additions impact soil properties and processes, as well as the establishing plant
community at a stream and wetland restoration site in Charlotte, N.C., where topsoil
had been removed. Because compost amendments are likely to release nutrients as they
82

decompose, we hypothesized that higher levels of compost would result in greater soil
nutrient availability, microbial biomass and activity, soil moisture, and plant
productivity. We were uncertain, however, if and how the impacts of compost additions
would change through time. As a result, this study examined data collected over three
growing seasons post‐restoration.

3.2 Methods
3.2.1 Study System
The Little Sugar Creek Hidden Valley Ecological Garden Stream and Wetland
Restoration project system is located in Charlotte, NC (35° 05ʹ N, 80° 50ʹ W). The
restoration project included re‐meandering the stream and establishing two types of
adjacent wetlands communities, deeper, wetter “low marsh” areas and shallower, drier
“high marsh” areas (Figure 9). These two wetland communities were restored on either
side of each stream meander, and we sampled a 20 m2 plot of 11 low marsh wetland
communities and 10 high marsh communities along the restored stream. The project
includes a total of 13 acres of reclaimed floodplain and 3,500 feet of stream. The soils at
the system were originally Monacan loam and sandy loam soils, but when homes were
built on the system, 2 meters of fill material was added to the system. As part of the
restoration, this fill was removed, resulting in very disturbed and nutrient poor soils. To
improve soil conditions, topsoil was added to all the wetland communities. To test our
hypothesis that organic matter (OM) compost would improve soil conditions and
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functions as well as plant productivity, we added compost and topsoil in varying ratios
to 7 of each community type, such that % OM (based on loss on ignition) ranged
between 2.49% and 33.25% in the low marsh communities, and between 4.46% and
36.94% in the high marsh at our first sampling after the restoration was completed (July
2004). The OM compost consisted of a pre‐mixed combination of topsoil, wood chips,
and pathogen‐free biosolids from wastewater plants supplied by Soil Supply, Inc., in
Huntersville, NC. Chemical composition analysis of the OM is listed in Table 7. The
OM amendments were machine rototilled to a depth of 20 cm.
After compost incorporation, vegetation was planted at densities of one plant
every three or four feet, in the low and high marsh, respectively. Low marsh species
included Peltandra virginica (arrow arum), Pontederia cordata (pickerelweed), Sagittaria
latifolia (duck potato), and Schoenoplectus tabernaemontani (softstem bulrush), while in the
high marsh species included Asclepias incarnata (swamp milkweed), Juncus effusus
(softrush), and Panicum virgatum (switchgrass). The project was completed in July 2004.
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a

b

Figure 9 (a) Charlotte Restoration Plan showing the locations of the wetland cells
along the stream reach. (b) Aerial photograph of the project in December of 2004
(Photo courtesy Mecklenburg County)
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Table 7: Chemical analysis of organic matter amendment material.
Analysis
Chemical Concentration
Total C (%)
27.56 ± 3.03
Total N (%)
1.49 ± 0.27
Total P (%)
0.56 ± 0.10
C:N
18.73 ± 1.91
N:P
2.67 ± 0.15
Moisture (%)
49.00 ± 7.94
Loss on Ignition
59.23 ± 3.66
Organic Matter (%)
Values reported are means (± 1 SD), with n = 6.

3.2.2 Soil Sampling
We collected soil samples from the upper 15 cm of each plot in July 2004 and
then in September 2004, 2005, and 2006, using a piston corer and plastic sleeves. These
samples were stored on ice during transport and at 4 °C in the lab.
Cores were weighed and then sieved through a No. 4 (4.75 mm) sieve prior to
analysis. A sub‐sample of each soil was oven dried at 105°C for 24 hours to determine
moisture content. We used a wet to dry conversion factor to determine the total dry
mass of soil in each core. The dry mass was divided by the volume of the plastic sleeve
(minus the volume of any large rocks or roots) to calculate bulk density. A sub‐sample
of this dried soil was then used to determine percentage soil organic matter by loss on
ignition at 450°C. We analyzed two separate 3 g field‐moist replicate sub‐samples for 2M
KCl extractable nitrate + nitrite (NO 3‐N) and ammonium (NH4‐N). We also measured
inorganic P using two separate 2 g field‐moist replicate sub‐samples that were extracted
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with 0.5M NaHCO3 and shaken overnight, centrifuged, and then analyzed for inorganic
P (Tiessen and Moir 1993).
We determined microbial biomass carbon (MB) using four 5 g subsamples of wet
soil and a slightly modified version of the Voroney and Winters (1993) chloroform
incubation technique. We applied chloroform (0.5 mL) to cotton balls in the headspace
of the fumigated sample containers and the samples incubated for 7 days in the dark
before they were extracted with 0.5 M K2SO4. Non‐fumigated samples were extracted
immediately. We analyzed control and fumigated samples for Total Organic Carbon
(TOC), and calculated MB as the difference between the fumigated and control values of
TOC (Brookes et al. 1985).
Denitrification Enzyme Assay (DEA) (Smith and Tiedje 1979, Groffman et al.
1999) measures potential denitrification; C and N are supplied in excess and the
incubation is carried out under anaerobic conditions such that N2 gas produced is only a
function of the level of enzyme in the sample. In the lab, we weighed duplicate 5 g
samples of homogenized, field‐moist soil into 125 mL incubation flasks. We amended
soil samples with a solution of dextrose and potassium nitrate to ensure non‐limiting
substrate conditions and chloramphenicol to inhibit protein synthesis. The slurries were
made anaerobic with repeated flushing with N2 gas. Flasks were injected with 10 mL of
acetylene to inhibit N2 production and placed on an orbital shaker. We collected gas
samples at 30, 60, and 90 minutes and analyzed them on a Shimadzu GC‐17A gas
chromatograph. Rates of potential denitrification were not always linear across the
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incubation, so to represent accurately the maximum DEA of each soil, we selected the
highest rate of N2O production during the incubation. We measured either the rate at
T30, twice the half‐hourly rate measured between T60‐T30 or T90‐T60, or the hourly rate
measured between T90‐T30. We could not double T30 rates because the flasks had often
been anaerobic for some variable amount of time (0‐30 minutes) prior to having the
acetylene block added during which N2O could have been produced naturally. As a
result, T30 estimates are conservative estimates of microbial community activity. Thus
the maximum rate of denitrification was indicative of the level of the denitrifying
enzyme present in the soil and was the best way to compare denitrification potential
across systems (Groffman, P., February, 2007, personal communication).

3.2.3 Vegetation Sampling
Every September 2004 to 2006 in the 20 m2 plots in each low marsh and high
marsh community, we measured total species richness. We did not want to
destructively harvest total aboveground biomass in the first few years of plant
establishment. In September 2006 we collected three 0.5 m2 plots (within the 20 m2 plots)
of aboveground biomass in all the low marsh communities. Due to logistical constraints
we could not collect biomass from the high marsh as well. The biomass samples were
dried for 7 days at 60 °C, the three subsamples from each community were weighed, and
these weights were combined to determine total biomass for each community.
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3.2.4 Statistical Methods
We used two‐way analyses of variance and multiple comparisons of means
(using the Tukey honest significant difference test) to examine the differences between
soil properties both between the low and high marsh, and between different sampling
dates. Regression was used to examine relationships between soil organic matter and
other factors including soil properties and plant biomass. We also used multiple
stepwise regression (MSR) to determine the relationship between species richness and
the measured soil properties. MSR is a statistical tool used to select the best
independent variable(s) (from a set of potential predictor variables) to predict the
dependent variable.

3.3 Results
3.3.1 Soil Property Changes in the Low and High Marsh
There were no statistically significant changes in organic matter content in either
the high or low marsh between our first sampling once restoration was complete in July
2004 and September 2006 (Table 8). Average bulk density decreased a little in the first
three months, but then increased by 2005, and did not change significantly by 2006.
Average inorganic P decreased with time such that by September 2006 in the low marsh
it was about one third of what it had been in July 2004, and in the high marsh it was only
about one fifth what it had been. Inorganic N was higher in the low marsh than the high
marsh at all time periods, but it decreased through time in both communities. By 2006,
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inorganic N had decreased about five‐fold in the low marsh and approximately eight‐
fold in the high marsh. Soil moisture was higher in the low marsh than in the high
marsh at all sampling dates and was significantly lower in 2005 in both the low and high
marsh than all the other dates. Microbial biomass levels were similar in the low and
high marsh and demonstrated similar patterns in both marshes across the sampling
dates; microbial biomass increased over time such that by 2006 it was significantly
higher than in 2004.
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Table 8: Soil Properties in the high and low marsh in July 2004 (right after the restoration was complete and the study
began), and in September 2004, 2005, and 2006.
July 2004

Low Marsh
Sept 2004
Sept
2005
8.97 a
8.27 a
(± 4.42)
(± 4.31)

High Marsh
Sept 2004 Sept 2005

Sept 2006

July 2004

Sept 2006

7.64 a
(± 2.44)

8.45 a
(± 3.99)

7.06 a
(± 1.04)

6.87 a
(± 1.39)

6.57 a
(± 0.97)

91

OM
(mass basis)

8.28 a
(± 5.81)

Bulk Density
(g-1cm3)

1.37 a
(± 0.32)

1.09 b
(± 0.19)

1.20 a
(± 0.29)

1.13 ab
(± 0.26)

1.27 a
(± 0.20)

1.08 b
(± 0.11)

1.39 a
(± 0.13)

1.38 ab
(± 0.15)

Inorganic P
(μg-1g)

18.20 a
(± 20.45)

13.48 ab
(± 12.06)

14.55 ab
(± 15.59)

5.40 b
(± 3.81)

24.28 a
(± 18.74)

13.03 ab
(± 7.97)

9.69 ab
(± 7.01)

4.80 b
(± 3.42)

Inorganic N *
(μg-1g)

112.67 a
(± 226.26)

54.80 ab
(± 57.65)

24.37 bc
(± 32.46)

6.08 c
(± 7.44)

26.71 d
(± 33.39)

4.00 de
(± 4.22)

2.46 ef
(± 1.78)

3.31 f
(± 1.94)

% Moisture
(mass basis)

33.47 a
(± 18.10)

29.65 ab
(± 7.84)

22.82 b
(± 18.45)

40.71 a
(± 15.80)

24.02 c
(± 9.99)

16.92 cd
(± 3.47)

9.84 d
(± 2.76)

22.70 c
(± 4.69)

Microbial
Biomass *
(μg-1g)

270.82 ab
(± 286.57)

203.71 a
(± 191.51)

NA

403.76 b
(±115.06)

360.49 ab
(±237.79)

293.45 a
(±161.73)

NA

389.71 b
(±191.56)

* = Variables log transformed for the ANOVA analysis, but means and SDs presented here in original units, untransformed
a,b,c,d,e,f
= Letters denote a significant (α=0.05) difference between sampling dates in the low and high marsh
NA = Data unavailable

3.3.2 Effects of Soil Organic Matter Amendment on Soil Nutrients
With increasing organic matter, inorganic N and P increased in both the low and
high marsh (Figure 10). In the high marsh in particular, the positive relationships
between organic matter and N and P are driven, to some degree, by one high organic
matter plot. The study design called for a total of three plots to receive the same high
level of organic matter as that plot. When treatments were applied, however, only one
plot received the specified higher amount. This data point was included in the analysis
even though it is quite different from the remainder of the data for the following
reasons: (1) to capture the original study design as much as possible, and (2) because the
same positive relationship between organic matter and N and P are present in the low
and high marsh communities, adding credibility to the relationship in the high marsh
even though there is a lack of good replication. However, when I performed a
sensitivity analysis and removed the one high organic mater data point, the relationship
between organic matter and inorganic N in the high marsh was no longer significant.
Therefore, this one data point drives the relationship between organic matter and
inorganic N in the high marsh.

3.3.3 Effects of Soil Organic Matter Amendment on Microbial Biomass
With increasing organic matter, microbial biomass also increased in both the low
and high marsh (Figure 11). The one site that received higher organic matter is again
evident, especially in the high marsh (Figure 11b), however, the relationship between
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organic matter and microbial biomass was still significant (p = 0.0001) even when we
removed this one data point.

a

b

c

d

Figure 10: Organic Matter versus Inorganic N in (a) the low marsh, (b) the high marsh,
and versus Inorganic P in (c) the low marsh, and (d) the high marsh.
Note the different scales on the y axis of the Inorganic N graphs.
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a

b

Figure 11: Organic matter versus microbial biomass in (a) the low marsh and (b) the
high marsh.
Similar positive relationships between organic matter and microbial biomass exist in
both the low and high marsh.

3.3.4 Effects of Soil Organic Matter Amendment on Denitrification
Potential and Soil Moisture
In both the low and high marsh communities, denitrification increased with
increasing organic matter levels; however, the high marsh community appeared to
respond more strongly to additions of organic matter than the low marsh (Figure 12a).
We measured denitrification potential in 2005 and 2006. In both years, the relationship
between organic matter level and denitrification potential in the low marsh was similar
(Figure 12b), but in the high marsh there was a positive significant relationship between
organic matter and denitrification in 2005 only. This difference may be explained by an
interaction with soil moisture levels. In the drier year (2005), organic matter and
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denitrification potential were strongly related in the high marsh, but in the wetter year
(2006) they were no longer related (Figures 12d and e). However, organic matter and
soil moisture were strongly correlated in the low and high marsh (Figure 13), even when
we exclude the one high data point in the high marsh. Denitrification potential was
more strongly correlated to organic matter than to moisture, however, therefore
moisture does not appear to explain the perplexing lack of a relationship between
organic matter and denitrification in the high marsh in 2006.
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a

b

c

d

e

Figure 12: Organic matter versus denitrification potential (a) in the low and high
marsh in 2005 and 2006, (b) low marsh only, (c) high marsh only, and moisture versus
denitrification (d) in the low marsh, and (e) in the high marsh.
Only equations for significant (p‐value < 0.05) regression lines are shown. Note the
different scales on the x and y axes. When examining the difference between the high
96

marsh and low marsh, at first it seems that denitrification in the high marsh reacts more
positively to organic matter amendments than the low marsh as seen in (a). However,
when we separated out the high and low marsh by year, we found that the high marsh
had higher levels of denitrification than the low marsh in 2005 and lower levels in 2006.
This suggests that something was limiting denitrification in 2006, possibly soil moisture.
But the relationships of denitrification and soil moisture demonstrate that soil moisture
was actually higher in 2006 suggesting that soil moisture was not limiting
denitrification.

a

b

Figure 13: Soil organic matter (%) versus soil moisture (%) in the (a) low marsh, and
(b) high marsh.
Both low and high marsh communities demonstrate a positive relationship between
organic matter and soil moisture.

3.3.5 Effects of Soil Organic Matter Amendment on Plant
Communities
Over the three growing seasons of this study, we observed changes in vegetation
as species naturally recruited and established at the site (Figure 14, Appendix A).
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a

b

Figure 14: One low marsh wetland cell in (a) July 2004 shortly after the soil
amendments and planting were complete and (b) in September 2006, end of the third
growing season.
The red apartment building in the background is a reference point in both photos. Note
the increase in emergent vegetation.

Aboveground biomass in this study (163‐992 g/m2) was a little lower than the
range for natural freshwater marshes (500‐5,500 g/m2) (Mitsch and Gosselink 2000).
However, the communities with the lowest biomass tended to be those with primarily
floating aquatic vegetation (2 communities) and very little emergent vegetation; of the
communities dominated by emergent vegetation, all but one fell within, although still at
the low end of, the natural range. We did not find a significant relationship between
plant biomass and soil organic matter in the low marsh in 2006 although there was a
weak positive trend (Figure 15a).
The relationship between organic matter and species richness differed in the low
and high marsh communities. The low marsh showed a significant, and negative,
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relationship only in 2006 although the trends in 2004 and 2005 appear to be weakly
negative as well (Figure 15b). The high marsh also showed a significant negative effect
of soil organic matter on species richness in 2004, but not in either of the following years
(Figure 15c). The general trends in 2005 and 2006 in the high marsh suggest this
relationship may be changing to either no relationship or a slightly positive relationship,
but such a change is not significant to date.
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a

b

c

Figure 15: (a) Organic matter versus plant aboveground biomass in the low marsh in
2006, organic matter versus species richness for 2004‐2006 in the (b) low marsh, and (c)
in the high marsh.
Equations are shown only for the significant regressions. Biomass did not increase with
increasing organic matter. Species richness was significantly negatively related to
organic matter in 2006 in the low marsh and in 2004 in the high marsh.

Initially, the low marsh communities had fewer species on average than the high
marsh (mean number of species in the low marsh areas in 2004 = 8.7 versus 13.2 in the
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high marsh areas, Table 9 and Appendix A) but by 2006 both marsh types had a similar
number of species (16.5 and 20.8 for the low and high marsh areas, respectively).
Average species richness increased each year in the high marsh, however, in the low
marsh, species richness noticeably increased only between 2005 and 2006.

Table 9: Comparison of average species richness in the High and Low Marsh for 2004‐
2006.
Species richness was measured in 20 m2 plots in 11 low marsh areas and 10 high marsh
areas (but only 9 high marsh areas were sampled in 2006 because one plot was
accidentally mowed). Data presented represent average species richness values in each
marsh type across all sampled areas. Statistical results are based on two‐sample t‐test
assuming unequal variances.

Low Marsh
High Marsh
Year
Min
Max
Mean # Species
Min
Max
Mean # Species
(± 1 S.D)
(± 1 S.D)
a
2004
4
16
8.7*
4
23
13.2* a
(± 4.0)
(± 5.7)
a
2005
9
25
15.9** b
5
15
10.4**
(± 3.4)
(± 5.3)
b
2006
10
31
20.8 c
4
32
16.5
(± 8.4)
(± 6.3)
* = significant difference between low and high marsh (α= 0.05)
** = significant difference between low and high marsh (α = 0.01)
a,b,c = Letters denote significant difference between years within either the low or the
high marsh (α = 0.05)

3.3.6 Soil Predictors of Species Richness
To further examine what soil factors influence species richness we performed a
stepwise regression with species richness in each community versus year and the soil
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variables we measured. Due to their non‐normal distributions, all soils variables, except
bulk density, were log transformed prior to analysis. In the low marsh, soil NH4+ was
the only significant predictor of species richness, while in the high marsh soil moisture,
soil NO3‐, and year predicted species richness (Table 10). Species richness decreased
with increasing NH4+ in the low marsh and with increasing NO3‐ in the high marsh.
Species richness increased with soil moisture and with time in the high marsh.

Table 10: Results of stepwise multiple regression analysis for species richness in the
high and low marsh
Marsh
Type
Low
Marsh
High
Marsh

Species Richness
Predictors
Log NH4+

Regression
Coefficients
‐5.69

Cumulative r2

p‐value

0.40

<0.0001

Log NO3‐,
Log Moisture,
Year (2005, 2006),

‐7.35,13.38, 5.30, 8.07

0.38

0.00367

3.4.7 Soil Moisture and Rainfall
The hydrology of both the low and high marsh was largely driven by
precipitation (Figure 16). Soil moisture levels in both the low and high marsh
corresponded to the rainfall; the lowest soil moisture levels were in late September 2005
when rainfall was well below average during the three preceding months.
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a

b

Figure 16: (a) Soil moisture at each sampling date and (b) monthly rainfall deviation
(in mm) from a long‐term monthly average for 2004‐2006 for the Charlotte Douglas
Airport near the field site.
Data are from the National Oceanic and Atmospheric Administration’s National
Climatic Data Center. Soil moisture in both marshes was related to rainfall which is
especially noticeable in 2005 when soil moisture levels were the lowest measured and
rainfall was below average in July, August, and September.
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3.4 Discussion
Soils can be one of the slowest ecosystem components to develop after
restoration or creation (Craft et al. 1988, Craft et al. 1999, Craft et al. 2002). In some cases
soil may be impossible to restore due to other constraints on the ecosystem such as
differences in substrate or sedimentation rates between restored and natural marshes
(Zedler and Langis 1991, Simenstad and Thom 1996) or chemical changes in the soil that
occurred when the wetland was drained and disturbed (Fitzpatrick 2004, Richardson et
al. 2005). Because restored wetland ecosystems may need many years to develop
conditions that match those of their natural counterparts, ecosystem function in restored
sites may initially be limited post‐restoration (Shaffer and Ernst 1999). Therefore, it
would be beneficial to mitigate limiting conditions, such as low soil organic matter, and
“jump‐start” restored systems to attain levels of ecosystem function similar to their
natural counterparts more quickly.
In examining the relationships between soil organic matter levels and soil
properties, processes, and plant dynamics, general relationships were more important
than the actual regression slopes and R2 values. The focus of this study was to
understand the qualitative nature of change across the organic matter gradient.

3.4.1 Compost effects on soil properties
Once organic matter amendments were added at our site, average soil organic
matter in the low and high marsh did not change over the three years of study (Table 8),
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although the highest OM treatments did decrease such that the overall range of soil OM
values decreased with time. This suggests a trend toward decreasing organic matter
with time, but this trend may not continue if plant inputs of organic matter start to
balance any loss of soil organic matter due to oxidation. These results suggest that
organic matter amendments are an effective way to increase levels of soil organic matter
at the beginning of a restoration.
Organic matter amendments significantly increased available N and P in the low
and high marsh communities (Figure 10). These relationships, especially in the high
marsh, were driven to some degree by the one community that received higher organic
matter than any of the others. The lack of replication of the highest organic matter
treatment was an unfortunate limitation of this study and future studies should ensure
that there are more replicates of each treatment. Nevertheless, we found the same
relationship between organic matter and increased N and P in both the low and high
marsh communities, suggesting that this trend is robust. Our results were similar to
Bailey et al. (2007) who found that total N and P increased with higher loading rates of
OM. O’Brien and Zelder (2006) also determined that kelp compost increased inorganic
N in restored salt marsh soils. These results suggest that adding compost amendments
to a wetland has immediate impacts on available nutrients as labile organic matter
decomposes releasing N and P. These increases in available nutrients could benefit both
plant and microbial growth, especially during plant establishment at a newly restored
site.
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Although available nutrients were initially higher after compost addition, within
3 growing seasons available nutrients had decreased in both the low and high marsh
(Table 8). These results suggest that there may be only short‐term increases in available
nutrients with compost amendments. Our results are similar to those of Anderson and
Cole (2004) who found no difference in NO3‐N or P in mulched versus non‐mulched
created wetlands in Florida 5‐10 years after mulching. There are several potential
mechanisms that could result in lower available N and P three years after compost
addition. First, the remaining compost may represent more recalcitrant forms of organic
matter which are less decomposable and thus, the compost may not provide high levels
of N and P inputs in the long‐term. It is also possible that plants and microbes take up
available nutrients decreasing available soil levels. Microbial transformations, such as
denitrification, could also decrease available nutrients. We are not sure which of these
mechanisms is occurring at this site, but we have visually observed an increase in
aboveground plant biomass over the three growing seasons (Figure 14). Thus, plant
uptake could result in lower levels of available N and P in the soils.

3.4.2 Compost effects on microbial biomass and activity
Organic amendments also significantly increased microbial biomass in the low
and high marsh (Figure 11). Other studies demonstrated that compost amendments
may have only short‐term (days to weeks) positive effects on total microbial biomass
(Saison et al. 2006, Lou et al. 2007). We did not collect samples at a fine enough time‐
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scale to ascertain if there were effects on microbial biomass within days after compost
addition. We determined that compost amendments increased the size of the microbial
community (Figure 11) and that over three growing seasons, average OM did not
significantly change but average total microbial biomass increased in both the low and
high marsh (Table 8).
In addition to increasing microbial population size, organic matter levels
strongly influenced microbial activity in terms of denitrification potential (Figure 12).
These results suggest that microbial nutrient processing could be limited in restored
wetlands with low soil organic matter, and that compost amendments are one effective
method of stimulating nutrient cycling for a minimum of three growing seasons. Other
studies suggest that compost additions stimulate microbial activity mainly due to
increases in total microbial biomass which result in increased total activity (Saison et al.
2006, Lou et al. 2007). We did not find a strong relationship between total microbial
biomass and denitrification potential (data not shown); however, we did not have a
large dataset to explore this question because we only had a complete set of data for
both in 2006. Thus, further work should focus on determining whether organic matter
stimulation of microbial denitrification is due to growth in the total population size,
increases in the activity of the extant population, or possibly a combination of both
mechanisms. One remaining puzzle in our data is the much lower rate of denitrification
potential in the high marsh in 2006 when compared to 2005 even though soil organic
matter levels were comparable in both years. These results suggest that other limiting
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conditions besides organic matter, such as available N, may also inhibit denitrification
potential. However, the ranges of soil inorganic N were comparable in 2005 (0.29‐6.06
μg g‐1 soil) and 2006 (1.25‐5.55 μg g‐1 soil), suggesting that inorganic N was not limiting
denitrification potential in 2006. We remain perplexed about what limited
denitrification in 2006.

3.4.3 Compost effects on aboveground plant biomass
Despite the fact that organic matter amendments increased available N and P in
the first few growing seasons, we did not find a consistent positive response of plant
biomass to soil organic matter level. Other studies determined that compost
amendments increased plant height and biomass at restored wetlands (Handa and
Jefferies 2000, OʹBrien and Zedler 2006). However, when we tested this hypothesis in
2006 (the third growing season) by collecting total aboveground biomass in all the low
marsh communities, we did not observe significant impacts of organic matter on total
plant community biomass (Figure 15a). It is possible that we would have found a
stronger effect of organic matter on plant biomass if we had measured total biomass in
the first growing season when available nutrients were the highest. By the third
growing season, however, there was no significant stimulation of plant biomass with
increased soil organic matter. Thus, we did not find strong evidence that soil organic
matter levels significantly impacted plant growth at this restoration site. It is important
to interpret these results in the context of the site, however. Because of high mortality of
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the planted species and a great deal of natural recruitment into the site, each low and
high marsh community had a somewhat unique species composition (Appendix A).
These differences in plant community composition may help explain why we did not see
an effect of soil organic matter on plant biomass, since we compared total biomass across
communities that contained species with different growth forms and life histories.
However, several other studies demonstrated a similar lack of relationship between
plant aboveground biomass and soil organic matter levels (Cole et al. 2001, Anderson
and Cowell 2004, Bailey et al. 2007).

3.4.4 Compost effects on plant species richness
We also did not find consistently positive or negative influences of organic
matter on species richness in the low or high marsh (Figure 15b and c). In the low
marsh, increasing organic matter levels may possibly limit species richness since this
relationship was not significant in 2004 or 2005, but became significant in 2006. Further
work should examine whether organic matter levels impact species richness over longer
periods of time, after plants have fully established.
Our stepwise regression results suggest that species richness was negatively
affected by soil inorganic N in both the low and high marsh (Table 10). Inorganic N was
the only significant soil predictor of species richness in the low marsh and it explained
40% of the variability (R2 = 0.40). The form of inorganic N in each community related to
the hydrology of each community; the reduced form of inorganic N (NH4+) was more
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important in the wetter low marsh, while the oxidized form (NO3‐) was important in the
high marsh. Increased inorganic N in both communities may have decreased species
richness because higher levels of this important plant nutrient possibly enabled some
species to outcompete others.
In the high marsh, two additional soil variables positively influenced species
richness: soil moisture and time (Table 10). In the drier high marsh communities,
increasing moisture likely facilitated species establishment resulting in a greater number
of species. Also, as time progressed through the three growing seasons, species richness
consistently increased in the high marsh as more plants recruited to the site (Table 9).
The increases in species richness in the high marsh were due in part to the recruitment
of a greater number of non‐wetland species, including some upland species, suggesting
that the high marsh soils were dry enough to enable non‐wetland species to establish
and survive (Appendix A).
Average species richness in the low marsh did not change significantly between
2004 and 2005, but increased between 2005 and 2006. The year 2005 was drier, especially
during the summer, and soil moisture levels in both the low and high marsh were
tightly correlated to rainfall (Figure 16). Most of the species in the low marsh in 2006
were either obligate (OBL) or facultative wetland (FACW) species according to their
wetland indicator status (U.S. Fish and Wildlife Service 1988). Unlike in the high marsh,
where non‐wetland species were able to establish, the low marsh tended to support
primarily wetland species. Most emergent wetland species will not germinate
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underwater, preferring moist soil conditions (Hammer 1992, Middleton 1999).
Therefore, the drier conditions during summer 2005 may have enabled more wetland
species to recruit and establish leading to a significant increase in species richness in the
low marsh in 2006.
Overall, we determined that organic matter amendments had neither a strong
positive or negative impact on the plant communities (both biomass and species
richness) in this restored wetland. These results suggest that project managers can
choose to modify soil conditions at restoration sites with minimal risk of negative
impacts on plant communities.

3.4.5 Site considerations
It is important to keep in mind when examining these results that the high marsh
communities tended to be very dry with no standing water for most of the growing
season and low soil moisture in the top 15cm of soil. We do not have water table depth
data for any of the wetland communities so we cannot fully conclude whether wetland
hydrology was reestablished in the low and high marsh. Our observational data, when
taking soil cores from the high marsh areas, however, demonstrate that these soils were
difficult to sample because they were incredibly dry. This suggests that the “high
marsh” areas may not meet wetland hydrology criteria. We compare the results for the
low and high marsh here because the restoration plans called for establishing both
communities and both communities are adjacent to the restored stream channel. We

111

have some concerns, however, that the high marsh communities may represent upland
conditions rather than effective restored wetland communities.

3.4.6 Compost addition considerations
We determined that there are several benefits of compost additions to soil
nutrient supplies, microbial communities, and nutrient cycling. Based on our
experience, however, there are a few factors to consider before applying compost
amendments to a restoration site. First, compost application is a labor‐intensive process
that involves both spreading the compost and mixing it into the top soil horizon.
Second, obtaining sufficient compost for an entire restoration site can be costly. At this
restoration site, the contractor chose to apply less compost than was specified in order to
cut costs. The compost was also not mixed well into the top soil horizon by the
contractor and, as a result, some of the compost washed away or was redistributed
within the site. Thus, adding compost may effectively increase soil organic matter
levels, but it may not be a feasible solution to implement at all restoration sites because it
can involve considerable time, effort, and/or money.
In this study, we did not examine how the type of compost applied affects
ecosystem development. Several studies suggest that carbon quality (C:N ratio) impacts
microbial denitrification (Groffman et al. 1991, Schipper et al. 1994, Hill and Cardaci
2004). In addition, other research suggests that the type of compost as well as the
amount of compost applied may impact how compost additions influence microbial
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populations and activities (Saison et al. 2006, Lou et al. 2007). Lou et al. (2007)
determined that rice straw contained more organic C and N and less lignin and was
therefore a higher quality compost input that enhanced microbial activity more than
addition of rice roots. Saison et al. (2006) determined that there were important shifts in
microbial community composition when high levels of compost were added, but they
observed little to no change in community composition with low levels of compost
addition. In this study we did not examine the effect of different types of compost, but
we determined that increased compost addition tends to increase available nutrients,
microbial activity, and soil moisture. There may be an ideal compost addition level to
stimulate microbial and plant development while minimizing other ecosystem changes.
For example, Bailey et al. (2007) suggest loading112 Mg ha ‐1 to provide maximum benefit
to woody vegetation while minimizing changes to soil surface elevation. Future work
should focus on how different types and amounts of compost affect ecosystem
properties and functions in restored wetlands.

3.5 Conclusions
The results of this study suggest that compost amendments can effectively
increase soil organic matter levels in restored wetlands. Compost amendments can
positively influence some soil properties (including soil available N, P, microbial
biomass, and soil moisture) and some ecosystem functions including nutrient cycling
(such as denitrification potential). In this study, we found that plant biomass and
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species richness were not consistently affected by soil organic matter levels in the first
three years post‐restoration. This suggests that restoration projects, especially those
involving highly disturbed soils, should include organic matter amendments in the
project design to promote soil ecosystem functions, particularly nutrient cycling.
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4. Does Restoration of Ecosystem Structural
Relationships Restore Ecosystem Function? A
Restored Wetland Case Study

4.1 Introduction
In community ecology, there has been a great deal of research and discussion
about the relationship between community structure, often defined as species richness
or the presence of indicator species, and community function (Falk et al. 2006, Vander
Zanden et al. 2006). Understanding the relationship between ecosystem structure and
function is the “ultimate goal” of biological study (Odum 1971). In restoration ecology,
there are many untested assumptions about the relationship between restoring physical
habitat structure and the restoration of ecosystem function (Palmer et al. 1997). A
functional perspective on restoration might argue that, if we could restore pre‐
disturbance functioning to a system, the system would restore its structure. In fire
ecology, this contrast distills to the operational choice of manually altering forest
structure so that ‘natural’ fire can be re‐introduced [i.e. restoring structure] or using fire
to restore the ‘natural’ structure [i.e. restoring function] (Bonnicksen and Stone 1985,
Stephenson 1999, Keeley and Stephenson 2000, Miller and Urban 2000).
By contrast, in wetland restoration, the dominant paradigm seems to be
structuralist: restore the physical structure and function will follow. This concept is also
known as the principle of self‐design (Mitsch and Wilson 1996, Mitsch et al. 1998). The
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assumption is that if the physical structure (i.e. the correct hydrology and soil
conditions) are recreated, then the remaining biological components of the ecosystem,
including plants and wetland fauna, will be able to establish, which will restore
ecosystem functioning to pre‐disturbance levels. This assumption suggests that the
initial physical conditions at a restoration system are critical to the outcome of the
restoration, including initial soil conditions (Palmer et al. 1997). Several studies have
demonstrated that created and restored wetland soil properties differ in soil
characteristics and patterns of variability from natural wetlands (Zedler and Langis
1991, Shaffer and Ernst 1999, Bruland et al. 2006). These studies suggest that differences
in restored or created wetland soil conditions may limit the ability of these restored
ecosystems to function like their natural counterparts.
In areas where natural wetlands have been degraded or destroyed, restored
wetlands have the ability to improve water quality by performing biogeochemical
transformations, including denitrification (the microbial transformation of nitrate (NO3‐)
to gaseous N2 which permanently removes N from the ecosystem). Particularly in urban
areas where excess N is one of many persistent water quality problems (Paul and Meyer
2001), re‐establishing the ability of restored wetlands to perform denitrification is an
important goal of restoration in order to decrease N pollution. Given that denitrification
is a microbial process that occurs in soils, soil conditions at restored wetlands largely
regulate the ability of a restored wetland to remove excess N. Yet soil conditions and
soil management at restoration sites can differ considerably. Here we examine soil
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conditions at two representative urban restored wetlands to determine if similar soil
properties are driving denitrification potential (DEA). These sites are typical of urban
stream and wetland restoration sites in the southeastern and mid‐Atlantic regions of the
U.S. Both sites are surrounded by some urban development and have high nutrient
loads. One site previously supported houses, while the other was likely cultivated many
decades ago and has since grown secondary forest, but both sites represent the types of
diverse landscapes available for restoration in urban areas. Thus, one purpose of this
study is to examine whether these two typical urban restored wetlands demonstrate
similar relationships between soil properties and denitrification potential.
Soil properties tend to be interrelated suggesting that relationships between soil
variables and soil ecosystem function, such as denitrification, may be quite complex. To
account for the relationships between soils variables, we use structural equation
modeling (SEM) which is a statistical method that allows us to explicitly model the
relationships between variables (correlations as well as direct and indirect effects). The
use of models in restoration ecology has been suggested as a way to describe how a
system behaves and guide restoration efforts (Urban 2006). Particularly important is the
use of an adaptive framework that begins with a conceptual understanding of how an
ecosystem works, but uses conclusions from data‐driven models. SEM allows us to both
pose hypotheses about how systems function and to test them using field data (Grace
2006). This means that SEM models can help us to understand the mechanistic links
between ecosystem structure and function which is the second purpose of this study.
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In SEM “model structure” or “topology” means the pattern of relationships
between variables (correlations and direct relationships between variables), and is often
embodied in a “box and arrow” diagram. In contrast to regression (e.g., general linear
models), which assesses the fit of parameters to a model structure that is presumed to be
appropriate, SEM provides a means to evaluate the structure of the model as well as a
specific parameterization of the model structure using data (see Statistical Methods
section). Importantly, this means that in SEM the model structure itself can be rejected
as inappropriate.
Here we propose a topology for the relationships between soil parameters
meaning we build a structural equation model of our hypothesized relationships
between soil properties and processes which represents our model of “soil ecosystem
structure.” Then using data from both restoration systems, we assess how well this
proposed topology is supported by the data. In this way we are able to ascertain if there
is a similar structure of soil parameters in both systems. By “structure” of soil
parameters we mean the modeled relationships between our soils variables, and not soil
structure as defined by pedologists as the physical arrangement of soil particles and
pore spaces. Thus, using SEM we are able to determine if the same set of relationships
between soil parameters is supported by data from both sites (i.e. whether the two
systems have similar soil ecosystem structure). We are also able to examine the weights
of the soil parameters to determine if the same soil parameters are important in
promoting denitrification in both systems (i.e whether the two systems are functioning
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in the same way). We compare these SEM results to simple linear regressions between
the soil variables and DEA. Thus, we examine the relationships between soil properties
and DEA at two restored wetland ecosystems and we explicitly test whether soil
function follows soil ecosystem structure.

4.2 Hypothesized SEM Structure
4.2.1 Developing the SEM construct model based on the conceptual
model
When we initiated this study, we began with a very simple conceptual model
(Figure 17a) of which soil conditions would impact potential denitrification. We then
developed our hypothesized relationships among soil variables (i.e. SEM model
topology) based on our understanding of how soil processes are related (Figure 17b).
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b

Figure 17: Conceptual Model (a) and Construct Model (b) of how soil properties affect
Denitrification Potential
The conceptual model includes important soil variables that affect denitrification
according a literature review. The construct model further refines the conceptual model
including both direct, causal relationships between variables (depicted as straight, solid
lines), or correlations between variables (depicted as curved, dashed lines).
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The conversion of NO3‐ to N2 gas under anaerobic conditions via denitrification
requires energy, in the form of carbohydrates, and can be seen in the following reaction
(Reddy et al. 1989):

5(CH2O) + 4NO3‐ + 4H+ Æ 5CO2 + 2N2 + 7H2O

Based on this equation, the main driving variables for denitrification are C and
N, as well as moisture (given the reaction is anaerobic). Several studies have determined
that soil C, N, and/or moisture can be limiting factors to denitrification (Groffman 1994,
Groffman and Crawford 2003, Ullah and Zinati 2006, Pinay et al. 2007b). Thus, the
model includes a direct effect between soil NH4+ and NO3‐, organic matter (OM), as well
as moisture, and DEA.
Because denitrification is a microbially‐mediated process, another driving
variable of DEA may be the size and composition of the microbial community. We were
unable to measure the microbial composition in our soil samples, but we measured
microbial biomass carbon which is a common measure of the quantity of living microbes
in a soil (Voroney and Winter 1993). We hypothesize that a larger microbial community
will correlate with greater DEA, thus the model posits that microbial biomass also drives
DEA. In addition, because OM is an energy source for microbes which break down OM
and release some nutrients, we include direct relationships between OM and microbial
biomass, NH4+, and NO3‐.
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Finally, we expect several correlations between soil parameters. First, we
hypothesize that soil moisture will be correlated with OM because (1) when soils are
anaerobic, less decomposition occurs promoting OM formation and retention, and (2) as
soils dry out, OM retains moisture longer than mineral soil (Brady and Weil 1999).
Second, we expect that available NH4+ and NO3‐ are likely to be correlated with moisture
because, as soils are increasingly saturated and oxygen is lacking, there tends to be a
build up of NH4+, while in drier soils there tends to be both NH4+ and NO3‐ present
(Mitsch and Gosselink 2000). Finally, we hypothesize that available NH4+ and NO3‐ are
likely to be correlated with microbial biomass because increasing microbial biomass
means increasing mineralization of organic N to inorganic forms (Brady and Weil 1999).

4.3 Methods
4.3.1 Study Systems
Both study sites are quite typical of the types of urban stream and wetland
restoration projects occurring in the southeastern and mid‐Atlantic regions of the U.S.
The Little Sugar Creek Hidden Valley Ecological Garden Stream and Wetland
Restoration project system is located in Charlotte, NC (35° 05ʹ N, 80° 50ʹ W). The
restoration project included re‐meandering the stream and establishing two types of
adjacent wetlands, wetter “low marsh” areas and drier “high marsh” areas. The soils at
the system were originally Monacan loam and sandy loam soils, but when homes were
built on the system, 2m of fill material was added to the system. As part of the
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restoration, this fill was removed resulting in very disturbed and nutrient poor soils.
Additionally, topsoil and different amounts of organic material (a combination of
topsoil, wood chips and pathogen‐free biosolids from waste water plants) were added to
the system. Then, vegetation was planted in the floodplain including Peltandra virginica
(arrow arum), Pontederia cordata (pickerelweed), Sagittaria latifolia (duck potato), and
Schoenoplectus tabernaemontani (softstem bulrush) (Figure 18a). The project was
completed in July 2004.
The Duke University Stream and Wetland Assessment and Management Park
(SWAMP) is located along Sandy Creek in the Duke Forest in Durham, NC (36° 00ʹ N,
78° 54ʹ W). The restoration project included raising the streambed to reconnect the
floodplain and stream. Soils in this area are primarily Cartecay silt loams and Mayodan
sandy loams. The system is a riparian forested wetland which used to be dominated by
Acer rubrum (red maple), Liriodendron tulipifera (tulip poplar) and Liquidambar styraciflua
(sweet gum). As part of the restoration, the system was planted with a variety of
herbaceous species including Juncus effusus (soft rush), Vernonia noveboracensis
(ironweed), and Eupatorium fistulosum (joe‐pye weed) (Figure 18b). The project was
completed March 2005.
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b

Figure 18: Charlotte, N.C. (a) and Duke Forest, Durham, N.C. (b) restored wetland
field systems.

The soil conditions at these two systems are representative of the types of soil
conditions that exist after restoration activities (i.e. include grading, topsoil removal,
and/or soil compaction). The differences in soil conditions at the two sites allowed us to
test whether there are soil variables that can predict denitrification rates even when
land‐use histories and restoration techniques differ between systems (soil property
summary statistics in Table 11).

4.3.2 Soil Sampling
Soil samples were collected in 2005 and 2006. Samples were collected in
September of each year at the Charlotte site and were collected at the Duke Forest site in
mid‐summer and early fall 2005 and early, mid‐summer, and early fall 2006. Samples
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were collected using a piston corer and plastic sleeves from the upper 15 cm of each plot.
These samples were stored on ice during transport and at 4 °C in the lab.
Each core was sieved through a No. 4 (4.75 mm) sieve prior to analysis. A sub‐
sample of each soil was oven dried at 105°C for 24 hours to determine the moisture
content. A sub‐sample of this dried soil was then used to determine percentage soil OM
by loss on ignition at 450°C. Two separate 3 g field‐moist replicate sub‐samples were
analyzed for 2M KCl extractable nitrate + nitrite (NO3‐N) and ammonium (NH4‐N).
Microbial biomass carbon (MB) was measured using four 5 g subsamples of wet soil and
a slightly modified version of the Voroney and Winters (1993) chloroform incubation
technique. Chloroform (0.5 mL) was applied to cotton balls in the headspace of the
fumigated sample containers and the samples incubated for 7 days in the dark before
they were extracted with 0.5 M K2SO4. Non‐fumigated samples were extracted
immediately. Control and fumigated samples were analyzed for Total Organic Carbon
(TOC), and MB was calculated for each sample as the difference between the fumigated
and control values of TOC.
Denitrification Enzyme Assay (DEA) (Smith and Tiedje 1979, Groffman et al.
1999) measures potential denitrification; C and N are supplied in excess and the
incubation is carried out under anaerobic conditions such that the N2 gas produced is
only a function of the level of enzyme in the sample. In the lab, duplicate 5 g samples of
homogenized, field‐moist soil were weighed into 125 mL incubation flasks. Soil samples
were amended with a solution of dextrose and KNO3 to ensure non‐limiting substrate
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conditions and chloramphenicol to inhibit protein synthesis. The slurries were made
anaerobic with repeated flushing with N2 gas. Flasks were injected with 10 mL of
acetylene to inhibit N2 production and placed on an orbital shaker. Gas samples were
collected at 30, 60, and 90 minutes and analyzed on a Shimadzu GC‐17A gas
chromatograph. Rates of potential denitrification were not always linear across the
incubation, so to represent accurately the maximum DEA of each soil, we selected the
highest rate of N2O production during the incubation. We measured either the rate at
T30, twice the half‐hourly rate measured between T60‐T30 or T90‐T60, or the hourly rate
measured between T90‐T30. We could not double T30 rates because the flasks had often
been anaerobic for some variable amount of time (0‐30 minutes) prior to having the
acetylene block added during which N2O could have been produced naturally. As a
result, T30 estimates are conservative estimates of microbial community activity. Thus
the maximum rate of denitrification was indicative of the level of the denitrifying
enzyme present in the soil and was the best way to compare denitrification potential
across systems (Groffman, P., February, 2007, personal communication).

4.3.3 Statistical Methods
4.3.3.1 Exploratory Data Analysis
We performed simple linear regressions to begin exploring the relationships
between each soil variables and DEA. We anticipated that soil variables would be
correlated to each other, therefore we used regression analysis to confirm some of the
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major relationships between variables, but proceeded to examine the complexity of these
relationships in more detail using SEM.

4.3.3.2 Structural Equation Modeling
SEM offers a means of developing and evaluating hypotheses about multivariate
relationships, or variables that simultaneously influence and respond to each other
(Grace 2006). SEM enables us to combine a series of equations, explaining how a system
works, into one model which is represented by a box and arrow diagram (i.e. the
structure or topology of the model). In this way, SEM is an a priori statistical technique
meaning existing knowledge of the system structure and research questions of interest
form the framework for the initial model development. This hypothesized model or the
construct model (Grace 2006), is tested against the covariance matrix of the actual data
(Kline 1998). Thus SEM is confirmatory in that the proposed model is evaluated to see if
the data support it.

The null hypothesis that represents the basic process of SEM is

Ho: Σ = Σ (θ)

where Σ is the sample covariance matrix of observed variables, θ is a vector that
contains the model parameters, and Σ (θ) is the covariance structure of the
model. In SEM, a non‐significant p‐value for the proposed model is desired because
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this means that the model structure and the data structure do not differ significantly,
hence the proposed model is a plausible representation of the relationships between
variables. However, a non‐significant p‐value does not mean that the model is the only,
or even the best, representation of the data; it means it is one plausible representation of
the data. To examine how well the model fits the data, Kline (1998) suggests using a
minimum of four widely used indexes of model fit including chi‐square, Comparative
Fit Index (CFI), Tucker‐Lewis Index (TLI), and Root Mean Square Error of
Approximation (RMSEA). A significant chi‐square statistic (p‐value < 0.05) indicates
that the data do not support the proposed model. The three other indices are reported
to assess the closeness of fit. Good models have a CFI and TLI > 0.9 and a RMSEA <0.1.
Once a non‐significant model is found that is considered ecologically plausible, the
modeled relationships (direct and indirect) between variables can be examined using
parameter estimates which are tested for significance using z statistics. Non‐significant
relationships remain in the model, however, because they are part of the model
structure.
It is common that the fit between the data and the initial construct model are not
adequate, meaning the data are not consistent with the expectations of the model as
proposed (Grace 2006). When this occurs, the next step in the SEM process is to
reformulate the model relationships and then reanalyze the new structure. Often, parts
of the model have good fit with the data while other parts have poor fit. Modification
indexes, which calculate the expected change in the model fit chi‐square if the suggested
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relationship is included in the model, are useful for suggesting parts of the model where
the most improvement in fit is possible, resulting in a refined model. When possible, the
next phase of the SEM process is to collect more independent data to assess the causal
relationships in the new revised model (Grace 2006).

4.3.3.3 Missing Data in SEM
Until recently, the only way to deal with missing values in SEM was with
listwise or pairwise deletion, where any rows of correlated data with missing values on
one or more of the variables was eliminated from the analysis. Now it is possible to use
data estimation techniques when there are missing data; the preferred method of
estimation is the Full Information Maximum Likelihood (FIML). FIML estimates a
likelihood function using all the available data points enabling cases with missing data
to still be included in the model (Arbuckle 1996). We used Amos 5.0.1 with FIML to
estimate missing values in our microbial biomass data at the Charlotte system (Arbuckle
1995).

4.4 Results
4.4.1 Soil properties
The analysis of soil properties at both restored systems demonstrated that the
means of all soil properties, except microbial biomass, differed significantly (p‐
value<0.01) in both systems (Table 11). Average soil organic matter (OM) was 1.5x
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higher in the Duke Forest system. The Duke Forest system also had over double the
NH4+, almost 8x as much NO3‐, and over 2.5x the DEA as the Charlotte system.
Microbial biomass did not differ between the two systems.

Table 11: Comparison of soil properties at the Charlotte and Duke Forest wetland
restoration systems
Charlotte System

Mean
(+/‐ 1 SD)
Min
Max

OM
(%)

Moisture
(%)

NH4+
(ug g‐1 soil)

NO3‐
(ug g‐1 soil)

7.36*
(2.59)
2.57
16.26

26.1*
(16.5)
3.81
75.44

5.35*
(10.59)
0.089
61.06

3.18*
(12.22)
0.009
90.06

Microbial
biomass
(ug g‐1 soil)
418.98
(160.97)
80.43
816.38

DEA
(ng N g‐1
soil hr‐1)
195.97*
(251.63)
1.05
1308.32

Duke Forest System
DEA
NH4+
NO3‐
Microbial
‐1
‐1
biomass
(ng N g ‐1
(ug g
(ug g soil)
soil)
soil hr1)
(ug g‐1 soil)
Mean
11.00*
30.55*
12.15*
17.08*
462.83
541.75*
(+/‐ 1 SD)
(11.58)
(22.35)
(211.65)
(1.83)
(7.68)
(1066.89)
Min
6.51
16.92
0.016
0.03
17.37
0.81
Max
19.15
64.66
85.83
261.48
1107.98
6530.91
DEA = denitrification enzyme assay which is a measure of denitrification potential
* = significant difference in the parameter between the two systems (α < 0.01)
OM
(%)

Moisture
(%)

Means of all soil properties, except microbial biomass, differed significantly at both
systems using two‐sample t‐test assuming unequal variances.
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4.4.2 Linear regressions
The linear regression results suggested DEA was significantly, positively related
to organic matter and NH4+ at both sites (Figure 19a, b). Additionally, at the Duke Forest
site, NO3‐, moisture, and MB were also positively correlated with DEA (Figure 19c, d,
and e).
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Figure 19: Log linear regressions of soils variables with DEA at the Charlotte (gray
dots) and Duke Forest (black dots) sites
DEA and (a) organic matter, (b) NH4+, (c) NO3‐, (d) moisture, and (e) microbial biomass.
Only significant (α= 0.05) regressions are shown.

132

4.4.3 Soil Property Correlations
The Spearman correlations between all the soils variables within the Charlotte or
Duke Forest site demonstrate that most soils variables were strongly correlated with at
least one other variable (Table 12). The exceptions were NO3‐ and MB at the Charlotte
site, which were not significantly correlated with any of the soils variables.

Table 12: Spearman’s correlations for the Charlotte and Duke Forest soils properties
Charlotte
Variable
BD
OM
Moisture
NH4
NO3
MB

BD
‐
‐0.72***
‐0.73***
‐0.40***
‐0.27
0.0001

Duke Forest
BD
‐
OM
‐0.50***
Moisture
‐0.71***
NH4
‐0.30***
NO3
‐0.36***
MB
‐0.22**
*** P < 0.0001; ** P < 0.001; † P < 0.1

OM
‐
‐
0.70***
0.39***
0.45
0.13

Moisture
‐
‐
‐
0.39***
0.16†
‐0.46

NH4
‐
‐
‐
‐
0.14
‐0.03

NO3
‐
‐
‐
‐
‐
0.23

‐
‐
0.46***
0.22***
0.38***
0.44***

‐
‐
‐
0.26†
0.38***
0.29**

‐
‐
‐
‐
‐0.04
0.51***

‐
‐
‐
‐
‐
0.03***

4.4.4 Test of the SEM construct model
When we tested our construct model (Figure 18b), many of the major
relationships we proposed were supported by the data from both systems, but the
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model had a significant p‐value, which means that the data structure did not adequately
fit the proposed model conceptualization. Thus we began to revise the construct model.

4.4.5 Revising the SEM construct model
Examining the modification indexes, we refined our model. First, we removed
the direct relationship between MB and DEA because this measure of the microbial
community, which does not separate out denitrifying microbes from all others, was not
a good predictor of DEA. However, we did not remove MB altogether because,
especially in the Duke Forest model, the relationships between MB and NO3‐ and NH4+
were supported by the data and, thus, were important in explaining the relationships
between soil parameters.
Second, we removed the direct relationships we proposed between OM and
NH4+ and NO3‐ and replaced them with correlations. Microbes break down OM and
release NH4+ and NO3‐, but this process occurs over time and we did not sample
frequently enough to capture this change through time. Thus correlations of these
variables improved the model. Third, we changed the correlation between NO3‐ and
microbial biomass to a direct relationship. Given microbes need nitrogen to make
enzymes and grow, this direct relationship is reasonable. Finally, we added a correlation
between NH4+ and NO3‐. N is continually cycling between NH4+, NO3‐, and organic N.
But the form of inorganic N is sensitive to the oxidation status of the soil, which is
especially important in wetlands where ammonification of organic N to NH4+ can take
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place under both anaerobic and aerobic conditions (nitrification is strictly aerobic).
Hence, levels of NO3‐ and NH4+ are likely to be correlated, positively in aerobic, drier
soils and negatively in wetter soils.

4.4.6 Test of the revised SEM model
Next we analyzed the revised model, using Charlotte and Duke Forest data, and
determined that the revised model had good fit in both systems (Charlotte Model chi‐
square p‐values = 0.817, CFI = 1, TLI = 1.15, and RMSEA = 0, and Duke Forest Model chi‐
square p‐value = 0.477, CFI = 1, TLI = 1.01, and RMSEA = 0). Thus, the revised model
represented the simplest, most parsimonious model we could fit to both wetlands
(Figure 20).
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Figure 20: Revised model and model results for both systems
Model results for (a) the Charlotte system, and (b) the Duke Forest system, showing the
same model topology (structure) for both. The significant parameters (p‐value<0.05) in
each model are in bold and have path coefficients while the non‐significant parameters
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are gray without path coefficients. Both models have good fit as shown by the non‐
significant χ2 (Chi‐squared test statistic) and model p‐value; p‐values > 0.05 indicate the
model structure and the data structure do not differ. All variables were log transformed
for the analysis. Direct paths are solid, straight lines while correlations are curved,
dashed lines. Path coefficients are unstandardized to facilitate the comparison of path
coefficients between the two systems. (Note: This means that path coefficients for
different variables in the same model are not on the same scale). The width of the arrows
for the direct paths indicates each parameter’s relative importance with thicker lines
being parameters with a greater influence on denitrification potential or microbial
biomass. The values in rectangles are the r2 values for those dependent variables. In the
Charlotte model (a), the significant factors controlling Denitrification Potential are
Organic Matter and Moisture. In the Duke Forest model (b) the significant factors
controlling Denitrification Potential are Organic Matter, NO3‐, and NH4+.

4.4.7 Charlotte and Duke Forest SEM model results
In the final Charlotte model the only direct paths that were statistically
significant (α = 0.05) were those from OM and moisture to DEA (Figure 20a).
Considering the covariances (the curved arrows in Figure 20a), the four significant paths
were OM and moisture, OM and NH4+, moisture and NH4+, and NH4+ and MB. The
model explains 39.2% of the variability in DEA, but only 0.7% of the variability in MB.
However, we were not seeking to explain the soil predictors of MB, so the small R2 is not
a concern.
In the final Duke Forest model (Figure 20b) all direct paths were significant
except the path between moisture and DEA. The four significant correlations were NO3‐
and moisture, moisture and OM, OM and NO3‐, and NH4+ and MB. The model explains
39.5% of the variability in DEA and 11% of the variability in MB.
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4.5 Discussion
Denitrification is one of the main mechanisms by which wetlands remove N (Hill
1996). This process is particularly important in riparian wetlands since removal of NO3‐
before it enters aquatic ecosystems can protect water quality and prevent downstream
eutrophication (Gilliam 1994, Groffman and Crawford 2003). Therefore, restoring
denitrification is a common goal of riparian wetland restoration projects particularly in
urban areas where high levels of N pollution lead to decreases in water quality.
The purpose of this study was two‐fold. One goal was to examine the
relationships between soil properties and denitrification potential at two restored
wetlands to determine if there were similar soil relationships even though the two
restored wetlands had different land‐use histories, restoration design, and plant
communities. Because the same SEM model structure was supported by data from both
sites, we determined that both sites demonstrated the same general relationships
between soil variables despite site differences. A second goal was to examine whether
the soil ecosystems at both sites were functioning in a similar manner. We concluded
that the soil ecosystems at each site were not functioning in the same way because,
although organic matter was an important driver of denitrification potential at both
sites, the other important drivers of denitrification at each site differed.
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4.5.1 Different results from the linear regression and SEM
A traditional regression approach is a useful method of initially examining the
relationships between variables. Nevertheless, we can improve our understanding of
the importance of each predictor variable when using a statistical technique, such as
SEM, that accounts for the correlations and relationships between variables. For
example, when we compare the regression results (Figure 19) to those from the SEM
(Figure 20), there are some similarities such as the strong relationship between soil OM
and DEA, but there are three important differences. First, at the Charlotte site, NH4+ has
a significant relationship with DEA (Figure 19b) whereas in the SEM, there is no
significant relationship (Figure 20a). Second, in the regression results at Charlotte,
moisture is not a significant predictor of DEA and the general trend in the relationship
appears to be positive (Figure 19d), while the SEM results indicate that moisture and
DEA are significantly and negatively related. Finally, at the Duke Forest site, moisture
and DEA show a significant relationship in the regressions (Figure 19d) but in the SEM
the relationship is not significant (Figure 20b).
The main difference between the regression statistical models and the SEM is
that the SEM model structure takes into account the correlations between the soils
variables. Examining the correlations between all the soils variables (Table 12), we
found that most of the soils variables were strongly correlated with at least one other
variable, except NO3‐ and MB at the Charlotte site, which were not significantly
correlated with any of the soils variables. These correlations help explain the different
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results between the regressions and SEM. For example, the fact that we found a positive
relationship between NH4+ and DEA at the Charlotte site in the regression but did not
find this relationship in the SEM is likely because NH4+ and OM are significantly,
positively correlated. Similarly, moisture and OM are significantly, positively
correlated, which likely explains why we found a significant relationship between
moisture and DEA at the Duke Forest site in the regression results, but not in the SEM.
These results suggest that for data that are complex (i.e. correlations between variables
are likely to exist) it may be important to use statistical models, such as SEM, that
account for correlations between variables as well as direct and indirect relationships so
that we do not mistake spurious significant relationships for potential causative
interactions.

4.5.2 One SEM structure for both systems
Based on our SEM results, we can examine the relationships between ecosystem
structure and function at these two restored wetlands. Given that average soil
conditions in each wetland were different except for microbial biomass (Table 11), one
might predict that the system differences would result in different relationships between
soil variables (meaning different SEM model structures) for each system. But we found
that identical model structure was supported by data from both wetland sites. This
result suggests that general relationships between soil properties and processes persist
even when restored wetland soil conditions differ between systems. The fact that the
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same model structure was supported by data from both systems suggests that this
topology is robust across different wetlands. It is important to note, however, that
because we had to modify the construct model in order to have the model structure
match the data structure, the revised model was no longer an a priori test of a
hypothesized set of relationships. The revised model now represents a refined
hypothesis based on the data which is exploratory and can serve as the basis for future
data collection and modeling (Grace 2006). Nevertheless, results from these two
wetlands, which differed in land‐use histories, restoration design, and plant
communities, suggest the general relationships between soil parameters (i.e. the soil
ecosystem structure as represented by the model) in both systems are similar.

4.5.3 Different functional relationships in each system
To examine the functioning of the soil ecosystem in each system, we compared
the individual parameters within each model. A visual inspection of the significant
pathways in the Charlotte and Duke Forest models (Figure 20a and 20b) suggests that
the significant pathways were not the same at each site. The only direct path that was
significant in both models is the relationship between DEA and OM. Thus, in both
models, increased OM increased DEA. This result is similar to other studies supporting
the importance of soil carbon to denitrification (Groffman 1994, Groffman and Crawford
2003, Hill and Cardaci 2004), and is particularly interesting given that an important
component of the Charlotte restoration focused on improving soil conditions by adding
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OM in the form of compost. The SEM results demonstrate that, even though after
restoration average OM levels were still lower in the Charlotte versus the Duke Forest
system, the OM additions at the Charlotte wetland were critical for promoting DEA.
Hence, the enhancement of soil OM was a key component of the Charlotte restoration
design and improved the ability of the wetland to perform nutrient transformations.
The remaining significant direct paths to DEA were different between the two
models. In the Charlotte model, the only additional significant path to DEA was
moisture and this path was negative meaning an increase in moisture decreased DEA.
This negative effect of moisture seems somewhat counterintuitive, but relates to
hydrology in the Charlotte system. We sampled from both the high marsh and low
marsh systems at Charlotte and found some of the highest rates of DEA in the high
marsh systems even though the soils were fairly dry, which would suggest that
denitrification in the field would have been low. Thus the denitrifying microbes, when
given the perfect conditions, became active quickly, however, we do not know why rates
were higher in the high marsh systems. It is possible that different microbial
communities (exhibiting different activity levels) exist in the high and low marsh
communities. In contrast, in the Duke Forest model, DEA was significantly affected by
both NH 4+ and NO3‐ suggesting that soil N had a more important role in this system than
soil moisture. Thus we found that in addition to OM, either soil moisture or soil N
could influence DEA in each system. Other studies have also found that DEA was
influenced by soil moisture levels (Groffman and Crawford 2003) or soil N (Groffman
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1994, Ettema et al. 1999, Lowrance and Hubbard 2001). Because different factors were
important in each system, this suggests that the controls of DEA differ in each wetland.
The coefficient differences between pathways in each system suggest that the soil
ecosystems are functioning differently in each wetland. Thus, even though the same
general soil relationships were supported by data from each system (i.e. the ecosystems
have similar relationships between soil variables), the relationships that were the most
important in each system were very different (i.e. the systems are not functioning in the
same way). This suggests that function does not directly follow structure, and hence the
structuralist paradigm which assumes that if you restore structure function will follow,
may not be appropriate in a wetland restoration context.

4.6 Conclusions and recommendations
When working with complex environmental data, such as soils data, a statistical
technique such as SEM is likely to better represent the relationships between variables
because it allows us to explicitly model correlations between variables. SEM also
enabled us to test our a priori understanding of how soil conditions are related to
denitrification potential and then refine these ideas based on data. We determined that
the same model structure of soil relationships was supported by data from two different,
but typical, urban restored wetlands. Because our revised model is supported by data
from these two distinct field systems, we are more confident that these results suggest a
general framework for understanding soil controls of denitrification potential. Most of
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the relationships between soil parameters differed in both systems, however, suggesting
that these systems are functioning differently. Hence, similar soil ecosystem structure
does not necessarily lead to similar soil ecosystem function. This result has important
implications for our understanding of how ecosystems function, but also to the field of
restoration ecology. It is critical not to assume that designing restoration projects to
restore ecosystem structure will result in the restoration of ecosystem function. Instead
we must monitor restoration systems to determine if function is restored and consider
taking additional management steps to improve function post‐restoration, as necessary.

144

5. Conclusions
This dissertation provides new insights into how wetland ecosystems develop
post‐restoration and the importance of site management decisions at restoration sites. I
demonstrate that project design choices such as whether to add organic compost
amendments to a site, or which wetland species and how many species to plant, have
significant implications for the restoration of ecosystem function. Studies such as this
reveal that most, if not all, management decisions about a restoration project can impact
the final effectiveness of a restoration; therefore, it is very important to design a
restoration project well. To do this, it is absolutely critical to identify the potential
limiting factors at a restoration site pre‐restoration and then appropriately mitigate these
limitations as part of the restoration. It is also important to recognize that active
management post‐restoration will likely be necessary to deal with unanticipated
challenges. Given the continued human‐induced change and damage to natural
ecosystems, the need for effective ecosystem restoration is not likely to decrease in the
coming decades (Hobbs and Harris 2001). I hope that readers of this dissertation come
away with an understanding of the challenges and limitations of ecosystem restoration,
but also the absolute necessity of the continued study of restoration ecology and how
ecosystems work, so that we can improve future restoration efforts.

145

5.1 Summary of Results
This dissertation examined how soil amendments and planted herbaceous
species diversity affected the restoration of ecosystem functions in wetlands, specifically
denitrification potential, and plant biomass or biomass N. To address the challenges of
studying the complex relationships between plants, soils, microbes, and nutrient cycling,
I combined greenhouse studies of plant physiology with field studies of soil processes
and plant community dynamics to address questions that intersect biogeochemistry,
ecosystem ecology, and restoration.
Global biodiversity loss has prompted much research on the relationship between
species diversity and ecosystem functioning. One remaining question is whether species
diversity or species traits are more important drivers of ecosystem functions. To address
this question, in Chapter 2, I examined the effects of species trait diversity (functional
diversity, FD) versus average plant traits on ecosystem function in a restored wetland.
My work extended the biodiversity and ecosystem function (BEF) research concept and
examined how plant trait diversity (functional diversity, FD), calculated as a
multivariate measure of plant trait diversity, related to nitrogen (N) cycling in wetlands.
I studied two ecosystem functions that temporarily or permanently remove N from
wetland soils: biomass N and denitrification potential (DEA). I demonstrated that plant
trait diversity (FD) does not have a significant influence on either ecosystem function,
although there was some evidence of a weak, positive effect of FD on DEA. Instead
average plant traits and environmental conditions have stronger influences on both
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ecosystem functions. Specifically, leaf area distribution ratio (LADR) and water use
efficiency (WUE), had strong negative effects on biomass N, while soil inorganic N had a
positive effect. For DEA, two plant traits had positive effects on DEA, aboveground
biomass and aboveground biomass C:N ratio; two traits, belowground biomass C:N
ratio and root porosity, had negative effects. Soil inorganic N and soil organic matter
also had positive effects on DEA. These results suggest that in the riparian wetland in
Duke Forest, FD is less important to predicting the restoration of wetland ecosystem
function than the existing soil conditions and average plant trait values. Nevertheless,
based on the results of a Principal Components Analysis, biomass N was maximized by
traits that only minimally coincided with the traits leading to high DEA, suggesting that
it is unlikely that the same plants can maximize both ecosystem functions. Therefore, I
concluded that plant trait diversity in restored riparian wetlands is likely to be
important in order to provide the conditions necessary to maximize multiple ecosystem
functions simultaneously.
Chapter 3 describes my research examining how soil organic matter (OM)
amendments impacted soil conditions and plant community development. Low soil
organic matter levels can limit plant establishment and growth, as well as nutrient
cycling in restored wetlands. I examined how the addition of different amounts of
compost at a restoration site in Charlotte, NC, affected the development of soil
properties and processes, as well as plant growth and diversity. I determined that
compost amendments positively influence some soil properties (including soil available
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N, phosphorus, microbial biomass, and soil moisture) and some ecosystem functions
including nutrient cycling (specifically denitrification potential). Plant biomass and
species richness, on the other hand, were not consistently affected by soil organic matter
levels in the first three years post‐restoration. In addition, leaf %N increased with
increasing organic matter for two of four species while the other two species showed no
relationship. Thus, I concluded that organic compost amendments can improve soil
properties and processes, but may have limited early impacts on plant communities.
The objective of Chapter 4 was to test the assumption that the restoration of
ecosystem structure will also restore ecosystem function which is one of the dominant
paradigms of wetland restoration practice. I tested this assumption by examining (1)
whether two wetland restoration systems had similar general relationships between
soils variables (i.e. soil ecosystem structure), and (2) whether the importance of each soil
relationship was the same at both systems (i.e. soil function).

I used structural equation

modeling to pose hypotheses about how systems function and tested these hypotheses
using field data. I examined whether similar soil processes drive denitrification
potential (DEA) at two typical, urban restored wetlands in the Piedmont of N.C. I
determined that the same model structure of soil relationships was supported by data
from these two distinct systems (that is, the two systems had similar soil ecosystem
structure). At both systems higher soil organic matter was the most important predictor
of higher DEA; however, most of the other relationships between soils variables were
different in each system which suggests that the two systems were not functioning in the
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same way. I concluded that restoring similar soil ecosystem structure at these two sites
did not necessarily result in the restoration of similar ecosystem functioning at each site.

5.2 Future Directions
5.2.1 Future Directions for My Personal Research
Based on my doctoral research experience, I am interested in further developing
my understanding of the interactions between plant and soil communities and how the
dynamic nature of these interactions affects ecosystem function. In my dissertation I
determined that plant traits, in particular plant root porosity, aboveground biomass, and
carbon quality (C:N ratio) of above and belowground plant inputs, have an important
influence on denitrification potential (Chapter 2). These results suggest that microbial
activity is influenced by the presence of plants, and more specifically, by particular plant
species or traits. I am interested in continuing to examine the relationships between
plants and microbial processes in wetlands and I am hoping to expand my focus beyond
nitrogen to potentially include carbon, iron, and sulfate dynamics as well.
A key component to improve our understanding of the relationship between
plants and microbial activity is to understand not just the microbial process rates, but
also which microbes are actively contributing to the process. Based on my doctoral
research I have found that changes in total microbial biomass are weakly correlated to
changes in DEA but do not explain fully the observed differences in DEA. This suggests
that changes in DEA rates are due to shifts in the denitrifier community, either a change
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in what is present/active, or how many denitrifiers are present/active. But the coarse
measure of microbial biomass is not sufficient to capture changes in the denitrifier
population. Based on these results, I think understanding which microbes are
performing the process of interest is key to understanding what drives the process and
what causes changes in process rates through time. In future research I would like to
collaborate with microbial ecologists in order to measure both process rates and
microbial community composition in order to improve our understanding of how
changes in the active microbial community may be driving changes in process rates.

A second key to understanding the relationship between plants and microbial
activity is to determine how changes in plant inputs to soil ecosystems may impact the
microbial community. If resources (such as labile C) or soil conditions (such as O2
levels) are limiting microbial activity, then plant dynamics are likely to play an
important role in driving microbial competition and activity. In my dissertation
research, I attempted to measure radial oxygen loss (ROL) to understand how plant
roots could be affecting the O2 status of wetland soils. Due to logistical and technical
issues, I did not complete my measurements of this particular plant trait. But I hope in
future research to be able to measure how plants affect the soil ecosystem directly.

Some of my most rewarding research experiences in my doctoral work were
based on good collaborations with people with different expertise than I (see
Acknowledgements). Therefore, another goal I have for my future research is to
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participate in more scientific collaborations. I think that collaborations offer exciting
opportunities to develop interesting scientific questions that may be too complex for one
person to answer (for example, Chapter 2), but that two or more people can answer if
they work on it together. It is also very personally stimulating to work jointly on a
project with others, sharing ideas and hypotheses.

Finally, it continues to be important to me that my scientific research addresses
fundamental ecological questions of interest while also helping to solve real world
questions or problems. This does not mean that I intend to focus solely on restoration
research, but it does mean that when I am developing research questions I will be
thinking about how the answers to those questions might be useful to restoration
practitioners and/or policy‐makers. Applied ecology that answers questions about how
changes in environmental conditions will affect ecosystem functioning and ecosystem
services is critically needed as we face the challenges of global climate change as well as
continued ecosystem degradation and species loss.

5.2.2 Future Directions for Restoration Ecology
Although ecological restoration has been practiced for several decades (since
approximately the 1930s), it has only been more recently in the past two decades that the
science of restoration ecology has become a strong academic science (Young et al. 2005).
Therefore, restoration practitioners and restoration ecologists still have a great deal to
learn about how to restore ecosystems so that they function like natural ecosystems.
151

One issue that should be addressed in future research is the often valid critique that
restoration only deals with the symptoms of the problem and not the actual causes
(Hobbs and Harris 2001). I think this is particularly important for stream and wetland
restoration where surrounding land‐use changes, such as urbanization, are often a
considerable part of the reason why the ecosystem has become degraded. If we do not
address these land‐use changes, full restoration of sustainable ecosystems may never be
possible.
It is also very important to revisit the criteria by which we judge a project to be
successful and the length of time within which we evaluate the effectiveness of a
restoration. For most wetland projects, there is a 5‐year monitoring period which is only
extended an additional year or two if the vegetative and hydrologic criteria for a
successful restoration are not met in the first five years. We do not currently require any
monitoring of other ecosystem functions. And yet, for many ecosystem functions,
particularly soil functions such as nutrient cycling, the appropriate conditions may not
develop in 5 years. Thus there is a considerable need to re‐evaluate the parameters by
which we judge the effectiveness of a project and the timeline within which we expect
those parameters to develop. It is very likely that to restore an ecosystem to levels of
function that are more like natural ecosystems, we will need at least 10‐20 years if not
more (Mitsch and Wilson 1996, Simenstad and Thom 1996, Craft et al. 1999, Craft et al.
2002). It is also important to recognize that ecosystems are dynamic systems, thus, goals
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for restoration must not be static, but should be based on the desired characteristics for
the system in the future (Hobbs and Harris 2001).
There are many other directions that restoration ecology research will need to
pursue including (1) the importance of landscape context for restoration site selection
and project design, (2) the importance of genetic diversity, species diversity, and trophic
interactions in restoring ecosystems, and (3) how best to restore ecosystems in the face of
climate change. There is no doubt in my mind that ecology can and must inform future
restoration practices, but it is important to recognize that tensions do arise between the
goals of academic research and the practical constraints of implementing restoration
projects. To help address these tensions, there is a need for greater integration and
communication between academic scientists and restoration practitioners (Allen et al.
1997, Young et al. 2005).
In the face of continued ecosystem change, there is an increasing need to
integrate science, practice, and policy (Hobbs and Harris 2001). The field of restoration
ecology is uniquely poised to achieve this integration given the applied nature of
restoration and the often necessary collaboration between practitioners and scientists.
However, it is also important to recognize that restoration activities should be viewed
within a broader context that includes sustainable land‐use and conservation (Hobbs
and Harris 2001). Restoration is an important tool to restore ecosystem functioning
where possible, but it should not be used as a panacea justifying further degradation of
fully‐functioning natural ecosystems. As Hobbs and Harris (2001) so aptly put it,
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“…there is not substitute for preserving good quality habitat.” Nevertheless in cases
where there are few natural habitats remaining, restoration can be used to increase
habitat and help meet conservation goals (Young 2000). Thus, restoration is likely to be
an increasingly critical tool, and restoration ecology one of the most important fields, as
we face the challenges in the remainder of this century (Hobbs and Harris 2001). I am
eager to be part of the discoveries about ecology and ecosystems we uncover along the
way as the field of restoration ecology continues to develop.
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Appendix A: Charlotte Plant Species 2004-2006
Plot
C1

Marsh
High

2004
Asclepias incarnata
Coreopsis tinctoria
Cyperus esculentus
Digitaria ciliaris
Eleocharis obtusa
Ipomoea lacunosa
Ipomoea purpurea
Ludwigia palustris
Panicum virgatum
Paspalum dilatatum
Populus deltoides
Setaria parviflora
Sida spinosa

C1

Low

2005
Acer rubrum
Carex baileyi
Conyza canadensis var.
canadensis
Conyza canadensis var.
pusilla
Cyperus strigosus
Diodia virginiana
Elymus virginicus
Erechtites hieraciifolia
Ipomoea purpurea
Juncus acuminatus
Juncus effusus
Lobelia cardinalis
Ludwigia decurrens
Mimulus ringens
Panicum virgatum
Paspalum dilatatum
Polygonum caespitosum
var. longisetum
Scirpus cyperinus
Sida spinosa
Ulmus alata

Acorus calamus
Cyperus esculentus
Lemna perpusilla

Acorus calamus
Digitaria ciliaris
Landoltia punctata

Sagittaria latifolia
Schoenoplectus
tabernaemontani

Lemna perpusilla
Ludwigia palustris
Paspalum dilatatum
Sagittaria latifolia
Scirpus cyperinus
Sparganium americanum
Wolffia brasiliensis
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2006
Acer negundo
Acer rubrum
Carex lurida
Conyza canadensis
var. canadensis
Conyza canadensis
var. pusilla
Cyperus strigosus
Diodia virginiana
Elymus virginicus
Erechtites hieraciifolia
Eupatorium fistulosum
Ipomoea purpurea
Juncus effusus
Liquidambar styraciflua
Oxalis stricta
Panicum virgatum
Paspalum dilatatum
Scirpus cyperinus
Solidago altissima
Ulmus alata

Acorus calamus
Eleocharis obtusa
Ludwigia decurrens
Panicum
dichotomiflorum
Peltandra virginica
Polygonum
caespitosum var.
longisetum
Polygonum
pensylvanicum
Pontederia cordata
Sagittaria latifolia
Scirpus cyperinus
Lemna perpusilla
Landoltia punctata
Wolffia brasiliensis

C2

High

Cynodon dactylon
Cyperus erythrorhizos
Cyperus esculentus
Cyperus strigosus
Diodia virginiana
Eleocharis obtusa
Lindernia dubia
Ludwigia octovalvis
Ludwigia palustris
Panicum virgatum
Paspalum dilatatum

Asclepias incarnata
Chamaesyce maculata
Eclipta prostrata
Eleocharis obtusa
Ipomoea lacunosa
Juncus acuminatus
Juncus dichotomus
Juncus effusus
Panicum dichotomiflorum
Paspalum dilatatum
Polygonum pensylvanicum

Stellaria media
Scirpus cyperinus
Symphyotrichum pilosum

C2

Low

Cyperus esculentus
Eleocharis obtusa
Lindernia dubia
Ludwigia palustris
Panicum virgatum

Cyperus iria
Eleocharis obtusa
Juncus effusus
Lindernia dubia
Ludwigia decurrens

Paspalum dilatatum

Panicum virgatum

Peltandra virginica
Sagittaria latifolia

Paspalum dilatatum
Polygonum punctatum
Pontederia cordata
Rotala ramosior
Sagittaria latifolia

Acer negundo
Carex sp 1
Carex sp 2
Chamaesyce maculata
Juncus effusus
Juncus tenuis
Liquidambar styraciflua
Modiola caroliniana
Panicum virgatum
Paspalum dilatatum
Populus deltoides
Pseudognaphalium
obtusifolium
Sabatia angularis
Scirpus cyperinus
Sisyrinchium
angustifolium
Solidago altissima
Toxicodendron
radicans
Ulmus alata
Diodia virginiana
Erechtites hieraciifolia
Liquidambar styraciflua
Ludwigia octavalvis
Ludwigia palustris
Panicum
dichotomiflorum
Polygonum
caespitosum var.
longisetum
Polygonum setaceum
Populus deltoides
Rotala ramosior
Sagittaria latifolia

C3

High

Asclepias incarnata
Digitaria ciliaris
Panicum virgatum
Paspalum dilatatum

Acalypha rhomboidea
Bidens frondosa
Digitaria ciliaris
Elymus virginicus
Erechtites hieraciifolia
Euonymus americana
Panicum virgatum
Paspalum dilatatum
Polygonum pensylvanicum

Acalypha rhomboidea
Bidens frondosa
Erechtites hieraciifolia
Euonymus alatus
Lactuca serriola
Liquidambar styraciflua
Oxalis stricta
Panicum virgatum
Paspalum dilatatum
Rubus argutus

C3

Low

Acorus calamus

Acorus calamus

Acorus calamus
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E1

High

Cyperus esculentus

Cyperus iria

Lemna perpusilla

Echinochloa crus-galli

Panicum virgatum

Ludwigia palustris

Pontederia cordata
Sagittaria latifolia

Modiola caroliniana
Pontederia cordata
Solanum carolinense

Bidens frondosa
Chamaesyce maculata
Cynodon dactylon
Cyperus erythrorhizos
Cyperus esculentus
Cyperus iria

Andropogon virginicus
Bidens frondosa
Chamaesyce maculata
Conyza canadensis var.
canadensis
Cyperus esculentus
Digitaria ciliaris
Duchesnea indica

Digitaria ciliaris

Elymus virginicus

Eclipta prostrata
Ludwigia palustris
Panicum virgatum
Paspalum dilatatum
Setaria parviflora
Symphyptrichum
pilosum

Ipomoea lacunosa
Juncus acuminatus
Oxalis stricta
Panicum virgatum
Plantago rugelii
Polygonum caespitosum
var. longisetum
Polygonum lapathifolium
Rumex crispus
Setaria parviflora
Solidago altissima
Symphyotrichum pilosum

Acorus calamus
Bidens frondosa

Acorus calamus
Bidens frondosa

CYNODON MULTISPIKE

E1

Low
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Eclipta prostrata
Panicum
dichotomiflorum
Polygonum
caespitosum var.
longisetum
Polygonum
pensylvanicum
Polygonum punctatum
Pontederia cordata
Lemna perpusilla
Landoltia punctata
Wolffia brasiliensis
Acer negundo
Andropogon virginicus
Baccharis halimifolia
Bidens frondosa
Carex sp 1
Carex sp 2
Chamaesyce maculata
Conoclinium
coelestinum
Conyza canadensis
var. canadensis
Cornus amomum
Cyperus strigosus
Cyperus erythrorhizos
Diodia virginiana
Elymus virginicus
Hydrocotyle sp.
Juncus effusus
Kummerowia striata
Oxalis stricta
Panicum virgatum
Paspalum dilatatum
Plantago lanceolata
Polygonum
caespitosum var.
longisetum
Rumex crispus
Setaria parviflora
Solidago altissima
Symphyotrichum
pilosum
Acer negundo
Acorus calamus

Cynodon dactylon
Cyperus esculentus
Cyperus strigosus
Eleocharis obtusa
Ludwigia decurrens
Ludwigia palustris
Mikania scandens
Panicum virgatum
Paspalum dilatatum
Polygonum caespitosum
var. longisetum
Rorippa microphylla
Rumex crispus
Schoenoplectus
tabernaemontani

Eleocharis obtusa
Juncus effusus
Paspalum dilatatum
Polygonum caespitosum
var. longisetum
Polygonum pensylvanicum
Polygonum punctatum
Typha latifolia

High

Asclepias incarnata
Cyperus esculentus
Digitaria ciliaris
Panicum virgatum
Paspalum dilatatum

Cyperus erythrorhizos
Cyperus strigosus
Eleocharis obtusa
Iris virginica
Juncus acuminatus
Juncus effusus
Leersia oryzoides
Ludwigia decurrens
Ludwigia palustris
Oxalis stricta
Panicum
dichotomiflorum
Polygonum
caespitosum var.
longisetum
Polygonum
lapathifolium
Polygonum
pensylvanicum
Rumex crispus
Typha latifolia

Symphyotrichum pilosum

E2

Bidens frondosa
Carex crinita
Carex lurida

Asclepias incarnata
Bidens frondosa
Conyza canadensis var.
canadensis
Conyza canadensis var.
pusilla
Digitaria ciliaris
Panicum dichotomiflorum
Paspalum dilatatum
Polygonum pensylvanicum
Polygonum punctatum
Rumex crispus
Scirpus cyperinus
Solidago altissima

158

Acalypha rhomboidea
Bidens frondosa
Conyza canadensis
var. canadensis
Conyza canadensis
var. pusilla
Cornus amomum
Digitaria ciliaris
Duchesnea indica
Echinochloa colona
Juncus effusus
Liquidambar styraciflua
Oxalis stricta
Panicum virgatum
Paspalum dilatatum
Polygonum
caespitosum var.
longisetum
Polygonum
pensylvanicum
Polygonum punctatum
Polygonum setaceum

Rumex crispus
Scirpus cyperinus
Solidago altissima
E2

Low

Acorus calamus
Lemna perpusilla
Ludwigia palustris
Panicum virgatum
Sagittaria latifolia
Schoenoplectus
tabernaemontani

Acorus calamus
Bidens frondosa
Cyperus erythrorhizos
Echinochloa crus-galli
Eclipta prostrata

Acer negundo
Acorus calamus
Bidens frondosa
Cyperus erythrorhizos
Cyperus strigosus

Ludwigia palustris
Panicum dichotomiflorum
Peltandra virginica
Polygonum caespitosum
var. longisetum
Polygonum pensylvanicum
Polygonum punctatum

Echinochloa crus-galli
Eclipta prostrata
Iris virginica

Sagittaria latifolia
Schoenoplectus
tabernaemontani

E3

High

Liquidambar styraciflua
Ludwigia palustris
Mikania scandens
Panicum
dichotomiflorum
Peltandra virginica
Polygonum
caespitosum var.
longisetum
Polygonum punctatum
Polygonum sagittatum
Rumex crispus
Sagittaria latifolia
Schoenoplectus
tabernaemontani

Amaranthus retroflexus
Commelina diffusa
Cyperus esculentus
Cyperus strigosus
Digitaria ciliaris
Ipomoea coccinea
Ipomoea lacunosa
Ludwigia decurrens

Acalypha rhomboidea
Amaranthus retroflexus
Ambrosia trifida
Baccharis halimifolia
Commelina diffusa
Cyperus strigosus
Digitaria ciliaris
Ipomoea lacunosa

Panicum virgatum
Polygonum
caespitosum var.
longisetum
Polygonum
lapathifolium
Polygonum
pensylvanicum
Polygonum punctatum
Populus deltoides

Jacquemontia tamnifolia

Acalypha rhomboidea
Acer negundo
Ambrosia trifida
Baccharis halimifolia
Bidens frondosa
Carex lurida
Commelina communis
Commelina diffusa
Conyza canadensis
var. canadensis

Polygonum caespitosum
var. longisetum

Geranium carolinianum

Polygonum pensylvanicum

Hypericum punctatum

Polygonum punctatum
Populus deltoides
Setaria parviflora

Ipomoea lacunosa
Juncus effusus
Lespedeza cuneata
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E3

E3

E5

Low 1

Low 2

Low

Symphyotrichum pilosum

Modiola caroliniana
Oxalis stricta
Paspalum dilatatum
Polygonum
caespitosum var.
longisetum
Polygonum punctatum
Rubus argutus
Rumex crispus
Setaria parviflora
Solanum nigrum
Solidago canadensis
Symphyotrichum
pilosum
Ulmus alata
Viola sororia

Did not collect in 2004

Acorus calamus

Did not collect in 2004

Cyperus iria

Did not collect in 2004
Did not collect in 2004
Did not collect in 2004
Did not collect in 2004

Digitaria ciliaris
Pontederia cordata
Sagittaria latifolia
Schoenoplectus
tabernaemontani

Ludwigia palustris
Polygonum
lapathifolium
Polygonum
pensylvanicum
Polygonum punctatum
Pontederia cordata

Did not collect in 2004

Asteraceae species

Did not collect in 2004

Cyperus iria

Did not collect in 2004
Did not collect in 2004
Did not collect in 2004

Echinochloa crus-galli
Ipomoea lacunosa
Sagittaria latifolia

Acorus calamus

Cyperus pseudovegetus

Cyperus esculentus
Eleocharis obtusa
Peltandra virginica
Pontederia cordata
Sagittaria latifolia

Cyperus strigosus
Echinochloa crus-galli
Eclipta prostrata
Eleocharis obtusa
Lindernia dubia

Bidens frondosa
Cyperus
pseudovegetus
Cyperus strigosus
Diodia virginiana
Echinochloa crus-galli
Eclipta prostrata

Ludwigia decurrens
Ludwigia palustris
Peltandra virginica
Pontederia cordata
Rotala ramosior

Eleocharis obtusa
Iris virginica
Juncus effusus
Leersia oryzoides
Lindernia dubia

Schoenoplectus
tabernaemontani
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Ludwigia palustris
Polygonum
caespitosum var.
longisetum
Polygonum
pensylvanicum
Polygonum punctatum

Sagittaria latifolia
Schoenoplectus
tabernaemontani

E6

High

Acalypha rhomboidea
Ambrosia trifida
Asclepias incarnata

Acalypha rhomboidea
Ambrosia artemisiifolia
Andropogon virginicus

Cyperus echinatus

Chamaesyce maculata

Cyperus erythrorhizos

Chamaesyce nutans
Conyza canadensis var.
canadensis
Conyza canadensis var.
pusilla
Kummerowia striata
Lespedeza cuneata
Mecardonia acuminata
Panicum virgatum
Passiflora incarnata
Phytolacca americana
Robinia pseudoacacia
Setaria parviflora
Sida spinosa
Solanum carolinense
Verbena brasiliensis

Cyperus esculentus
Cyperus iria
Eupatorium fistulosum
Ipomoea hederacea
Kummerowia striata
Lespedeza cuneata
Modiola caroliniana
Oxalis stricta
Phytolacca americana
POACEAE
Rhus copallinum
Richardia brasiliensis?
Robinia pseudoacacia
Setaria parviflora
Sida spinosa
Solanum carolinense
Solanum nigrum
Vitis sp.
E6

Low

Acorus calamus
Cyperus
pseudovegetus
Eleocharis obtusa
Lindernia dubia
Ludwigia decurrens

Ludwigia decurrens
Ludwigia palustris
Mikania scandens
Peltandra virginica
Polygonum
caespitosum var.
longisetum
Polygonum sagittatum
Pontederia cordata
Rumex crispus
Sagittaria latifolia
Salix nigra
Schoenoplectus
tabernaemontani
Ambrosia artemisiifolia
Andropogon virginicus
Carex lurida
Conoclinium
coelestinum
Conyza canadensis
var. canadensis
Conyza canadensis
var. pusilla
Eragrostis sp.
Eupatorium fistulosum
Lespedeza cuneata
Mecardonia acuminata
Panicum virgatum
Passiflora incarnata
Populus deltoides
Rumex crispus
Setaria parviflora
Solanum carolinense
Solanum nigrum
Verbena brasiliensis
Vitis rotundifloia

Cyperus iria

Acer rubrum

Cyperus pseudovegetus
Echinochloa crus-galli
Eclipta prostrata
Eleocharis obtusa

Baccharis halimifolia
Bidens frondosa
Cardamine hirsuta
Carex crinita
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E7

High

Ludwigia palustris
Panicum virgatum
Pontederia cordata
Rotala ramosior
Sagittaria latifolia

Juncus effusus
Lindernia dubia
Ludwigia palustris
Panicum dichotomiflorum
Paspalum dilatatum

Saururus cernuus
Urochloa platyphylla

Polygonum pensylvanicum
Polygonum punctatum
Pontederia cordata
Rotala ramosior
Typha latifolia

Chamaesyce maculata
Coreopsis tinctoria
Cynodon dactylon
Cyperus echinatus

Acalypha rhomboidea
Bidens frondosa
Chamaesyce maculata
Cornus florida

Cyperus esculentus
Cyperus strigosus
Digitaria ciliaris
Diodia virginiana
Echinochloa crus-galli
Ipomoea lacunosa
Juncus acuminatus
Ludwigia decurrens

Digitaria ciliaris
Impatiens capensis
Ipomoea lacunosa
Juncus coriaceus
Juncus effusus
Liquidambar styraciflua
Panicum dichotomiflorum
Paspalum dilatatum
Polygonum caespitosum
var. longisetum
Polygonum pensylvanicum

Modiola caroliniana
Setaria parviflora
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Carex lurida
Carex sp.
Chamaesyce maculata
Commelina diffusa
Cyperus iria
Cyperus
pseudovegetus
Diodia virginiana
Echinochloa crus-galli
Eleocharis obtusa
Eupatorium capillifolium
Juncus acuminatus
Juncus effusus
Leersia oryzoides
Ludwigia palustris
Oxalis stricta
Panicum
dichotomiflorum
Paspalum dilatatum
Polygonum
caespitosum var.
longisetum
Polygonum
pensylvanicum
Polygonum punctatum
Pontederia cordata
Sagittaria latifolia
Saururus cernuus
Setaria parviflora
Typha latifolia
Ulmus alata
Verbena brasiliensis
Acalypha rhomboidea
Cardamine hirsuta
Carex lurida
Chamaesyce nutans
Conyza canadensis
var. canadensis
Cornus florida
Digitaria ciliaris
Elymus virginicus
Geranium carolinianum
Ipomoea lacunosa
Juncus coriaceus
Juncus effusus
Lespedeza cuneata
Liquidambar styraciflua

Symphyotrichum
pilosum

Polygonum punctatum
Populus deltoides
Scirpus cyperinus
Setaria parviflora
Solanum carolinense
Verbena brasiliensis

E7

Low

Acorus calamus
Coreopsis tinctoria
Cyperus erythrorhizos
Cyperus esculentus
Cyperus strigosus
Digitaria ciliaris
Echinochloa crus-galli
Leersia oryzoides
Ludwigia alternifolia
Sagittaria latifolia
Schoenoplectus
tabernaemontani
Setaria parviflora
Stellaria media
Symphyotrichum pilosum

E8

High

Acorus calamus
Cynodon dactylon
Cyperus strigosus
Digitaria ciliaris
Echinochloa crus-galli
Eleusine indica
Ludwigia decurrens
Panicum dichotomiflorum
Paspalum dilatatum
Polygonum pensylvanicum
Populus deltoides
Schoenoplectus
tabernaemontani
Setaria parviflora

Albizia julibrissin

Andropogon virginicus

Asclepias incarnata
Chenopodium album

Chamaecrista fasciculata
Conyza canadensis var.
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Modiola caroliniana
Panicum virgatum
Paspalum dilatatum
Polygonum
caespitosum var.
longisetum
Polygonum
pensylvanicum
Polygonum punctatum
Populus deltoides
Rudbeckia hirta
Rumex crispus
Sambucus nigra var.
canadensis
Scirpus cyperinus
Setaria parviflora
Solanum carolinense
Solidago altissima
Symphiotrichum
dumosum
Symphyotrichum
pilosum
Verbena brasiliensis
Acorus calamus
Andropogon virginicus
Carex crinita
Cyperus iria
Digitaria ciliaris
Echinochloa crus-galli
Eupatorium capillifolium
Juncus effusus
Liquidambar styraciflua
Mimulus ringens
Panicum
dichotomiflorum
Polygonum
pensylvanicum
Polygonum punctatum
Populus deltoides
Rubus argutus
Rumex crispus
Setaria parviflora
Verbena brasiliensis
Andropogon virginicus
Chamaecrista
fasciculata
Chamaesyce maculata

canadensis

E8

Low

Conyza canadensis
var. canadensis
Eragrostis sp.
Eupatorium fistulosum
Geranium carolinianum
Ipomoea hederacea

Cynodon dactylon
Cyperus erythrorhizos
Cyperus esculentus
Eupatorium fistulosum
Ipomoea hederacea
Jacquemontia
tamnifolia
Lespedeza cuneata
Modiola caroliniana
Packera glabella
Panicum virgatum
Paspalum dilatatum
Populus deltoides
Rhus copallinum
Setaria parviflora
Sida spinosa
Trifolium repens

Cyperus esculentus
Kummerowia striata
Lespedeza cuneata
Panicum virgatum
Setaria parviflora
Sida spinosa

Lespedeza cuneata
Oxalis stricta
Panicum virgatum
Rubus argutus
Rumex crispus
Setaria parviflora
Solidago altissima
Trifolium repens
Verbena brasiliensis

Acorus calamus
Ammannia coccinea
Eleocharis obtusa
Juncus acuminatus
Leersia oryzoides
Ludwigia decurrens
Pontederia cordata
Schoenoplectus
tabernaemontani
Stellaria media

Ammannia coccinea
Bidens frondosa
Cyperus esculentus
Cyperus iria
Cyperus pseudovegetus
Echinochloa crus-galli
Eleocharis obtusa

Acorus calamus
Ammannia coccinea
Baccharis halimifolia
Carex crinita
Carex lurida
Carex sp.
Cyperus esculentus

Lespedeza cuneata
Panicum dichotomiflorum
Polygonum pensylvanicum
Pontederia cordata
Sagittaria latifolia
Schoenoplectus
tabernaemontani
Typha latifolia

Cyperus iria
Diodia virginiana
Echinochloa crus-galli
Eclipta prostrata
Eleocharis obtusa
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Juncus acuminatus
Lespedeza cuneata
Ludwigia palustris
Mimulus alatus
Panicum
dichotomiflorum
Polygonum
pensylvanicum
Polygonum punctatum
Polygonum sagittatum
Pontederia cordata
Rotala ramosior
Rumex crispus
Sagittaria latifolia
Schoenoplectus

tabernaemontani
Setaria parviflora
Typha latifolia
E9

High

Cyperus echinatus
Cyperus esculentus
Cyperus strigosus
Digitaria ciliaris
Echinochloa crus-galli
Eleusine indica
Panicum virgatum
Paspalum dilatatum
Polygonum punctatum
Setaria parviflora
Symphyotrichum
pilosum
Viburnum nudum

Acalypha rhomboidea
Ambrosia artemisiifolia
Conyza canadensis var.
canadensis
Cyperus erythrorhizos
Cyperus strigosus
Dichanthelium scoparium
Ipomoea lacunosa
Juncus acuminatus
Juncus effusus
Juncus tenuis
Lespedeza cuneata
Oxalis stricta
Panicum virgatum
Paspalum dilatatum
Plantago lanceolata
Polygonum aviculare
Polygonum punctatum
Rumex crispus
Scirpus cyperinus
Setaria parviflora
Sida spinosa
Symphyotrichum pilosum
Taraxacum officinale
Urochloa ramosa
Verbena brasiliensis

E9

Low

Acorus calamus
Peltandra virginica
Sagittaria latifolia
Schoenoplectus
tabernaemontani

Acorus calamus
Echinochloa crus-galli
Eleocharis obtusa
Erechtites hieraciifolia
Juncus effusus
Leersia oryzoides
Ludwigia alternifolia
Ludwigia decurrens
Ludwigia palustris
Peltandra virginica
Polygonum punctatum
Pontederia cordata
Rumex crispus
Sagittaria latifolia
Schoenoplectus
tabernaemontani
Sparganium
americanum

Acorus calamus
Echinochloa crus-galli
Eleocharis obtusa

Did not collect in 2006
Did not collect in 2006
Did not collect in 2006

Ludwigia decurrens
Ludwigia palustris
Peltandra virginica
Pontederia cordata
Sagittaria latifolia
Schoenoplectus
tabernaemontani

Did not collect in 2006
Did not collect in 2006
Did not collect in 2006
Did not collect in 2006
Did not collect in 2006

165

Did not collect in 2006
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