Ecosystems (2014) 17: 14–28
DOI: 10.1007/s10021-013-9705-9
Ó 2013 Springer Science+Business Media New York

Direct and Indirect Effects
of Dissolved Organic Matter Source
and Concentration on Denitrification
in Northern Florida Rivers
Megan L. Fork1,2* and James B. Heffernan2
1

Department of Biological Sciences, Florida International University, 11200 SW 8th St., Miami,
Florida 33199, USA; 2Present address: Nicholas School of Environment, Duke University,
Box 90328, Durham, North Carolina 27708, USA

ABSTRACT
Using a natural gradient of dissolved organic carbon
(DOC) source and concentration in rivers of
northern Florida, we investigated how terrestriallyderived DOC affects denitrification rates in river
sediments. Specifically, we examined if the higher
concentrations of DOC in blackwater rivers stimulate denitrification, or whether such terrestriallyderived DOC supports lower denitrification rates
because (1) it is less labile than DOC from aquatic
primary production; whether (2) terrestrial DOC
directly inhibits denitrification via biochemical
mechanisms; and/or whether (3) terrestrial DOC
indirectly inhibits denitrification via reduced light
availability to—and thus DOC exudation by—
aquatic primary producers. We differentiated
among these mechanisms using laboratory denitrification assays that subjected river sediments to
factorial amendments of NO3- and dextrose, humic

acid dosing, and cross-incubations of sediments and
water from different river sources. DOC from terrestrial sources neither depressed nor stimulated
denitrification rates, indicating low lability of this
DOC but no direct inhibition; humic acid additions
similarly did not affect denitrification rates. However, responses to addition of labile C increased
with long-term average DOC concentration, which
supports the hypothesis that terrestrial DOC indirectly inhibits denitrification via decreased
autochthonous production. Observed and future
changes in DOC concentration may therefore reduce the ability of inland waterways to remove
reactive nitrogen.
Key words: DOC; light limitation; coupled biogeochemical cycles; nitrogen cycle; primary production; browning; humic substances.

INTRODUCTION
Dissolved organic carbon (DOC) performs a wide
array of roles in aquatic ecosystems (Prairie 2008).
Some of the compounds in the DOC pool directly
fuel heterotrophic bacterial metabolism (Mulholland 1997; Freeman and others 2001; Evans and
others 2005; Cole and others 2006), coupling the
cycling of carbon (C) to cycles of nutrients such as
nitrogen (N). In addition, biogeochemical processes
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such as photosynthesis, N-fixation, and denitrification tightly couple cycles of C and N (Sterner and
Elser 2002; Burgin and others 2011; Schlesinger
and others 2011). In addition to these direct effects,
DOC may affect oxygen and N concentrations
indirectly through its effects on the temperature
and light regimes, which are major physical controls on photosynthesis and respiration in surface
waters (Evans and others 2005).
Understanding how DOC affects stream nutrient
processing depends on understanding of the diverse
effects of DOC in aquatic ecosystems as well as their
interactions. Recently observed widespread increases
in DOC concentrations of inland surface waters (or
‘‘browning’’; Worrall and others 2004; Evans and
others 2005; Roulet and Moore 2006; Hruška and
others 2009) may therefore have complex and
unforeseen consequences for the biogeochemical
function of inland waters, because the possible effects
of browning on nutrient cycles are many, and they
may interact and oppose one another. To predict how
browning may affect the N cycle, it is necessary to
consider interactions between the direct metabolic
effects of DOC as well as any indirect effects that result
from changes in the physical environment.
One link between the C and N cycles is denitrification, a heterotrophic pathway by which nitrate
(NO3-) is reduced to di-nitrogen gas (N2; if the
process runs to completion), coupled to the oxidation of organic matter (OM) in low-oxygen conditions (Canfield and others 2010). This process is an
important pathway for the removal of reactive N,
and occurs both in uplands and during transport
through river networks (Alexander and others
2000; Seitzinger and others 2006). Denitrification
therefore has the potential to reduce the effects of
human additions of reactive N to ecosystems,
which include eutrophication of freshwater habitats and hypoxic ‘‘dead zones’’ in coastal oceans
(Turner and Rabalais 1991; Vitousek and others
1997; Galloway and others 2003). The degree to
which denitrification is able to remove reactive N
during transport through aquatic ecosystems may
depend on the DOC regimes of these systems.
OM not only fuels denitrification directly (Pfenning and McMahon 1997; Bernhardt and Likens
2002; Inwood and others 2007), but also indirectly
by stimulating aerobic respiration, which enhances
denitrification rates by increasing the anoxic volume in soils and sediments. Considered in isolation,
these mechanisms predict higher denitrification
rates in rivers with higher concentrations of DOC
(Figure 1—H0). The actual consequences of DOC
for denitrification, however, depend on the character of the DOC, which is strongly influenced by
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source (Piña-Ochoa and Álvarez-Cobelas 2006;
Inwood and others 2007; Taylor and Townsend
2010). Both nutrient stoichiometry and structural
complexity influence bioavailability of DOC (Sun
and others 1997; Barnes and others 2012). Terrestrially-derived DOC is generally much more recalcitrant than that exuded by aquatic primary
producers (McKnight and Bencala 1990; Sierra and
others 1997; Thorp and Delong 2002; Stedmon and
others 2003), because organic compounds that give
physical support to terrestrial plants tend to be
more structurally-complex and lower in nutrient
content than OM derived from aquatic primary
producers (Cebrian 1999; Sterner and Elser 2002;
Thorp and Delong 2002) and because much of the
labile DOC produced in terrestrial soils is consumed
by soil heterotrophs (McDowell and Likens 1988)
before reaching waterways. A given concentration
of terrestrially-derived DOC is therefore likely to
support less denitrification than an equivalent
amount derived from in situ production by aquatic
vegetation (Figure 1—H1).
In addition to being less labile, terrestrial DOC
may inhibit denitrification in aquatic systems via
both direct and indirect mechanisms. First, functional groups such as phenolics, which are more
concentrated in DOC from terrestrial than aquatic
sources, may directly suppress the activity of denitrifiers (Figure 1—H2; Dodla and others 2008).
Second, light-absorbent aromatic compounds such
as tannic and humic acids may reduce photosynthesis and thus production of labile exudates by
aquatic primary producers (Meyer 1990). Because
the release of OM by benthic algae and macrophyte
roots can stimulate denitrification (Arango and
others 2007; Heffernan and Cohen 2010; Heffernan
and Fisher 2012; Lin and others 2002), high concentrations of chromophoric dissolved OM (CDOM)
in aquatic ecosystems may indirectly suppress
denitrification by reducing the light that fuels these
autochthonous OM inputs (Figure 1—H3).
The importance of light as a potential control on
denitrification in stream ecosystems is understudied because most research on stream N cycling is
conducted in small streams with closed canopies
(for example, Peterson and others 2001; Mulholland and others 2008), leaving processes in larger
rivers less well understood (Ensign and Doyle 2006;
Tank and others 2008). In larger channels as well as
lakes and wetlands, reduced shade by riparian
vegetation and higher light availability can promote photodegradation of recalcitrant DOC to
more labile compounds (Moran and Zepp 1997).
Perhaps more importantly, higher light will fuel
higher benthic primary production (Lamberti and
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Figure 1. Hypotheses about the effects of terrestrially-derived DOC on denitrification rates. Blackwater rivers have high
concentrations of terrestrial DOC, which may stimulate denitrification rates [H0]. However, the terrestrially-derived DOC
of blackwater rivers may support similar rates of denitrification as spring rivers, even though springs have much lower
DOC, because blackwater DOC is less labile to both denitrifiers and aerobic consumers [H1]. Blackwater rivers may support
lower rates of denitrification as compared to spring fed rivers because blackwater DOC is directly inhibitory to denitrifying
bacteria [H2] and/or may limit light to aquatic primary producers, indirectly limiting denitrification by decreasing production of labile OM [H3]. Along a gradient from spring to blackwater, DOC concentrations increase, leading to higher
denitrification rates if H0 is true, little change if H1 is true, or lower rates if H2 and/or H3 are true.

Steinman 1997), and thus greater exudation of labile OM into sediments by aquatic plants. In rivers,
the importance of in situ primary production to
denitrification may increase with channel size
(Heffernan and others 2010), up to a point. In
lacustrine pelagic zones, very large rivers, and
highly eutrophic systems, proliferation of phytoplankton (Vannote and others 1980) increases
turbidity and limits light penetration (Julian and
others 2008), thus limiting benthic primary production (Vadeboncoeur and others 2003). In addition, high concentrations of CDOM can limit the
penetration of light in the water column, thereby
further controlling benthic primary production.
Streams and rivers in northern and central
Florida span a wide range of DOC concentrations,
from entirely spring-fed channels with relatively
low DOC and highly productive benthic plant
communities to blackwater systems with high
concentrations of DOC derived mainly from
breakdown of terrestrial vegetation. Downstream
of confluences between these distinct river types
are sites of intermediate DOC concentration. We
used sediments from sites arrayed along this gradient of C source and concentration, and subjected
them to a suite of complementary experiments,
which allowed us to distinguish among mechanisms by which high concentrations of terrestrially-

derived DOC in BW rivers affect denitrification
rates (Figure 1). The hypotheses we tested were:
H0 Blackwater rivers’ higher concentrations of
DOC support higher rates of denitrification because
they provide more fuel for denitrifying bacteria.
H1 Terrestrial DOC is less labile than exudates
from autochthonous production, meaning the DOC
present in blackwater systems is not useful fuel for
denitrifiers.
H2 Phenolic compounds present in blackwater
directly inhibit the functions of denitrifying bacteria.
H3 Absorption of light by blackwater DOC reduces benthic primary production, which indirectly
inhibits denitrification because of the lack of labile
exudates to fuel denitrifier metabolism.

METHODS
We identified study sites in north central Florida
that encompassed a wide gradient of DOC concentrations. Water and sediment samples from
these sites were used to perform denitrification
assays to evaluate differences in the severity of C
and N limitation of denitrification rates. We used

DOC and River Denitrification
DOC dosing and source water substitution experiments to determine if blackwater DOC directly
stimulated or inhibited denitrification rates.

Site Selection and Description
Rivers in northern Florida, USA include spring-fed
and blackwater rivers. Spring-fed rivers have very
clear water, are hydrologically, chemically, and
thermally stable, and support highly productive
aquatic plant communities (Odum 1957a). Substrates are typically mixtures of sand and silt with
varying concentrations of benthic OM; areas of bare
limestone bedrock also occur (especially near spring
heads). Total organic C (TOC) concentrations near
spring heads are among the lowest in the world,
typically below practical detection limits of 0.02 to
0.12 mg C L-1(EPA method 415.3, Scott and others
2004; Duarte and others 2010). Nonetheless, longterm and high-resolution mass balance indicates
that these systems support high rates of denitrification, up to 1.5 g N m-2 day-1 (Heffernan and Cohen 2010; Heffernan and others 2010). In contrast,
blackwater rivers are characterized by low gradients
and tannic, dark-stained water that attenuates light
and allows minimal benthic primary production
(Meyer 1990). The dark-colored water results from
high concentrations of fulvic and tannic acids,
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organic C compounds derived from the decomposition of terrestrial vegetation in the wetlands, where
these rivers originate (Meyer 1990; Sabater and
others 1993). In northern Florida, these blackwater
rivers are primarily sand-bottomed. Both spring and
blackwater rivers in this region tend to have low
turbidity (personal observation). These distinct river
types and the intermediate conditions created by
their mixing (Bledsoe and Phlips 2000) provide a
natural environmental gradient of DOC.
Using satellite images (Google Earth—earth.google.com) and data from the EPA STORET (www.
epa.gov/storet/) database, we identified 20 study
sites representing an environmental gradient of
DOC concentration in north and central Florida,
USA (Figure 2). Sites were located in Florida’s
Central Lake and Ocala Uplift physiographic districts, generally characterized by sandhill and sand
pine scrub communities, and mixed hardwood,
pine flatwood, and sandhill communities, respectively (Myers and Ewel 1990). Precipitation regimes in north and central Florida are moderately
seasonal with higher rates in summer. Temperature
ranges from a summer mean of 27–30°C to a winter
mean of about 15–17°C (Myers and Ewel 1990).
We used data from the St. John’s, Suwannee
River, and Southwest Florida Water Management
Districts, and EPA STORET database to describe
Figure 2. Map of
sampling sites by
category. Major water
bodies (gray) are from
U.S. National Wild &
Scenic Rivers System GIS
(www.rivers.gov).
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long-term means of TOC (TOCavg) and other
parameters for each study site. TOC was used as a
proxy for DOC, because DOC data were less prevalent in the databases, and where good records of
both existed, TOC and DOC showed good agreement. For intermediate and blackwater categories,
we used only sites with available data that spanned
multiple seasons for at least 2 years between 2000
and 2011 to calculate the long term means. For
spring sites, the criterion for data that spanned all
seasons was relaxed because of lower availability of
TOC data for springs, and the fact that these systems
tend to exhibit quite stable discharge and water
chemistry among seasons (Odum 1957b). These 20
sites made up an environmental gradient of TOCavg
concentration that ranged from 0.2 to 42 mg C l-1.
We examined relationships among TOCavg, longterm NO3- (NO3-avg), mean water color (measured
by platinum–cobalt colorimetry and obtained from
EPA STORET database), coefficient of variation of
long-term discharge (that is, hydrologic variability),
and water column chlorophyll a (chl-a) to assess
how other characteristics varied along our TOC
gradient. In addition, we used dissolved oxygen
(DO) measurements from the EPA STORET database to determine how DO concentration changed
over the course of an average day. These records
include a timestamp, and are collected exclusively
during daylight hours. We regressed DO concentration against time of day for our sites with at least
22 measurements having a time range of at least
4 h of daylight. The slope of the relationship between DO concentration and time of day (DDO)
acted as a proxy for average net primary productivity (Mulholland and others 2005). We also
measured sediment OM content (SOM) and assessed its co-variation with TOCavg along the
environmental gradient. TOCavg and NO3-avg data
were compared with instantaneous DOC (DOCinst)
and NO3- (NO3-inst) concentrations on the day of
sediment and water sampling to assess deviations
from historic means at the time of sampling.
Some analyses required that sites be categorized as
blackwater, spring, or intermediate on the basis of
TOCavg and analysis of major confluences upstream
of site locations. Sites located downstream of a
confluence between a spring and blackwater stream
were labeled ‘‘intermediate,’’ whereas only sites
without major visible inputs (as assessed by publicly
available aerial images—earth.google.com) of another type were categorized as ‘‘spring’’ or ‘‘blackwater’’. Because site categories were assigned on the
basis of both upstream inputs and TOCavg, site categories do not always correspond exactly to the TOC
gradient (for example, Cow Creek, a blackwater site,

has a slightly lower TOCavg than the Withlacoochee
River at Hwy 48, an intermediate site).

Field Collections and Water Chemistry
Analyses
From each site, we collected five 2 kg replicates of
the top 5 cm of benthic sediment, the stratum in
which 90% of benthic denitrification occurs (Inwood and others 2007). Sediment samples were
stored on ice until returned to the laboratory. We
also collected 40 l of river water (for treatment
solutions) with a peristaltic pump and 0.45 lm inline filter, reserving 250 ml of filtered water for
laboratory analysis of DOC, NO3-/nitrite, ammonium, and soluble reactive phosphorus (SRP). Water
samples for nutrient analysis were stored on ice
during transport, and frozen immediately upon return to the lab. Nutrient analyses were performed in
the Southeast Environmental Research Center
(SERC) Nutrient Analysis Laboratory by flow injection analysis using an ALPKEM RFA 300 autoanalyzer (Alpkem Corp., Clackamas, OR). Standard U.S.
EPA methods (U.S. EPA 1993) were used to measure
concentrations of NO3-/nitrite (method 353.2), SRP
(method 365.1), and ammonium (method 350.1).
Concentration of DOC was measured by high temperature combustion using a Shimadzu TOC-5000
(Shimadzu Corp., Kyoto, Japan), according to USGS
method 5310B. A YSI 556 Sonde (YSI Inc., Yellow
Springs, OH) equipped with an optical DO probe was
used to measure DO, pH, specific conductivity, and
water temperature at the time of sediment sampling.
Upon return to the laboratory, sediments were
stored at 4°C until assays were performed.
Approximately 12 h before experiments, sediments
were brought to room temperature to allow
microbial communities to acclimatize and regain
activity before analysis (Herrman and others 2008),
and sediments were homogenized in collection
bags in the morning before being split for the
denitrification assay. All denitrification assays were
performed within 6 days of sediment collection.

Denitrification Experiments
In this study, we performed three different denitrification assay experiments: (1) humic acid additions,
(2) water source manipulations, and (3) denitrification limitation assays. Each experiment assessed
distinct predictions that follow from alternative
hypotheses (H0 through H3), and was conducted
using similar methodology to measure denitrification rate as the response variable (see below).
Humic acid additions, the first of our experiments, addressed possible direct inhibitory effects
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of DOC concentrations outside of the range of DOC
concentrations observed in the field, and were
conducted using sediments and water from three
spring-fed rivers that varied in NO3- concentration
[Manatee (‘‘high’’, NO3-inst = 1.84 mg l-1], Ichetucknee (‘‘medium’’, NO3-inst = 0.50 mg l-1), and
Alexander (‘‘low’’, NO3-inst = 0.002 mg l-1)]. We
used Pahokee Peat Humic Acid Standard (International Humic Substances Society catalog number
1S103H) to enrich water from each spring-fed river
with high concentrations of humic acids. Treatment solutions consisted of unamended site water
as a control and humic acid at concentrations of
50 mg C l-1 (similar to the highest DOC concentration observed in the field) and 150 mg l-1
(approximately triple the highest observed DOC). If
blackwater DOC stimulates denitrification by fueling bacterial metabolism [H0], we should expect
higher rates in sediments incubated with higher
humic acid concentrations. If blackwater DOC was
simply less labile than autochthonous DOC [H1],
dosing sediments with high concentrations of humic acid should cause negligible stimulation of
denitrification rates. Direct biochemical inhibition
of denitrification by blackwater DOC [H2] would
result in depressed denitrification rates for sediments incubated with high doses of standardized
humic acid relative to source water control.
We used water substitutions to assess whether
blackwater DOC stimulates or inhibits denitrification and whether spring DOC stimulates denitrification in sediments from blackwater rivers. In these
experiments, we incubated all sediments with water from spring and blackwater rivers, with the
native water serving as control (that is, blackwater
sediments incubated with water collected at the
same blackwater site). Sediments collected from
intermediate points along the gradient were incubated with both spring (S) and blackwater (BW),
and also were subjected to a control treatment with
native water. These substitution incubations allowed us to assess lability and direct inhibition by
blackwater DOC as mechanisms responsible for
limiting denitrification rates in each of these types
of rivers. If the DOC in blackwater rivers supports
higher rates of denitrification than low DOC waters
[H0], we should see an increase in rates for spring
sediments incubated with BW and a decrease in
rates for sediments from blackwater rivers incubated with S water. If BW DOC is simply less labile
than S DOC [H1], spring and intermediate sediments treated with BW should show negligible
change in denitrification rates, while sediments
from blackwater rivers should show increased rates
when incubated with S water. If blackwater DOC is
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directly inhibitory to the metabolisms of denitrifying bacteria, incubating sediments with BW should
depress denitrification rates [H2].
To determine how limitation by C and N change
along the environmental DOC gradient, we used
factorial denitrification limitation assays. Treatment
solutions for these experiments used ambient local
river water collected on the day of sampling, to
which we added dextrose as a highly labile source of
C and/or NaNO3- as a source of NO3-. The factorial
amendment assays consisted of four treatments:
Control (0; unamended river water), NO3- (N; river
water with additional 14 mg-N l-1 NO3- added), C
(river water with additional 12 mg-C l-1 dextrose
added), and C–NO3- (CN; river water with additional 14 mg-N l-1 NO3- and 12 mg-C l-1 dextrose). This experiment allowed us to test for indirect
inhibition of denitrification via reduced availability
of labile C [H3]. Because microbial extracellular
enzymes persist in aquatic sediments and have the
ability to act on multiple compounds (Münster and
De Haan 1998), it is unlikely that lags in DOC processing associated with acclimation of the bacterial
community to new C sources significantly affected
our analyses. Indirect inhibition by terrestrial DOC
would cause an increase in severity of C limitation of
denitrification at sites with higher concentrations of
terrestrially-derived DOC, because they more
acutely attenuate light and inhibit autochthonous
production of labile organic compounds.

Denitrification Assays
For each assay, we added 100 g of wet, homogenized sediment to 300 ml BOD bottles, or 30 g of
sediment to 60 ml BOD bottles, excluding particles
too large to fit into the neck of the bottle. For each
sampling site, two complete sets of treatments were
constructed, with one set measured at time zero
(T0) and one set measured after 6 h of incubation
(T6). Treatment solutions were added at room
temperature using a siphon to minimize contact
with the atmosphere, and bottles were overfilled so
that air was excluded. Solutions were not deoxygenated before incubation experiments. We stoppered bottles and inverted them several times to
remove any air pockets from the sediment. Bottles
were then partially refilled from the bottom of the
water layer, just above the sediment, to remove
bubbles, and were incubated with zero headspace.
During incubation, bottles were kept in the dark
and inverted once per hour to avoid diffusion
limitation of NO3- supply to the sediment.
We used membrane inlet mass spectrometry
(MIMS) to measure dissolved N2 concentrations in
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the water layer of sediment incubations (Kana and
others 1994). MIMS measures dissolved gases directly from water samples, avoiding artefacts associated with the acetylene block technique for
conducting denitrification assays (Groffman and
others 2006). To reduce O2 interference with N2
measurements, we used an in-line copper reduction
column, heated to 600°C, to remove O2 from samples before measurement (Eyre and others 2002).
Standards for N2 concentration consisted of humidatmosphere-equilibrated deionized water in three
1 l spherical vessels, incubated with stirring in highprecision water baths (±0.01°C) at 10.0, 17.0, and
24.0°C for at least 24 h prior to analysis (Heffernan
and others 2012). N2 gas solubility formulas from
Hamme and Emerson (2004) were used to calculate
N2 concentrations in each standard according to its
temperature. During sampling with MIMS, signal
strength at each mass was recorded every 5 s, and
signal values for samples and standards were determined as the mean value of measurements for the
first stable full minute of measurements. A standard
curve was run every 4–6 samples to account for
instrument drift, and we applied interpolated
parameter values to estimate gas concentrations in
each sample (Heffernan and others 2012).
T0 measurements were made immediately by
directly sampling supernatant water in the BOD
bottles using the MIMS intake. These measurements were then subtracted from the T6 measurements to determine the change in N2 concentration
over the incubation period. Measurements for T0
and T6 could not be taken from the same bottle
because of potential contamination by atmospheric
N2 during T0 sampling.
Following N2 measurement, subsamples of sediment were dried to constant mass and SOM content determined as loss on ignition. Individual
location measurements of SOM ranged from 0.1 to
85% and were highly variable within sites,
whereas site-level means ranged from 1 to 79%
with an overall mean of 17% among all sites. We
calculated organic sediment mass using the SOM
content and dry sediment mass for each T6 sample.
We divided the difference in N2 gas concentration
for each pair by incubation time and by organic
sediment mass to determine SOM-corrected denitrification rates [lg N (g SOM-1) h-1].

Statistical Methods
We used Pearson’s correlation coefficients and
simple linear regression to assess co-variation of
parameters along the environmental long-term
TOC gradient. We also examined the effects of both

TOCavg and hydrologic variability on log-transformed denitrification rates among sites using
simple linear regression.
We assessed the influence of log-transformed
SOM content on log-transformed denitrification
potential (that is, rates measured in CN treatment)
using simple linear regression. Before analysis, we
omitted one data point with Cook’s distance >1.
Because SOM exerted strong control on the denitrification rate, we analyzed treatment effects from
humic acid dosing, source water substitution, and
limitation assays based on SOM-corrected rates
[lg N (g SOM-1) h-1].
We used two-way ANOVA to compare the effects
of factorial C and N amendments within each site,
using a Box-Cox transformation of rates prior to
analysis. The effect of humic acid dosing on logtransformed denitrification rates was also assessed
using ANOVA. Non-parametric ANOVA on the
ranked denitrification rates was used to determine
whether water substitution had a significant effect
on denitrification rate. We verified conclusions by
using Welch’s t test to compare the N-replete treatments for S and BW substitutions. When significant
differences in treatment effects were detected, we
used Tukey’s HSD to identify distinct means.
To compare how C and N limitation of denitrification rates changed along the TOC gradient, we
calculated response ratios (RRs) of the rates measured in different treatments [N:control (RRN:0),
C:control (RRC:0), CN:C (RRCN:C), and CN:N
(RRCN:N)], then regressed these ratios against TOCavg (for RRCN:N and RRC:0) or NO3-avg (for RRCN:C
and RRN:0). Negative values of the RR were omitted
prior to log-transformation (two negative values
removed from each of RRC:0 and RRCN:C).
We used R version 2.11.1 (R Development Core
Team 2012) with the package ‘‘MASS’’ (Venables
and Ripley 2002) to perform all statistical analyses.

RESULTS
Denitrification rates measured in the control treatment (hereafter, ‘‘ambient rates’’) ranged from
0.001 lg N g sed-1 h-1 (Santa Fe River, ‘‘SF121’’) to
3.615 lg N g sed-1 h-1 (Wekiwa Springs run,
‘‘Weku’’), with a mean of 0.517 lg N g sed-1 h-1.
Potential denitrification rates (rates measured in CN
treatment) ranged from 0.107 lg N g sed-1 h-1
(Withlacoochee River, ‘‘WithRiv’’) to 6.966 lg
N g sed-1 h-1 (Wekiva River, ‘‘Wekd’’), with a mean
of 2.042 lg N g sed-1 h-1 (Appendix 1 in Supplementary material).
Water color and TOCavg were strongly and positively correlated (adjusted r2 = 0.87, P < 0.001)
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among these study systems. Although hydrologic
variability was strongly positively related to TOCavg
(adjusted r2 = 0.82, P < 0.001), NO3- co-varied only
weakly with TOCavg (NO3-avg: P = 0.13, NO3-inst:
P = 0.10). Chl-a (a metric of primary production in
the water column) was positively correlated with
TOCavg (adjusted r2 = 0.16, P < 0.001), but DDO (a
proxy for ecosystem net primary production; Mulholland and others 2005) had a negative relationship
with TOCavg (adjusted r2 = 0.32, P < 0.001). DOCinst and NO3 inst correlated reasonably strongly with
their respective long-term average metrics: TOCavg
(adjusted r2 = 0.76, P < 0.001) and NO3-avg (adjusted r2 = 0.60, P < 0.001).
SOM was positively correlated with potential
denitrification rate (rate measured in CN treatment),
explaining 65% of its variation (P < 0.001). Similar
relationships, though weaker, existed between SOM
and denitrification rates measured in other treatments, particularly when negative rates were omitted from the analysis (adj. r2control = 0.43; adj.
r2Conly = 0.38; adj. r2Nonly = 0.52).
Denitrification assays showed strong evidence for
NO3- limitation in 16 of 20 sites (Appendix 1 in
Supplementary material), including the spring-fed
Ichetucknee River (Figure 3). None of the sites
showed evidence of C limitation alone, but two
sites showed a significant interaction between C
and NO3- amendments. In the blackwater site Cow
Creek, the effects of the CN treatment were
approximately additive of the effects of either C or
N alone, indicating co-limitation of the denitrifying
bacterial community by both labile C and NO3(Figure 3).
Water substitution had no significant effect on
denitrification rates for any combination of sediment and water source (for blackwater sediments,
P = 0.65; intermediate sediments, P = 0.60; spring
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Fig. 4. SOM-corrected denitrification rates versus humic
acid dosing level (top). Error bars show one standard error.
Dosing of humic acid at concentrations of 50 mg C l-1
(Medium) and 150 mg C l-1 (High) neither significantly
stimulated nor depressed denitrification rates as compared to the control (background) DOC levels (P = 0.96).
SOM-corrected denitrification rates for N-replete water
substitution experiments by sediment source (bottom).
Colors of bars represent water source; water from same
source as sediment (controls) are shown by hashed bars.
Error bars show one standard deviation. Water substitution did not produce significantly different denitrification
rates within any of the sediment source groups (blackwater sediments, P = 0.65; intermediate sediments,
P = 0.60; spring sediments, P = 0.53).

Figure 3. Responses to factorial C and N amendment in one spring (Ichetucknee River) and one blackwater (Cow Creek)
site. Results from the spring-fed Ichetucknee River (left), show evidence of nitrate-only limitation of SOM-corrected
denitrification rates, while results from the blackwater Cow Creek (right) show co-limitation of SOM-corrected denitrification rates by both nitrate and labile carbon.
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sediments, P = 0.53; Figure 4). Dosing with high
concentrations of humic acid neither significantly
depressed nor increased denitrification rates in any
sediment type (P = 0.84; Figure 4).
We observed a significant decrease in log-transformed potential denitrification rates (uncorrected
for SOM content) along the TOCavg gradient
(P = 0.03; Figure 5). However, because of the
strong relationship between TOCavg and hydrologic
variability, we also observed a strong negative
relationship between denitrification rate and
hydrologic variability (P < 0.001; Figure 5).
Regressions of SOM-corrected denitrification
rate against TOCavg were not significant for any
treatment (data not shown), nor did we find
significant regressions between denitrification rate
(in any treatment) and SRP. Although SRP also
showed no significant relationship with RRs of
treatment effects, RRs were significantly correlated with both NO3-avg and TOCavg (Figure 6).
NO3-avg explained 30% of the variation in RRN:0
(P = 0.02; Figure 6C). Similarly, the regression of
RRCN:C against NO3-avg was significant and negative (P = 0.04; Figure 6D). The relationship between RRC:0 and TOCavg was not significant
(P = 0.44); however, when one outlier was
omitted, this relationship was significantly positive (P = 0.004), with TOCavg explaining 40% of
the variation in RRC:0 (Figure 6A). The relationship between RRCN:N and TOCavg was positive,
and described 44% of variation in RRCN:N
(P = 0.002; Figure 6B).

DISCUSSION
The dark-colored and high-molecular-weight DOC
characteristic of Florida blackwater rivers neither
stimulates [H0] nor directly inhibits denitrification
[H2]. Denitrification rates did not increase in sediments incubated with BW or humic acid (Figure 4). In addition, the significant decline in
ambient denitrification rates (rates measured in
control treatment incubations) along the gradient
of TOCavg (Figure 5) suggests that the elevated
supply of DOC in the water column of blackwater
rivers is not a labile C source for denitrifiers [H1]
and does not stimulate denitrification. Denitrification rates did not significantly decrease in sediments from spring or intermediate rivers incubated
with water from BW sources and with high doses of
humic acid under N-replete or ambient N concentration conditions (Figure 4). Together, these results suggest that whereas the DOC in blackwater
systems of Florida does not directly inhibit denitrification rates, this material has little metabolic
benefit for denitrifying bacteria.
The decrease in denitrification rates over the
TOCavg gradient may be explained in part by
lower availability of labile C in sites with higher
long-term average TOC concentrations. We found
direct evidence that denitrifiers are more likely to
be C limited in high TOCavg sites [H3]. The response ratio of C amendment to control (RRC:0)
was positively related to TOCavg, indicating
greater severity of C limitation of denitrification

Fig. 5. Log-transformed denitrification rates versus TOCavg (left) and versus hydrologic variability (right). Both TOCavg and
hydrologic variability increase from springs (open circles), through intermediate systems (gray squares), to blackwater rivers
(black triangles). Along both the TOCavg and hydrologic variability gradients, log-transformed denitrification rates decrease
significantly (P = 0.03 and P < 0.001, respectively).
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Fig. 6. RRs of treatment
responses along springblackwater gradient.
Long-term TOC was not
significantly related to
C:control ratio (A
P = 0.44, two negative
values of RR removed),
but when one outlier was
removed (A open symbol),
the relationship was
significant and positive
(P = 0.004, r2 = 0.40).
The CN:N ratio was
significantly positively
correlated with long-term
TOC (B P = 0.002),
whereas long-term nitrate
was significantly and
negatively correlated to
both N:control ratio (C
P = 0.02) and CN:C ratio
(D P = 0.04, two negative
values of RR removed).

in systems with higher DOC concentrations. An
increase in C limitation with increasing DOC is
observed both in sediments that are subject to Nlimitation (RRC:0) as well as those subjected to Nreplete conditions (RRCN:N), meaning DOC-driven
C limitation is independent of NO3- concentration. Increased severity of C limitation in blackwater as opposed to spring sites is also observed in
the comparison of treatment effects between
individual sites (Figure 3). In the Ichetucknee
River, a spring site, the pattern of responses to
treatments indicates NO3--only limitation. In
contrast, the pattern of denitrification treatment
responses in sediments from Cow Creek, a
blackwater site, suggests that the denitrifier
community is co-limited by NO3- and labile C.
The most parsimonious explanation for this pattern is that the highly colored water limits aquatic
primary production, reducing the availability of
labile C and imposing energetic constraints on rates
of denitrification. Because high water color, derived primarily from aromatic fulvic and humic
acids, is associated with DOC from terrestrial
sources as opposed to autochthonous production

(McKnight and others 1994), we conclude that the
increase in DOC along the environmental gradient
is driven by increased terrestrial DOC inputs (see
also Duarte and others 2010). In addition to being
less bioavailable (at least over short time scales;
Koehler and others 2012), colored water decreases
both UV and PAR penetration in the water column
(Morris and others 1995; Williamson and others
1996; Phlips and others 2000). In the St. John’s
River, a blackwater river in northern Florida, Phlips
and others observed a strong relationship between
water color and vertical light attenuation (2000).
Based on relationships between DOC and PAR
attenuation in Adirondack lakes (Bukaveckas and
Robbins-Forbes 2000), we roughly estimate how
photic zone depth varies along our DOC gradient.
Although the composition of the DOC pool likely
differs between these lakes and the Florida rivers
we studied, order-of-magnitude estimates show
large differences in light penetration between
spring and blackwater rivers. We estimate the
mean depth of the photic zone in spring rivers
exceeds 100 m, whereas the mean depth of the
photic zone in our blackwater river sites is <1 m.
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In rivers of the size we studied (most much deeper
than 1 m), the acute PAR attenuation in blackwater conditions is sufficient to exclude benthic primary production. A negative correlation between
TOCavg and DDO (Appendix 1 in Supplementary
material) further indicates that ecosystem primary
production is limited in systems with high concentrations of DOC in the water column.
The conclusion that blackwater DOC inhibits
denitrification rates indirectly through suppression
of aquatic primary production is consistent with the
inferences from high-frequency measurements of
NO3- in the spring-fed Ichetucknee River. Heffernan and Cohen (2010) attributed 80% of total N
removal in this system to denitrification. Much of
the day-to-day variation in N removal ascribed to
denitrification was explained by variation in gross
primary production, which was, in turn, linked to
changes in insolation. The most likely mechanism
for coupling of primary production and N removal
observed in their study is alleviation of C-limitation
following days of high insolation as a result of increased exudation of labile DOC by primary producers (Heffernan and Cohen 2010). This withinsite relationship between productivity and denitrification implies that similar, and perhaps stronger,
interactions may follow from variation in light
across sites.

Limitations of Experimental Approach
Because denitrification incubations were conducted ex situ, the ambient and potential rates
measured in these experiments may not be representative of actual rates in these systems. Removing
sediments from rivers and transporting and
homogenizing them before incubation exposes
anoxic sediments to oxygen and destroys their
structure. Removal of sediment for experimentation may also disrupt the effects of ongoing exudation by macrophyte and microphytobenthic
communities. The approach used in this study,
while useful for identifying limitations and potential rates of denitrification, also isolates sediments
from any effects of flow. In natural river systems,
advection continuously delivers NO3- and C, but in
our incubations, diffusion and hourly manual
mixing were the only means of NO3- delivery to
sediments during incubation. In addition, during
transport and storage of water and sediment, labile
DOC in the water column or in interstitial water of
sediment samples may have been metabolized by
organisms that passed through filtering of water or
were collected with sediments. Finally, oxic conditions present at the beginning of denitrification

incubation experiments could have led to competition between denitrifiers and aerobes for available
NO-3.
In many cases, however, the effects of these
bottle experiment artefacts would be to mask rather
than exaggerate expected treatment effects. Changes in NO3- availability and delivery in the incubations as compared to in situ conditions should
manifest equally among sites, and should not impose a directional change in observed rates. If labile
DOC were consumed during transport and storage
of water and sediment, then the likelihood of C
limitation should increase in sediments from sites
with conditions that favored production of labile C
by primary producers. Even given this possible
masking effect of consumption of labile C, we still
observed a pattern of increasing C limitation with
increasing DOC. Competition between denitrifiers
and aerobes during oxic periods of incubations,
particularly in the C-only treatment, may explain
the negative denitrification rates (that is, decreases
in N2 concentration over the course of experiments) measured in several C-only treatment
incubations, and should serve to mask differences
in severity of C limitation along the DOC gradient
of rivers rather than create false patterns.
Despite the possible limitations of these experiments, the ambient denitrification rates we observed show good agreement with both long-term
and high-resolution mass balance estimates of
denitrification in a spring river (Heffernan and Cohen 2010; Heffernan and others 2010). Heffernan
and others (2010) used a mass balance approach to
calculate areal denitrification rates of 23.8–
32.1 mg N m-2 h-1 for the spring-fed Ichetucknee
River. Using a bulk density value of 1.21 g cm-3 for
sediment of this river (R. Hensley, personal Communication.), we converted mass-based to areal rates,
assuming an active denitrifying layer of depth 5 cm
(Inwood and others 2007). Using the mean ambient
denitrification rate for the Ichetucknee River of
0.378 lg N g sed-1 h-1 (Appendix 1 in Supplementary material), we calculated an areal rate of
22.9 mg N m-2 h-1—very similar to the mass-balance estimate. The areal denitrification rate measured for the Ichetucknee River also falls within the
range of areal denitrification rates measured by the
open-channel method, which uses MIMS to measure N2 production in situ over whole river reaches.
Laursen and Seitzinger (2002) used the openchannel method to measure denitrification rates in
three rivers in the U.S. and observed a wide range
from 3.8 to 221.3 mg N m-2 h-1.
The denitrification rates observed in this study
also fall within the wide range reported from

DOC and River Denitrification
acetylene block measurements in other systems.
The mean ambient rate for sediment incubations
from all sites used in this study was
0.517 lg N g sed-1 h-1, very similar to the mean
reported by Barnes and others (2012) of
0.696 lg N g sed-1 h-1 for Boulder Creek (Colorado, USA) and its tributaries. Arango and others
(2007) report a range of ambient denitrification
rates in Midwestern streams with varying benthic
substrates from 0.1 to 11.1 lg N g sed-1 h-1. Similarly, Groffman and others (2005) measured
ambient denitrification rates in urban streams of
Baltimore, MD, which ranged from 0.0026 lg N
g sed-1 h-1 in gravel-bed sediment to 4.96 lg N
g sed-1 h-1 in substrate from a debris dam. As in
this study, Groffman and others (2005) found that
denitrification rates were strongly correlated with
SOM.
We have shown that denitrification rates are lower
in Florida rivers with higher DOC concentrations,
and have suggested a mechanism of increased Climitation resulting from light limitation of primary
production. However, because of strong covariation
between long-term TOC concentrations and hydrologic variability (Appendix 1 in Supplementary
material) we cannot be confident in assigning an
explanation of this pattern to either of these parameters. Either or both of these drivers could limit the
abundance and productivity of aquatic vegetation,
and thus inputs of labile C, in blackwater rivers
(Franklin and others 2008), and both potential drivers show strong negative relationships with denitrification rate (Figure 5). In these north Florida
systems, some sites with relatively high hydrologic
variability had established benthic vegetation communities (for example, sites on the Withlacoochee
and Wekiva Rivers), suggesting that hydrologic variability alone is not sufficient to exclude submerged
aquatic vegetation communities from Florida rivers.
In sites with continuous flow data, we calculated the
frequency of flood events greater than seven times
the median annual flow, a metric correlated with
disruption to macrophyte communities (Riis and
Biggs 2003). Although blackwater sites had a higher
frequency of these disrupting floods than spring systems (which did not exceed 79 median flow in any
year over the 2000–2012 period of analysis), the
highest frequency was still only 2.58 events year-1, a
value corresponding to only minimal reduction
(<15%) of macrophyte abundance in a study by Riis
and Biggs (2003).
Our inference that terrestrial DOC inhibits
aquatic autotroph growth via reduced light is based
on known effects of DOC on light availability in
rivers and lakes (for example, Houser and others
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2003; Julian and others 2008), and on low primary
productivity commonly observed in blackwater
systems (Meyer 1990; Carpenter and Pace 1997).
Even in extremely oligotrophic lakes, light limitation by CDOM is the principle control on primary
productivity (Karlsson and others 2009). Further
evidence that DOC-mediated light-limitation can
influence biogeochemical cycles comes from a lake
in the northern U.S.A. West and others (2012)
showed that terrestrial DOC stimulated methanogenesis in lake cores only slightly, whereas algal
DOC fueled significant increases. Although it is
likely that light limitation of photosynthesis by
CDOM is an important constraint on vegetation
abundance and thus labile C availability, future
studies should address the influence of flow regime
on macrophyte communities in Florida rivers.
The interface between macrophyte roots and
sediments is a hotspot for denitrification. These
sites provide superior conditions for denitrification
because roots pump oxygen into the sediment,
causing diel shifts in O2 concentration and redox
conditions that favor diffusion of NO3- into the
benthos and denitrification reactions (RisgaardPetersen and Jensen 1997; Ottosen and others
1999; Cohen and others 2012). In addition to the
effects of O2 inputs, the labile C exuded by macrophyte roots can enhance denitrification rates by
fueling the metabolism of denitrifying bacteria (Lin
and others 2002; Heffernan and Cohen 2010). The
exclusion of macrophyte communities (whether by
DOC-induced light limitation or by removal because of hydrologic scour) can therefore limit
denitrification by depriving microbes of ideal conditions and labile metabolic fuel.

CONCLUSIONS: LIGHT AND COUPLED C
N IN AQUATIC ECOSYSTEMS

AND

Current understanding of N removal processes in
rivers may be limited because most of the current
methods involve scaling measurements made in
small headwater streams to the channel geometry
and hydrology of large rivers (Alexander and others
2000; Seitzinger and others 2002), thereby overlooking the important role of light in wider channels. This difference in light availability between
large and small rivers leads to divergent effects on
nutrient transformations, as well as distinct predictions about the effects of DOC on river biogeochemistry. The chemical effects of DOC on nutrient
biogeochemistry may be similar, but the effects of
DOC on the physical environment of streams leads
to different predictions in aquatic systems which
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rely more heavily on light to fuel autochthonous
production. Scaling measurements from small
channels underestimates N removal in some large
rivers because it de-emphasizes the importance of
in situ OM production (for example, Heffernan and
others 2010). The results of this study support the
assertion made by Heffernan and others (2010) that
scaling derived from hydrology and geometry
alone, particularly in rivers with highly productive
submerged aquatic vegetation communities, is
insufficient to predict the magnitude of N removal
in large rivers.
In large rivers and wetlands (especially those with
clear water), autochthonous production is an
important source of labile C for denitrifiers. Because
understanding of N cycles in large rivers limits
models of river network N dynamics (Wollheim and
others 2006), clarifying the significance of denitrification in those lotic systems where light availability plays a large role in ecosystem metabolism
will allow for more accurate global N budgets and
predictions about the response of C and N cycles to
altered nutrient and OM availability, hydrologic
regimes, and other aspects of global change.
This study demonstrates that indirect effects of
DOC on light may be as important as its direct role
as a metabolite in shaping how N cycling responds
to rising concentrations of DOC in surface waters.
Because the quantity and quality of DOC in rivers
are linked, the consequences of changing DOC will
be multi-faceted (Prairie 2008). In Florida, blackwater rivers with high concentrations of DOC not
only contain a high proportion of recalcitrant
compounds, but the attenuation of light by CDOM
also inhibits the production of more labile compounds produced by aquatic vegetation. Denitrification may, counterintuitively, become more C
limited as concentrations of DOC increase in surface waters, diminishing the ability of freshwater
ecosystems to remove reactive N. This may have
consequences not only for the ecology and biogeochemistry of those systems, but also for eutrophication of downstream ecosystems. DOC is the
‘‘great modulator’’ in aquatic ecosystems (Prairie
2008), and changes in its concentration and source
will affect not only watershed and regional C balance (Cole and others 2007), but also biogeochemical cycles of elements coupled to C.
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