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Abstract 

 Coal fired power plants generate approximately 45% of the electricity produced in 

the United States every year, and each year, over 100 million tons of coal ash are 

produced as a by-product of electricity generation. Coal ash is a solid waste made up 

principally of bottom ash, fly ash, and flue gas desulfurization materials. The chemical 

composition of coal ash varies depending on the feed coal source, combustion 

parameters, and the presence and type of air pollution control devices that remove 

contaminants from the flue gas into the solid waste stream. Although a significant portion 

of coal ash waste is recycled, the majority of coal ash is disposed in landfills and holding 

ponds. Coal ash impoundments have a long history of environmental degradation, which 

includes: contaminant leaching into groundwater, the discharge of contaminant-laden 

effluent into surface waters, and catastrophic impoundment failures and ash spills. 

Despite these known problems, coal ash is not considered a hazardous waste, and thus is 

not subject to stringent disposal requirements. The current coal ash management system 

is based on risk assessments of coal ash that do not include environmental parameters that 

have a profound impact on coal ash contaminant mobility, particularly for the toxic 

elements such as mercury, arsenic, and selenium. This dissertation research focused on 

the biogeochemical transformations of mercury, arsenic, and selenium associated with 

coal ash materials in an effort to: (1) define the key environmental parameters controlling 

mercury, arsenic, and selenium fate during disposal and ash spills; and (2) delineate the 



 

 

v 

relationship between coal ash characteristics, environmental parameters, and leaching 

potential.  

 The impact of coal ash on mercury transformations in anaerobic systems was 

assessed using anaerobic sediment-ash microcosms to mimic an ash spill into a benthic 

aquatic system. Anaerobic sediments are the primary zones for the microbial conversion 

of inorganic mercury to methyl mercury (MeHg), a process that is mediated by anaerobic 

bacteria, particularly sulfate reducing bacteria (SRB). MeHg is a potent neurotoxin that 

biomagnifies up the aquatic food chain, presenting a human health risk-- especially to 

children and pregnant women. The results of the sediment-ash microcosm experiments 

indicated negligible net production of MeHg in microcosms with no ash and in 

microcosms amended with the low-sulfate/low-Hg ash. In contrast, microcosms amended 

with sulfate and mercury-rich ash showed increases in MeHg concentrations that were 

two to three times greater than control microcosms without ash. The enhancement MeHg 

production in the microcosms was likely due to large quantities of leachable sulfate that 

stimulated the activity of methylating bacteria. Overall, these results highlight the 

importance of considering both the geochemical conditions of the receiving environment 

and the chemical composition of the coal ash in assessing the MeHg potential of coal ash.  

 The hypothesis that sulfate-rich coal ash can change sediment microbial 

communities, enhancing MeHg production, was tested by analyzing coal ash impacts on 

the SRB community in the sediment-ash microcosms using Terminal Restriction 

Fragment Length Polymorphism (T-RFLP), Quantitative Polymerase Chain Reaction (q-
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PCR), and Reverse Transcription-qPCR (RT-qPCR). Coal ash did not appear to cause 

significant changes to the structure of the overall bacterial community, though results 

showed that it may have caused a decrease in the evenness for species distribution for 

both SRB and the overall microbial community. During the five-day incubation 

experiment, the coal ash had a temporary significant effect on SRB abundance during the 

first one to two days of the experiment and a more sustained effect on SRB activity. This 

stimulation of SRB population growth and activity also corresponded with increasing net 

MeHg production. Overall, results indicate that coal ash amendments do not cause large 

shifts in the overall microbial community or the SRB community, but results indicate that 

there are connections between SRB abundance/activity and MeHg production. More 

research is needed to determine how coal ash directly impacts Hg methylating 

microorganisms, which include diverse array of microorganisms outside of SRB. 

 The effect of aerobic and anaerobic conditions on arsenic and selenium leaching 

from coal ash in an ash spill scenario was also assessed using sediment-ash microcosms. 

The fate of arsenic and selenium associated with coal ash is of particular concern due to 

the leachability of these elements at neutral pH and their tendency to bioaccumulate in 

aquatic organisms. Both the redox speciation of arsenic and selenium, and the pH of the 

aquatic system, are known to influence leaching into the environment, yet current 

environmental risk assessments of coal ash focus on pH alone as the primary driving 

force for arsenic and selenium leaching from coal ash and do not take into account the 

effects of anaerobic conditions and microbial activity. In this research, total dissolved 
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concentrations of arsenic and selenium, dissolved speciation of arsenic, and solid phase 

speciation of selenium were monitored to determine the biogeochemical transformations 

and leaching of arsenic and selenium under differing redox conditions. The results from 

the sediment-ash microcosm studies showed that redox potential was the major 

determinant of arsenic and selenium mobility in the microcosm systems with greater 

arsenic leaching occurring in anaerobic microcosms and greater selenium leaching 

occurring in aerobic microcosms. Furthermore, the experiments provided clues to how 

coal ash influences the geochemistry of the benthic environment and how these 

influences affect the speciation and longer term solubility of arsenic and selenium.  

 Finally, experiments were conducted to determine how differing CaO, SO3, and 

Fe2O3 concentrations in coal ash affect the release of arsenic and selenium from 

sediment-ash mixtures in a simulated ash spill environment. Aerobic and anaerobic 

sediment-ash microcosms were constructed to mimic an ash spill into a benthic aquatic 

system, and a variety of coal ash materials were tested as amendments, including seven 

fly ashes, one lime-treated fly ash sample, and two FGD samples. Results showed that, in 

most cases, the sediment in the microcosm buffered the system at neutral, which 

counteracted leaching impacts of differing CaO and SO3 concentrations in the 

microcosms. Regardless of ash material, leaching of selenium was greater under aerobic 

conditions and was correlated with the total selenium content of the microcosm. 

Maximum leaching of arsenic occurred in anaerobic microcosms for some ash materials 

and in aerobic microcosms for other materials, suggesting that ash material chemistry 
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played a significant role in controlling arsenic mobility. In both aerobic and anaerobic 

microcosms, dissolved arsenic concentration was correlated with total arsenic content of 

the ash material and in anaerobic microcosms, dissolved arsenic concentrations also 

correlated with the total iron content of the ash material. Overall, the results of these 

experiments showed that arsenic and selenium release under environmentally relevant 

conditions cannot be predicted by the CaO and SO3 content of the ash material. Rather, 

the total arsenic, total selenium content, and total iron content of the ash material are 

good predictors of the worst case environmental leaching scenario. 

 These investigations illuminated two major conclusions: (1) microbial activity 

and differing redox conditions are key in determining the impact of coal ash on the 

environment and in determining the mobility of coal ash contaminants, and (2) coal ash 

characteristics, such as sulfate and iron content, can change the redox chemistry and 

microbial activity of the surrounding environment, further influencing the fate of ash 

contaminants. This work will be useful in designing a framework that accurately predicts 

the leaching potential of ash contaminants under environmentally relevant conditions. 

The results will also be helpful in developing treatment technologies for ash 

impoundment effluent, guiding decisions on ash pond closure and remediation, and in 

designing long-term monitoring plans and remediation strategies for ash-impacted sites. 
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Chapter 1: Introduction  

1.1 Motivation 

 Coal combustion byproduct (CCP) waste comprises one of the largest industrial 

waste streams in the United States with over 100 million tons of ash produced annually as 

a byproduct of electricity generation.1 Approximately 45% of CCP waste is re-used in 

various applications including, cement, road fill, and dry wall.1 The remaining CCP waste 

(74 million tons in 2013) is stored in landfills or storage ponds.1 CCPs are known to be 

enriched in many toxic trace elements,2 of which arsenic, selenium, and mercury are of 

particular concern due to their propensity to leach from CCPs under typical disposal 

conditions and their potential for bioaccumulation in the environment. Despite these 

concerns, CCPs are not classified as hazardous waste, and until recently, their disposal 

was not strictly regulated. As a consequence of this policy, CCP impoundments are the 

source of numerous, documented cases of environmental damage including groundwater 

contamination, surface water contamination from impoundment discharge, and 

catastrophic ash spills due to impoundment failures.3, 4  

 The risks of CCP disposal practices have been highlighted by recent spill events. 

In 2008, an impoundment failure at the Tennessee Valley Authority (TVA) Fossil Plant 

in Kingston, TN caused more than 4.1 million cubic meters of coal ash slurry to spill into 

the adjacent Emory River.5 More recently, in February 2014, a broken storm pipe 

underneath a CCP impoundment at the Duke Energy Dan River Steam Station in Eden, 
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NC caused 39,000 tons of CCP slurry and 102,000 cubic meters of ash wastewater to be 

released into the nearby Dan River.6 These CCP spills have prompted the U.S. 

Environmental Protection Agency (EPA) to reconsider the non-hazardous waste 

classification for CCPs. In 2014, the EPA released a rule to require the regulation of 

CCPs under Subtitle D of the Resource Conservation and Recovery Act (RCRA). The 

ruling continues to regulate CCPs as a non-hazardous waste but sets minimum federal 

standards for disposal safety and requires, among other things, periodic dam inspections, 

lining for new impoundments and landfills, and groundwater monitoring.7, 8 Enforcement 

of these standards is the responsibility of the States, and States are encouraged to adopt 

more stringent disposal standards as they see fit. In North Carolina, state legislators were 

prompted to take action to regulate ash disposal after the Dan River ash spill. The Coal 

Ash Management Act of 2014 requires that designated high risk coal ash impoundments 

be closed and remediated by April 1, 2019 and that all wet ash impoundments be closed 

by December 31, 2029.9 The regulations do not specify specific remediation and closure 

requirements, but various options have been discussed including cap in place, use of ash 

for structural fill, and landfilling. 

 In addition to recent regulations on CCP disposal, the EPA has proposed new 

regulations governing steam electric power plant effluent releases. The EPA estimates 

that steam electric power plants contribute over half of the industrial loading of toxic 

metals to water bodies in the United States.10 The proposed regulations would, for the 

first time, set a national standard limiting the discharge of toxic metals in power plant 
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waste effluent.10 The proposed regulations specifically target mercury, arsenic, and 

selenium of which power plants annually discharge, 1279 kg, 35,925 kg, and 102,058 kg 

respectively.11 A final ruling is expected in September 2015. 

 The pollution problems associated with power plant effluent releases are a direct 

result of past and present CCP management processes. The past and present classification 

of CCPs as non-hazardous is justified by test results from the Toxicity Characteristic 

Leaching Protocol (TCLP), which is the EPA test method used to identify hazardous 

wastes. With TCLP, the solid waste sample is leached in a mildly acidic solution for 18 

hours.12 The contaminant concentrations are then measured and compared to a threshold 

values, which are 5.0 mg/L for arsenic, 0.2 mg/L for mercury, and 1.0 mg/L for 

selenium.12 If the threshold concentrations are exceeded, the material must be disposed as 

a hazardous waste according to Subtitle C of the Resource Conservation and Recovery 

Act (RCRA). Yet, TCLP is an inappropriate environmental risk assessment for CCP 

materials, as it does not take into account the unique leaching behavior of CCP metalloid 

contaminants or the environmental conditions relevant to coal ash disposal scenarios.13, 14 

TCLP is conducted at a single, acidic pH point (i.e. pH 4.5), which is not appropriate for 

determining the maximum leaching potential of arsenic and selenium, which are major 

CCP contaminants of concern. Arsenic and selenium leaching is profoundly affected by 

variations in redox potential, and TCLP only considers aerobic leaching scenarios. TCLP 

also neglects microbial activities, which are an important part of assessing the 

environmental risk of mercury. By excluding these key environmental parameters from 
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its risk assessment, TCLP may underestimate the environmental risks posed by current 

CCP disposal practices. In some cases, the Synthetic Precipitation Leaching Procedure 

(SPLP) is used in place of TCLP. The SPLP is another acidic, single point leaching test, 

which suffers the same flaws as TCLP in predicting CCP leaching potential.15 Recently, 

the EPA has proposed using the Leaching Environmental Assessment Framework 

(LEAF) as a more accurate leaching assessment for CCPs.8, 16-19 LEAF expands the pH 

range for leaching (pH 2 to 13) and also tests leaching potential under a range of solid to 

liquid ratios, but this protocol does not account for redox gradients, microbial activity and 

other environmental parameters relevant for disposal. 

 In order to ensure that new CCP disposal regulations are appropriate, it is 

imperative to have a complete understanding of how CCP contaminants are mobilized 

from ash during disposal and ash spill scenarios. Such an understanding will also be 

helpful in designing ash management strategies that will ensure compliance with the 

impending regulations on ash impoundment effluent releases. This dissertation addresses 

the following research questions: (1) What environmental parameters are important in 

controlling CCP contaminant leaching and transformations? (2) How do coal ash 

characteristics and environmental parameters intersect to determine CCP leaching 

potential? The overall goal of this research is to develop a method to rank the leaching 

potential of different CCP materials based on their chemical characteristics and leaching 

behavior under disposal conditions. This method will provide utility companies with a 

rubric for the proper disposal of a variety of CCP materials. 
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1.2 Characteristics of Coal Combustion Products 

1.2.1 Types of CCPs  

 CCP waste is generated by coal combustion and consists mostly of three 

components: bottom ash, fly ash, and flue gas desulfurization (FGD) waste. Bottom ash is 

the heavy ash residue that settles to the bottom of the furnace or is collected on the 

furnace walls. Fly ash consists of very fine ash particles and remains suspended in the 

flue gas stream. Fly ash is collected downstream of the furnace by a number of different 

particulate collection devices, the most prevalent of which are electrostatic precipitators 

and fabric filters.20  

 

Figure 1.1. Schematic of the coal combustion process, including waste streams.10 

 FGD wastes are collected from wet or dry scrubbers located downstream of 

particulate collection devices. The main purpose of FGD systems is to reduce sulfur 
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dioxide (SO2) emissions to the air, but the scrubbing process also captures particles and a 

portion of volatile gases. In a wet FGD system, a slurry of calcium or sodium alkaline 

reagent (usually lime or limestone) is injected into the gas stream. The lime reacts with 

SO2 in the gas stream to form calcium sulfite, which is often forcibly oxidized to calcium 

sulfate (gypsum). The gypsum can be de-watered and sold for re-use, typically for use in 

dry-wall manufacturing. About 40% of FGD product (gypsum, wet FGD material, and 

dry FGD material) is re-used in the U.S. each year.1 Dry FGD systems operate similarly 

to wet systems except that the alkaline slurry reagent is introduced into a hot flue gas 

stream as a fine mist of droplets. Almost all of the liquid in the slurry reagent evaporates 

during the scrubbing process, so dry FGD systems generate very little wastewater. Yet, 

dry FGD systems tend to be less popular than wet systems because they have a lower SO2 

removal efficiency.21 

 FGD products represent about 30% of the mass of CCP waste produced each 

year.22 Fly ash and bottom ash comprise 45-60% and 10-20% of the annual CCP waste 

load.21 Other minor components of CCP waste include boiler slag, fluidized bed 

combustion ash, and pulverizer rejects. These products are typically less than 10% of the 

mass of CCP waste.1 In this dissertation, fly ash and bottom ash are collectively referred 

to as coal ash, and because the majority of CCP waste is made up of bottom ash and fly 

ash, coal ash will be the focus of my research.  
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1.2.2 Elemental Composition of Coal Ash 

 The elemental composition of coal ash is fundamentally determined by coal type 

and coal source. Coal is ranked as a fuel source based on the percentage of fixed carbon, 

moisture, volatile matter, and calorific value. There are four ranks of coal: lignite, 

subbituminous, bituminous, and anthracite. Bituminous coals and anthracite coals are 

higher rank and are characterized by high carbon contents (86-98% for anthracite and 69 

to 86% for bituminous) and by energy contents of greater than 24 MJ/kg.23 Lignite and 

subbituminous coal are classified as lower rank and contain less carbon and produce less 

energy (>26 MJ/kg) compared to bituminous and anthracite coals.23 Power plants 

generally burn subbituminous coal, bituminous coal, or a blend of coal types.20 In 

choosing what blend of coal to burn, utilities have to consider numerous factors, 

including: coal rank (affects the cost of the coal), the geographic proximity of the coal 

basin (transport costs), the air pollution control devices at their plant, and the elemental 

composition of the coal. 

 The United States has several major coal basins, as shown in Figure 1.2. Coal 

chemistry varies by coal basin and also within coal basins. In general, western coals, such 

as those from the Powder River Basin, are known for their low sulfate (<1% total sulfur) 

and low trace element content 24, 25 whereas eastern coals tend to have higher sulfur 

content. For example, Illinois basin coals typically have high sulfur content (>3% total 

sulfur).25 Many trace elements in coal, such as As, Se, Sb, Hg, and Pb, are associated 
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with sulfide minerals, particularly with pyrite.26, 27 Therefore, coals with high sulfur 

content can also have higher trace element content. 

 

Figure 1.2: Coal basins in the United States.28 

 Often, the blend of coal a power plant burns is determined by their air pollution 

control technologies.24 Plants equipped with FGD systems can burn high sulfur coals and 

still meet sulfur dioxide emission regulations while plants with less advanced technology 

need to burn a blend of coals with lower sulfur content. Coal volatility, chlorine content, 

and trace element content are also parameters that are taken into consideration. 

1.2.3 Trace Element Partitioning in the Flue Gas Stream 

 During combustion, volatile elements partition into the flue gas stream, and as the 

flue gas cools, these elements condense back onto fly ash particles. Thus volatile trace 
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elements, such as cadmium, chromium, lead, nickel, zinc, copper, vanadium, mercury, 

arsenic, and selenium are one to two orders of magnitude more concentrated in fly ash 

relative to bottom ash.2 The ability of fly ash particles to capture trace elements varies 

with particle surface area and flue gas temperature. Lower flue gas temperatures and high 

particle surface areas increase trace element capture.2, 29 FGD waste tends to be enriched 

in the most volatile elements, which include boron, carbon, sulfur, chlorine, bromine, 

nitrogen, mercury, and selenium.2, 30 

1.3 Current CCP Disposal Practices 

 Of the CCPs produced every year, about 45% are re-used in concrete, as a 

substitute for Portland cement, as mine-fill, as road base, and as structural fill.22 The other 

55% of CCP waste is disposed in holding ponds or landfills.22 CCP impoundments have a 

long history of environmental degradation including documented cases of contamination 

of surface waters with selenium, groundwater contamination with arsenic, and 

impoundment failures resulting in ash spills.3, 4, 11 Only 63% of CCP landfills and 51% of 

CCP holding ponds are lined, and 18% of lined landfills and 74% of lined holding ponds 

do not collect leachate.20 Of the landfills and impoundments that collect leachate, 68% 

and 34% respectively, discharge the leachate with no treatment.20  

 Bottom ash, pulverizer rejects, and fly ash are almost always mixed together for 

disposal whereas FGD waste is generally disposed in separate impoundments. About 

36% of FGD impoundments are treated either with chemical precipitation or biological 

treatments (both anaerobic and aerobic).21 Ash impoundments are designed for total 
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suspended solids settling, and at the majority of sites, effluent receives no other treatment 

besides pH adjustment prior to discharge.21 However, impoundment treatment will likely 

become more common for both FGD waste and coal ash waste as regulations on effluent 

discharge become stricter. The EPA recently proposed new rules that put the first federal 

limits on the levels of metals discharged in steam electric utility wastewater.10 These 

regulations target a long list of contaminants of concern: aluminum, arsenic, boron, 

cadmium, chromium, copper, iron, lead, manganese, mercury, nickel, selenium, thallium, 

vanadium, and zinc.11   

 Of these elements, mercury, arsenic, and selenium receive particular attention.  

Arsenic and selenium are of concern because of their high solubility in neutral and 

alkaline pH waters, which are typical of CCP disposal scenarios. CCP impoundments 

have been cited in numerous cases of arsenic groundwater and selenium surface water 

contamination, which indicates that current CCP disposal practices do not adequately 

control arsenic and selenium mobility.31 Mercury, arsenic, and selenium are all also 

known to bioaccumulate in the environment. Thus, these elements present a significant 

health risk to humans and wildlife if they are mobilized from CCP impoundments or 

landfills. 

1.4 Environmental Fate of Mercury During CCP disposal  

1.4.1 Biogeochemical Cycle of Mercury in the Environment 

 Mercury is emitted to the environment from both anthropogenic and non-

anthropogenic sources.32 Mercury from natural sources enters the environment through 
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volcanic eruptions, geothermal sources, low-temperature volatilization, biomass burning, 

and forest fires.33 Major anthropogenic sources of mercury include coal-fired power 

plants, small-scale artisanal gold mining, mercury ore mines, municipal waste 

combustion, and industrial chemical processes.33  

 Mercury is released from the source and transported in the atmosphere as gaseous, 

elemental mercury (Hg0
(g)).34 Hg0

(g) is oxidized in the atmosphere to form reactive, 

gaseous mercury (HgII+
(g)), which is deposited on the ground as inorganic mercury 

(HgII+
(aq)) via precipitation (wet deposition) and surface contact (dry deposition). Once in 

the aquatic system, HgII+ can enter several geochemical pathways including reduction and 

volatilization, sedimentation, and methylation (Figure 1.3).35 

 

Figure 1.3: Biogeochemical cycle of mercury in the environment.36 

 Mercury methylation in the aquatic environment is of particular concern as 

methylmercury (MeHg) is highly bioaccumulative and a neurotoxin.37, 38 MeHg 

concentrations in fish tissue can be 500,000 to 10,000,000 times higher than the 
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concentration in surrounding waters, and fish consumption is the major route of human 

exposure to MeHg.39 Thus, even very low concentrations of MeHg in the environment 

can present a substantial threat to human health. 

 The transformation of inorganic forms of Hg to MeHg typically takes place in 

anaerobic sediments and is mediated by sulfate-reducing bacteria40, 41 and other anaerobic 

microorganisms, such as iron-reducing bacteria or methanogens.42-45 The production of 

MeHg in the environment is dependent on the productivity of these methylating 

microorganisms and on the amount of inorganic Hg that is bioavailable to these 

microorganiams.46 

1.4.2 Mercury Speciation and Leaching from CCPs 

 The amount of mercury in fly ash is fundamentally controlled by the mercury 

content of the source coal. Mercury in coal is typically associated with pyrite or other 

sulfide minerals. Thus, higher sulfur coals tend to contain higher concentrations of 

mercury, but mercury content in these coals still varies by orders of magnitude.24, 47 The 

average concentration of mercury in U.S. coals is 0.1-0.2 mg/kg.24 

 During the combustion process, mercury in the flue gas stream exists as elemental 

mercury (Hg0
(g)), oxidized divalent mercury (HgII+

(g)), and particle-bound mercury 

(Hgp).24 Of the two forms of gaseous mercury, Hg0 does not partition significantly to the 

particle phase. For mercury capture to occur, Hg0 has to be oxidized to HgII+, either in the 

flue gas stream or at the surface of particles. Mercury capture by fly ash is controlled by 

flue gas temperature, the amount and type of carbon in the fly ash, and on the overall 
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chemistry of the source coal. Low flue gas temperatures (135-175 °C)24, 47, high 

concentrations of unburned carbon (> 1% by mass),47-50 and greater halogen content (> 

500 ug/g)24 in the parent coal and fly ash all increase mercury capture on fly ash. 

 The exact speciation of mercury adsorbed to fly ash has been difficult to 

determine because, in most cases, fly ash mercury concentrations are below the detection 

limit for speciation techniques (e.g. x-ray spectroscopy). However, on activated carbon 

surfaces, mercury was found to bind to oxygen or halogen functional groups.51 Mercury 

capture on fly ash may occur via a similar mechanism such as the adsorption or 

precipitation of HgCl2 on carbon particles within the fly ash mixture. 

 Previous research has shown that, unlike other metals found in coal ash, Hg 

leaching is not pH dependent over the range of pH values found in the environment. Hg 

in fly ash only dissolves in strongly acidic conditions, which are rarely encountered in the 

environment.14, 52 However, Hg has a high affinity for ligands, especially sulfides and 

organic sulfhydryl groups associated natural organic matter (NOM).53-55 Thus, Hg 

associated with CCPs may leach into pore water that contains high levels of dissolved 

NOM or sulfide (e.g., typical conditions in anaerobic sediments).   

1.4.3 Impact of CCPs on Methylmercury Production 

 Sulfate-reducing bacteria (SRB) obtain energy by reducing sulfate to sulfide, 

which is a ligand that binds strongly to mercury. As SRB are major methylators of 

mercury, both sulfate and sulfide concentrations affect MeHg production. Gilmour et al.40 

showed increased MeHg production in anaerobic freshwater sediment slurries spiked 
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with HgCl2 when the slurries were amended with 10-200 µM sulfate. MeHg production 

appeared to decrease at sulfate concentrations greater than 200 µM, and MeHg 

production stopped when sulfate was depleted. These data indicate that sulfate addition in 

conditions of sulfate limitation (e.g., below 200 µM) may stimulate the in-situ production 

of MeHg, possibly by stimulating the activity and/or growth of the SRB population.  

 In 2008, a coal ash holding pond collapsed at the TVA Kingston Fossil Plant, 

spilling over 1 billion gallons of coal ash slurry into the surrounding Emory and Clinch 

River system. Field samples taken immediately after the spill exhibited a surprising trend 

in regards to mercury methylation. Areas in the Emory River affected by the ash spill 

showed MeHg concentrations on the same level as those found in the Clinch River, 

which has 10 times higher total mercury concentrations due to historical contamination 

from other industrial sources.5, 56 Analyses of MeHg concentrations and other water and 

sediment chemistry parameters revealed no correlation between total Hg and MeHg 

contents. Instead, in sediment-ash mixtures with <28% ash content, there was a negative 

correlation (r2 =0.61) between MeHg and sulfate concentration and a positive correlation 

(r2 = 0.34) between MeHg and acid volatile sulfide content in sediment.56A possible 

explanation for these trends is that the spilled coal ash stimulated mercury methylation in 

sediments by providing sulfate to the SRB community that produces methylmercury. This 

stimulating affect was hypothesized to be limited to sediment-ash samples containing less 

than 28% ash as too much ash may have negatively impacted the methylating community 



 

 

15 

lowered mercury bioavailability to these organisms. However, further experiments are 

needed to verify this hypothesis (e.g., Chapters 2 and 3 of this dissertation). 

 Proposed EPA regulations on mercury in CCP impoundment effluent are based on 

methylmercury concentrations in fish living in effluent-receiving waters and on known 

mercury levels in wastewater discharge.11 This dissertation research will help fill the gap 

in knowledge on the conversion of CCP mercury to methylmercury in the environment. 

Chapters 2 and 3 of this dissertation describe laboratory experiments designed to identify 

the effect of coal ash on MeHg production and the microbial community in anaerobic 

sediments. 

1.5 Arsenic and Selenium Leaching from CCPs in Disposal and Ash Spill 
Scenarios 

1.5.1 Arsenic and Selenium Toxicity 

 Arsenic and selenium are contaminants of primary concern in the CCP disposal 

process due to their water solubility and bioaccumulative behavior. Arsenic is toxic to 

both plants and animals, and bioaccumulates in aquatic environments.31 Arsenic can 

present a human health risk through the consumption of contaminated fish; however, 

more than 96% of arsenic in fish tissue is an organic arsenic compound,57, 58 and organic 

arsenic species are much less toxic to humans than inorganic arsenic species.59 The main 

route of human exposure to arsenic is through drinking water contaminated with 

inorganic arsenic species.60 Communities living near CCP impoundments could be at risk 

if their well-water or drinking water reservoirs become contaminated. In humans, arsenic 
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has been shown to cause skin lesions and cancer of the brain, kidneys, liver, and 

stomach.59, 60 

 Selenium is similar to arsenic in that it occurs as inorganic oxyanions in aquatic 

systems and as organic species in biota. CCP impoundment leaks and effluent discharge 

have been a major source of selenium contamination in the environment. CCP selenium 

has been cited in 80 cases of surface water contamination and 43 cases of groundwater 

contamination.11 Selenium has severe teratogenic effects on fish and amphibians,4, 31 and 

food chain bioaccumulation and reproductive failure is observed in fish at inorganic 

selenium concentrations of only 2 ug/L in surface waters.61 The effects of selenium 

contamination are long-lasting. Belews Lake, in North Carolina, received selenium-laden 

CCP wastewater over a 12 year period from 1974 to 1986.4 Nineteen out of 20 fish 

species were eliminated from the Lake due to the reproductive toxicity of selenium. A 

decade later, surface water concentrations of selenium had fallen to <1 µg/L from a peak 

concentration of 20 µg/L in 1986, but teratogenic effects were still seen in juvenile fish, 

and selenium concentrations in the sediment remained elevated at a level (1-4 µg/g)  that 

presents a bioaccumulation risk to aquatic wildlife in the lake.  

 For humans, selenium is a unique element in that there is a narrow range between 

dietary deficiency and toxicity (<40 µg/day to >400 µg/day).62 Selenium presents a 

human health risk through the consumption of higher trophic level fish from 

contaminated areas. Health impacts in humans include neurological effects, skin 

disorders, and gastrointestinal illness.62 
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 Previous research indicates that total element content is not a good predictor of 

arsenic and selenium leaching behavior.14 Instead, leaching behavior in disposal scenarios 

is controlled by pH and redox potential. 

1.5.2 Redox Transformations of Arsenic and Selenium in Natural Waters 

1.5.2.1 Arsenic 

 At high redox potentials, arsenate (an As(V) oxyanion) is the dominant species of 

arsenic, and in reducing environments, arsenite (As(III)) becomes the dominant form of 

arsenic.63 The kinetics of the As(V) to As(III) reduction are relatively slow and often 

As(V) and As(III) co-exist in reducing environments.63 In very reducing conditions (Eh 

<-250 mV), arsenic may exist as elemental arsenic. If high concentrations of sulfide are 

present, insoluble arsenic-sulfide species, such as As2S3, may form.64 

 The solubility and mobility of arsenic in the environment is strongly influenced 

by adsorption/desorption reactions on many different mineral phases with arsenic having 

a particularly strong affinity for iron oxides. Arsenate tends to sorb very strongly to oxide 

minerals via inner-sphere complexation.65 Arsenite also sorbs readily onto iron oxide 

surfaces, but its sorption tends to be weaker than that of arsenate. Arsenite sorption is 

more sensitive to changes in ionic strength, indicating that arsenite likely sorbs via both 

outer-sphere and inner-sphere mechanisms.65 Arsenite’s weaker affinity for oxide 

surfaces makes it the more mobile arsenic species. The mobility of arsenite is unfortunate 

as it is 25-60 times more toxic to humans than arsenate.66 
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Figure 1.4: Geochemical cycle of arsenic.67 

 Arsenic mobility is also affected by the chemistry of surrounding waters and by 

microbial activities. Other oxyanions such as sulfate, phosphate, carbonate, and silicate 

are present in natural waters at much higher concentrations than arsenic oxyanions (mg/L 

vs. µg/L). These anions could compete with arsenate and aersenite anions for surface 

binding sites on mineral particles and increase the mobility of arsenic if less is adsorbed 

to mineral surfaces.68, 69 NOM influences arsenic mobility by catalyzing both reduction 

and oxidation reactions, by competing with arsenic for mineral surface binding sites, and 

by forming soluble arsenic-NOM complexes.70 Thirty strains of arsenite-respiring 

bacteria and 24 strains of arsenate-respiring bacteria are reported.71 Field studies have 

shown that arsenate-respiring bacteria can play a key role in contributing to arsenic 

mobility by releasing arsenic from arsenate-containing minerals and adsorptive sites.72, 73 
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 Finally, reducing conditions can also enhance the concentration of arsenic in 

surrounding waters through the reductive dissolution of iron oxides. This causes a release 

of adsorbed arsenic and irreversibly bound arsenic into solution.67, 73 

 In summary, arsenic tends to be more mobile under reducing conditions, except in 

the case of highly sulfidic systems where sparingly soluble arsenosulfides are prevalent. 

Nevertheless, it is difficult to predict arsenic mobility based solely on redox potential 

because the chemistry of the surrounding waters, microbial activity, and reductive 

dissolution of mineral phases can complicate the desorption/adsorption cycle. 

1.5.2.2 Selenium 

 At high redox potential, selenate (a Se(VI) oxyanion) is the dominate form of 

selenium. Selenate is very soluble in water and has little tendency to adsorb to solids or to 

precipitate out of solution.74 Under moderate redox potentials, selenite (a Se(IV) 

oxyanion) is the major species of selenium. Selenite is more bioavailable and is thought 

to be more toxic to aquatic organisms than selenate.75 Selenite mobility is controlled by 

adsorption/desorption reactions with metal oxyhydroxides, clays, and organic matter.74 

The exact adsorption mechanism for selenite varies by mineral surface structure and 

mineral surface charge,76 but selenite typically sorbs to particles by inner-sphere 

complexation.77, 78 Selenate also sorbs to particles, but its affinity to solids is much lower 

than selenite. This phenomenon is not completely understood. Spectroscopic data 

indicates that selenate also sorbs via inner-sphere complexation,77 but other experiments 



 

 

20 

show that selenate sorption shows a strong dependence on ionic strength, which suggests 

selenate sorbs via an outer-sphere mechanism driven by electrostatic attraction.78, 79  

 Selenium oxyanions can be abiotically reduced to elemental selenium by Fe(II,III) 

oxide-containing mineral surfaces,80 but biotic reduction is the main reduction pathway in 

the environment.71, 81, 82 In reducing conditions, selenium is present as elemental selenium 

or as metal selenide mineral phases (e.g., FeSe). Elemental selenium is insoluble. The 

solubility of selenide minerals varies depending on the metal, but they are generally 

insoluble. Selenium can also persist in sediments as organic-selenide species, such as 

selenocysteine or selenomethione. These forms of reduced Se are very soluble relative to 

inorganic forms of Se(0) and Se(-II) and are the most bioavailable of all forms of 

selenium.61  

1.5.3 Effect of pH on Arsenic and Selenium Mobility 

 In general, As and Se follow pH-dependent leaching patterns that are typical for 

oxyanions, with the greatest amount of leaching occurring at high pH and lowest leaching 

potential at low pH.83, 84 At low to neutral pH values (pH ~3-8), inorganic arsenic and 

selenium oxyanions sorb to positively charged particles, limiting their mobility. At high 

pH, hydroxyl groups on mineral surfaces are deprotonated limiting the amount of 

oxyanion sorption that can occur. At high pH, hydroxide anions can also compete with 

anions for mineral phase binding sites (for arsenate and selenite species that form inner 

sphere complexes on mineral surfaces). 
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1.5.4 Influence of Coal Ash Characteristics on Arsenic and Selenium Mobility 

 Coal ash itself can be acidic or alkaline.85 Ash derived from subbituminous coals 

(Class C fly ash) tends to contain a large percentage of calcium oxide and is often 

alkaline; whereas ash derived from bituminous coals (Class F fly ash) contains smaller 

amounts of CaO and may be acidic. Bituminous-derived coal ash has been shown to 

leach greater amounts of As and Se compared to subbituminous coal ash in deionized 

water over a range of pH.86 In subbituminous ash, As and Se leaching decreased as 

calcium content increased, indicating that insoluble Ca-Arsenate and Ca-Selenite phases 

were forming in the leachate.86 

1.5.5 Arsenic and Selenium Leaching from CCPs in Disposal Scenarios 

 CCP disposal presents a complex leaching scenario. Most utilities burn a blend of 

coal types and group many different types of solid wastes together.21 This makes it 

difficult to predict leaching behavior based on waste characteristics alone.14 Additionally, 

coal ash impoundments are designed to remove total suspended solids and are typically 

not pH adjusted, so the pH within the impoundment is dependent on the properties of the 

mixed waste material.21 Field measurements of impoundment pH range from pH 2.75 to 

12.8.87 And, depending on the shape of the impoundment and weather conditions, CCP 

impoundments can become thermally stratified, meaning that CCP contaminants could 

encounter both aerobic and anaerobic conditions within the same pond. It is unclear how 

impoundment pH and redox potential interact to mobilize CCP contaminants. When 

CCPs are released from impoundments, field data suggest that the mobility of 
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contaminants from the CCPs might be influenced by redox-driven adsorption/desorption 

reactions.88  

 Arsenic associated with coal ash exists mainly as arsenate, which is understood to 

have low mobility.89 However, field data indicate that CCP arsenic is mobilized during 

disposal. A study on the water quality of North Carolina lakes receiving ash pond effluent 

found arsenic concentrations as high as 92 µg/L in CCP impoundment discharge, which 

is well above the EPA standard for arsenic in drinking water of 10 µg/L.88 

 The North Carolina study also revealed that arsenic concentrations in lake waters 

cycled seasonally in correlation with thermal stratification and anaerobic conditions in 

the lakes.88 The TVA spill site provided further evidence for the role of 

adsorption/desorption reactions in controlling CCP arsenic mobility. There, porewater 

from ash-contaminated sediments contained much higher concentrations of total As 

compared to the water column, indicating that CCP arsenic might be more mobile in 

sediment porewater, which is anaerobic relative to surface waters.90 The arsenic in the 

TVA porewater samples consisted primarily of the reduced form, arsenite. These findings 

correlate well with the literature on arsenic cycling and highlight the pernicious nature of 

arsenic contamination. Although surface water concentrations of arsenic may be low, 

arsenic can accumulate in sediments if it sorbs to sediment particles in the water column 

that settle to the sediment. When high concentrations of arsenic are present in the 

sediment, arsenic might be released into anaerobic porewater, leading to bioaccumulation 

in benthic species and benthic-feeding aquatic organisms. 
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Selenium is present in CCPs predominately in reduced form as selenite (Se(IV)) 

and elemental Se0.89, 91 Under oxic conditions, the selenium leaching from CCPs would 

likely remain, and be discharged, as the moderately soluble selenite. The mobility of 

selenium in aerobic conditions is reflected in data from the NC Lakes ash pond effluent 

study, which found much lower dissolved selenium concentrations in the lake bottom 

sediment porewater compared to ash pond effluent and lake surface water.88 

 In summary, much data exists on the leaching of arsenic and selenium from a 

variety of ashes over a variety of pH ranges. However, these data are limited to aerobic 

conditions that do not adequately mimic real CCP disposal scenarios. Little is known 

about leaching mechanisms under actual disposal or ash spill conditions that include 

gradients in redox potential, the presence of NOM, microbial activity, and complex water 

chemistry. Field data suggests CCP contaminant mobility is influenced by redox-driven 

adsorption/desorption reactions, but further research is needed to determine how water 

chemistry, CCP chemistry, redox, and microbial processes interact to control contaminant 

release. Chapter 4 of this dissertation describes laboratory experiments designed to 

determine the effect of varying redox potentials on arsenic and selenium release from 

coal ash-sediment mixtures. Chapter 5 expands these laboratory experiments, using a 

library of CCP materials, to determine how CCP chemistry and redox interact to control 

arsenic and selenium leaching from coal ash-sediment mixtures.  
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1.6 Research Objectives 

 The overarching goal of this research was to understand the biogeochemical 

transformations of coal ash contaminants under disposal and ash spill conditions. The 

main focus of this dissertation was to develop a system to rank CCPs by their leaching 

potential, providing a guideline for choosing appropriate ash disposal methods. The 

specific objectives were:  

(1) To define the key environmental parameters controlling arsenic, selenium, and 

mercury mobility and fate during CCP disposal and accidental release events; 

(2) To assess the impact of an ash spill on the sediment microbial community; 

(3)  To determine how coal ash characteristics and environmental conditions interact 

to determine CCP contaminant leaching potential. 

 Chapter 2 of this dissertation addresses objectives #1 and #3 with a focus on 

mercury. Anaerobic sediment-ash microcosms were constructed to simulate an ash spill 

into a benthic aquatic system. Two coal ash types were used: a weathered coal ash and a 

fresh, unweathered fly ash that was relatively enriched in sulfate and Hg compared to the 

weathered ash. The impact of these ash materials on MeHg production in both pristine 

and Hg-contaminated river sediment was assessed.  

 Chapter 3 addresses Research Objective #2 as related to the anaerobic microbial 

community relevant for Hg methylation. Samples from anaerobic sediment-ash 

microcosms were analyzed with Transcription Restriction Fragment Length 
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Polymorphism to assess how coal ash impacted the structure of the benthic sediment 

microbial community and the sulfate-reducing bacteria community in simulated ash-

sediment microcosms. Additionally, quantitative Polymerase Chain Reaction (qPCR) and 

Reverse Transcription-qPCR (RT-qPCR) were used to determine whether coal ash 

affected the abundance and activity of sulfate-reducing bacteria.  

 Chapter 4 addresses Research Objective #1 with a focus on arsenic and selenium. 

Aerobic and anaerobic sediment-ash microcosms were constructed to determine the effect 

of redox potential on the release of arsenic and selenium from coal ash in an ash spill 

scenario. The dissolved concentrations of As and Se as well as the speciation of dissolved 

As and solid phase Se was compared between the aerobic and anaerobic incubation 

conditions.  

 Chapter 5 addressed Research Objective #3. The effect of redox potential and 

microbial activity on the leaching of arsenic and selenium from a variety of different CCP 

materials was assessed. The experiments compared eight fly ash and two FGD materials 

from a variety of power plants, coal sources, and ash geochemistries. These CCP samples 

were tested in aerobic and anaerobic microcosm experiments and compared for arsenic 

and selenium leaching potential at 24 hours and two weeks. The correlation between 

aerobic and anaerobic arsenic and selenium leaching and other ash characteristics such 

as: total element concentration, pH, calcium, and sulfate leaching was determined.  

 The final chapter (Chapter 6) summarizes the key findings from this dissertation 

work and discusses their implications for coal ash management. The implications for the 



 

 

26 

remediation of areas contaminated by ash spills are also discussed. 
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Chapter 2. Stimulation of Net Methyl Mercury Production by 
Coal Ash in Anaerobic Sediment Microcosms 

2.1 Introduction 

 During the last decade in the United States, over 108 million tons of coal 

combustion products (CCPs) were produced annually as a byproduct of electricity 

generation.1 CCPs are highly enriched in many different elements including toxic, 

bioaccumulative elements such as mercury, arsenic, and selenium,2, 92 yet CCP disposal is 

not stringently regulated. The majority of CCP waste is stored in landfills and holding 

ponds,1 many of which are unlined and whose effluent discharges are not often monitored 

for metal and metalloid contaminants.21, 88 Consequently, CCP impoundments have a 

long history of negative environmental impacts, including 132 documented cases of 

groundwater contamination, surface water contamination from impoundment effluent 

discharge, and impoundment failures resulting in coal ash spills.3, 5, 11, 88  

 On December 22, 2008 a coal ash containment structure collapsed at the 

Tennessee Valley Authority (TVA) Kingston Fossil Plant, spilling over 4.1 million cubic 

meters of coal ash sludge into the nearby Emory and Clinch Rivers.5 Concerns over the 

environmental impact of this spill event included the potential release of mercury (Hg) to 

the ecosystem, which could, in turn, be converted to methyl mercury (MeHg). Our 

previous study at this site indicated that MeHg concentrations in sediments at the spill 

site were up to two times greater than sediments upstream of the spill.56 CCPs are known 

to contain mercury as well as other constituents (particularly leachable sulfate) that are 
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relevant for production of MeHg by anaerobic microorganisms, but the process by which 

the coal ash may have influenced MeHg content in the sediments near the TVA site was 

not fully explained since there was no data available to compare concentrations at a 

single site before and after the spill.  

 Mercury is present in CCPs at concentrations ranging from 0.01 to 3.1 µg/g,14, 50 

but Hg has not traditionally been viewed as a contaminant of concern because of its 

relatively low leachability (<0.01-0.66 µg/L) at the neutral to basic pH values that are 

typical of CCP disposal sites.14 Mercury is thought to adsorb to or precipitate on CCP 

particles in the flue gas stream as Hg(I) and Hg(II)-chlorine, sulfur, or carbon species.47, 

92 Sequential extraction experiments have shown that mercury associated with CCPs only 

leaches under strongly acidic conditions (pH<1).52, 93 However, environmental ligands 

such as sulfides and dissolved natural organic matter (NOM) have been shown to 

increase the leaching of Hg from sediments and the dissolution of sparingly soluble 

minerals such as cinnabar (HgS).53-55 Thus, Hg associated with CCPs may leach to a 

greater degree in waters containing high levels of dissolved NOM and sulfide (e.g., 

typical conditions in anaerobic sediments). 

 Anaerobic sediments are also the primary zone of microbial MeHg production in 

aquatic ecosystems. MeHg is a potent neurotoxin that biomagnifies up the aquatic food 

chain, presenting a human health risk-- especially to children and pregnant women.37  

The transformation of inorganic Hg species to MeHg is mediated by anaerobic 

microorganisms including sulfate-reducers, iron-reducers, and methanogens.40, 43, 45  
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MeHg production is known to be a function of both the productivity of methylating 

microorganisms and the bioavailability of Hg in the system.35, 94 Thus, the contamination 

of anaerobic sediments with CCPs (e.g., an ash spill scenario) may present a unique risk. 

In addition to being enriched in Hg, CCPs contain large amounts of leachable sulfate 

(700 to 15,000 µg/g in alkaline ash).85 If CCP materials contact anaerobic sediments, 

MeHg production could be enhanced due to the addition of Hg to the system and through 

the stimulation of sulfate-reducing microorganisms, which are the principal methylators 

of Hg.  

 The objective of this study was to determine if CCPs can alter the in-situ 

production of MeHg in anaerobic sediments during an ash spill. Anaerobic sediment 

slurry microcosms were constructed to simulate a scenario where coal ash was spilled 

into a benthic aquatic system. The microcosms utilized sediments from the two sites 

located upstream of the TVA Kingston spill site: (1) the Emory River represented a 

relatively pristine environment while (2) the Clinch River contained elevated Hg 

concentrations due to historical upstream inputs. The microcosms were amended with 

coal ash samples differing in chemical composition (including total Hg and leachable 

sulfate content). Changes in MeHg concentration and other variables relevant for mercury 

methylation were assessed.  
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2.2 Methods 

2.2.1 Materials for the Microcosms 

2.2.1.1 Coal Ash 

 Two CCP materials from TVA plants located in Tennessee, USA were used in the 

microcosm experiments. The Kingston Standard Ash (referred to as “Weathered Ash” for 

this study) was a wet ash slurry collected in March 2009 at the TVA Kingston Fossil 

Plant from an intact portion of the ash impoundment that failed in 2008. This 

impoundment was open to the atmosphere, and the ash was likely stored for several years 

in the impoundment. The Weathered Ash was dewatered, air-dried, homogenized in a 

cement mixer, and distributed by the TVA.  The second ash was a composite sample of 

fresh fly ash (“Unweathered Ash”) that was collected from the TVA John Sevier plant in 

April 2011 from electrostatic precipitator hoppers at each of the plant’s four units. These 

two ash samples were chosen to represent a spectrum of ash that could be found in a 

typical disposal scenario. The Unweathered Ash contained much higher concentrations of 

total sulfate (5510 ug/g) and total Hg (0.29 ug/g) relative to the Weathered Ash (940 ug/g 

sulfate and 0.07 ug/g Hg) but element concentrations for both CCP materials fall within 

the typical ranges reported for fly ash.14, 50, 85 Details on sulfate and Hg analyses can be 

found in Appendix A. 

2.2.1.2 Sediment and Water for the Microcosms 

  Surface water and sediment samples were collected from the Emory River at mile 

marker 10 (ERM10) in May 2012 and August 2012 and from the Clinch River at mile 
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marker 5.5 (CRM5.5) in May 2013. A map of the sampling site and details on sample 

collection procedures are provided in Appendix A. Water samples were collected at a 

depth of 0.15 meters below the surface while sediment samples were collected from the 

top 15 cm of river sediment. Both water and sediment samples were stored on ice for 

shipment and stored at 4 ˚C in the laboratory. The sediment-ash microcosms were 

constructed within one month of sediment and water sample collection. 

2.2.2 Construction and Implementation of Microcosm Experiments 

2.2.2.1 Sediment-Ash Microcosm Preparation  

 The microcosms were constructed in serum bottles or air-tight, screw cap jars. All 

microcosm containers were washed with 1 M hydrochloric acid (trace-grade) and 

autoclaved before use. River water was amended with a carbon source (10 mM pyruvate) 

and a redox indicator (2 mg/L resazurin) and purged with high purity N2(g) for at least 15 

min prior to microcosm construction. Microcosms were prepared and amended in an 

anaerobic chamber (Coy Labs) containing an ambient atmosphere of 90% N2 (g), 5% CO2 

(g), and 5% H2 (g). 

 A total of three separate experiments were carried out, as summarized in Table 

2.1. Experiment #1 used Emory River sediment (referred to as “Pristine Sediment”) 

collected in May 2012 and Weathered Ash. Experiment #2 used Emory River sediment 

(Pristine Sediment) collected in August 2012 and Unweathered Ash. Finally, Experiment 

#3 used Clinch River sediment (“Contaminated Sediment”) collected in May 2013 and 

Unweathered Ash. These variations were selected based on known differences in native 
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Hg content in the sediments. Previous work showed that sediments from the Clinch River 

site contained approximately 1 mg/kg Hg, which is much greater than the Hg 

concentration in sediments at the Emory River site (approximately 0.05 mg/kg).56 Thus, 

we viewed Experiment #2 as representing a coal ash spike that resulted in a net increase 

in total Hg concentration, while in Experiment #3 the coal ash did not contribute to a 

significant increase in total Hg concentration and represented the legacy Hg 

contamination scenario. The two types of coal ash were used because the Unweathered 

Ash samples had relatively high levels of Hg and leachable sulfate compared to the 

Weathered Ash.  

 Each microcosm bottle contained 50 g of sediment and 120 mL of surface water 

(amended with pyruvate and the resazurin). The microcosm containers were sealed in the 

anaerobic chamber, mixed once end-over-end, and stored in the dark at room 

temperature. The ash was added after the microcosms developed fully anaerobic 

conditions (approximately < -50 mV, as indicated by the resazurin).  

 Three treatment types were prepared for each experiment: 1) Ash-free control 

microcosms that contained only surface water and sediment; 2) Ash-amended 

microcosms that contained surface water, sediment, and CCP material spiked at 25% 

(w/w) of the dry sediment content of the microcosm; and 3) Molybdate control 

microcosms that were constructed with surface water, sediment, CCP material (spiked to 

25% w/w of dry sediment), and molybdate as shown in Table 1. Molybdate is known to 
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inhibit the activity of sulfate-reducing bacteria95 and net MeHg production.42, 44 The 

molybdate was added to the microcosm bottles one day prior to CCP addition. 

 

Table 2.1: Experimental parameters and conditions for anaerobic sediment slurry 
microcosms amended with coal combustion products (CCP). All microcosms 
comprised of sediment and surface water obtained from locations upstream of the 
TVA-Kingston ash spill site, were subsequently amended with 10 mM pyruvate and 
2 mg/L resazurin (a redox indicator), and pre-incubated anaerobically prior to the 
addition of the CCP Material. 

 Experiment 1 Experiment 2 Experiment 3 
Sediment/Water 
Origin (sediment Hg 
content) 

Emory River,  
Mile 10 

(0.03 µg/g Hg) 

Emory River, 
Mile 10 

(0.03 µg/g Hg) 

Clinch River,  
Mile 5.5 

(0.29 µg/g Hg) 
Liquid to Sediment 
Mass Ratio 2.4 2.4 2.4 

CCP Material 
(Hg and SO4

2- 
Content) 

Weathered Ash 
(0.07 µg/g Hg, 
940 µg/g SO4

2-) 

Unweathered Ash 
(0.29 µg/g Hg, 

5510 µg/g SO4
2-) 

Unweathered Ash 
(0.29 µg/g Hg, 

5510 µg/g SO4
2-) 

CCP Material 
Amount 8.4 g 8.4 g 9.6 g 

Molybdate added to 
control microcosms 1 mM 2 mM 2 mM 

Pre-incubation time 
before CCP 
amendment 

7 days 3 days 3 days 

Post-amendment 
incubation time 7 days 5 days 5 days 

 

2.2.2.2 Microcosm Sampling 

 At each time point, duplicate or triplicate bottles were sacrificed for sampling. 

Duplicates occurred at alternating time points: the 24 and 96 hour time points in 

Experiment #1; the 12 and 48 hour time points in Experiment #2; and the 60-, 12-, and 

48-hour time points in Experiment #3. Triplicate microcosms were sacrificed at all other 
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time points. At each time point, the microcosms were first mixed end-over-end and then 

allowed to settle for approximately five minutes. In the anaerobic chamber, a portion of 

the supernatant was removed and filtered through a 0.2-µm nylon syringe filter (VWR). 

This filtered supernatant is referred to as ‘porewater’ in this study, and the analytes 

quantified in this fraction are referred to as ‘dissolved’ species. The volume of this 

sample varied by experiment but never exceeded 17% of the total supernatant volume of 

the microcosm. The porewater was split and preserved for analysis for acid volatile 

sulfide (AVS),96, 97 ferrous iron,98, 99 total filterable Hg,100 sulfate, and dissolved organic 

carbon (DOC) concentrations. Whole slurry samples were collected for analysis of 

MeHg,101 AVS, pH, and total Hg102 concentrations. All porewater samples were stored at 

4°C prior to analysis, while whole sediment-slurry samples were frozen. Details on 

chemical analysis procedures are provided in Appendix A.  

2.2.3 Data Analysis Methods  

2.2.3.1 Hg Equilibrium Speciation 

 The dissolved phase speciation of Hg in the microcosm porewater samples (i.e. 

passable through 0.2-µm filter) was calculated using the measured concentrations of Hg, 

Fe(II), AVS, chloride, DOC and pH. The calculations (summarized in Appendix A) 

utilized stability constants listed in Appendix A Table A.1 and input parameters listed in 

Tables A2-A4 and were performed using Visual MINTEQ.103 
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2.2.3.2 Statistical Analyses 

 Welch’s t-tests were used to compare microcosm treatment types for each 

experiment (e.g., MeHg measurements for all time points in the ash-amended microcosm 

versus MeHg measurements in the ash-free microcosm) (n = 12-13 for each experiment).  

Significant differences between treatment types were defined by comparisons yielding 

one-sided p-values less than 0.05. This approach (rather than paired t-tests) was used 

because each data point corresponded to an independent microcosm sacrificed at one time 

point. The normality of the data sets was confirmed using the Shapiro-Wilk test. 

Bartlett’s test was used to indicate that the data sets for statistical comparisons had 

unequal variance; thus, the Welch’s t-test was selected for all comparisons.  The Welch’s 

t-test was also used to detect significant differences between microcosm treatments at 

single time points where triplicate samples (n=3) were available. 

2.3 Results and Discussion 

2.3.1 Changes in MeHg Concentrations with Ash Amendments 

 The effect of coal ash on MeHg production varied by ash type: the Weathered 

Ash did not affect MeHg production while the Unweathered Ash appeared to stimulate 

methylation (Figure 2.1). In Experiment #1 with the Weathered Ash (Figure 2.1a), there 

was no significant difference (p = 0.14) in MeHg concentrations between the ash-

amended microcosms and the sediment-only control microcosms. In both treatments, 

MeHg concentration remained relatively constant at ~1 pmol g-1 throughout the 

incubation with the exception of the final time point (168 hours). At this last time point, 
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MeHg concentration was significantly higher in Weathered Ash-amended microcosms 

compared to the sediment only controls (p < 0.05), but this difference appeared to be due 

to demethylation in the control microcosms rather than enhanced MeHg production in the 

ash-amended microcosms. 

 In contrast to Experiment #1, Experiments #2 and #3 with the Unweathered Ash 

showed increased production of MeHg with the ash relative to the respective ash-free 

control. MeHg concentrations in these experiments (Figure 2.1b and 2.1c) were 

significantly higher compared to the sediment only controls (p<0.001). In Unweathered 

Ash-Pristine Sediment microcosms (Experiment #2), the highest MeHg concentration 

(3.49 pmol g-1) was observed at the final time point (5 days). In Unweathered Ash-

Contaminated Sediment microcosms (Experiment #3), MeHg concentration reached a 

maximum (3.21 pmol g-1) at 24 hours and remained relatively constant at ~3 pmol g-1 for 

the remainder of the incubation. The reason for the difference in methylation trends 

between the two Unweathered Ash experiments is unknown but could be caused by 

differences in the sediment microbial communities and the balance between methylation 

and demethylation. 
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Figure 2.1: Methyl mercury concentrations in whole slurry samples of sediment-ash 
microcosms. (a) Experiment 1: Pristine Sediment/Weathered Ash; (b) Experiment 
2: Pristine Sediment/Unweathered Ash; (c) Experiment 3: Contaminated 
Sediment/Unweathered Ash. Each data point represents replicate microcosms (n=2-
3) and was normalized to the dry sediment in the microcosms. Error bars represent 
the range of samples. 
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 The Unweathered Ash appeared to provide an immediate stimulation of MeHg 

production. For example, Experiment #3 with the Contaminated Sediment (Figure 2.1c) 

included a pre-ash amendment time point. There was a rapid increase in MeHg 

concentration between the time point before the ash amendment (-24 h) and the first time 

point after the ash amendment (+2 h). The rapid stimulation of MeHg production 

explains the difference in MeHg concentration in the sediment-only controls and 

Unweathered ash-amended microcosms at the 2 hour time point, which was seen in both 

Pristine and Contaminated sediment experiments (Figure 2.1b and 2.1c). 

2.3.2 Relevant Geochemical Characteristics for Mercury Methylation 

 Previous research has shown that geochemical composition, such as the 

concentrations of sulfate, sulfide, soluble iron, and dissolved organic carbon (DOC), play 

an integral role in Hg methylation—either by stimulating microbial activity or by 

controlling the bioavailability of the Hg in the system.42, 46, 94  

 Sulfate amendments at moderate levels (10-200 µM) have been shown to increase 

MeHg production in anaerobic sediment slurries spiked with HgCl2,40 and sulfate 

reduction has been used as an indicator of an active population of sulfate-reducers and of 

conditions conducive to MeHg production.40 However, high level sulfate amendments 

have not shown the same increase in MeHg production, with several studies showing an 

inhibition of MeHg production at sulfate concentrations greater than 200 µM.104, 105 

While the precise mechanism of inhibition remains unknown, one hypothesis is that the 
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high sulfate concentrations correspond to increased sulfide concentrations (>10 µM) that 

in turn decrease Hg bioavailability for methylation.46, 94  

 In this study, sulfate concentrations in Weathered Ash-amended microcosms were 

low relative to what has been observed to stimulate MeHg production. Sulfate was 

initially 44 µM immediately after ash addition and decreased to less than 10 µM in the 

first 48 hours of the experiment (Figure 2.2a). Moreover, the sulfate concentration in this 

microcosm did not differ with the ash-free control, with the exception of the first time 

point. These low sulfate levels are a possible explanation for the lack of MeHg 

production in the Weathered Ash-amended microcosms. The rapid depletion of a 

relatively small spike in sulfate may have resulted in minimal or insignificant stimulation 

of the sulfate-reducers in the microcosms.  

 In contrast, the Unweathered Ash provided a dissolved sulfate spike of up to 3400 

µM in the Pristine Sediment microcosms (Experiment #2) and 3800 µM in the 

Contaminated Sediment microcosms (Experiment #3), while the respective ash-free 

controls contained less than 100 µM dissolved sulfate (Figure 2.2b and 2.2c). In these 

microcosms with the Unweathered Ash amendment, microbial consumption of sulfate 

was not immediately apparent. Instead, sulfate concentrations continued to increase for 

the first 12 hours in both experiments, presumably due to continuous leaching from the 

CCP material. After 12 hours, sulfate concentrations decreased gradually for the 

remainder of the incubations. The apparent delay in sulfate loss at the beginning of the 

experiments did not coincide with lags in MeHg production. In both Experiments #2 and 
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#3, the Unweathered Ash immediately stimulated MeHg production, as can be seen in the 

elevated MeHg concentrations in the amended microcosms relative to the sediment-only 

control microcosms (Figures 2.1b and 2.1c). Sulfate consumption by microorganisms was 

likely occurring in the first 12 hours but was apparently masked by continuous sulfate 

leaching from the ash.
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Figure 2.2: Dissolved sulfate concentrations in the porewater of sediment-ash 
microcosms. (a) Experiment 1: Pristine Sediment/Weathered Ash; (b) Experiment 
2: Pristine Sediment/ Unweathered Ash; (c) Experiment 3: Contaminated 
Sediment/Unweathered Ash. Each data point represents replicate microcosms (n=2-
3). Error bars represent the range of the samples. Insets included in (b) and (c) 
correspond to the Sediment-Only data. 



 

 

42 

 

 The acid volatile sulfide (AVS) concentrations were consistent with sulfate 

reducing activity in Contaminated Sediment microcosms (Experiment #3) (Figure 2.3c), 

but not consistent in Pristine Sediment microcosms (Experiments #1 and #2) (Figures 

2.3a and 2.3b). In the Contaminated Sediment microcosms, AVS concentrations 

increased over the first 12 hours of the experiment and displayed a net increase over the 

course of the experiment, supporting the case for sulfate reduction throughout the 

experiment. For the Pristine Sediment microcosms amended with Unweathered Ash 

(Experiment 2), AVS concentrations remained relatively constant for the first 96 hours of 

the experiment and then decreased, even though sulfate concentrations were decreasing 

during much of the incubation (Figures 2.2a and 2.2b). A possible reason for this 

discrepancy is the formation of metal-sulfide species that are not detected by the AVS 

procedure (e.g., FeS2).106 AVS concentrations in the porewater in the microcosms from 

all three experiments remained below 14 µM (Figure A.2). The low concentrations of 

dissolved sulfide, even in the microcosms amended with Unweathered Ash, may have 

also been due to the formation of insoluble metal-sulfide minerals.  
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Figure 2.3: Acid volatile sulfide (AVS) concentrations in aliquots of whole slurry 
from the sediment-ash microcosms. (a) Experiment 1: Pristine Sediment/Weathered 
Ash; (b) Experiment 2: Pristine Sediment/Unweathered Ash; (c) Experiment 3: 
Contaminated Sediment/Unweathered Ash. Data points represent replicate 
microcosms (n=2-3). Error bars represent the range of the samples. AVS data is not 
available for the Sediment-Only treatment from Experiment #1.  
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 Dissolved sulfate concentrations in the microcosm porewater were clearly tied to 

the type of ash, but this was not the case with dissolved Fe concentrations in porewater. 

In fact for all three experiments, the addition of ash in the microcosms resulted in lower 

total dissolved Fe and Fe(II) concentrations in porewater relative to the respective ash-

free microcosms (Figures A.3 and A.4). These data indicated that the ash was a sorbent 

for dissolved Fe in the porewater, stimulated the production of sulfide that precipitated 

with Fe, or perhaps supressed the production of soluble Fe(II) (presumably by iron-

reducing microorganisms).  

 The DOC concentrations were similar in all three microcosm experiments (Figure 

A.5) due to the contribution of pyruvate that was added as an electron donor to the 

microcosms.  

 To summarize, the Unweathered Ash changed the sediment geochemistry, 

particularly with respect to dissolved sulfate concentration. This change was consistent 

with the  stimulation of MeHg production relative to the sediment-only microcosms. In 

contrast, the Weathered Ash did not provide a large input of sulfate, also consistent with 

the lack of MeHg production. Sulfide, DOC, and dissolved Fe concentrations in the 

microcosms varied independently of the ash material, indicating that these parameters 

were not integral to net MeHg production in these experiments.  
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2.3.3 Molybdate Inhibition of Sulfate Consumption and Net MeHg 
Production 

 The addition of molybdate to sediment microcosms has been used in the past to 

indicate if mercury methylation is related to sulfate-reducing microorganisms.95,26, 27 In 

microcosms amended with Unweathered Ash (Experiments #2 and 3)), the addition of 

molybdate prior to the ash spike resulted in relatively constant sulfate concentrations 

during the incubation period (Figure A.6), indicating that the molybdate amendment (2 

mM) was sufficient in inhibiting sulfate-reducing microorganisms. MeHg concentrations 

in the molybdate control microcosms in Experiment #2 were significantly lower than the 

ash-amended microcosms (p < 0.001) (Figure A.6). This result supports the conclusion 

that sulfate-reducers were the primary Hg methylators in these microcosms. Yet, while 

molybdate drastically reduced MeHg production in Experiment #2  microcosms, the 

MeHg concentrations were generally greater than the controls without ash (p < 0.001). 

This result suggests that other methylating microorganisms, such as iron-reducers, were 

present or that the molybdate was not fully inhibiting methylation activities by the sulfate 

reducers.  

 In Experiment #3, MeHg concentrations in the molybdate control microcosms 

were not significantly different than the ash-amended microcosms (p = 0.30), even 

though the molybdate inhibited sulfate reduction (Figure A.6e and f). This observation 

demonstrates that sulfate reduction may not always correlate with mercury methylation. 

Moreover, this lack of effect by molybdate in Experiment #3 stands in contrast to the 
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suppression of MeHg production in Experiment #2, and indicates that the composition of 

methylating microbial communities differed between Experiments #2 and #3.  

2.3.4 Mercury Bioavailability in Ash-Amended Microcosms 

 The contribution of Hg in the Weathered and Unweathered Ash samples for 

mercury methylation is also worth consideration. In microcosms that utilized the Pristine 

Sediment (Experiments #1 and #2), the addition of ash increased the total Hg 

concentration in the microcosms. The ash amendments resulted in 0.1 nmol g-1 and 0.4 

nmol g-1 of total Hg in Experiment #1 and #2, respectively, while the ash-free controls 

had less than 0.05 nmol g-1 (Figure 2.4a and 2.4b).  

 While the ash clearly added mercury to the Pristine Sediment microcosms, the 

bioavailability of the Hg for methylating microorganisms was not apparent. Trends in 

dissolved Hg in microcosm porewater did not correspond to the trends seen in MeHg 

production. In all of the microcosm experiments, total Hg concentrations in the porewater 

(Figure A.7) were lower in the ash-amended microcosms relative to microcosms without 

ash. This result could be due to Hg adsorption on coal ash particles or due to the 

formation of HgS(s). 
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Figure 2.4: Total Hg concentrations in aliquots of whole slurry from the sediment-
ash microcosms. (a) Experiment 1: Pristine Sediment/Weathered Ash; (b) 
Experiment 2: Pristine Sediment/Unweathered Ash; (c) Contaminated 
Sediment/Unweathered Ash. Data points represent the mean of replicate 
microcosms (n=2-3). Error bars represent the range of replicate samples. 
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 Hg speciation calculations were conducted to determine if the difference in net 

MeHg production could be explained by Hg speciation in the porewater. (The 

calculations assumed that the porewater Hg concentration represented the dissolved Hg 

phases.) In all of the experiments, dissolved Hg-sulfide complexes (Hg(HS)2, HgHS2
-, 

and HgS2
2-) were the dominant form of Hg (Figure A.8). An exception was observed for 

the microcosm with Unweathered Ash added to pristine river sediments (Experiment #2), 

where Hg-organic matter complexes were a significant fraction at the 2-h and 12-h time 

points. For each experiment, the calculated dissolved Hg speciation of the ash-amended 

microcosm did not change appreciably compared to the respective ash-free control. 

Moreover, the calculations indicated that HgS(s) was above saturation in the porewater for 

all of microcosms (Figure A.9). Thus, this analysis of the porewater speciation provides 

an incomplete picture of Hg bioavailability in the microcosms due to the likely presence 

of colloidal Hg in the porewater, which may be a source of bioavailable Hg for 

methylating microbes.107  

 Comparisons of results between Experiments #2 and #3 could provide further 

clues on the bioavailability of Hg associated with CCPs. The Contaminated Sediment 

used in Experiment #3 contained total Hg (0.29 ug/g) that was nine times the amount in 

the Pristine Sediment utilized for Experiment #2 (0.03 ug/g). Thus, Unweathered Ash 

was the major contributor of Hg to Pristine Sediment microcosms for Experiment #2 

(70.6% of total Hg in the system) but did not add a substantial amount of Hg to 

Contaminated Sediment microcosms in Experiment #3 (20.0% of total Hg in the system). 
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Total Hg measurements (Figure 4) on whole slurry aliquots from the microcosms 

confirmed that the Contaminated Sediment microcosms (Experiment #3) had total Hg 

concentrations that were approximately eight times higher than the Pristine Sediment 

microcosms (Experiment #2). 

 Although Experiment #3 microcosms contained much higher levels of Hg than 

Experiment #2 microcosms, no more Hg was methylated in the one experiment over the 

other (Figure 2.1b and 2.1c). One possible explanation for these results is that the Hg 

associated with CCP materials is more bioavailable than the native Hg in the 

Contaminated Sediment. Another explanation is that the microbial communities in the 

two sediments may have had different capacities for net MeHg production. For example, 

the pH of the ash-amended microcosms in Experiment #2 was between pH 6.6 to 7.1 

during the experiment, while the pH was greater in ash-amended Experiment #3 

microcosms (pH 7.3-7.6) (Figure A.10). This difference may have affected the 

community of methylating microorganisms.108 The microbial communities in the 

different sediments may also have responded differently to environmental stresses 

introduced by the coal ash, which could have affected mercury methylation and 

demethylation. However, in both Experiments #2 and #3, enhanced MeHg production 

occurred immediately after coal ash addition, so any coal ash-induced stress to the 

microorganisms did not appear to have had any immediate detrimental effect on the 

methylating communities in either experiment. Despite these complexities, it would be 
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premature to conclude that the Hg associated with coal ash had no impact on MeHg 

production. 

2.3.5 Implications for Coal Ash Spills 

 CCP contaminant releases via ash spills are infrequent but not unprecedented. The 

U.S. EPA has reported ash release events at 41 different power plants in the United 

States,109 and a large spill recently occurred (February 2014) near Eden, North Carolina. 

The severity of these events ranged from minor seepages to catastrophic releases that 

spilled millions of gallons of ash. The TVA Spill site in Kingston has been the subject of 

intensive ecological monitoring, but the ecological impacts of most other ash spills have 

been studied to a much lesser extent.  

 The results of this research indicated that coal ash was capable of increasing net 

MeHg production in river sediments, particularly if the ash contributed to increased 

dissolved sulfate concentrations in the receiving water. This result is consistent with 

observations from the TVA Kingston coal ash spill site that demonstrated elevated MeHg 

concentrations coinciding with deposits of ash from the spill.56 Moreover, this research 

indicated that the bioavailability and methylation potential of Hg associated with the ash 

may be different than Hg in historically contaminated sediment. Direct measurements of 

bioavailability are needed to compare sources; however, there is a lack of validated 

methods to directly quantify Hg bioavailability in sediments. 

 Our results indicate the importance of monitoring ash-contaminated areas for 

MeHg accumulation. The conversion of inorganic Hg to MeHg is the first step towards 
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food web biomagnification of MeHg, and factors that lead to an enhancement of this 

process need to be addressed. These microcosm experiments occurred over the time span 

of only five days, so we cannot predict whether coal ash continues to stimulate MeHg 

production over the long term. However, elevated MeHg concentrations were found in 

river sediment at the TVA ash spill site several months after the spill occurred,56 

indicating that coal ash stimulation of Hg methylation—even if short-lived—could have 

long term impacts in the environment.  

 While this study addressed MeHg production in a coal ash spill scenario, 

subsequent impacts on food web accumulation were not addressed by this study. Several 

different factors related to CCPs could influence MeHg bioaccumulation in organisms. 

For example, CCPs contain high levels of leachable selenium,85 an element that might 

reduce the retention of MeHg in certain types of fish.110 Further research at ash-impacted 

field sites is necessary to determine the long term impact of CCPs on MeHg production 

and bioaccumulation in the ecosystem. 

2.3.6 Implications for CCP Management and Disposal 

 The most common route of entry to the environment for CCP contaminants is not 

through ash spills, but rather, through wastewater discharges from ash impoundments to 

adjacent water bodies.88 The U.S. EPA estimates that steam electric plants discharge 

2,820 lbs of mercury from CCP impoundments into the enviroment annually.11 Using the 

2013 U.S. EPA Steam Electric Technical Questionnaire Database111 and the National 

Listing of Fish Advisories,112 we determined that 82% of active coal-fired power plants in 
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these sample sets either discharge directly into a water body with a Hg fish advisory or 

are located in a state that has declared a state-wide Hg fish advisory (Figure 2.5).  

Contaminant release from ash impoundments may be further exacerbated by the 

increased use of Flue Gas Desulfurization (FGD) systems to curb air emissions.88 As of 

2014, 401 FGD scrubber units have been installed at U.S. power plants.21 Of these FGD 

systems, 311 generate a wet slurry stream and 117 discharge FGD wastewater.21 

Untreated FGD wastewater contains an average of 389 nM Hg and 85 mM sulfate.21  At 

52% of wet FGD plants, FGD wastewater is treated solely via impoundments that are 

designed to remove particles by settling,21 an approach that might work for Hg (an 

element that tends to sorb to or associate with particles) but is not likely to be effective 

for dissolved ions such as sulfate. Thus, plants equipped with FGD systems may increase 

the risk of MeHg production in the ecosystem by discharging wastewater with high levels 

of sulfate.  
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Figure 2.5: Active coal-fired power plants in the contiguous United States delineated 
for those employing a wet flue gas desulfurization (FGD) system (closed black 
symbols) and also discharging effluent into a receiving water body with a fish 
consumption advisory for mercury (orange symbols). This figure includes only the 
coal-fired power plants listed in the 2013 U.S. EPA Steam Electric Technical 
Questionnaire Database.111 Power plants with undisclosed outfall discharge GIS 
coordinates and/or receiving water body names were not included in the map. 
 

 To the best of our knowledge, the mercury methylation potential of CCP materials 

has never been described in the scientific literature. Until the TVA Kingston Ash Spill, 

the production of MeHg was not recognized as a risk of improperly disposed CCPs. This 

study shows that CCPs can enhance in situ MeHg production in anaerobic sediments by 

providing an input of Hg and sulfate to the system. This is a result that could not have 

been predicted by traditional leaching tests such as the Toxicity Characteristic Leaching 

Protocol (TCLP)12 and the Leaching Environmental Assessment Framework (LEAF),16-19 
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which are the methods that guide current CCP management practices. With the TCLP, a 

sample is leached with an acetic acid solution (pH = 2.4 or 4.9) for 18 hours under 

aerobic conditions.12 The LEAF protocols are similar except that leaching is tested over a 

range of pH values (2-13)16 and liquid-to-solid ratios.17, 19 The LEAF protocol also 

includes quantification of mass transfer rates from compacted material.18 Both the TCLP 

and the LEAF protocols miss a major environmental risk for Hg: methylation potential—

which is influenced by anaerobic settings, the presence of natural organic matter, sulfide, 

sulfate, and the activity of methylating microbes. Our research highlights the need to 

consider environmentally relevant transformations in assessing the risk posed by toxic 

elements that are enriched in CCP materials. In relying on leaching protocols that 

incorporate conditions that are not representative of CCP disposal, we may be 

underestimating the environmental impact of CCPs for mercury. 
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Chapter 3. The Impact of Coal Fly Ash on the Sulfate-
Reducing Bacterial Community in Sediment Microcosms 

3.1 Introduction 

Over 108 million tons of coal ash are generated annually in the United States as a 

byproduct of electricity generation.1 While a portion of coal ash waste is re-used, over 57 

million tons are disposed in landfills or wet ash impoundments annually.1 In the years 

between 1999 and 2013, 41 different power plants reported coal ash release events from 

their impoundments.109 These events ranged from small seepages to catastrophic releases 

that threatened drinking water supplies and severely impact the ecology of the affected 

water bodies. Most recently, in early 2014, a storm-water pipe ruptured underneath an ash 

impoundment at the Dan River Steam Station in Eden, North Carolina, shunting 30,000 

to 39,000 tons of ash slurry into the Dan River.6 This spill followed the 2008 TVA ash 

spill in Kingston, TN, which was the largest ash spill in U.S. history, releasing over 4.1 

million cubic meters of ash into the surrounding river system.5 

Coal ash is made up primarily of bottom ash, pulverizer rejects, fly ash, and flue 

gas desulfurization (FGD) wastes. Of these wastes, fly ash and FGD waste, in particular, 

are highly enriched in trace elements.2, 85 Mercury, arsenic, and selenium associated with 

coal ash are of particular concern because of their toxicity and tendency to bioaccumulate 

in the aquatic food web. Much research has been devoted to understanding the release 

and fate of these trace elements in the aftermath of ash spill events, but very little 

literature exists pertaining to the impact of coal ash on the native microbial communities 
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of receiving waters, and particularly microorgansms that may affect the speciation of 

trace element toxins.5, 56, 90, 113 Previous studies (which were completed before DNA 

sequencing technology became widespread) utilized cultured bacterial counts, leucine 

incorporation, and dehydrogenase respiration to assess coal ash impacts on the microbial 

community in the benthic sediments of coal ash basins and also in the sediments of 

aquifers and streams receiving ash pond effluent.114-116 Results from these studies showed 

that, in general, coal ash and coal ash effluent had a negative effect on microbial 

diversity, abundance, and activity.114-116 More recently, studies using advanced DNA 

sequencing technologies have shown that areas contaminated by heavy metals from 

industrial sources (mercury, uranium, cadmium, chromium, copper, arsenic, and lead) 

have significantly different microbial communities compared to reference sites.117-120 

Additionally, contaminant-induced shifts in microbial community structure can result in 

changes in microbial function, which in turn may affect trace element cycling in the 

system.119  

A coal ash spill presents a complex series of interactions between the microbial 

community of the receiving environment and the contaminants that originate from the 

ash. The high concentrations of potentially toxic trace elements of the coal ash might 

affect the structure of the microbial community and alter community function. This in 

turn might affect the geochemical composition of the surrounding habitat and alter the 

leaching potential and fate of trace elements derived from the ash and the native 

ecosystem. For example, field studies at ash spill sites have shown that large quantities of 
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arsenic and selenium are leached from the spilled ash.5, 90 Arsenic and selenium mobility 

in the environment is largely dependent on oxidation states of these elements, and 

microbes are known to both directly oxidize and reduce arsenic and selenium species.71, 

73, 121 More generally, microbes can affect arsenic and selenium cycling through iron and 

sulfur reduction processes.71 Coal ash also contains a large amount of leachable sulfate, 

which in the event of an ash spill, might affect the abundance and activity of sulfate 

reducing bacteria (SRB).5, 40, 85 This effect is of particular concern due to its propensity to 

impact the production of methyl mercury (MeHg). 

The transformation of inorganic Hg to MeHg primarily takes place in anaerobic 

sediments and is mediated by SRB, iron-reducing bacteria, and methanogens.40, 43, 45 

MeHg is a neurotoxin that bioaccumulates in the food web and presents a dietary human 

health risk.37 Coal ash spills into aquatic systems may present a unique threat for MeHg 

production. Sulfate-reducers are the primary producers of MeHg, and it is thought that 

coal ash may stimulate MeHg production by providing SRB with a spike in sulfate and 

Hg.56, 94 A field study at the 2008 TVA ash spill site found elevated levels of MeHg in 

sediments directly affected by the ash spill,56 and our previous laboratory studies 

confirmed that coal ash containing large amounts of leachable sulfate stimulated MeHg 

production (Chapter 2). Yet, no study has directly investigated the impact of coal ash on 

SRB. 

This study tested the hypothesis that the addition of sulfate-rich coal ash to an 

anaerobic sediment ecosystem will alter the bacterial community structure, and in 
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particular, will stimulate the activity of SRBs. Anaerobic sediment microcosms were 

constructed to simulate a coal ash spill into a benthic aquatic system. Previous work with 

these microcosms demonstrated that a certain type of coal ash (containing relatively high 

leachable sulfate) increased the net production of MeHg by the sediment community 

relative to microcosms controls with no ash amended. Moreover, molybdate additions to 

the ash-sediment microcosms suppressed MeHg production, indicating that the 

methylating microorganisms were associated with sulfate-reducing community. The 

objectives of this study were to (1) determine if coal ash altered the structure of the 

microbial community in these sediment slurry microcosms; and (2) to determine whether 

coal ash affected the abundance and activity of sulfate-reducing microorganisms. A 

variety of biomolecular techniques (Terminal Restriction Fragment Length 

Polymorphism, T-RFLP; quantitative polymerase chain reaction, qPCR) were used to 

determine the impact of coal ash on microbial community structure and diversity and on 

the abundance and activity of SRB in the microcosms.  

3.2 Materials and Methods 

3.2.1 Sediment Microcosm Construction and Sampling 

 Sediment and water collection, as well as microcosm construction and sampling, 

were previously described in Chapter 2. Briefly, surface water and bulk sediment were 

collected from the Emory River (mile marker 10) in Tennessee (35.94741111°, -

84.53188235°) and the Clinch River (mile marker 5.5) in Tennessee (35.8922421°, -

84.4807056°). These sites are a few miles upstream of the 2008 TVA Ash Spill.5, 56, 90 
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The sampling sites were chosen based on differences in sediment Hg concentration. The 

Emory sediment was relatively pristine (0.03 µg/g total Hg) while the Clinch sediment 

contained high levels of total Hg (0.29 µg/g) due to legacy contamination from industrial 

operations. The surface water used for the microcosms was amended with 10 mM 

pyruvate and 2 mg/L resazurin (a redox indicator) and purged with N2(g) for at least 15 

minutes. Sediment slurry microcosms were constructed by adding 50 g of river sediment 

and 120 mL of surface water to acid-washed, autoclaved, air tight, screw cap jars. 

Microcosms were constructed and amended in an anaerobic chamber (Coy Labs) 

containing an ambient atmosphere of 90% N2 (g), 5% CO2 (g), and 5% H2 (g). After 

construction, microcosms were stored in the dark under ambient laboratory conditions. 

Anaerobic conditions (as signaled by resazurin color change from pink to clear (EH < -50 

mV)) were achieved after three days and designated microcosms were amended with fly 

ash at 25% sediment dry weight.  

Individual microcosms (Experiments #2 and #3 as described in Chapter 2) were 

sacrificed for chemical and microbial analysis in the anaerobic chamber over the course 

of five days (-24, 2, 24, 48, 120 h). Whole slurry aliquots were saved for chemical 

analyses (e.g., total Hg, MeHg, AVS, and pH) and for nucleic acid extraction.  

The results of the chemical analyses were described in Chapter 2. In summary, 

they showed that sulfate-rich fly ash contributed a large amount of dissolved sulfate to 

the microcosms, and in both the Emory and Clinch microcosms, MeHg production was 

enhanced in microcosms amended with the sulfate-rich fly ash relative to ash-free control 
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microcosms. Furthermore, Clinch microcosms (Experiment #3 in Chapter 2) amended 

with the sulfate-rich fly ash showed approximately the same level of MeHg production as 

the corresponding Emory microcosms (Exp. #2), despite containing almost 10 times the 

total Hg concentration in the sediment relative to the Emory microcosms. 

3.2.2 Nucleic Acid Isolation 

 Slurry samples from the Clinch microcosms were preserved for DNA and RNA 

extraction by centrifuging aliquots immediately upon sampling. The supernatant was 

discarded, and the remaining sediment was treated with LifeGuard Soil Preservation 

Solution (MOBIO Laboratories, Inc., Carlsbad, CA) following the manufacturer’s 

protocol and stored at -20°C until further processing. For the Emory microcosms, 

sediment slurry samples designated for nucleic acid extraction were stored at -80°C and 

were not centrifuged and preserved immediately upon sampling. Thus, they were 

processed only for DNA extraction. 

RNA and DNA were isolated from the sediment samples using the MOBIO RNA 

PowerSoil Total RNA Isolation and DNA Elution Accessory Kits. Samples designated 

for RNA extraction were further treated with DNase using the MOBIO RTS DNase Kit to 

remove residual DNA. The purified RNA samples were analyzed for the expression of 

the dissimilatory sulfite reductase gene, dsrA, by quantitative reverse transcriptase PCR 

(qRT-PCR) as well as for the community structure of bacteria undergoing gene 

expression of dsrAB by T-RFLP. The RNA samples were converted to cDNA using the 

iScript cDNA Synthesis Kit (Bio-Rad Laboratories, Hercules, CA) within 48 hours of 
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isolation, followed by qPCR and T-RFLP procedures described below. The isolated DNA 

samples were directly used for analysis of the representative total SRB population by 

qPCR of dsrA as well as of the community structures of total bacteria and SRB by T-

RFLP. 

3.2.3 Determination of dsrA Gene Expression and SRB Population by qPCR 

 Absolute quantification by qPCR was performed by targeting dsrA and using 16S 

small subunit rRNA for normalization (primers reported in Table 1). The amplification 

was performed using the Stratagene Mx3000P qPCR system (La Jolla, CA) and iTaq 

Universal SYBR Green Supermix (Bio-Rad Laboratories). Amplicons were prepared 

from cDNA obtained from a representative sediment sample using the respective primers 

and used as standards for each target gene. The conditions for qPCR were 95°C for 10 

min followed by 45 cycles of 30 s at 95°C, 1 min at 58°C or 51°C for dsrA and 16S, 

respectively, and 30 s at 72°C, with a dissociation step at the end for quality control. 

cDNA and DNA samples were added to each reaction tube at a final template 

concentration of 2.5 ng/µL. All samples were run at PCR efficiencies of 90% or higher. 

Results from cDNA samples were reported as the relative transcript ratio of dsrA to 16S 

rRNA as a measure of gene expression. Results from DNA samples were reported as the 

abundance of dsrA relative to 16S rRNA, which provides information on change in the 

relative SRB population sizes in the sediment slurry samples.  

 Welch’s t-test was used to compare results from different microcosm treatment 

types (e.g., dsrA expression in Sediment-Only microcosms versus dsrA expression in 
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Ash-Amended microcosms). Significant differences between treatment types were 

defined by comparisons yielding one-sided p-values less than 0.05.  The Welch’s t-test 

was also used to detect significant differences between microcosm treatments at single 

time points where triplicate samples (n=3) were available. 

3.2.4 Terminal Restriction Fragment Length Polymorphism (T-RFLP) 

 Assessment of the bacterial community structure was performed using T-RFLP 

analysis of the whole bacterial community (via 16S rRNA gene sequences) and the 

sulfate-reducing community (dsrA gene). Sample preparation was performed following 

the procedure by Lukow et al.122 and Perez-Jimenez and Kerkhof 123with modifications as 

briefly described below. PCR was performed on each DNA and cDNA sample using a 6-

carboxyfluorescein-labeled fluorescent forward primer and unlabeled reverse primer for 

both dsrAB and 16S rRNA (primer sequences provided in Table 1). PCR amplicons were 

purified using a Qiagen PCR Purification Kit (Qiagen, Hilden, Germany) following the 

manufacturer’s protocol. One hundred nanograms of each purified PCR product for 

dsrAB and 16S was digested with 10 U of MboI or MpoI (New England Biolabs, Beverly, 

MA), respectively, at 37°C for 2 h. Fragment analysis was performed on an Applied 

Biosystems 3100 capillary sequencer (Foster City, CA) with POP6 polymer and ROX-

labeled MapMarker 1000 size standards (BioVentures, Inc., Murfreesboro, TN) at the 

Duke University DNA Analysis Facility (Durham, NC) following standard procedures. 
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Table 3.1. Primers and their sequences used for qPCR and T-RFLP. 

 Gene Forward Primer Reverse Primer 
qPCR dsrAa DSR1F+: 

ACSCACTGGAAGCACGGCGG 
 

DSR-R: 
GTGGMRCCGTGCAKRTTGG 

 16S 
rRNAb 

U519F: 
CAGCMGCCGCGGTAATWC 

E685R: 
ATCTACGCATTTCACCGCTA
C 
 

T-
RFLP 

dsrABc DSR1F: 
ACSCACTGGAAGCACG 

DSR4R: 
GTGTAGCAGTTACCGCA 
 

 16S 
rRNAd 

27F: 
AGAGTTTGATCCTGGCTCAG 

1392R: 
ACGGGCGGTGTGTRC 

a Kondo et al., Geomicrobiol J, 2004.124 Product size: 221 bp. 
b Baker et al., J Microbiol Meth, 2003.125 Product size: 166 bp. 
c Perez-Jimenez and Kerkhof, Appl Environ Microbiol, 2005.123 The 5’-end of the 
forward primer was labeled with 6-FAM for T-RFLP. 
d Lukow et al., FEMS Microbiol Ecol., 2000.122 The 5’-end of the forward primer was 
labeled with 6-FAM for T-RFLP. 

 

T-RFLP profiles were visualized using Applied Biosystems Peak Scanner 

software. Alignment of the terminal restriction fragments (T-RFs) was performed using 

the T-REX software and analyzed for the presence/absence of T-RFs.126 All T-RFs 

smaller than 50 bp were excluded. Data files were then imported into PAST 

(Paleontological Statistics software) for ordination analysis.127 The relative peak height 

data were analyzed using the Bray-Curtis similarity index and non-metric 

multidimensional scaling (NMS) for group clustering. The Shannon Index was also used 

to assess the diversity of T-RFs in each treatment type over time.  
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3.3 Results 

3.3.1 Effect of Fly Ash on dsrA Abundance and Expression 

 The presence or absence of coal ash did not impact the abundance of SRB (as 

indicated by relative dsrA gene abundance) in either the Emory or the Clinch 

microcosms. When the relative gene abundance was compared for the entire incubation 

time frame,  gene abundances the ash-amended treatment were not significantly different 

from the sediment only treatment in the Emory microcosms (p = 0.44) and in the Clinch 

microcosms (p = 0.11) (Figure 3.1). Differences in relative dsrA gene abundance were 

observed at select time points during the incubation. For example, in the Clinch 

microcosms, an increase in relative dsrA abundance was observed in the ash-amended 

microcosms relative to the sediment only controls at 24 h and 48 h; however, only the 24-

h time point had a significant difference (p <0.05). There were not enough data points 

(n=2) at the 48-h time point to perform statistical analyses. For the Emory microcosm 

experiment, each time point was comprised of duplicate microcosms. Thus, statistical 

analyses at individual time points were not possible for the Emory experiment. 
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Figure 3.1. Relative dsrA gene abundance in sediment-ash microcosms with and 
without coal ash added: (a) Emory sediment microcosms; (b) Clinch sediment 
microcosms. Data points represent averaged replicate microcosms (n=2-3). Error 
bars represent the range of replicate samples. 
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 The ash amendment appeared to temporarily stimulate SRB gene expression in 

the Clinch microcosms (Figure 3.2). The relative dsrA RNA transcript abundances were 

significantly greater (p < 0.05) at 24 h in microcosms amended with ash relative to 

controls with no ash. Moreover, when all time points were grouped and compared 

between the ash and no-ash microcosms, dsrA expression was higher in the ash-amended 

microcosms (p < 0.05).  The maximum for dsrA expression in ash-amended microcosms 

occurred at the 24-h time point, which coincided with the maximum in dsrA gene 

abundance. Thus, the increase in dsrA expression may have been due to an increase in 

dsrA abundance. However, there was also an observable difference (p = 0.07) in SRB 

activity between the ash-amended microcosms and the sediment only controls at 2 h, 

which did not correspond to differing dsrA abundances. Therefore, at the 2-h time point, 

the ash may have stimulated gene expression without yet resulting in increased growth of 

SRB. RT-qPCR was not performed on Emory microcosm samples. 

 For Clinch microcosms, the trends in dsrA abundance and expression in ash-

amended microcosms matched the trend in MeHg concentrations in these microcosms 

(Figure 3.3). MeHg concentrations increased through the first 24 hours after ash addition 

and then remained constant from this point to the end of the experiment. The leveling off 

of MeHg concentrations coincided with decreases in dsrA gene abundance and 

expression. Anaerobic microorganiams are known to produce and degrade MeHg. Thus, 

changes in MeHg concentration in the microcosms reflect a shift in the balance between 

simultaneous production and degradation processes.  
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Figure 3.2. dsrA expression in Clinch sediment-ash microcosms (as assessed by RT-
qPCR). Data points represent the average of replicate microcosms (n=2-3). Error 
bars represent the range of replicate samples. 



 

 

68 

 

Figure 3.3. (a) MeHg production and dsrA abundance in Clinch sediment-ash 
microcosms; (b) MeHg production and dsrA expression in Clinch sediment-ash 
microcosms. Data points represent the average of replicate microcosms (n = 2-3). 
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The relationship between MeHg and SRB abundance was not as clear in the 

Emory ash free and ash-amended microcosms (Figure B.1) or in the Clinch sediment only 

microcosms (Figure B.2). In the Emory-ash amended microcosms, MeHg concentrations 

increased throughout the experiment while dsrA gene abundance decreased between 2h 

and 24h and then increased for the remainder of the experiment. In the Emory ash-free 

microcosms, MeHg concentrations remained relatively constant throughout the 

experiment while dsrA gene abundance decreased between 2h and 24h and then remained 

constant (Figure B.1). In Clinch sediment only microcosms, dsrA abundance and 

expression increased between -24h and 2h, decreased 2h to 48 h, and then increased over 

the rest of the experiment. MeHg concentration in these microcosms increased between 

2h and 48h before decreasing for the remainder of the experiment (Figure B.2). Thus, it is 

possible that the increase in MeHg concentration in the Clinch ash free microcosms 

might have been a delayed response to the increase in dsrA expression and abundance.  

3.3.2 Effect of Fly Ash on Microbial Community Structure 

 Non-metric multidimensional scaling (NMS) of the 16S rRNA and dsrA DNA 

Terminal Restriction Fragments (T-RFs) revealed that the microbial communities in the 

Emory and Clinch microcosms were clearly distinct from each other (Figure B.3). NMS 

analysis of the 16S rRNA T-RFs revealed that the structure of the overall microbial 

community in the microcosms changed over the course of the experiment, but this change 

was not correlated with the presence or absence of fly ash (Figure B.4). The Shannon 

Index was used to estimate the diversity of the 16S rRNA T-RFs, and no difference was 
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found between ash-free and ash-amended microcosms (Figure B.5). Collectively, these 

results suggest that the ash amendment did not impact the structure of the overall 

microbial community in the Emory and Clinch microcosms. 

 In the T-RFLP analysis of the SRB community, some structural shift in the 

community was also observed, but the shift did not coincide with the presence or absence 

of ash (Figure B.6). In both the Emory and the Clinch microcosms, the presence of ash 

(after 24 h in the microcosms) resulted in decreased values for the Shannon Index 

diversity in the SRB community compared to the sediment-only microcosms (Figure 

B.7). The Shannon Index accounts for both variety of different SRB as well as the 

evenness of SRB distribution. Therefore, these results suggested that the addition of ash 

to the sediment microcosm decreased the evenness of the SRB distribution in the 

community.  

In the NMS analysis of active SRB (via dsrA expression), TRFs from Clinch 

microcosms showed no observable shifts over time (Figure B.8). Shannon Indices of the 

active SRB T-RFs from Clinch microcosms showed no difference between ash-amended 

and ash-free microcosms (Figure B.9). 

3.3 Discussion 

3.3.1 SRB Community, Abundance, and Activity 

 During the 5-day incubation experiment, the coal ash had a temporary significant 

effect on SRB abundance during the first 1 to 2 days of the experiment and a more 

sustained effect on SRB activity. This stimulation of SRB population growth and activity 
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also corresponded with increasing net MeHg production until 24 hours, after which net 

MeHg production and SRB abundance and activity all declined.  One possible 

explanation for this decline at the 24-h time point could be that the coal ash imparted 

toxic effects on the SRB community, effects that emerged at the 24-h time point. This 

explanation is supported by results of the Shannon Indices for the dsrA DNA T-RFs, 

which indicated that coal ash decreased SRB diversity starting at this time point (Figure 

B.7). 

3.3.2 Overall Bacterial Community Composition 

 Coal ash did not appear to cause significant changes to the structure of the overall 

bacterial community (Figure B.3). This result indicates that coal ash (spiked at a 25% 

(w/w) concentration) does not have a catastrophic impact on sediment microbial 

communities. The lack of observed effect by coal ash might indicate that toxic 

constituents associated with coal ash were not present in great enough concentration to 

cause significant stress to the microbial community or that the sediment microbial 

community was resilient to stresses induced by the ash. We know, however, that T-RFLP 

analysis may not have been sensitive enough to detect smaller species-specific changes in 

microbial populations. These smaller species-specific shifts could still have large impacts 

on microbial function, which could explain the trend in MeHg production in our 

microcosms. 
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3.3.3 Future Directions for Identifying and Quantifying Methylating 
Microbes in Coal Ash Impacted Areas 

 The microorganisms capable of methylating Hg are phylogenetically and 

environmentally diverse, including SRB, iron-reducing bacteria, and methanogens, as 

well as syntrophic, acetogenic, and fermentative bacteria.128-132 Therefore, the use of dsrA 

to track the impact of coal ash methylating organisms is only an indirect method to assess 

the microorganiams relevant for mercury methylation. This approach may be missing 

crucial methylating organisms that are not sulfate-reducers.  

A more direct way to assess the Hg methyalating microbial community would be 

to  quantify the abundance and expression of the hgcAB two-gene cluster, which appears 

to predict Hg methylation capability across a large variety of microbial species.128, 129 

hgcAB encodes a correnoid protein and associated ferrodoxin, which are key ingredients 

for the methylation of Hg.128  

 Methods to use the hgcAB gene cluster in a mixed microbial community are an 

active area of research, and development remains in progress. To date, three published 

studies have described attempts to use these gene sequences.130-132 Two of these studies 

(Schaefer et al. and Liu et al.)130, 131 targeted hgcA alone, as the gene order for hgcAB has 

been shown to vary in different genomes.128 A potential problem with this approach is 

that the hgcA gene has a diverse nucleotide sequence across phylogenetic groups, making 

it difficult to design a primer that will successfully amplify a broad range of phylogenetic 

groups.129 The Schaefer and Liu studies130, 131 opted to design their primers for the hgcA 

sequences from Deltaproteobacteria, which are known to play a significant role in MeHg 
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production in environmental settings. The bias in the primer design was intended to 

improve primer specificity for orthologous hgcA sequences and to reduce primer 

degeneracy, but with this primer design, more diverse groups of Hg methylators such as 

Firmicutes and Methanomicrobia might fail to amplify. The hgcA-only primer design 

also assumes that most organisms possessing hgcA will also possess hgcB, which has 

been observed in cultures.128, 129 

 A third study (Bae et al.)132 utilized a different approach, opting to design primers 

that spanned regions of both hgcA and hgcB. The forward primer was anchored in the 

conserved region of hgcA while the reverse primer was anchored in a region of hgcB that 

is less diverse than comparable regions of hgcA. By avoiding the primer bias issues 

associated with hgcA-only primers, this primer is expected to amplify a broader range of 

phylogenetic groups. However, the hgcAB primer requires the assumption that the 

majority of target species will have contiguous hgcA and hgcB sequences. Currently one 

group, Desulfovibrio africanus, is known to have non-contiguous sequences.128  

 In all three studies the hgcA and hgcAB primers were used to investigate the 

diversity of methylating microorganisms in wetland and rice paddy soils. The hgcA-only 

primer designed by Schaefer et. al. revealed that hgcA sequences in wetland soils were 

clustered with Deltaproteobacteria, Methanomicrobia, and Chlroroflexi.130 Liu et al. 

used an hgcA-only primer to determine that hgcA microbes in the rice paddy soils were 

related to Deltaproteobacteria, Firmicutes, Chloroflexi, and Euryarchaeota.131 Finally, 

the study by Bae et al.,132 using the hgcAB primer found that hgcAB sequences in wetland 
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soils were distributed among Proteobacteria, Chloroflexi, Firmicutes, and 

Methanomicrobia, but all sites were dominated by hgcAB sequences contained by the 

Syntrophobacterales of the Deltaproteobacteria.132  

The microbial community analyses of the ash-sediment microcosms described in 

this study would benefit from additional hgcAB-specific approaches to understand the 

impact of ash on the methylating community. Our use of dsrA is certainly an indirect 

measure of a subset of methylating microcosms. Nevertheless, qPCR and qRT-PCR 

results for this study showed connections between SRB abundance/activity and MeHg 

production. The results of T-RFLP analyses were less conclusive. Thus, we were not able 

to ascertain the extent to which the coal ash affected the microbial community. 

Additional analyses of the metagenome, with methods such as Illumina or Ion Torrent, 

could provide the number of methylating phenotypes. However, in order to take full 

advantage of hgcAB as a probe for methylating organisms, care must be taken in 

designing primers that are not overly-biased toward one phylogenetic group.  
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Chapter 4: Dissolution potential and redox transformations of 
arsenic and selenium in sediment microcosms with fly ash 

4.1 Introduction 

Coal ash is the solid waste by-product of coal combustion and includes bottom 

ash, fly ash, and sludge from flue gas desulfurization units. Every year over 57 million 

tons of coal ash are disposed in 300 landfills and 600 holding ponds across the United 

States.1, 21 Ash wastes are enriched in potentially toxic elements, and the presence of 

arsenic (As) and selenium (Se) are of particular concern because of their relatively high 

mobilization potential at the neutral to alkaline pH values that are typical of ash disposal 

impoundments. Moreover, these elements have the tendency to bioaccumulate in the 

aquatic food web and impart ecotoxicological effects.2, 14, 59, 85, 133  

The effluent discharge, groundwater seepage, and structural integrity of coal ash 

impoundments are not always monitored. Consequently, impoundment effluent discharge 

is a major source of As and Se contamination to certain aquatic environments, with 

35,925 kg of As and 102,058 kg of Se discharged annually and ash impoundments cited 

in 132 documented cases of groundwater and surface water contamination.3, 11 Moreover, 

ash release events due to impoundment failures have been reported at least 41 different 

power plants in the last 15 years.109 

Both As and Se can be toxic to humans, but the human exposure pathway for 

these elements differ. Selenium presents a human health risk through the consumption of 

higher trophic level fish from contaminated areas. Ograno-selenium compounds can 
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biomagnify in the food web and impart severe teratogenic effects on fish and 

amphibians.4, 31 Reproductive failure and teratogenic effects have been observed in fish at 

inorganic selenium concentrations of only 2 µg/L in surface waters.61 In humans, 

symptoms of selenium toxicity include neurological effects, skin disorders, and 

gastrointestinal illness.62 Arsenic is also known to biomagnify in the aquatic food web as 

organic As species, but the main route of human exposure is through drinking water 

contaminated with inorganic arsenic species.59, 60 In humans, As has been shown to cause 

skin lesions and cancer of the brain, kidneys, liver, and stomach.59, 60  

  The mobility of arsenic and selenium in the environment is intimately linked to 

redox chemistry and adsorption/desorption reactions. In aerobic conditions, arsenate (an 

As(V) oxyanion) is the dominant species of arsenic. Arsenate has limited mobility as it 

tends to sorb strongly to many mineral phases, especially iron oxides.65 Arsenite (As(III) 

oxyanion), is the dominant form of As in reducing conditions and tends to have much 

weaker sorption affinity for particles relative to arsenate.63, 65, 66 In conditions where 

sulfide is prevalent, insoluble arsenic-sulfide species, such as As2S3, may form.64 In 

contrast to As, Se becomes progressively less soluble with a decrease in redox potential 

of the ecosystem. Selenate (a Se(VI) oxyanion and the dominate form of Se in aerobic 

conditions) is very soluble in water and has little tendency to adsorb to solids or to 

precipitate out of solution.74 Under moderate redox potentials, selenite (a Se(IV) 

oxyanion) is the major species of Se. Selenite is moderately soluble, with its mobility 

controlled by adsorption/desorption reactions with metal oxyhydroxides, clays, and 
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organic matter.74 In anaerobic conditions, selenium can persist as elemental selenium or 

metal selenide mineral phases that are sparingly soluble in water. Organo-Se compounds 

such as selenocysteine and selanomethione are another form of reduced Se species, which 

are the biologically active forms of selenium in organisms.61 

 Arsenic associated with coal ash exists mainly as As(V) species while Se is 

typically found as Se(IV) and elemental Se(0) species.89, 91, 134 Previous studies on the 

mobilization of As and Se from coal ash have focused on leaching under aerobic 

conditions and indicated that As and Se leaching is maximized at neutral to alkaline pH 

as As(V) and Se(IV) species.14, 85, 91, 113 For both elements, leaching potential cannot be 

predicted based on total element concentrations due to the variation of redox states in the 

original ash and the combination of adsorption, desorption, and secondary precipitation 

reactions that can occur in ash-water mixtures.14, 135 Ash disposal and spill conditions in 

real settings present an even more complicated system where ash is exposed to gradients 

in redox potential, the presence of natural organic matter that can bind these elements, 

and microbial activity that also contribute to transformations of As and Se. Little is 

known about the mechanisms of contaminant leaching from ash when these factors are 

considered. 

The specific objective of this study was to determine how the mobilization of 

arsenic and selenium from coal ash varies with redox conditions during a spill scenario. 

Batch sediment microcosms were constructed with aerobic or anaerobic conditions and 

were amended with fly ash to simulate an ash spill into a benthic sediment-water system. 
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The microcosms were monitored for total dissolved concentrations and speciation of 

arsenic and selenium, as well as other water chemistry variables relevant for arsenic and 

selenium mobilization.  

4.2 Materials and Methods 

4.2.1 Experimental Design 

 The microcosm experiments were conducted on two separate occasions: the first 

under aerobic conditions, followed by the second under anaerobic conditions. The 

microcosms were comprised of mixtures of sediment and water from the Emory River 

(Tennessee, USA), and a subset of microcosms were amended with fly ash (to a 

concentration of 40% (w/w) of dry sediment). This concentration of fly ash was selected 

to represent a realistic sediment to ash mixture ratio from an ash spill scenario.56 Each 

treatment type (with and without ash; aerobic and anaerobic) was performed in duplicate 

microcosms. For both the aerobic and anaerobic experiments, a replicate sediment-water 

microcosm containing 6 mg/L resazurin was constructed to serve as an indicator of redox 

conditions. This indicator microcosm was not used for the ash experiments, but was used 

only to infer aerobic or anaerobic conditions for the other microcosms. 

4.2.2 Sediment and Water for Microcosm Construction 

Surface water and bottom sediment were collected in April 2014 from mile 

marker 10 of the Emory River near Kingston, TN, USA (35.9475941°, -84.53178889°). 

This site is several miles upstream of a large coal ash spill that occurred in December 

2008.5, 56, 90, 136 Water samples were taken at a depth of 0.15 meters and were stored in 
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acid-cleaned plastic jugs. Bulk sediment was collected from the top layer of sediment 

(approximately top 15 cm) using a Ponar dredge (Wildco). The sediment was placed in 

soap-cleaned (Micro-90 Soap) screw top buckets. The sediment and water samples were 

stored on ice for shipment to Duke University and stored at 4 °C in the laboratory. These 

sediment and water samples were used within one month after collection to construct 

microcosms in the laboratory. Selenium and arsenic concentrations in the sediments were 

assessed by digestion with concentrated nitric acid followed by analysis with Inductively 

Coupled Plasma-Mass Spectrometry (ICP-MS, Agilent 7700). Details of the digestion 

and analysis method can be found in Appendix C. Arsenic concentration in the river 

sediment was 2.38 µg/g while selenium concentration was 0.27 µg/g. The pH of the 

surface water was 7.47, and the conductivity was 125.6 µs cm-1. 

4.2.3 Fly Ash Source and Characterization 

 The coal ash used for the microcosm experiments was collected at the Tennessee 

Valley Authority’s John Sevier fossil plant in April 2011. The sample was a composite of 

fly ash collected from electrostatic precipitator hoppers at each of the plant’s four units. 

The major mineral oxide content in the ash was characterized via X-ray Fluorescence 

(XRF) following the ASTM standard method for ash analysis (Table 1).137 Selenium and 

arsenic concentrations were assessed by concentrated nitric acid digestion followed by 

ICP-MS. Ash characteristics are summarized in Table 4.1. 
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Table 4.1. Characteristics of the fly ash sample amendment. 

 % of Ash Composition* 
Moisture 0.36 

SiO2 56.46 
Al2O3 28.77 
Fe2O3 6.67 
CaO 1.43 
MgO 1.50 
Na2O 0.47 
K2O 2.98 
P2O5 0.16 
TiO2 1.23 
SO3 0.02 

 µg/g# 
As 44 
Se 19 

*Measured via XRF. 
#Measured by nitric acid digestion followed by ICP-MS. 

4.2.4 Microcosm Preparation 

Each microcosm was prepared in a 1L acid-washed, glass jar and consisted of 240 

g of sediment and 600 mL of surface water. The sediment was thoroughly homogenized 

by stirring before microcosm construction. The river water was amended with a carbon 

source (0.5 mM pyruvate and 0.5 mM acetate) immediately prior to microcosm 

construction to maintain microbial activity.  

For the aerobic microcosms, hydrated air was continuously bubbled into the 

microcosms using Teflon tubing and aquarium air stones. The microcosms were also 

stirred continuously during the experiments. After an incubation period of 3 days, 56 g of 

coal ash was added to the microcosms designated for ash amendment. 
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The anaerobic microcosm experiment was performed after the completion of the 

aerobic microcosm experiment. The anaerobic microcosms contained the same amount of 

water and sediment as the aerobic microcosms; however, they were constructed in 1-L 

glass pyrex bottles with gas-tight butyl rubber stoppers and screw cap tops.  These 

microcosms were assembled inside an anaerobic chamber (Coy Labs) containing an 

ambient atmosphere of 90% N2(g), 5% CO2(g), and 5% H2(g). Surface water amended with 

a carbon source (0.5 mM pyruvate and 0.5 mM acetate), was purged with high purity N2 

gas for at least 15 min immediately prior to addition to the microcosms. All anaerobic 

microcosms were sealed in the anaerobic chamber and then stored in the ambient 

laboratory under static conditions at room temperature (22ºC). The microcosms were 

mixed end over end once a day and prior to each sampling time point. Anaerobic 

conditions (EH < -50 mV) were achieved in approximately 3 days, as indicated by the 

resazurin indicator turning from pink to a clear color. At this time, 56 g of coal ash was 

added to the microcosms designated for the ash amendments.  

4.2.5 Microcosm Sampling 

Overlying water was collected from each microcosm at time points before (-60 h, 

-2 h) and after the ash amendment (4 h, 24 h, 72 h, 168 h, and 336 h). The supernatant 

sample was immediately filtered through a 0.2-µm nylon syringe filter (VWR). For the 

aerobic microcosms, the air bubblers and stir plates were turned off for 15 minutes prior 

to sampling to allow larges particles to settle prior to sampling the water. For the 

anaerobic microcosms, the supernatant was sampled in an anaerobic glove box. The 
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sample filtrate was split and preserved for analysis of major and trace elements via ICP-

MS, As(III), As(V), Se(IV), and Se(VI) species via Ultra Performance Liquid 

Chromatography-ICP-MS (Waters ACQUITY-Thermo X Series II), major anions via Ion 

Chromatography (Dionex), acid volatile sulfide, ferrous iron, and pH. Details on sample 

preservation and methods used in the analyses can be found in Appendix C.  

Selenium speciation in the solid phase from the ash-amended microcosms was 

determined using Se K-edge X-ray absorption near edge structure (XANES). XANES 

analyses were not performed on the ash-free microcosms due to insufficient quantities of 

Se (< 0.5 µg g-1). Spectra were collected at Beamline 11-2 at the Stanford Synchrotron 

Radiation Lightsource (SSRL) in Menlo Park, California. Details on XANES sample 

preparation and analysis can be found in Appendix C. 

4.3 Results and Discussion 

4.3.1 Comparisons of Anaerobic and Aerated Microcosms for Selenium 
Release from Fly Ash 

 Upon addition of the coal ash to both anaerobic and aerobic microcosms, the 

dissolved selenium immediately increased to concentrations that were 150 times greater 

than pre-amendment measurements (Figure 4.1).  The extent of dissolved Se release 

varied according to the redox potential. However, in both cases, dissolved Se 

concentrations in microcosms with ash amendments were much greater than the 

dissolved Se concentrations in the respective ash-free control microcosms (< 1.5 µg L-1 

throughout the experiment).  
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Dissolved Se concentrations were generally greater in the aerobic microcosms 

than the anaerobic microcosms (with the exception of the first time point at 4 h) (Figure 

4.1). In the aerobic ash-amended microcosms, total Se concentration reached a maximum 

of 53 µg L-1 at 24 hours after ash addition and decreased to 29 µg L-1 over the course of 

the two-week experiment. The decline in selenium concentration in the aerobic 

microcosms did not appear to be due to a change in redox conditions as dissolved sulfate 

and dissolved iron concentrations remained constant throughout the experiment (Figures 

C.1 and C.2), indicating that aerobic conditions were maintained. The decrease in 

dissolved selenium could be due to re-adsorption of Se(IV) species onto coal ash and 

sediment particles over time. Previous studies have shown that Se(IV) sorption onto 

particles and organic matter can contribute to Se sequestration in the sediments of aerobic 

environments.75, 138 Measurements of dissolved selenium speciation were attempted, but 

the selenium levels for each species were below the estimate limit of quantification of the 

aqueous Se speciation analysis method (< 50 µg L-1).  

The pH (Figure C.3) in the aerobic ash-amended microcosms was greater than the 

pH in the anaerobic ash-amended microcosms at all time points, but this did not appear to 

greatly affect Se release. At the 4-h time point, Se concentration in the aerobic ash-

amended microcosms (pH 7.3) was lower than in the respective anaerobic microcosms 

(pH 7.1), and at the 336-h time point, aerobic and anaerobic ash-amended microcosms 

had similar pH (7.5 and 7.4, respectively), but Se concentration was much higher in 

aerobic microcosms (29 µg L-1) compared to the anaerobic microcosms (1.8 µg L-1). 
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These results indicate that pH was not the major determinant of Se release in the 

microcosms. 
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Figure 4.1. Total dissolved selenium concentrations (<0.2 µm filtered fraction) in 
sediment-ash microcosms: (a) Aerobic treatments; (b) Anaerobic treatments. Each 
data point represents the average of duplicate microcosms. Error bars represent the 
range of duplicates. 
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In anaerobic ash-amended microcosms (Figure 4.1b), there was an immediate 

spike in total dissolved Se after the coal ash amendment, but then Se concentration 

decreased from 94 µg L-1 at 4 hours to 1.8 µg L-1 at 14 days. This decline in dissolved Se 

concentration was more drastic than that in the aerobic microcosms amended with ash. 

These data indicate that the fly ash contains a leachable fraction of Se that can be 

subsequently converted to less soluble forms such as elemental selenium and metal 

selenides such as FeSe.  

Dissolved iron concentrations in the microcosms provided evidence for the 

possible formation of FeSe. Total dissolved iron concentrations in the microcosms 

(defined as the fraction in 0.2-µm filtered water) varied according to redox potential as 

well as by ash addition. The aerobic microcosms contained no detectable dissolved iron 

(<0.001 mg L-1) with the exception of the 336-h time point when the total dissolved iron 

concentration was 0.12 mg L-1 in the sediment only controls and 0.02 mg L-1 in the ash-

amended treatment (data not shown). In contrast, the anaerobic treatments showed 

evidence for iron reduction. In the anaerobic sediment-only treatment, total dissolved iron 

was approximately 10 mg L-1 at the start of the experiment and increased to 

approximately 25 mg L-1 at the end of the 2-week experiment (Figure C.2). This result is 

consistent with iron-reduction and production of soluble Fe(II) in the microcosms. 

However, this trend was not seen in the anaerobic microcosms amended with fly ash. 

Instead, total dissolved iron concentrations immediately decreased after the ash 
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amendment and remained below 1.5 mg L-1 over the course of the experiment. A possible 

explanation for lower dissolved Fe in the ash-amended anaerobic microcosms (compared 

to the ash-free microcosms) is that Fe(II) was adsorbing to the fly ash particles and/or 

that iron mineral phases (such as FeS or FeSe) were forming in the ash-amended 

microcosms.  

The solid phase speciation of selenium in the anaerobic microcosms also showed 

a trend towards reduced Se species in the anaerobic experiment (Figure 4.2). XANES 

spectra show that at the 4-h time point, anaerobic ash-amended microcosms displayed a 

white line peak 12664 eV consistent with Se(IV) and had spectral features similar to the 

spectra for the aerobic sediment and ash used to construct the microcosms. However, 

over the course of experiment, the white line peaks of the anaerobic ash-amended 

samples shifted to a lower energy (12660 eV) consistent with for the presence of 

Se(0)/Se(-II) species in the samples. In XANES spectra for sediments from the aerobic 

microcosms, the dominant white line peaks corresponded to Se(IV). This form of Se 

appeared to remain dominant during the 2-week experiment, indicating that Se reduction 

was not prevalent in the aerobic experiment. 
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Figure 4.2. XANES spectra for selenium in ash-amended mcirocosm samples. The 
vertical lines represent the white line energy for selenium standards (Sodium 
selenate, sodium selenite, elemental selenium, and iron selenide). 

 

4.3.2 Effect of Aerobic and Anaerobic Treatments on Arsenic Dissolution and 
Speciation. 

Arsenic release was also dictated by redox potential, with much greater dissolved 

As concentrations observed in the anaerobic ash-amended microcosms compared to 

aerobic ash-amended microcosms (Figure 4.3). In the aerobic microcosms (Figure 4.3a), 

the addition of ash resulted in an increase of total dissolved As concentration, which 

reached a maximum of 12 µg L-1 at 336 hours. In the anaerobic experiment (Figure 4.3b), 
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the total dissolved As concentration after the addition of ash increased more rapidly and 

to a greater extent: 157 µg L-1 at 4 hours and a maximum dissolved Se concentration of 

498 µg L-1 at 72 hours (Figure 3a). After 72 hours, As concentrations declined slowly 

over the remainder of the anaerobic experiment. This decrease after the 72-h time point 

may have been due to the formation of arsenic-sulfide mineral phases. The dissolved acid 

volatile sulfide (AVS) concentration was observed to increase from less than 2 µM before 

the ash-amendment to more than 7 µM two weeks after ash was added (Figure 4.4). In 

contrast, the ash-free microcosms and the aerobic microcosms had less than 2 µM 

dissolved AVS. 
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Figure 4.3. Total dissolved arsenic concentrations (<0.2 µm filtered fraction) in 
sediment-ash microcosms: (a) Aerobic treatments; (b) Anaerobic treatments. Data 
points and error bars represent the average and range and duplicate microcosms. 

 



 

 

91 

 

Figure 4.4. Acid Volatile Sulfide (AVS) in sediment-ash microcosm supernatant. 
Data points and error bars represent the average and range of duplicate 
microcosms. 

 The speciation of dissolved As was largely consistent with expectations for the 

aerobic and anaerobic microcosms. In the aerobic ash-amended microcosms, more than 

92% of the dissolved arsenic was in the form of arsenate (Figure 4.5a). Arsenic speciation 

analyses were not run on the aerobic ash-free microcosm samples due to the low total 

arsenic concentration in the supernatant (<12 µg L-1). In anaerobic ash-amended 

microcosms, the dissolved arsenic was present mostly as arsenite (>86%) (Figure 4.5b). 

This arsenic speciation was consistent with expectations for the redox state of arsenic in a 

strongly reducing environment where sulfate reduction is occurring.67 Unexpectedly, in 

the anaerobic ash-free microcosms, arsenate was the dominant oxidation state, with more 

than 70% of the dissolved As observed as arsenate As(V) species.(Figure 4.5c). 
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Figure 4.5. Dissolved arsenic speciation in the ash-amended microcosms: (a) Aerobic 
ash-amended treatment; (b) Anaerobic ash-amended treatment; (c) Anaerobic 
sediment only treatment. Bars represent the average of duplicate microcosms. 
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The increase in total dissolved As and total dissolved iron in the anaerobic ash-

free microcosms suggest that As was being released into solution via the reductive 

dissolution of iron oxides. Iron oxide dissolution and As(V) to As(III) conversion occur 

in the same Eh range (0-100 mV),63 so it is unclear why As(V) remained the dominate As 

species in the anaerobic ash-free microcosms. One explanation for the incomplete 

reduction of As(V) is that Fe(III) outcompeted As(V) as an electron acceptor in microbial 

respiration. The kinetics of the As(V) to As(III) conversion are also known to be 

relatively slow, which may have contributed to the presence of both species.63, 67 In 

contrast to the anaerobic ash-free microcosms, total As in the ash-amended microcosms 

was present mostly as As(III). This difference might be explained by the sulfate levels in 

the microcosms. The anaerobic ash-free microcosms contained relatively low sulfate 

concentrations, and dissolved AVS concentrations were consistently less than 2 µM 

(Figure 4). In contrast to the ash-free controls, the anaerobic ash-amended microcosms 

were relatively rich in sulfate and displayed a significant amount of sulfate reduction and 

sulfide production (Figure C.1, Figure 4). Thus, in the anaerobic ash-amended 

microcosms, the redox potential was likely poised at a lower Eh, and consequently, a 

greater proportion of As(V) was converted to As(III) compared to the anaerobic sediment 

only microcosms. Under these conditions, As(III) could also have complexed with sulfide 

to form insoluble As-sulfide species to decrease the total dissolved As.64, 139 X-Ray 

absorption spectroscopy measurements on the solid phase are needed to confirm the 

presence of this phenomenon in the microcosms.  
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4.3.3 Implications for Ash Spill Settings 

This study is the first to investigate As and Se leaching from coal ash under 

conditions mimicking an ash spill. The results show that, in a system buffered at neutral 

pH, redox potential has a large influence on the release of Se and As from coal ash, with 

increased As release under anaerobic conditions and increased Se release under aerobic 

conditions. Furthermore, our study provides clues to how coal ash influences the 

geochemistry of the benthic environment and how these influences might affect the 

longer term solubility of As and Se. For example, the microcosm results show that coal 

ash provides a large spike in leachable sulfate. In anaerobic environments with active 

microbial populations, sulfate-reduction produces sulfide species, which can complex 

As(III), reducing the total amount of dissolved As in the system. 

 Our results also support observations from our previous field studies of coal ash 

impacted environments.5, 90 At the 2008 TVA ash spill site, pore water extracted from 

buried sediment-ash mixtures was found to have neutral pH and a much higher mean total 

dissolved As concentration (323.8 µg/L) than standing surface water at the site (53.3 

µg/L).90 Additionally, a study of North Carolina surface water receiving coal ash effluent 

revealed that both As and Se accumulated in lake bottom sediments and recycled as lake 

water redox chemistry changed due to seasonal thermal stratification.88 Thus, the redox 

chemistry of coal ash contaminants should be considered when assessing remediation 

options for ash-impacted environments, especially when balancing the risks of natural 

attenuation and alternative measures such as dredging.  
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Due to redox-induced adsorption/desorption reactions, arsenic concentrations can 

be very high in sediment pore water even though contaminant concentrations in oxic 

surface waters may be well-below EPA guidelines. These high concentrations could 

present a risk for biomagnification in the benthic aquatic food web. Furthermore, the 

release of As from sediments into overlying surface waters during thermal stratification 

events has implications for communities that use the surface water for recreational use 

and as a drinking water reservoir. The consequences of seasonal As release would be 

mitigated to some degree by dilution, but, nevertheless, the long-term cycling of As in the 

environment should be taken into account when communities consider plans for 

remediating coal ash impacted sites.88  

 In the case of Se, Se oxyanion species in the aerobic water column can be taken 

up microorganisms and aquatic biota and converted to organoselenium species, which are 

highly bioaccumulative.75, 138 Accumulation of Se in sediments also presents a 

bioaccumulation risk as benthic organisms can ingest Se(0) and Se(-II) species and 

convert them to organo-selenium species.138 Anaerobic sediments also act as source of 

selenium to the water column if the sediments are disturbed in a way that results in the 

oxidation and remobilization of reduced Se species.75, 140 The constant risk of 

bioaccumulation, and the latent risk of remobilization, associated with Se contaminated 

sediments should be a major consideration for ash spill remediation. 
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4.3.4 Implications for Coal Ash Management 

 This study’s confirmation that redox potential is a key parameter in controlling As 

and Se mobilization during an ash spill brings into question the applicability of the 

leaching tests currently used to assess the environmental risks of coal ash management. 

Coal ash management is guided by the EPA’s Toxicity Characteristic Leaching 

Protocol.12 This leaching protocol is performed aerobically at a single pH point (pH = 4.9 

or 2.4) and does not account for redox potential, microbial activity, and other variables 

that may greatly affect As and Se leaching. Other EPA methods, such as the Leaching 

Environmental Assessment Framework protocols, provide some improvement over TCLP 

in that contaminant leaching is assessed over a wide range of pH values, but the tests still 

fail to account for gradients in redox potential.16-19 Thus, current risk assessments may 

greatly underestimate the leaching and long-term mobility of As and Se in ash spill 

scenarios and in ash impoundments where gradients in redox potential could form. 

Further research is needed to develop a standardized method that incorporates redox 

potential into coal ash environmental risk assessment. 

 Finally, these results are helpful in determining the best methods of ash 

impoundment closure. Recent regulations adopted in North Carolina require the closure 

of all the State’s ash impoundments by 2029. The impoundments designated as high-risk 

are required to be closed in the next five years.9 The U.S. EPA has also recently 

formulated federal regulations that will require the closure of ash ponds that show a risk 

of groundwater contamination or that are improperly sited.8 One of the closure methods 



 

 

97 

that has been proposed in North Carolina is the “Cap in Place” method.141 With this 

method, the ash pond would be de-watered and then covered with a cap, which can 

consist many different materials including: plastic sheeting, clay, gravel, sand, concrete, 

and vegetative material. One concern with this method is that the cap could induce 

changes in redox conditions in the impoundment. The results from this study show that 

such changes could enhance the release of soluble arsenic, which could present a threat to 

groundwater if the impoundment was not lined. Thus, even if no previous groundwater 

contamination issues have been reported, capping methods that might induce anaerobic 

conditions should be avoided in the closure of unlined impoundments. 
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Chapter 5. Predicting the Environmental Leaching Potential of 
Arsenic and Selenium from Coal Ash Materials with Sediment 
Microcosms 

5.1 Introduction 

 Over 100 million tons of coal ash are generated in the United States every year as 

a by-product of coal combustion.1 Coal ash is composed of three major solid waste 

streams: bottom ash, fly ash, and flue gas desulfurization (FGD) solids. Coal ash mainly 

consists of a heterogeneous mixture of poorly to highly crystalline oxide phases of 

silicon, aluminum, calcium, and iron.142 Both the major and minor elemental composition 

of coal ash is fundamentally determined by coal type and coal source, but combustion 

parameters and air pollution control devices also influence how trace elements partition 

onto ash particles during the combustion and particle capture processes.142 Trace element 

concentrations in the ash materials vary according to the point of collection in the 

combustion process. During combustion, volatile elements partition into the flue gas 

stream, and as the flue gas cools, these elements condense back onto fly ash particles.142 

Thus, volatile trace elements, such as cadmium, chromium, lead, nickel, zinc, copper, 

vanadium, mercury, arsenic, and selenium are one to two orders of magnitude more 

concentrated in fly ash relative to bottom ash.2, 142 The ability of fly ash particles to 

capture trace elements varies with particle surface area and flue gas temperature. Lower 

flue gas temperatures and high particle surface areas tend to increase trace element 

sorption or deposition on fly ash.2, 29 FGD processes also efficiently capture water-soluble 

species, and the waste slurry from FGD is enriched in the most volatile elements, which 



 

 

99 

include boron, carbon, sulfur, chlorine, bromine, nitrogen, mercury, and selenium.2, 30, 142 

 About 57 million tons of the coal ash generated every year in the United States 

are disposed of in landfills or in wet ash slurry impoundments.1 Storage of coal ash as a 

wet slurry presents an environmental risk due to ash contaminant leaching: over 132 

cases of ground and surface water contamination due to ash impoundments have been 

recorded.3, 11 Moreover, recent coal ash spills in North Carolina and Tennessee have 

raised concern about ash contaminant release into the broader ecosystem.5, 6, 56, 90  

 Coal ash disposal practices are guided by the EPA’s Toxicity Characteristic 

Leaching Protocol, which is the standard method used to predict the leaching potential of 

coal ash.12 With TCLP, the solid waste sample is leached in an acidic solution (pH = 2.4 

or 4.9) overnight, and then the supernatant is analyzed for target contaminants of concern. 

While this test might be appropriate for many cationic metals and for landfill waste 

disposal, due to its single point acidic assessment, it is not an accurate assessment of the 

leaching potential of oxyanion contaminants such as arsenate (As(V)) and selenite 

(Se(IV)).14 Of the trace elements contained in coal ash, arsenic (As) and selenium (Se) 

are of particular concern because of their propensity to leach during typical disposal 

scenarios and their potential for biomagnification in the foodweb of receiving water 

bodies.59, 143 The leaching and mobility of As and Se oxyanions in the environment are 

strongly influenced by many different parameters including: pH, redox potential, and 

other parameters of the surrounding water chemistry.67, 69, 70, 74, 138  

 Several leaching studies have been conducted at the natural pH of ash materials in 



 

 

100 

an attempt to better mimic the conditions found in ash impoundments.85, 91, 135 In these 

studies, oxyanion leaching was highly pH-dependent, with pH typically predicted by the 

Ca/S ratio in the ash. CaO-rich ash materials generally produce alkaline waters (pH 11-

13), which can enhance desorption of As and Se from ash particles but also decrease 

dissolved As and Se concentrations through incorporation into calcium precipitates (e.g. 

ettringite).85, 86 Ash materials with balanced Ca/S ratios produced mildly alkaline waters 

(pH 8-9) and may release some of the highest concentrations of As and Se due to pH-

induced desorption from metal-oxide mineral phases.85 Ash materials with Ca content 

depleted in relation to S can produce acidic waters and generally display lower As and Se 

leaching due to the strong sorption of As and Se oxyanions to metal-oxide mineral phases 

in the ash.85, 135 These studies have expanded the understanding of how coal ash chemical 

characteristics affect the leaching of oxyanion contaminants, but little is known about 

how these characteristics influence leaching of contaminants in an ash spill situation 

where pH is buffered near neutral and ash is exposed to gradients in redox potential and 

to microbial activity.  

 To better capture the pH-dependent leaching of oxyanion contaminants, the EPA 

recommends that the Leaching Environmental Assessment Framework (LEAF) be used 

in tandem with TCLP. The LEAF incorporates a range of pH values (2-14), liquid-to-

solid ratios, and mass transfer rates of contaminants over compacted media.16-19 While 

these additional considerations are an improvement on the single pH point leach test, both 

TCLP and LEAF fail to account for gradients in redox potential, microbial activity, and 
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reactions with organic matter, all of which might profoundly affect the speciation and 

mobility of oxyanion contaminants. 

  With this research, we sought to determine how coal ash chemical composition 

affects the release of As and Se from sediment-ash mixtures in a simulated ash spill 

environment. The specific objectives of our work were to: (1) determine whether the 

CaO, SO3, Fe2O3 concentrations in ash materials affect the release of arsenic and 

selenium under differing redox conditions; and (2) to develop a framework to rank the 

environmental leaching risk of different ash materials based on major and minor element 

concentrations in the material. We constructed aerobic and anaerobic sediment-ash 

microcosms to mimic an ash spill into a benthic aquatic system. A variety of coal ash 

materials were tested as amendments, including seven fly ashes, one lime-treated fly ash 

sample, and two FGD samples. These materials were chosen to compare As/Se leaching 

from materials containing differing concentrations of CaO, SO3, Fe2O3 and also to 

compare As/Se leaching from ash materials of differing categories (e.g. fly ash vs FGD) 

that have similar CaO, SO3, Fe2O3 concentrations.  

 

5.2 Materials and Methods 

5.2.1 Coal Ash Materials 

 Ten coal ash samples (Table 1) were subjected to two different sediment-ash 

microcosm experiments performed under anaerobic conditions and under aerobic 

conditions. The ash materials comprised of seven fly ashes, one lime treated fly ash, and 
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two FGD materials, and were collected from various power plants across the United 

States between 2012-2013. Coal ash materials were selected to represent a range of coal 

sources and chemical characteristics, including CaO, SO3, Fe2O3, and trace element 

content. The major mineral oxide content in the ash was characterized via X-ray 

Fluorescence (XRF) following the ASTM standard method for ash analysis (Table 1). 

Trace element content was determined via nitric acid digestion followed by Inductively 

Coupled Plasma-Mass Spectrometry (ICP-MS) (Agilent 7700). Details on the sample 

preparation method can be found in Appendix D. Table 5.1 summarizes the coal ash 

material sources and characteristics. 

5.2.2 Sediment and Water for Microcosms 

 Surface water and bulk sediment were collected for microcosm construction from 

Jordan Lake near Pittsboro, NC (35.705004°, -79.047544°) in October 2014. This lake 

was selected because it was used as a reference lake in our previous field study on the 

impact of coal ash pond effluents in North Carolina lakes and rivers.88 Surface water was 

collected from the top 0.15 meters and was stored in acid-clean plastic jugs. Bulk 

sediment was collected by hand from the top layer of sediment (approximately top 15 

cm) and placed in a soap-cleaned (Micro-90) plastic bucket with a screw top. The 

sediment and water were transported immediately to Duke University (<45 min) and 

stored at 4°C in the laboratory. The sediment and water were used to construct 

microcosms within 1 week of sampling. Major and trace elements in the sediments and 

water were quantified by nitric acid digestion followed by ICP-MS. Further details on the 
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digestion and analysis can be found in Appendix D. The sediment As concentration was 

3.58 µg/g and the Se concentration was 0.34 µg/g.
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Table 5.1. Ash Material Origin and Chemical Characteristics 

Sample 
Code 

Plant Name & 
Location 

Sample 
Type Coal Source SiO2

% 
Al2O3

% 
Fe2O3

%* 
CaO
%* 

SO3
%* C% 

As 
(µg/g)

# 

Se 
(µg/g)

# 

FA1 
E.W. Brown 

(Harrodsburg, 
KY) 

Fly Ash 
(Electrostatic 
Precipitator) 

Illinois Basin 45.71 21.17 26.38 1.87 0.34 4.46 123 6 

FA2 

John Sevier 
Fossil Plant 
(Rogersville, 

TN) 

Fly Ash 
(Electrostatic 
Precipitator) 

Appalachian 
Basin 56.46 28.77 6.67 1.40 0.02 11.1 44 19 

FA3 

John Sherman 
Cooper Power 

Station 
(Burnside, KY) 

Fly Ash 

Appalachian 
Basin 

(Southeastern 
Kentucky) 

51.84 29.61 10.85 1.24 <0.01 8.33 111 8.7 

FA4 
Labadie Power 

Station 
(Labadie, MO) 

Fly Ash Powder River 
Basin 29.49 16.56 4.80 31.1 3.93 2.85 8.6 6.0 

FA5 
Shawnee Fossil 

Plant 
(Paducah, KY) 

Fly Ash 
(Baghouse) 

Wyoming 
Powder River 
Basin/western 

bituminous 

44.94 25.29 5.51 14.1 1.49 4.82 9.26 5.21 

FA6 Escalante 
(Prewitt, NM) Fly Ash San Juan 

Basin 62.30 23.14 5.64 4.57 0.19 2.71 22.8 5.5 

 

 



 

 

105 

 

 

FA7 

Trimble County 
Generating 

Station 
(Bedford, KY) 

Fly Ash Illinois Basin 49.54 21.78 17.32 5.22 3.10 <0.10 135 17 

FA+L 
E.W. Brown 

(Harrodsburg, 
KY) 

Fly Ash + 
Lime Illinois Basin 37.45 16.54 23.40 13.01 4.97 6.48 70 44 

FGD1 

John Sherman 
Cooper Power 

Station 
(Burnside, KY) 

FGD (Dry) 

Appalachian 
Basin 

(Southeastern 
Kentucky) 

28.76 15.11 6.74 25.23 22.56 4.93 74 12.9 

FGD2 
Paradise Fossil 

Plant 
(Paradise, KY) 

FGD (Wet) 
Illinois Basin 

(Western 
Kentucky) 

4.34 1.70 0.98 39.21 51.76 0.06 2.5 3.1 
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5.2.3 Overall Experimental Design 

 The overall experiment entailed two sets of sediment incubation experiments: first 

under anaerobic conditions and next under aerobic conditions. In each case, a sediment-

water microcosm was prepared for each type of coal ash, which was added to a 

concentration of 25% (w/w) relative to sediment (dry weight basis). This concentration of 

coal ash was chosen to represent a realistic sediment-ash mixture from an ash spill 

scenario.56 In both anaerobic and aerobic experiments, triplicate microcosms were 

prepared for the control microcosm (sediment and water only, no ash) and for fly ash 

from the John Sherman Cooper Power Station (FA3). The FA3 sample was chosen for 

the triplicate preparation due to the abundance of our supply. After the addition of coal 

ash, the microcosms were monitored for up to two weeks. 

5.2.4 Microcosm Preparation 

The sediment was thoroughly homogenized by stirring before microcosm 

construction. The surface water was amended with a carbon source (0.5 mM pyruvate 

and 0.5 mM acetate), which was used to maintain microbial activity. For both the aerobic 

and anaerobic experiments, an extra sediment only microcosm was prepared and 

amended with 6 mg/L resazurin to serve as an indicator of redox conditions for all of the 

microcosms in the respective experiments. 

 Anaerobic microcosms were constructed in 250 mL acid-washed and authoclaved 

glass jars with air-tight screw top lids. These microcosms were prepared by combining 68 
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grams of wet sediment and 170 mL of N2-purged surface water in an anaerobic chamber 

(Coy Labs) containing an ambient atmosphere of 90% N2(g), 5% CO2(g), and 5% H2(g).  

The microcosms were then sealed in the anaerobic chamber but were stored at room 

temperature (~22 °C) and exposed to ambient laboratory light throughout the experiment. 

Anaerobic conditions (EH < -50 mV) were achieved approximately seven days after 

microcosm construction, as indicated by the resazurin indicator turning from pink to a 

clear color.144 At this time, 11 g of coal ash sample was added to a designated 

microcosm, and the two-week incubation with the ash was initiated. The microcosms 

were mixed end-over-end once every one to two days and prior to each sampling time 

point.  

 The aerobic microcosms were two days after the anaerobic microcosms. These 

microcosms contained the same amount of sediment and water as the anaerobic 

experiments, but were continuously purged with hydrated air using Teflon tubing and the 

openings of the jars were covered with aluminum foil. After seven days of pre-

incubation, coal ash was added to the aerobic microcosms.  

5.2.5 Microcosm Sampling After Ash Addition 

 Overlying water was collected from the microcosms at time points before (-1 h) 

and after the ash material addition (1 d, 14 d). For aerobic microcosms, the air bubblers 

were turned off during sampling, and the supernatant samples were immediately 

centrifuged at 3000 RPM for 5 min and then filtered through a 0.2 µm nylon syringe filter 

(VWR). For anaerobic microcosms, the supernatant was sampled in an anaerobic glove 
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box and was immediately filtered 0.2-µm nylon syringe filter. The sample filtrate was 

split and preserved for analysis of major and trace elements via ICP-MS, anions via Ion 

Chromatography (Dionex), Dissolved Organic Carbon (Shimadzu TOC-L), and pH. 

Whole slurry samples (4 mL) were taken at the 14-d time point for analysis of Acid 

Volatile Sulfide. These samples were frozen at -20 °C immediately after sampling. 

Further details on sample preservation and analysis can be found in Appendix D. 

5.2.6 Statistical Analyses 

 Linear correlation analyses were performed using the statistical software package 

R (GNU General Public License). For these analyses, the data sets (dissolved element 

concentrations and ash material total element concentrations) were log10 transformed and 

assessed for normality using the Shapiro-Wilks test with a significance cut off of p = 

0.05. Linear correlations between data sets (Table 5.2) were deemed significant if the 

model obtained a p-value of 0.05 or less. 

5.3 Results and Discussion 

5.3.1 Contaminant Leaching and Geochemistry of the Microcosms 

 The leaching of dissolved arsenic in the microcosms varied considerably by ash 

material, but the concentration of dissolved of As was not related to the type of ash 

material (Figure 5.1a). Trends in dissolved arsenic concentration over time were mixed, 

with dissolved As increasing in some microcosms and decreasing in others (Figure 5.1a).  

Dissolved As concentrations ranging from 2 to 72 µg L-1 at 1 d and 1 to 61 µg L-1 at 14 d 
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in the anaerobic microcosms and 0.5 to 111 µg L-1 at 1 d and 0.7 to 41µg L-1 at 14 d in 

the aerobic microcosms (Figure 5.1a). 

 

Figure 5.1. (a) Total dissolved arsenic (0.2 mm fraction) in sediment-ash 
microcosms; (b) Total dissolved selenium (0.2 mm fraction) in sediment-ash 
microcosms. Bars represent single microcosms with the exception of FA3 and SED 
(sediment only microcosm, no ash) where bars represent the average of triplicate 
microcosms. 
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 Dissolved selenium concentrations also varied between different ash materials. 

Values ranged from 4 to 123 µg L-1 at 1 d and 0.7 to 17 µg L-1 at 14 d in the anaerobic 

microcosms and 6 to 249 µg L-1 at 1 d and 5 to 99 at 14 d µg L-1 in the aerobic 

microcosms (Figure 5.1b). The microcosm with the lime treated fly ash (FA+L) 

displayed notably high dissolved Se concentrations (249 µg L-1) at the 1-d time point, but 

selenium concentration decreased to 56 µg L-1 at 14 d, which was comparable to the 

selenium concentrations in microcosms amended with other types of ash materials 

(Figure 5.1b). Selenium concentrations generally declined over time in the anaerobic 

microcosms and in the aerobic microcosms, with one exception. In the aerobic 

microcosm amended with the FGD1 material, selenium increased from 26 µg/L to 99 

µg/L over the 14-day experiment. It is unclear why the microcosm containing the FGD1 

material displayed different leaching behavior, but one explanation is that the selenium 

was incorporated into a phase of the ash that continued to dissolve and release selenium 

over the 14 days. 

 The pH values in the microcosms varied with ash material and by redox 

condition. pH ranged from 6.5 to 12.1 in anaerobic microcosms and from 6.5 to 12.3 in 

the aerobic microcosms, with the highest pH observed in the microcosm amended with 

lime-treated fly ash (FA+L) (Figure D.1). The high pH in the FA+L-amended microcosm 

may explain the high dissolved selenium concentration at the 1-d time point relative to 

the other ash samples, as noted earlier. The pH in the anaerobic microcosms increased by 

an average of 0.4 pH units between the 1-d and 14-d time point. The microcosm amended 
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with lime-treated fly ash was an exception to this trend. In this microcosm, the pH 

dropped by 1.2 units at the 14-day time point compared to the 1-day time point. In the 

aerobic microcosms, there was no overall trend for change in pH over time, and overall, 

changes were minimal at less than one pH unit. Again, the microcosm amended with 

lime-treated fly ash was an exception. In this microcosm, the pH dropped considerably 

from pH 12.3 at 1 day and to pH 7.5 at the 14-day time point. Other microcosms 

amended with relatively CaO-rich ash materials (FA4, FA5, FGD1, and FGD2) did not 

show the same trends in pH as the microcosm amended with FA+L. 

 Dissolved calcium concentrations in the microcosms varied by ash material, and 

with the exception of the microcosm amended with FA4, dissolved calcium 

concentrations were higher in aerobic microcosms compared to anaerobic microcosms 

(Figure D.2). High CaO content in the ash material did not result in higher concentrations 

of dissolved calcium in either the aerobic or anaerobic microcosms (Figure D.3). 

Furthermore, given similar concentrations of CaO in the ash material, FGD and lime-

treated fly ash microcosms leached more calcium than fly ash-amended samples (FA4 

and FA5), indicating that calcium associated with these fly ash samples was in a less 

soluble phase than the calcium associated with the FGD and lime-treated materials 

(Figure D.3). 

 Total dissolved iron concentrations varied by ash material and according to the 

redox condition in the microcosms. At the pre-amendment time point (-1 hour), the 

anaerobic microcosms contained an average of 4.60 mg L-1 dissolved iron while the 
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aerobic microcosms contained an average of 0.033 mg L-1 dissolved iron, indicating that 

iron-reduction and Fe(II) release was occurring in the anaerobic microcosms (data not 

shown). At the 1-day and 14-day time points, the anaerobic microcosms generally 

contained higher levels of dissolved iron (0.002 to 37 mg/L) (Figure S4) than the aerobic 

microcosms (0.001 to 0.008 mg/L) (Figure D.4). In all the anaerobic ash-amended 

microcosms, dissolved iron concentrations decreased over the 14-day incubation time, 

indicating that insoluble iron precipitates (e.g. FeS, FeSe) might be forming or that 

sorption of Fe(II) was occurring. The Fe2O3 content of the ash material did not appear to 

correspond to the magnitude of iron released in either the anaerobic (Figure D.5) or the 

aerobic (Figure D.6) the microcosms. 

 Dissolved sulfate in the microcosms varied by ash material, and the effect of 

redox condition on sulfate concentrations in the microcosms was mixed (Figure D.7). The 

majority of microcosms did not show major changes in sulfate concentration over 14 

days in either the anaerobic or the aerobic microcosms. Additionally, the microcosms that 

did display a large change in sulfate concentration did not display the greatest production 

of total acid volatile sulfide (Figure D.8). Rather, maximum AVS production occurred in 

anaerobic microcosms that displayed small to moderate changes (both negative and 

positive) in sulfate concentration over time. AVS concentrations in aerobic microcosms 

were one to two orders of magnitude lower relative to concentrations in the anaerobic 

microcosms (data not shown). 
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5.3.2 Comparison of Aerobic and Anaerobic Conditions for Arsenic and 
Selenium Leaching 

 The leaching of dissolved arsenic in the microcosms could not be predicted solely 

by redox potential at either the 1-d or 14-d time point (Figure 5.2). Maximum dissolved 

arsenic concentrations occurred in anaerobic microcosms for some ash materials and in 

aerobic microcosms for other materials, which suggests that geochemical composition of 

the ash material may have played a significant role in controlling As release. In contrast 

to arsenic, the leaching of dissolved selenium could generally be predicted based on 

redox potential. At both the 1-d and 14-d time points, dissolved Se selenium 

concentration was generally greater in the aerobic microcosms relative to the anaerobic 

microcosms (Figure 5.3). In all anaerobic microcosms, selenium concentration decreased 

to less than 20 µg L-1 at 14 days, suggesting that regardless of ash chemistry, anaerobic 

conditions were effective in limiting selenium solubility. 



 

 

114 

 

Figure 5.2. Comparison between anaerobic and aerobic conditions for dissolved 
arsenic concentrations in sediment-ash microcosms: (a) 1 Day; (b) 14 Days. Each 
data point represents one microcosm sample. 
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Figure 5.3. Comparison between anaerobic and aerobic conditions for dissolved 
selenium concentrations in sediment-ash microcosms: (a) 1 Day; (b) 14 Days. Each 
data point represents one microcosm sample. 
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5.3.3 The Effect of Ash Material Chemistry on Arsenic and Selenium 
Leaching in Aerobic and Anaerobic Microcosms 

 Previous studies have indicated that the calcium-to-sulfur ratio in ash materials 

influences the pH in ash-water leachates and that trace element leaching can be predicted 

based on the Ca/S ratio.85 In our microcosms, no patterns between Ca/S ratio and As and 

Se leaching were observed (Table 2). One explanation for this result is the pH buffering 

capacity of the sediment in the microcosms, which maintained the pH of the microcosms 

at neutral to moderately alkaline conditions for most microcosms. The microcosm 

amended with lime-treated ash was the one exception to this buffering, and a high 

dissolved selenium concentration was observed at the 1-d time point when the pH was 

highly alkaline (pH 12.29). Overall, pH did not appear to affect the percentage of arsenic 

and selenium leached from the ash materials (Figures D.9 and D.10). 

 Total dissolved arsenic was generally correlated with the total arsenic content in 

the anaerobic microcosms at both the 1-d and 14-d time points (R2 = 0.62, p = 0.007 and 

R2 = 0.87, p < 0.001) (Figure 5.4a). This relationship was even stronger at the 14-d time 

point when only untreated fly ash samples were considered (R2 = 0.98, p < 0.001). Total 

arsenic in the ash materials was also correlated with the total iron content of the ash 

material (R2 = 0.74, p = 0.001), and in anaerobic microcosms, there was a correlation 

between the percentage of the total As leached in the microcosms and the total iron 

content of the ash materials (R2 = 0.41, p =0.05) (Figure D.11). The relationship was 

stronger when considering only untreated fly ash materials (R2 = 0.75, p = 0.01). There 

was no correlation between dissolved arsenic and dissolved iron concentrations at either 
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time point (Table 5.2) as might be expected if As was being leached through the 

reductive dissolution of iron oxides.  

 Arsenic in coal often occurs with pyrite (FeS2), so generally, arsenic may be 

correlated with iron content in coal samples.26 However, arsenic concentrations vary 

widely even within the same coal sample, so the strength of the correlation also varies.26, 

145, 146 In the samples included in this study, total arsenic content in the feed coal was 

correlated with the iron content of the feed coal (R2 = 0.54, p = 0.04) (Figure S12). Thus, 

the relationship seen in the anaerobic microcosms between dissolved arsenic and the iron 

content of the ash material may simply be due to the chemical composition of the feed 

coal. It is unclear whether arsenic in the coal ash could be associated with iron phases in 

the ash. Iron in fly ash exists in two main phases: as crystalline iron oxides (magnetite, 

hematite, or maghemite) or as iron associated with amorphous aluminosilicate glass.147-149 

The proportion of iron in each phase varies, and crystallized phases of iron have also 

been found encapsulated in the aluminosilicate glass phase.148-152 During coal 

combustion, arsenic is volatilized into the flue gas stream and then condenses on the 

surface of aluminosilicate particles as the flue gas cools.153 Arsenic has a high affinity for 

iron oxide minerals,67 and increased sorption of arsenic onto iron-rich aluminosilicate 

phases of the fly ash is another possible explanation for the relationship between arsenic 

and iron in the fly ash samples used for this study.154 X-ray absorption spectroscopy 

analyses are needed to determine whether arsenic and iron are associated in the fly ash.  
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Figure 5.4. Relationship between dissolved arsenic and total arsenic in the sediment-
ash microcosms: (a) Anaerobic microcosms; (b) Aerobic microcosms. Each data 
point represents one microcosm sample. 
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Table 5.2. Linear correlation parameters derived from log-log plots of ash material 
and microcosm parameters. 

Group Dependent Variable Independent Variable R2 p n 

All Ash 
Materials 

Anaerobic: Dissolved 
As at 1 Day Total As in Microcosm 0.62 0.007* 10 

Anaerobic: Dissolved 
at 14 Days Total As in Microcosm 0.87 <0.001

* 10 

Anaerobic: %As 
Leached at 1 Day 

Fe2O3 Content of 
Material 0.002 0.91 10 

Anaerobic: %As 
Leached at 14 Days 

Fe2O3 Content of 
Material 0.41 0.05* 10 

Total As in Ash 
Material 

Fe2O3 Content of 
Material 0.74 0.001* 10 

Anaerobic: Dissolved 
As at 1 Day 

Anaerobic: Dissolved Fe 
at 1 Day 0.05 0.53 10 

Anaerobic: Dissolved 
As at 14 Days 

Anaerobic Dissolved Fe 
at 14 Days 0.05 0.53 10 

Total As in Material CaO Content of Material 0.40 0.05* 10 
Aerobic: %As 
Leached at 1 Day 

CaO/SO3 ratio in 
Material 0.08 0.44 10 

Aerobic: %As 
Leached at 14 Days 

CaO/SO3 ratio in 
Material 0.41 0.05* 10 

Aerobic Se Leached at 
1 Day Total Se in Microcosm 0.73 0.002* 10 

Aerobic: Se Leached 
at 14 Days Total Se in Microcosm 0.64 0.005* 10 

Total Se in Ash 
Material 

Fe2O3 Content of 
Material 0.39 0.05* 10 

Total Se in Ash 
Material CaO Content of Material 0.05 0.53 10 

Aerobic: % Se 
Leached at 1 Day 

CaO/SO3 ratio of 
Material 0.20 0.20 10 

Aerobic: % Se 
Leached at 14 Days 

CaO/SO3 ratio of 
Material 0.008 0.81 10 

Untreated 
Fly Ash 

Only 

Anaerobic: Dissolved 
As at 1 Day Total As in Microcosm 0.54 0.06 7 

Anaerobic: Dissolved 
at 14 Days Total As in Microcosm 0.98 <0.001

* 7 

Anaerobic: %As 
Leached at 1 Day 

Fe2O3 Content of 
Material 0.008 0.85 7 
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Anaerobic: %As 
Leached at 14 Days 

Fe2O3 Content of 
Material 0.75 0.01* 7 

Aerobic: Se Leached 
at 1 Day Total Se in Microcosm 0.64 0.03* 7 

Aerobic: Se Leached 
at 14 Days Total Se in Microcosm 0.63 0.03* 7 

Feed 
Coal Total As in Coal Fe2O3 Content of Coal 0.54 0.04* 8 

*indicates that relationship was statistically significant (p ≤ 0.05). 

   

 In aerobic microcosms, dissolved arsenic generally correlated with the total 

arsenic content of the ash material at both 1 day and 14 days (R2 = 0.51, p = 0.02 and R2 

= 0.45, p = 0.03) (Figure 5.4b). Two outliers in this trend were observed at Day 1 for 

microcosms amended with FA2 and FA3. These fly ash samples were both derived from 

coal originating in the Appalachian basin, and both samples had relatively high total 

concentrations of carbon relative to the other ash materials (Table 5.1). We further 

examined the relationship between arsenic and carbon content in the fly ash materials and 

observed that the total arsenic decreased with increasing carbon content (Figure D.13) for 

a subset of fly ash materials derived from Appalachian and Illinois Basin feed coals 

(including FA2 and FA3 samples). This observation suggests that the relatively high 

dissolved As concentrations in the FA2 and FA3-amended microcosms could not be 

attributed to greater total arsenic content. Additionally, the trend of decreasing arsenic 

content with increasing carbon content was not observed for fly ash samples that were 

derived from Powder River Basin coal sources, which are known overall for low trace 

element and carbon content.26  
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 Although the carbon content in fly ash is known to be important in the capture of 

mercury from flue gas,155 the literature does not describe a relationship between carbon 

and arsenic in fly ash materials. Therefore, rather than indicating a physical relationship 

between arsenic and carbon in the fly ash, the correlation may be an indicator of different 

combustion parameters. High carbon content can be an indicator of incomplete 

combustion of the coal, which may leave residual mineral components in the fly ash. 

Thus, the high dissolved arsenic concentrations could be due to leaching from a relatively 

high residual mineral component concentration in the fly ash. However, this hypothesis 

does not explain why a much greater percentage of the total arsenic content of FA2 and 

FA3 was leached into solution under aerobic conditions. One explanation for the 

relatively high leaching is that a greater proportion of the arsenic in FA2 and FA3 was 

associated with organic phases in the ash. Dissolution of these phases, or the desorption 

of arsenic from these phases, may occur more easily in aerobic conditions relative to 

arsenic desorption from iron-associated phases. X-ray Absorption studies could be used 

to confirm this hypothesis.  

 Information on selenium association with major fly ash phases (e.g. Fe2O3) is 

limited, mainly due to detection limit constraints of X-ray Absorption Spectroscopy 

techniques, but previous studies have hypothesized that Se might be associated with 

calcium or iron phases in the ash.89, 156 In this study, no relationships were found between 

the total selenium content of the ash materials and the CaO or Fe2O3 content of the ash 

(Table 2). Dissolved selenium concentration in the aerobic microcosms could generally 
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be correlated with the total Se content of the ash material at both the 1-day and 14-day 

time points (R2 = 0.73, p = 0.002 and R2 = 0.64, p = 0.005) (Figure 5.4b). This 

relationship was not found in the anaerobic microcosms. 
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Figure 5.5. Relationship between dissolved selenium and total selenium in sediment-
ash microcosms: (a) Anaerobic microcosms; (b) Aerobic microcosms. Each data 
point represents one microcosm sample. 
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5.3.4 Future directions for predicting leaching risk 

 The results of this study identified critical differences in the leaching behavior of 

arsenic and selenium compared to previous studies conducted at the natural pH of the ash 

material.14, 85, 86, 135 In this study, arsenic and selenium could not be predicted by the Ca/S 

ratio of the ash material due to pH buffering by the sediment in the microcosm. This 

result indicates that oxyanion leaching in an ash spill situation is controlled by different 

factors than in an ash impoundment scenario where pH is presumably not as well 

buffered. Therefore, leaching tests conducted at the natural pH of the ash material may 

not be appropriate for assessing oxyanion leaching risk in an ash spill situation. 

 The results of this study also showed that for arsenic, total arsenic concentration 

in the ash material was a relatively good predictor (68-98%) of the arsenic leaching 

potential. The total selenium concentration of the ash material was also a relatively good 

predictor (64-73%) of selenium leaching potential in aerobic conditions. Though there is 

much room for improvement with these predictions, these results showed that the total 

element concentration of the ash is an important parameter to include in assessing the 

leaching potential of ash materials in an ash spill scenario. Previous leaching studies 

utilizing the LEAF tests and mimicking ash impoundment leaching scenarios have not 

observed a relationship between total element concentration and element leaching.14, 135  

 Currently, coal ash leaching potential is assessed using the TCLP or LEAF tests. 

These tests are single point leaching tests. TCLP and LEAF analyses, on the same ash 

materials used in this study, are necessary to determine whether the TCLP and LEAF 
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tests adequately predict the risks for arsenic and selenium leaching even though they are 

not conducted under environmentally relevant conditions. If aerobic/anaerobic 

microcosm tests are found to be a more accurate than TCLP and LEAF, further 

refinement of the microcosm method will be necessary to create a standardized test. For 

example, the microcosm experiments in this study were carried out with a clay-rich 

sediment. Clays have a high sorption affinity for many metal and metalloid contaminants, 

so the sediment may have affected the concentrations of dissolved arsenic and selenium 

in the microcosms. More microcosm experiments using a wider variety of sediment 

materials are needed to determine to what degree the sediment type affects contaminant-

leaching behavior.  

 However, the variance in arsenic concentration in our aerobic and anaerobic 

microcosms over time brings into question whether coal ash leaching potential can 

accurately be assessed at a single time point under environmentally relevant conditions.  

The maximum dissolved arsenic concentrations were typically observed after 1 day in 

most of the aerobic microcosms, but maximum dissolved concentrations were observed at 

14 days for most of the anaerobic microcosms. The complexity of the environmental 

leaching scenario will be difficult to capture in a single leaching test, especially as the 

number of elements considered is expanded. Therefore, advanced statistics and modeling 

techniques may be needed to draw together the leaching risks of individual elements 

under differing environmental conditions and to generate a prediction of an overall 

environmental leaching risk for a coal ash material. 
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 Chapter 6. Conclusions 

6.1 Summary 

  The overarching goal of this research was to understand the biogeochemical 

transformations of coal ash-associated mercury, arsenic, and selenium during ash disposal 

and spill events. We sought to determine how certain environmental parameters could 

affect contaminant leaching and transformations and how coal ash chemical 

characteristics intersect with these parameters to determine coal ash contaminant leaching 

potential. To that end, we investigated: 

(1) How coal ash impacts methyl mercury production in benthic aquatic systems 

(Chapter 2);  

(2) How coal ash affects the benthic aquatic microbial community (Chapter 3); 

(3) How aerobic and anaerobic conditions affect arsenic and selenium leaching from 

coal ash (Chapter 4); and  

(4) How coal ash chemical characteristics influence arsenic and selenium leaching 

potential (Chapter 5).  

 In Chapter 2, sediment-ash microcosm experiments were performed to understand 

how spilled coal ash might influence MeHg production in a simulated benthic aquatic 

system. Two coal ash types were used: a weathered coal ash from the TVA Kingston 

plant and a fresh, unweathered fly ash that was relatively enriched in sulfate and Hg 

compared to the weathered ash. These ash samples were added to anaerobic microcosms 
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constructed with a relatively pristine river sediment (containing 0.03 mg/kg Hg) and a 

Hg-contaminated river sediment (containing 0.29 mg/kg Hg). The results indicated 

negligible net production of MeHg in microcosms with no ash and in microcosms 

amended with the low sulfate/low Hg ash. In contrast, microcosms amended with high 

sulfate/high Hg ash showed increases in MeHg concentrations that were two to three 

times greater than control microcosms without ash. This increase of MeHg production by 

coal ash was likely due to the spike of labile sulfate that stimulated the activity of 

methylating microorganisms. Additionally, results suggested that Hg associated with coal 

ash may have been more bioavailable than the native Hg in the microcosm sediment; 

however, additional research is needed to confirm this. Overall, the results from Chapter 

2 highlighted the importance of considering both the conditions of the receiving water 

body (i.e., microbial activity, anaerobic conditions) and ash chemical characteristics 

(sulfate and Hg content) when assessing the environmental risk of coal ash. 

 In Chapter 3, we sought to determine whether the addition of sulfate-rich coal ash 

to anaerobic sediments changes the structure of the microbial community by stimulating 

the SRB in anaerobic sediments, resulting in greater MeHg production. DNA and RNA 

were extracted from the anaerobic sediment-ash microcosms constructed in Chapter 2, 

and the impact of coal ash on the microbial community was assessed with T-RFLP and 

qPCR. The results showed that coal ash had no impact on SRB abundance, but appeared 

to temporarily stimulate SRB gene expression. Trends in MeHg production correlated 

with trends in dsrA abundance and expression in some microcosms but not in others, 
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indicating that SRB were likely involved in MeHg production but were not the only 

methylating microorganisms in our microcososms. Coal ash did not appear to affect the 

structure of either the overall microbial community or the SRB community, yet results 

indicated that the ash-amendment decreased the evenness of the SRB distribution within 

the SRB community. Overall our results indicate that coal ash amendments do not cause 

large shifts in the overall microbial community or the SRB community, but more work is 

needed to determine how coal ash directly impacts Hg methylating microorganisms, 

which include diverse array of microorganisms outside of SRB. 

  In Chapter 4, we assessed the impact of varying redox conditions on the leaching 

of arsenic and selenium from coal ash-sediment mixtures. Results showed that redox 

potential was the major determinant of arsenic and selenium release in sediment-ash 

microcosm systems, with greater leaching of dissolved arsenic occurring in anaerobic 

microcosms and greater leaching of selenium occurring in aerobic microcosms. 

Additionally, in anaerobic ash-amended microcosms, high levels of sulfate reduction and 

sulfide formation may have resulted in the sequestration of arsenic as sulfide minerals 

and reduction of selenium to sparingly soluble metal selenium and element selenium 

minerals. These results suggest that redox potential and sulfate and sulfide concentrations 

should be considered in coal ash risk assessments as well as in developing remediation 

and environmental monitoring plans for areas impacted by ash spill events.  

 In Chapter 5, we sought to determine whether coal ash characteristics can be used 

to predict the environmental leaching potential of arsenic and selenium from sediment-
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ash mixtures. Ten different coal ash materials with varying chemical composition were 

tested including 8 fly ashes and 2 FGD materials. This study showed that arsenic and 

selenium leaching could not be predicted by the Ca/S ratio of the ash material due to pH 

buffering by the sediment in the microcosm. This result is contrary to the results of 

previous studies conducted at the natural pH of the ash material and indicates that natural 

pH leaching tests may not be appropriate for assessing leaching potential in an ash spill 

scenario. Results also showed that regardless of ash material, leaching of selenium was 

greater under aerobic conditions and was correlated with the total selenium content of the 

microcosm. In contrast, arsenic leaching could not be predicted based on redox 

conditions. Dissolved arsenic concentrations correlated with total arsenic content of the 

ash material in both aerobic and anaerobic microcosms and with the total iron content of 

the ash material in anaerobic microcosms. These results indicate that total element 

concentrations and the iron content of the ash material are important parameters to 

include when assessing the leaching potential of ash materials in an ash spill situation. 

 Overall, this dissertation research has identified key environmental parameters 

(redox potential and microbial activity) and coal ash characteristics (total trace element 

content, iron, and sulfide) that influence the biogeochemical transformations of mercury, 

arsenic, and selenium associated with coal ash materials. Microbial activity and redox 

chemistry profoundly affect the mobility and ultimate fate of contaminants in the 

environment, and coal ash chemical characteristics, such as sulfate content, can in turn, 
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change the redox chemistry and microbial activity of the surrounding environment, 

further influencing the fate of ash contaminants.  

6.2 Implications and Future Research 

 The results from this dissertation provide an understanding of some of the 

fundamental parameters and processes governing ash contaminant leaching and 

environmental risk. However, a large gap exists between the microcosm experiments 

conducted for this dissertation and industrial coal ash management, which is a far more 

complex process. The future challenge will be in determining how the fundamental 

knowledge gained from this dissertation can be used to improve industrial coal ash 

management. Several implications presented by the research from this dissertation, as 

well as avenues for future research, are discussed below. 

6.2.1 Implications for Improving Current Ash Management Practices 

 The main goal of this dissertation has been to improve the risk assessment tests 

(e.g. TCLP) used to predict the leaching potential of coal ash materials. This dissertation 

research investigated the environmental leaching potential of 10 different ash materials 

and identified microbial activity and redox chemistry as well as trace element, iron, and 

sulfur concentrations as key variables for contaminant leaching risk. While the 

identification of these variables brings leaching potential predictions closer to real 

disposal scenarios, more layers of complexity remain. For example, for the ash that is 

already stored in impoundments, further work is needed to ascertain if the same leaching 

predictors determined in this dissertation can be applied to mixtures of materials. Many 



 

 

131 

power plants comingle bottom ash, fly ash, and FGD waste in the same impoundments.21 

Inputs of any of the three waste streams may change on a daily basis, and additionally, 

ash impoundments operate over several years, or in some cases, over several decades. 

The chemical characteristics of combustion wastes may change significantly over time as 

coal source and combustion parameters change.  

 In order to better predict the leaching potential of ash contaminants in 

impoundments, a better knowledge of the ash pond environment is needed. Some 

knowledge of ash pond chemistry can be gained by measurements of the chemical 

composition of the ash pond effluent, but little information on the more general 

biogeochemical condition of the typical ash pond, other than pH, is publicly available. 

Information on redox potential and some measure of microbial activity are needed to 

understand and predict the biogeochemical transformations occurring in the 

impoundment environment. With baseline information on the ash pond biogeochemistry, 

appropriate wastewater treatment methods, such as chemical precipitation or the 

inducement of aerobic or anaerobic conditions, might be used to reduce the release of ash 

contaminants. 

6.2.2 Improving Treatment of Impoundment Effluent 

 In 2015, the EPA is expected to rule on new regulations that will set a standard 

for metals concentrations in ash pond effluent. Many power plants will need to adopt new 

treatment strategies in order to meet these standards, and the closure of ash 

impoundments to comply with federal regulations on CCP disposal will shift more ash 
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wastewater into treatment systems. Currently, the most common wastewater treatment 

systems other than settling impoundments are chemical precipitation, anaerobic and 

aerobic bioreactors, and constructed wetlands.21  

 The results from this dissertation have implications for ash pond effluent 

treatment, especially treatment via constructed wetlands. Constructed wetlands can be a 

relatively inexpensive wastewater treatment method and are often used to remove metal 

and metalloid contaminants from CCP wastewater through adsorption reactions, 

microbial reduction, and the formation of metal-sulfide precipitates.157 Published data on 

the effectiveness of constructed wetland treatment of coal ash waste is sparse, but the 

success of treatment appears to vary widely by contaminant. A study by the Electric 

Power Research Institute of a full scale wetland treatment system shows a 91% reduction 

in dissolved arsenic but only a 15% reduction in dissolved selenium.158 Interestingly, 

sulfate removal in this system was also low at 3%, indicating that the environment may 

not have been sufficiently reducing to remove sulfate. This might explain, in part, the low 

removal of selenium.158 Mercury was not detected in either the influent or effluent at the 

site. A peer-reviewed study using pilot scale constructed wetlands to treat simulated ash 

basin water found that the wetlands were found to be 60-99% effective in removing 

arsenic and mercury.159 However, the wetlands were much less effective in reducing 

dissolved selenium concentration with seven out of nine experiments achieving no 

removal to 33% removed.159 The major ions (e.g. sulfate) of the influent and effluent 

were not reported in this study. Much focus has been placed on modifying wetland plant 
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selection and improving the physical parameters of the wetland treatment systems in 

order to improve the removal of contaminants such as selenium. However, the impact of 

ash pond effluent on the microbial community in these wetlands has not been studied. 

Sulfate concentrations that are greater than 20 mM are known to inhibit selenium 

reduction.121 This amount of sulfate can occur in influent water and may negatively 

impact selenium reduction efficiencies in constructed wetlands. Further research on how 

ash pond wastewater affects the function of sediment microbial communities could be 

very useful in designing more effective wetland treatment strategies, perhaps with a pre-

treatment for lowering sulfate concentrations.  

 One concern associated with the use of constructed wetlands for CCP wastewater 

treatment is the possibility of enhanced MeHg production in these environments. Wetland 

ecosystems typically host conditions such as high organic carbon loads and an active 

anaerobic microbial community that are optimal for MeHg production. Moreover, our 

results from Chapter 2 show that sulfate-rich ash can enhance MeHg production. Thus, 

constructed wetlands may be MeHg production hotspots that could present a 

bioaccumulation risk to wildlife. To date, there are no published studies on MeHg 

production in constructed wetlands receiving CCP wastewater. 

6.2.3 Implications for Ash Impoundment Closure 

 The new federal regulations on CCP disposal may result in the closure of 

numerous ash impoundments across the United States. The regulations require closure of 

ash ponds that are a documented source of groundwater pollution and also closure of 
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impoundments that fail to meet restrictions on siting or fail to meet engineering 

inspections.8 The EPA did not specify methods for closure, but in North Carolina, where 

all wet ash impoundments are to be closed by 2029, three methods have been discussed: 

(1) Removal of ash to a lined landfill; (2) Temporarily removing the ash, fitting the 

impoundment with a liner, and then replacing the ash; and (3) ‘Cap in Place’, which 

would entail dewatering the ash impoundment and placing a cover on the top of the 

impoundment.9, 141 Of these methods, Cap in Place is the least expensive. Caps can 

consist of many different materials or combinations of materials including: plastic 

sheeting, clay, gravel, sand, concrete, and vegetative material.160 The objective of 

capping is to keep contaminated material in place and minimize contact with rainwater. 

The effectiveness of capping ash impoundments is unclear. A small study of three closed 

impoundments (one capped, two uncapped) by the Electric Power Research Institute 

(EPRI) found that dewatering ash ponds provided the maximum reduction in contaminant 

loading to groundwater.161 The main benefit of capping, in this study, was in preventing 

the pooling of rainwater on the de-watered ash.  

 Though capping reduces the contact between water and ash material, it does not 

necessarily eliminate it. If the cap is permeable to rainwater or becomes oversaturated 

with rainwater, the rainwater could percolate through the ash material and into the 

groundwater beneath the impoundment. This process occurs regardless of whether the 

impoundment is lined or unlined, and a permeability of the bottom impoundment liner 
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equal to that of the cap is recommended to prevent a ‘bath tub’ effect in the capped 

impoundment.161  

  One concern about placing a cap over an ash impoundment is that it may induce 

anaerobic conditions in the impoundment.162 Our results from Chapter 4 show that 

fluctuations in redox conditions can cause very large differences in contaminant leaching. 

This could be a problem in closed, unlined impoundments that have ash that lies below 

the water table. Ash lying below the water table is continuously saturated with water, 

which results in increased contaminant leaching, even after impoundment closure.161 A 

change in redox conditions could further exacerbate contaminant leaching from water-

saturated ash.  

 In summary, as long as ash remains in the impoundments, there will be some level 

of risk for contaminant loading to groundwater. Careful consideration should be given to 

whether the economic benefits of Cap in Place outweigh the environmental risk posed to 

groundwater. 

 6.2.4 Implications for Ash Spill Recovery  

 After both the 2008 Kingston, TN and the 2014 Dan River ash spills, dredging 

was used to remove a large portion of the ash that inundated the rivers. Despite the 

dredging efforts, ash remains in both rivers as pockets on the river floor or mixed with 

river sediments. The results from this dissertation provide insight on the appropriate long 

term monitoring plan for ash spill sites. In Chapters 2 and 3, results showed that sulfate-

rich ash can enhance the production of MeHg in anaerobic sediments. Thus, ash spill 
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environments should be assessed to determine whether they fit the profile of MeHg 

production hotspots. This assessment could include measurements of sediment sulfide 

and sediment porewater sulfate concentrations as well as measurements of the sediment 

redox potential. If conditions are favorable for MeHg production, a long term monitoring 

plan should be put in place to assess the MeHg concentration in the site’s water and 

sediment as well as in aquatic wildlife. This type of monitoring could also be important 

for sites receiving ash impoundment discharge that is high in sulfate, as this to might 

stimulate MeHg production under certain conditions. 

 In the case of arsenic and selenium, results from Chapters 4 and 5 show that the 

redox condition of the environment is of paramount importance in controlling release. 

Thus, redox potential should be considered along with physical parameters, such as flow 

rate, when assessing the risk posed by remaining pockets of ash. However, with arsenic 

and selenium, even in redox conditions favoring low contaminant concentrations in the 

water column, the exposure of benthic organisms in the sediments should be an ongoing 

concern. 

6.2.5 Creating a Predictive Model for CCP Contaminant Leaching Risk 

 The prevailing theme for this dissertation was the role of both environmental 

parameters and coal ash chemical characterization in determining contaminant leaching 

potential. The work of this dissertation focused only on three contaminant elements: 

mercury, arsenic, and selenium, but coal ash materials are enriched in many more 

elements that could be potentially harmful to the environment. Each of these elements 
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contributes its own unique chemistry to the challenge of predicting environmental risk for 

coal ash. Given the complexity of ash materials, creating a quantitative model to assess 

coal ash leaching potential could be one way of supplementing physical leaching tests, 

which are difficult to optimize for the leaching of each and every ash contaminant. This 

model would incorporate measured values for the key environmental parameters and 

chemical characteristics identified in this dissertation as well as published results from 

TCLP and other leaching tests found in the literature. This model could enable the 

accurate prediction of the leaching of ash contaminants under different disposal 

conditions, the removal of ash contaminants by various treatment systems (such as 

chemical treatment or wetland treatment), and the risk posed by ash contaminants in ash 

spill scenarios.
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Appendix A: Supporting Information for Chapter 2 

Materials and Methods 

River Sediment and Surface Water Collection 

 Bulk surface water samples were taken at a depth of 0.15 meters using a 

peristaltic pump with new sample tubing. The water was stored on ice in acid-clean high-

density polyethylene (HDPE) bottles for shipment. Bulk sediment samples, targeting the 

top 15 cm of sediment, were taken using a WildcoTM Ponar Sediment Dredge. The 

sediment was transferred to a pan lined with new plastic sheeting for removal of excess 

water and obvious non-sediment material. The sediment was then transferred to soap-

cleaned (Micro-Soap) and Milli-Q water-rinsed, two-gallon HDPE buckets with screw-

top lids, which were stored on ice for shipping. In the laboratory, the surface water and 

sediment samples were stored at 4˚ C. All samples were collected by field specialists with 

Restoration Services, Inc.   

Sample Preservation and Chemical Analyses 

 Microcosm supernatant was filtered (0.2 µm nylon syringe filter) in the anaerobic 

chamber during sample collection. Filtered supernatant samples (i.e., porewater) for acid 

volatile sulfide (AVS) analysis were preserved immediately after filtration in the 

anaerobic chamber by addition of 2 N ZnSO4 and 1 N KOH (50 µL ZnSO4 and 25 µL 

KOH to 5 mL sample)  and were stored at 4˚ C until analysis. Whole slurry samples for 

AVS analysis were portioned into tubes in the anaerobic chamber, capped, and frozen 

immediately after sampling. AVS measurements on the porewater and on whole slurry 
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samples were made using the method described by Allen, et al..96 In summary, the whole 

sample (5 mL porewater, 7-10 g slurry) was added to a reaction flask containing 100 mL 

of Milli-Q water and continuously purged with N2. Hydrochloric acid (20 mL, 6 M) was 

added to the reaction flask and volatile sulfide species (i.e., H2S) were purged from the 

sample for 30 min and captured in a sodium hydroxide solution (0.5 M). After the 

purging step, a mixed diamine reagent97 was added to the sodium hydroxide solution 

(10% (v/v)), and sulfide was quantified via the formation of methylene blue (absorbance 

at 664 nm after 24 hours). Sample absorbance measurements were compared to a 

calibration curve constructed using a sodium sulfide standard. The sodium sulfide 

calibration curve was made by direct reaction of the sodium sulfide standard with the 

mixed diamine reagent (independent of the purge and trap apparatus). The accuracy of 

the purge and trap apparatus was checked by measuring the sulfide recovery of Milli-Q 

water spiked with sodium sulfide. The average recovery for all the checks over the course 

of the three experiments was 95.2% with a standard deviation of 4.3%. 

 Ferrous iron concentrations in the porewater were determined colorimetrically 

using a phenanthroline method.98, 99 In the anaerobic chamber, filtered supernatant sample 

(2.5 mL) was added to a premixed solution of 900 uL Milli-Q water, 500 uL ammonium 

acetate buffer (prepared by dissolving 250 g Ammonium acetate in 150 mL Milli-Q water 

and adding 700 mL of trace grade Acetic acid), 1 mL 0.1% (w/v)1,10-phenanthroline 

reagent, and 100 uL concentrated trace grade hydrochloric acid. The samples were stored 

at room temperature in the dark and analyzed 18-24 h after preparation. Absorbance (510 
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nm) in the samples was compared to a calibration curve constructed using a ferrous 

ammonium sulfate standard. 

 Sulfate concentrations in the porewater samples were analyzed via ion 

chromatography (IC) (Dionex ICS 2000). Dissolved organic carbon (DOC) concentration 

was quantified using a Shimadzu TOC-L.  

 Total Hg and MeHg measurements were made following standard EPA 

methods.100-102 In summary, total Hg concentration in thawed sediment-slurry samples 

was quantified by thermal decomposition, amalgamation, atomic adsorption spectroscopy 

(Milestone DMA-80). MeHg in the sediment slurry was quantified by an acid digest 

(18% KBr/5% H2SO4)-organic solvent (methylene chloride) extraction procedure 

followed by analysis via ethylation, purge-and-trap extraction, gas chromatographic 

separation, and cold vapor atomic florescence spectroscopy (CVAFS, Brooks Rand 

MERX-M). For experiments #1 and #2, the method recovery was corrected via standard 

reference material (ERM-CC580) extraction with an average recovery of 66.9% and a 

standard deviation of 9.1%. For experiment #3, the recovery of each sample was checked 

and corrected via isotope dilution with MeHg201 isotope standard. The average isotope 

spike recovery was 94.5% with a standard deviation of 16.2%. For total mercury 

concentration in the porewater, the samples were first acidified and digested with 

bromine monochloride solution (diluted to 1% v/v in the sample) for at least 24 hours 

before analysis via stannous chloride reduction CVAFS (Brooks Rand MERX-T).  
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 Total sulfate concentration in the CCP materials was assessed using the method 

developed by Sun and Barlaz.163 CCP materials were mixed with 4N HCl at a 205:1 

liquid to solid ratio. The slurry was shaken at 100 RPM for 5 days at room temperature. 

The liquid sample was collected and filtered through a 0.45 µm filter. The filtrate was 

frozen until analysis via IC. 

Mercury Speciation Calculations 

 Mercury equilibrium speciation calculations with Visual MINTEQ.103 The Hg 

speciation calculations utilized stability constants shown in Table A.1, which were 

selected based on the analysis described in Hsu-Kim et al. (2013).94 Ionic strength was set 

to 0 M. Visual MINTEQ data inputs (Appendix Tables A.2-A.3) were the microcosm 

porewater concentrations of: H+, Fe(II), AVS, Cl, Hg, and thiols (estimated from DOC 

measurements). All of our microcosms were amended with 10 mM pyruvate (30 mmol L-

1 of organic carbon), which does not act as a strong ligand for Hg. In Experiment #3, we 

observed that the DOC in the porewater of the slurries was initially 33 mM right after 

construction of the microcosms. Thus, we estimated that approximately 10% of the 

measured DOC value for other microcosms was attributed to dissolved organic matter 

with thiol functional groups that bind Hg2+. This assumption results in approximately 1.5 

– 3.8 mM (18 - 46 mg L-1) of DOC with the capacity to strongly bind Hg. We then 

assumed that the DOC had 5 nmol mg-1 of thiols that strongly bind Hg, based on previous 

studies with dissolved organic matter isolatates.164  
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Tables 

 

 

Table A.1: Stability constants used in Hg speciation calculations. 

Reaction log K (I=0, T=25 ˚C) Reference 
H2S � HS- + H+ -7.02 165 
HS- � S2- + H+ -17.4 3 

   
β-HgS(s) + H+ � Hg2+ + HS- log Ks0 = -38.7 ± 2 94 

   
Hg2+ + HS- � HgSH+ 30.2 94 
Hg2+ + 2HS- � Hg(SH)2

0 37.7 94 
Hg2+ + 2HS- � HgSH2

- 31.5 94 
Hg2+ + 2HS- � HgS2

2- + 2H+ 23.2 165 
   

Hg2+ + RS2
2- � Hg(RS2) 28.7 94 

RS2
2- + H+ � RS2H- 8.4 94 

RS2H- + H+ � RS2H2 8.4 94 
   
Hg2+ + H2O � HgOH+ + H+ -3.4 165 
Hg2+ + 2H2O � Hg(OH)2

0 + 2H+ -6.2 165 
Hg2+ + 3H2O � Hg(OH)3

- + 3H+ -21.1 165 
   

Hg2+ + Cl- � HgCl+ 7.3 165 
Hg2+ + 2Cl- � Hg(Cl)2

0 14 165 
Hg2+ + 3Cl- � Hg(Cl)3

- 15 165 
   
Hg2+ + Cl- + H2O � HgOHCl0 + H+ 4.2 165 
   
Fe2+ + HS- � FeS(s), mackinawite + H+ 3.6 165 

   
Fe2+ + HS- � Fe(HS)+ 5.62 166 
Fe2+ + 2HS- � Fe(HS)2(aq) 8.95 165 
Fe2+ + 3HS- � Fe(HS)3

- 10.99 165 
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Fe2+ + H2O � FeOH+ + H+ -9.40 165 
Fe2+ + 2H2O � Fe(OH)2(aq)

 + 2H+ -20.49 165 
Fe2+ + 3H2O � Fe(OH)3

- + 3H+ -30.99 165 
   

Fe2+ + Cl- � FeCl+ -0.20 165 
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Table A.2: Experiment 1: Microcosm porewater concentrations used as input 
parameters in the Visual MINTEQ calculations. 

Experiment 1: Sediment-Only 
Timepoint 

(Hours) 
pH Fe(II) 

(mM) 
HS- (mM) Cl- (mM) Thiols 

(mM) 
Hg(II)T 
(mM) 

2 6.48 0.118 0.009 0.085 1.62E-04 2.17E-07 
24 6.55 0.003 0.008 0.090 1.70E-04 1.48E-07 
48 6.50 0.003 0.011 0.092 1.66E-04 1.52E-07 
96 6.39 0.003 0.010 0.091 1.63E-04 1.01E-07 

168 6.84 0.001 0.003 0.095 1.36E-04 1.84E-07 
Experiment 2: Sediment + Ash 
Timepoint 

(Hours) 
pH Fe(II) 

(mM) 
HS- (mM) Cl- (mM) Thiols 

(mM) 
Hg(II)T 
(mM) 

2 6.93 1.52E-01 0.005 0.092 1.62E-04 1.77E-07 
24 6.91 4.86E-02 0.008 0.096 1.62E-04 1.14E-07 
48 6.97 6.08E-02 0.009 0.093 1.69E-04 1.19E-07 
96 6.92 1.39E-02 0.007 0.092 1.32E-04 6.93E-08 

168 7.13 6.13E-02 0.002 0.095 1.64E-04 1.13E-07 
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Table A.3: Experiment 2: Microcosm porewater concentrations used as input 
parameters in the Visual MINTEQ calculations. 

Experiment 2: Sediment Only 
Timepoint 

(Hours) 
pH Fe(II) 

(mM) 
HS- (mM) Cl- (mM) Thiols 

(mM) 
Hg(II)T 
(mM) 

2 6.33 0.306 2.37E-03 0.025 1.99E-04 1.29E-07 
12 6.17 0.315 4.32E-03 0.022 1.93E-04 6.00E-08 
24 6.33 0.306 7.44E-03 0.011 2.25E-04 9.50E-08 
48 6.40 0.312 8.10E-03 0.012 2.22E-04 7.76E-08 

120 6.42 0.317 4.88E-03 0.011 1.64E-04 7.27E-08 
Experiment 2: Sediment + Ash 
Timepoint 

(Hours) 
pH Fe(II) 

(mM) 
HS- (mM) Cl- (mM) Thiols 

(mM) 
Hg(II)T 
(mM) 

2 6.91 0.305 3.12E-05 0.017 1.67E-04 4.45E-08 
12 6.68 0.303 3.12E-05 0.016 1.83E-04 3.69E-08 
24 6.91 0.266 2.05E-03 0.014 1.79E-04 6.02E-08 
48 6.96 0.260 5.95E-03 0.013 1.81E-04 4.28E-08 

120 7.06 0.238 3.72E-03 0.011 1.40E-04 4.21E-08 
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Table A.4: Experiment 3: Microcosm porewater concentrations used as input 
parameters in the Visual MINTEQ calculations. 

Experiment 3: Sediment-Only 
Timepoint 

(Hours) 
pH Fe(II) 

(mM) 
HS- (mM) Cl- (mM) Thiols 

(mM) 
Hg(II)T 
(mM) 

2 7.26 0.187 4.08E-03 0.161 1.32E-04 1.29E-07 
12 7.11 0.164 5.66E-03 0.167 8.65E-05 2.87E-07 
24 7.11 0.176 4.85E-03 0.158 1.28E-04 1.92E-07 
48 7.15 0.165 5.50E-03 0.205 1.33E-04 1.73E-07 

120 7.15 0.230 1.61E-03 0.238 1.36E-04 3.65E-07 
Experiment 3: Sediment + Ash 
Timepoint 

(Hours) 
pH Fe(II) 

(mM) 
HS- (mM) Cl- (mM) Thiols 

(mM) 
Hg(II)T 
(mM) 

2 7.62 0.122 8.58E-04 0.278 1.32E-04 3.02E-08 
12 7.31 0.018 3.74E-03 0.189 8.13E-05 2.02E-07 
24 7.43 0.017 5.48E-03 0.156 1.24E-04 1.01E-07 
48 7.48 0.048 9.48E-03 0.184 1.19E-04 1.79E-08 

120 7.62 0.038 5.50E-03 0.189 1.29E-04 3.33E-07 
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Figure A.1. Locations of the sampling sites from which sediment and water samples 
were collected for the microcosm experiments. Emory River Mile Marker 10 
(ERM10) and Clinch River Mile Marker 5.5 (CRM 5.5) are located upstream of the 
coal ash spill. The star represents the location of the ash release from the 
impoundment. The dashed lines indicate the extent of the ash spill.
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Figure A.2. Dissolved acid volatile sulfide concentrations in the porewater of 
sediment-ash microcosms. (a) Experiment 1: Pristine Sediment/Weathered Ash; (b) 
Experiment 2: Pristine Sediment/Unweathered Ash; (c) Experiment 3: 
Contaminated Sediment/Unweathered Ash. Data points represent the mean of 
replicate samples (n=2-3). Error bars represent the range or replicate samples. 
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Figure A.3. Dissolved iron concentrations in the porewater of sediment-ash 
microcosms. (a) Experiment 1: Pristine Sediment/Weathered Ash; (b) Experiment 
2: Pristine Sediment/Unweathered Ash; (c) Experiment 3: Contaminated 
Sediment/Unweathered Ash. Each data point represents replicate microcosms (n=2-
3). Error bars represent the range or replicate samples.   
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Figure A.4. Ferrous iron (Fe(II)) concentrations in the porewater of sediment-ash 
microcosms. (a) Experiment 1: Pristine Sediment/Weathered Ash; (b) Experiment 
2: Pristine Sediment/Unweathered Ash; (c) Experiment 3: Contaminated 
Sediment/Unweathered Ash. Data points represent the mean of replicate 
microcosms (n=2-3). Error bars represent the range of replicate samples.
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Figure A.5. Dissolved organic carbon (DOC) concentrations in the porewater of 
sediment-ash microcosms. (a) Experiment 1: Pristine Sediment/Weathered Ash; (b) 
Experiment 2: Pristine Sediment/Unweathered Ash; (c) Experiment 3: 
Contaminated Sediment/Unweathered Ash. Data points represent the mean of 
replicate microcosms (n=2-3). Error bars represent the range of replicate samples.
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Figure A.6. Influence of the molybdate treatments on MeHg and sulfate 
concentrations in the microcosms. (a) MeHg in Experiment #1; (b) Sulfate in 
Experiment #1; (c) MeHg in Experiment #2; (d) Sulfate in Experiment #2; (e) MeHg 
in Experiment #3; (f) Sulfate in Experiment #3. Data points represent the mean of 
replicate microcosms (n=2-3). Error bars represent the range of replicate samples. 
The Sediment-Only and Sediment + Ash data points are the same as those shown in 
Figures 1 and 2.
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Figure A.7. Total Hg concentrations in the porewater of sediment-ash microcosms. 
(a) Experiment 1: Pristine Sediment/Weathered Ash; (b) Experiment 2: Pristine 
Sediment/Unweathered Ash; (c) Contaminated Sediment/Unweathered Ash. Data 
points represent the mean of replicate microcosms (n=2-3). Error bars represent the 
range of replicate samples.  
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Figure A.8. Calculated speciation of porewater Hg in sediment-ash microcosms. (a) 
Experiment 2: Pristine Sediment-only microcosms; (b) Experiment 1: Pristine 
Sediment/Weathered Ash microcosms; (c) Experiment 2: Pristine Sediment-only 
microcosms; (d) Experiment 2: Pristine Sediment/Unweathered Ash microcosms; (e) 
Experiment 3: Contaminated Sediment-only microcosms; (f) Experiment 3: 
Contaminated Sediment/Unweathered Ash microcosms.
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Figure A.9. Saturation indices for metacinnabar in sediment-ash microcosm 
porewater. (a) Experiment 1: Pristine Sediment/Weathered Ash microcosms; (b) 
Experiment 2: Pristine Sediment/Unweathered Ash microcosms; (c) Experiment 3: 
Contaminated Sediment/Unweathered Ash microcosms. Positive saturation index 
values indicate oversaturation with respect to HgS(s).
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Figure A.10. pH values in sediment-ash microcosms. (a) Experiment 1: Pristine 
Sediment/Weathered Ash; (b) Experiment 2: Pristine Sediment/Unweathered Ash; 
(c) Contaminated Sediment/Unweathered Ash. Data points represent the mean of 
replicate microcosms (n=2-3). Error bars represent the range of replicate samples.



 

 

157 

Appendix B: Supporting Information for Chapter 3 

 

Figures 

 

 

Figure B.1. MeHg production and dsrA abundance in Emory microcosms. Data 
points represent the average of replicate microcosms (n = 2-3). 
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Figure B.2. Clinch microcosms: MeHg production and (a) dsrA abundance; (b) dsrA 
expression. Data points represent the average of replicate microcosms (n = 2-3). 
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Figure B.3. Non-metric multidimensional scaling ordination plot for Emory and 
Clinch sediment-ash microcosm T-RFs. (a) Total bacteria (based on 16S rRNA); (b) 
SRB (based on dsrA DNA). 
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Figure B.4. Non-metric multidimensional scaling ordination plot of total bacteria 
(based on 16S rRNA) in sediment-ash microcosms: (a) Emory microcosms; (b) 
Clinch microcosms. E = Emory Sediment Only, EA = Emory Sediment + Ash, C = 
Clinch Sediment Only, CA = Clinch Sediment + Ash. Numbers represent the 
number of days after coal ash amendment. 
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Figure B.5. Shannon Diversity Indices for 16S rRNA T-RFs: (a) Emory microcosms; 
(b) Clinch microcosms. Each data point represents the average of replicate 
microcosms (n= 2-3). Error bars represent the range of replicate samples. 
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Figure B.6. Non-metric multidimensional scaling ordination plot of SRB (Based on 
dsrA DNA): (a) Emory microcosms; (b) Clinch microcosms. E = Emory Sediment 
Only, EA = Emory Sediment + Ash, C = Clinch Sediment, CA = Clinch Sediment + 
Ash. Numbers represent the number of days after coal ash amendment. 
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Figure B.7. Shannon Diversity Indices for dsrA DNA T-RFs: (a) Emory microcosms; 
(b) Clinch microcosms. Each data point represents the average of replicate 
microcosms (n = 2-3). Error bars represent the range of replicate samples. 
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Figure B.8. Non-metric multidimensional scaling ordination plot of active SRB 
(based on dsrA RNA) in Clinch microcosms. C = Clinch Sediment Only, CA = 
Clinch Sediment + Ash. Numbers represent the number of days afer the coal ash 
amendment. 
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Figure B.9. Shannon Diversity Indices for dsrA RNA T-RFs from Clinch 
microcosms. Each data point represents replicate microcosms (n = 2-3). Error bars 
represent the range of replicate samples.
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Appendix C: Supporting Information for Chapter 4 

Materials and Methods 

Total element analysis by acid-digestion 

 Total element concentrations in coal ash were determined by nitric acid-digestion. 

Approximately 0.25 g of sample was digested overnight at room temperature with 10 mL 

of trace grade concentrated nitric acid (Fisher). The digestion was then continued at 85 

°C for 6 hours on a digestion hotblock (Environmental Express). After digestion, the 

sample was diluted to 40 mL with Milli-Q water. An aliquot of this diluted digestate was 

analyzed via ICP-MS. The National Institute of Standard and Technology (NIST) coal 

ash standard reference material (1633b) was digested alongside the samples.  

 Total element concentrations in river sediment were determined with a Discover 

SP-D Closed Vessel Microwave Digester (CEM). The samples were digested in Trace 

Grade nitric acid in accordance with the manufacturers protocol for sediment digestion.  

ICP-MS sample preparation 

 Samples were diluted for ICP-MS in a 2% (v/v) HNO3/0.5% (v/v) HCl solution. 

Diluted samples were allowed to sit at least 24 hours before analysis on an Agilent 7700 

ICP-MS in helium mode. 

Acid Volatile Sulfide sample preservation and analysis 

 Samples were preserved for Acid Volatile Sulfide (AVS) analysis with 2N ZnSO4 

and 1N KOH (50 µL ZnSO4 and 25 µL KOH to 5 mL sample) and stored at 4˚ C until 

analysis. AVS measurements were made using the method described by Allen, et al.96 In 
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summary, the whole sample was added to an air-tight reaction flask containing 100 mL of 

Milli-Q water and continuously purged with high purity N2 (g). Trace grade hydrochloric 

acid (20 mL, 6 M) was added to the reaction flask and volatile sulfide species (i.e., H2S) 

were purged from the sample for 30 min and captured in a sodium hydroxide solution 

(0.5 M). After the 30 minute purging step, a mixed diamine reagent97 was added to the 

sodium hydroxide solution (10% (v/v)), and sulfide was quantified via the formation of 

methylene blue (absorbance at 664 nm after 24 hours). Sample absorbance measurements 

were compared to a calibration curve constructed using a sodium sulfide standard. The 

sodium sulfide calibration curve was made by direct reaction of the sodium sulfide 

standard with the mixed diamine reagent (independent of the purge and trap apparatus). 

The accuracy of the purge and trap apparatus was checked by measuring the sulfide 

recovery of Milli-Q water spiked with sodium sulfide. 

Dissolved arsenic speciation analysis 

 Arsenic speciation in the supernatant was measured via UPLC-ICP-MS at RTI 

International. Aliquots of filtered (0.2 µm nylon) supernatant sample were preserved with 

0.125 M EDTA following the method described by Bednar et al..167 Additionally, filtered 

supernatant samples from the sediment-only Canary microcosms were preserved with 

EDTA and spiked with As(III) and As(V) certified standards (Spex CertiPrep) to serve as 

matrix spikes to track the preservation of arsenic species. The samples were stored at 4 

°C in the dark until the time of analysis. Arsenic species were quantified with a standard 

curve constructed using certified reference standards for As(III) and As(V) (Spex 
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CertiPrep). Samples were analyzed using a Hamilton PRP-X100 liquid chromatography 

column (4.6 x 150 mm; 5 µm particle size). Two mobile phases were used: (1) Mobile 

Phase A: 30 mM Tris-(hydroxymethyl)aminomethane Buffer adjusted to pH ~8.77 with 

nitric acid; and (2) Mobile Phase B: 30 mM Tris-(hydroxymethyl)aminomethane/20 mM 

Ammonium Acetate Buffer adjusted to pH ~7.80 with nitric acid. The UPLC flow rate 

and mobile phase gradient is summarized in Table S1. 

 As(III) and As(V) spike recoveries in the aerobic sediment-only matrix spike 

ranged from 102-120%. However, anaerobic sediment-only matrix spike recoveries 

ranged from 133-173% for As(III) and 19-75% for As(V), indicating that despite 

preservation with EDTA, in the sediment-only Canary matrix spike samples As(V) was 

converted to As(III) during storage.Yet, when the rest of the sample measurements were 

corrected using the matrix spike recoveries, the sum of the As(III) and As(V) 

measurements (RTI, UPLC-ICP-MS) did not match the total As measurement (Duke 

University, ICP-MS) with recoveries ranging from 81 to 424%. The sum of the 

uncorrected As(III) and As(V) measurements were much closer to the total As 

measurement with recoveries ranging from 92-138%. Because of this discrepancy, it was 

unclear whether the conditions in the Canary matrix spike samples accurately reflected 

the conditions in the other samples. Therefore, the As speciation values for the 

microcosm samples were not corrected with the matrix spike recoveries and the values 

are only used in a semi-quantitative context. It should be noted that, even if the samples 

were corrected with the matrix spike recoveries to account for worst-case As(V) to 
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As(III) conversion, the overall results for species dominance in the microcosms would 

not change. 

XANES sample preparation and analysis 

 Whole slurry aliquots were collected at selected time points (-2, 4, 72, and 336 h) 

for XANES analysis. The aliquots were stored at -20°C. To prepare the samples for 

XANES analysis, the samples were centrifuged to remove most of the water, ground with 

mortar and pestle, and packed into aluminum sample holders as wet pastes, covered with 

Kapton tape, and refrigerated until analysis. Samples from anaerobic microcosms were 

packed in holders in an anaerobic chamber and were stored and transported in gas tight 

jars with O2-absorbing packets (Oxy-Sorb) until analysis at the beamline. 

 Se K-edge XANES data were collected at the Stanford Synchrotron Radiation 

Lightsource (SSRL) in Menlo Park, CA. The storage ring was operated at a fixed current 

of 500 mA. The synchrotron light was detuned 35% at 13100 eV. The spectra were 

collected with a 100-element germanium detector at photon energies -200 to +400 eV 

relative to the Se K-edge energy at 12658 eV. The monochromator energy was calibrated 

to 12658 eV based on the first inflection point in the K-edge first derivative spectra from 

an elemental selenium standard. A step size of 0.3 eV was used across the absorption 

edge region (-50 to +50 eV). XANES spectra for all samples were collected with a liquid 

N2 cryostat (77 K). Successive scans of the samples were monitored to ensure that there 

were no beam-induced changes in redox state over the course of the measurements. 
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XANES data analysis 

 Multiple X-ray Absorption Spectroscopy (XAS) scans were aligned and merged 

using the SIXPack program.168 Using Athena software,169-171 the averaged spectra were 

baseline corrected using a linear pre-edge function between -150 and -30 eV and were 

normalized using a linear function between 75 and 400 eV. The sample white line 

energies were compared to the white line energies for known selenium standards.91 

 

Tables 

 

Table C.1: UPLC-ICP-MS parameters for arsenic speciation analysis 

Parameter Value 
Analyte Isotope: 75As 

Nebulizer; spray chamber: Concentric; Peltier-cooled, impact bead 

UPLC flow rate: 1.00 mL/min 

Column Temperature: Ambient 

Gradient: 

Time: 0 min (99% A, 1% B), 0.5 min (99% A, 
1% B), 1.5 min (1% A, 99% B), 5.0 min (1% A, 
99% B), 5.25 min (99% A, 1% B), 6.0 min 
(99% A, 1% B). 

Injection Volume: 20 µL 
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Figures 

 

Figure C.1. Dissolved sulfate (<0.2 µm filtered water) in sediment-ash microcosms. 
Data points represent the average of duplicate microcosms. Error bars represent the 
range of replicates. 
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Figure C.2. Total dissolved iron (<0.2 µm filtered water) in sediment-ash 
microcosms. Data points represent the average of duplicate microcosms. Error bars 
represent the range of duplicates.
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Figure C.3. pH in sediment-ash microcosms. Each data point represents the average 
of duplicate samples. Error bars represent the range of duplicate samples.
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Appendix D: Supplemental Information for Chapter 5  

Materials and Methods 

Total Element Analysis by Acid-Digestion 

 Total element concentrations in the ash materials were determined via nitric acid-

digestion. Approximately 0.25 g was digested overnight with 10 mL of concentrated 

nitric acid (Trace grade, Fisher). The digestion was continued on a hotblock 

(Environmental Express) at 85 C for 6 hours. After digestion, the sample was allowed to 

cool to room temperature and then diluted to 40 mL with Milli-Q water. An aliquote of 

the diluted digestate was preserved for analysis by ICP-MS. The National Institute of 

Standard and Technology (NIST) coal ash standard reference material (1633b) was 

digested and analyzed at the same time as the ash samples. 

 Total element concentrations in the Jordan Lake sediment were determined via 

nitric acid digestion with a Discover SP-D Closed Vessel Microwave Digester (CEM). 

The samples were digested according to the manufactures protocol for sediment 

digestion.  

Sample Preservation for ICP-MS Analysis 

 Microcosm supernatant filtrate was preserved for ICP-MS analysis in a 0.5% (v/v) 

HCl/2% (v/v) HNO3 matrix and stored at room temperature. Diluted samples were 

allowed to sit for at least 24 hours prior to analysis on the ICP-MS (Agilent 7700) in 

helium mode. 
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Acid Volatile Sulfide Analysis 

 The frozen sediment slurry samples were thawed in a portable glove bag in a 

nitrogen atmosphere. Acid Volatile Sulfide (AVS) measurements were made following 

the method described by Allen, et al..96 Briefly, the slurry sample was added to an air-

tight reaction flask that contained 100 mL Milli-Q water, and the flask was continuously 

purged with high purity N2(g). Trace grade hydrochloric acid (20 mL, 6 M) was added to 

the reaction flask and the volatile sulfide species (i.e., H2S) were purged from the sample 

for 30 min and captured in a 0.5 M sodium hydroxide solution. After the 30 min of 

purging, a mixed diamine reagent was added to the sodium hydroxide solution (10% 

(v/v)), and the AVS was quantified by the formation of methylene blue (absorbance at 

664 nm after 24 h).97 The sample absorbance measurements were quantified against a 

calibration curve constructed using a sodium sulfide standard. The calibration curve was 

constructed by direct reaction of the sodium sulfide standard with the mixed diamine 

reagent (independent of the purge and trap apparatus). The accuracy of the purge and trap 

apparatus was checked by measuring the sulfide recovery of Milli-Q water spiked with a 

known amount of sodium sulfide standard. 
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Figures 

 

Figure D.1. pH in sediment-ash microcosms. Bars represent single microcosms with 
the exception of FA3 and SED (sediment only microcosms, no ash), where bars 
represent the average of triplicate microcosms. 
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Figure D.2. Dissolved calcium (0.2 µm fraction) in sediment-ash microcosms. Bars 
represent single microcosms with the exception of FA3 and SED (sediment only 
microcosms, no ash), where bars represent the average of triplicate microcosms. 
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Figure D.3. Dissolved calcium (0.2 µm fraction) versus the calcium oxide content of 
the ash material. Each data point represents one microcosm sample. 
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Figure D.4. Total dissolved iron (0.2 µm fraction) in sediment-ash microcosms. Bars 
represent single microcosms with the exception of FA3 and SED (sediment only 
microcosms, no ash), where bars represent the average of triplicate microcosms. 
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Figure D.5. Dissolved iron (0.2 µm fraction) versus iron content of the ash material 
in anaerobic sediment-ash microcosms. Each data point represents one microcosm 
sample. 
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Figure D.6. Dissolved iron (0.2 µm fraction) versus iron content of the ash material 
in aerobic sediment-ash microcosms. Each data point represents one microcosm 
sample. 
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Figure D.7. Dissolved sulfate (0.2 µm fraction) in sediment-ash microcosms. Bars 
represent single microcosms with the exception of FA3 and SED (sediment only 
microcosms, no ash), where bars represent the average of triplicate microcosms. 
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Figure D.8. Change in dissolved sulfate concentration in anaerobic microcosms 
versus total AVS concentration at the 14 day time point. Each data point represents 
one microcosm sample. 
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Figure D.9. Percentage of arsenic leached in sediment-ash microcosms versus 
microcosm pH. Each data point represents one microcosm sample. 
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Figure D.10. Percentage of selenium leached in sediment-ash microcosms versus 
microcosm pH. Each data point represents one microcosm sample. 



 

 

186 

 

Figure D.11. Relationship between dissolved arsenic in the microcosm and total iron 
content of the ash material. Each data point represents one microcosm sample. 
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Figure D.12. Log-log plot of total arsenic and total iron content of the feed coal of 
the coal ash materials. Each data point represents one coal sample. 
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Figure D.13. Total arsenic content of the fly ash material versus total carbon content 
in the fly ash material. Arsenic was measure via nitric acid digestion followed by 
ICP-MS while carbon was measured by XRF. Each data point represents one fly 
ash sample. 
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