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Abstract 

As the production and use of nanoparticles (NPs) has increased, so has concern 

over their effects on the environment and aquatic organisms. Since the majority of 

research on the toxicity of NPs has been performed using controlled laboratory 

conditions, little is known about their effects in more complex environments. The goal of 

this dissertation is to understand how incorporating increasing levels of environmental 

complexity affects the study of NP toxicity to early life stage fish. In particular, goals 

included evaluating the impact of increasing environmental complexity on silver NP 

(AgNP) toxicity to young Atlantic killifish and zebrafish and exploring how 

photocatalytic degradation of benzo(a)pyrene (BaP) by TiO2 NPs affected toxicity to 

young zebrafish. 

In order to incorporate high environmental complexity into AgNP toxicity 

studies, a range of experimental systems were used. First, mesocosms built to simulate 

freshwater North Carolina wetlands were dosed with gum Arabic-coated AgNPs (GA-

AgNPs), polyvinylpyrollidone-coated AgNPs (PVP AgNPs) and AgNO3 as the most 

ecologically relevant scenario.  Mortality induced by samples taken from these 

mesocosms to embryonic and larval Atlantic killifish was compared to mortality 

induced by samples prepared in the laboratory.  For embryonic killifish, samples taken 

from the mesocosms caused significantly less mortality than samples prepared in the 

laboratory for all types of silver. However, for larval killifish, toxicity of GA-AgNPs 
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from mesocosms was not lower than toxicity of those from the laboratory and toxicity of 

PVP-AgNPs was actually higher in mesocosm samples.  Mortality caused by AgNO3 

was significantly less in samples from the mesocosms than from the laboratory, similar 

to results found in embryos. For larvae, both types of NPs from the mesocosms were 

more toxic than AgNO3.  

In order to understand the difference in results seen between mesocosm samples 

and laboratory samples, a microcosm approach was used to assess the individual 

contributions of plants, soil, and natural water to the mediation of AgNP toxicity. In 

addition, samples were thoroughly characterized in order to understand how these 

factors were influencing toxicity. Silver speciation was assessed using x-ray absorption 

near edge structures spectroscopy, extent of AgNP aggregation and dissolution 

measured using flow field flow fractionation coupled with inductively coupled plasma 

mass spectrometry (FFFF-ICP-MS), and total silver and dissolved silver quantified using 

ICP-MS. Organic matter quantity and quality were also measured using total organic 

carbon (TOC) analysis and fluorescence excitation-emission spectroscopy (EEMS). 

Ultimately, although plant-derived organic matter was shown to significantly influence 

silver speciation and AgNP aggregation, these experiments were not able to replicate the 

interesting results seen with killifish larvae from the mesocosms on a smaller scale. In 

experiments using zebrafish embryos, the presence of plants was correlated with 

reduced toxicity. However, this correlation could not be attributed to any of the changes 
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seen in AgNP or silver characteristics due to reduced water column concentrations of 

silver that also occurred when plants were present.  

Due to the differences seen in mesocosm and microcosm results, I hypothesized 

that ultraviolet (UV) light could be playing a role in mediating AgNP toxicity. AgNPs 

and AgNO3 were illuminated using a solar simulator prior to dosing zebrafish embryos. 

UV light was found to decrease GA-AgNP and AgNO3 toxicity and to increase PVP-

AgNP toxicity. Ultraviolet-visible light (UV-vis) spectra of AgNPs and AgNO3 after 

exposure to UV light indicated changes in size distribution and aggregation. These 

changes could be due to photolysis of coatings leading to increased dissolution of silver 

and destabilization of the NPs. 

I also explored the effect of TiO2 NP facilitated photocatalytic degradation of 

toxicity of BaP.  Due to the unique photocatalytic properties of TiO2 NPs, they are not 

only being proposed for use as a remediation aid for recalcitrant organic contaminants 

but also possess the ability to transform organic co-contaminants in the environment 

and change their toxicity and risk to aquatic organisms. BaP was degraded with TiO2 

using a solar simulator before dosing young zebrafish. Degradation resulted in 

increased cytochrome P450 (CYP) activity, a marker of polycyclic aromatic hydrocarbon 

(PAH) exposure and toxicity as well as increased mortality. However, these effects 

ultimately proved to be dependent on the presence of DMSO, a carrier solvent for BaP, 

and thus their environmental relevance is questionable. 
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Taking environmental complexity into account is an important part of 

understanding engineered NP risk. I found that AgNP toxicity is highly dependent on 

environmental matrix and individual factors such as UV, and that TiO2 NPs have the 

potential to influence toxicity of organic contaminants. Ultimately, ecologically 

appropriate and relevant risk assessment of NPs to aquatic organisms will rely on fully 

characterizing how the fate, behavior, and toxicity of NPs  is influenced by 

environmental factors such as plants, sediments, bacteria, organic matter, ionic strength, 

and UV light.  
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1. Introduction  

The quickly growing field of nanotechnology has been accompanied by 

increasing concern over the production, use, and disposal of nanoscale materials. 

Currently, government agencies such as the Environmental Protection Agency, the Food 

and Drug Administration, the Occupational Safety and Health Administration, and the 

Consumer Product Safety Commission all have a vested interest in understanding the 

risks associated with the nanotechnology industry. Nanoparticles exhibit unique 

physicochemical tendencies due to their high surface-area to volume ratio that not only 

make them valuable tools, but also make understanding their fate, bioavailability and 

toxicity different from prevailing paradigms used for metals and organic contaminants. 

While much progress has been made in developing new paradigms for nanoparticle 

behavior in clean laboratory systems, comparatively little is known about nanoparticle 

behavior and toxicity in complex, ecologically relevant systems. In this dissertation, the 

contribution of environmental factors including natural organic matter (NOM), plants, 

sediment, UV light and other contaminants to nanoparticle toxicity is explored. 

1.1 Nanotechnology and the Environment 

In 1959, physicist Richard Feynman addressed the annual meeting of the 

American Physical Society and spoke of the benefits of using matter on the nanoscale 

and developing atomic-level machines [1]. In the years between his comments and the 
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present, nanotechnology has become an exciting and fast-paced area of research and a 

lucrative global market. Global funding for nanotechnology was approximately $18.5 

billion in 2012, with Russia, China and the United States leading the way [2]. By 2018, 

nanotechnology product revenues are estimated to reach $4.4 trillion [3]. The field of 

nanotechnology generally encompasses the development, production and implications 

of use of nano-sized materials. Areas in which nanotechnology operates are far-reaching 

and broad, including drug development, energy production, electronics, medical 

technologies, agricultural uses, sensors, cosmetics, and environmental remediation [4].  

While the definition of what constitutes a nanomaterial varies, a common 

definition includes natural or manmade materials and particles that have one dimension 

that is 100 nm or less. They can be composed of a variety of materials, including but not 

limited to metal oxides; zero valent metals such as silver, gold and iron; carbon-based 

materials, polymers, and clays. As of 2013, the highest production volume types of 

nanoparticles were metal oxides including SiO2, TiO2 and ZnO, with carbon nanotubes, 

other types of metal oxides, silver, quantum dots, and fullerenes trailing behind [5].  

With the advent of the nanotechnology boom, there has been much concern over 

the environmental health implications of the production, use and disposal of nanoscale 

materials and products. While the large surface area-volume ratio of nanoparticles is 

what gives them many of their unique and useful properties, it is also what makes 

studying their potential for risk challenging. In response to these challenges, the EPA 
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and the National Science Foundation (NSF) funded two centers to perform nanoparticle 

risk research in the context of these challenges. One of these centers, the Center for the 

Environmental Implications of NanoTechnology (CEINT), is headquartered at Duke 

University and supported much of the work in this dissertation.  

Currently, environmental detection of nanoparticles is one of the most pressing 

issues. In order to evaluate risk of nanoparticles, it is important to understand exposure. 

Despite the large volumes of nanoparticles that are surely being released in waste 

streams, there are few data on environmental occurrence. Nanoparticles are difficult to 

measure in environmental matrices for a number of reasons. First, for many 

nanomaterials, there is a high background of their base materials. Thus, for example, in 

order to measure silver nanoparticles (AgNPs) in the environment, the nanoparticles 

must be separated from ionic silver that is present from other  natural and 

contamination sources. Metal oxides such as SiO2 and TiO2 are even more difficult to 

measure, as there are background levels of both manmade non-nano  (bulk) SiO2 and 

TiO2 as well as naturally occurring minerals. Carbon-based nanomaterials such as 

carbon nanotubes and fullerenes have the most challenges, as differentiating them from 

natural carbonaceous materials is very difficult. In general, the analytical technique used 

must be able to address both the physical state (nanoscale size) along with the chemical 

state (elemental makeup) [6].  
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Some success has been found in identifying nanoparticles in waste streams using 

imaging technologies such as scanning electronic microscopy and transmission 

electronic microscopy (SEM and TEM) paired with elemental detection. However these 

techniques are time consuming and impractical on the larger scale, as they are 

essentially “hunting for a needle in a haystack”. A 2011 study of 10 representative 

wastewater treatment plants recorded levels of TiO2 nanoparticles at 1 µg/L in influent 

wastewater and 25 µg/L in effluent wastewater via filtration techniques and SEM [7], 

while a 2010 study detected Ag2S nanoparticles in final sewage sludge products using 

TEM [8]. In addition, some techniques are able to rely on unique characteristics, such as 

fluorescence of single walled nanotubes, for measurement [9, 10]. However, two 

analytical techniques that pair sophisticated separation technologies with inductively 

coupled plasma mass spectrometry (ICP-MS), flow field flow fractionation ICP-MS 

(FFFF-ICP-MS) and single particle ICP-MS (SP-ICP-MS), have a good outlook for 

developing methods for detecting and quantifying nanoparticles in complex matrices 

[11].  

 Despite limitations in measuring nanoparticle exposure, the study of 

nanoparticles in the environment has thrived. Nanoparticles are defined by several 

characteristics including their size, aggregation state, surface charge and surface coating, 

among others (See Figure 1). Many of these characteristics have been shown to affect 

their fate, bioavailability and toxicity to aquatic organisms. In addition, these properties 
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are highly dynamic and dependent on a number of environmental factors, such as 

salinity, pH, NOM, and light. This dissertation will focus on incorporating different 

aspects and levels of environmental complexity into understanding the ecotoxicological 

implications of two classes of nanoparticles-AgNPs and titanium dioxide nanoparticles.  

1.2 AgNPs and Environmental Complexity 

AgNPs, despite being on the lower end of nanoparticle production (See Figure 2), 

are of extra concern due to the well-documented toxicity of silver to aquatic organisms 

at low concentrations. AgNPs are primarily used in consumer and medical applications 

due to their antimicrobial properties. While no environmental concentrations are 

available, predicted surface water concentrations range from 0.088-10,000 ng/L (See 

Table 1) [12]. In addition, AgNPs have been detected in in wastewater treatment plant 

sewage sludge [8].  

 Current knowledge of AgNP toxicity, among others, is thoroughly reviewed by 

Maurer-Jones et al [12]. Much of the research of AgNP toxicity has focused on 

determining whether toxicity is fully attributable to the release of silver ion or if there is 

a nanoparticle specific effect. While some studies have shown effects attributed only to 

the nanoparticle, particularly relating to oxidative stress, the majority conclude that 

AgNPs are significantly less toxic than silver by weight and that toxicity is likely due to 

dissolution of silver from the nanoparticle [13, 14] . In general, AgNP toxicity only 

occurs at the ppm level and thus at concentrations well above those expected to occur in 
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the environment. However, few studies of AgNP toxicity have looked at chronic 

exposures, and most are performed under pristine laboratory conditions that do not 

reflect the impacts of environmental factors on toxicity. Environmentally relevant factors 

such as ionic strength, NOM and UV light, have been shown to have a strong influence 

on AgNP behavior. The presence of NOM has been shown to stabilize AgNPs [15-18] 

and to reduce toxicity [19], although the mechanism by which  reduction of toxicity 

occurs is more likely related to complexation of Ag+ with the NOM. In addition, the 

quality and not just the quantity of NOM is an important factor, as humic fractions of 

organic matter have been shown to have a greater effect on stabilization than fulvic 

fractions [20]. Increased ionic strength, in contract to NOM, is associated with 

destabilization of nanoparticles [16-18], but has also been shown to reduce toxicity, 

although again it is not clear whether the reduction in toxicity is due to the change in 

aggregation state of nanoparticles or to complexation of Ag+ with ligands and changes in 

speciation [21]. UV light has been shown to destabilize AgNPs and possibly cause 

dissolution into Ag+, likely due to degradation of surface coatings [22]. This effect has 

been shown to increase toxicity to zebrafish embryos, due to increased bioavailability of 

Ag+ [23] and to decrease toxicity to Lolium multiflorum, a wetland plant, due to increased 

aggregation of the AgNPs and thus reduced bioavailability [24]. Interestingly, AgNPs 

can also be formed from ionic  silver by UV light, particularly in the presence of organic 
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matter [25, 26].  The influence of environmental transformations on the stability and 

toxicity of AgNPs was reviewed by Levard et al. [27].  

While traditional laboratory studies allow for small scale control of individual or 

even several environmental variables, the complex interplay between these factors is 

unachievable in the lab. Although some variables can be controlled for in a laboratory 

setting, greater ecological and biological complexity can be achieved using mesocosms. 

The level of complexity which constitutes a mesocosm is debated; however, in general, 

mesocosms are considered to contain ecosystems that are self-sustaining over a time 

period long enough to study growth and reproduction of organisms inhabiting the 

mesocosms [28].  A major objective of the Center for the Environmental Implications of 

NanoTechnology (CEINT), based at Duke University, has been to incorporate 

environmental complexity into understanding nanoparticle fate and toxicity, 

particularly through the use of mesocosms. These mesocosms are designed to simulate 

mature freshwater North Carolina wetlands. Containing both a terrestrial and aquatic 

region, they are bedded with soil and contain multiple species of aquatic and terrestrial 

plants .  

1.3 TiO2 NPs and Co-contaminants 

Titanium dioxide NPs are produced in quantities second only to silicon dioxide 

nanoparticles. They are used for a number of applications, but are primarily known for 

their use as photoabsorbants in sunscreens and for their photocatalytic properties. When 
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exposed to UV light, particularly UV-A light, TiO2 NPs produced reactive oxygen 

species (ROS), mainly hydroxyl radical. The ability of TiO2 NPs to produce ROS has 

driven much of the research into its toxicity. TiO2 NPs have been shown to induce 

oxidative stress in several model organisms, including human bronchial cells, mice, 

rainbow trout, and daphnids [29-32].  Studies, both in vitro and in vivo, that included UV 

or simulated solar irradiation in their exposures found that TiO2 NP toxicity was greatly 

increased, and this increase was likely due to induction of oxidative stress via the 

production of hydroxyl radicals [33, 34]. To this end, several studies have incorporated 

UV light into their exposures and found an increase in toxicity that can be attributed to 

the production of ROS, particularly hydroxyl radical, resulting in increased oxidative 

stress to fish cells, embryonic zebrafish, daphnids, frog larvae, and marine 

phytoplankton [34-38].  

Initial acute aquatic toxicity studies of TiO2 NPs found toxicity to be low and 

related to oxidative stress, with effects not seen until the ppm range [31, 39].  However, 

as the body of literature on nanotoxicology has grown, more attention has been paid to 

determining how the unique physicochemical properties of nanomaterials can be 

informative of their mechanism of toxicity Recently, multiple studies have addressed the 

subject of how these properties of TiO2 NPs can influence toxicity of co-contaminants. 

TiO2 NPs have been shown to not only increase uptake of arsenite, arsenate and 

cadmium in carp but to also alter biodistribution to favor gills, viscera, and muscles [40-
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42].  In a study comparing uptake and toxicity of Ag, As, and Cu to Daphnia magna in the 

presence of TiO2 NPs,  TiO2 NPs increased toxicity of Ag significantly, but decreased 

toxicity of As and Cu, indicating that this effect is metal dependent [43]. In addition, a 

number of studies have explored the effects of TiO2 NPs on organic co-contaminant 

toxicity. TiO2 NPs have been shown to  reduce toxicity of benzo(a)pyrene in vitro via 

blocking access to the aryl hydrocarbon receptor (AhR) [44] while they actually 

synergistically increased toxicity of bisphenol A to zebrafish embryos [45].  Another 

study showed that co—exposure to TiO2 and benzo(a)pyrene reduced uptake but not 

toxicity to blue mussels [46]. Combining TiO2 NPs with TCDD resulted in both 

synergistic and antagonistic toxicity to a marine bivalve depending on the endpoint of 

interest and the experimental conditions used [47]. All of these studies generally focus 

on the sorptive properties of TiO2. 

However, little is known about the impact that the photocatalytic properties of 

TiO2 could have on organic co-contaminant exposure. When TiO2 is exposed to 

ultraviolet (UV) light, an electron from the valence band is excited to the conduction 

band[48]. This excitation results in an electron-electronhole pair. From this point, several 

reactions can occur. The hole can react with organic species to create organic radicals or 

with water and/or hydroxide to form hydroxyl radicals. The valence band electron can 

react with oxygen to form superoxide, which can go on to form the hydroperoxyl radical 

in a protonation reaction.  These free radicals are highly reactive and will quickly 
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oxidize organic compounds by hydrogen abstraction and addition to double bonds or 

aromatic rings [49]. Once TiO2 NPs enters surface water or the waste stream, the NPs 

will encounter many other common organic compounds and contaminants including 

polycyclic aromatic hydrocarbons (PAHs), polychlorinated biphenyls (PCBs) , 

polybrominated diphenyl ethers (PBDEs), pharmaceuticals, and personal care products. 

In addition, TiO2 NPs have received much attention as possibly being useful in 

photocatalytic remediation of recalcitrant organic contaminanation such as PAHs and oil 

[50-53]  

1.3.1 TiO2 NPs and PAHs 

PAHs are ubiquitous contaminants that occur in the environment through both 

natural and anthropogenic sources. These sources include forest fires, incomplete fossil 

fuel combustion, oil spills, creosote use and disposal, and urban run-off [54].  Generally 

comprised of 3-7 fused aromatic rings, 32 PAHs are considered to be priority pollutants 

by the United States Environmental Protection Agency.  

In developing fish, exposure to complex mixtures of PAHs and some individual 

PAHs results in a characteristic phenotype similar to blue-sac syndrome caused by 

dioxin-like compounds (DLCs) [55, 56]. This phenotype is characterized by craniofacial 

deformities, lordosis, cardiac edema, and cardiac teratogenesis and is mediated by the 

aryl hydrocarbon receptor (AhR), a ligand-activated basic-helix-loop-helix-Per-Arnt-Sim 

(bHLH-PAS) family transcription factor [55, 57]. While the endogenous ligand of the 
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AhR is uncertain, its ability to bind many xenobiotics, particularly DLCs and other aryl 

hydrocarbons, is well known. This activation results in upregulation of a suite of genes 

including cytochrome P450s (CYPs), oxidative stress response genes such as the 

glutathione S-transferases (GSTs), and other genes associated with xenobiotic 

metabolism [58, 59]. CYP1A, as the gene with the most robust induction, is commonly 

used as a marker of PAH exposure and toxicity. Some PAHs are metabolized to 

products that form bulky DNA adducts and subsequent DNA damage. This effect is 

particularly evident for benzo(a)pyrene [60]. Many individual PAHs and complex 

mixtures of PAHs have also been shown to induce antioxidant defenses in developing 

fish, suggesting that some PAHs and mixtures can serve as pro-oxidants[61].  

The use of TiO2 NPs as a remediation aid relies on its ability to catalyze the 

breakdown of organic molecules such as PAHs [62].  TiO2 NPs have been shown to 

effectively degrade PAHs in aqueous solution, particularly when exposed to UV light  

[48, 52, 63].  The likely products of these kinds of reactions are oxidized-PAHs, which 

can exhibit decreased or increased toxicity from parent PAHs. A study comparing intact 

PAHs including benzo(a)pyrene and anthracene to their major oxidized photoproducts 

showed that in many cases the photoproducts were more toxic to Daphnia magna [64]. In 

another study, photomodification of dibenzothiophene resulted in increased cardiac 

deformities in embryonic Atlantic killifish [65]. The increased toxicity is often attributed 

to either increased oxidative stress or genotoxicity [64].  
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1.4 Zebrafish and Atlantic Killifish  

Zebrafish (Danio rerio) are an excellent model for developmental toxicity. A 

tropical freshwater fish native to the Ganges River, their high fecundity and ease of 

culture in the laboratory allow for consistently high numbers of embryos to be obtained. 

Rapid development and a transparent chorion facilitates easy imaging and analysis of 

morphological abnormalities. In addition, the zebrafish genome is fully sequenced, 

which makes the use of genetic tools such as developing primers for RT-PCR and 

morpholinos viable. Zebrafish have been used to study AgNP [66-72] and TiO2 NP 

toxicity [34, 73, 74]; as well as both parent PAHs[55, 75-77] and oxidized PAHs [78] 

Atlantic killifish (Fundulus heteroclitus) are a small estuarine fish that are native to 

the Eastern seaboard of the United States. In recent years, they have seen increasing 

popularity as a good ecotoxicological model for North America [79]. Similarly to the 

zebrafish, they have a transparent chorion that allows for easy imaging and tracking of 

development, and they are very hardy. In addition, their genome was recently fully 

sequenced and is in the process of being annotated. While they have only been used in a 

few studies of nanoparticle uptake and toxicity [80, 81], their ability to thrive over a 

wide range of salinities makes them an excellent model for studying nanoparticle 

toxicity. However, they do not breed as readily or consistently as zebrafish and thus 

obtaining adequate numbers of embryos for experiments can be a challenge. Due to 
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difficulties with obtaining enough embryos, they were only used for the first project 

described in this dissertation.     

1.5 Dissertation Objectives and Outline 

The primary goal of this dissertation is to explore the role of environmental 

factors in toxicity of nanoparticles to developing fish. These factors include presence of 

plants and sediments, NOM, UV light and organic co-contaminants. I hypothesized that 

increasing environmental complexity would decrease toxicity of AgNPs. In addition, I 

hypothesized that existing contaminants, such as benzo(a)pyrene (BaP) would exhibit 

altered toxicity when photocatalytically degraded with TiO2 NPs. 

This dissertation is divided into four research chapters: 

Chapter 2: AgNP toxicity to Atlantic killifish (Fundulus heteroclitus) and 

Caenorhabditis elegans: A comparison of mesocosm, microcosm and conventional 

laboratory studies 

The toxicity of AgNPs to developing Atlantic killifish in increasingly complex 

environments, from conventional laboratory exposures, to microcosms, all the way to 

simulated freshwater wetland mesocosms was compared. Complementary work in 

Caenorhabditis elegans performed by Xinyu Yang from the laboratory of Dr. Joel Meyer 

was also included in the published paper [82]. While Atlantic killifish were used for this 

portion of the dissertation, zebrafish embryos were used for the remainder due to low 

supply of killifish embryos. I hypothesized that increasingly complex environments 
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would result in decreased toxicity due to aggregation of nanoparticles and complexation 

of silver. Toxicity of AgNPs and AgNO3 to killifish embryos was decreased in 

mesocosms compared to conventional laboratory testing, however, for killifish larvae 

toxicity was only decreased for AgNO3, while no change was seen in GA-AgNPs and 

PVP-AgNPs were more toxic in mesocosms. In addition, these results were not 

recapitulated by using smaller-scale microcosms. 

Chapter 3: Biotic and abiotic interactions in aquatic microcosms determine fate 

and toxicity of Ag nanoparticles: Part 2 –Toxicity and Ag speciation 

The role that different environmental compartments, including plants, water, 

and sediment play in AgNP speciation and toxicity to developing zebrafish embryos 

was examined. I hypothesized that plant and sediment-associated organic matter would 

result in changes to AgNP behavior and toxicity. Organic matter released from plants 

was found to dramatically decrease toxicity of AgNPs due to changes in silver speciation 

and aggregation. 

Chapter 4: The role of ultraviolet light in AgNP toxicity 

The effect of UV light on AgNP toxicity to developing zebrafish was explored. I 

hypothesized that exposure of AgNPs to UV light would alter their aggregation and 

dissolution states and thus reduce or increase toxicity, depending on coating. Exposure 

to UV light decreased toxicity of GA-AgNPs, likely due to changes in aggregation, and 

increased toxicity of PVP-AgNPs, likely due to increases in silver dissolution. 
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Chapter 5:  The effects of TiO2 nanoparticle photocatalyzed degradation on 

toxicity of benzo(a)pyrene  

In order to determine the effects of co-contaminant exposure of TiO2 NPs and 

organic contaminants such as PAHs as well as assess the effectiveness of TiO2 NPs as a 

remediation aid for PAH contamination, the effect of TiO2 NP photocatalyzed 

degradation on toxicity of benzo(a)pyrene (BaP) was investigated. I hypothesized that 

degradation would result in production of more acutely toxic, redox active and less AhR 

active oxidized BaP degradation products. While initial experiments suggested that 

degradation of benzo(a)pyrene increased its acute toxicity and ability to activate the 

AhR, subsequent experiments found that this effect required the presence of DMSO and 

thus was likely not environmentally relevant. 

The results, implications, and future directions of this work are summarized in 

Chapter 6. 

Appendices 

As a CEINT affiliated graduate student, I am lucky to have been a part of a large, 

interdisciplinary center and to have participated in a number of projects; that while 

closely related to this dissertation, were not part of its main goals. These include: 

Appendix A-  Sulfidation of AgNPs reduces toxicity and Appendix B- Silver uptake and 

maternal transfer in insects and mosquitofish from AgNP-dosed freshwater wetland 

mesocosms. 
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Figure 1: Attributes of nanoparticles affecting their behavior and toxicity. 

Image via www.nanosphere.gu.se 
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Figure 2: Annual production of nanoparticles (NPs) worldwide in 2012. Image 

obtained from Bondarenko et al, 2013 [5].  
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Table 1: Predicted environmental concentrations of several types of 

nanoparticles in surface waters and wastewater treatment plants (WWTP). Adapted 

from Maurer-Jones et al, 2013 [12]. 

Nanoparticle Surface Water WWTP Effluent WWTP Sludge 

Ag 0.088-10,000 ng/L 0.0164-17 µg/L 1.29-39 mg/kg 

TiO2 21-10,000 ng/L 1-100 µg/L 100-2000 mg/kg 

ZnO 1-10,000 ng/L 0.22-1.42 µg/L 13.6-64.7 mg/kg 

Carbon based 0.001-0.8 ng/L 3.69-32.66 ng/L 0.0093-0.147 mg/kg 
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2. AgNP Toxicity to Atlantic Killifish (Fundulus 
heteroclitus) and Caenorhabditis elegans: A Comparison 
of Mesocosm, Microcosm and Conventional Laboratory 
Studies 

This chapter was published under the same name in Environmental Toxicology 

and Chemistry in the year 2015, 34(2), 275-282. The authors are Audrey J. Bone, Cole W. 

Matson, Benjamin P. Colman, Xinyu Yang, Joel N. Meyer and Richard T. Di Giulio. 

Caenorhabditis elegans toxicity testing was performed by Xinyu Yang. Figures numbers 

and some formatting have been changed for consistency. 

2.1 Introduction 

AgNPs are used commercially and in consumer products, often due to their 

antibacterial properties. Production volumes of Ag-NPs have increased steadily over the 

past decade, and Ag-NPs have been detected in final wastewater treatment plant sludge 

[8]. As their use has increased, and with their recent environmental detection, concerns 

have been raised over the potential effects they may have on the natural environment.  

To this end, the toxicity of Ag-NPs has been increasingly studied in recent years. 

While Ag-NPs have been found to be acutely toxic to various organisms including fish, 

invertebrates, plants, and bacteria, in general, their toxicity is lower than ionic silver in 

the form AgNO3 on a mass basis[5, 13]. In addition, many studies have attempted to 

differentiate the mechanisms of toxicity between Ag-NPs and AgNO3 to determine if 

toxicity is solely related to Ag+ released from the NPs, or if there is a nanoparticle-
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specific effect. While dissolved silver clearly plays a major role in toxicity [83, 84], there 

is some evidence of nanoparticle-specific toxicity, particularly related to oxidative stress 

[85-87].   

However, few studies have focused on understanding if and how Ag-NP 

exposure and toxicity differs from that of Ag+ within natural ecosystems. The stability, 

dissolution, and speciation of Ag-NPs are highly sensitive to environmental factors such 

as sunlight [24, 26], NOM [20, 88, 89],  ionic strength [90, 91], and presence of plants, 

sediments and bacteria [20, 88-90]. Ag-NPs are often coated or capped with stabilizing 

agents as well, which also affect their stability, size and dissolution rates and can control 

NP interactions with environmental factors [13]. Therefore, the behavior of Ag-NPs in 

highly controlled laboratory exposures is unlikely to be reflective of their behavior 

under environmentally relevant conditions. The role that individual factors such as 

organic matter play in modifying Ag-NP toxicity has been explored [20, 84, 89, 92] and 

some studies have used microcosm and mesocosm approaches to employ a more holistic 

approach [93-96]. However, none have yet  compared the use of large scale mesocosm to 

conventional laboratory laboratory testing directly in order to assess how increasing 

complexity affects the toxicity of Ag-NPs in comparison to AgNO3. 

The Atlantic killifish is a small, euryhaline teleost fish that is native to the Eastern 

seaboard of the United States. The small size, hardiness and other features of the 

Atlantic killifish make it an excellent aquatic laboratory model [79]. Several studies have 
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examined the toxicity of Ag-NPs to killifish, as well as how external factors control 

uptake and toxicity. A study of killifish embryos exposed to citrate coated Ag-NPs 

showed that uptake is controlled both by the chorion and by the salinity of the exposure 

media [91]. Another study showed that sulfidation of Ag-NPs resulted in decreased 

toxicity to killifish embryos [97]. To extend the applicability of our results to another 

organism, we also carried out toxicity tests using the nematode Caenorhabditis elegans, 

which has been widely used for studies of toxicity [98] and nanotoxicity [99], including 

mechanisms of reproductive toxicity of Ag-NPs [86, 100]. While dissolved silver likely 

accounts for the majority of Ag-NP induced toxicity in this species [21], in some cases 

oxidative stress also appears to play a role [21, 100]. In addition, the presence of NOM 

reduced uptake and toxicity of Ag-NPs to C. elegans [88]. 

The goals of this study were to evaluate how the use of mesocosms to perform 

toxicity testing of Ag-NPs and AgNO3 compared to more traditional laboratory testing 

and to determine the utility of microcosms to explain differences seen in a more 

controlled format. To achieve this goal, we chose to expose early life stage fish to silver 

in two different formats: first, Atlantic killifish were exposed to water samples collected 

from field mesocosms dosed at a nominal concentration at 2.5 mg Ag/L of gum Arabic 

coated Ag-NPs (GA Ag-NPs), polyvinylpyrollidone coated Ag-NPs (PVP Ag-NPs), and 

AgNO3. These experiments were complemented by growth studies in another aquatic 

toxicology model, the nematode C. elegans. Fish were also exposed to the same three 
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types of silver incubated in the laboratory at the levels measured in the mesocosms. The 

contribution of plants and sediments to the differences in toxicity observed between 

mesocosms and laboratory samples in killifish larvae was further explored using aquatic 

microcosms. 

2.2 Materials and Methods  

2.2.1 Animals: Collection, Care, Breeding 

Adult F. heteroclitus were collected from King’s Creek, VA, USA (37° 18’16.2”N, 

76° 24’58.9”W). Killifish were kept in 30 or 40 L tanks in a recirculating system. Fish 

were maintained at 25°C in 15‰ salinity artificial seawater (ASW; Instant Ocean, 

Blacksburg, VA, USA) on a 14:10 h light:dark cycle. Fish were fed pelleted food 

(Aquamax© Fingerling Starter 300, PMI Nutritional International, LLC, Brentwood, MO, 

USA) ab libidum. Embryos were obtained for experiments by manual spawning and 

fertilization. Fertilized embryos were rinsed in 0.3% hydrogen peroxide followed by 3 

washes in 20‰ ASW. Larvae were obtained by incubating embryos at 28°C on moist 

filter paper for 14 days before hatching them out by gently shaking in 20‰ ASW. Once 

hatched, larvae were kept at 28°C in 20‰ ASW on a 14:10 light:dark cycle before dosing 

at 6 days post hatch (dph). All fish care and experimental techniques were performed as 

reviewed and approved by the Duke University Institutional Animal Care and Use 

Committee (A184-13-07). 
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Wild-type (N2 Bristol strain) C. elegans were cultured in petri dishes on K-agar 

(yeast extract 2.5 g/L; peptone 5.0 g/L; glucose 1.0 g/L; tween 1.0 g/L; agar 15 g/Las 

described by Williams and Dusenberry [101] seeded with OP50 strain Escherichia coli to 

prepare nematodes for liquid medium exposure, which was carried out in 96-well plates 

as previously described [102]. N2 strain nematodes and and OP50 bacteria were 

obtained from the Caenorhabditis Genetics Center (CGC; Minneapolis, MN, USA). 

2.2.2 Chemicals 

Preparation and characterization of 12 ± 9.2 nm GA Ag-NPs and 49.3 ± 22.5 nm 

PVP Ag-NPs were as described in Unrine et al., Colman et al. and Cheng et al. [24, 103, 

104]. Briefly, GA Ag-NPs were prepared by injection of trisodium citrate into a boiling 

mixture of GA and AgNO3 while stirring. The mixture was stirred and boiled vigorously 

for 10 minutes prior to ultracentrifugation and redispersion of the precipitate. This 

purification process was repeated three times. PVP Ag-NPs were prepared using a 

modified polyol method by dissolving MW 10K PVP in ethylene glycol then adding 

solid AgNO3. The mixture was slowly heated to 120°C and kept at this temperature for 

24 h prior to centrifugation and redispersion of the precipitates. As with GA Ag-NPs, 

this process was repeated three times. Particles were characterized with transmission 

electron microscopy (TEM) and were found to be fairly monodispersed. Silver nitrate 

and potassium nitrate were obtained from Sigma Aldrich (St. Louis, MO, USA).   
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2.2.3 Mesocosm Design, Dosing and Sample Collection 

The Duke mesocosm facility, experimental design, and treatment methods were 

described in detail by Colman et al [104]. Briefly, 19 wetland mesocosms were 

constructed in the Duke Forest, Durham, NC, USA. Mesocosms were constructed from 

wood and lined with polypropylene to make 3.66 X 1.22 X 0.81 m boxes. A slant board 

was used to establish terrestrial, transitional (partially flooded), and aquatic 

environments within each mesocosm.  The aquatic portion was planted with Egeria 

densa, Potamogeton diversifolius, and Landolsia punctate and algae and zooplankton were 

introduced from a local wetland. Pristine groundwater and a topsoil blend consisting of 

63.9% sand, 28.3% silt, and 13.0% clay were used to establish sustainable ecosystems. 

Water was circulated twice between all mesocosms using pumping and siphoning in 

order to achieve homogenization of water chemistry and algal composition. Treatments 

included 2.5 mg/L Ag as AgNO3, GA Ag-NP and PVP Ag-NP in triplicate. Controls 

included PVP-coating and GA-coating in triplicate as well as four untreated control 

mesocosms. In order to control for elevated nitrate in the AgNO3 treatment, equivalent 

nitrate was added to the other 5 treatments as KNO3. Mesocosms were dosed using 

funnels on a grid throughout the aquatic compartment of each mesocosm. Subsurface 

water samples were collected at 24 hours post dosing to use in toxicity testing.  
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2.2.4 Laboratory Incubated Sample Preparation 

In order to compare silver incubated in the mesocosms for 24 hours (mesocosm 

samples) to silver incubated in the laboratory (laboratory samples), water was collected 

from the control mesocosms to ensure similar initial starting water chemistry. Dosing 

solutions were prepared by spiking untreated control mesocosm water with AgNO3, GA 

Ag-NP and PVP Ag-NP to reach the concentrations at which they were measured in the 

mesocosms at 24 hours (0.85 ± 0.24, 2.02 ± 0.24 and 1.99 ± 0.07 mg Ag/L, respectively), to 

the nearest hundredth ppb (0.9, 2 and 2 mg Ag/L, respectively) [104]. Dosing solutions 

were aged for 24 hours at 28°C to match the 24 hour sampling of the mesocosms and 

thus control for any kinetic effects, before using them for acute toxicity testing 

(laboratory). PVP and GA were not included due to previous work in our laboratory 

showing them to be non-toxic at the levels used in the mesocosms (data not shown). See 

Figure 3 for experimental design. 

 

2.2.5 Microcosm Design, Dosing and Sample Collection 

In order to understand how the presence of plants and sediment affected Ag 

toxicity, microcosms were prepared in 1 quart (0.95 L) Ball jars as described in Bone et al. 

[94]. Briefly, 48 microcosms were prepared in 4 separate scenarios (12 of each): water 

only (W), water & sediment (WS), water and plants (WP), and water, plants & sediment 

(WPS). Each microcosm contained 600 mL water. Microcosms with soils received 200 g 
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field most soil and those with plants received 3 g of Potamogeton diversilfolius and 6 g of 

Egeria densa. Water was circulated between the microcosms to achieve consistent water 

chemistry. Each scenario was then dosed with AgNO3, GA Ag-NP, or PVP Ag-NPs in 

triplicate at a nominal dose of 2.0 mg/L Ag. As with the mesocosms, treatments other 

than AgNO3 received equivalent nitrate as KNO3. After incubation for 24 hours at 25°C 

on an 18 h light: 6 h dark cycle with cool fluorescent lamps, water samples were taken 

from the microcosms and mixed 1:1 with 2X EPA moderately hard water [105] for use in 

acute toxicity testing in order to achieve an adequate pH. 

 

2.2.6 F. heteroclitus Acute Toxicity Testing 

Killifish embryos were screened for normal development at the 4-8 cell stage and 

immediately dosed in 0.2 mL/embryo of mesocosm, laboratory incubated, or microcosm 

sample in 96-well plates with 24 individuals per treatment. Killifish larvae (6 days post 

hatch, dph) were dosed in 1 mL/larvae of sample in 48-well plates with 24 individuals 

per treatment. Experiments were screened for mortality at 24 and 48 hours post dosing 

(hpd).   

2.2.7 C. elegans 3-day growth assay 

We measured growth over 3 days in developing (1st larval stage, “L1,” to 

adulthood) C. elegans exposed to mesocosm water. Precisely age-matched L1s were 

obtained via bleaching (a treatment that destroys all stages except eggs) and overnight 
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hatch of embryos in the absence of food, as described [106, 107]. Mesocosm water was 

amended by addition of the same volume of 2X moderately hard EPA water [105] to 

attain a final ionic strength equivalent to EPA water (1X). Exposures were carried out in 

96 well plates. Four replicate dosing wells were assigned for each exposure, with 50 

nematodes per well. Ultraviolet radiation-killed bacteria (UVRA strain; a gift from 

Bennett Van Houten) was used in the experiment to eliminate any potential indirect 

effects of the exposures on food quality, as described [102]. Food density was optimized 

through preliminary trials to ensure addition of only the minimally required food for 

optimal growth, due to the significant mitigation of bacterial food on silver toxicity [88]. 

Growth was quantified by measuring the length (time of flight; TOF) and optical density 

(extinction; EXT) of the nematodes 24, 48 and 72 hours after the onset of the assay, using 

a COPAS Biosort (Union Biometrica, Holliston, MA, USA). 72 hours is approximately 

the time required to reach adulthood under these experimental conditions. Details of the 

growth assay have been described previously [21].  

2.2.8 Statistical Analysis 

F. heteroclitus experiments: Effects of treatment, matrix, and timepoint on toxicity 

for F. heteroclitus experiments were determined by multivariate ANOVA with post-hoc 

analysis using Tukey HSD test, with p < 0.05 considered significant. Statistical replicates 

were considered to be either by individual mesocosm/microcosm or by overall 
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experiment for laboratory prepared samples with n = 2-8. All statistics were performed 

with JMP 10.0 (SAS Institute Inc., Cary, NC, USA). 

C. elegans experiments: The 3-day growth assay yields both TOF and EXT values, 

which are highly correlated values associated with worm length and optical density, 

respectively [21]. We used EXT values and then compared to control for each sample 

[108, 109]. To test the effect of treatment on nematode growth, we used R (SAS institute) 

to carry out data plotting and the non-parametric Wilcoxon rank sum test, with p < 0.05 

considered statistically significant. Experiments comparing mesocosm samples to 

laboratory samples for C. elegans were not performed. 

2.3 Results 

2.3.1 Toxicity of Silver Incubated in Mesocosms and in Laboratory to 
F. heteroclitus Embryos 

 Laboratory samples caused significant mortality for 2 mg/L GA Ag-NP 

and 0.9 mg/L AgNO3 at both 24 (ANOVA, Tukey HSD) and 48 hpd (Figure 4). AgNO3 

was more toxic than GA Ag NPs at 24 hpd, but by 48 hpd they were not significantly 

different. None of the silver mesocosm samples were more toxic than samples from 

control mesocosms at 24 or 48 hpd (ANOVA, p > 0.05). Both GA Ag-NP and AgNO3 

toxicities were significantly reduced by having the NP incubated in the mesocosms 

rather than the laboratory. Toxicity was not elevated above controls for either laboratory 

or mesocosm samples of 2 mg/L PVP Ag-NP.  
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2.3.2 Toxicity of Silver Incubated in Mesocosms and in Laboratory to 
F. heteroclitus Larvae 

Laboratory samples caused significant larval mortality for 2 mg/L GA Ag-NPs 

and 0.9 mg/L AgNO3 at both 24 and 48 hpd (ANOVA, Tukey HSD) (Figure 5). 2 mg/L 

PVP Ag-NP toxicity was not significantly different from controls. For mesocosm 

samples, the patterns for larvae differed from embryos. GA Ag-NPs were significantly 

more toxic than controls at both 24 and 48 hpd. PVP Ag-NPs were not significantly 

different from controls at 24 hpd but were by 48 hpd, although less toxic than GA Ag-

NPs. Therefore, by 48 hpd, samples from both NP-dosed mesocosms were significantly 

more toxic than controls and AgNO3. Mesocosm AgNO3 samples were much less toxic 

than laboratory samples at both 24 and 48 hpd, mirroring the embryo results. While 24 

hpd mortality for GA Ag-NPs was reduced by incubation in the mesocosm, that 

reduction disappeared by 48 hpd. By 48 hpd, toxicity for PVP Ag-NPs was significantly 

increased by incubation in the mesocosm as opposed to laboratory samples. Thus, not 

only were both types of NP more toxic in mesocosms than AgNO3, but incubations that 

took place in the mesocosms actually increased the toxicity of PVP Ag-NPs, although 

toxicity was still quantitatively less than that observed for GA Ag-NPs and AgNO3.  

2.3.3 Toxicity of Silver Incubated in Mesocosms to C. elegans 

All treated mesocosm water samples induced significant growth inhibition in C. 

elegans except for the PVP only treatment (p = 0.051, compared to p < 0.001 for all other 

treatments) (Figure 6).  2 mg/L PVP Ag-NPs, 2 mg/L GA Ag-NPs and 0.9 mg/L AgNO3 
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induced 21%, 45% and 25% growth inhibition, respectively. Thus, as with killifish, the 

GA Ag-NPs were the most toxic form of silver in the mesocosms.  

2.3.4 Toxicity of Silver Incubated in Microcosms to F. heteroclitus 
Larvae 

In order to test the hypothesis that the presence of plants and sediment were 

responsible for the unexpected pattern of Ag-NP toxicity observed in the mesocosms 

and in the laboratory for larvae, we carried out additional experiments in which we 

exposed F. heteroclitus larvae to samples from laboratory microcosms with water only, 

water + sediment, water + plants, and water + plants + sediments were used. PVP Ag-

NPs were not significantly more toxic than controls in any matrix (Figure 7).  AgNO3 

was more toxic than both types of NPs and controls in all matrices at 24 and 48 hpd. GA 

Ag-NPs were more toxic than controls for all matrices except plants + sediment at 24 

hpd, but by 48 hpd were more toxic in all four matrices.  

 

2.4 Discussion 

The goal of this study was to use a large scale replicated mesocosm approach to 

compare the toxicities of AgNO3, PVP Ag-NPs, and GA Ag-NPs incubated in a 

simulated freshwater wetland ecosystem to the same forms of silver incubated in control 

mesocosm water in the laboratory using early life stage Atlantic killifish (Fundulus 

heteroclitus) as a model organism. Mesocosm samples were also tested using C. elegans 

exposed throughout their developmental trajectory (first larval stage to adulthood). 
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Finally, we compared the results of our mesocosm toxicity testing to a parallel study 

conducted in microcosms using the same NPs in order to determine the role that 

different environmental compartments (water, plants, sediment) play in modifying 

silver toxicity.  

In the experiments using laboratory samples, both types of Ag-NPs were less 

toxic than AgNO3 on a silver mass basis over the 48 hour exposure period. Embryos 

exposed to mesocosm samples, however, were completely protected from toxicity, 

despite the fact that the total levels of silver were the same (Figure 4). These changes 

likely relate to the fact that at the time that samples were taken from the mesocosms, 

several water chemistry parameters had changed in mesocosms dosed with silver, but 

not controls. Most notably, levels of DOC increased by 20 mg C/L over initial DOC 

concentrations (12.5 +/- 0.4 mg C/L) for AgNO3 and GA Ag-NP mesocosms and by about 

5 mg C/L for PVP Ag-NP mesocosms [104]. The most likely source of DOC was from 

submerged aquatic plants releasing DOC as a response to Ag exposure. This release of 

silver could be due to leakage of cellular contents due to death, but some studies have 

also shown that plants have the ability to release small molecular weight organic 

compounds as a means of binding silver and reducing its bioavailability [103]. A 

previous study found that in microcosms with aquatic plants dosed with Ag-NPs, the 

plants released a compound that may have been involved in reducing water 

concentrations and bioavailability of silver and ultimately reducing its toxicity to 
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zebrafish (Danio rerio) embryos [94]. DOC also reduced toxicity to silver and Ag-NPs in 

C. elegans [88]. Binding of silver to organic carbon is known to effectively reduce its 

toxicity [110]. In addition, Ag-NP toxicity in general can be reduced in the presence of 

DOC [111]. Since the samples prepared in the laboratory consisted only of the starting 

mesocosm water without the input of additional DOC (12.5 mg C/L), this increased level 

of DOC could be responsible for the reduced toxicity to killifish embryos. Even though 

the levels of silver in the mesocosm samples and the laboratory prepared solutions were 

the same and started out in the same water, after 24 hours of incubation the silver in the 

mesocosms was exposed to this DOC and likely some percentage of the silver became 

bound to it, while the silver in the laboratory samples did not. Thus, this reduction could 

be dependent on the interaction of the silver with plants.  

 In addition, water column chloride increased in all silver treated mesocosms 

over the first 24 hours. Compared to the control level of 0.30 ± 0.12 mg Cl-/L, AgNO3 and 

GA Ag-NP treated mesocosms increased to 2.2 ± 0.24 mg Cl-/L while PVP Ag-NP treated 

mesocosms only increased to 0.77±0.48 mg Cl-/L [104]. This increase in chloride, like the 

increase in DOC, was likely due to the release of intracellular plant contents. While these 

increases do not seem as dramatic as the DOC increase, Visual MINTEQ modeling 

suggests that the increased chloride levels could have had a more significant influence 

on the speciation of silver. Using the chloride levels in controls, ~0.30 mg Cl-/L, results in 

a system in which Ag+ dominates [104]. This would correspond to the chloride levels in 
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the laboratory samples. However, when calculating speciation using the increased 

chloride levels observed in silver treated mesocosms, the system becomes dominated by 

Ag(Cl)(solid). Toxicity of silver to fish is dependent on the speciation of silver; and 

Ag(Cl) species, both solid and dissolved, are significantly less toxic than Ag+ [110]. Thus, 

the increased Ag(Cl) corresponds to the reduced toxicity to embryos that was seen in 

mesocosm samples.  

 However, the patterns for killifish larvae were very different. While a 

similar pattern of protection was observed for AgNO3, the NP toxicity to larvae was not 

reduced in the mesocosm samples compared to laboratory samples (Figure 5). For GA 

Ag-NPs, the toxicity was not significantly different over the 48 hour exposure period 

from the laboratory sample toxicity of 100%. In contrast, for PVP Ag-NPs, the toxicity 

was significantly increased in mesocosms compared to laboratory samples. Clearly, the 

alterations in silver complexation and possibly bioavailability that resulted in decreased 

embryo toxicity for NPs did not translate to the same patterns in larval fish, and were 

coating dependent. In addition, the C. elegans data exhibited a similar pattern in which 

GA Ag-NPs were the most toxic Ag treatment in the mesocosms while AgNO3 exhibited 

minimal toxicity (Figure 6). Although complementary experiments comparing these 

mesocosm results to laboratory samples prepared in the same initial starting water as 

the mesocosms were not performed, previous research shows that increasing the 

chloride content of the media used can reverse the order of toxicity for GA Ag-NPs 
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compared to AgNO3 for C. elegans [21]. Although the GA coating itself also caused some 

growth inhibition, the effect while statistically significant was not large. This indicates 

that the toxicity of GA Ag-NPs to fish larvae and to nematodes is not as readily 

ameliorated by mesocosm conditions as AgNO3. Despite not having matching 

laboratory comparison data, the replication of this pattern in an invertebrate species and 

using a sublethal endpoint (growth inhibition) is intruiging. 

In general, larval fish are more sensitive to metals toxicity than embryos or 

adults [112]. This is supported by our data showing that in spiked laboratory samples of 

AgNO3 and GA Ag-NPs, embryos exhibited slightly less mortality than larvae (See 

Figure 4 and Figure 5). McNulty et al. [112] suggest that this increased sensitivity could 

be due to the transition from cutaneous to branchial respiration, leading to increased Ag 

uptake from simultaneous use of both respiratory pathways. They also suggest that 

increased sensitivity could be due to the sensitivity of gills as a target site for metals 

toxicity in larvae. Finally, the chorion could be acting as a barrier to Ag uptake [91] 

 Therefore, the reduction of toxicity for GA Ag-NPs in mesocosms seen for 

embryos that was not seen for larvae could be occurring because the level of GA Ag-NPs 

(2 mg Ag/L) could be closer to the threshold where mortality goes below 100% for 

embryos than it is for larvae, i.e. the mesocosms could exhibit the same protective effect 

for larvae if the concentration of GA Ag-NPs was closer to that threshold. The reduction 

in 24 hpd mortality for mesocosm GA Ag-NPs when compared to laboratory-incubated 
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GA Ag-NPs at 24 hpd supports that some rescue might be occurring, although this 

difference disappears by 48 hpd (Figure 5).  

However, this does not explain the increased mortality for PVP Ag-NPs in 

mesocosm samples vs. laboratory samples. In order to further explore this result, 

microcosm experiments were used to elucidate the role that plants and sediments play 

in influencing toxicity killifish larvae. Microcosms allowed us to manipulate the 

conditions we used in a way that can not be done with mesocosms but with an increased 

level of complexity over conventional laboratory studies. While the same increases in 

DOC and chloride were evident in microcosms containing plants [94], PVP Ag-NP 

toxicity was not found to be increased in the presence of plants, sediment, or plants + 

sediment when compared to microcosms containing only water (Figure 7). In addition, 

there was no protective effect of higher complexity on AgNO3 toxicity, and AgNO3 was 

the most toxic silver treatment. These results are not in line with what was seen in the 

mesocosm results and thus while these data suggest that although the microcosms 

simulated the mesocosms in some ways, they were not capable of replicating the larger-

scale mesocosm experiment. The presence of plants does not appear to reduce toxicity to 

killifish larvae for AgNO3 at similar levels, while the presence of plants and sediments 

does appear to decrease toxicity for GA Ag-NPs at 24 hpd (Figure 7). A possible 

explanation for these findings is that unlike the mesocosms, the microcosms were not 

subject to intense UV light from sunlight.  
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In the presence of DOC and UV, Ag+ can form Ag-NPs [113], and in the presence 

of PVP these particles can change in shape. The presence of UV in the mesocosms could 

be resulting in fluctuation between types of nanoparticles that alters their toxicity, as 

toxicity has been shown to be shape dependent [13]. UV light has also been shown to 

destabilize both PVP and GA Ag-NPs resulting in decreased toxicity to Lolium 

multiflorum [24]. This is especially relevant to fish because their exposure can be directly 

related to the location of the NPs in the dosing medium.  As more stable particles are 

more evenly distributed throughout the exposure medium, they could interact more 

readily with a free-swimming larval fish. Another study showed that simultaneous 

exposure to UV light and NOM can increase the rate of Ag+ dissolution from PVP Ag-

NPs as well as rapidly reduce the Ag+ to small (4 nm) nanoparticles [25]. While these 

processes ultimately reduced toxicity of the NPs to Daphnia, the changes in the NP 

dissolution, size, and aggregation state could be contributing to the increased toxicity 

seen in this study. In contrast, a study using zebrafish embryos showed that exposure to 

simulated sunlight increased toxicity of PVP Ag-NPs by causing surface oxidation 

which resulted in increased dissolution and bioavailability of silver [23].The 

combination of increased DOC and sunlight could be resulting in stable particles with 

altered shape and/or size, ability to release ionic silver once taken up, and different 

species of Ag-DOM in the mesocosm samples than in samples prepared in the lab. PVP 

Ag-NPs in these microcosms did behave differently from GA Ag-NP in the presence of 
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DOC, particularly in regards to aggregation, as shown in a previous study using the 

same microcosm experimental set up and particles [103]. Finally, while the influx of 

plant-derived DOC in the first 24 hours after mesocosm dosing appeared to reduce 

toxicity for embryos, it is possible given the different mechanisms of uptake in larvae 

and embryos that the species of Ag formed by complexation with DOC could actually be 

subject to increased uptake in larvae. Unfortunately, due to high mortality in several 

treatments, measurement and comparison of Ag uptake was not possible.  
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Figure 3: Experimental design comparing toxicity of 2 mg/L GA Ag-NPs, 2 

mg/L PVP Ag-NPs, and 0.9 mg/L AgNO3 incubated in field mesocosms and in the 

laboratory.  Mesocosm testing was performed by dosing F. heteroclitus and C. elegans 

with water samples taken from the mesocosms 24 hours after dosing and compared to 

laboratory testing done by spiking control mesocosm water with the same types of 

silver at the concentrations they were measured in the mesocosms. 
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Figure 4: 24 and 48 hours post dosing (hpd) % mortality ± SEM of Atlantic killifish (F. 

heteroclitus) embryos exposed to 2 mg/L GA Ag-NPs, 2 mg/L PVP Ag-NPs, and 0.9 

mg/L AgNO3. “Mesocosm” indicates fish were exposed to samples collected from 

mesocosms.  “Laboratory” indicates fish were exposed to equivalent levels of silver 

prepared in the lab. n=2-4 experimental replicates, 24 larvae/sample. Results shown as 

mean ± SEM.  Bars not connected by the same letter are significantly different 

(multivariate ANOVA, Tukey HSD post hoc testing). 
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Figure 5: 24 and 48 hours post dosing (hpd)  % mortality  ±  SEM of Atlantic 

killifish (F. heteroclitus) larvae exposed to 2 mg/L GA Ag-NPs, 2 mg/L PVP Ag-NPs, 

and 0.9 mg/L AgNO3. “Mesocosm” indicates fish were exposed to samples collected 

from mesocosms. Laboratory indicates fish were exposed to equivalent levels of silver 

prepared in the lab.  n=2-8 experimental replicates, 24 larvae/sample. Results shown as 

mean ± SEM. Bars not connected by the same letter are significantly different 

(multivariate ANOVA, Tukey HSD post hoc testing). 
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Figure 6: Size (relative to untreated controls) ± SEM of the nematode C. elegans 

exposed to water samples from mesocosms dosed with 2 mg/L GA Ag-NPs, 2 mg/L 

PVP Ag-NPs, and 0.9 mg/L AgNO3, and appropriate controls. Size was measured as 

optical density 72 hours after development from the first larval stage was initiated, 

which permits growth to adulthood in unexposed nematodes. Optical density 

increases with nematode size. n=4 experimental replicates, 50 larvae/sample/replicate. 

Results shown as mean ± SEM. * indicates statistical significance at p<0.05 using 

Wilcoxon rank sum test. 
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Figure 7: 24 and 48 hours post dosing (hpd) % mortality ± SEM of Atlantic 

killifish (F. heteroclitus) larvae exposed to nominal doses of 2 mg Ag/L GA Ag-NPs, 

PVP Ag-NPs, and AgNO3 from microcosms by treatment and matrix. n = 3 

experimental replicates, 24 larvae/sample. Results shown as mean ± SEM. Bars not 

connected by the same letter are significantly different (multivariate ANOVA, Tukey 

HSD post hoc testing). 
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3. Biotic and Abiotic Interactions in Aquatic Microcosms 
Determine Fate and Toxicity of Ag Nanoparticles: Part 2 
–Toxicity and Ag Speciation 

Reproduced with permission from Environmental Science & Technology, 2012, 

Volume 46, Issue 13, pages 6925-6933. Copyright 2012 American Chemical Society. The 

authors are Audrey J. Bone, Benjamin P. Colman, Andreas P. Gondikas, Kim M. 

Newton, Katherine H. Harrold, Rose M. Cory, Jason M. Unrine, Stephen J. Klaine, Cole 

W. Matson and Richard T. Di Giulio. Minor changes were made for figure numbers and 

formatting consistency. Benjamin P. Colman aided with microcosm design and set up as 

well as dissolved organic carbon quantification. Andreas P. Gondikas performed silver 

speciation analysis. Kim M. Newton performed Daphnia magna toxicity testing. Rose M. 

Cory performed dissolved organic carbon fluorescence spectroscopy.  

3.1 Introduction 

AgNPs have been increasingly used for their anti-microbial properties, with 

production estimates in the United States between 2.8 and 20 tons per year [114]. While 

environmental concentrations are currently unavailable for AgNPs, and potential 

environmental exposures are poorly constrained, the increasing use of AgNPs has raised 

concern over their likely release into aquatic ecosystems [85, 96]. Whether directly 

released as AgNPs, or via formation of secondary incidental nanoparticles, 

environmental exposures are projected to increase and could affect aquatic ecosystems.  



 

44 

The mechanism of ionic silver toxicity to aquatic organisms is well characterized. 

Exposure to silver disrupts ionoregulation via reduction of Na+/K+ ATPase activity and 

can cause significant mortality to fish and aquatic invertebrates at µg L-1and even ng L-1 

levels [94, 115]. In recent years, several studies have investigated AgNP toxicity in vivo in 

aquatic organisms. Lethal and sublethal toxic endpoints for fish are reached in the high 

µg L-1 or low mg L-1 range [116, 117] and the mid to low µg L-1 range for daphnids, [39, 

93] and in general, AgNPs are found to be significantly less toxic on a silver mass basis 

than AgNO3 [13]. While the mechanisms of AgNP toxicity to aquatic organisms are less 

clear, silver ion release is a significant factor [13]. Some studies suggest that AgNP 

toxicity is mediated through a “Trojan-horse” mechanism in which the toxicity is 

mechanistically identical to ionic silver, however, the interaction of AgNPs with the 

media and organism results in differential uptake and biodistribution [118]. 

Alternatively, other studies suggest that AgNP toxicity is a combination of ionic Ag 

toxicity and a NP-specific toxic mechanism such as oxidative stress [93, 116, 119].   

Factors that mediate the interactions of AgNPs with the media and organism in 

this case include surface charge, size, aggregation state, and dissolution rate [13]. These 

determinants are in turn highly dependent on factors such as ionic strength, pH, and 

organic matter quantity and composition [103, 120-122]. Altering any of these 

environmental factors could alter the uptake and toxicity of AgNPs. Thus, exposure 
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scenarios performed in simple media or clean water conditions are not likely to be 

reflective of NP toxicity in the environment.  

Of particular interest in this study was the role of aquatic plants and sediments 

along with their associated organic matter in mediating AgNP toxicity. While the 

amelioration of ionic silver toxicity by organic matter has been well documented, the 

effect of organic matter on AgNP toxicity has gone largely unstudied. Organic matter 

has been shown to result increased NP toxicity due to stabilization of the NP in aqueous 

solution [20]. Organic matter also can increase NP toxicity due to stabilization of the NP 

in aqueous solution [123]. In addition, the type and source of organic matter can control 

the extent and nature of its influence on AgNP toxicity [120]. 

We used a microcosm approach to test whether the presence of sediments, plants, or the 

combination of both and their associated dissolved organic matter (DOM) elevates or 

reduces the acute toxicity of AgNPs to two model aquatic organisms: zebrafish (Danio 

rerio) and Daphnia magna. We hypothesize that the presence of DOM will alter the 

speciation, complexation and aggregation state of Ag; and that these changes will 

influence the toxicity of Ag to zebrafish and Daphnia magna. To understand how 

speciation affects toxicity, we used X-ray absorption near edge spectroscopy (XANES) to 

determine Ag speciation, which is likely to influence bioavailability and toxicity of Ag to 

the organisms. We also studied the aggregation state of AgNPs and complexation of 

dissolved Ag using field flow fractionation coupled with inductively coupled plasma 
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mass spectrometry (FFF-ICP-MS). The results of the FFF-ICP-MS analysis of samples are 

reported in the companion manuscript to this paper and will be referenced in this study 

[124]. Finally, to examine the potential importance of organic matter quality on AgNP 

toxicity, we measured fluorescence excitation-emission matrix (EEMs) spectra to identify 

changes in DOM pools before and after additions of AgNPs. 

3.2 Materials and Methods 

3.2.1 Silver Nanomaterial Synthesis and Characterization 

Gum arabic (GA) AgNPs were prepared and characterized as described in Cheng 

et al.[24] Polyvinylpyrrolidone (PVP) AgNPs were prepared and characterized as 

described in Yang et al.[102] AgNO3 and KNO3 were obtained from Sigma-Aldrich 

(Sigma Aldrich Co., St. Louis, USA).  

3.2.2 Microcosm Design  

Microcosms were constructed using 1-quart mason jars (Ball Corporation, 

Broomfield, USA). Initially, 48 replicate microcosms were prepared by adding 600 ml 

deionized water to 200 g field moist soil (187 g dry). A blended soil was used for these 

experiments (Sands and Soils, Durham, USA) having 64% sand, 23% silt, and 13% clay, 

and loss on ignition of 5.1%. Over 3 months, microcosms were incubated at 22°C in the 

dark to allow sediment and water quality to equilibrate. Four different environmental 

matrices were then established with 12 replicates each: water only (W), water+sediment 

(WS), water+plants (WP), and water+plants+sediments (WPS). To establish sediment free 
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matrices, water was decanted from 24 of the microcosms into separate quart ball jars 

without disturbing the sediment. For matrices with plants, 3 g of freshly harvested 

Potamogeton diversifolius and 6 g of Egeria densa from untreated wetland mesocosms 

maintained in the Duke Forest (Durham, NC, USA) were added to each microcosm.  

3.2.3 Microcosm Dosing 

Microcosms were dosed on the day environmental matrices were established. 

Four treatments were prepared in triplicate for each matrix: control, AgNO3, GA-AgNP 

and PVP-AgNP. Treatments were applied directly to the water column of each 

microcosm at 2 mg L-1 Ag for the Ag treatments, followed by gentle stirring. A 2 mg L-1 

dose concentration was chosen based on preliminary laboratory studies suggesting it as 

a dose high enough to ensure some mortality for all 3 types of silver and also high 

enough to give us samples we could analyze via XANES. Control, GA-AgNP, and PVP-

AgNP also received 0.32 mg L-1 KNO3 to control for the NO3- added with the AgNO3. 

After dosing, microcosms were maintained in a growth chamber for 24 h at 25°C on a 

light cycle with 18 h light: 6 h dark with cool fluorescent lamps with a photosynthetic 

photon flux of 100 µmol m-2 s-1. At 24 h, water samples were taken from the microcosms 

for acute toxicity testing, water quality and Ag characterization, and quantification by 

decanting the water.  



 

48 

3.2.4 Animals: Care and breeding 

 Danio rerio: Adult zebrafish were obtained from Ekkwill Waterlife Resources 

(Ruskin, FL, USA). Cultures were maintained at Duke University. In the laboratory, 

zebrafish were maintained in 60 mg L-1 Instant Ocean®, at 28°C and pH 6.5-7.5 in an 

AHAB flow-through system (Aquatic Habitats, Apopka, FL, USA) on a 14:10 light:dark 

cycle. Fish were fed Artemia franciscana nauplii and a mix of Cyclop-eeze (Argent 

Chemical Laboratories, WA, USA) and Ziegler’s Adult Zebrafish Complete Diet 

(Aquatic Habitats).  Embryos were collected by natural spawning and rinsed with 30% 

Danieau water before dosing [125].  

Daphnia magna: Cultures were maintained at the Clemson University Institute of 

Environmental Toxicology. Daphnia were cultured in reconstituted moderately hard 

water (MHW) using the USEPA Recipe: 190 L 18 MΩ deionized water, 11.4 g CaSO4, 11.4 

g MgSO4, 0.76 g KCl, 18.24 g NaHCO3 [126]. 

3.2.5 Exposure 

For the toxicity experiments, dilutions were necessary for zebrafish (GA-AgNPs 

and AgNO3 treatments) and Daphnia (all treatments) as the treatments resulted in 

mortality rates too high to evaluate the potential of plants and/or sediments to alter 

toxicity. For zebrafish acute toxicity testing, both undiluted samples and samples diluted 

50% with 2X MHW were used. Zebrafish embryos were screened for normal 

development at the 4-8 cell stage and immediately dosed, individually with 0.2 mL in 
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96-well plates, with n=24 embryos for each microcosm sample. For Daphnia, 48 h static 

non-renewal bioassays were conducted using 1 in 10 dilutions of microcosm water in 

MHW. For each microcosm sample, five D. magna neonates (less than 24 hours old) were 

dosed in 30 mL of diluted sample in glass beakers. Exposures were run in triplicate for a 

total n=15 neonates for each microcosm sample.  

3.2.6 Dissolved Organic Carbon (DOC) Quantification 

To measure dissolved organic carbon—operationally defined as that fraction of C 

in natural organic matter that passes through an ashed 0.7 µm glass fiber filter—filtered 

samples were analyzed for non-purgeable organic carbon on a Shimadzu TOC-V CPH 

(Shimadzu, Columbia, USA). 

3.2.7 Fluorescence Excitation-Emission Matrices (EEMs) Analysis 

Samples for analysis by ultraviolet-visible (UV-vis) absorbance and fluorescence 

were filtered through ashed 0.7 µm glass fiber filters immediately following incubation 

termination and stored at 4°C until analysis within seven days of collection. Analysis of 

UV-vis absorbance and fluorescence was conducted in 1-cm pathlength quartz cuvettes 

on samples diluted 2-fold with lab-grade deionized (DI) water (Dracor, NC, USA) to 

minimize interference from the inner-filter effect. Absorbance spectra were measured 

using a USB4000-USB-ISS-UV/VIS spectrophotometer (OceanOptics, FL, USA). 

Fluorescence excitation-emission matrices (EEMs) were measured using a Fluorolog-321 

spectrofluorometer with a synapse charge-coupled device (CCD) detector in ratio mode 
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(Horiba Jobin Yvon, NJ, USA). Intensities in EEMs are reported in Raman Units (RU) 

following normalization to the area under the water Raman peak at excitation of 350 nm 

from the blank EEM.  

Changes in the quality of the fluorescent fraction of DOM were quantified as 

changes in the fluorescence index (FI), a proxy for DOM source, [103] and as emission 

intensity in the three characteristic peak regions A, C, and T related to humic and 

protein-like moieties [127].  The FI was calculated as the ratio of emission intensities at 

470 and 520 nm at excitation 370 nm [128].   Emission intensity at peaks A, C, and T was 

evaluated at excitation/emission pairs 250/450, 350/450, 275/340 (nm/nm), respectively, in 

RU [127]. 

It is not possible to quantify what fraction of DOM is fluorescent, thus analysis of 

the FI and emission intensity at peaks A, C, and T are qualitative measures of a shift in 

DOM quality.  For example, high FI values are indicative of less aromatic DOM sources 

derived from bacterial and algal precursors, while lower FI values correlate with greater 

aromatic content derived from the breakdown of higher plant and soil organic matter 

[103]. Peaks A and C are both associated with humic soil organic matter (Figure 10). 

Peak T is described as tryptophan-like or protein-like due to its similarity to the 

fluorescent signature of the indole ring of tryptophan and is often correlated with 

bacterial or algal processing of DOM [8, 83]. However, peak T can also reflect releases of 

very fresh plant matter [84, 93]. 
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3.2.8 Silver Speciation  

The speciation of silver containing particles in the water column was studied 

using silver L3-edge X-ray absorption near edge spectroscopy (XANES), which gives 

insight into the oxidation state of silver and its local atomic coordination. Approximately 

100 ml of water decanted from the silver treated microcosms were first prefiltered 

through a 0.7 µm glass fiber filter, and then were passed through 0.025 µm filters (VSWP 

Millipore) fitted on a glass vacuum filtration apparatus to separate and collect AgNPs 

and Ag+ associated with particles and colloids from dissolved silver. The 0.025 µm filter 

membrane was stored at -20 ˚C for one hour, freeze dried, and stored in a desiccator 

before XANES analysis. XANES spectra of the sample filters and reference materials 

were collected at room temperature in fluorescence mode at the Stanford Synchrotron 

Radiation Lightsource (SSRL) on beam-line 4-3. Background subtraction and 

normalization were performed on spectra using SixPack and Athena software packages 

following standard procedures [129, 130]. Least-squares combination fitting (LCF) was 

performed between the samples and two reference compounds within the energy range 

from 20 eV before the adsorption edge (3351 eV) and 20 eV after the edge [131, 132]. 

LCFs were ranked based on the three fitting parameters R factor, χ2, and reduced χ2, 

better fits having lower R, χ2, and Δχ2 values. The most likely reference compounds (as 

determined from the fitting parameters) were then used in three component LCFs to test 
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the relative contribution from each one. Errors reported for individual components are 

calculated by the software’s least squares fitting module. 

3.2.9 Statistical Analysis 

Matrix effects on organic matter quantity and quality and acute toxicity were 

determined by one-way ANOVA by treatment with post-hoc analysis using Holm-Sidak 

comparison of means SigmaStat 4 (Systat Software Inc., San Jose, CA, USA).  Pearson’s 

analyses were performed using JMP 9.0 (SAS Institute Inc., Cary, NC, USA). A p-value 

of ≤0.05 was considered significant in all analyses. 

3.3 Results  

3.3.1 Silver Nanomaterial Synthesis and Characterization. 

PVP-AgNPs had a nominal size by transmission electron microscopy (TEM) of 

49.3 ± 22.5 nm while GA-AgNPs had a nominal size of 12.0 ± 9.2 nm. TEM images and 

analysis are available in supplementary information (Figure 8).  Hydrodynamic 

diameter and zeta potential of the NPs were also determined and are available in Unrine 

et al.[124] The zeta potentials for the GA-AgNPs and PVP-AgNPs in DI water at pH 5.8 

were -46.3 ± 6.8 mV and -23.0 ± 10.0 mV, respectively.  In 50% synthetic moderately hard 

water19 at pH 6.8, the zeta potentials were -19.4 ± 4.38 mV and 2.97 ± 10.5 mV for GA-

AgNPs and PVP-AgNPs, respectively [124]. 
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3.3.2 Effect of Matrix on Water and DOM Quality 

There was no pattern in pH among the different matrices, with average pH 

values of 6.0 to 6.5 (data not shown).  In the control treatments, there was no detectable 

change in DOC concentration across all matrices. In Ag-treated microcosms, however, 

there was an increase in DOC in matrices containing plants (i.e., WP and WPS), with the 

magnitude of the increase in DOC varying with the Ag treatment. The AgNO3-dosed 

microcosms had the largest increase in DOC, GA-AgNP-dosed microcosms had a similar 

increase, and PVP-AgNP-dosed microcosms had the smallest increase (Figure 9). In WS 

and W matrices, there was no detectable change in DOC concentration. The increase in 

DOC in PVP-AgNP-treated WP microcosms was not statistically significant due to an 

outlier in this matrix causing an increase in variance. Due to the strong trend of an 

increase in DOC concentration in WP and WPS matrices, discussion of the DOC results 

will assume a significant increase in PVP-AgNP-treated matrices with plants compared 

to those without. 

Changes in the DOM pool across environmental matrix and treatment were 

evaluated via changes in fluorescence index (FI) and changes in the intensity of three 

dominant fluorescence peaks A, C, and T, which were not correlated to water pH across 

treatment and matrix combinations. Analysis of DOM fluorescence showed the greatest 

change in WP and WPS matrix microcosms treated with GA-AgNPs and AgNO3 

compared to the controls. The FI decreased in Ag-treated waters, but the magnitude 
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depended on treatment and matrix (Figure 10). The decrease in FI was most pronounced 

in WP and WPS matrices treated with GA-AgNPs and AgNO3 relative to controls with a 

smaller, though non-significant, decrease (ANOVA, p=0.21) also observed in WP and 

WPS matrices treated with PVP-AgNPs.  Similar to the pattern in FI in matrices with 

plants, there was a shift in DOM composition as demonstrated by increases in 

fluorescence intensities in Ag-treated microcosms at peaks A, C, and T, relative to 

matrices without plants, with peak T often exhibiting the largest increase. The 

magnitude of the fluorescence intensity increase varied with the Ag type; WP and WPS 

matrices treated with GA-AgNPs and AgNO3 exhibited statistically significant increases 

in peak T intensity relative to W and WS, while WP and WPS matrices treated with PVP-

AgNPs exhibited a modest but non-significant increase (ANOVA, p=0.48) (Figure 9). 

Increases in peaks A and C were also observed in all Ag treatments in WP and WPS 

matrices (Figure 10), but increases were not as large as those for FI and peak T.   

3.3.3 Ag Speciation  

Silver speciation analysis using X-ray absorption spectroscopy showed partial 

oxidation of silver for the suspensions exposed to the microcosm media (Figure 11). 

Complexation in the first coordination shell of Ag with several ligands was also 

observed in most cases. PVP-AgNP remained intact to a large extent in all media. LCF of 

samples with reference materials showed that in all media the majority of silver in the 

PVP-AgNPs was zero valent (92.4% to 95.5% of total silver) (Table 2 through Table 9). 
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The oxidized silver was likely complexed to an inorganic ligand, such as chloride or 

iodide, or organic matter. AgNO3 in all media was mostly complexed to chloride (69.0% 

to 88.2%) (Table 10 through Table 17). The remaining Ag appeared to be complexed to 

iodine and/or sulfide, but other components not included in our analysis are possible as 

indicated by the relatively poorer fitting results. In certain cases it was difficult to 

distinguish between AgCl and AgBr (e.g., Table 14) because of the very similar XANES 

spectra of the two compounds (Figure 11), but chloride is expected to be in far excess of 

bromide in our media. The most diverse speciation was observed for GA-AgNPs. In 

water microcosms (W), GA-AgNPs were comprised of mostly zero valent Ag (92.5% to 

97.6%) (Table 18 and Table 19). In water and sediment media (WS), less silver remained 

in the zero valent state (80.5% to 85.6%), while the rest was most likely complexed to 

inorganic ligands (Table 20 and Table 21). The presence of plants (WP) appeared to 

further enhance silver oxidation with approximately one third of Ag remaining as zero 

valent (67.6% to 69.2%) and the appearance of a cysteine-like (22.1% to 23.2%) and oxide 

(4.6% to 5.8%) complex (Table 22 and Table 23). The observed complexation of Ag to a 

cysteine-like moiety, could be a simple Ag-thiol bond, but a contribution from the amine 

or carboxyl groups is also possible. In the media with both plants and sediment (WPS), 

approximately half of Ag was zero valent (52.8% to 58.8%), while the rest was 

complexed with thiols (26.3% to 33.0%) and O or Br (11.0% to 13.2%) (Table 24 and Table 

25). Thiol containing organic compounds, such as amino acids and proteins are highly 
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reactive towards AgNPs [121, 133]. Overall, the XANES data show that PVP-AgNPs 

remained intact for the most part in all media; AgNO3 mostly formed AgCl complexes 

that were captured during filtration; and GA-AgNPs were susceptible to oxidation and 

ligand binding. 

3.3.4 Acute Toxicity 

With the exception of PVP-AgNP treatments for zebrafish, all treatments were 

diluted for zebrafish (1:1) and Daphnia (1:9). No significant differences in mortality for 

zebrafish were seen between matrices within the PVP-AgNP treatment (ANOVA, 

p=0.057) due to high variability between microcosms (Figure 12). However, the WP and 

WPS matrices had lower mortality for zebrafish (8% ± 5% and 10% ± 4% mortality) when 

compared to the W matrix (74% ± 16%). The strong trends seen in this data support a 

protective role of plants against PVP-AgNP toxicity and discussion will continue on 

under this assumption. For Daphnia, only the WP matrix (20% ± 10%) was significantly 

different from the W (83% ± 17%) matrix, while neither the WS (80% ± 12%) nor WPS 

(33% ± 12%) were significantly different from the W matrix (ANOVA, p=0.016) (Figure 

12). Again, the strong trends in this data support the assumption that plants, whether 

alone or in combination with sediment, are protective against PVP-AgNP toxicity and 

discussion will continue on under this assumption.   

Mortality of zebrafish in the GA-AgNP treatment for WP (19% ± 4%), WPS (6% ± 

4%), and WS (35% ± 9%) matrices were all significantly lower than in the the W matrix 
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(81% ± 13%) (Figure 12). For Daphnia, no significant differences in mortality were seen 

between matrices within the GA-AgNP treatment (ANOVA, p=0.073) (Figure 12). 

However, trends in the data strongly suggest that the WPS matrix (57% ± 18%) was 

protective against silver toxicity compared to W (100%), and neither WP (87% ± 13%) 

nor WS (100%) matrices were different from W.  

Mortality of zebrafish when exposed to AgNO3, was significantly lower in the 

WP (67% ± 10%) matrix compared to the W (100%) matrix, while WPS (83% ± 8%), WS 

(100%), and W (100%) matrices were not significantly different from each other (Figure 

3B). For Daphnia, none of the matrices were significantly different from each other 

(ANOVA, p=0.13) (Figure 12). While a slight reduction in mortality was seen in the WPS 

(77% ± 15) matrix, the result was not significantly different from W (100%). Again, the 

trends seen in this data support that plants, whether alone or in combination with 

sediment, can be protective against Ag toxicity and discussion will continue on under 

this assumption. 

3.3.5 Correlates of Toxicity  

To determine the extent to which AgNP fractionation and speciation related to 

toxicity, we correlated these factors with % mortality by treatment (Table 26). The 

strongest predictor of toxicity within Ag treatment was total concentration of unfiltered 

Ag (data available in Unrine et al.)[124] The concentration of silver correlated strongly 

with percent mortality for both Daphnia and zebrafish regardless of environmental 
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matrix within a given form of silver (Figure 13), yielding environmentally mediated 

dose-response curves. For zebrafish, this pattern was strongest for unfiltered GA-AgNP 

and PVP-AgNP (r=0.89 and r=0.79, respectively; Table 26), whereas the dose-response 

curves for AgNO3 were much steeper, non-linear, and had 100% mortality at much 

lower concentrations than the AgNPs. The same pattern held true for Daphnia (r=0.63, 

r=0.84). The concentration of GA-AgNPs passing through a 0.7 µm filter also correlated 

to toxicity of both zebrafish (r=0.79) and Daphnia (r=0.72), while the concentration of 

PVP-AgNPs after filtration (0.7-µm) did not. In addition, for GA-AgNP the percent of 

Ag present as primary, unaggregated particles as measured by asymmetrical flow field 

flow fractionation-inductively coupled plasma mass spectrometry (AF4-ICP-MS) 

correlated positively with toxicity for both zebrafish and Daphnia (r=0.77, r=0.53). The 

same held true for percent of Ag present as Ag0 as measured by XANES (r=0.88, r=0.65).  

3.4 Discussion 

The nature of the environmental matrix in this experiment had a clear effect on 

the acute toxicity of Ag to both vertebrate and invertebrate aquatic organisms, with the 

strongest effect being a reduction in toxicity following exposures of Ag in the 

microcosms containing plants. Sediment-only matrices (WS) appeared to be correlated 

to reduced toxicity in some cases (e.g. GA-AgNP in zebrafish), and WPS appeared to 

have a greater effect than plants alone (WP). However, the contribution of sediment to 

protection was minor in comparison to that of plants. This result is not surprising, 
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since—across silver forms—microcosms with plants, and to some extent those with 

sediment alone (WS), had lower silver concentrations than those with only water (W) 

[124].  

The presence of plants and sediment could have reduced Ag concentrations in 

the water column in several different ways. First, the plants themselves could have 

directly sorbed dissolved Ag or AgNPs, thus decreasing silver concentrations in water. 

Plants have been shown to sorb and take up Ag added in either dissolved or NP form, 

though the mechanism and form is not known [134]. The results from the companion 

study suggest that GA-AgNPs were primarily removed from the water column through 

dissolution and subsequent binding of Ag ions to submerged surfaces such as the plants, 

sediment and/or the container walls [124]. On the other hand, plants did not appear to 

increase the dissolution of PVP-AgNPs, but rather stabilized them as primary particles 

and little oxidation of these particles was apparent from our XANES measurements.  

This suggests that removal of PVP-AgNPs from the water column was through direct 

binding of particles. The presence of DOM has been shown to reduce toxicity to aquatic 

organisms for both dissolved Ag and AgNP [13, 120, 135]. The increase of DOC seen in 

the WP and WPS matrices for all Ag treatments may have occurred as a toxic response 

to the Ag by the plants, causing them to release cellular contents as the plants died. This 

is supported by the strong increase in peak T fluorescence intensity in WP and WPS 

matrices, which has in some cases been attributed to organic matter derived from fresh 
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plant material.28, 29 Alternatively, the increased DOC could be from an exudate released 

from the plants as a detoxification mechanism [124]. A large fraction of the Ag was 

observed to be bound to a DOM fraction with a molecular weight of approximately 30 

kDa in the AgNO3 and GA-AgNP treatments. The narrow range of molecular weight of 

the Ag-DOM fraction observed in the AF4-ICP-MS measurements strongly suggests that 

the DOM fraction was an exudate rather than cellular contents, which would have had a 

broad range of molecular weights. 

For PVP-AgNP, AF4-ICP-MS data showed that, while particles were highly 

aggregated in W and WS matrices, mostly primary particles were present in the WP and 

WPS matrices [124]. This increase in stabilization was also likely due to the increase in 

DOC. The presence of DOM has been shown to stabilize nanoparticles in water [20]. A 

decrease in aggregation is generally considered to increase toxicity of AgNP to aquatic 

organisms due to increased bioavailability when the NP is present in the water column 

as opposed to removed from the water column by sedimentation [13, 89]. While this 

could apply to the current study, the increase in DOC that is contributing to increased 

stability could also be coating the nanoparticle and thereby preventing release of Ag+, or 

complexing released Ag+ and forming less bioavailable and/or less toxic Ag complexes 

[13]. Particle-specific toxicity could also be altered, decreasing the reactivity of the 

particles by passivating them or decreasing their affinity for biological surfaces through 

changes in charge or hydrophobicity. XANES data showed little difference in PVP-
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AgNP speciation across all matrices, suggesting that the surface modifications of PVP-

AgNPs that changed their stability and toxicity did not involve the formation of covalent 

bonds between the plant DOM and the PVP-AgNPs.  

In general, GA-AgNPs exhibited greater overall stability against aggregation 

than PVP-AgNPs and were mostly present as primary particles [124]. However, in the 

WP and WPS matrices, a lower concentration of primary particles and an increase in the 

presence of Ag bound to DOM suggests greater susceptibility to oxidation and 

subsequent binding by DOM. The greater stability of GA-AgNPs could be contributing 

to the increased toxicity of GA-AgNP compared to PVP-AgNP in the W matrices, but the 

GA NPs also had greater solubility, so increased Ag+ concentrations were present. 

However, as stated previously, increased stability does not necessarily result in 

decreased toxicity. Unlike PVP-AgNP, speciation differed dramatically amongst the 

matrices. Without plants present, the majority of GA-AgNP was present as the intact 

particle with a small percentage oxidized as AgCl. However, the presence of plants 

appeared to contribute to increased oxidation of Ag, with almost 25% of the Ag present 

as an oxidized form resembling Ag-cysteine. This complex is thought to be 

representative of Ag bound to organic matter, which agrees with the presence of Ag-

DOM complexes seen in the AF4-ICP-MS data [124]. Binding of Ag as Ag-DOM and 

AgCl have been shown to lead to decreased toxicity in aquatic organisms [90]. The 

toxicity of GA-AgNP was correlated to this decrease in the percentage of Ag present as 
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the intact particle; however, since the treatments with fewer intact particles (matrices 

containing plants) also contained less total Ag, this correlation cannot be separated from 

the overall decrease in Ag concentration. Similarly, the P and WPS matrices had a 

greater percentage of Ag bound to DOC [124]. This pattern also holds true for the 

amount of particles present as primary particles as measured by AF4-ICP-MS.  

For AgNO3 treated microcosms, particulate bound Ag was present mostly as 

AgCl across all matrices. However, in the presence of plants, more silver was present as 

Ag bound to thiol-like ligands while in the absence of plants more silver was present as 

Ag2S. These data agree with the AF4-ICP-MS data, which found the presence of Ag-

DOM complexes in microcosms with plants. Overall, mortality rates in AgNO3 

treatments were much higher than those in the AgNP treatments. However, the slight 

decreases in mortality seen in matrices containing plants could, again, be due to the 

complexation of Ag by DOM or the overall decrease in Ag concentration seen in these 

microcosms.  

The presence of aquatic plants reduced toxicity of both AgNPs and 

AgNO3.  While reductions in the overall water column concentrations are the clearest 

explanation, we also observed differences in the aggregation state and dissolution rate of 

the particles, which were coating dependent. Further, a significant proportion of Ag in 

the AgNO3 and GA-AgNP treatment was shown to be bound to an organic substance 

released from the plants [124]. Taken together with the results from the companion 
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paper, we have demonstrated for the first time that Ag either in ionic or nanoparticulate 

form likely stimulates the release of exudates from aquatic plants that ameliorate the 

toxicity of AgNPs or ions to other species.  Interestingly, reductions in water column 

concentrations due to organic matter released from the plants occurred through distinct 

mechanisms depending on particle coating [124]. This is among the first studies to 

suggest that not only abiotic but biotic interactions within aquatic communities can 

modify the concentration, speciation, and toxicity of AgNPs. This should be taken into 

account when attempting to predict ecological consequences of AgNPs in aquatic 

ecosystems based on laboratory assays conducted in simplified exposure media with a 

single species.  
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Figure 8: TEM images and size distribution of PVP-AgNPs and GA-AgNPs. 
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Figure 9: DOM quantity and quality. A) Total DOC concentration (n= three 

experimental replicates).  B) Intensity of peak T (Ex/Em 275/340) in Raman Units (RU) 

(n= three experimental replicates).  C) Fluorescence index (FI) (n= three experimental 

replicates).  Results presented as mean +/- SEM. Bars not marked with the same letter 

represent statistically different matrices within treatment (PVP-AgNP, AgNO3 or GA-

AgNP) (ANOVA, Holm-Sidak  multiple comparison). Treatments with no letters 

indicate p>0.05 (ANOVA) within treatment. 
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Figure 10: Fluorescence intensity of humic DOM peaks by treatment and 

matrix.  A) Intensity of DOM fluorescence at peak A (Ex/Em 250/450) in Raman Units 

(RU).  (n= three experimental replicates)  B) Intensity of DOM fluorescence at peak C 

(Ex/Em 350/450) in RU (n= three experimental replicates).  Results presented as mean 

+/- SEM. Bars not marked with the same letter represent statistically different matrices 

within treatment (PVP-AgNP, AgNO3 or GA-AgNP) (ANOVA, Holm-Sidak multiple 

comparison). Treatments with no letters indicate p>0.05 (ANOVA) within treatment. 
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Figure 11: (a): Silver L3-edge XANES spectra of PVP-Ag NP and GA-Ag NP 

suspensions and AgNO3 in microcosm matrices (W), water and sediment (WS), water 

and plants (WP), and water, plants, and sediment (WPS). (b): Silver L3-edge XANES 

spectra of reference compounds AgO, Ag2O, Ag2CO3, Ag2SO4, AgNO3, Ag3PO4, Ag2S, 

AgCl, AgBr, AgI, Ag(CYS), and the stock PVP- and GA-AgNPs. The adsorption 

energy and fitting range are indicated by dashed vertical lines. 
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Table 2: Two-component LCF for PVP-AgNPs in water 

PVP-W % PVP-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 
AgI 93 (1) 6 (1) 8.1 29.9 26.4 

AgBr 95 (0) 4 (0) 9.1 33.2 29.4 
AgCl 95 (0) 4 (1) 9.7 35.7 31.6 

Ag2SO4 96 (1) 3 (1) 12.7 46.6 41.2 
AgNO3 97 (1) 2 (1) 13.8 50.7 44.9 

Ag(CYS) 94 (2) 6 (2) 14.9 54.5 48.2 
Ag3PO4 98 (1) 1 (1) 15.9 58.5 51.8 
Ag2CO3 100 (0) 0 (0) 30.9 113.3 100.2 

Ag2O 100 (0) 0 (0) 30.9 113.3 100.2 
Ag2S 100 (0) 0 (0) 30.9 113.3 100.2 
AgO 100 (0) 0 (0) 30.9 113.3 100.2 
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Table 3: Three-component LCF for PVP-AgNPs in water 

PVP-W % PVP-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgI, 2: AgBr 93 (1) 5 (1) 1 (1) 8.1 29.7 26.5 
1: AgI, 2: AgCl 93 (1) 6 (1) 0 (1) 8.1 29.9 26.7 

1: AgI, 2: Ag2SO4 93 (0) 6 (0) 0 (0) 8.1 29.9 26.7 
1: AgI, 2: AgNO3 93 (0) 6 (0) 0 (0) 8.1 29.9 26.7 

1: AgI, 2: Ag(CYS) 93 (1) 6 (1) 0 (1) 8.1 29.9 26.7 
1: AgI, 2: Ag3PO4 93 (0) 6 (0) 0 (0) 8.1 29.9 26.7 

1: AgBr, 2: Ag(CYS) 92 (1) 4 (0) 3 (1) 8.7 31.7 28.3 
1: AgBr, 2: AgCl 95 (0) 4 (0) 0 (0) 9.1 33.2 29.7 

1: AgBr, 2: Ag2SO4 95 (0) 4 (0) 0 (0) 9.1 33.2 29.7 
1: AgBr, 2: AgNO3 95 (0) 4 (0) 0 (0) 9.1 33.2 29.7 
1: AgBr, 2: Ag3PO4 95 (0) 4 (0) 0 (0) 9.1 33.2 29.7 
1: AgCl, 2: Ag2SO4 95 (0) 4 (0) 0 (0) 9.1 33.2 29.7 

1: AgCl, 2: Ag(CYS) 92 (1) 4 (1) 4 (1) 9.2 33.7 30.1 
1: AgCl, 2: AgNO3 95 (0) 4 (0) 0 (0) 9.7 35.7 31.9 
1: AgCl, 2: Ag3PO4 95 (0) 4 (0) 0 (0) 9.7 35.7 31.9 

1: Ag2SO4, 2: Ag(CYS) 93 (2) 3 (1) 3 (2) 12.3 45.0 40.2 
1: Ag2SO4, 2: AgNO3 96 (0) 3 (0) 0 (0) 12.7 46.6 41.6 
1: Ag2SO4, 2: Ag3PO4 96 (0) 3 (0) 0 (0) 12.7 46.6 41.6 

1: AgNO3, 2: Ag(CYS) 94 (2) 2 (1) 4 (2) 13.4 49.0 43.8 
1: Ag(CYS), 2: Ag3PO4 93 (2) 5 (2) 1 (1) 14.8 54.2 48.4 
1: AgNO3, 2: Ag3PO4 100 (0) 0 (0) 0 (0) 30.9 113.3 101.1 
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Table 4: Two-component LCF for PVP-AgNPs in sediment 

PVP -S % PVP-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgI 94 (0) 5 (0) 3.0 11.0 9.8 
AgBr 96 (0) 3 (0) 3.5 12.9 11.4 
AgCl 95 (0) 4 (0) 4.1 15.0 13.3 

Ag2SO4 96 (0) 3 (0) 5.2 19.2 17.0 
AgNO3 97 (0) 2 (0) 6.3 22.9 20.3 

Ag(CYS) 94 (1) 5 (1) 7.6 27.7 24.5 
Ag3PO4 97 (1) 2 (1) 8.1 29.6 26.2 

AgO 99 (0) 0 (0) 8.7 31.9 28.2 
Ag2CO3 99 (0) 0 (0) 8.7 31.9 28.2 

Ag2O 100 (0) 0 (0) 29.7 108.5 96.0 
Ag2S 100 (0) 0 (0) 29.7 108.5 96.0 
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Table 5: Three-component LCF for PVP-AgNPs in sediment 

PVP -S % PVP-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgI, 2: AgBr 94 (0) 4 (1) 1 (1) 2.9 10.7 9.6 
1: AgI, 2: AgCl 94 (0) 5 (1) 0 (1) 3.0 11.0 9.8 

1: AgI, 2: Ag2SO4 94 (0) 5 (0) 0 (0) 3.0 11.0 9.8 
1: AgBr, 2: Ag2SO4 96 (0) 3 (0) 0 (0) 3.5 12.9 11.5 
1: AgBr, 2: AgCl 95 (0) 0 (0) 4 (0) 4.1 15.0 13.4 

1: AgCl, 2: Ag2SO4 95 (0) 4 (0) 0 (1) 4.1 15.0 13.4 
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Table 6: Two-component LCF for PVP-AgNPs in plants 

PVP -P % PVP-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgI 95 (0) 4 (0) 1.4 2.5 4.7 
AgBr 97 (0) 2 (0) 1.9 3.4 6.4 
AgCl 97 (0) 3 (0) 2.2 4.0 7.3 

Ag2SO4 97 (0) 2 (0) 2.8 4.9 9.2 
AgNO3 97 (0) 2 (0) 3.3 5.8 10.8 

Ag(CYS) 95 (1) 4 (1) 3.9 6.9 12.9 
Ag3PO4 98 (1) 1 (1) 4.3 7.6 14.2 

AgO 99 (0) 0 (0) 4.6 8.2 15.1 
Ag2CO3 99 (0) 0 (0) 4.6 8.2 15.1 

Ag2O 100 (0) 0 (0) 20.8 36.9 68.4 
Ag2S 100 (0) 0 (0) 20.8 36.9 68.4 
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Table 7: Three-component LCF for PVP-AgNPs in plants 

PVP-P % PVP-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgI, 2: AgBr 95 (0) 4 (1) 0 (0) 1.4 2.5 4.7 
1: AgI, 2: AgCl 95 (0) 4 (0) 0 (0) 1.4 2.5 4.7 

1: AgI, 2: Ag2SO4 95 (0) 4 (0) 0 (0) 1.4 2.5 4.7 
1: AgI, 2: AgNO3 95 (0) 4 (0) 0 (0) 1.4 2.5 4.7 

1: AgI, 2: Ag(CYS) 94 (1) 4 (0) 1 (1) 1.4 2.5 4.6 
1: AgBr, 2: Ag(CYS) 94 (1) 2 (0) 3 (1) 1.6 2.9 5.5 

1: AgBr, 2: AgCl 97 (0) 2 (0) 0 (0) 1.9 3.4 6.5 
1: AgBr, 2: Ag2SO4 97 (0) 2 (0) 0 (0) 1.9 3.4 6.5 
1: AgBr, 2: AgNO3 97 (0) 2 (0) 0 (0) 1.9 3.4 6.5 

1: AgCl, 2: Ag(CYS) 94 (1) 2 (0) 3 (1) 1.9 3.3 6.2 
1: AgCl, 2: Ag2SO4 97 (0) 2 (1) 0 (1) 2.2 3.9 7.4 
1: AgCl, 2: AgNO3 97 (0) 3 (0) 0 (0) 2.2 4.0 7.5 

1: Ag2SO4, 2: Ag(CYS) 94 (1) 2 (0) 3 (1) 2.5 4.5 8.5 
1: Ag2SO4, 2: AgNO3 97 (0) 2 (0) 0 (0) 2.8 4.9 9.3 

1: AgNO3, 2: Ag(CYS) 95 (1) 1 (0) 3 (1) 3.0 5.4 10.2 
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Table 8: Two-component LCF for PVP-AgNPs in plants and sediment 

PVP -PS % PVP-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgI 93 (0) 6 (1) 5.0 18.2 16.1 
AgBr 95 (0) 4 (0) 5.8 21.0 18.6 
AgCl 95 (0) 4 (0) 6.4 23.1 20.5 

Ag2SO4 95 (0) 3 (1) 8.2 29.6 26.2 
AgNO3 96 (0) 2 (0) 9.2 33.5 29.6 

Ag(CYS) 94 (1) 4 (2) 10.8 39.1 34.6 
Ag3PO4 97 (1) 1 (1) 11.3 40.9 36.2 

AgO 98 (0) 0 (0) 11.7 42.2 37.4 
Ag2CO3 98 (0) 0 (0) 11.7 42.2 37.4 

Ag2O 100 (0) 0 (0) 48.8 176.5 156.2 
Ag2S 100 (0) 0 (0) 48.8 176.5 156.2 
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Table 9: Three-component LCF for PVP-AgNPs in plants and sediment 

PVP -PS % PVP-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgI, 2: AgBr 93 (1) 5 (1) 1 (1) 5.0 18.0 16.1 
1: AgI, 2: AgCl 93 (1) 6 (1) 0 (0) 5.0 18.2 16.2 

1: AgI, 2: Ag2SO4 93 (0) 6 (0) 0 (0) 5.0 18.2 16.3 
1: AgI, 2: AgNO3 93 (0) 6 (0) 0 (0) 5.0 18.2 16.3 

1: AgI, 2: Ag(CYS) 93 (0) 6 (0) 0 (0) 5.0 18.2 16.3 
1: AgBr, 2: Ag(CYS) 93 (1) 3 (0) 2 (1) 5.6 20.2 18.0 
1: AgBr, 2: Ag2SO4 95 (0) 4 (0) 0 (0) 5.8 21.0 18.7 
1: AgBr, 2: AgNO3 95 (0) 4 (0) 0 (0) 5.8 21.0 18.7 

1: AgCl, 2: Ag(CYS) 92 (1) 4 (0) 3 (1) 6.0 21.9 19.6 
1: AgBr, 2: AgCl 95 (0) 0 (0) 4 (0) 6.4 23.1 20.6 

1: AgCl, 2: Ag2SO4 95 (0) 4 (0) 0 (0) 6.4 23.1 20.6 
1: AgCl, 2: AgNO3 95 (0) 4 (0) 0 (0) 6.4 23.1 20.6 

1: Ag2SO4, 2: Ag(CYS) 93 (1) 3 (0) 2 (1) 8.0 28.9 25.8 
1: Ag2SO4, 2: AgNO3 95 (0) 3 (0) 0 (0) 8.2 29.6 26.4 

1: AgNO3, 2: Ag(CYS) 94 (1) 2 (0) 2 (1) 9.0 32.7 29.2 
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Table 10: Two-component LCF for AgNO3 in water 

 

AgNO3-W % AgCl % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgI 75 (1) 22 (1) 18.4 56.0 49.5 
Ag(CYS) 87 (0) 11 (1) 19.7 59.7 52.8 

Ag2S 88 (0) 9 (1) 22.2 67.5 59.7 
Ag2SO4 80 (2) 17 (2) 40.1 121.3 107.3 
Ag2CO3 89 (1) 8 (1) 40.6 123.0 108.9 
Ag3PO4 86 (1) 12 (1) 42.9 129.9 115.0 
Ag2O 93 (1) 4 (1) 46.1 139.7 123.6 

AgNO3 88 (2) 9 (2) 56.2 169.9 150.4 
AgO 95 (0) 2 (0) 61.6 186.2 164.8 
AgBr 100 (0) 0 (0) 126.3 381.7 337.8 
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Table 11: Three-component LCF for AgNO3 in water 

AgNO3-W % AgCl % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgI, 2: Ag(CYS) 79 (1) 13 (2) 5 (1) 13.8 41.9 37.4 
1: AgI, 2: Ag2S 79 (1) 14 (2) 4 (1) 15.2 46.3 41.4 

1: Ag(CYS), 2: Ag2S 87 (1) 9 (2) 1 (2) 19.6 59.5 53.1 
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Table 12: Two-component LCF for AgNO3 in sediment 

AgNO3-S % AgCl % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgI 73 (2) 24 (1) 26.3 79.6 70.5 
Ag(CYS) 86 (1) 11 (1) 26.9 81.2 71.9 

Ag2S 87 (1) 10 (1) 27.7 83.5 73.9 
Ag2SO4 77 (2) 20 (2) 44.5 133.7 118.3 
Ag2CO3 87 (1) 10 (1) 44.8 134.9 119.4 
Ag3PO4 83 (1) 14 (1) 47.1 141.6 125.3 
Ag2O 92 (1) 5 (1) 51.7 155.6 137.7 

AgNO3 86 (2) 11 (2) 65.6 197.2 174.5 
AgO 94 (1) 3 (1) 70.1 210.8 186.5 
AgBr 100 (0) 0 (0) 162.6 488.1 432.0 
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Table 13: Three-component LCF for AgNO3 in sediment 

AgNO3-S % AgCl % 2 %3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgI, 2:Ag(CYS) 77 (2) 13 (2) 6 (1) 20.3 61.5 54.9 
1: AgI, 2:Ag2S 78 (2) 11 (2) 5 (4) 21.0 63.5 56.7 

1: Ag(CYS), 2:Ag2S 86 (1) 7 (3) 4 (2) 26.2 79.1 70.6 
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Table 14: Two-component LCF for AgNO3 in plants 

AgNO3-P % AgCl % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgNO3 75 (2) 19 (2) 71.0 204.8 181.2 
Ag2SO4 70 (2) 24 (2) 82.4 236.7 209.5 

AgI 79 (3) 16 (3) 128.5 369.9 327.3 
AgBr 49 (10) 46 (10) 137.1 393.9 348.6 

Ag3PO4 86 (2) 10 (2) 139.9 402.3 356.0 
Ag2CO3 90 (2) 5 (2) 146.5 421.4 372.9 
Ag(CYS) 90 (2) 5 (2) 148.7 427.7 378.5 

Ag2S 92 (2) 3 (1) 154.7 444.7 393.6 
Ag2O 93 (1) 2 (1) 155.6 447.3 395.8 
AgO 94 (1) 1 (1) 157.8 453.6 401.4 
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Table 15: Three-component LCF for AgNO3 in plants 

AgNO3-P % AgCl % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgNO3, 2: AgBr 31 (6) 19 (1) 45 (6) 48.2 138.9 124.0 
1: Ag2SO4, 2: AgBr 17 (7) 26 (2) 52 (6) 51.5 147.7 131.9 
1: AgBr, 2: Ag3PO4 0 (0) 77 (0) 18 (0) 68.0 195.4 174.5 
1: AgNO3, 2: AgI 73 (2) 18 (2) 3 (3) 70.1 201.9 180.3 

1: AgNO3, 2: Ag(CYS) 74 (2) 19 (2) 1 (1) 70.1 202.0 180.4 
1: AgNO3, 2: Ag2SO4 75 (0) 19 (0) 0 (0) 71.0 204.8 182.8 
1: AgNO3, 2: Ag3PO4 75 (0) 19 (0) 0 (0) 71.0 204.8 182.8 
1: AgNO3, 2: Ag2CO3 75 (0) 19 (0) 0 (0) 71.0 204.8 182.8 
1: AgBr, 2: Ag2CO3 0 (0) 83 (0) 11 (0) 77.9 223.8 199.8 

1: AgI, 2: AgBr 6 (10) 22 (3) 67 (8) 81.7 234.9 209.7 
1: Ag2SO4, 2: AgI 70 (0) 24 (0) 0 (0) 82.4 236.7 211.4 

1: Ag2SO4, 2: Ag3PO4 70 (0) 24 (0) 0 (0) 82.4 236.7 211.4 
1: Ag2SO4, 2: Ag2CO3 70 (0) 24 (0) 0 (0) 82.4 236.7 211.4 
1: Ag2SO4, 2: Ag(CYS) 70 (0) 24 (0) 0 (0) 82.4 236.7 211.4 
1: AgBr, 2: Ag(CYS) 0 (0) 84 (0) 11 (0) 87.1 249.9 223.2 

1: AgI, 2: Ag3PO4 78 (3) 13 (4) 4 (3) 126.2 363.2 324.3 
1: AgI, 2: Ag2CO3 79 (0) 16 (0) 0 (0) 128.5 369.9 330.2 
1: AgI, 2: Ag(CYS) 79 (0) 16 (0) 0 (0) 128.5 369.9 330.2 

1: Ag3PO4, 2: Ag2CO3 86 (0) 10 (0) 0 (0) 139.9 402.3 359.2 
1: Ag3PO4, 2: Ag(CYS) 85 (2) 8 (3) 1 (2) 139.3 400.7 357.7 
1: Ag2CO3, 2: Ag(CYS) 89 (2) 4 (2) 2 (2) 145.2 417.5 372.8 
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Table 16: Two-component LCF for AgNO3 in plants and sediment 

AgNO3-PS % AgCl % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgNO3 74 (2) 20 (2) 70.4 201.5 178.3 
Ag2SO4 69 (2) 25 (2) 83.1 237.1 209.8 

AgI 75 (0) 20 (3) 121.6 347.6 307.6 
Ag3PO4 84 (2) 11 (2) 140.9 402.3 356.0 

Ag(CYS) 88 (2) 7 (2) 145.9 416.8 368.8 
Ag2CO3 88 (2) 6 (2) 146.4 418.1 370.0 

AgBr 57 (11) 38 (11) 151.7 433.1 383.3 
Ag2S 90 (2) 4 (1) 155.0 442.8 391.8 
Ag2O 92 (1) 3 (1) 158.7 453.3 401.1 
AgO 94 (1) 1 (1) 164.1 468.7 414.8 
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Table 17: Three-component LCF for AgNO3 in plants and sediment 

AgNO3-PS % AgCl % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgNO3, 2: Ag(CYS) 72 (2) 19 (2) 3 (1) 66.0 188.7 168.5 
1: AgNO3, 2: AgI 70 (2) 18 (2) 7 (3) 66.2 189.4 169.1 

1: AgNO3, 2: Ag2SO4 74 (0) 20 (0) 0 (0) 70.4 201.5 179.9 
1: AgNO3, 2: Ag3PO4 74 (0) 20 (0) 0 (0) 70.4 201.5 179.9 
1: AgNO3, 2: Ag2CO3 74 (0) 20 (0) 0 (0) 70.4 201.5 179.9 

1: Ag2SO4, 2: AgI 68 (3) 23 (3) 3 (3) 82.4 235.2 210.0 
1: Ag2SO4, 2: Ag(CYS) 69 (2) 24 (3) 1 (1) 82.5 235.4 210.2 
1: Ag2SO4, 2: Ag3PO4 69 (0) 25 (0) 0 (0) 83.1 237.1 211.7 
1: Ag2SO4, 2: Ag2CO3 69 (0) 25 (0) 0 (0) 83.1 237.1 211.7 

1: AgI, 2: Ag3PO4 74 (3) 16 (4) 4 (3) 119.5 341.4 304.8 
1: AgI, 2: Ag(CYS) 75 (0) 20 (0) 0 (0) 121.6 347.6 310.3 
1: AgI, 2: Ag2CO3 75 (3) 19 (4) 0 (2) 121.6 347.5 310.3 

1: Ag3PO4, 2: Ag(CYS) 84 (2) 8 (3) 3 (2) 137.6 393.1 351.0 
1: Ag3PO4, 2: Ag2CO3 84 (0) 11 (0) 0 (0) 140.9 402.3 359.2 

1: Ag(CYS), 2: Ag2CO3 87 (2) 4 (2) 4 (2) 142.4 406.7 363.1 
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Table 18: Two-component LCF for GA-AgNPs in water 

GA-W % GA-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

Ag(CYS) 93 (2) 5 (2) 15.6 56.5 50.0 
AgI 96 (1) 2 (1) 16.3 59.2 52.4 

AgBr 97 (1) 1 (1) 16.5 60.0 53.1 
AgCl 97 (1) 1 (1) 16.6 60.3 53.4 

Ag2SO4 98 (0) 0 (0) 16.8 60.8 53.8 
AgNO3 98 (0) 0 (0) 16.8 60.8 53.8 

AgO 98 (0) 0 (0) 16.8 60.8 53.8 
Ag2CO3 100 (0) 0 (0) 76.1 276.0 244.2 

Ag2O 100 (0) 0 (0) 76.1 276.0 244.2 
Ag2S 100 (0) 0 (0) 76.1 276.0 244.2 

Ag3PO4 100 (0) 0 (0) 76.1 276.0 244.2 
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Table 19: Three-component LCF for GA-AgNPs in water 

GA-W % GA-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: Ag(CYS), 2: AgBr 92 (2) 6 (2) 1 (1) 15.2 55.3 49.4 
1: Ag(CYS), 2: AgCl 91 (2) 6 (2) 1 (1) 15.3 55.5 49.5 
1: Ag(CYS), 2: AgI 92 (2) 5 (2) 1 (1) 15.3 55.7 49.7 

1: AgI, 2: AgBr 96 (0) 2 (0) 0 (0) 16.3 59.2 52.9 
1: AgI, 2: AgCl 96 (0) 2 (0) 0 (0) 16.3 59.2 52.9 

1: AgBr, 2: AgCl 97 (0) 1 (0) 0 (0) 16.5 60.0 53.5 
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Table 20: Two-component LCF for GA-AgNPs in sediment 

GA-S % GA-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgBr 86 (0) 11 (1) 10.9 38.2 33.8 
AgCl 85 (1) 12 (1) 13.2 46.4 41.0 
AgI 80 (1) 16 (1) 16.8 58.6 51.8 

Ag2SO4 85 (1) 11 (1) 22.3 77.5 68.6 
AgNO3 88 (1) 8 (1) 28.7 100.0 88.5 
Ag3PO4 86 (1) 10 (1) 40.4 140.4 124.2 
Ag2CO3 92 (2) 3 (2) 58.3 202.4 179.1 

Ag2O 95 (0) 0 (0) 60.5 210.0 185.8 
AgO 95 (0) 0 (0) 60.5 210.0 185.8 

Ag(CYS) 90 (3) 5 (3) 59.3 205.8 182.2 
Ag2S 100 (0) 0 (0) 294.8 1,020.9 903.4 
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Table 21: Three-component LCF for GA-AgNPs in sediment 

GA-S % GA-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgBr, 2: AgI 84 (1) 8 (1) 5 (2) 10.1 35.3 31.5 
1: AgBr, 2: Ag2SO4 85 (1) 10 (1) 1 (0) 10.7 37.6 33.6 
1: AgBr, 2: AgNO3 85 (1) 10 (1) 1 (1) 10.8 37.9 33.8 
1: AgBr, 2: AgCl 86 (0) 11 (0) 0 (0) 10.9 38.2 34.1 
1: AgCl, 2: AgI 82 (1) 8 (1) 7 (2) 11.3 39.7 35.5 

1: AgCl, 2: Ag2SO4 84 (1) 10 (1) 3 (1) 12.6 44.2 39.4 
1: AgCl, 2: AgNO3 85 (1) 11 (1) 1 (1) 12.9 45.1 40.3 
1: AgI, 2: Ag2SO4 81 (1) 13 (2) 2 (2) 16.5 57.6 51.4 
1: AgI, 2: AgNO3 81 (1) 16 (2) 0 (1) 16.8 58.6 52.3 

1: AgNO3, 2: Ag2SO4 85 (0) 0 (0) 11 (0) 22.3 77.5 69.2 
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Table 22: Two-component LCF for GA-AgNPs in plants 

GA-P % GA-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

Ag(CYS) 72 (3) 24 (3) 16.9 28.2 52.3 
AgNO3 90 (1) 6 (1) 29.0 48.4 89.6 
Ag2SO4 90 (1) 6 (1) 32.4 53.9 99.8 

AgI 88 (2) 8 (2) 32.7 54.6 101.2 
Ag3PO4 89 (2) 6 (2) 36.2 60.3 111.7 

Ag2S 84 (4) 11 (4) 36.9 61.5 113.9 
Ag2CO3 90 (2) 5 (2) 37.1 61.8 114.5 

AgBr 92 (1) 3 (1) 39.0 65.0 120.4 
AgCl 92 (1) 3 (2) 40.3 67.2 124.4 
Ag2O 94 (1) 1 (1) 43.0 71.8 132.9 
AgO 95 (1) 0 (0) 43.3 72.1 133.5 
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Table 23: Three-component LCF for GA-AgNPs in plants 

GA-P % GA-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: Ag(CYS), 2: AgNO3 69 (2) 22 (2) 5 (1) 6.9 11.6 21.9 
1: Ag(CYS), 2: Ag2SO4 68 (2) 23 (2) 5 (1) 8.0 13.3 25.2 

1: Ag(CYS), 2: AgI 68 (2) 22 (2) 6 (1) 11.4 19.1 36.0 
1: AgNO3, 2: Ag2SO4 90 (0) 6 (0) 0 (0) 29.0 48.4 91.3 

1: AgNO3, 2: AgI 90 (2) 5 (2) 0 (3) 29.0 48.4 91.3 
1: Ag2SO4, 2: AgI 88 (2) 4 (3) 3 (4) 32.0 53.3 100.5 
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Table 24: Two-component LCF for GA-AgNPs in plants and sediment 

GA-PS % GA-AgNP % Comp 2 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

AgNO3 83 (1) 12 (1) 41.5 141.3 125.1 
AgI 76 (1) 20 (2) 45.4 154.8 137.0 

Ag2SO4 81 (1) 14 (1) 47.6 161.7 143.1 
AgBr 85 (1) 10 (1) 65.6 223.0 197.4 

Ag(CYS) 65 (4) 31 (4) 66.6 226.3 200.3 
AgCl 85 (1) 11 (1) 71.7 244.0 215.9 

Ag3PO4 82 (2) 14 (2) 72.7 247.1 218.7 
Ag2CO3 86 (2) 9 (2) 93.4 317.6 281.1 

Ag2S 88 (4) 7 (4) 108.1 367.3 325.1 
Ag2O 94 (0) 0 (0) 110.6 375.8 332.5 
AgO 94 (0) 0 (0) 110.6 375.8 332.5 
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Table 25: Three-component LCF for GA-AgNPs in plants and sediment 

GA-PS % GA-AgNP % 2 % 3 R · 10-5 χ2 · 10-4 Δχ2 · 10-6 

1: AgNO3, 2: Ag(CYS) 59 (1) 11 (0) 26 (1) 10.4 35.5 31.7 
1: Ag2SO4, 2: Ag(CYS) 55 (1) 13 (1) 28 (1) 10.6 36.0 32.1 
1: AgBr, 2: Ag(CYS) 53 (2) 11 (1) 33 (2) 15.8 53.8 48.0 
1: Ag(CYS), 2: AgCl 50 (2) 35 (2) 12 (1) 17.7 60.4 53.9 
1: AgI, 2: Ag(CYS) 55 (2) 17 (1) 25 (2) 18.5 63.3 56.5 

1: Ag(CYS), 2: Ag3PO4 50 (2) 32 (2) 14 (1) 24.6 83.7 74.8 
1: AgNO3, 2: AgI 79 (1) 8 (2 9 (3) 37.8 128.8 115.0 

1: AgNO3, 2: AgBr 83 (1) 11 (1) 1 (2) 41.3 140.6 125.6 
1: AgNO3, 2: Ag2SO4 83 (0) 12 (0) 0 (0) 41.5 141.3 126.2 
1: AgNO3, 2: AgCl 83 (0) 12 (0) 0 (0) 41.5 141.3 126.2 

1: AgNO3, 2: Ag3PO4 83 (0) 12 (0) 0 (0) 41.5 141.3 126.2 
1: AgI, 2: Ag2SO4 78 (2) 12 (3) 6 (3) 43.0 146.5 130.8 
1: AgI, 2: Ag3PO4 75 (2) 17 (2) 4 (2) 44.0 149.9 133.8 

1: AgI, 2: AgBr 76 (0) 20 (0) 0 (0) 45.4 154.8 138.2 
1: AgI, 2: AgCl 76 (0) 20 (0) 0 (0) 45.4 154.8 138.2 

1: Ag2SO4, 2: AgBr 81 (0) 14 (0) 0 (0) 47.6 161.7 144.3 
1: Ag2SO4, 2: AgCl 81 (0) 14 (0) 0 (0) 47.6 161.7 144.3 

1: Ag2SO4, 2: Ag3PO4 81 (0) 14 (0) 0 (0) 47.6 161.7 144.3 
1: AgBr, 2: Ag3PO4 82 (2) 7 (2) 7 (2) 60.1 204.4 182.5 
1: AgCl, 2: Ag3PO4 81 (2) 7 (2) 8 (2) 64.7 220.0 196.4 

1: AgBr, 2: AgCl 85 (0) 10 (0) 0 (0) 65.6 223.0 199.1 
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Figure 12: Toxicity of microcosm samples by treatment and matrix.  A) Zebrafish 

embryo mortality at 48 hours post dosing using undiluted water samples from each 

microcosm (n= three experimental replicates, 24 embryos/sample).  B)  Zebrafish 

embryo mortality at 48 hours post dosing with water samples from each microcosm 

diluted 2X using EPA MHW (n= three experimental replicates, 16 embryos/sample.  C)  

Daphnia neonate mortality at 48 hours post dosing with water samples from each 

microcosm diluted 10X using EPA MHW (n= three experimental replicates, 5 

neonates/sample).  Results presented as mean +/- SEM.  Bars not marked with the 

same letter represent statistically different matrices within treatment (PVP-AgNP, 

AgNO3 or GA-AgNP) (ANOVA, Holm-Sidak  multiple comparison). Treatments with 

no letters indicate p>0.05 (ANOVA) within treatment. 
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Figure 13: Total Ag measured in the water column vs. toxicity.  Different colors 

(purple, green, red) represent treatment while different shapes represent matrix. 

Plants only and plants+sediment matrices are grouped by solid circles and water only 

and sediment only are grouped by dashed circles in order to denote the effect of 

matrix on Ag concentration and toxicity.  A) Zebrafish embryo toxicity at 48 hours 

post dosing using undiluted water samples from each microcosm for GA-AgNP and 

AgNO3.  Data for PVP-AgNP is reported for 2X diluted water samples from each 

microcosm.  B) Daphnia neonate toxicity at 48 hours post dosing with water samples 

from each microcosm diluted 10X using EPA MHW.   
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Table 26: Pearson’s r correlations between different measures of silver and mortality 

of zebrafish and Daphnia.  *, **, and *** indicate p<0.05, 0.01, and 0.001, respectively.   

 

 

 

 

 

 

 

 

Silver 

GA-AgNPs PVP-AgNPs 

Zebrafis
h (MHW) 

D

aphnia 
Zebrafish(U

ndiluted) 
D

aphnia 

Unfiltered 
0

.89  ** .63 
0.7

9 * .84 ** 

Filtered 
(0.7µm) 

0
.79 * .72 * 

-
0.29 0.51 

Ultrafiltered 
(3kDa) 

-
0.37 .06 

0.1
5 .05 

Ag0 
0

.88 ** .65 
-

0.35 0.40 

Primary 
Particles 

0
.77 * .53 

-
0.70 0.83 ** 
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4. The Role of Ultraviolet Light in AgNP Toxicity 

4.1 Introduction 

AgNPs are currently used mainly for antimicrobial purposes. As their 

production volume has steadily increased in recent years, the environmental 

implications of their use have been widely studied [5]. Although there are no current 

measurements of AgNP incidence in the environment, current estimates range from 

0.088 to 10,000 ng/L in surface waters [12]. Despite a lack of information on 

environmental concentrations of AgNPs, many studies have evaluated their toxicity in 

aquatic environments. 

Toxicity of AgNPs is controlled by their size, shape, coating and aggregation 

state, which are in turn controlled by ionic strength, presence of organic carbon, and 

other environmental factors [90, 92, 97, 136, 137]. In addition, the toxicity of the silver 

itself is controlled by speciation, i.e. binding to organic and inorganic ligands such as 

DOC and chloride [138]. Thus, the complexity of the exposure environment is an 

important factor in assessing risks of AgNPs. Several studies have used mesocosm and 

microcosm approaches to understand the behavior and toxicity of AgNPs in an 

ecologically relevant manner [82, 93-96]. In a comparison of mesocosm and microcosm 

studies, we found that microcosms incubated in a greenhouse facility were not 
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predictive of mesocosm results (Chapters 2 and 3) [82, 94]. We hypothesize that the 

absence of UV light in the greenhouse facility could be the reason for these differences. 

Several studies have shown that UV light can impact the behavior and toxicity of 

AgNPs in several ways. UV light can increase dissolution of Ag+ [139], increase 

aggregation [139] [24] [22], change the size of AgNPs [25] [22], and has been shown to 

facilitate creation of new AgNPs from dissolved Ag+ [139] [25]. Many of these effects are 

attributed to photolysis of organic coatings. In addition, the presence of organic carbon 

appears to play an important role in these changes [140] [25, 113, 141]. Several studies 

have shown that changes in AgNPs induced by UV light can result in either increased or 

decreased toxicity, depending on what changes were seen and what kind of coating was 

used [23-25].  

Understanding the fate and toxicity of AgNPs in environmentally relevant 

scenarios is imperative for forming risk assessments of NPs to aquatic organisms. The 

goal of this study was to determine how irradiation of AgNPs with simulated solar light 

affects their toxicity to embryonic zebrafish. We hypothesized that exposing AgNPs to 

UV light will change their toxicity to embryonic zebrafish and that these changes will 

depend on coating and presence of organic matter. Finally, understanding the risks of 

AgNPs also necessitates understanding how silver acts as dissolved silver and not as a 

nanoparticle. Thus, we also investigated the effects of UV light on silver nitrate and 
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hypothesized that exposure to UV light would cause creation of AgNPs and reduce 

toxicity.  

4.2 Materials and Methods 

4.2.1 Animals 

Adult EkkWill zebrafish (D. rerio; Ekkwill Waterlife Resources, Ruskin, FL) are 

maintained in a recirculating AHAB system (Aquatic Habitats, Apopka, FL) at 60 mg/L 

Instant Ocean, 28°C, and a 14:10 hour light:dark cycle . Fish are fed with Artemia nauplii 

in the morning and a mix of CyclopEeze (Argent Chemical Laboratories, WA) and 

Ziegler’s Adult Zebrafish Complete Diet (Aquatic Habitats) in the afternoon. Embryos 

are obtained by natural spawning, maintained in 30% Danieau media [142] and screened  

for appropriate development before dosing. 

4.2.2 Chemicals 

Details of 7.1 ± 3.3 nm PVP Ag-NP preparation are described in Yang et al. [21]. 

In short, PVP Ag-NPs were prepared by dissolving 10,000 molecular weight (MW) PVP 

(Fisher, Fair Lawn, NJ) in water, adding 0.1 M AgNO3 (Fisher, Fair Lawn, NJ) and 

stirring before addition of 0.08 NaBH4 (Aldrich, Milwaukee, WI). NPs were then purified 

by centrifugation for 3 hours at 112,000x g before redispersion in deionized water. 

Preparation and characterization of 5.9 ± 2.6 nm GA Ag-NPs were as described in Yin et 

al. [134]. Briefly, GA Ag-NPs were prepared by injection of NaBH4 into a mixture of GA 

(Fisher, Fair Lawn, NJ) and AgNO3 while stirring for 10 minutes. NPs were purified by 
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ultracentrifugation at 195,000g prior to redispersion in deionized water. This process 

was repeated three times.  

4.2.3 Solar simulator UV exposures 

An Atlas SunTest CPS+ solar simulator with a solar standard filter (Atlas 

Material Testing Solutions, Chicago, IL) was used to perform all simulated sunlight 

exposures. The solar standard filter simulates solar radiation outdoors as specified by 

DIN 67501, an international standard for solar radiation simulation [143]. Silver 

exposures were performed in 96 well plates at concentrations ranging from 1-5 mg Ag/L 

for GA Ag-NPs, 2-15 mg Ag/L for PVP Ag-NPs and 10-5000 µg Ag/L for AgNO3. 

Solutions were prepared in either 60 mg/L artificial salt water (ASW). Each well received 

200 µL of solution. Plates were wrapped in Saran Wrap to allow UV penetration and 

plates that were intended as no-UV controls were also wrapped in aluminum foil. 

Exposures were performed at 250 watts/m2 lamp output and 28°C for 2 hours to achieve 

a total irradiation of 1800 kJ/m2.  

4.2.4 Zebrafish Embryo Exposures 

After irradiation with solar simulated light, 96 well plates were removed from 

the solar simulator. Each well then received one screened zebrafish embryo at 6-8 hpf. 

Experiments were repeated 3-5 times and16-24 embryos were used per treatment. 

Embryos were maintained at 28 °C on a 14:10 hour light:dark cycle and monitored daily 

for mortality up to 120 hpf.  
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4.2.5 UV-Vis Characterization of AgNPs and AgNO3 

GA Ag-NPs (1.5 ppm), PVP Ag-NPs (5 ppm) and AgNO3 (1 ppm ), UV and no-

UV, were analyzed using a UV-Vis spectrophotometer (Varian Cary 300). Spectra were 

obtained at a wavelength range of 300-800 nm. 

4.2.6 Statistics  

The effect of UV light on dose response curves of GA Ag-NPs, PVP Ag-NPs and 

AgNO3 was determined using GraphPad Prism software. Nonlinear regressions were 

performed and best fit values of UV and no-UV curves were compared using the extra 

sum of squares F test in order to determine if LC50 values differed between the data 

sets. Significance was accepted at p<0.05.  

4.3 Results 

4.3.1 Effect of UV on AgNO3 and AgNP Toxicity 

Exposure to UV light influenced AgNP in a coating-dependent manner. GA-

AgNPs exposed to 1600 kJ/m2 of irradiation had an LC50 of 3.4 ppm (Figure 14). GA-

AgNPs shielded from light exposure had an LC50 of 1.5 ppm. Comparison of dose-

response curves confirmed that the LC50 values were statistically different (p<0.05) 

(Figure 14).  

Dose-response PVP-AgNPs showed the opposite effect. PVP-AgNPs exposed to 

1600 kJ/m2 of irradiation had an LC50 of 8.2 ppm, while PVP-AgNPs shielded from light 
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exposure had an LC50 of 9.9 ppm (Figure 15). Comparison of dose-response curves 

confirmed that the LC50 values were statistically different (p<0.05) (Figure 15). 

In order to determine if silver ion alone can be affected by UV light, the effect of 

UV light on AgNO3 was also tested. Like GA-AgNPs, AgNO3 toxicity decreased after 

exposure to 1600 kJ/m2 (LC50=1600 ppb) (Figure 16). AgNO3 shielded from light 

exposure had an LC50 of 530 ppb. Comparison of dose-response curves confirmed that 

the LC50 values were statistically different (p<0.05)) (Figure 16). 

4.3.2 UV-Vis Spectra  

UV-vis spectroscopy was used to gain insight into how AgNPs were changing 

with exposure to UV light (Figure 17). For GA-AgNPs, exposure to UV light resulted in 

a blue shift of λmax to a lower wavelength (wavelength at maximum absorbance), increase 

in peak intensity, and narrowing of the peak. For PVP-AgNPs, exposure to UV light also 

resulted in an increase in peak intensity, however, λmax exhibited a red shift to a higher 

wavelength. UV-vis spectra of AgNO3 after exposure to UV light showed production of 

a peak around 420 nm, indicating production of AgNPs.  

4.4 Discussion 

In this study, exposure to UV light was shown to affect the toxicity of AgNPs and 

AgNO3 to zebrafish embryos. For Ag-NPs, the effect was coating dependent, as 

mortality increased for PVP-AgNPs with simulated solar exposure and decreased for 

GA-AgNPs. UV-vis spectra of AgNPs and AgNO3 showed changes in surface plasmon 
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resonance after exposure to UV indicating changes in NP size and aggregation that 

could be related to changes in toxicity. In addition, UV-vis spectra of AgNO3 exposed to 

UV light show that reduced toxicity seen after UV exposure could be related to 

production of AgNPs.  

For PVP-AgNPs, there is conflicting evidence on the impact of light on their 

toxicity. In one study, PVP-AgNPs exposed to sunlight were found to be less toxic to the 

wetland plant, Lolium multiflorum than those that were not. This effect was  hypothesized 

to be due to interparticle interactions created by a dipole-dipole interaction which 

resulted in increased aggregation [24]. However, another study found that exposure to 

simulated solar light increased toxicity of AgNPs to  the BF-2 fish cell line and to 

zebrafish embryos [23]. This result was concordant with the increased toxicity that was 

observed for PVP-AgNPs exposed to UV light in the current study and is of particular 

relevance since they were conducted in the same model organism (Figure 15). This 

increased toxicity was attributed to dissolution and increased bioavailability of Ag+. The 

authors speculate that increased dissolution was caused by surface oxidation of the PVP-

AgNPs. This assertion is supported by a study that used X-ray photoelectron 

spectroscopy to prove that changes seen in citrate-AgNPs were caused by surface 

oxidation and could be reversed by addition of a strong reducing agent [144]. 

Dissolution and uptake experiments are currently underway to determine if increased 
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dissolution and bioavailability of silver are responsible for the increase in toxicity for 

PVP-AgNPs seen in this study.   

UV-vis spectroscopy was used to gain information on what kind of changes were 

occurring in AgNP aggregation and size. For PVP-AgNPs, UV-vis spectra exhibited a 

slight red shift (higher wavelength at maximum absorbance of the peak) and increase in 

intensity for samples of PVP-AgNPs exposed to UV compared to those that were not 

(Figure 17). This pattern can be indicative of the particles having a higher refractive 

index after UV exposure, which could be a product of surface oxidation and changes in 

the thickness of the coating.  However, the red shift could also indicate aggregation of 

the NPs and a shift to a larger particle size. This effect could be caused by a phenomenon 

known as Ostwald ripening, in which particles dissolve and then reform on the surface 

of other particles, resulting in a net increase in particle size [138]. While increased 

aggregation and particle size would seem to support decreased toxicity, the dissolution 

that occurs prior to reforming particles could be responsible for the increased toxicity 

that is seen in PVP-AgNPs exposed to UV.  

For GA-AgNPs, results we saw are in good accordance with the results from the 

Cheng et al. Lolium multiflorum study [24]. Reduced toxicity after exposure to UV was 

seen (Figure 14) and aggregation of NPs was visually observed. Precipation of GA-

AgNPs due to low stability was also observed in the Cheng et al. study. We observed 

that after ultracentrifugation at 41,000 RPM for 6 hours, samples of GA-AgNPs that were 
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exposed to UV had a clear supernatant while those not exposed did not. This 

observation indicates that the GA-AgNPs that had been exposed were less stable than 

those that had not. Increased aggregation and sedimentation is correlated with 

decreased toxicity of AgNPs due to decreased dissolution [27].  However, UV-vis 

spectra do not support increased aggregation. In GA-AgNPs exposed to UV, a blue shift 

was observed (maximum absorbance at a lower wavelength) and the peak narrowed 

(Figure 17). This profile is typical of particles becoming smaller and more 

monodispersed in size.  As with PVP-AgNPs, this could be due to dissolution of 

particles. However, after dissolution, the particles are reforming smaller, and more 

uniform in size. This process has been observed before in AgNPs exposed to simulated 

sunlight [145]. In contrast, while PVP-AgNPs exhibited signs of aggregation in the 

Cheng et al. study, they were not unstable in solution. Under the same 

ultracentrifugation protocol of 41,000 RPM for 6 hours we observed that the supernatant 

was still yellow in all PVP-AgNP samples, with or without UV, indicating that they 

were still stable. This could be why increased toxicity was observed for PVP-AgNPs but 

not GA-AgNPs in these experiments. While the UV light aggregated both particles, the 

PVP-AgNPs remained stable and thus were also subject to increased dissolution as a 

result of surface oxidation while the GA-AgNPs were not due to sedimentation of the 

NPs. Interestingly, for both PVP-AgNPs and GA-AgNPs, UV-vis spectra showed an 

increased in peak intensity with exposure to UV while other studies generally report a 



 

104 

decrease in peak intensity [22, 24, 145]. However, all of these studies used light exposure 

on a timescale of days or weeks. Exposure times in the current study were limited to 2 

hours. Thus, we could be capturing differences seen on a smaller time scale. In the 

future, longer exposure times will also be tested. 

Interestingly, when AgNO3 was exposed to light, toxicity was reduced (Figure 

16). Very few studies have investigated the effects of light on the toxicity of AgNO3. One 

study using human skin keratinocytes observed that increasing time of sunlight 

exposure on AgNO3 resulted in a decrease in cell viability [146]. The authors did not 

speculate on the mechanism of this observation; however, UV irradiation of AgNO3 has 

been shown to create AgNPs, particularly if another chemical agent is present to aid in 

reduction. UV-vis spectra of AgNO3 with and without exposure to UV showed 

production of a peak at 420 nm that likely represents production of AgNPs (Figure 17). 

A number of reducing agents have been used including natural organic material [26] 

[145], garlic extract [147] and stannous chloride [148]. Although there were no 

designated reducing agents added in our study, Instant Ocean used to make ASW does 

contain a trace amount of organic carbon and has many ions (including Sn and Cl, which 

were shown to act as reducing agents to produce AgNPs previously [148]) that could be 

acting as reducing agents. In addition, an added reducing agent may not be necessary. 

UV irradiation alone has been shown to be sufficient to create AgNPs in an aqueous 
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solution by production of solvated electrons from UV interactions with water reducing 

metallic cations to metallic atoms [149] .  

In this study, exposure to simulated sunlight resulted in changes to AgNPs that 

ultimately changed their capacity to induce mortality in embryonic zebrafish. These 

changes were coating dependent, and toxicity was both decreased (GA-AgNPs) and 

increased (PVP-AgNPs). In addition, exposure to simulated sunlight resulted in the 

production of AgNPs from AgNO3 which were less toxic than unexposed AgNO3. While 

the phenomenom of AgNP production by UV from silver ions is well-established, to my 

knowledge, this effect has not been shown to result in reduced toxicity. While UV-vis 

spectra led to some insight in what changes could be responsible for the differences in 

toxicity between exposed and unexposed AgNPs, dissolution data in particular will 

shed light on the mechanism by which toxicity is being mediated.  These data are in the 

process of being collected. Currently, experiments are underway to include natural 

organic matter into exposures, as natural organic matter is known to mediate AgNP 

reactions with UV [113]. In the future, longer exposures should be used to achieve 

greater environmental relevance.  
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Figure 14: 48 hpd % mortality of 6 hpf zebrafish embryos exposed to GA-

AgNPs previously illuminated with UV and without. Data presented as average ± 

SEM. Best fit values of dose-response curves were compared using extra sum of 

squares F test and LC50 values were found to be statistically significant (p<0.05). 
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Figure 15: 48 hpd % mortality of 6 hpf zebrafish embryos exposed to PVP-

AgNPs previously illuminated with UV and without. Data presented as average ± 

SEM. Data presented as average ± SEM. Best fit values of dose-response curves were 

compared using extra sum of squares F test and LC50 values were found to be 

statistically significant (p<0.05). 
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Figure 16:  48 hpd % mortality of 6 hpf zebrafish embryos exposed to AgNO3 

previously illuminated with UV and without. Data presented as average ± SEM. Data 

presented as average ± SEM. Best fit values of dose-response curves were compared 

using extra sum of squares F test and LC50 values were found to be statistically 

significant (p<0.05). 
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Figure 17: UV-vis spectra of AgNO3, PVP-AgNPs and GA AgNPs with and 

without exposure to UV light. 
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5. The effects of TiO2 NP Photocatalyzed Degradation on 
the Toxicity of BaP 

5.1 Introduction 

TiO2 NPs are currently used in industrial applications as a photocatalyst and in 

sunscreens and personal care products due to their photoabsorptive properties. While 

no surface water data of TiO2 NP levels currently exist, a 2011 study of 10 representative 

wastewater treatment plants recorded levels of TiO2 that is likely nano-sized at 1 µg/L in 

influent wastewater and 25 µg/L in effluent wastewater [7]. In addition, TiO2 NPs 

ranging from 40 to 300 nm were recently identified using scanning electron microscopy 

and transmission electron microscopy in sewage sludge samples [150]. The majority of 

TiO2 NPs are expected to enter the aquatic environment via use of personal care 

products, which could result in deposition to recreational surface waters and 

concentration in wastewater streams[151]. TiO2 NPs are also being proposed for use in 

photocatalytic remediation of a number of contaminants, including PAHs and oil [50-

53]. 

PAHs consist of 3-7 fused aromatic rings and are ubiquitous contaminants that 

are commonly found in air, water and soil. They are  produced naturally and 

anthropogenically by forest fires, incomplete fossil fuel combustion, oil spills, creosote 

use and disposal, and urban run-off [54].  PAHs exhibit a range of toxicities, the most 

famous of which is carcinogenicity. However, in developing fish, exposure to certain 

PAHs and PAH mixtures has been shown to cause a suite of deformities that are 
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reminiscent of blue-sac syndrome caused by dioxin-like compounds [55, 56]. This 

syndrome is mediated by activation of the aryl hydrocarbon receptor (AhR) and is 

particularly associated with induction of the CYP family of enzymes [152]. Thus, CYPs 

are commonly used as markers of PAH exposure and toxicity.  

The use of TiO2 NPs in remediation exploits their ability to produce ROS when 

exposed to UV light [48]. Once produced, these reactive species will oxidize organic 

compounds by hydrogen abstraction and addition to double bonds or aromatic rings 

[49]. This process has been shown to degrade PAHs in aqueous solution [48, 52, 63].  

While some of the oxidative products produced by photocatalyzed degradation are 

known for select PAHs, any associated increase or decrease in toxicity, particularly in 

complex mixtures, to aquatic organisms are not well characterized [50, 153]. When TiO2 

NPs are used in photocatalysis of PAHs, different kinetics and degradation products are 

observed [50].  In general, both photodegradation and TiO2 NP photocatalyzed 

degradation of PAHs leads to oxidized products, particularly quinones, alcohols, and 

phenols [48, 154]. The toxicity of these products is not well-characterized and would 

likely exhibit different toxic effects and abilities to induce the AHR. Thus, the goal of this 

study was to determine the effect of TiO2 NP photocatalyzed degradation on the toxicity 

of a model PAH, benzo(a)pyrene (BaP), to developing zebrafish.  
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5.2 Materials and Methods 

5.2.1 Animals 

Adult EkkWill zebrafish (D. rerio; Ekkwill Waterlife Resources, Ruskin, FL) were 

maintained in a recirculating AHAB system (Aquatic Habitats, Apopka, FL) at 60 mg/L 

Instant Ocean, 28°C, and a 14:10 hour light:dark cycle. Fish were fed with Artemia 

nauplii in the morning and a mix of CyclopEeze (Argent Chemical Laboratories, WA) 

and Ziegler’s Adult Zebrafish Complete Diet (Aquatic Habitats) in the afternoon. 

Embryos were obtained by natural spawning, maintained in 30% Danieau media [142] 

and screened  for appropriate development before dosing. 

5.2.2 Chemicals 

TiO2 NP stock suspension was prepared at 1 g/L by dissolving powdered 

DeGussa P25 mixed phase 3:1 anatase:rutile NPs in DI H2O (Evonik Degussa GmbH, 

Düsseldorf, Germany). This suspension was stored in the dark at 4°C and prepared by 

sonicating for 60 minutes in a bath sonicator immediately prior to dosing. BaP standard 

dissolved in dimethyl sulfoxide (DMSO) was obtained from AccuStandard (Hamden, 

CT), stored at -20°C, and thawed prior to use. BaP powder for producing saturated BaP, 

DMSO, 7 –ethoxyresorufin, and tricaine methanesulfonate (MS-222) were obtained from 

Sigma-Aldrich (St. Louis, Missouri). 7-ethoxyresorufin was dissolved in dimethyl 

sulfoxide (DMSO), stored at -20°C, and thawed before use. 
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5.2.3 Solar Simulator UV exposures 

An Atlas SunTest CPS+ solar simulator with a solar standard filter (Atlas 

Material Testing Solutions, Chicago, IL) was used to perform all simulated sunlight 

exposures. The solar standard filter simulates solar radiation outdoors as specified by 

DIN 67501, an international reference solar spectrum standard. Exposures were 

performed in 60 mm diameter glass Pyrex petri dishes with 10 mL of dosing solution. 

Solutions were prepared in 60 mg/L artifical salt water (ASW, Instant Ocean, Blacksburg, 

Virginia). Dishes were wrapped in plastic cling wrap to allow UV penetration. Unless 

otherwise stated, exposures were performed at 250 watts/m2 lamp output and 28°C for 2 

hours to achieve a total irradiation of 1800 kJ/m2. Non-UV controls were incubated 

under standard fluorescent lights at 28°C. In order to determine the effect of irradiation 

time, solutions were also irradiated for up to 24 hours before being used to dose 

zebrafish embryos.  

5.2.4 Zebrafish Larvae Exposures 

After irradiation with solar simulated light, dishes were removed from the solar 

simulator. Each dish then received 5 (for CYP activity measurement) or 10 (for mortality) 

screened zebrafish larvae at 5 dpf. Concentrations used ranged from 1-500 ppb Bap and 

0.5-100 ppm TiO2 NPs. Saturated BaP (~0.3 ppb) was also used for some experiments. 

DMSO concentrations were kept constant in all treatments at 0.01% unless otherwise 
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noted. Larvae were maintained at 28 °C on a 14:10 hour light:dark cycle and monitored 

daily for mortality up to 48 hours post dosing (hpd).  

5.2.5 In ovo Ethoxyresorufin-o-deethylase (EROD) Assay 

Larvae also received 21 µg/L ethoxyresorufin after irradiation. CYPs convert the 

non-fluorescent ethoxyresorufin substrate to the fluorescent product resorufin, resulting 

in a measurement of catalytic CYP activity via measurement of fluorescence in the gut of 

the developing zebrafish compared to background fluorescence [155]. At 7 dpf, larvae 

were rinsed in 30% Danieau, immobilized with MS-222, and fixed in 3% methylcellulose. 

Fluorescence was measured using IP lab software (Scanalytics, Inc., Fairfax, VA).  

5.2.6 Preparation of Saturated BaP 

Saturated BaP was used to determine the role of DMSO from stock BaP in effects 

seen. Saturated BaP solutions were made by first evaporating a small amount of BaP 

(~0.5 mg) in acetone in a 1000 mL Erlenmeyer flask. Once the acetone was evaporated, 

500 mL of 60 mg/L ASW were added to the flask and the solution was placed in a shaker 

incubator at 37°C. The solution was monitored for BaP concentration using UV-vis 

spectroscopy for 5 days and was found to reach equilibrium at 0.3 ppb BaP within 3 

days. 

5.2.7 Statistics  

Effects of treatment on EROD induction and of DMSO on mortality caused by 

TiO2 NP degraded BaP were determined by one-way ANOVA and post-hoc analysis 
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using the Tukey HSD test. p < 0.05 was considered significant. Statistics were performed 

with JMP 10.0 (SAS Institute Inc., Cary, NC). 

Nonlinear regression dose-response curves were created and analyzed using 

GraphPad Prism 6 (GraphPad Software, La Jolla, CA).  

5.3 Results 

5.3.1 CYP Activity 

In zebrafish larvae dosed at 5 dpf, no increase in EROD was seen compared to 

controls in any zebrafish exposed to TiO2, BaP, or BaP+TiO2 that was not exposed to UV 

(Figure 18). In zebrafish larvae treated with BaP that had been exposed to UV light, 

increased EROD activity was observed. In zebrafish larvae treated with 500 ppb BaP + 

500 ppb TiO2, increased EROD activity was seen but it was not significantly different 

from BaP alone. However, increasing the TiO2 concentration to 1000 ppb in combination 

with BaP resulted in EROD activity that was significantly higher than BaP alone, 

indicating that degradation of BaP with TiO2 NPs under UV light resulted in 

degradation products that acted as stronger AhR agonists. 

5.3.2 Mortality 

Preliminary experiments showed that increasing the TiO2 NP concentration 

higher than 1000 ppb resulted in mortality (data not shown). Mortality was found to be 

dose-responsive to both increasing BaP concentration combined with a fixed 
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concentration of TiO2 NPs (Figure 19) and increasing TiO2 NP concentration in 

combination with a fixed concentration of BaP (Figure 20). 

5.2.3 Effect of Illumination Time on Mortality 

Solutions of 1 ppb BaP + 5 ppm TiO2 NPs were illuminated up to 24 hours (total 

dose of  21600 kJ/m2) to determine if sufficient illumination would degrade suspected 

toxic degradation products further and result in lowered toxicity. Increased illumination 

resulted in steadily increasing mortality which peaked at 100% by 18 hours (Figure 21).  

5.3.4 Role of DMSO in Results 

Due to concerns that TiO2 NP photocatalyzed degradation of the DMSO used as 

a carrier solvent for BaP could be causing observed delayed hatching in embryos (data 

not shown), we pursued using saturated solutions of BaP (~0.3 ppb) to avoid this 

problem. However, when saturated BaP was used, little mortality was seen (Figure 22). 

To confirm that the presence of DMSO was indeed controlling toxicity, zebrafish 

embryos were exposed to saturated solutions of BaP degraded with TiO2 NPs and to 

saturated solutions spiked with DMSO at 0.01% (the same final concentration of DMSO 

used in previous experiments). Mortality was only seen in the treatments containing 

DMSO, indicating that DMSO is required to have an effect (Figure 22). 

5.4 Discussion 

The goal of this study was to determine the effects of photocatalytically 

degrading benzo(a)pyrene with TiO2 NPs on developing zebrafish. We observed 
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increased mortality and CYP activity when degrading BaP with TiO2 NPs, and the 

effects were not reduced by increased degradation time. However, these effects appear 

to be dependent on the presence of DMSO. 

Understanding the effect of photocatalytically degrading PAHs on their ability to 

induce CYP activity in developing aquatic organisms is important because AhR 

induction has been shown to mediate cardiac defects in developing fish [152]. In this 

study, we found that photocatalytically degrading BaP with TiO2 NPs resulted in an 

increased capacity to induce CYP activity compared to parent BaP. Little is known about 

the capacity of oxygenated PAHs, such as those expected to be formed by photocatalytic 

oxidation, to induce CYPs, particularly in comparison to the parent compounds. A study 

of 38 oxygenated PAHs in zebrafish found that the majority did not induce CYP1A 

activity, although they were not compared to their parent compounds [78]. Another 

study determined the AhR ligand activity of a number of oxygenated PAHs and parent 

PAHs using a yeast assay and the CALUX assay, and found that several oxygenated 

PAHs were capable of inducing CYP1A activity. One, benz[a]anthracenequinone, was a 

more potent AhR agonist than its parent compound, benz[a]anthracene. Finally,  AhR2 

knockdown was shown to effectively rescue toxicity induced by an oxygenated PAH 

mixture  in zebrafish, indicating that oxygenated PAHs can induce an AhR-dependent 

toxicity [156].  
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It is unclear what role DMSO is playing in causing increased mortality in 

zebrafish exposed to TIO2 NP degraded BaP. However, there are several scenarios that 

could be occurring. First, oxidation of DMSO produces a number of degradation 

products, notably, formaldehyde [157]. Formaldehyde is acutely toxic to zebrafish and 

has been observed to prevent hatching [158].  Interestingly, we also saw reduced 

hatching in zebrafish exposed to 0.01% DMSO in the presence of TiO2, whether BaP was 

present or not (data not shown). However, production of formaldehyde does not explain 

why we saw increased mortality only in UV treatments with BaP, 0.01 % DMSO and 

TiO2 NPs and not 0.01% DMSO and TiO2 NPs (data not shown). While there could be a 

synergistic effect of exposure to formaldehyde and BaP or BaP in addition to BaP 

daughter products, there are other possible explanations. 

For example, DMSO could be altering how the degradation is occurring to result 

in more toxic end products. While DMSO is a well- known quencher of hydroxyl 

radicals like those produced by TiO2 NP photocatalysis, DMSO is also known to react 

with hydroxyl radicals to form methyl radicals [159] . While little is known about the 

reaction of PAHs with methyl radical; methyl radical addition/cyclization has been 

proposed as a mechanism for PAH formation and growth [160]. Thus, reaction with 

methyl radical could be forming new or different PAHs that are responsible for the 

increased acute toxicity of the mixture.  
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Finally, DMSO is known for its ability to act as a solvent for dissolving 

hydrophobic chemicals in aqueous solutions. These types of solvents can increase 

degradation efficiency by enhancing the contact of PAHs with the photocatalyst [50]. 

Thus, the presence of DMSO could be increasing the efficiency of the degradation 

process and causing an increased rate of production of toxic intermediates.  

Although DMSO was required to produce the toxic effects seen, this does not 

necessarily mean that this phenomenon is entirely environmentally irrelevant. 

Depending on the mechanism by which the DMSO is influencing these effects, the same 

effect could be produced by other naturally occurring or co-contaminating substances. 

For example, if the production of methyl radical is driving the toxicity, methyl radical 

naturally occurs when methane reacts with hydroxyl radical [161]. If the solvent effect is 

what is causing the phenomenon, there are both natural and anthropogenic substances 

in many aquatic ecosystems and certainly in wastewater that could also serve this 

function. Further study is necessary to determine the exact mechanism of this 

phenomenon and the feasibility of it occurring in the natural environment.  Specifically, 

other solvents and compounds such as ethanol and natural organic matter (NOM) will 

be tested to determine the role that unintended radical production, degradation 

products, and the actual solvating action is playing in these reactions.  
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Figure 18: Effect of photocatalytic degradation of BaP by TiO2 NPs on EROD 

induction in 7 dpf zebrafish larvae. Embryos were dosed at 5 dpf and EROD 

induction assessed at 7 dpf. EROD values are presented as % control (UV or no UV) ± 

SEM (n=3 per treatment, each n represents 5 pooled larvae). Groups not sharing a 

common letter are significantly different  at p<0.05, ANOVA, Tukey HSD. 
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Figure 19: Mortality in 7 dpf zebrafish larvae induced by TiO2 NP 

photocatalyzed degradation of BaP is dose-responsive to the concentration of BaP at a 

fixed concentration of 10 ppm TiO2 NPs. Larvae were dosed at 5 dpf. Data presented 

as average % mortality ± SEM (n=3 per treatment, each n represents 10 pooled larvae). 



 

122 

 

Figure 20: Mortality in 7 dpf zebrafish larvae induced by photocatalyzed 

degradation of BaP is dose-responsive to the concentration of TiO2 NPs at a fixed 

concentration of 10 ppb BaP. Larvae were dosed at 5 dpf. Data presented as average % 

mortality ± SEM (n=3 per treatment, each n represents 10 pooled larvae). 
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Figure 21: 48 hpf % mortality ± SEM of 7 dpf zebrafish exposed to 1 ppb BaP 

photocatalytically degraded with 5 ppm TiO2 NPs over a time course of 24 hours. n=3 

per treatment, each n represents 10 pooled larvae. 
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Figure 22: Mortality induced by photocatalytic degradation of BaP by TiO2 

NPs is dependent on the presence of DMSO. Saturated BaP (sat BaP) is approximately 

0.3 ppb and is compared to sat BaP spiked with DMSO at the same levels (0.01%) as 

used in solutions prepared using BaP in DMSO stock, as well as to a 1 ppb BaP 

solution prepared using BaP stock in DMSO. Groups not sharing a common letter are 

significantly different at p<0.05, ANOVA, Tukey HSD.  
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6. Conclusions 

6.1 Summary 

The goal of this dissertation was to explore the influences of environmental 

complexity on the toxicity of engineered NPs to early life stage fish. As the majority of 

current NP studies do not take these factors into account despite the high sensitivity of 

NP behavior to the presence of organic matter, UV light, etc., they are not likely to 

accurately represent ecological risks of these substances. The first hypothesis in this 

dissertation was that the more complex environment of freshwater mesocosms would 

result in decreased toxicity to embryonic and larval Atlantic killifish compared to 

standard laboratory studies due to aggregation of nanoparticles and complexation of 

silver. While toxicity was reduced for both PVP- and GA-coated AgNPs and AgNO3 in 

mesocosm water vs. the laboratory for embryos, this did not hold for larvae and in fact 

both PVP- and GA-coated NPs were more toxic to larvae than AgNO3 in mesocosm 

water.  

The second hypothesis in this dissertation posited that differences seen between 

mesocosm and laboratory studies could be attributed to plant-derived organic matter. 

This hypothesis was approached using a microcosm study design to simulate 

mesocosms in complexity while still being able to manipulate variables such as plants 

and soil. While plant-derived organic matter clearly had an effect on PVP- and GA- 
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coated AgNP speciation, aggregation, and toxicity, results from the mesocosms could 

not be recapitulated. Effects of plant-derived organic matter were also coating specific.  

The third hypothesis was that UV light can influence AgNP aggregation and 

dissolution and thus increase or decrease toxicity. This hypothesis was proposed as an 

explanation for why the mesocosms were not able to be replicated on the smaller scale of 

the microcosms, as the microcosms were not incubated under natural light. UV light was 

found to affect AgNP toxicity to zebrafish embryos and effects were coating specific. 

While toxicity of GA-AgNPs was reduced by exposure to UV light, toxicity of PVP-

AgNPs was increased by exposure to UV light; however, the results with PVP-AgNPs 

were not as dramatic as for GA-AgNPs. Interestingly, exposure to UV light also reduced 

toxicity of AgNO3, which we hypothesized was due to production of AgNPs. UV light 

was shown to affect the UV-vis spectra of both types of AgNPs, confirming that 

exposure to light was changing the size distribution and increasing aggregation of 

particles. UV-vis spectra of AgNO3 with and without UV exposure also confirmed 

production of AgNPs by exposure to UV. Dissolution studies are currently underway to 

determine if changes in toxicity are due to increased dissolution of silver caused by UV 

photolysis of the NP coatings.  

Finally, the fourth hypothesis of this dissertation was that TiO2 photocatalyzed 

degradation of BaP would result in production of more acutely toxic and less AhR active 

oxygenated-BaP degradation products. Indeed, degradation of BaP did result in 
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increased acute toxicity to young zebrafish as measured by mortality. Interestingly, 

degraded BaP was found to exhibit increased AhR activity as measured by CYP activity. 

While little is known about the AhR agonism of oxygenated-PAHs, in general, they are 

thought to exhibit less AhR activity than corresponding parents compounds. However, 

the increased acute toxicity that was observed was found to be reliant on the presence of 

DMSO in the degradation reaction. DMSO was present due to its use as a carrier solvent 

for BaP. When a saturated BaP solution was used in lieu of adding BaP stock to the 

reaction, no acute toxicity was observed. The mechanism by which this occurs is 

unknown.  

6.2 Future Directions 

There are many directions to go from the work in this dissertation. In particular, 

the observation that PVP-AgNPs became more toxic when incubated in a mesocosm 

environment compared to a laboratory environment should be further investigated. 

Although plant-derived organic matter in the microcosms was shown to have the 

strongest effect on AgNP speciation and aggregation, the phenomenon of increased 

PVP-AgNPs toxicity for Atlantic killifish larvae was not replicated on the smaller scale, 

possibly because of a lack of UV light, which was shown to increase PVP-AgNP toxicity 

to zebrafish. Unfortunately, further studies with Atlantic killifish have been limited due 

to lack of breeding and high demand for embryos. Microcosm studies should be 

repeated incorporating UV light and using Atlantic killifish to see if the combination of 
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plant-derived organic matter and natural lighting conditions are together responsible for 

this phenomenon. 

Some of the limitations of this dissertation were the use of high (ppm range) 

levels of AgNPs, mortality as the major endpoint, and short-term acute time scales. 

While these kinds of experiments are invaluable in the beginning stages of pursuing a 

line of inquiry for novel materials, future work should focus on increasing the 

environmental relevance of studies by focusing on AgNP levels in the ppb range and 

chronic, longer-term time scales, perhaps over several months from embryo to juvenile 

stage. While biological mechanisms of toxicity were not the focus of this work, 

understanding how AgNPs are exerting their toxicity in ecological conditions should 

also be explored, perhaps by focusing on disruption of osmoregulation via Na+- and K+-

ATPases as a marker of silver ion toxicity separate from AgNP toxicity.  

In studying the effect of UV on AgNP and AgNO3 toxicity, further work should 

focus on understanding the mechanism by which these effects are occurring. In 

particular, more work needs to be done on understanding the aggregation state and 

dissolution of silver after exposure of AgNPs to UV light and on measuring uptake of 

silver into embryos to confirm that changes in bioavailability are driving toxicity as 

opposed to changes in NPs that are making them less toxic once they are taken up into 

the embryo. In addition, the production of AgNPs caused by exposing AgNO3 to UV 

light has interesting implications for the study of naturally occurring nanoparticles. 
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Particulate (≥0.45 µm) and colloidal (0.1-0.45 µm) silver have been detected in river and 

estuarine waters  and in old mining tailings prior to the widespread use of engineered 

AgNPs, indicating that natural production of AgNPs is possible [162]. A number of 

studies have indicated that exposure to UV light and organic matter, either alone or 

together, is sufficient to produce AgNPs from “dissolved” silver [113, 147, 163]. The 

results of this dissertation are consistent with these studies, and further support that 

natural production of AgNPs could be responsible for AgNPs detected in environmental 

samples. Pristine engineered AgNPs are likely analytically distinct from naturally 

occurring AgNPs, as naturally occurring AgNPs will be highly associated with organic 

matter and are likely to be mostly sulfidized [8, 162]. However, engineered AgNPs will 

begin to resemble naturally occurring AgNPs as they become associated with organic 

matter and sulfidized once released into aquatic systems [27, 97]. Engineered AgNPs 

could also dissolve into dissolved silver species which could then reform into naturally 

occurring AgNPs. Thus, differentiating a natural source of AgNPs from an 

anthropogenic source will be a challenge in future years of environmental monitoring of 

AgNPs. In addition, it will be important to understand how these processes impact 

toxicity of AgNPs in the long term, particularly as sulfidized AgNPs have been shown to 

have dramatically lower toxicity [97]. Further work should be performed to study how 

the toxicity of AgNPs changes as they undergo environmental transformations over 

extended periods of time. 
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In studying how the photocatalyzed degradation of BaP by TiO2 NPs results in 

increased toxicity to zebrafish embryos, I found that the presence of DMSO is necessary 

to observe this effect. While I could not determine the mechanism by which this was 

occurring, there are a number of hypotheses. Future work should focus on determining 

if DMSO is increasing contact of BaP with the TiO2 NP surface, if the formation of 

formaldehyde is contributing to toxicity, and if production of methyl radical from 

DMSO is necessary for the effects of increased toxicity to be observed. Exploration of 

other PAHs and solvents could be valuable in teasing out the factors responsible for 

these observations. A study by an independent study student in our lab observed 

similar results when using the PAH benzo(k)fluoranthene and ethanol instead of DMSO, 

suggesting that general solvents effects could be contributing to the observations seen in 

this dissertation. In addition, PAHs are not the only contaminants being considered as a 

target for TiO2 NP remediation. PCBs, pesticides, and general wastewater contaminants 

such as personal care products are also excellent candidates for TiO2 NP remediation 

and would be interesting candidates for study. 

6.3 Broader Implications 

Currently, there is very little regulatory oversight of release of NPs into the 

environment beyond existing regulation for their component elements or molecules 

(silver or TiO2, in this case). As the nanotechnology sector continues to grow and the 
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environmental implications of NP release into the environment become more immediate 

and pressing, understanding how NPs behave in aquatic systems and the threats they 

pose to organisms living in these systems will be a key part of forming risk assessments. 

Although traditional laboratory testing under clean and simplified conditions provide 

excellent mechanistic toxicity data and a thorough understanding of NP hazard, in order 

to approximate the true risk posed by NPs, we must assess the role that complex and 

real-world conditions play in their environmental fate and toxicity to aquatic organisms. 

The data contained in this dissertation is a small step towards elucidating how different 

levels and types of environmentally complex factors can mediate their toxicity. 
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Appendix A-Sulfidation of AgNPs reduced toxicity to Atlantic 
Killifish Embryos 

Introduction: AgNPs have been shown to undergo sulfidation by natural processes both 

in wastewater treatment processes and in aqueous environments. Indeed, sulfidized 

AgNPs have been found both in modeled and real wastewater treatment products, and 

in freshwater mesocosms 18 months after dosing with AgNPs. Sulfidation of AgNPs is 

hypothesized to reduce bioavailability and toxicity. This study was a collaborative effort 

amongst a number of institutions to determine how sulfidation changes toxicity of 

AgNPs in a low and high ionic strength media across four species (Danio rerio, Fundulus 

heteroclitus, Caenorhabditis elegans, Lemna minuta). Portions of this work were published in 

Environmental Science & Technology, 2013, 47 (23) 13440-13448,  under the title 

“Sulfidation of AgNPs: Natural Antidote to Their Toxicity”as part of a collaborative 

project authored by Clement Levard, Ernest M. Hotze, Benjamin P. Colman, Amy L. 

Dale, Lisa Truomng, X. Y. Yang, Audrey J. Bone, Gordon E. Brown, Jr., Robert L. 

Tanguay, Richard T. Di Giulio, Emily S. Bernhardt, Joel N. Meyer, Mark R. Wiesner, and 

Gregory V. Lowry.  

Methods: Atlantic Killifish embryos were obtained by manual spawning, rinsed in 0.3% 

hydrogen peroxide and artifical saltwater (ASW), then screened for normal development 

at the 4-8 cell stage. Embryos were dosed in 0.2 mL solution in 96 well plates (24 

embryos/treatment). Treatments included control, pristine PVP-AgNPs (37 +/- 5.8 nm), 
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and sulfidized PVP-AgNPs with molar S/Ag ratios of 0.019, 0.073, and 0.432). A 1000 

ppm stock solution was sonicated for 15 seconds using a bath sonicator and 

concentrations ranged from 1- 200 ppm Ag in either DI water or 10 ‰ ASW. Embryos 

were screened at 24 and 48 hours post dosing for mortality.  

 For silver uptake, embryos were exposed to 5 ppm of pristine, 0.019, 0.073, and 

0.432 sulfidized AgNPs. After rinsing with DI water, embryos were weighed, pooled 

into groups of two, and digested in 1 mL concentrated nitric acid in acid-washed glass 

test tubes at 70 °C overnight. Samples were then diluted 20X using a 2% concentrated 

nitric/0.5% concentrated hydrochloric acid mix. Samples were analyzed using ICP-MS. 

Six embryos/treatment were analyzed and the experiment was repeated. 

 Mortality data were fit to a set of dichotomous models using EPA software 

Benchmark Dose Software. To determine effects of media and sulfidation on uptake, a 

Two-Way ANOVA was run using SigmaPlot software.  

Results: Sulfidation of AgNPs significantly reduced toxicity and increased LC50 values. 

Higher ionic strength media also resulted in a shift towards reduced toxicity and 

increased LC50 (Figure 23). In DI, sulfidation reduced uptake of AgNPs. Interestingly, in 

10 ppt ASW, sulfidation at first increased uptake, then at higher ratios of sulfidation did 

not have an effect compared to pristine AgNPs (Figure 24). Further research is needed to 

understand the mechanisms behind this result.  
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Figure 23: LC50 responses (in ppm) killifish embryos exposed to AgNPs. Error 

bars denote a one-sided 95% confidence interval. Open diamonds indicate that the 

predicted EC50 or LC50 exceeded the tested range of AgNP concentrations (error bars 

not shown). Sulfidation of the silver particles increases along the x-axis (from 0 to 0.5, 

where 0.5 represents a 100% Ag2S AgNP). 
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Figure 24: Uptake of silver in 24 hpf Atlantic killifish exposed to 5 ppm of 

pristine, 0.019, 0.073, and 0.432 sulfidized AgNPs in DI or 10 ppt ASW. Each data point 

represents n=6 and each n=2 pooled embryos. Bars not sharing the same letter are 

statistically different at p<0.05, ANOVA, Tukey HSD post hoc.  
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Appendix B- Silver uptake and maternal transfer in insects 
and mosquitofish from AgNP-dosed freshwater wetland 
mesocosms 

Introduction: This work was published as part of the manuscript entitled “Long-

Term Transformation and Fate of Manufactured Ag Nanoparticles in a Simulated Large 

Scale Freshwater Emergent Wetland” published in Environmental Science & 

Technology, 2012, 46 (13), 7027-7036. Authors included Gregory V. Lowry, Benjamin P. 

Espinasse, Appala Raju Badireddy, Curtis J. Richardson, Brian C. Reinsch, Lee D. Bryant, 

Audrey J. Bone, Amrika Deonarine, Soryong Chae, Mathieu Therezien, Benjamin P. 

Colman, Heileen Hsu-Kim, Emily S. Bernhardt, Cole W. Matson, and Mark R. Wiesner. 

The goal of this project was to understand how AgNPs behave in simulated freshwater 

mesocosms. I tested uptake of AgNPs in aquatic insects and mosquitofish. 

Methods: Adult mosquitofish including gravid mosquitofish, chironomids, and 

dragonfly larvae were collected from aquatic- and terrestrially-dosed mesocosms (25 mg 

Ag/L, PVP-AgNPs) at the end of the 18-month study period. Developing embryos were 

removed from gravid females asnd analyzed separately to determine maternal transfer. 

Organisms were weighed, pooled into groups of two or three (dragonfly larvae), three 

(chironomids) or analyzed individually (mosquitofish), then digested in 1 mL 

concentrated nitric acid in acid-washed glass test tubes at 70 °C overnight. Samples were 

then diluted 20X using a 2% concentrated nitric/0.5% concentrated hydrochloric acid 

mix and analyzed using ICP-MS. 



 

137 

Results: Silver was detected in all organisms (Figure 25). Dragonfly larvae from 

aquatic mesocosms were found to have higher silver body burden than those in 

terrestrial mesocosms. Maternal transfer of silver was confirmed for internally-

developing mosquitofish embryos. 

 

Figure 25: Silver body burden of organisms collected from 25 mg Ag/L PVP-

AgNP dosed freshwater wetland mesocosms at the end of the 18 month study period.   
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