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Abstract 

Coal combustion residuals (CCRs or coal ash), phosphate rocks and fertilizers, 

and leaded gasoline and lead-based paint represent major anthropogenic sources of 

metal and metalloid (i.e., metal(loid)) contaminants released to the environment. This 

dissertation aims to characterize the compositions of trace elements and radiogenic 

isotopes (Pb, Sr) of these anthropogenic sources and further explore their individual 

applicability and/or conjunctive utility with radioactive isotopes ( 228Ra, 226Ra, 137Cs, and 

210Pb) in tracing the origin, timing, and impacts of metal(loid) contamination at various 

scales and in multiple environmental settings.  

The trace element compositions and isotopic signatures of Pb and Sr in fly ash 

originating from coals of different coal basins in the United States were characterized. In 

addition, an extended database of the Pb isotope fingerprints of coal and coal ash from 

China and IndiaɭÛÏÌɯÞÖÙÓËɀÚɯÛÖ×ɯÛÞÖɯÊÖÈÓɯ×ÙÖËÜÊÌÙÚɯÈÕËɯÊÖÕÚÜÔÌÙÚɭwas established, 

combining newly measured values of coal and coal ash samples in this dissertation and 

available data compiled from the literature. The results showed that (1) the Pb isotope 

signature of coal fly ash is distinctive from the isotope compositions of both the legacy 

anthropogenic Pb sources (i.e., leaded gasoline and lead-based paint) as well as natural 

Pb sources (i.e., pristine sediments and soils), which can be used for detecting fly ash 

contamination in the environment; (2) the 87Sr/86Sr ratio of bulk coal fly ash is di stinctive  
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from that of the water-soluble fraction , which reflects the heterogenous distribution of Sr 

in fly ash and indicates the different uses of 87Sr/86Sr ratio for  different environmental 

tracing purposes (i.e., bulk 87Sr/86Sr ratio for tracing fly ash solids and water -soluble 

87Sr/86Sr ratio for tracing fly ash effluents ); and (3) the combined use of trace elements, Ra 

isotopes (228Ra/226Ra), and Pb isotopes can further improve the detection of trace levels of 

coal fly ash dispersed in the environment.  

Through the integration of geochemical and isotopic tools (i.e., trace element 

distribution and 87Sr/86Sr ratio) with morphological and magnetic observations, this 

dissertation revealed the decades of historical and current unmonitored releases of coal 

ash and associated metal(loid) contaminants from the inadequate coal ash disposal units 

to the adjacent freshwater lakes across North Carolina (NC). The temporal distribution 

and evolution of coal ash contamination in the lake sediments were constructed by 137Cs- 

and 210Pb-based chronology techniques. The contributions of coal fly ash to the total Pb 

accumulation in the sediments of these contaminated lakes were quantified using a 

Bayesian-based Pb isotope mixing model, and the results suggested that regionally Pb 

contamination from fly ash can significantly outweigh the Pb input of atmospheric 

deposition (i.e., leaded gasoline) in the environment. Furthermore, the Pb isotope 

compositions of coal fly ash from China, India, and the U.S. were constrained and the 

fluxes of Pb associated with coal fly ash disposal in the three countries were estimated, 
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laying the groundwork for future research on the impacts of coal ash on the Pb 

biogeochemical cycles at larger scales. 

Additionally , this dissertation reported the fi rst set of data on the Pb isotope 

compositions along with rare earth elements and yttrium (REY) of phosphate rocks and 

fertilizers sourced from different regions and origins around the world. The geological 

imprints reflected in the geochemical and Pb isotopic fingerprints of the phosphate rocks 

were discussed and their potential utilizations and limitations in tracing phosphate -

associated metal(loid) contamination in the environment were evaluated. This lays the 

groundwork for future local and regional stu dies on tracing the impacts of metal(loid) 

contaminants from phosphate rock mining and phosphate fertilizer application. 

Furthermore, this dissertation showcased a holistic assessment of the legacy 

anthropogenic contamination of Pb and other metal(loid)s i n urban soils from Durham, 

NC, whereby fallout radionuclides 137Cs and 210Pb were proposed as potential indicators 

of the extent of soil disturbances that can impact the mobilization and redistribution of 

metal(loid) contaminants. The imprints of distincti ve Pb isotopic fingerprints of leaded 

gasoline and lead-based paint in the soils reflected the persistent presence of these 

legacy sources in the urban environment of today, and the potential bioavailability of 

toxic metal(loid)s in the contaminated soils upon oral ingestion was assessed via in vitro  

arrays. 
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1. Introduction 

Anthropogenic activities, such as mining and smelting, fossil fuel combustion, 

agriculture and urbanization, are important sources for trace elements and have 

significantly altered ÛÏÌÐÙɯÕÈÛÜÙÈÓɯÍÓÜßÌÚɯÈÕËɯÉÐÖÎÌÖÊÏÌÔÐÊÈÓɯÊàÊÓÌÚɯÐÕɯÛÏÌɯ$ÈÙÛÏɀÚɯÚÜÙÍÈÊÌɯ

envir onment (Callender, 2014; Klee and Graedel, 2004; Sen and Peucker-Ehrenbrink, 

2012). Of particular concerns are those toxic and carcinogenic metals and metalloids (i.e., 

metal(loid)s), including lead (Pb), mercury (Hg), arsenic (As), cadmium (Cd), uranium 

(U), and radium (Ra), which all can have adverse effects on ecological and human health 

(Ali et al., 2019; Mishra et al., 2019; Rahman and Singh, 2019). Driven by multiple release 

mechanisms and transport pathways, these metal(loid) contaminants have been 

ubiquitously dispersed in the environment, exerting their impacts on both urban and 

remote areas (Bargagli, 2008; Schroeder et al., 1987; Wilkie and La Farge, 2011; Wong et 

al., 2006), and on both terrestrial and aquatic ecosystems (Callender, 2014; Reuer and 

Weiss, 2002; Schulz et al., 2015; references therein). 

In order to delineate the environmental impacts of anthropogenic metal(loid)s, it 

is important to  be able to trace their  origin and dist ribution  in the environment , which , 

however, is no easy task due to the existence of numerous anthropogenic sources and 

the inherent complexity of natural repositories. From the perspective of environmental 

geochemistry, the geochemical and isotopic characteristics of anthropogenic metal(loid)s  

can be used as tools for identifying their  presence, tracking their  migration , and 
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quantifying the ir  contribution  in various environment al compartments (Miller, 2013; L. 

Wang et al., 2021; Wiederhold, 2015). In this regard, it is a prerequisite to systematically 

characterize the geochemical and isotopic compositions of metal(loid) sources. 

Subsequently, their potential utility as tracers needs to be carefully evaluated by 

comparing with different natural and/or anthropogenic reservoirs. Finally, the efficacy 

of their traceability is subject to testing by applying them in real -world cases and their 

limitations need to be objectively acknowledged.  

In this dissertation, I specifically focus on three anthropogenic sources of 

metal(loid) contaminants , including coal combustion residuals  (CCRs), phosphate rocks 

and fertilizers, and leaded gasoline and lead-based paint, which  are representative of 

fossil fuel  combustion, agricultural utilization , and urban legacy Pb pollution, 

respectively. Combing fieldwork, laboratory analysis, and literature synthesis, this 

dissertation aims to address the following key research questions related to the three 

anthropogenic sources: (1) What are the characteristics of trace elements and Pb and 

strontium (Sr)  isotopes of coal fly ashɭa dominant component of CCRsɭderived from 

different coal sources in the United States? (2) How are they appliable in detecting coal 

fly ash contamination in both terrestri al (i.e., soils) and aquatic (i.e., lake sediments) 

environments, either individual ly or collectively in conjunction with other tools such as 

Ra isotopes? (3) What are the Pb isotope and rare earth element (REE plus yttrium or 

REY) compositions of phosphate rocks sourced from the major phosphate deposits in 
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the world?  (4) How do they reflect the corresponding depositional conditions and 

diagenetic effects and how potent can they be used for environmental tracing? (5) What 

are the Pb isotopic signatures of legacy Pb pollution imprinted in soils of  a typical urban 

environment of Durham city, North Carolina?  (6) What are the relationship s of Pb with 

other co-occurring  metal(loid)s and fallout radionuclides  in urban soils and their 

potential bioav ailability and exposure risks? 

1.1 Anthropogenic Sources of Metal(loid)s 

1.1.1 Coal Combustion Residuals 

Coal combustion residuals (CCRs), also commonly known as coal ash, are 

produced from coal -fired electricity generation and typically composed of fly ash, 

bottom ash, boiler slag, and flue gas desulfurization (FGD) products (US EPA, 2014a). 

The total produced coal ash in the U.S. during the first two decades of the 21st century 

(2000 ɬ 2020) amounted to approximately 2209 million tons (Mt), of which fly ash 

accounted for almost 50% (American Coal Ash Association, 2020a; Deonarine et al., 

2023). Coal ash and its associated aqueous wastes (e.g., effluents and leachates) are often 

enriched in a suite of toxic elements including Hg, Pb, and As, along with potentially 

hazardous elements such as lithium (Li), boron (B), strontium (Sr), selenium (Se), 

molybdenum (Mo), vanadium (V), and radium (Ra) (Deonarine et al., 2015; Swaine, 

1994). Together, the large volume and potential toxicity of coal ash pose major 

challenges to the resilience and sustainability of its management and disposal. Typically, 
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during the operation of coal -fired power plants, the aqueous coal ash wastes (i.e., coal 

pile runoff, coal ash pond effluent, and FGD effluent) are directly discharged into 

adjacent rivers and lakes, while the solid coal ash wastes are mainly disposed of in 

surface impoundments and landfills, in addition of being recycled for other industrial 

uses (Figure 1). The potential environmental impacts associated with the disposal and 

utilization of coal ash have been extensively addressed and particularly highlighted in 

the context of global climate change (Carlson and Adriano, 1993; Deonarine et al., 2023; 

references therein). 

Given the relatively high solubility of Li, B, and Sr, their concentrations and 

isotope ratios have been used to track the contamination of water resources resulted 

from the leaking and/or d irect discharge of aqueous coal ash wastes, which are 

particularly useful in cases that the elemental concentrations and isotopic fingerprints of 

coal ash are distinctive from those of background waters (Harkness et al., 2016; Ruhl et 

al., 2012, 2014). However, such tracers might be quite limited in use for tracking the 

contamination of solid coal ash wastes in soils and sediments. Therefore, one of the 

research goals of this dissertation is to develop more robust geochemical and isotopic 

tools (i.e., Pb, Sr, and Ra isotopes) that can be used to identify the presence and 

elucidating the transport pathways of metal(loid) contaminants associa ted with coal ash 

solids in the environment.  
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Figure 1: Schematic illustration of flows of coal ash and associated major 

metal(loid) contaminants from coal -fired power plants to the environment (modified 

after  Deonarine et al., 2023). 

1.1.2 Phosphate Rocks and Fertilizers 

Phosphate rock is a major source for phosphorus (P), which is an essential 

element for both agricultural and industrial applications (Filippelli, 2011; Pufahl and 

Groat, 2017). As a critical mineral commodity, the majo rity of mined phosphate rock is 

used to manufacture phosphoric acid and super-phosphoric acid through wet -process 

dissolution for producing granular and liquid ammonium phosphate fertilizers and 

animal feed supplements (U.S. Geological Survey, 2023). The global demand for 

phosphate fertilizers has seen a steady increase in recent years, with an estimated 

production of up to  49 Mt in 2022 (FAO, 2019). In addition to P, phosphate rock has also 

been considered a potential resource for other critical minerals, including rare earth 

elements and yttrium (REY) (Emsbo et al., 2016, 2015). However, despite its economic 

significance, a major environmental impact caused by the production and utilization of 
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phosphate rocks and fertilizers has been the eutrophication of water resources from 

excessive loading of nutrients (Fayiga and Nwoke, 2016; Warrack et al., 2021).  

Addit ionally, toxic metals such as Cd and uranium (U), as well as radionuclides 

particularly from the 238U decay series (e.g., 226Ra and 210Pb) are also enriched in 

phosphate rock (Fayiga and Nwoke, 2016; Pufahl and Groat, 2017). During the mining 

and processing of phosphate rocks, these contaminants can partition into and enrich in 

its mining wastes (Gnandi and Tobschall, 1999; Vengosh et al., 2022) as well as in 

phosphate fertilizers and gypsum byproducts (Aoun et al., 2010; Gaudry et al., 2007; 

Martínez -Aguirre et al., 1994; Pérez-López et al., 2010; Rutherford et al., 1994; Sattouf et 

al., 2008, 2007; Verbeeck et al., 2020). Consequently, adverse impacts can be exerted on 

the quality of soils, sediments, and waters by the mining of phosphate rocks and 

utilization of phosphate fertilizers (Fayiga and Nwoke, 2016). However, the attempts to 

develop robust geochemical and isotopic tracers for delineating the environmental 

impacts associated with phosphate fertilizer production and utilization have only been 

scarce (Sattouf et al., 2008). Therefore, this dissertation aims to characterize the REY and 

Pb isotope compositions of global phosphate rocks and corresponding fertilizer products 

and evaluate their utility as environmental tracer s. 

1.1.3 Leaded Gasoline and Lead-based Paint 

In the U.S., utilization of leaded gasoline and lead-based paint have contributed 

to ~ 5.9 Mt of Pb dispersed in the environment during the 20 th century, predominating 
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the anthropogenic Pb sources, for which soils served as the major sinks as well as an 

important pathway of human Pb exposure (Mielke and Reagan, 1998). However, despite 

the ban on use of Pb additives in  gasoline and paint since the 1980s, the legacy of these 

sources has been deeply imprinted into the geochemical compositions of soils and 

become a persistent contamination, particularly in the urban environments (Datko-

Wil liams et al., 2014; Filippelli et al., 2015; Mielke et al., 2011, 2001). Induced by both 

natural processes (e.g., weathering and erosion) and anthropogenic activities (e.g., 

construction and urban development), contaminated soils can further act as a source of 

Pb in form of dusts and aerosols that enhance the recycling of legacy Pb in the 

environment (Mielke et al., 2011; Resongles et al., 2021; Wade et al., 2021), resulting in 

increasing risks of human exposure via inhalation and ingestion. Therefore, even after 

decades of scientific research and regulative actions, Pb in urban soil remains to be a 

significant menace to public health in the U.S. and elsewhere in the world. In addition, 

soils in urban environments are a repository for not only Pb but also a variety of 

metal(loid)s sourced from myriad anthropogenic activities. Therefore, this dissertation 

aims to showcase a holistic assessment of urban soils in terms of the co-occurrence of 

metal(loid)s and fallout radionuclides ( 137Cs and 210Pb), Pb isotopic fingerprints of 

dominant sources, and potential bioavailability of metal(loid)s upon human exposure, 

which can facilitate the comprehensive understanding of the contamination.  
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1.2 Geochemical and Isotopic Tools for Tracing Metal(loid) 
Contamination 

1.2.1 Trace Elements 

The geochemical compositions of anthropogenic sources are usually 

characterized by notable enrichment of certain trace elements compared to that of 

natural waters, soils, and sediments. As discussed above, coal ash is distinctively 

enriched in trace elements including Hg, Pb, As, Se, Mo, and Tl, phosphate rocks and 

fertilizers typically contain high levels of U and Cd, and leaded gasoline and paint are 

characteristic of elevated Pb. These distinctive trace element signatures carried by those 

anthropogenic sources could be useful for identifying their contamination in the 

environment. However, considering the possibilities of mixed trace element 

compositions of different reservoirs, potential partitioning of elements among different 

environmental compartments , and possible fractionation of elements caused by complex 

interplays of physical, chemical, and biological processes, the trace element signatures 

alone may not necessarily be reliable as tracers (Reimann and de Caritat, 2005, 2000). 

Therefore, both radiogenic (Pb, Sr) and radioactive (Ra, 137Cs, 210Pb) isotope systems have 

been widely used in conjunction with trace elements to provide a better tracing fidelity 

in environmental studies (Baskaran, 2012). 

1.2.2 Radiogenic Isotopes 

Lead (Pb) naturally occurs in four stable isotopes, including one non -radiogenic 

isotope (i.e., 204Pb), and three radiogenic isotopes, 208Pb, 207Pb, and 206Pb, which are the 
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decay products of 232Th (t1/2 = 14 billion years), 235U (t1/2 = 0.7 billion years), and 238U (t1/2 = 

4.5 billion years), respectively. The differences in the decay rates of 232Th, 238U, and 235U, 

as well as variable contents of U and Th and their ratios in rocks of different ages, result 

in large variations and distinctive Pb isotope ratios of terrestrial Pb reservoirs  (Faure, 

1986; Komárek et al., 2008; Long, 1999). Given its relatively large atomic weight and 

small mass differences between isotopes, Pb is not conducive to significant isotopic 

ÍÙÈÊÛÐÖÕÈÛÐÖÕɯËÜÙÐÕÎɯ×ÏàÚÐÊÈÓȮɯÊÏÌÔÐÊÈÓȮɯÈÕËɯÉÐÖÓÖÎÐÊÈÓɯ×ÙÖÊÌÚÚÌÚɯÐÕɯÛÏÌɯ$ÈÙÛÏɀÚɯÚÜÙÍÈÊÌɯ

conditions (Cheema et al., 2020; Cheng and Hu, 2010; Komárek et al., 2008). Therefore, 

Pb isotopes have been widely used to determine the sources and pathways of pollution 

in various environmental settings (e.g., Chen et al., 2005; Kousehlar and Widom, 2019; 

Liang et al., 2010; Sherman et al., 2015; Veysseyre et al., 2001). 

Strontium (Sr) has four naturally occurring stable isotopes, including three non -

radiogenic ones 88Sr, 86Sr, and 84Sr, and a radiogenic 87Sr, which is the decay product of 

87Rb (t1/2 = 48.8 billion years). By convention, the abundance of 87Sr is expressed as a ratio 

relative to 86Sr (i.e., 87Sr/86Sr). Due to the differences in age, lithology (e.g., mafic versus 

felsic rocks), and chemical composition (e.g., Rb/Sr ratio), different geologies have large 

variations in 87Sr/86Sr ratios. As a consequence, the 87Sr/86Sr ratio has been considered a 

useful tool for studying the geological evolution of seawater composition (Burke et al., 

1982; Hodell et al., 1991; Veizer and Compston, 1974), chemical weathering of minerals 

and soil cation losses (Blum et al., 1993; Miller et al., 1993), and source tracing 
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anthropogenic contamination (e.g., Åberg, 1995; Hurst and Davis, 1981; Sherman et al., 

2015a). 

1.2.3 Radioactive Isotopes 

Radium (Ra) contains four isotopes that are found in the natural environment, 

including 226Ra (t1/2 = 1,600 years), 223Ra (t1/2 = 11.4 days), 228Ra (t1/2 = 5.7 years), and 224Ra 

(t1/2 = 3.6 days), all of which are radioactive and derived from the decay chains of 238U, 

235U, and 232Th, respectively. Due to the radioactivity and associated radiation risks, 

elevated Ra activities in the environment pose consequential environmental and human 

health risks (International Atomic Energy Agency, 2014; references therein). In addition, 

the activity ratios of different Ra ratios (e.g., 226Ra/228Ra, 224Ra/226Ra, and 223Ra/226Ra) have 

been used as tracers for studying the mixing processes of both fresh and saline waters 

(e.g., Moise et al., 2000; Vinson et al., 2018, 2013; Zhang et al., 2012), investigating the 

sources and ages of contamination associated with conventional and unconventional oil 

and gas wastewater disposal (e.g., Lauer and Vengosh, 2016; Lauer et al., 2018, 2016; 

McMahon et al., 2019), and understanding the dispersal and accumulation of 

radioactivity in the environment from coal and coal combustion residuals (Lauer et al., 

2017, 2015). 

Cesium-137 (137Cs) is a man-made radionuclide (t 1/2 = 30.1 years), which was 

primarily derived from atmospheric nuclear weapons testing since the early 1950s and 

effectively limited following the Nuclear Test Ban Treaty in 1963 (Beck and Bennett, 2002; 
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He and Walling, 1997; Walling and He, 1999). Lead-210 (210Pb), in comparison, is a 

naturally occurring radionuclide (t 1/2 = 22.2 years) and constantly released into the 

atmosphere via decay and emission of 222Rn through the 238U decay chain (Mabit et al., 

2014). Both are fallout radionuclides removed directly from the atmosphere via dry and 

wet deposition and have a strong affinity for soil and sediment particles (He and 

Walling, 1997). Accordingly, 137Cs and 210Pb have been widely used to derive the 

chronology of lake sediments (Benoit and Rozan, 2001; Krishnaswamy et al., 1971; 

McCall et al., 1984) and indicate the soil erosion and mixing processes (e.g., Crusius et al., 

2004; He and Walling, 1997; Mabit et al., 2008; Walling and He, 1999). 

1.3 Dissertation Objectives 

The overall research objectives of this dissertation are three-fold (Figure 2): firstly, 

to characterize the geochemical and isotopic compositions of major anthropogenic 

sources for metal(loid) contaminants, including coal fly ash and phosphate rocks 

(Chapters 2, 3, 4): secondly, to evaluate the utilities and limitations of the geochemical 

and isotopic signatures as environmental tracers for contamination ( Chapters 4, 5); and 

thirdly, to showcase the applications of the developed geochemical and isotopic tracers 

in delineating metal(loid) contamination and associated environmental and human 

health impacts (Chapters 6, 7, 8). This dissertation is composed of the chapters listed as 

below. 

Chapter 1: Introduction.  
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Chapter 2: Lead Isotopes as a New Tracer for Detecting Coal Fly Ash in the 

Environment  (based on Wang et al., 2019). 

Chapter 3: Distinction of Strontium Isotope Ratios Between Water -soluble and 

Bulk Coal Fly Ash from the United States (based on Wang et al., 2020). 

Chapter 4: Lead Isotopes and Rare Earth Elements Geochemistry of Global 

Phosphate Rocks: Imprints of Depositional Conditions and Diagenetic Effects and 

Implications for Environmental Tracing.  

Chapter 5: Evaluation and Integration of Geochemical Indicators for Detecting 

Trace Levels of Coal Fly Ash in Soils (based on Z. Wang et al., 2021). 

Chapter 6: Legacy of Coal Combustion: Widespread Contamination of Lake 

Sediments and Implications for Chronic Risks to Aquatic Ecosystems (based on Wang et 

al., 2022a). 

Chapter 7: Isotopic Signatures and Fluxes of Lead (Pb) from Coal Fly Ash 

Disposal in China, India, and the United States. 

Chapter 8: Legacy of Anthropogenic Lead in Urban Soils: Co-occurrence with 

Metal(loids) and Fallout Radionuclides, Isotopic Fingerprinting, and In Vitro 

Bioaccessibility (based on Wang et al., 2022b). 

Chapter 9: Conclusions and Outlook.  
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Figure 2: Outline of research objectives and core chapters in this dissertation . 
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2. Lead Isotopes as A New Tracer for Detecting Coal Fly 
Ash in the Environment 

(Reproduced with permission from Environme ntal Science & Technology Letters, 2019, 

Volume 6, Pages 714-719. Copyright 2019 American Chemical Society; Supplementary 

Information  in Appendix A)  

2.1 Introduction 

Lead (Pb) is a globally recognized toxic pollutant that can pose risks to the 

environment and human health. Lead occurs in four stable isotopes, including 208Pb (~ 

52.4%), 206Pb (~ 24.1%), 207Pb (~ 22.1%), which are three radiogenic isotopes produced by 

the radioactive decay chains of 232Th (t1/2 = 14 billion years), 238U (t1/2 = 4.5 billion years), 

and 235U (t1/2 = 0.7 billion years), respectively, and one non-radiogenic isotope 204Pb (~ 

1.4%) (Komárek et al., 2008; Long, 1999). Due to its relatively small mass difference (D 

mass), Pb does not undergo large isotopic fractionation during physical and chemical 

processes at Earth surface conditions (Charalampides and Manoliadis, 2002; Faure, 1986). 

Therefore, Pb isotopes have been widely used to determine the sources and pathways of 

various Pb pollutants in the environme nt (e.g., Chen et al., 2005; Kousehlar and Widom, 

2019; Liang et al., 2010; Sherman et al., 2015; Veysseyre et al., 2001). 

Coal ash, also known as coal combustion residuals (CCRs), refers to the by-

products from burning coal, including fly ash, bottom ash, boiler slag, and flue gas 

desulfurization gypsum, among which fly ash is the most abundant. Coal ash has raised 

alarming environmental and human health concerns due to its elevated concentrations 
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of hazardous elements such as As, Se, Cd, Cr and Pb (Eary et al., 1990; Querol et al., 1995; 

Ruhl et al., 2010, 2009). In order to delineate the environmental impacts of coal ash, 

previous studies have explored various isotopic fingerprints (e.g., B, Sr, and Ra) as 

geochemical tools to identify the presence and pathways of coal ash contamination in 

the environment  (Brandt et al., 2018; Hurst et al., 1993, 1991; Lauer et al., 2015; Ruhl et al., 

2014). Lead isotopes in coal ash, however, have rarely been systematically documented 

(Chen et al., 2005; Hurst et al., 1993; Liang et al., 2010). Although several studies have 

investigated the Pb isotopic compositions of coals and addressed their applications for 

assessing Pb pollution caused by coal combustion (Bi et al., 2017; Chow and Earl, 1972; 

Díaz-Somoano et al., 2009, 2007; Farmer et al., 1999), very few have characterized the Pb 

isotopes of coal ash and studied its application for tracing coal ash occurrence in the 

environment  (Chen et al., 2005; Hurst et al., 1993; Liang et al., 2010). 

In this paper, we provide, for the first time, a systematic analysis of Pb isotopes 

in representative coal fly ash samples derived from coals of three major coal-producing 

basins in the U.S., namely Appalachian Basin, Illinois Basin, and Powder River Basin, 

which respectively accounted for 25.5%, 13.3%, and 43.2% of the total U.S. coal 

production in 2017 (Annual Coal Report 2017, 2018). We measured the Pb isotope ratios 

(208Pb/204Pb, 207Pb/204Pb, 206Pb/204Pb, 208Pb/206Pb, and 206Pb/207Pb) as well as the Pb, Th, and U 

concentrations of the fly ash samples. By integrating our data with existing Pb isotopic 

data of both naturally occurring sediments and soils and major anthropogenic sources 
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(leaded gasoline and lead-based paint), this study aims to determine whether the Pb 

isotopic signature of fly ash is distinctive relative to both geogenic and anthropogenic Pb 

sources, and if it is useful in tracing fly ash in the environment. In order to test this 

potential, we analyze sediments at different distances from coal ash ponds from Sutton 

Lake in North Carolina, where other indicators have shown the impact by unmonitored 

coal ash spills  (Vengosh et al., 2019), and we also measure sediments from a reference 

lake (Lake Waccamaw in North Carolina) that has no coal ash ponds nearby.  

2.2 Materials and Methods 

2.2.1 Sample Collection 

Coal ash analyzed in this study includes 45 fly ash samples collected from 12 U.S. 

coal-fired power plants between 2004 and 2013 (Table A1) (Lauer et al., 2015). Based on 

accessibility, the fly ash samples were collected from different particle collection systems, 

namely mechanical, baghouse filter, and electrostatic precipitator (ESP). Samples from 

different ESP rows were also collected (Table A1). The fly ash samples originated from 

coals in Appalachian Basin (n = 16), Illinois Basin (n = 22), and Powder River Basin (n = 

7), respectively. Feed coals from Appalachian Basin and Illinois Basin are 

Pennsylvanian-age bituminous coal, whereas those from Powder River Basin are 

Paleocene and Late Cretaceous-age sub-bituminous coal (Table A1) (East, 2013). 

Sediment samples collected from Sutton Lake (n = 7) and Lake Waccamaw (n = 2) in 

North Carolina a re also included (Vengosh et al., 2019). 
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2.2.2 Pb Isotope Analysis 

Fly ash and sediment samples were digested in a HF-HNO 3 mixture. Following 

digestion, all solutions were dried down and re -dissolved in 11 N HCl (see details in 

Appendix Text A1). The Pb, Th, and U concentrations were measured on a Thermo 

Fisher X-Series II inductively coupled plasma mass spectrometer (ICP-MS). The accuracy 

was assessed by measuring a coal fly ash standard reference material (SRM) NIST 1633c. 

Aliquots containing ap proximately 100 ng Pb were taken from digested solutions and 

further prepared for elemental separation using Bio -Rad anion resin AG1×8 and 1.1 N 

HBr solution for sample loading and matrix washing. Lead was then eluted using 6 N 

HCl (see details in Appendix  Text A1). The separation process was conducted twice to 

ensure complete separation of Pb from other matrix constituents. All acids used in this 

study were optima grade. The detailed sample digestion and Pb column separation 

procedures are available in the Supporting Information. The Pb isotope analysis ( 208Pb, 

207Pb, 206Pb, and 204Pb) was performed on a Triton thermal ionization mass spectrometer 

(TIMS) at Duke University, using Faraday cups and operating in static mode. Separated 

and purified Pb was loaded with H 3PO4-acidified silica gel onto degassed single Re 

filaments. To correct for instrumental mass fractionation, common Pb standard NIST 

SRM 981 was measured regularly over the course of analysis. The raw data of all 

samples were corrected for instrument mass fractionation. The mass bias was 

determined from replicate measurements of NIST 981 (n = 21) and normalization to the 
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expected values (Yuan et al., 2016). The analytical uncertainties (2SD) for 208Pb/204Pb, 

207Pb/204Pb, 206Pb/204Pb, 208Pb/206Pb, and 206Pb/207Pb are 0.0109, 0.0032, 0.0026, 0.0003, and 

0.0001, respectively (Table A2). 

2.3 Results and Discussion 

2.3.1 Characterization of Pb Isotopes in Fly Ash from the U.S. 

The Pb isotope ratios display variations outside of analytical uncertainty 

(208Pb/204Pb from 38.5942 to 39.3406 ± 0.1664, 207Pb/204Pb from 15.6607 to 15.7307 ± 0.0165, 

206Pb/204Pb from 18.9236 to 19.6090 ± 0.1999, 208Pb/206Pb from 1.9760 to 2.0431 ± 0.0215, and 

206Pb/207Pb from 1.2079 to 1.2479 ± 0.0117) (Table A3). Specifically, the mean and median 

206Pb/207Pb ratios for fly ash samples derived from Powder River Basin (PRB) coals are 

1.2271 and 1.2244, respectively, which are higher than that of fly ash originating from 

Appalachian Basin (APP) coals (1.2173 and 1.2164) (Table A3). In contrast, fly ash 

samples from Illinois Basin (ILL) coals show a considerable spread of 206Pb/207Pb ratios 

from 1.2079 to 1.2479, which encompasses the range of all the investigated samples 

(Table A3, Figure 3). Consistent with previous studies of coal  (Bi et al., 2017; Chow and 

Earl, 1972; Díaz-Somoano et al., 2009, 2007), our data show that there is also no clear 

correlation between the 206Pb/207Pb ratios of fly ash and the respective coal age. A two-

tailed T-test indicates that the 206Pb/207Pb ratios of APP fly ash (derived from 

Pennsylvanian coals) are statistically different from those of PRB fly ash (derived from 

Cretaceous and Paleocene coals) and ILL fly ash (derived from Pennsylvanian coals) (p < 
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0.01), whereas PRB and ILL fly ash samples are not statistically different from each other 

(Table A1). 

 

Figure 3: Boxplots of Pb isotope ( 206Pb/207Pb) ratios in fly ash samples derived 

from Illinois Basin (ILL), Power River Basin (PRB), and Appalachian Basin (APP) 

coals. Summary statistics for displayed data are presented in Table A2.Lead 

concentrations in fly ash samples vary from 25.3 to 308 mg/kg. Specifically, the mean Pb 

concentrations of Appalachian fly ash samples (88.4 ± 29.1 mg/kg) and Illinois fly ash 

samples (138 ± 56.9 mg/kg) are greater than the world average value of  55 ± 6 mg/kg 

reported for high -rank coal ash (Ketris and Yudovich, 2009), and as compared to the 

world average of low -rank coal ash (38 ± 2 mg/kg) (Ketris and Yudovich, 2009), the 

mean of Powder River Basin fly ash samples (47.3 ± 18.2 mg/kg) is also higher (Table A3). 

Since both the elemental concentrations and Pb stable isotopes of fly ash samples vary 

among the three coal basins, regression statistics (correlation coefficients and p values) 

were collected both from individual basin analysis and overall analysis of all three 
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basins (Figure A1 and Figure A2). Our data show that the 210Pb activities and 210Pb/226Ra 

ratios have a positive correlation with the Pb concentrations for the overall analysis ( p < 

0.01), although the individual analysis of Illinois samples displays a less significant 

correlation between the 210Pb activity and Pb concentrations by having two distincti ve 

trends (Figure A1 A and D). This confirms earlier observations on the volatilization of 

Pb during combustion process, with Pb retaining on finer (higher surface area) fly ash 

particles at lower temperatures, which results in preferential capture of 210Pb and an 

overall enrichment of Pb in fly ash  (Lauer et al., 2015; Zielinski and Budahn, 1998). In 

contrast, both the overall and individual analyses indicate that the Pb stable isotope 

ratios neither have any correlations with the 210Pb/226Ra ratios (Figure A1 E and F), nor 

with the Pb concentrations (Figure A2 A and B); yet the Illinois samples show a 

statistically significant correlation between the Pb stable isotopes and 210Pb activity, 

whereas no such correlation is found in the Appalachian and Powder River Basin 

samples (Figure A1 B and C). This exception might be attributed to the higher 

heterogeneity of the coal sources from Illinois Basin. In spite of the exception of Illinois 

samples, we propose that the volatilization and condensation of Pb during coal 

combustion would not cause significant fractionation of stable isotopes, which should be 

further verified by measuring pairwise coal and coal ash samples. Additionally, by 

comparing Pb stable isotopes with the Th/U and Th/Pb ratios, we notice that the three 

basins have distinguishable trends, thus indicating that the Pb isotopic variations of fly 
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ash may reflect the original composition of coal and the different coal geology of coal -

forming basins (Figure A2 C and D).   

2.3.2 Distinction of Pb Isotope Ratios in Fly Ash Relative to Other Pb 
Sources in the U.S. 

We complied  available Pb isotopic data of major anthropogenic and geogenic Pb 

sources in the U.S. (Table A4, Figure 4). These sources include lead ore deposits (Leach 

et al., 2010; Sangster et al., 2000), leaded gasoline (Chow and Johnstone, 1965; Dunlap et 

al., 2000; Sherrell et al., 1992), lead-based paint (Jaeger et al., 1998; Rabinowitz, 1987; 

Viczian et al., 1990), coals (Chow and Earl, 1972; Díaz-Somoano et al., 2009), atmospheric 

aerosols (Bollhöfer and Rosman, 2002, 2001), bottom-layer lake sediments (Graney et al., 

1995; Marcantonio et al., 2002), and subsurface soils (Reimann et al., 2011). Leaded 

gasoline and paint once dominated the anthropogenic sources of Pb in the environment, 

with Pb additives primarily originating from Pb ore bodies, which makes the isotopic 

ratios of this anthropogenic Pb distinct from that of natural sediment and soil Pb  

(Komárek et al., 2008; Marcantonio et al., 2002; Shirahata et al., 1980; Teutsch et al., 2001). 

The Pb isotopes of ore deposits in the U.S. are highly variable, with 208Pb/206Pb 

ranging from 1.8698 to 2.1623 and 206Pb/207Pb from 1.0878 to 1.4060 (Table A4). These 

variations mainly correspond to the geological ages of ores, characterized by the highest 

206Pb/207Pb ratio and lowest 208Pb/206Pb ratio for the youngest ores (~ 280 Ma), and the 

lowest 206Pb/207Pb ratio and highest 208Pb/206Pb ratio for the oldest ores (~ 1300 Ma) (Leach 

et al., 2010; Sangster et al., 2000). The other sources all fall within the range of isotope 
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ratios of the ores, and generally define three separate trends (indicated with different 

colors in Figure 4). The ratios for leaded gasoline follow a trend (blue-banded in Figure 4) 

with 208Pb/206Pb varying from 2.040 to 2.150 and 206Pb/207Pb from 1.117 to 1.199. The lead-

based paint ratios (also in the blue band; 2.032 ~ 2.126 for 208Pb/206Pb and 1.133 ~ 1.233 for 

206Pb/207Pb) largely overlap this trend, but the ratios are more variable (Figure 4, Table 

A4). 

 

Figure 4: 208Pb/206Pb versus 206Pb/207Pb ratios in fly ash samples investigated in 

this study compared to other Pb sources in the U.S.  The displayed data of fly ash 

samples are shown in Table A3. Detailed of the compiled data for the other Pb 

sources are provided in Table A4. Note the three different slopes of the anthropogenic 

Pb (blue), coal and coal ash (gray), and natural or geogenic (orange) domains.  

Surface-layer lake sediments and surface soils are more likely to be exposed to 

anthropogenic Pb inputs, whereas bottom-layer lake sediments and subsurface soils are 

considered to be more pristine, and thus reflect the natural Pb (bedrock-derived)  

(Graney et al., 1995; Marcantonio et al., 2002; Reimann et al., 2011; Shirahata et al., 1980; 
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Teutsch et al., 2001). The Pb isotopic data of bottom-layer sediments from the Great 

Lakes region and the Chesapeake Bay, as well as subsurface soils from the states where 

APP, ILL, and PRB feed coals are mined are referenced here as natural Pb (Table A4). 

Wi th a few exceptions, the deep lake sediments and subsurface soils are generally higher 

in the 208Pb/206Pb ratio than the fly ash samples for a given 206Pb/207Pb ratio and define a 

different domain (orange -banded) from the gasoline and paint (Figure 4). The isotope 

ratios of fly ash samples in this study are slightly divergent from those of U.S. coals 

reported in previous studies, yet together they form a third trend (grey-banded) that is 

distinct from the other two trends (Figure 4). Although the three domains have 

somewhat overlap, the data show that the Pb isotope ratios of fly ash are distinguishable 

from those of anthropogenic Pb sources, as well as natural Pb. Finally, the aerosols 

display an overlap with the trend of gasoline (Figure 4), except that they have higher 

206Pb/207Pb ratios, specifically in aerosols from the eastern and mid U.S. (Table A4). This 

isotopic shift in aerosols may be attributed to a greater contribution from coal 

combustion in the eastern than western part of the U.S. (Bollhöfer and Rosman, 2002, 

2001). 

2.3.3 Application of Pb Isotopes for Tracing Fly Ash in the 
Environment 

In order to evaluate the potential of Pb isotopes as a tracer for fly ash occurrence 

in the environment, we measured the Pb isotopes of sediments collected from Sutton 

Lake and Lake Waccamaw in North Carolina. The sediments in Sutton Lake have been 
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shown to contain fly ash solids from unmonitored coal ash spills, whereas those of a 

nearby lake, i.e., Lake Waccamaw, have not been impacted, and therefore, they are used 

as a reference (Vengosh et al., 2019). The 206Pb/207Pb and 208Pb/206Pb ratios of Sutton Lake 

sediments vary between 1.2042 and 1.2109, and from 2.0416 to 2.0521, respectively, and 

are different from the Pb isotopic composition of sediments from Lake Waccamaw 

(mean 206Pb/207Pb = 1.2032, 208Pb/206Pb = 2.0528) (Table A5). As shown in Figure 5, the Pb 

isotope ratios of Sutton Lake sediments clearly lie between the ratios of unimpacted 

Lake Waccamaw sediments and fly ash samples derived from Appalachian Basin coal, 

the major source of coal used in North Carolina power plants  (Ruhl et al., 2012). In 

addition, the Pb isotope ratios of aerosols from the eastern U.S. follow a subparallel 

trend to that of APP fly ash and slightly overlap the area of Sutton Lake sediments 

(Figure 5). 
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Figure 5: 208Pb/206Pb versus 206Pb/207Pb ratios of sediments from Sutton Lake and 

Lake Waccamaw in North Carolina  as compared to the Appalachian fly ash, and the 

eastern U.S. aerosols. The displayed data are shown in Table A4 and Table A5. Note 

that the Pb isotope ratios of the Sutton lake sediments are between the background 

lake (Lake Waccamaw) and the Appalachian fly ash, suggesting a mixing between the 

background sediments and fly ash.  

Atmospheric deposition of Pb derived from the burning of leaded gasoline and 

coal has been viewed as a major source of anthropogenic Pb in lake surface sediments 

(Graney et al., 1995; Komárek et al., 2008; Marcantonio et al., 2002). Although there ma y 

well be some contributions from aerosols, given the geographic proximity of Sutton 

Lake and Lake Waccamaw, we assume that atmospheric Pb deposition would have 

contributed equally to the two lakes. Further, we suggest that the Pb isotopic 

composition of Sutton Lake sediments resulted from a two -component mixing between 

the unimpacted sediments and the APP fly ash. Based on a simple binary mixing model 

used to estimate the contribution of anthropogenic Pb sources to the natural systems by 
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using Pb isotopes data (Emmanuel and Erel, 2002; Ettler et al., 2004; Hou et al., 2006; 

Monna et al., 1997), we calculated the relative contribution of Pb from the APP fly ash to 

the Sutton Lake sediments (details about the model are outlined in Appendix A ; Table 

A5). The relative Pb contributions in the Sutton Lake sediments vary from 6.7% to 54.6%, 

with higher percentages being observed in sediments located closer to the coal ash 

ponds (Table A5, Figure A3) (Vengosh et al., 2019). The isotope-based Pb contribution 

from the APP fly ash is also highly correlated (r = 0.9037; p < 0.01) with the percentages 

of fly ash particles in the sediments independently determined via physical observations 

(Table A5, Figure A3) (Vengosh et al., 2019).  

Overall, this study shows t he distinctive Pb isotope signature of fly ash relative 

to other anthropogenic Pb sources and natural Pb in the U.S. and demonstrates the 

sensitivity of Pb isotopes for detecting, and even quantifying, the occurrence of fly ash in 

the environment. Future studies should further compare the Pb isotope ratios of 

pairwise feed coal and coal ash samples, investigate the variations of Pb isotopes among 

samples from different basins, and explore the applicability of this new proposed tracer 

and the magnitude of Pb pollution from current and legacy coal combustion.  
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3. Distinction of Strontium Isotope Ratios Between 
Water-soluble and Bulk Coal Fly Ash from the United 
States 

(Reproduced with permission from International Journal of Coal Geology, 2020, 222, 

103464. Copyright 2020 Elsevier) 

3.1 Introduction 

Coal ash represents one of the largest industrial solid waste streams in the 

United States. Approximately 102 million tons of coal ash were produced in the U.S. in 

2018, over 40% of which was disposed of in surface impoundments and landfills 

(American Coal Ash Association, 2019). Coal ash is generally composed of fly ash, 

bottom ash, boiler slag, and flue gas desulfurization (FGD) products. Of these, fly ash 

has raised the greatest environmental concerns due to its relative greater abundance, 

finer particles, and elevated concentrations of potentially toxic trace elements (e.g., As, 

Se, Cd, Cr, and Pb), which, upon release to the environment, may pose risks to human 

and ecological health (Carlson and Adriano, 1993; Córdoba et al., 2012; Izquierdo and 

Querol, 2012; Kosson et al., 2002; Nelson et al., 2010; Swaine, 1994; Thorneloe et al., 2010; 

Twardowska et al., 2003). The massive volume of coal ash that has been generated in the 

U.S. and its potential toxicity pose major challenges for coal ash management and 

disposal. There have been several incidents of accidental coal ash spills caused by 

infrastructure failures, including events at the Tennessee Valley Authority (TVA) 

Kingston Fossil Plant (Harriman, Tennessee) in 2008; Dan River Steam Station (Eden, 
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North Carolina) in 2014; and Sutton Steam Plant (Wilmington, North Carolina) in 2018 

(Lemly, 2015; Ruhl et al., 2012, 2010, 2009; Vengosh et al., 2019). Contaminants may also 

enter the environment due to ash pond leaking and/or direct discharge of coal ash 

effluents (Harkness et al., 2016; Ruhl et al., 2012, 2014). In order to delineate the 

environmental impacts of released coal ash, a variety of geochemical and isotopic tracers 

(e.g., boron, strontium, radium, mercury, and lead isotopes) have been used to identify 

the presence and elucidate the pathways of coal ash contamination in the environment 

(Bartov et al., 2013; Deonarine et al., 2013; Hurst et al., 1991, 1993; Hurst and Davis, 1981; 

Lauer et al., 2015; Ruhl et al., 2014; Z. Wang et al., 2019). 

Strontium is a trace element with an average global concentration of ~ 110 mg/kg 

in raw coals (Ketris and Yudovich, 2009). Following coal combustion, strontium is 

further enriched in coal ash (global mean value ~ 740 mg/kg; Ketris and Yudovich, 2009), 

and in some cases may reach up to ~ 3,000 mg/kg in fly ash ((Hurst and Davis, 1981; 

Straughan et al., 1981). Strontium is also readily mobilized in aquatic environments 

(Hurst et al., 1993, 1991; Ruhl et al., 2014), and its mobilization is independent of redox 

conditions (Ruhl et al., 2014), rendering Sr isotopes an ideal tracer for coal ash 

contamination in water .   

There are four naturally occurring stable isotopes of Sr, of which 88Sr (natural 

abundance = ~ 82.6%), 86Sr (natural abundance = ~ 7.0%), and 84Sr (natural abundance = ~ 

0.6%) are non-radiogenic, while 87Sr (natural abundance = ~ 9.9%), the decay product of 
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87Rb (half-life t 1/2 = 48.8 billion years), is radiogenic (Åberg, 1995). Due to the differences 

in age, lithology (e.g., mafic versus felsic rocks), and chemical composition (e.g., Rb/Sr 

ratio), different geologies have large variations in 87Sr/86Sr ratios, rendering it a useful 

tool for a variety of geological (e.g., evolution of seawater composition) and 

environmental studies (e.g., tracing anthropogenic contamination) (Åberg, 1995; Burke 

et al., 1982; Dasch, 1969; Hodell et al., 1991; Sherman et al., 2015; Spiro et al., 2019; Veizer 

and Compston, 1974). Because fly ash has a relatively high Sr concentration and 

distinctive 87Sr/86Sr signature, it has been used to detect coal ash contamination in the 

environment in previous studies. Hurst and Davis (1981) and Hurst et al. (1991) were the 

first to demonstrate the potential of the 87Sr/86Sr ratio as an indicator for airborne fly ash 

as well as effluents derived from coal-fired power plants in the southwestern United 

States. Brubaker et al. (2013) performed both column and sequential batch leaching 

experiments on four site-specific fly ash samples and found a temporal increase in the 

87Sr/86Sr ratios of leachates, resulting in a range from 0.7107 to 0.7138, which was 

associated with the isotopic composition of coal ash pond effluents in West Virginia 

(0.7124) as well as the composition of the Appalachian coals (Vengosh et al., 2013). Ruhl 

et al. (2014) conducted a more systematic analysis of the Sr isotope ratios in water 

leachates from coal ash of different feed coal sources across the United States and 

showed distinguishable 87Sr/86Sr ratios in water-soluble Sr. The Sr isotopic fingerprints of 

coal ash water leachates, combined with other geochemical tools (e.g., boron isotopes), 
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have subsequently been used as evidence for the mobilization of contaminants from a 

coal ash spill in Kin gston, TN (Ruhl et al., 2014) and for the leaking of coal ash ponds 

into adjacent surface water and shallow groundwater (Harkness et al., 2016). Strontium 

isotopes have also helped to distinguish between naturally occurring and coal ash 

derived contaminants in groundwater near coal ash ponds in North Carolina (Vengosh 

et al., 2016) and used as a biogenic tracer of coal ash contamination and bioaccumulation 

in lake ecosystems (Brandt et al., 2018). While these studies have characterized and 

utilized the isotope ratio of the soluble fraction of Sr, limited data exist on the Sr isotope 

composition of bulk coal ash. Spivak-Birndorf et al. (2012) compared the Sr isotopic 

ratios from both full digestion and sequential leaching of 11 U.S. fly ash samples, 

comprising both Class-F and Class-C fly ash, and showed that the water leachable 

fraction of Sr in fly ash has a lower 87Sr/86Sr ratios relative to the bulk fly ash. This 

suggests that that Sr with variable 87Sr/86Sr exists in different phases within the 

heterogeneous fly ash matrix (Spivak-Birndorf et al., 2012).   

This study aims to provide a more comprehensive dataset of the concentrations 

and isotopic compositions of Sr in coal fly ashes from coals of the three major coal-

producing basins in the United States, the Appalachian Basin, Illinois Basin, and Powder 

River Basin (East, 2013). These basins accounted for 21.4%, 14.1%, and 40.2% of the total 

U.S. coal production in 2018, respectively (U.S. Energy Information and Administration, 

2019). We compare the Sr concentrations and 87Sr/86Sr ratios of both the bulk and water -
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soluble fractions of fly ash. Furthermore, we address the environmental applications and 

limitations of using 87Sr/86Sr ratios in both soluble and bulk coal ash for tracing 

contamination associated with the migration of both coal ash effluents and solids in the 

environment.  

3.2 Materials and Methods 

3.2.1 Sample Collection 

A total of 45 fly ash samples, collected from 14 U.S. coal-fired power plants 

between 2004 and 2015, were analyzed in this study. Specific sample collection 

information is presented in Table 1. Since coal-fired power plants oftentimes burn feed 

coal by blending coals from multiple coal basins, careful attention was paid to collect fly 

ash samples specifically from power plants burning feed coal from only one known coal 

basin during the time of sampling (Table 1). It should be noted that all the sampled 

power plants that burned the Powder River Basin coals are located far away from the 

basin; in addition, the E.W. Brown plant switched its feed coal sources over the period of 

sampling, from burning Appalachian Basin coals in 2004 to Illinois Basin coals in 2012 

and 2013 (Table 1). Depending on accessibility, fly ash samples from different particle 

collection systems, namely, mechanical, baghouse filter, and electrostatic precipitator 

(ESP) were collected, including those from individual ESP rows (Table 1). The fly ash 

samples in this study originated from coals in the Appalachian Basin (n = 16), Illinois 

Basin (n = 22), and Power River Basin (n = 7), respectively (Table 1). The ash yield and 
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total sulfur content for the corresponding feed coal used for each indi vidual boiler unit 

are also provided when available (Table 1). The Appalachian Basin produces 

Pennsylvanian-age bituminous coals with low to medium sulfur contents, the Illinois 

Basin produces Pennsylvanian-age bituminous coals with relatively high total s ulfur 

contents, and the Powder River Basin produces Paleocene and Late Cretaceous-age 

subbituminous coals with a low sulfur content (Lyons, 1986). Typically, Class-F fly ash 

contains relatively high SiO 2 and Al 2O3 and low CaO (< 20%), whereas Class-C fly ash 

contains > 20% CaO (ASTM Standard C618-08a, 2011). Appalachian Basin fly ash has 

high SiO2 and Al 2O3 and low CaO, Illinois Basin fly ash has high Fe2O3 and low CaO, 

and Powder River Basin fly ash has low SiO2 and Al 2O3 and low CaO (Hower et al., 1996; 

Taggart et al., 2016). Therefore, fly ash samples from the Appalachian and Illinois basin 

coals are classified as Class-F fly ash, while samples from the Powder River Basin are 

classified as Class-C fly ash (Table 1). 

3.2.2 Strontium Concentration Analysis 

Fly ash samples were first dissolved by acid digestion according to the following 

procedure: 34 ± 1 mg of solids were weighed in 10 mL screw-cap Teflon vials and 

digested overnight in a hydrofluoric acid (HF) and nitric acid (HNO 3) mixture (v/v=2 mL: 

1 mL; optima grade) at 90 ~ 100 °C. The digested samples were then dried completely 

and then redissolved in a mixture of 15 M HNO 3 (1 mL), hydrogen peroxide (H 2O2, 1 mL; 

Optima grade), and DI water (5 mL) at 90 ~ 100 °C for at least 24 hours (Vengosh et al., 
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2019; Z. Wang et al., 2019). Fly ash samples were also leached in water according to a 

modified version of EPA Method 1316: Liquid -solid partitioning as a function of liquid -

to-solid ratio in solid materials using a parallel batch procedure (Thorneloe et al., 2010). 

In this method, approximately 2 grams of fly ash solid were mixed with ~ 20 g of 

deionized (DI) water (reÚÐÚÛÐÝÐÛàɯǿɯƕƜȭƖɯ,͙ɯÊÔȺɯÐÕɯƙƔ-mL metal -free centrifuge tubes and 

shaken on a New Brunswick Scientific C1 Platform Shaker at 180 rpm for 24 hours at 

room temperature. The water leachates were then extracted using 30-mL metal -free 

syringes with 0.45-µm syrin ge filters (Vengosh et al., 2019).  

The concentration of Sr was determined on a Thermo Fisher X-Series II 

inductively coupled plasma mass spectrometer (ICP-MS) at Duke University. For the 

bulk fly ash, 50 µL aliquots of digested solutions were diluted to 2 mL with DI water 

and then spiked with 10 mL internal standard of In, Th, and Bi mixture for the ICP -MS 

analysis in order to correct for instrumental drift. Aside from the Sr concentration, the 

concentration of Rb was also measured and reported here in this study. Digestion 

efficiency and analysis accuracy were assessed by digestion and analysis of a coal fly ash 

standard, SRM 1633c (National Institute of Standards and Technology, NIST). During 

the course of analysis, the average recoveries of Sr and Rb from repeated measurements 

of SRM 1633c are 98% and 95% (n = 8), respectively. For the water leachates, depending 

on the electrical conductivity (EC) values, 40 to 90-fold dilutions were made prior to the 
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ICP-MS analysis. All the concentration data are reported in mg/kg normalized to as h 

weight (Table 2).  

3.2.3 Strontium Isotope Analysis 

 ÓÐØÜÖÛÚɯÊÖÕÛÈÐÕÐÕÎɯÈÉÖÜÛɯƖɯϟÎɯÖÍɯËÐÚÚÖÓÝÌËɯ2ÙɯÖÍɯÉÖÛÏɯÛÏÌɯÍÜÓÓàɯËÐÎÌÚÛÌËɯ

solutions and water leachates of fly ash were evaporated at 110 °C until dryness in 

Teflon beakers under a HEPA-filtered clean fume hood. The dried samples were then re-

dissolved in 550 µL of 7 N HNO 3. The separation of Sr from other matrix constituents 

was achieved by using a Sr-specific ion-exchange resin (Eichrom Technologies, LLC), 7 

N HNO 3 as a matrix washing solution, and DI water as the Sr eluting solution. One drop 

(0.05 ml) of 0.05 M H3PO4 was added to the elution which was dried down until a clean 

Sr bead was obtained (Vengosh et al., 2019). The 87Sr/86Sr ratios were measured on a 

Triton thermal ionization mass spectrometer (TIMSȺɯÈÛɯ#ÜÒÌɯ4ÕÐÝÌÙÚÐÛàȭɯ3ÏÌɯȃƖɯϟÎɯ2Ùɯ

bead was mixed with a TaCl activator solution and loaded onto degassed single 

rhenium (Re) filaments. During each analysis, a total of 150 ratios was collected in 

positive mode, and the instrumental mass fractionation was  corrected by a constant ratio 

86Sr/88Sr = 0.1194. The 87Sr/86Sr ratios are reported to the sixth decimal place (± 0.000001). 

The mean 87Sr/86Sr value from repeated measurements of the NIST SRM 987 was 

0.710249 ± 0.000009 (1SD, n = 51). 
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3.2.4 Statistical Analysis 

Statistical analyses were performed using R v3.5.2 and R Studio v1.1.463 

software (R Core Team, 2018) to test the hypotheses that Sr concentrations and Sr 

isotope ratios are distinct between the three feed coal groups. The Sr isotope ratios of the 

bulk fly ash were also compared to the Sr isotope ratio in the respective water-leachable 

fraction of the ash. Since neither the Sr concentration data nor Sr isotope ratios of the 

samples are normally distributed, all the statistical analyses were conducted using 

nonparametric methods (e.g., 2×ÌÈÙÔÈÕɀÚɯÊÖÙÙÌÓÈÛÐÖÕɯÈÕËɯ,ÈÕÕ-Whitney test). 

"ÖÙÙÌÓÈÛÐÖÕÚɯÈÙÌɯÙÌ×ÖÙÛÌËɯÈÚɯÛÏÌɯ2×ÌÈÙÔÈÕɀÚɯÙÈÕÒɯÊÖÙÙÌÓÈÛÐÖÕɯÊÖÌÍÍÐÊÐÌÕÛɯÙÏÖɯȹϤȺȮɯÞÏÌÙÌɯÈɯ

ϤɯÝÈÓÜÌɯÖÍɯǶɯƕɯÐÕËÐÊÈÛÌÚɯÈɯ×ÌÙÍÌÊÛɯ×ÖÚÐÛÐÝÌɯÊÖÙÙÌÓÈÛÐÖÕȮɯÞÏÐÓÌɯɬ 1 indicates a perfect 

ÕÌÎÈÛÐÝÌɯÊÖÙÙÌÓÈÛÐÖÕɯÈÕËɯϤɯǻɯƔɯmeans no correlation. Note that subsets of fly ash samples 

were collected from difference rows of electrostatic precipitators (ESP) for the same 

boiler unit of a power plant, and these samples represent the same feed coal input (Table 

1). As a result, we took average values for those data representing ash generated at the 

same boiler unit in order to avoid the lack of independence for the statistical analysis of 

the measurements with each basin. 

3.3 Results and Discussion 

3.3.1 Concentrations of Strontium in Bulk and Water-soluble 
Fractions of Fly Ash 

The concentration of Sr in the bulk fly ash extracted by full digestion shows large 

variations, ranging from 137 to 3323 mg/kg (Table 2). The fly ash samples from the 
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Illinois Basin have the lowest bulk Sr concentration (mean = 269 ± 114 mg/kg, n = 22), 

ranging from 137 to 477 mg/kg, and the Appalachian Basin samples have a higher mean 

concentration (924 ± 307 mg/kg, n = 16) and a broader range, between 480 and 1527 

mg/kg (Figure 6A). The Powder River Basin samples have the highest bulk Sr 

concentration (mean = 2665 ± 785 mg/kg, n = 7), varying from 1053 to 3323 mg/kg (Figure 

6A). The mean bulk Sr concentrations in fly ash from the three coal basins are 

statistically different from one another ( p-value < 0.01). Similarly, the water -soluble 

fraction of Sr from the water leaching experiment also exhibits a broad range of 

concentrations from 1.79 to 1000 mg/kg (concentration in leachates were normalized to 

ash weight; Table 2, Figure 6B). As with the bulk Sr, the Ill inois Basin fly ash samples 

have the lowest water-soluble Sr concentration (mean = 9.71 ± 4.35 mg/kg, n = 22) and 

the narrowest range from 1.86 to 24.7 mg/kg, while fly ash from the Appalachian Basin 

has a higher mean concentration of 18.9 ± 19.8 mg/kg (n = 16), with a wider range 

between 1.79 and 67.1 mg/kg. The fly ash samples from the Powder River Basin have the 

highest water-soluble Sr concentration (mean = 187 ± 360 mg/kg, n= 7) and the broadest 

range from 18.8 to 1000 mg/kg. The mean water-soluble Sr concentration of the Powder 

River Basin samples is statistically different from the mean concentrations of the 

Appalachian Basin and Illinois Basin samples (p-value < 0.01), whereas the difference 

between the Appalachian Basin and Illinois Basin samples is not statistically significant 

(p-value = 0.34). 
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The observed large inter-basin and intra-basin variations in concentrations of 

both bulk Sr and water -soluble Sr in the fly ash samples from different coal basins 

(Figure 6) are likely to be the result of the differences in Sr-bearing minerals of the 

origi nal feed coals (Finkelman et al., 2018), which would likely determine the 

distribution of Sr in the coal ash after coal combustion. In addition, differences in feed 

coal handling, distance from the furnace of fly ash collection, and variations in ash 

particle size could also affect Sr concentrations in fly ash, even within the same coal 

power plant and with the same source of feed coal (Ruhl et al., 2014). While the particle 

size of fly ash typically decreases towards the back rows of collection systems, we did 

not observe any consistent trends in the Sr concentrations with ESP rows (Table 1). On 

average, the water-soluble fraction of Sr accounts for 1.82% of the bulk Sr in the 

Appalachian Basin fly ash samples, 4.08% in the Illinois Basin samples, and 6.20% in the 

Powder River Basin samples (Table 2). These relatively small portions of water-soluble 

Sr may correspond to low abundance of soluble phases in fly ash, such as anhydrite and 

alkaline earth oxides (Vassilev and Vassileva, 1996). It is worth noting that among the 

entire sample set, one sample from Powder River Basin appears to be an outlier, with the 

largest concentration for the water-soluble Sr (1000 mg/kg) and the highest leached Sr 

(33.8%) (Table 2, Figure 6B).
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Table 1: Sample collection information of fly ash samples analyzed in this study.  

Sampl

e ID  

Sampled 

power plant  

Boiler 

unit  

Ash 

collection 

system 

Hopper 

row  

Fly ash 

type 

Samplin

g year 

Ash yield and total sulfur content*, source 

basin and age of feed coal 

APP-1 
E.W. Brown, 

KY 
3 ESP 1 

Class-F 

fly ash 
2004 

A d: 10.2%; St,d: 1.57% 

Appalachian 

Basin, 

Pennsylvania

n age, 

Bituminous 

coal 

APP-2 
E.W. Brown, 

KY 
3 ESP 2 

Class-F 

fly ash 
2004 

APP-3 
E.W. Brown, 

KY 
3 ESP 3 

Class-F 

fly ash 
2004 

APP-4 Cooper, KY 1 ESP 1 
Class-F 

fly ash 
2007 A d: 11.7%; St,d: 1.56% 

APP-5 Cooper, KY 2 ESP 1 
Class-F 

fly ash 
2007 A d: 10.9%; St,d: 1.50% 

APP-6 Big Sandy, KY 1 ESP 1 
Class-F 

fly ash 
2007 

NA APP-7 Big Sandy, KY 1 ESP 1 
Class-F 

fly ash 
2007 

APP-8 Big Sandy, KY 1 ESP 2 
Class-F 

fly ash 
2007 

APP-9 Big Sandy, KY 2 ESP 1 
Class-F 

fly ash 
2007 

A d: 10.8%; St,d: 0.83% 
APP-

10 
Big Sandy, KY 2 ESP 1 

Class-F 

fly ash 
2007 

APP-

11 
Big Sandy, KY 2 ESP 2 

Class-F 

fly ash 
2007 
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APP-

12 
Big Sandy, KY 2 ESP 2 

Class-F 

fly ash 
2007 

APP-

13 

TVA Bull 

Run, TN 
NA NA NA 

Class-F 

fly ash 
2011 NA 

APP-

14 

John Sevier, 

TN 
NA NA NA 

Class-F 

fly ash 
2011 NA 

APP-

15 
Cooper, KY 1 Mechanical NA 

Class-F 

fly ash 
2013 

A d: 11.7%; St,d: 0.79% 
APP-

16 
Cooper, KY 1 ESP NA 

Class-F 

fly ash 
2013 

ILL -1 Trimble, KY  1 ESP 1 
Class-F 

fly ash 
2012 

A d: 12.3%; St,d: 2.88% 

Illinois Basin, 

Pennsylvania

n age, 

Bituminous 

coal 

ILL -2 Trimble, KY  1 ESP 1 
Class-F 

fly ash 
2012 

ILL -3 Trimble, KY  1 ESP 2 
Class-F 

fly ash 
2012 

ILL -4 Trimble, KY  1 ESP 2 
Class-F 

fly ash 
2012 

ILL -5 
Green River, 

KY 
4 ESP 1 

Class-F 

fly ash 
2012 

A d: 8.42%; St,d: 2.39% 

ILL -6 
Green River, 

KY 
4 ESP 2 

Class-F 

fly ash 
2012 

ILL -7 
D.B. Wilson, 

KY 
1 ESP 1 

Class-F 

fly ash 
2012 

A d: 8.03%; St,d: 3.37% 

ILL -8 
D.B. Wilson, 

KY 
1 ESP 2 

Class-F 

fly ash 
2012 

ILL -9 Coleman, KY 3 ESP 1 Class-F 2012 A d: 9.95%; St,d: 2.70% 
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0 

fly ash 

ILL -10 Coleman, KY 3 ESP 2 
Class-F 

fly ash 
2012 

ILL -11 
E.W. Brown, 

KY 
3 ESP 2 

Class-F 

fly ash 
2012 

A d: 10.0%; St,d: 3.63% 

ILL -12 
E.W. Brown, 

KY 
3 ESP 3 

Class-F 

fly ash 
2012 

ILL -13 
E.W. Brown, 

KY 
3 ESP 4 

Class-F 

fly ash 
2012 

ILL -14 
E.W. Brown, 

KY 
3 ESP 5 

Class-F 

fly ash 
2012 

ILL -15 Trimble, KY  1 ESP 1 
Class-F 

fly ash 
2013 

A d: 12.5%; St,d: 1.16% 

ILL -16 Trimble, KY  1 ESP 2 
Class-F 

fly ash 
2013 

ILL -17 Trimble, KY  1 ESP 3 
Class-F 

fly ash 
2013 

ILL -18 Trimble, KY  1 ESP 4 
Class-F 

fly ash 
2013 

ILL -19 Trimble, KY  1 ESP 5 
Class-F 

fly ash 
2013 

ILL -20 
E.W. Brown, 

KY 
3 ESP 1 

Class-F 

fly ash 
2013 

A d: 8.96%; St,d: 2.85% ILL -21 
E.W. Brown, 

KY 
3 ESP 2 

Class-F 

fly ash 
2013 

ILL -22 
E.W. Brown, 

KY 
3 ESP 4 

Class-F 

fly ash 
2013 



 

 

4
1 

PRB-1 Shawnee, KY 3 Mechanical 3 
Class-C 

fly ash 
2012 NA 

Powder River 

Basin, 

Paleocene and 

Late 

Cretaceous 

age, 

Subbituminou

s coal 

PRB-2 Shawnee, KY 3 Baghouse 2 
Class-C 

fly ash 
2012 NA 

PRB-3 Meramec, MO NA NA NA 
Class-C 

fly ash 
2013 A d: 17.7%; St,d: 0.57% 

PRB-4 Labadee, MO NA NA NA 
Class-C 

fly ash 
2013 A d: 7.14%; St,d: 0.50% 

PRB-5 Deely, TX NA NA NA 
Class-C 

fly ash 
2015 NA 

PRB-6 
Rush Island, 

MO 
NA NA NA 

Class-C 

fly ash 
2015 A d: 4.73%; St,d: 0.15% 

PRB-7 Scherer, GA NA NA NA 
Class-C 

fly ash 
2015 NA 

NA: Information is not available. ESP: electrostatic precipitator. A d: ash yield on a dry basis (%); St,d: total sulfur content on a dry 

basis (%). *unpublished data.  
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Figure 6: Strontium concentrations of bulk fly ash (A) and water leachates (B) 

from coals of d ifferent coal basins in the U.S.  APP: Appalachian Basin, ILL: Illinois 

Basin, and PRB: Powder River Basin. Concentrations in water leachates were 

normalized to actual ash weight.  

3.3.2 Strontium Isotopes Composition of Bulk and Water-soluble 
Fractions of Fly Ash 

The Illinois Basin fly ash samples have the highest (most radiogenic) bulk 

87Sr/86Sr ratios (mean = 0.718029 ± 0.003365, n = 16) of the three coal basins, followed by 

fly ash from the Appalachian Basin (0.712641 ± 0.000860, n = 16), and fly ash from the 

Powder River Basin (0.711663 ± 0.000489, n = 7) (Table 2). The mean 87Sr/86Sr ratios of the 

bulk fly ash samples are significantly different between basins ( p-value < 0.01). The 

87Sr/86Sr range for the bulk Sr in the Illinois Basin samples is (0.712712 ~ 0.722311) is 

greater than that of the Appalachian Basin samples (0.711508 ~ 0.714142) and Powder 

River Basin samples (0.710788 ~ 0.712257). The overall range of 87Sr/86Sr ratios in the bulk 

fly ash reported in the current study (0.710788 ~ 0.722311) overlaps with the previously 

reported range (0.71012 ~ 0.71921, Spivak-Birndorf et al., 2012). It has been suggested 

that despite the high temperature of coal combustion (up to 1500-1700 °C) (Suárez-Ruiz 
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and Ward, 2008), fly ash preserves the original Sr isotopic fingerprint of the feed coal 

(Brubaker et al., 2013; Spivak-Birndorf et al., 2012). In this study, the Sr isotope ratios of 

the Appalachian fly ash (0.712641 ± 0.000860) are consistent with Appalachian coals from 

West Virginia of 0.7124 ~ 0.7126 (Vengosh et al., 2013) and Pennsylvania of 0.71168 

(Sharma et al., 2013).  

The isotope ratios of water-soluble Sr in both the Illinois Basin fly ash samples 

(mean = 0.711660 ± 0.001172, n = 22) and the Powder River Basin samples (mean = 

0.711666 ± 0.000456, n = 7) are significantly (p-value < 0.01) more radiogenic than the 

Appalachian Basin samples (0.710694 ± 0.000317, n = 16). The difference between the 

Illinois Basin samples and the Powder River Basin samples is not statistically significant 

(p-value = 0.93). As with the bulk ash, the 87Sr/86Sr range for the water-soluble Sr of the 

Illinois Basin samples (0.709858 ~ 0.714118) is greater than that of the Power River Basin 

samples (0.710720 ~ 0.712068) and Appalachian Basin samples (0.710316 ~ 0.711221) 

(Figure 2). The overall range of the water-soluble 87Sr/86Sr ratios presented in this study 

(0.709858 ~ 0.714118) is greater than that reported in an earlier study (0.70975 ~ 0.71251; 

Ruhl et al., 2014), resulting from a larger and more representative sample size.  

The 87Sr/86Sr ratios of the bulk Sr in the fly ash samples from the Appalachian 

Basin and Illinois Basin are significantly greater than the corresponding 87Sr/86Sr ratios of 

water-soluble Sr (p-value < 0.01) (Figure 7). Spivak-Birndorf et al. (2012) found that the 



 

44 

 

87Sr/86Sr ratios of bulk Sr in fly ash are generally greater than that of soluble fraction of Sr 

in fly a sh and suggested that coal combustion may not be able to homogenize the 

isotopically distinct Sr in the feed coal. During coal combustion, clay minerals in the feed 

coal are largely transformed to aluminosilicate glass and mullite that are the dominant 

components in fly ash and may become inert to water leaching (Ward and French, 2006), 

whereas minerals such as gypsum and carbonate may be converted to relatively soluble 

species such as anhydrite and alkaline earth oxides in fly ash (Vassilev and Vassileva, 

1996; Ward and French, 2006). The distinction between the different origin of soluble 

and insoluble mineral phases in fly ash may explain the differences in the Sr isotopic 

compositions between the water-soluble Sr and bulk Sr in fly ash. The large isotopic 

variations of the bulk Sr and water -soluble Sr for the Illinois Basin and Appalachian 

Basin samples suggest a high degree of heterogeneity of the Sr sources in fly ash that 

most likely reflect t he mineralogical heterogeneity in the original feed coals. There is no 

significant difference between the bulk 87Sr/86Sr ratios and water-soluble 87Sr/86Sr ratios 

for the Powder River Basin samples (p-value = 0.13, Figure 7). We suggest that Class-C fly 

ash originated from the Powder River coals has more homogenous 87Sr/86Sr ratios than 

the Class-F fly ash from the Appalachian Basin and Illinois Basin coals, mostly likely 

caused by the higher fraction of CaO in Class-C fly ash with apparently lower 87Sr/86Sr 

ratios that controls the Sr isotope ratios of both the bulk and soluble Sr.
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Table 2: Concentrations of Sr and Rb and 87Sr/86Sr ratios in bulk and water 

leachate of fly ash of coals from the Appalachian, Illinois, and Powder Riv er basins in 

the U.S. 

Sample 

ID  

Bulk fly ash  Water leachate 

Rb 

(mg/kg)  

Sr 

(mg/kg)  

Rb/

Sr 

87Sr/86

Sr 

Rb 

(mg/kg)*  

Sr 

(mg/kg)*  

Sr 

(%) 

87Sr/86

Sr 

APP 1 109 1123 0.10 
0.7119

10 
0.17 31.1 2.77 

0.7104

47 

APP 2 121 1527 0.08 
0.7115

51 
0.13 22.5 1.47 

0.7104

11 

APP 3 120 1493 0.08 
0.7115

08 
0.15 33.9 2.27 

0.7104

47 

APP 4 146 894 0.16 
0.7129

39 
0.53 16.4 1.83 

0.7110

64 

APP 5 133 701 0.19 
0.7135

75 
0.28 1.90 0.27 

0.7112

21 

APP 6 127 909 0.14 
0.7122

76 
0.36 10.5 1.16 

0.7103

73 

APP 7 126 969 0.13 
0.7120

65 
0.40 12.3 1.27 

0.7103

29 

APP 8 126 926 0.14 
0.7121

73 
0.36 16.1 1.74 

0.7103

16 

APP 9 124 610 0.20 
0.7133

13 
0.11 4.43 0.73 

0.7108

92 

APP 10 124 490 0.25 
0.7141

42 
0.15 2.79 0.57 

0.7109

30 

APP 11 100 480 0.21 
0.7137

80 
0.14 1.79 0.37 

0.7111

14 

APP 12 131 696 0.19 
0.7131

75 
0.15 2.03 0.29 

0.7108

11 

APP 13 99 844 0.12 
0.7119

60 
0.17 21.3 2.52 

0.7104

86 

APP 14 122 1219 0.10 
0.7115

75 
0.61 67.1 5.50 

0.7104

15 

APP 15 151 974 0.16 
0.7130

86 
0.46 2.30 0.24 

0.7109

55 

APP 16 144 933 0.15 0.7132 0.34 56.3 6.04 0.7108
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28 92 

mean 125 924 0.15 
0.7126

41 
0.28 18.9 1.82 

0.7106

94 

median 125 917 0.15 
0.7126

08 
0.22 14.2 1.37 

0.7106

49 

sd 14.7 307 0.05 
0.0008

60 
0.16 19.8 1.75 

0.0003

17 

ILL 1  139 420 0.33 
0.7152

93 
0.38 10.3 2.46 

0.7120

40 

ILL 2  142 367 0.39 
0.7161

15 
0.56 10.9 2.98 

0.7124

75 

ILL 3  138 411 0.34 
0.7153

12 
0.37 8.85 2.15 

0.7116

59 

ILL 4  139 292 0.47 
0.7175

96 
0.47 9.75 3.34 

0.7115

38 

ILL 5  137 269 0.51 n.d. 0.90 11.4 4.22 
0.7121

66 

ILL 6  119 236 0.50 n.d. 1.78 12.5 5.29 
0.7127

07 

ILL 7  134 204 0.66 n.d. 0.66 6.35 3.11 
0.7106

92 

ILL 8  98.1 155 0.63 n.d. 0.69 6.87 4.44 
0.7103

15 

ILL 9  116 137 0.84 n.d. 0.55 7.77 5.67 
0.7138

88 

ILL 10 118 144 0.82 n.d. 0.95 9.58 6.67 
0.7141

18 

ILL 11 145 202 0.72 
0.7212

81 
0.86 1.86 0.92 

0.7136

19 

ILL 12 138 232 0.59 
0.7187

80 
0.68 5.53 2.38 

0.7116

91 

ILL 13 152 273 0.55 
0.7175

64 
1.16 5.46 2.00 

0.7117

18 

ILL 14 156 333 0.47 
0.7161

58 
2.15 24.7 7.42 

0.7115

60 

ILL 15 134 165 0.81 
0.7223

11 
0.88 7.10 4.29 

0.7104

66 
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ILL 16 136 173 0.79 
0.7218

83 
0.98 10.9 6.30 

0.7101

19 

ILL 17 135 173 0.78 
0.7220

40 
0.87 9.74 5.63 

0.7105

14 

ILL 18 136 176 0.77 
0.7217

40 
1.17 11.2 6.36 

0.7109

80 

ILL 19 134 175 0.76 
0.7216

21 
1.28 13.2 7.58 

0.7112

85 

ILL 20 118 454 0.26 
0.7139

72 
0.82 9.96 2.19 

0.7117

45 

ILL 21 134 477 0.28 
0.7140

81 
0.62 7.01 1.47 

0.7113

56 

ILL 22 86.9 456 0.19 
0.7127

12 
0.97 12.7 2.79 

0.7098

58 

mean 131 269 0.57 
0.7180

29 
0.90 9.71 4.08 

0.7116

60 

median 136 234 0.57 
0.7175

80 
0.87 9.74 3.78 

0.7116

10 

sd 16.1 114 0.21 
0.0033

65 
0.43 4.35 2.01 

0.0011

72 

PRB-1 41.0 1053 0.04 
0.7107

88 
0.04 52.2 4.96 

0.7107

20 

PRB-2 47.3 2295 0.02 
0.7113

74 
0.09 109 4.76 

0.7117

84 

PRB-3 16.1 2958 0.01 
0.7120

09 
0.25 1000 33.8 

0.7120

68 

PRB-4 11.5 3240 
0.00

4 

0.7116

02 
0.08 77.8 2.40 

0.7115

92 

PRB-5 33.6 3323 0.01 
0.7119

93 
0.01 18.9 0.57 

0.7118

25 

PRB-6 9.49 2970 
0.00

3 

0.7116

20 
0.06 35.6 1.20 

0.7116

22 

PRB-7 27.9 2814 0.01 
0.7122

57 
0.02 18.8 0.67 

0.7120

48 

mean 26.7 2665 0.01 
0.7116

63 
0.08 187 6.91 

0.7116

66 

median 27.9 2958 0.01 0.7116 0.06 52.2 2.40 0.7117
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20 84 

sd 14.8 785 0.01 
0.0004

89 
0.08 360 12.0 

0.0004

56 

APP: Appalachian Basin; ILL: Illinois Basin; PRB: Powder River Basin. n.d.: no data; SD: 

standard deviation. *, data are normalized to actual ash weight.  
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Figure 7: 87Sr/86Sr ratios of bulk ash and water leachate of fly ash samples 

sourced from different coal basins in the U.S.  APP: Appalachian Basin, ILL: Illinois 

Basin, and PRB: Powder River Basin.  

Age may be one factor contributing to the differences in 87Sr/86Sr ratios between 

basins. In general, due to the radioactive decay of 87Rb to 87Sr, rocks of older age and/or 

higher Rb/Sr ratios tend to have higher 87Sr/86Sr ratios (Åberg, 1995). The bulk 87Sr/86Sr 

ÙÈÛÐÖÚɯÐÕɯÍÓàɯÈÚÏɯÈÙÌɯ×ÖÚÐÛÐÝÌÓàɯÊÖÙÙÌÓÈÛÌËɯÞÐÛÏɯÛÏÌɯ1Éɤ2ÙɯÙÈÛÐÖÚɯÍÖÙɯÛÏÌɯÌÕÛÐÙÌɯËÈÛÈÚÌÛɯȹϤ = 

0.97, p-value < 0.01; Figure 8). The Appalachian and Illinois fly ash samples, which are 

derived from older feed coals, have a more radiogenic bulk ratio than Powder River 

ashes. Yet, the isotopic difference between the Appalachian and Illinois fly ash samples 

suggests that the coal age is not the only factor driving the 87Sr/86Sr ratio differences. 

Rubidium substitutes for potassium and strontium for calcium in minerals, and relative 

to mafic and carbonate rocks, Rb/Sr ratios tend to be higher in felsic and K-bearing rocks 
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(Rudnick and Gao, 2003). It is likely the Illinois Basin coals had larger terrigenous inputs 

from felsic rock weathering during peat accumulation relative to coals from the 

Appalachian Basin. The larger terrigenous inputs cou ld have resulted in higher Rb/Sr 

and 87Sr/86Sr ratios in the Illinois fly ash (Figure 8). This is also consistent with the fact 

that the depositional environments of the Appalachian and Illinois coals were different; 

the Appalachian coals were formed in a foreland basin (Ruppert, 2000), while the Illinois 

coals were deposited in a paralic basin with marine and non-marine sediments (Lyons, 

1986). 

 

Figure 8: 87Sr/86Sr versus Rb/Sr ratios in bulk fly ash sourced from the three 

coal basins. APP: Appalachian Basin, ILL: Illinois Basin, and PRB: Powder River 

Basin. Error bars represent 95% confidence intervals, which do not extend past the 

marker boundaries in all the samples.  
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3.3.3 Environmental Implications 

Disposal of coal ash generated from coal-fired power plants in surface 

impoundments and landfills tends to be adjacent to waterways, thus the leaking or 

breaching of coal ash ponds that may potentially lead to coal ash spills are of great 

environmental con cern (Harkness et al., 2016; Rowe et al., 2002; Ruhl et al., 2014). 

Previous studies have shown that the release of coal ash into the environment can result 

in elevated concentrations of Sr relative to background soils and waters (Harkness et al., 

2016; Hurst and Davis, 1981; Ruhl et al., 2014). While elevated Sr concentrations may be 

indicative of coal ash contamination, Sr isotopes can be used to provide more direct and 

accurate evidence of contamination. 

The 87Sr/86Sr isotopic ratios of water-soluble Sr from coal ash have been applied to 

delineate the impact of coal ash effluents on the aquatic environment for scenarios 

where the 87Sr/86Sr ratios of the water-soluble Sr were different from those of background 

water (Harkness et al., 2016; Ruhl et al., 2014; Vengosh et al., 2016). Additionally, the 

mobilization of soluble contaminants from spilled coal ash to the aquatic phase can also 

be detected by using the water-soluble Sr isotope ratios. This has been demonstrated in 

the cases of the TVA coal ash spill in the Emory River in Tennessee (Ruhl et al., 2014) 

and the coal spills in Sutton Lake adjacent to Sutton Steam Station in Wilmington, North 

Carolina (Vengosh et al., 2019). Figure 9 shows that the 87Sr/86Sr ratios of water-soluble Sr 
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from Appalachian fly ash overlap with the isotope ratios of water -soluble Sr extracted 

from Sutton Lake sediments, as well as the isotope ratios of pore water extracted from 

bottom sediments in Sutton Lake (Vengosh et al., 2019). The overlap of 87Sr/86Sr ratios 

supports the hypothesis of multiple coal ash spills into Sutton Lake, where coal ash 

mixed with bottom sediments and mobilized Sr and other contaminants into the pore 

water (Vengosh et al., 2019). The mobilization of coal ash contaminants to pore water 

could also result in bi oaccumulation in aquatic organism as demonstrated by the Sr 

isotope ratios in fish otoliths in Sutton Lake (Brandt et al., 2018).  

In contrast, in cases where the 87Sr/86Sr ratios of water-soluble Sr and naturally 

occurring background waters are indistinguishable, the use of Sr isotopes as a tracer is 

limited (Harkness et al., 2016; Ruhl et al., 2014). In general, one would expect that the Sr 

isotope fingerprint of the water -soluble fraction of coal ash would be highly identifiable 

in mafic -rock aquifers with low 87Sr/86Sr ratios , such as those from the Piedmont region 

of North Carolina (Vengosh et al., 2016), or marine carbonate aquifers with common low 

87Sr/86Sr ratios (< 0.709) (K. Li et al., 2012). In contrast, the identification of coa l ash water-

soluble contaminants using Sr isotopes in some sandstone and felsic-rock aquifers with 

typically higher 87Sr/86Sr ratios would be limited due to the overlaps in the Sr isotope 

ratios (Bataille and Bowen, 2012), which may require using additional and independent 

isotope tracers, such as boron isotopes (Ruhl et al., 2014).  
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Similar to the aquatic phase, the 87Sr/86Sr ratios of bulk fly ash reported in this 

study can be used as a robust and reliable tracer for the identification and presence of 

coal ash solids in the environment. This is again demonstrated for the case of coal ash 

spills in the Sutton Lake in North Carolina (Vengosh et al., 2019). The 87Sr/86Sr ratios of 

the fully digested sediments from the Sutton Lake mimic the Sr isotopic signature of the 

bulk fly ash from coals of Appalachian Basin (Figure 9). In addition to direct coal ash 

spills, deposition of fly ash particles from emission of coal -fired power plants and dust 

resuspension from coal ash disposal sites could also be detected using the 87Sr/86Sr ratios 

in dust and soil. Sherman et al. (2015) investigated precipitation samples collected from 

the Great Lakes region and demonstrated the significant pollution derived from 

deposition of fly ash particles from coal combustion in this region by using combined 

analyses of Sr, Pb, and Hg isotopes. They observed a significant difference in the 

precipitation 87Sr/86Sr ratios between Michigan and Ohio and suggested that it might be 

attributed to different sources of combusted coals, with Michigan coal plants using 

Powder River Basin coals and those in Ohio using coals from the Appalachian Basin 

(Sherman et al., 2015). This is consistent with the data presented in the current study: the 

Sr isotope ratios of the Powder River fly ash have significantly lower 87Sr/86Sr ratios 

relative to 87Sr/86Sr values in Appalachian fly ash samples (p-value < 0.01). 
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Figure 9: 87Sr/86Sr ratios in Appalachian fly ash as compared with that in the 

sediments and porewater from Sutton Lake in North Carolina (Vengosh et al., 2019).  

3.4 Conclusions 

This study provides new data on the concentrations and isotopic compositions of 

Sr in coal fly ash from the United States. The data show large variations in Sr 

concentrations of both the bulk (total digestion) and water -soluble Sr in fly ash, with fly 

ash samples derived from Illinois Basin coals having the highest mean Sr concentration, 

followed by Appalachian and Powder River fly ash samples. The variations in Sr 

concentrations are likely to be attributed to the differences in the corresponding feed 

coal sources. The data show a wide range of 87Sr/86Sr ratios in bulk fly ash. The most 

radiogenic 87Sr/86Sr ratios are in the fly ash from Illinois Basin coals (0.718029 ± 0.003365; 

n=16), followed by the fly ash from Appalachian Basin coals (0.712641 ± 0.000860; n=16), 

and those from Powder River Basin coals (0.711663 ± 0.000489; n=7). In contrast, the 
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87Sr/86Sr ratios in the water leachates are significantly lower than that of the bulk fly ash 

(0.711660 ± 0.001172 and 0.710694 ± 0.000317 for Illinois Basin and Appalachian Basin, 

respectively, p-value < 0.01), whereas there is no significant difference between bulk and 

water-soluble Sr for the Powder River Basin fly ash (0.711666 ± 0.000456, p-value = 0.13). 

The distinction between the Sr isotope ratios of the bulk coal ash and water-soluble Sr 

derived from leaching of fly ash is important in understanding how to properly use 

strontium isotopes as a forensic tracer for the identification of coal ash contamination in 

the environment. It is important to recognize t he wide range and the relatively 

radiogenic signature of Sr isotopes in bulk fly ash relative to the much lower and 

narrower range of 87Sr/86Sr ratios of water-soluble Sr derived from leaching of fly ash. 

Future utilization of strontium isotopes to identif y coal ash contamination should 

consider the differences in the 87Sr/86Sr ratios of the different coal sources, as well as the 

generally lower 87Sr/86Sr ratio of the soluble Sr that is expected to affect the isotopic 

composition of impacted water resources. 



 

56 

 

4. Lead Isotopes and Rare Earth Elements Geochemistry 
of Global Phosphate Rocks: Imprints of Depositional 
Conditions and Diagenetic Effects and Implications for 
Environmental Tracing  

(Supplementary Information  in Appendix B) 

4.1 Introduction 

Phosphate rock is the most important source for phosphorus (P), which is an 

essential nutrient element for both agricultural and industrial applications (Filippelli, 

2011; Pufahl and Groat, 2017). There are two main types of phosphate deposits: marine 

sedimentary phosphates that represent the majority of the global phosphate resources, 

and igneous phosphates, which are typically alkaline carbonatite (i.e., accounting for 

approximately 95% and 5%, respectively) (Cook and Shergold, 2005; Notholt et al., 2005; 

Pufahl and Groat, 2017). While the mineralogical composition of marine sedimentary 

phosphate is dominantly composed of carbonate fluorapatite (i.e., CFA) (McClellan, 

1980; Pufahl and Groat, 2017), large compositional variations of phosphate rocks are 

often observed (e.g., progressive decarbonation and elemental substitutions in 

phosphate rock through geological time) (McClellan and Van Kauwenbergh, 1991). The 

large chemical variations observed in phosphate rocks can be attributed to the complex 

nature of phosphate sedimentation and the combined effects of original depositional 

environments, post-depositional diagenetic alteration, reworking, weathering, and 
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metamorphism over time (McClellan and Van Kauwenbergh, 1991; Van Kauwenbergh 

et al., 1990). 

Rare earth elements and yttrium (i.e., REE + Y or defined as REY) have similar 

ionic radii to calcium (Ca) and therefore are preferentially incorporated into phosphates 

via substitution for Ca in the crystal lattice of phosphate minerals (e.g., apatite  

Ca5(PO4)3(F,Cl,OH)) (Auer et al., 2017; Emsbo et al., 2015; Garnit et al., 2012; German and 

Elderfield, 1990). As a result, phosphate rock generally contains considerable amounts of 

REY and, thus, becomes an important resource for REY of potential economic 

significance (El Bamiki et al., 2021; Emsbo et al., 2016, 2015). Furthermore, due to their  

distribution and fractionation characteristics , REY have been widely used as proxies to 

characterize the paleoenvironmental conditions of phos phate formation and post -

depositional diagenetic influences on marine sedimentary phosphates (Auer et al., 2017; 

Garnit et al., 2012; McArthur and Walsh, 1984; Shields and Stille, 2001; Yang et al., 2022, 

2019; references therein). 

In addition to REY , phosphate rock is enriched in uranium (U) (Fayiga and 

Nwoke, 2016; Pufahl and Groat, 2017). Consequently, previous studies have utilized the 

U-Pb and Pb-Pb geochronology for age-dating of sedimentary phosphates (Aubineau et 

al., 2022; "ÏÌÕɯÌÛɯÈÓȭȮɯƖƔƔƘȰɯ.ɀ2ÜÓÓÐÝÈÕɯÌÛɯÈÓȭȮɯƖƔƖƕȺ. However, attempts to use Pb isotopes 

for tracing phosphate-related contamination in the environment are scarce. A few 
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studies have shown the distinctive radiogenic Pb isotope ratios in phosphate rocks and 

phosphate products. For example, Roy and Négrel (2001) found  that the Pb isotope 

ratios of a few phosphate fertilizers were notably higher than th ose of the other natural 

and anthropogenic sources that contribut ed to the combined Pb isotopic signature of the 

collected rainwater for the area of Massif Central (France). Abi -Ghanem et al (2009) 

demonstrated that the Lebanese coastal sediments from a site impacted by 

phosphogypsum discharge exhibited exceptionally radiogenic Pb isotope signatures as 

compared to the Pb ratios in non-impacted sediments. Kamenov et al. (2009) reported Pb 

isotope ratios of a few phosphate rocks from Florida, which were also distinctively more 

radiogenic than other natural and anthropogenic Pb sources, thus excluding the possible 

impacts of phosphate mining  activities in the history of peat sediments that are 

characterized by less radiogenic Pb ratios. Yet, there is a paucity of published data  on 

the Pb isotope compositions of phosphate rocks of diverse geological ages and from 

various geographic regions around the globe. 

The environmental impacts associated with the dissolution of  phosphate rocks 

include the release of toxic metals such as U and cadmium (Cd), as well as radionuclides 

from the 238U decay series (Fayiga and Nwoke, 2016; Pufahl and Groat, 2017). These 

contaminants tend to be enriched in phosphate mining wastes (Gnandi and Tobschall, 

1999; Vengosh et al., 2022), phosphate fertilizers , and gypsum byproducts (Aoun et al., 
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2010; Gaudry et al., 2007; Martínez-Aguirre et al., 1994; Pérez-López et al., 2010; 

Rutherford et al., 1994; Sattouf et al., 2008, 2007; Verbeeck et al., 2020). The partitioning 

of elements between phosphate rock and its (by)products varies considerably depending 

on rock sources and production processes (Rutherford et al., 1995; Sattouf et al., 2008, 

2007), which may limit the abili ty of using element enrichment alone for identifying the 

related contamination. Previous studies have suggested using different geochemical and 

isotopic tracers such as Sr isotopes for detecting phosphate mining wastes in the 

environment (Vengosh et al., 2022), yet due to the potential overlap of geochemical 

signals between the phosphate rock and natural background and/or other anthropogenic 

sources, additional tracers are needed to obtain reliable indicat ors of impacts from 

phosphate rocks and phosphate fertilizers. 

Here we present the first set of Pb isotope data as well as new REY data on 

phosphate rocks originating from the major economic phosphate deposits worldwide. 

Phosphate rock samples analyzed in this study were formed over a wide range of 

geological ages from the late Paleoproterozoic to the middle Miocene, and include 

diverse settings and geographic regions, including those of marine sedimentary type 

from the Southern Tethys (i.e., North Africa and the Middle East), USA, China, and 

India, as well as igneous phosphate rocks from Russia, Brazil, and South Africa (Pufahl 

and Groat, 2017; Sun et al., 2020). The main objectives of this study are (1) to characterize 



 

60 

 

the Pb isotope compositions of bulk phosphate rocks of different geological ages and 

geographic regions; (2) to evaluate the effects of depositional conditions and diagenetic 

alteration on Pb isotope and REY geochemistry in phosphate rocks; and (3) to assess the 

potential of using Pb isotope ratios in combination w ith REY proxies for environmental 

tracing through comparison of geochemical signatures of phosphate fertilizers to 

phosphate rocks. 

4.2 Materials and Methods 

4.2.1 Sample Collection 

As shown in Table B1, the regions of origin for the phosphate rock samples 

analyzed in this study include the USA (n = 5), Peru (n = 1), Brazil (n = 2), the western 

Sahara (n = 1), Senegal (n = 2), Togo (n = 3), South Africa (n = 2), Algeria (n = 2), Tunisia 

(n = 3), Morocco (n = 4), Israel (n = 7), Syria (n = 2), Jordan (n = 1), Egypt (n = 2), China (n 

= 14), India (n = 5), and Russia (n = 2). The types of analyzed phosphate rock samples 

include marine sedimentary (n = 49), igneous (n = 8), and metamorphic (n = 1). The ages 

of the sedimentary phosphate rock samples span from the late Paleoproterozoic (~ 1,900 

Ma) to the mid Miocene (~ 13 Ma) (Sun et al., 2020). The North African and Middle 

Eastern phosphate rocks were mostly sourced from the late Cretaceous-Eocene South 

Tethyan phosphogenic province, which is the largest accumulation of phosphate rock on 

$ÈÙÛÏȮɯÏÖÚÛÐÕÎɯÖÝÌÙɯƜƙǔɯÖÍɯÛÏÌɯÞÖÙÓËɀÚɯÒÕÖÞÕɯphosphate reserves (Pufahl and Groat, 
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2017). The majority of the Chinese phosphate rocks originated from the late 

Neoproterozoic Duoshantuo Formation in South China, which contain s 5% of global 

ÙÌÚÌÙÝÌÚɯÈÕËɯàÌÛɯÈÊÊÖÜÕÛÚɯÍÖÙɯƘƙǔɯÖÍɯÛÏÌɯÞÖÙÓËɀÚɯÊÜÙÙÌÕÛɯ/ɯ×ÙÖËÜÊÛÐÖÕɯ(Pufahl and 

Groat, 2017). The U.S. phosphate rocks were derived from the middle Miocene 

Hawthorn Group in Florida and associated deposits in North Carolina, representing 80% 

of P production in the U.S. (Pufahl and Groat, 2017). The igneous samples were mainly 

ÍÙÖÔɯÛÏÌɯ*ÏÐÉÐÕÈɯ ÓÒÈÓÐÕÌɯ"ÖÔ×ÓÌßɯÐÕɯ1ÜÚÚÐÈɀÚɯ*ÖÓÈɯ/ÌÕÐÕÚÜÓÈȮɯÞÏÐÊÏɯÐÚɯÛÏÌɯÞÖÙÓËɀÚɯ

largest igneous source of phosphate rock, accounting for 58% of all igneous phosphate 

rock production, followed by the alkaline carbonatite complexes of Brazil (31%), and the 

Phalabora complex in South Africa (10%) (Pufahl and Groat, 2017). 

In addition to phosphate rocks, several phosphate fertilizer samples of various 

types (i.e., triple super phosphate (TSP), single super phosphate (SSP), di-ammonium 

phosphate fertilizer (DAP), and phosphate potassium fertilizer (PK)) were collected and 

analyzed from the corresponding phosphate -producing countries, including USA (n = 4), 

China (n = 4), Israel (n = 3), Morocco (n = 1), Jordan (n = 1), and India (n = 1) (Table B2). 

4.2.2 Sample Preparation 

Digestion of whole -rock phosphate and fertilizer samples for both elemental and 

isotope analyses was performed using concentrated hydrofluoric (HF) and nitric (HNO 3) 

acids (v/v = 2:1; optima grade, Fisher Chemicalɚ) heated at 105°C for 24 hours in well -
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sealed Teflon beakers. Following that, the solution was dried  at 105°C in open beakers 

and then brought back to solution in a mixture of HNO 3 (1 mL; optima grade, Fisher 

Chemicalɚ), H2O2 (1 mL; optima grade, Fisher Chemicalɚ), and deionized (DI) water (5 

mL). The efficiency of digestion and accuracy of measurement are assessed by 

simultaneously digesting and measuring the Natural Moroccan Phosphate Rock BCR-

032 from the European Commission Joint Research Center Institute for Reference 

Materials and Measurements (IRMM).  

For the purpose of comparison, extraction of carbonate-fluorapatite (CFA) from 

bulk phosphate rock was applied to select samples using a modified method based on 

previous studies (Abouzeid and El -Jallad, 1980; Soudry et al., 2006). Specifically, the 

sample was first calcined at 750°C for 1 hour in a muffle furnace, rinsed with deionized 

(DI) water 3 times, and dried in an oven at 50°C for 24 hours. An aliquot of calcined 

sample was treated with 0.5 M tri -ammonium citrate (TAC) solution (pH = 8) at a 10:1 

mL/g liquid to solid ratio and shaken at room temper ature for 24 hours. Following the 

TAC leach, the residue was separated using a centrifuge and then DI-rinsed and oven-

dried at 50°C. The separated residue (i.e., carbonate-fluorapatite fraction) was leached 

with 0.5M HNO 3. 
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4.2.3 Pb Isotope Analysis 

The Pb isotope ratios (i.e., 208Pb/204Pb, 206Pb/204Pb, 207Pb/204Pb, 208Pb/206Pb, and 

206Pb/207Pb) of the prepared phosphate rock and fertilizer samples were measured on a 

high -resolution thermal ionization mass spectrometer (TIMS, Thermo Fisher Triton) at 

Duke University, equipped with Faraday cups and operating in static mode. A common 

Pb standard NIST SRM 981 was measured regularly over the course of analysis (n = 31) 

and the average mass bias of 0.14% for all isotope ratios was determined according to 

the respective isotope ratios reported by Yuan et al. (2016). The average analytical 

uncertainties (2SD) are 0.0316 for 208Pb/204Pb, 0.0079 for 206Pb/204Pb, 0.0008 for 208Pb/206Pb, 

and 0.0002 for 206Pb/207Pb. The Pb column separation and purification are described 

elsewhere (Z. Wang et al., 2019). 

4.2.4 Elemental Analysis 

Rare earth elements and yttrium (REY) as well as Al, Pb, Th, and U in digested 

whole-rock samples, sequentially extracted samples, and extracted CAF samples were 

measured on an inductively coupled plasma mass spectrometer (ICP-MS, Thermo Fisher 

X-Series II) at Duke University, equipped with a collision/reaction cell device. Note that 

Tm was not included in the analytes, due to its presence in the internal standard mixture 

(In, Tm, and Bi) spiked for the ICP-MS analysis. Measured REY concentrations were 

normalized to their respective aboundances in the Post-Archean Australian Shale (PAAS) 
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(Nance and Taylor, 1976), denoted as [REY]N hereafter. The REY indices (e.g., Ce/Ce*) 

were all calculated using the PAAS-normalized values. A three -fold classification for 

REY was adopted in this study, namely light REY (i.e., La, Ce, Pr, Nd, and Sm), middle 

REY (i.e., Eu. Gd, Tb, Dy, and Y), and heavy REY (i.e., Ho, Er, Yb, and Lu). 

4.2.5 X-Ray Diffraction (XRD) Analysis 

Select phosphate rock samples were analyzed by powder X -ray diffraction (XRD) 

in the Shared Materials Instrumentation Facility (SMIF) at Duke University. Analysis 

ÞÈÚɯ×ÌÙÍÖÙÔÌËɯÖÕɯÈɯ/ÈÕÈÓàÛÐÊÈÓɯ7ɀ/ÌÙÛɯ/1.ɯ,1#ɯ'1ɯËÐÍÍÙÈÊÛÖÔÌÛÌÙɯÞÐÛÏɯ"Üɯ*ϔɯ

radiation and operated at 45 kV and 40 mA with a ½ degree fixed divergent slit, 10 mm 

ÉÌÈÔɯÔÈÚÒȮɯÈÕËɯƔȭƔƘɯÙÈËɯÚÖÓÓÌÙɯÚÓÐÛȭɯ#ÈÛÈɯÊÖÓÓÌÊÛÐÖÕɯÙÈÕÎÌËɯÍÙÖÔɯƕƔȘɯÛÖɯƜƔȘɯȹƖϛȺɯÞÐÛÏɯÈɯ

0.05° step size and a 3° per minute scan rate. In preparation for analysis, powdered 

samples were secured onto an amorphous glass slide with double sided tape. 

4.2.6 Calculations and Statistics 

All statistical calculations and analyses were performed in R (v 4.1.1) (R Core 

Team, 2021). Nonparametric analyses, including Spearman's rank correlation and Mann -

Whitney test, were applied. Statistical significance is based on p value (p < 0.01 for 99% 

confidence interval and p < 0.05 for 95% confidence interval). 
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4.3 Results 

4.3.1 Pb Isotope Compositions 

The Pb isotope composition of all the bulk phosphate rock samples analyzed in 

this study shows a wide range from 35.6998 to 60.5807 for 208Pb/204Pb, 15.1951 to 18.2497 

for 207Pb/204Pb, and 16.3688 to 71.8055 for 206Pb/204Pb (Table B1; Figure 10). Phosphate 

rocks of different rock types, geological ages, and geographic regions display significant 

variations in Pb isotope compositions. Generally, sedimentary phosphate rocks have 

more uranogenic Pb (i.e., higher 206Pb/204Pb and 207Pb/204Pb ratios) than those of igneous 

type (p < 0.05) (Figure 10). The highest 207Pb/204Pb and 206Pb/204Pb ratios in sedimentary 

phosphate rocks are 18.2497 and 71.8055, respectively, compared to the maximum ratios 

of 16.0652 for 207Pb/204Pb and 27.7781 for 206Pb/204Pb in igneous samples (Figure 10; Table 

B1). The two igneous phosphate rocks from Russia, particularly, have a distinct 

thorogenic composition (i.e., high 208Pb/204Pb ratios varying from 57.5972 to 60.5807) 

(Table B1), which are notably divergent from the  array defined by the rest of samples on 

the plot of 208Pb/206Pb vs. 206Pb/207Pb (Figure 10D). The Pb isotope compositions of igneous 

rock samples from China, Brazil, and South Africa are among the least radiogenic ratios 

compared to the igneous samples from Russia and many of the sedimentary phosphate 

rock samples (Figure 10; Table B1). 
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Figure 10: Binary scatter plots of Pb isotopes ratios for all phosphate rock 

samples analyzed in this study.  (A) 208Pb/204Pb vs. 207Pb/204Pb. (B) 208Pb/204Pb vs. 
206Pb/204Pb. (C) 206Pb/204Pb vs. 207Pb/204Pb. (D) 208Pb/206Pb vs. 206Pb/207Pb. Circle, square, 

and triangle symbols refer to marine sedimentary, igneous, and metamorphic types of 

phosphate rocks, respectively.  

As shown in Figure B1, there is no specific trend in the Pb isotope compositions 

of the sedimentary phosphate rocks over geological time. In general, the Pb isotope 

compositions of younger sedimentary phosphate rocks (i.e., late Cretaceous ɬ middle 

Miocene) are significantly mo re radiogenic than that of older phosphate rocks (e.g., 

Precambrian ɬ late Devonian) (p < 0.01; Table B1; Figure B1). Among the younger 
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phosphate rocks, samples from the U.S. and Peru have the least uranogenic 

compositions (i.e., lowest 207Pb/204Pb and 206Pb/204Pb ratios). The oldest phosphate rocks 

from India (i.e., late Paleoproterozoic) are more uranogenic in Pb isotope compositions 

compared to the late Neoproterozoic and early Cambrian ones from China (Table B1; 

Figure B1). 

Among all of the analyzed sedimentary phosphate rocks, the southern Tethyan 

samples have the most uranogenic isotopic ratios compared to phosphate rocks from the 

other regions (p < 0.01; Table B1). Of the southern Tethyan samples, those originating 

from Israel have the highest 207Pb/204Pb and 206Pb/204Pb ratios, averaging at 17.5747 and 

58.2724, respectively (Table B1; Figure 10), followed by samples from Morocco, Syr ia, 

Jordan, Egypt, Western Sahara, Tunisia, Senegal, Algeria, and Togo, respectively (Table 

B1). In comparison, phosphate rocks from the U.S. have notably less radiogenic isotope 

ratios for 207Pb/204Pb (mean = 15.7330) and 206Pb/204Pb (mean = 20.4443) (Table B1), which 

are close to the values previously reported for four phosphorites from Florida (Kamenov 

et al., 2009). Phosphate rocks from China have an isotopic range of 15.1951 ɬ 16.2055 and 

16.3688 ɬ 24.5381 for 207Pb/204Pb and 206Pb/204Pb, respectively (Table B1). The ratios of 

those Precambrian samples are within the reported Pb isotope range for the 

Neoproterozoic  phosphorites in South China (Chen et al., 2004). In comparison, the 
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isotopic range of older phosphate rocks from India  is wider (i.e., 15.8068 ɬ 17.1914 for 

207Pb/204Pb and 18.8902 ɬ 34.3950 for 206Pb/204Pb; Table B1). 

In addition to the bulk phosphate rocks, we analyzed the Pb isotope ratios of 

extracted carbonate-fluorapatite phase for select phosphate rocks samples. The results 

show that they are not significantly different from the respective bulk ratios and follow 

the same array on the plot of 208Pb/206Pb vs. 206Pb/207Pb (p > 0.05; Table B3; Figure B2). This 

suggests that Pb in phosphate rocks is mainly derived from the carbonate-fluorapatite 

phase and not from other co-occurring minerals.  

4.3.2 Rare Earth Elements and Yttrium (REY) 

The total concentration of REY in the analyzed phosphate rock samples of 

sedimentary type (mean = 329 mg/kg) is significantly lower than that of igneous type 

samples (mean = 3809 mg/kg) (p < 0.01; Table B1), which is consistent with previous 

studies (El Bamiki et al., 2021). Sedimentary samples have total REY ranging from 17 to 

1060 ppm, whereas the total REY of igneous samples is up to 6,000 ppm (Table B1). 

There is no significant correlation between total REY and age of sedimentary phosphate 

rocks analyzed in this study (Figure B4), although it appears that samples of younger 

age (i.e., late Cretaceous ɬ mid Miocene) from the U.S and South Tethys have higher 

total REY concentrations than those of older (i.e., Precambrian ɬ late Devonian) 

phosphate rocks from China and India. This contrasts with previous suggestion that 
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total REY concentrations in phosphate rocks generally increase with geological age 

(McArthur and Walsh, 1984) . 

The binary plots of [La] N/[Yb] N vs. total REY and [La]N/[Yb] N vs. [Y]N/[Ho] N 

clearly separate the sedimentary from the igneous phosphate rock samples, while the 

one metamorphic sample from China is within the compositional field of sedimentary 

rocks (Figure 11). In general, the REY composition of sedimentary phosphate rocks is 

characterized by the depletion of light REY (i.e., [La]N/[[Yb] N < 1, [Pr]N/[Yb] N < 1), 

negative Ce anomalies (i.e., Ce/Ce* < 1; Ce/Ce*=2[Ce]N/([La] N+[Nd] N) (Bau and Dulski, 

1996)), no Eu anomalies (i.e., Eu/Eu* ~ 1; Eu/Eu*=2EuN/(SmN+GdN) (Bau and Dulski, 

1996)), and positive Y anomalies (i.e., [Y]N/[Ho] N > 1 and Y/Y* = 2*[Y]N/([Dy] N+[Ho] N ~ 2) 

(Table B1). These REY geochemical fingerprints reflect an inherited features of a marine 

depositional setting (Bau et al., 1995; Zhang et al., 1994). In contrast, igneous phosphate 

rocks are highly enriched in light REY and depleted in heavy REY, with weak negative 

Ce anomalies, strong positive Eu anomalies, and absence of Y anomalies (Table B1; 

Figure 12). Old-age sedimentary phosphate rocks (i.e., from China and India) show a 

typical enrichment of middle R EY compared to light REY and heavy REY, with minor 

negative Ce and weak positive Eu anomalies (Table B1; Figure 12; Figure B4), consistent 

with previous studies (Emsbo et al., 2015; Jarvis, 1995; Shields and Stille, 2001; Yang et 

al., 2019). The REY characteristics of the analyzed Precambrian (i.e., Ediacaran) and early 
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Cambrian sedimentary phosphate rocks from China are consistent with previously 

reported values on phosphates of the same ages (Xin et al., 2015; Yang et al., 2022, 2019). 

 

Figure 11: Binary scatter plots of [La] N/[Yb] N vs. REY concentration and 

[Y] N/[Ho] N versus [La]N/[Yb] N for all phosphate rock samples analyzed in this study.  

Circle, square, and triangle symbolize marine sedimentary, igneous, and 

metamorphic types of phosphate, respectively.  

The PAAS-normalized REY distribution patterns of all the analyzed phosphate 

rock samples sorted by their geographic regions are shown in Figure 12. Broadly, four 

types of REY distribution patterns can be categorized: (1) seawater-like patterns for the 

Tethyan samples (i.e., Israel, Morocco, Senegal, Western Sahara, Syria, and Jordan) as 

well as some of those from USA, Peru, and China (Figure 12A-F, H), characterized by 

strong negative Ce anomalies, light REY depletion, and heavy REY enrichment (Emsbo 

et al., 2015; Lumiste et al., 2021; McArthur and Walsh, 1984); (2) hat-shaped patterns for 

phosphate rocks from Egypt, Algeria, Tunisia, China, and India ( Figure 12D, G-I), with 

weak to little negative Ce anomalies, notable enrichment of middle REY, and depletion 
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of both light and heavy REY (Reynard et al., 1999; Shields and Stille, 2001); (3) shale-like 

patterns for phosphate rocks from Togo, Brazil, and India ( Figure 12C, E-F, I), which are 

shown to be relatively flat and with little negative Ce anomalies and heavy REY 

enrichment (Lumiste et al., 2021; McArthur and Walsh, 1984); and (4) igneous patterns 

for the igneous phosphate rocks from South Africa, Russia, and China, with typical of 

light REY enrichment and heavy REY depletion (Figure 12J). 

Notably , phosphate rock samples from China exhibit diverse REY distribution 

patterns. Specifically, the early Cambrian ɬ late Devonian rocks sourced from 

southwestern China (i.e., Guizhou, Sichuan, and Yunnan Provinces) exhibit seawater-

like patterns, whereas those of the Precambrian dominantly from Hubei Province are 

characterized by middle REY-enriched with little negative Ce anomalies and even 

positive Eu anomalies (Figure 12H; Table B1). This different REY patterns between the 

early Cambrian and Precambrian phosphates in South China have been documented 

earlier (Yang et al., 2022). 
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Figure 12: PAAS-normalized REY distribution patterns for all phosphate rock 

samples analyzed in this study.  (A) ɬ (I) depict the patterns of marine sedimentary 

type phosphate rocks, and (J) depicts patterns of igneous rocks and one metamorphic 

rock from China (red line with circle markers).  

4.4 Discussion 

4.4.1 Overprinted Pb Isotope Compositions 

The initial Pb isotope composition is determined by the amount of U, Th, and Pb 

incorporated into phosphate, which would become increasingly radiogenic through 

geological time provided a closed system was maintained. However, it is possible that 

the long-term open system interaction of phosphate with the depositional environmen t 

can perturb the initial U -Th-Pb isotopic system by mixing with other Pb sources 

(Aubineau et al., 2022), resulting in an overprinted Pb isotope composition. Fig ure 10C 

shows that the 206Pb/204Pb and 207Pb/204Pb ratios of all phosphate rock samples except 

those from India form the same linear array, which indicates a mixing relationship 

between radiogenic Pb and non-radiogenic Pb (Jahn and Cuvellier, 1994) rather than 

variations as a result of age difference. This can further be evidenced by the Pb-Pb 

isochron plots (i.e., 207Pb/204Pb vs. 206Pb/204Pb) as depicted in Figure B3 where the 

reference isochrons of 1921 Ma, 1330 Ma, and 531 Ma were included (Chen et al., 2004; 

Jiang et al., 2006; Sarangi et al., 2004). Figure B3 shows that the old-age phosphate rocks 

from India  and China scatter notably on the Pb-Pb isochron plots and do not follow the  

respective referenced isochrons (e.g., T = 1921 Ma and T = 531 Ma). In comparison, 
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younger-age phosphate rocks such as those from Israel  appear to form a straight line on 

the plot (Figure B3), likely indicating an isochron of Late Cretaceous (Table B1). Overall, 

this no geologically meaningful age information that can be discerned from the Pb-Pb 

isochrons (Figure B3), which instead suggest that the isotopic signatures of bulk 

phosphate rocks have mostly been overprinted by  various sources of terrestrial Pb likely 

due to the open-system diagenetic alteration, whereby samples from Israel seem to be 

less impacted. This proposition can further  be reflected by the different  REY 

characteristics in that phosphate rock samples from Israel maintain less altered seawater 

REY signatures (see discussion in Section 4.4.2). 

Figure 13A shows that 206Pb/204Pb has a negative correlation with Pb 

concentration, whilst 206Pb/204Pb has a positive correlation with U/Pb ratio in the 

phosphate rocks (Figure 13B). This suggests that detrital-source Pb may play an 

important role in modifying the Pb isotope composition s of phosphate rocks. Among all 

the phosphate rocks, Israeli and Moroccan samples have the most radiogenic 206Pb/204Pb 

ratios and the highest U/Pb ratios (Figure 13B), indicating their least mixing with detrital 

Pb compared to other sedimentary phosphate rocks from the southern Tethys, the U.S., 

China, and India. The very low U/Pb ratios in the old phosphate rocks from China and 

India could be derived from the interaction with terrestrial fluids during post -

depositional diagenesis and/or metamorphism (Jahn and Cuvellier, 1994), which would 
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result in the addition of detrital Pb in the phosphate rocks. Detrital materials can be 

contributed from the landward t ransport to the shallow marine settings that 

characterized phosphate depositional environment, whereby phosphate can be 

physically reworked to form phosphate pellets  and possibly diluted and mixed with 

detrital materials (El Bamiki et al., 2021; Pufahl and Groat, 2017). For example, the U.S. 

phosphate deposits were formed in a shallow-water shelf (Compton et al., 1993) in 

contrast to the intermediate ɬ deep waters in the Tethys Basin (Soudry et al., 2006). The 

less radiogenic Pb isotope compositions in the U.S. samples might be influenced by the 

seawater transgression during the Mid -Miocene, which transfer red phosphate landward 

and caused the mixing with detrital materials (Compton et al., 1993; Van Kauwenbergh 

et al., 1990). The positive correlation between Pb concentration and Al concentration in 

the younger sedimentary samples further supports the influences of detrital materials on 

Pb in phosphate (Figure B5). 

In addition, the loss of U during post -depositional diagenetic alteration (Sun et 

al., 2020) could also lead to the less radiogenic Pb compositions in phosphate rocks, such 

as those from China and India (Table B1). The distinction between detrital contribution 

and diagenetic modification due to interaction with terrestrial fluids can be elucidated 

by the moderate positive correlation displayed between 206Pb/204Pb versus Y/Ho for all 

the sedimentary phosphate rocks analyzed in this study ( Figure 13C). As the detrital 
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contribution increases, ratio of Y/Ho tends to shift away from typical seawater values 

(i.e., Y/Ho = 40 ~ 70; Figure 13C) (Zhang et al., 1994). Phosphate rocks from Israel, 

Morocco, Syria, and Jordan that have the most radiogenic 206Pb/204Pb ratios also have 

Y/Ho ratios closed to the marine signature (Figure 13C), suggesting less terrestrial input 

(Lumiste et al., 2021; Zhang et al., 1994). In contrast, those phosphate rocks with the least 

radiogenic Pb isotope ratios have the lowest Y/Ho ratios, close to that of the terrestrial 

fingerprint (~ 26) (Bolhar et al., 2004). Likewise, the negative correlation between 

206Pb/204Pb and Th/U in the sedimentary phosphate rocks suggests that detrital input (i.e., 

high Th) is an important factor for the less radiogenic Pb isotope compositions (Figure 

13D). The imprints of low Y/Ho and high Th/U ratios in the phosphate rocks reflect the 

mixing with detrital mat erials. Furthermor e, the detection of accessory minerals like 

quartz and albite in some of the phosphate rock samples could also provide evidence for 

the contribution of detrital materials (Fig ures B6-8). In contrast, the phosphate rocks 

from Israel and Morocco have rare occurrence of these accessory minerals (Figure B6). It 

should be noted that although the intra -region variations of Pb isotope compositions can 

be largely explained by their different contributions of detrital sources, the observed 

variations within the same region of origin (e.g., China) may suggest their diff erences in 

the initial U and Th geochemistry and/or the influences of other factors such as 

depositional conditions and diagenetic effects (see discussion in Section 4.4.3). 
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Figure 13: Binary scatter plots of 206Pb/204Pb vs. elemental concentration and 

ratios for all phosphate rock samples analyzed in this study.  (A) 206Pb/204Pb vs. Pb 

concentration. (B) 206Pb/204Pb vs. U/Pb. (C) 206Pb/204Pb vs. Y/Ho. (D) 206Pb/204Pb vs. Th/U. 

Circle, square, and triangle symbolize marine sedimentary, igneous, and 

metamorphic types of phosphate, respectively.  

4.4.2 Altered Seawater REY Signatures 

The REY composition of seawater is characterized by strong negative Ce 

anomalies (Bolhar et al., 2004; Shields and Webb, 2004; Zhang et al., 1994). Authigenic 

phosphate tends to inherit such characteristic negative Ce anomalies under the condition 

when REY are incorporated in equilibrium with bottom seawater and pore water (Auer 
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et al., 2017; Picard et al., 2002). However, the Ce/Ce* values can be influenced by the 

anomalies of La due to either surface weathering or diagenesis (McArthur and Walsh, 

1984), which then could lead to false Ce anomalies. To counteract this effect and discern 

true Ce anomalies, Pr/Pr* (Pr/Pr* = 2[Pr]N/([Ce]N+[Nd] N) was proposed to pair with 

Ce/Ce* (Bau and Dulski, 1996). Figure 14A shows that  most of the phosphate rocks fall 

within Field IIIb, suggesting that their negative Ce anomalies are authentic, whereas 

certain phosphate rocks, including those from China and India, have only minor 

negative Ce anomalies and plot within Field IIa. This sug gests that their Ce/Ce* values 

may have been exaggerated by positive La anomalies (Bau and Dulski, 1996), and they 

should instead have little negative Ce anomalies or even minor positive Ce anomalies. 

Another typical REY feature of seawater is the depletion of light REY relative to 

heavy REY (Bolhar et al., 2004; McArthur and Walsh, 1984). The pairs of Ce/Ce* with 

[Dy] N/[Yb] N and [Pr] N/[Yb] N, respectively can be used to show the deviation of 

phosphate REY compositions from the signature of seawater. The [Dy]N/[Yb] N ratios of 

most of the phosphate rocks are around 0.8 ~ 1.1 (Figure 14C), indicative of a similar 

composition to modern seawater, except those from China, India, and igneous type. 

Similarly, as shown in Figure 14D, an obvious light REY enrichment (i.e., [Pr] N/[Yb] N > 1) 

is observed in the phosphate rocks from China, India, and those of igneous type. Among 

all the analyzed phosphate rocks, those from Israel and Morocco appear to have the 
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most well -preserved seawater REY signatures, while the rest of samples exhibit altered 

seawater signatures to varying extent (Figure 12 and Figure 14). 

A common non -seawater REY signature in phosphate is the enrichment of 

middle REY (i.e., hat-shaped distribution pattern), as shown in the phosphate rocks from 

Algeria, Tunisia, and Chi na (Figure 12G-H). The ratio of [Dy] N/[Sm]N has been used as 

an indicator of the effect of middle REY enrichment (Shields and Stille, 2001), which is 

largely invariable in seawater ([Dy] N/[Sm]N ~ 2) and decreases as a result of 

incorporation of middle REY. The preferential uptake of middle REY (i.e., [Dy] N/[Sm]N < 

2) has been suggested to take place due to prolonged exposure to seawater during 

decomposition and physical reworking of marine sedimentary phosphates (Auer et al., 

2017; Reynard et al., 1999), and/or is reflective of the effects of diagenetic modification 

(German and Elderfield, 1990; Shields and Stille, 2001). The binary plot of [Dy] N/[Sm]N vs. 

Ce/Ce* for all the analyzed phosphate rocks shows a negative correlation (Figure 14B), 

suggesting that the chemical compositions of those phosphate rocks with low 

[Dy] N/[Sm]N and high Ce/Ce* values may have been altered after deposition with 

progressive scavenging of middle REY from seawater, implying their open system 

behavior that may cause the input of REY from terrigenous materials such as detrital 

siliciclastic sediments (Xin et al., 2015). Overall, the correlations observed for the 

different REY proxies (Figure 14) indicate a mixing nature of phosphate rocks with the 
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geochemical fingerprints of both  the original marine depositional environment and 

secondary and/or diagenetic effects. 

 

Figure 14: Binary scatter plots of Ce/Ce* vs. other REY indices for all marine 

sedimentary phosphate rock samples analyzed in this study.  (A) Ce/Ce* vs. Pr/Pr* 

after (Bau and Dulski, 1996). Field I: no Ce anomaly; Field IIa: negative Ce anomaly 

caused by positive La anomaly; Field IIb: positive Ce anomaly caused by negative La 

anomaly; Field IIIa: authentic positive Ce anomaly; Field  IIIb: authentic negative Ce 

anomaly. (B) Ce/Ce* vs. [Dy] N/[Sm] N. (C) Ce/Ce* vs. [Dy]N/[Yb] N. (D) Ce/Ce* vs. 

[Pr] N/[Yb] N. 

4.4.3 Imprints of Depositional Conditions and Diagenetic Influences 

The Ce anomaly has been used for reflecting the paleoredox conditions during 

the depositional history of phosphates (Auer et al., 2017; German and Elderfield, 1990; 

Reynard et al., 1999; Shields and Stille, 2001; Yang et al., 2022). A pronounced negative 
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Ce anomaly is often interpreted as indicative of oxic conditions (Bau and Dulski, 1996; 

Garnit et al., 2012). Among the younger phosphate rocks, Figure 14 shows that Israeli 

and Moroccan samples have strong negative Ce anomalies, indicating that the initial 

oxic condition of seawater may well be preserved in them. In contrast, the rest of 

younger phosphate rocks have higher Ce/Ce* values, likely reflecting their suboxic 

and/or anoxic depositional conditions. Previous studies have suggested that phosphate 

rocks from Egypt, Togo, Algeria, and Tunisia were deposited under anoxic 

environments and associated with siliciclastic detrital inputs when the phosphates were 

reworked and redeposited (Abou El -Anwar et al., 2017; Baioumy and Farouk, 2022; El 

Bamiki et al., 2021; Ounis et al., 2008; Soudry et al., 2006). This can be reflected by their 

relatively higher Ce/Ce* and lower [ Dy] N/[Sm]N values than those of phosphate rocks 

from Israel and Morocco (Table B1; Figure 14B). In comparison, the Proterozoic 

phosphate rocks from China and India show even weaker Ce anomalies compared to 

younger phosphate rocks (Table B1; Figure 14A), wh ich would suggest their anoxic 

depositional conditions. This can serve as a possible mechanism for the low abundance 

of U in these old phosphate rocks (Sun et al., 2020). The Proterozoic Ocean was 

suggested to be stratified by shallow oxic seawater overlying deep anoxic seawater, thus 

resulting in anoxic seafloor pore water (Cui et al., 2016). Such conditions would result in 

higher Ce/Ce* values even in authigenic phosphate in equilibrium  with the bottom 
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seawater. In contrast, the lower Ce/Ce* values observed in the early Cambrian 

phosphate rocks from China may reflect the change of seawater redox conditions near 

the Precambrian-Cambrian boundary and the transition from anoxic to oxic bott om 

seawater (Kimura and Watanabe, 2001; Yang et al., 2022, 2019). 

The negative correlation between 206Pb/204Pb ratios and Ce/Ce* observed for all 

the investigated sedimentary phosphate rocks in this study ( Figure 15A) suggest that 

there is likely less detrital source of Pb in phosphate rocks deposited under oxic 

conditions, and consequently the Pb isotope composition of these phosphate rocks 

remains largely radiogenic (e.g., samples from Israel and Morocco; Figure 15). In 

contrast, those presumably deposited under suboxic-anoxic conditions tend to have a 

greater contribution of detrital Pb, thus leading to the less radiogenic Pb isotope ratios 

observed in many of the other phosphate rocks samples (Figure 15). One possible source 

for such detrital Pb could be associated with the reductive dissolution of Fe 

oxides/oxyhydroxides in marine sediments under anoxic conditions (Basak et al., 2011), 

whereby adsorbed Pb particles from continental weathering was likely incorporated into 

phosphate during later diagenesis. It has been suggested that the Fe redox cycling could 

release REY during anoxic conditions with the liberation of Ce and middle REY into 

pore water (Auer et al., 2017; Gong et al., 2021; McArthur and Walsh, 1984; Shields and 

Stille, 2001), thus causing the enrichment of middle REY and minor negative and/or 
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weak positive Ce anomalies in phosphates. Therefore, this could explain the negative 

correlation between the 206Pb/204Pb ratios and Ce/Ce* values (Figure 15A) and the 

positive correlation exhibited between the 206Pb/204Pb ratios and [Dy] N/[Sm]N values 

(Figure 15B). 

 

Figure 15: Binary scatter plots of 206Pb/204Pb vs. REY indices for all marine 

sedimentary type phosphate rock samples analyzed in this study.  (A) 206Pb/204Pb vs. 

Ce/Ce*. (B) 206Pb/204Pb vs. [Dy] N/[Sm] N. 

Some have suggested that the differences in REY patterns in marine sedimentary 

phosphate rocks of different ages reflect the secular variation of REY geochemistry in 

seawater (Emsbo et al., 2015). However, it has been shown that the seawater REY 

patterns have hardly changed throughout the Phanerozoic (Shields and Webb, 2004), 

which implies that post -depositional diagenetic alterations would be the major cause for 

the deviations of REY patterns of phosphate rocks from that of modern seawater 

(Elderfield and Pagett, 1986; Picard et al., 2002; Wright et al., 1987). The [La]N/[Sm]N and 

[La] N/[Yb] N ratios have been used to delineate the impact of diagenetic alteration 
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(Reynard et al., 1999). The binary plot of [La] N/[Yb] N vs. [La]N/[Sm]N (Figure 16) shows 

that the REY compositions of most phosphate rocks deviate from that of modern 

seawater of 0.2 ~ 0.5 for [La]N/[Yb] N and 0.6 ~ 1.6 for [La]N/[Sm]N (Reynard et al., 1999), 

particularly for phosphate rocks from China, India, Algeria, Tunisia, and Senegal. They 

are plotted above the seawater compositional field, indicating pronounced influences of 

diagenetic adsorption processes (Figure 16). Two rock samples from China and one from 

Egypt exhibit somewhat effects of substitution, whereas those from Israel, Morocco, and 

Peru are plotted with in the seawater compositional field ( Figure 16), indicating little 

diagenetic alteration. The rest of phosphate rocks show minor to moderate diagenetic 

effects (e.g., those from the U.S.; Figure 16). In addition, it has been suggested that 

diagenesis can decrease the La content and increase the Y anomaly (Shields and Stille, 

2001), and as shown in Figure B9, Y/Y* displays a positive correlation with [La] N/[Nd] N 

for all the marine sedimentary phosphate rocks, with the influences of diagenesis being 

obvious in many except those from Israel and Morocco, whereas there does not appear 

to be any weathering influences. Consistently, phosphate rocks from China, India, and 

the U.S. contain carbonate minerals (i.e., dolomite) and quartz (Figures B7-8), likely 

resulting from the interaction with diagenetic fluids (Cui et al., 2016; Van Kauwenbergh 

et al., 1990). The diagenetic alteration could also be reflected by the coincident low U 

ÊÖÕÊÌÕÛÙÈÛÐÖÕÚɯÈÕËɯÓÖÞɯϗ18O ratios in the Chinese phosphate rocks (Sun et al., 2020). 
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Overall, phosphate rocks with the least effects of diagenetic alteration as indicated by 

the REY characteristics coincide with the most radiogenic Pb isotope compositions (i.e., 

Israel and Morocco). 

 

Figure 16: Binary scatter plot of [La] N/[Yb] N vs. [La]N/[Sm] N proposed by 

(Reynard et al., 1999) for all marine sedimentary type phosphate rock samples 

analyzed in this study.  

4.4.4 Implications for Environmental Tracing 

Given that  the environmental impacts of phosphate mining and P -fertilizer 

production and applica tion are commonly associated with elevated concentrations of 

trace metals (e.g., U and Cd) and activities of radionuclides (e.g., 238U and 226Ra) (Aoun et 

al., 2010; El-Bahi et al., 2017; Fayiga and Nwoke, 2016; Gaudry et al., 2007; Makweba and 

Holm, 1993; Martínez-Aguirre et al., 1994; Pérez-López et al., 2010; Rutherford et al., 
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1995, 1994; Vengosh et al., 2022), we suggest that use of Pb isotopes could help to 

constrain the origin and influence of phosphate -derived contamination relative to other 

natural and anthropogenic sources and their impacts on the environment (Abi -Ghanem 

et al., 2009; Gaudry et al., 2007; Kamenov et al., 2009; Roy and Négrel, 2001). The Pb 

isotope compositions of all the analyzed phosphate rocks define a global Pb array on the 

208Pb/206Pb vs. 206Pb/207Pb plot, except for the igneous phosphate rocks from Russia 

(Figure 17A). This phosphate Pb array is distinct from the array of global Pb ores 

defined by representative ore deposits around the world (i.e., Broken Hill, Australia; 

Beddiane, Morocco; San Vicente, Peru; and Mississippi Valley Type, USA; Figure 17) 

(Sangster et al., 2000). Most of the sedimentary phosphate rocks have a more radiogenic 

Pb composition than the Pb ore deposits, which are the major sources for Pb additives 

(i.e., alkyl-lead) used in gasoline, representing one of the important legacy 

anthropogenic Pb sources in the environment (Bi et al., 2017; Bollhöfer and Rosman, 

2002, 2001; Komárek et al., 2008). For example, the Broken Hill ore deposits from 

Australia and the Mississippi Valley Type (MVT) ore deposits from the U.S. are two of 

the major sources for alkyl-lead (Bollhöfer and Rosman, 2002, 2001), and their different 

isotope compositions reflect the Pb isotopic signatures of leaded gasoline in Europe and 

North America, respectively (Komárek et al., 2008). In addition, the Pb isotope 

compositions of pesticides and herbicides (Ayuso et al., 2004) are shown to largely 
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follow the array of Pb ore deposits  that largely deviates from the phosphate rock as well 

as the natural crustal Pb arrays (Komárek et al., 2008) (Figure 17B). The distinctive 

radiogenic Pb isotope composition of phosphate rocks, except some those of igneous 

type from China , South Africa, and Brazil  (Figure 17B), compared to that of the other 

major anthropogenic (i.e., Pb ore deposits) and natural  crustal Pb sources is potentially 

advantageous for  using Pb isotopes to trace contaminants (e.g., U, Cd, and Ra) in the 

environment derived from phosphate rock (particula rly marine sedimentary type), 

phosphate fertilizer, and phosphogypsum (the byproduct of generating fer tilizers from 

phosphate rocks). 

 

Figure 17: Binary scatter plots of 208Pb/206Pb vs. 206Pb/207Pb ratios for all 

phosphate rock samples analyzed in this study.  Circle, square, and triangle symbolize 

marine sedimentary, igneous, and metamorphic types of phosphate, respectively. 

Data on Pb ore deposits are from (Sangster et al., 2000). Data on pesticides and 

herbicide s are from (Ayuso et al., 2004). Data on natural crustal Pb are from (Komárek 

et al., 2008). 
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The 208Pb/206Pb, 206Pb/207Pb, 206Pb/204Pb, and Ce/Ce* ratios of P-fertilizer samples 

from the U.S. (n = 4), China (n = 4), Israel (n = 3), Morocco (n = 1), Jordan (n = 1), and 

India (n = 1) are presented in Table B2. Consistent with the Pb isotope composition of the 

phosphate rocks, the P-ferti lizers from Israel are characterized by radiogenic Pb isotope 

ratios, whereas those from the U.S., China, and India have much less radiogenic Pb 

isotope composition (Figure 18A). Although the Pb isotope compositions of most of the 

analyzed P-fertilizer sam ples are within the range of respective phosphate rocks of the 

same region, they can have large variations and deviation from that of phosphate rocks, 

as reflected by samples from the U.S. and Morocco (Figure 18A). This might be due to 

the possibility that  these phosphate rocks and fertilizers are not exactly from the same 

manufacturer, and/or the production of fertilizer is not always subject to the use of 

single source of phosphate rocks. Yet, all the P-fertilizer samples analyzed in this study 

fall on th e same Pb array defined by the isotope compositions of phosphate rocks 

(Figure 18A), which is distinct from that of Pb ores, pesticides/herbicides, and natural Pb 

(Figure 17). This supports the advantage of using Pb isotopes as a tracer for 

disentangling t he sources of contaminants from phosphate and other natural and 

anthropogenic sources. This also implies that there is minimal additional Pb being 

introduced during the P -fertilizer production, and that Pb in P -fertilizer primarily 

inherits the radiogenic signature of phosphate rocks. The binary plot of 206Pb/204Pb vs. 
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Ce/Ce* (Figure 18B) further shows that the P-fertilizer samples from China, Israel, 

Jordan, and India largely fall within the compositional field defined by the respective 

phosphate rocks, indicating their similar geochemical compositions. In contrast, the 

geochemical signatures of the P-fertilizer samples from the U.S. and Morocco obviously 

deviate from the corresponding phosphate rocks (Figure 18B). The type of the Moroccan 

fertilizer is pho sphate-potassium fertilizer (Table B2), which may implicate that 

additional source of Pb and REY has been introduced with the addition of K. Overall, 

our results show that, in cases of the single-source phosphate rock being used for 

fertilizer production, both the Pb isotopes and REY characteristics may well be 

preserved in the phosphate fertilizers and are consistent with the original phosphate 

rocks, indicating the potential utility of combination of Pb isotopes and REY as an 

environmental tracer for soil s and waters impacted by phosphate fertilizer production 

and application.  
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Figure 18: Binary scatter plots of (A) 208Pb/206Pb vs. 206Pb/207Pb and (B) 206Pb/204Pb 

vs. Ce/Ce* for phosphate rock and P -fertilizer samples  sourced from the same regions 

of origin.  

4.5 Conclusions 

This study reports, for the first time, the Pb isotope compositions of phosphate 

rocks sourced from different geographic regions in the world, covering major economic 

phosphate deposits, including t hose from China, South Tethys (e.g., Morocco, Tunisia, 

Israel), the U.S., and Russia. The Pb isotope compositions of phosphate rocks of different 

geological ages show large variations. Generally, phosphate rocks of marine 

sedimentary type have more radiogenic Pb isotope compositions that those of igneous 

type, of which igneous phosphate rocks from Russia are distinctively different from the 

global phosphate Pb isotope array. Among the  sedimentary rocks, the Pb isotope 

compositions of phosphate rocks from th e South Tethys are significantly more 

radiogenic than that of phosphate rocks from China and the U.S. Within the South 

Tethyan region, phosphate rocks from Israel are the most radiogenic in Pb, followed by 
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those from Morocco, Syria, Jordan, Egypt, Western Sahara, Tunisia, Senegal, Algeria, 

and Togo, respectively. 

The results of this study show that the radiogenic Pb isotope composition of the 

phosphate rocks have been overprinted by non-radiogenic terrestrial Pb, although the 

mineralogical data reveal that most of these rocks are dominantly composed of 

carbonate fluorapatite (francolite), with little occurrence of other minerals. The extent of 

such overprinting effect is observed the least in the Israeli and Moroccan phosphate 

rocks compared to the rest of sedimentary phosphate rocks. The variations of Pb isotope 

compositions of phosphate rocks are likely influenced by their differences in the 

depositional conditions and/or diagenetic modifications, which can be largely reflected 

by their REY characteristics. Specifically, marine sedimentary phosphate rocks that 

inherited relatively pristine seawater REY distribution feature likely suggest their oxic 

depositional conditions and/or minimal diagenetic alteration, resulting in a more 

radiogenic Pb isotope composition, such as those from Israel and Morocco. In contrast, 

phosphate rocks with REY indications for more anoxic depositional conditions and/or 

greater diagenetic alteration could lead to the deviation from the seawater REY 

signatures, coinciding with less r adiogenic Pb isotope compositions that indicate the 

mixing with non -radiogenic terrestrial Pb. 
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This study further evaluates the potential utility of Pb isotopes and their 

combination with REY proxies for tracing the contamination of phosphate mining and P -

fertilizer production and application in the environment. The distinctively radiogenic Pb 

isotope composition of phosphate rocks compared to those of both natural crustal Pb 

and major anthropogenic Pb sources (e.g., Pb ore deposits and pesticides) provides a 

great advantage for applying Pb isotopes as an environmental tracer for metal(loid) 

contamination from phosphate sources. Although the Pb isotope compositions of P-

fertilizer samples can show large variations from that of phosphate rocks of the same 

source region, they are largely contained within the Pb isotope array defined by the 

phosphate rocks, bearing the same isotopic distinction from the other natural  crustal or 

anthropogenic Pb sources. The combination of Pb isotope ratios and REY proxies likely 

better constrains the source discrimination. Overall, this study provides a global data set 

for Pb isotopes and rare earth elements in phosphate rocks, which lays the groundwork 

for future regional and local studies on both their geological and environmen tal 

implications.  
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5. Evaluation and Integration of Geochemical Indicators 
for Detecting Trace Levels of Coal Fly Ash in Soils 

(Reproduced with permission from Environmental Science & Technology, 2021, Volume 

55, Pages 10387-10397. Copyright 2021 American Chemical Society; Supplementary 

Information  in Appendix C) 

5.1 Introduction 

Coal combustion residuals (CCRs) generically refer to the solid waste generated 

from the combustion of coal in coal-fired power plants, composed of fly ash, bottom ash, 

boiler slag, and flue gas desulfurization products, of which fly ash is the most abundant 

component (American Coal Ash Association, 2020b; Deonarine et al., 2015). Over the last 

decades, coal combustion in the U.S. has generated a large volume of CCRs that were 

disposed of and accumulated in surface impoundments and landfills. In 2019, 

approximately 80 million tons of CCRs were produced  (American Coal Ash Association, 

2020b). Due to its massive volume, small particle size, and high concentrations of toxic 

elements such as Hg, As, Se, Cd, Cr, and Pb (Córdoba et al., 2012; Deonarine et al., 2015; 

Klein et al., 1975; Linton et al., 1977; Querol et al., 1996, 1995; Smith, 1980; Swanson et al., 

2013), CCRs, and in particular fly ash, pose significant environmental and human health 

risks (Carlson and Adriano, 1993; Córdoba et al., 2012; Izquierdo and Querol, 2012; 

Kosson et al., 2002; Nelson et al., 2010; Swaine, 1994; Thorneloe et al., 2010; Twardowska 
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et al., 2003; Zierold and Odoh, 2020). The impacts of CCRs on the environment have 

been demonstrated by extreme and acute incidents, such as coal ash spills from the 

Kingston Fossil Plant, Tennessee in 2008 (Bartov et al., 2013; Deonarine et al., 2013; Liu et 

al., 2013; Ruhl et al., 2010, 2009), and the Dan River Steam Station, North Carolina in 

2014 (Lemly, 2015; Yang et al., 2015). In addition, chronic release of CCRs and its 

contaminants to the environment can also have significant effects, as shown by the 

leaking of effluents from surface impoundments and landfills, and discharge of CCR 

effluents into the aquatic environment  (Deonarine et al., 2015; Harkness et al., 2016; Ruhl 

et al., 2012). Furthermore, fugitive emission of fine ash particulates from coal -fired 

power plants and subsequent deposition and resuspension in the surrounding terrestrial 

environment could expose residents to the ash particles and associated contaminants 

(Bhanarkar et al., 2008; Klein and Russell, 1973; Nelson et al., 2010; Sato and Sada, 1992; 

Schroeder et al., 1987; Zierold and Odoh, 2020). Regardless of the mechanisms by which 

CCRs enter the environment, the ability to detect their occurrence is critical for 

delineating the environmental impact s and risks of CCRs to human health.  

The geochemistry of coal fly ash is largely distinctive from that of natural rocks, 

soils, and sediments (Alberts et al., 1985; Dreesen et al., 1977; Izquierdo and Querol, 

2012; Vengosh et al., 2019; N. Wang et al., 2020). Hence, once it is released to the 

environment, the geochemistry of the impacted natural reservoir is likely to be altered, 
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thus facilitating the use of geochemical tools to detect the possible presence of fly ash 

and its associated contamination in the environment. Previous studies have 

demonstrated the utility of a variety of geochemical tools for tracing fly ash 

contamination of aquatic systems. Given the high mobility of certain toxic elements from 

fly ash, the occurrence of soluble elements, such as As, Se, B, and Sr, combined with 

distinctive signatures of B and Sr isotopes, have been used to delineate its impact on 

groundwater, surface water, and sediment pore water  (Davidson and Bassett, 1993; 

Harkn ess et al., 2016; Ruhl et al., 2014; Vengosh et al., 2019). For the detection of the 

presence of fly ash solids in the environment, various isotope systems have been used as 

potential tracers. Lauer et al. (2015) showed that fly ash derived from coals of the major 

coal-producing basins in the U.S. has a distinctively low 228Ra/226Ra activity ratio (< 1) 

relative to the common 228Ra/226Ra activity ratios in soils (> 1), suggesting the possibility 

of using 228Ra/226Ra activity ratio to identify fly ash in the environment  (Lauer et al., 2015). 

Wang et al. (2019) showed that the Pb isotope composition of the U.S. fly ash (i.e., 

208Pb/206Pb vs. 206Pb/207Pb) is distinctive from that of both natural Pb in soils and major 

anthropogenic Pb sources (i.e., leaded gasoline and lead-based paint), making it a useful 

tracer of fly ash solids in the environment . In addition, Sr, Hg, and Tl isotopes have also 

been suggested as potential tracers for delineating the occurrence of coal fly ash solids in 

the environment  (Bartov et al., 2013; Deonarine et al., 2013; Hurst et al., 1993, 1991; Hurst 
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ÈÕËɯ#ÈÝÐÚȮɯƕƝƜƕȰɯ2ÏÌÙÔÈÕɯÌÛɯÈÓȭȮɯƖƔƕƙȰɯ5ÈÕùÒɯÌÛɯÈÓȭȮɯƖƔƕƚȰɯ9ȭɯ6ÈÕÎɯÌÛɯÈÓȭȮɯƖƔƖƔȺ. 

Furthermore, trace elements can also be indicative of the input of coal fly ash solids in 

the environment. Vengosh et al. (2019) identified the presence of fly ash solids in the 

bottom sediments of Sutton Lake near Wilmington, NC caused by multiple unmonitored 

coal ash spills, partially detected by high concentrations of trace elements (e.g., As, Se, 

Mo, Sb, and Tl) in the Sutton Lake sediments when compared with their occurrence in 

sediments in a background lake (Vengosh et al., 2019). The presence of fly ash solids in 

the Sutton Lake sediments was further verified by Pb stable isotopes (Z. Wang et al., 

2019). 

While acute coal ash spills within the environment can be easily detected due to 

their large scales, tracing small quantities of fine fly ash particulates in soils and 

sediments derived from atmospheric deposition from nearby coal plants is much more 

challenging. The installation of high -efficiency pollution control devices in coal -fired 

power plants, including electrostatic precipitators and fabric filters, has significantly 

reduced the emission of fly ash from coal combustion by retaining the majority of ash 

particles (Meij and te Winkel, 2009; Xu et al., 2004). Nonetheless, fine ash particles could 

still be uncaptured and accumulate in the terrestrial environment at relatively trace 

levels, particularly onto surface soils surrounding coal -fired power plants and coal ash 

disposal sites (Klein and Russell, 1973; Raja et al., 2015; Rodríguez Martín and Nanos, 



 

97 

 

2016; Sato and Sada, 1992). Previous studies have shown heavy-metal contamination in 

surface soils near coal-fired power plants and coal ash disposal sites ȹIÈàċÙɯÌÛɯÈÓȭȮɯƖƔƕƖȰɯ

"ÐÊÌÒɯÈÕËɯ*Ö×ÈÙÈÓȮɯƖƔƔƘȰɯFÜÑÐîɯÌÛɯÈÓȭȮɯƖƔƕƚȰɯ#ÙÈÎÖÝÐîɯÌÛɯÈÓȭȮɯƖƔƕƗȰɯ&ÌÖÙÎÌɯÌÛɯÈÓȭȮɯƖƔƕƙȰɯ

Glöbel and Andres, 1985; Huang et al., 2017; Keegan et al., 2006; Lu et al., 2013; Mandal 

and Sengupta, 2006; Nanos et al., 2015; Okedeyi et al., 2014; Praharaj et al., 2003; 

Rodriguez-Iruretagoiena et al., 2015; Tang et al., 2013; Wangen and Williams, 1978; 

Zhang et al., 2020), however, no direct and definit e links to coal ash source were 

established in these studies, reflecting the limitation of solely using chemistry data for 

identifying trace levels of coal fly ash in soils.  

In this study, we aim to explore the utility of multiple geochemical methods, 

including trace elements, Ra isotopes, and Pb stable isotopes, as indicators for the 

presence of trace levels of coal fly ash particles in soils near coal-fired power plants and 

coal ash disposal sites. We evaluate the sensitivity of these methods by integrating 

observation and quantification of fly ash particles in soils, using point counting under 

polarized light microscopy (PLM)  (Cowan et al., 2017, 2015, 2013; Vengosh et al., 2019). 

While some of these methods have been used individually, here we present a first 

integration of geochemical methods for the purpose of tracking even trace levels of coal 

fly ash contamination  in the environment. By integrating multiple geochemical tools and 

microscopic physical observation to investigate surface soil samples collected from areas 
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adjacent to coal-fired power plants in North Carolina (NC) and Tennessee (TN), we 

demonstrate both their applicability and limitations for the detection of trace levels of 

coal fly ash presence in the environment. 

5.2 Materials and Methods 

5.2.1 Sample Collection and Preparation 

In order to examine the utility of geochemical tools for detecting coal fly ash in 

the environment, we collected and analyzed surface soils surrounding two operating 

coal-fired power plants, the Marshall Steam Station (2,090 MW, began operation in 1965) 

near Lake Norman, NC, and the TVA Bull Run Steam Plant (865 MW, began operation 

in 1967) in Claxton, Anderson County, TN. To our knowledge, both the Marshall Steam 

Station and the Bull Run Steam Plant primarily burn coals sourced from the 

Appalachian (APP) Basin.  

Surface soil samples were collected from recreational and residential areas near 

Lake Norman, NC (n = 21) and Claxton, Anderson County, TN (n = 25). Open, flat, and 

uncultivated natural grass lands were selected as sampling sites, where soil samples 

were collected from 5 cm depth below the surface using a stainless-steel trowel. Each 

sample was a composite of three to five sub-samples collected from areas of 

approximately 5 m × 5 m to avoid sampling bias. Upon collection, all samples were 

stored and sealed in plastic bags or containers to avoid potential contamination. Maps 
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showing the locations of coal-fired power plants and sampling sites are presented in the 

Supporting Information (Figure C1). As indicated by the wind rose diagrams, the 

majority of the sampling sites are located downwind of the coal plants, while the 

upwind Lake Norman State Park, northeast of the Marshall Steam Station (Figure C1a), 

and the upwind Haw Ridge Park, southwest of the Bull Run Steam Plant (Figure C1b), 

were selected for soil sampling to represent the respective local background soil 

according to the sampling guidelines for baseline soils by the U.S. Geological Survey 

(USGS) (Smith et al., 2013). 

Prior to laboratory analysis, each soil sample was oven-dried at 50°C until 

reaching a constant weight, plant residues and gravels were removed by hand, and the 

remaining soil was passed through a 2-mm sieve for homogenization. A subset of 

sample by coning and quartering was ground using ceramic mortar and pestle to pass 

through a 200-mesh stainless steel sieve for subsequent chemical analysis. 

5.2.2 Laboratory and Statistical Analysis 

Trace elements. The concentrations of trace elements were measured on a Thermo 

Fisher X-Series II inductively coupled plasma mass spectrometer (ICP-MS) at Duke 

University. Samples were digested in a HF-HNO 3 mixture. The details of  sample 

digestion and instrumental analysis have been documented in previous studies  

(Vengosh et al., 2019; Z. Wang et al., 2019, 2020). The efficiency of digestion and 
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accuracy of measurement were assessed by measuring the National Institute of 

Standards and Technology (NIST) standard reference material (SRM) for trace elements 

in coal fly ash SRM 1633c as well as the U.S. Geological Survey (USGS) sedimentary rock 

standard SCo-1 (Cody Shale). The average percent recovery as well as relative standard 

deviations for all the analyzed trace elements from repeated measurements of the 

reference materials over the course of analysis are presented in Table C1. The percent 

recovery for Cr in NIST 1633c is 80.4% (RSD = 5.2%, n = 7), lower than the average of 97.5% 

for all trace elements, while the percent recovery for Th in USGS SCo-1 is 80.7% (RSD = 

12.2%, n = 5), lower than the average of 93.4% for all trace elements.   

Radium isotopes. The activities of 228Ra and 226Ra were determined on a Canberra 

DSA2000 broad-energy germanium gamma detector surrounded by Pb shielding at 

Duke University. The sample packing and  incubation followed the method reported 

previously  (Lauer et al., 2015). Each measurement lasted for at least 86,000 seconds in 

order to minimize statistical counting error. Detector efficiencies were determined using 

a U-Th ore reference material (CCRMP DL-1a) packed and incubated in the same 

geometry as the samples.  

Lead stable isotopes. The Pb stable isotope analysis (208Pb, 207Pb, 206Pb, and 204Pb) 

was performed on a Triton thermal ionization mass spectrometer (TIMS) at Duke 

University, using Faraday cups and operating in static mode. The sample digestion and 
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Pb column separation and purification have been detailed in a previous study  (Z. Wang 

et al., 2019). A common Pb standard NIST SRM 981 was measured regularly over the 

course of analysis (n = 36) and the mass bias for all isotope ratios was determined 

according to the expected values (Yuan et al., 2016). The analytical uncertainties (2SD) 

for 208Pb/206Pb and 206Pb/207Pb are 0.0013 and 0.0003, respectively. 

Optical point counting. The percent of coal fly ash particles present in the soil 

samples was determined at 500x magnification using a Leica DMLP polarizing 

microscope equipped with a Swift model F automated point counter at Appalachian 

State University. Details of sample preparation, counting procedures, and method 

reproducibility, as well as photomicrographs of fly ash particles in soils are presented in 

the Supporting Information. To produce representative counts, each sample was 

thoroughly homogenized when slides were made fo r microscopic observation and 

counting. The identification of coal fly ash, which is composed of distinctive spherical 

particles, was based on Fisher et al. (1978) and Hower (2012).  

Data compilation and statistical analysis. The trace element data of the surface soils 

(top 5 cm) collected across North Carolina (n = 83) and Tennessee (n = 66) were compiled 

from the USGS database (Smith et al., 2013), which represent the baseline geochemical 

characteristics for the statewide surface soils (referred to as baseline soil hereafter) (Table 

C2). The trace elements data of coal fly ash samples derived from coals of the 
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Appalachian Basin (APP) (n = 16), Illinois Basin (ILL) (n = 22), and Powder River Basin 

(PRB) (n = 7) were measured on ICP-MS, which have been partially reported in previous 

studies (Table C2) (Z. Wang et al., 2019, 2020). Monte Carlo simulation was performed 

for the theoretical mixing of coal fly ash and soil, by following the mixing scenarios of 

10%, 25%, 50%, and 75% of fly ash addition in soil, and each scenario was composed of 

500 simulated mixtures. To confirm its reproducibility, the simulation was repeated at 

least 10 times for each mixing scenario until its mean values and standard deviations 

were calculated. Nonparametric methods were employed for statistical analysis using R  

(R Core Team, 2021), includ ing Spearman's rank correlation for investigating the 

correlation of two variables and Mann -Whitney test for comparing the difference 

between two groups. 

5.3 Results and Discussion 

5.3.1 Evaluation of Trace Element Indicators for Presence of Coal Fly 
Ash in Soils 

Analysis of the trace elements composition of coal fly ash samples associated 

with coals of the major coal basins in the U.S., including the Appalachian (APP), Illinois 

(ILL) and Powder River (PRB) basins (Z. Wang et al., 2019, 2020) is presented in Table 

C2. In spite of variations in trace metals concentrations, fly ash derived from combustion 

of coals from the different  basins in the U.S. has distinctive geochemical characteristics 

relative to the baseline soils of North Carolina and Tennessee (Smith et al., 2013) (Table 
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C2; Figure C2).  Similar patterns are observed for fly ash that originated from 

combustion of the APP and ILL coals, which have enrichment  of As, Se, Mo, Sb, and Tl, 

whereas fly ash from the PRB coals is also enriched in these elements but notably 

enriched in Se, Sr, and Ba relative to the baseline soils (Figure C2). Given both the 

Marshall Steam Station and Bull Run Steam Plant have utilized coals primarily derived 

from the Appalachian Basin, we used the APP fly ash data in this study (Table C2).  In 

order to mimic the mechanical mixing between fly ash and soil, an archived NC surface 

soil sample known to have zero input of fly ash and a coal fly ash sample derived from 

APP coals were experimentally mixed in the laboratory, with weight percent of fly ash 

mixing of 10%, 25%, 50%, and 75%. The actual measurements of trace elements in the 

soil-ash mixtures were compared to the theoretical calculations for the mixing 

combinations of the soil and fly ash (Table C3). Despite some variations, the measured 

values largely agree with the calculated values. The trace element concentrations of the 

soil-ash mixtures were then normalized to the average values of NC baseline soil, and 

the distribution curves of trace elements in the different mixtures are shown in Figure S3. 

While the distribution curves of trace elements in the original soil sample and fly ash 

sample are markedly different, increasing the fr action of fly ash in the soil -ash mixtures 

evidently causes divergence of the distribution curves from that of the pristine soil 

sample and resemblance to that of the fly ash sample (Figure C3).  
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Furthermore, mixing of fly ash and soil results in notable s pikes of an assemblage 

of trace elements, including As, Se, Mo, Sb, and Tl in the ash-soil mixtures (Figure C3). 

In order to quantify the characteristic enrichment of the As -Se-Mo-Sb-Tl assembly 

resulted from mixing with fly ash, we define the coal ash index (CAI), which is the sum of 

the enrichment factors of each of the five characteristically enriched trace elements as 

normalized to their median concentrations in the background soil. In order to better 

reflect the relative contribution of fly ash as oppo sed to other potential contamination 

sources, the enrichment factors of these five elements are weighted by multiplying the 

percent weight of the enrichment factor of each element in fly ash (see details in 

Appendix C ). By calculating the CAI values, a linear relationship between CAI and 

estimated ash percent in the mixtures can be established. As shown in Figure C4, the 

relationship for the experimental mixing between CAI and ash percent largely fits with 

the theoretical mixing, suggesting the potential utility of CAI as an indicator for coal fly 

ash presence in soils, with the potential of estimating the relative input of fly ash in soils.  
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Figure 19: Correlation plots of coal ash index (CAI) and coal ash percent  (a) 

Diagram of estimated ash percent (%) against coal ash index (CAI) of the surface soil 

samples from Lake Norman near the Marshall Steam Station, NC. (b) Diagram of 

estimated ash percent (%) against CAI of the surface soil samples from Claxton near 

the Bull Run Steam Plant, TN.  (c) Diagram of ash percent estimated by CAI against 

ash percent by point counting for the selected soil samples from Lake Norman and 

Claxton. The mixing line  in (a) is defined by the theoretical mixing between the 

average NC baseline soil and the average APP fly ash. The mixing line  in (b)  is 

defined by the theoretical mixing between the average TN baseline soil and the 

average APP fly ash. The baseline soil data were compiled from the USGS database  

(Smith et al., 2013) and the APP fly ash data were generated from this study. The 

black dot line  in (c) represents the 1:1 line. 

To demonstrate the application of the coal ash index, we calculated the CAI 

values using the weighted enrichment factors of the As-Se-Mo-Sb-Tl assembly for the 

investigated surface soil samples from Lake Norman and Claxton, respectively (Tables 

C4 and C5). The results are compared to the theoretical mixing relationship established 
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between the averages of the statewide baseline soil and APP fly ash (Figures 19a-b). 

Most of the analyzed Lake Norman soil samples have CAI values that are similar to or 

lower than the background sample from Lake Norman State Park (< 4%; Figure C1a). Yet 

a few samples (6 out of 20) yielded CAI values higher than that of the background soil, 

with the respective estimated fly ash percent up to be 16%, implying the possible 

presence of coal fly ash in these soil samples (Figure 19a; Table C4). The CAI values 

calculated for the Claxton surface soil samples were similarly compared to the ash 

percent following the theoretical mixing between the averages of the TN baseline soil 

and APP fly ash (Figure 19b). Compared to the Lake Norman soil samples, we find 

systematically higher CAI values in 21 out of the 24 soil samples from Claxton relative to 

the local background soil collected from the Haw Ridge Park (Figure C1b), with 

estimated coal ash percent up to 20% (Figure 19b; Table C5). To further assess the 

effectiveness of the CAI method, we employed optical point counting to physically  

identify and quantify fly ash within the soil samples, based on the fact that coal fly ash 

particles have distinctive spherical morphologies relative to typical mineral grains in soil 

and sediments (e.g., quartz, calcite, feldspar, and clay minerals) (Cowan et al., 2017, 2015, 

2013). The counting results confirm our hypothesis that the background soil sampl es 

from both Lake Norman and Claxton contain zero coal fly ash, even though the CAI 

values could suggest ~ 4.0 % and ~ 2.1% of fly ash present, respectively (Tables C4 and 
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C5). Besides the local background soils, 7 more Lake Norman soil samples and 13 more 

Claxton soil samples were selected for optical point counting mostly due to their 

relatively high estimated ash percent by the CAI method (Tables C4 and C5). Fly ash 

was identified in all of the selected Lake Norman soil samples, including samples with 

both higher and lower CAI values than the background soil, although the point -counted 

ash percent is generally low, ranging from 0.9% to 6.5% (Table C4). Among the selected 

Claxton soil samples, fly ash was observed in 12 out 13, with the point-counted ash 

percent ranging from 1.6% to 16.5%. Sample CCS-15 was estimated to have the highest 

ash percent by the CAI method (~20.9%) but had no observable fly ash under 

microscope (Table C5), demonstrating that sole using the CAI method may result in 

false detection in some cases, and the need for multiple methods to validate the 

observation. The estimated ash percent values by CAI for the selected soil samples were 

plotted against the respective percent values by point counting ( Figure 19c). The 

estimated ash percent for the selected soil samples from Lake Norman was not 

ÚÐÎÕÐÍÐÊÈÕÛÓàɯÊÖÙÙÌÓÈÛÌËɯÞÐÛÏɯÛÏÈÛɯÍÙÖÔɯ×ÖÐÕÛɯÊÖÜÕÛÐÕÎɯȹϤɯǻɯƔȭƘƗȮɯp = 0.34), with most of 

the CAI -estimated ash percent higher than the point-counted ash percent (Table C4; 

Figure 19c). In contrast, the selected soil samples from Claxton show a much better 

correlation between the CAI -estimated ash percent and the point-ÊÖÜÕÛÌËɯÈÚÏɯ×ÌÙÊÌÕÛɯȹϤɯ

= 0.72, p < 0.05) (Figure 19c). Our data indicate that detecting trace levels of fly ash 
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presence in the soil by using the coal ash index (CAI) method can be useful, yet the 

accuracy of this method is limited, as indicated by the inconsistency between the CAI-

estimated ash percent and the point-counted ash percent, particularly for the Lake 

Norman soil samples. 

In addition to the enrichment of the As -Se-Mo-Sb-Tl assembly, the APP fly ash is 

typically enriched in a suite of trace metals relative to the baseline soils, including Li, V, 

Cr, Co, Ni, Cu, Zn, Rb, Sr, Ba, Th, and U. For each of the individual trace metals, the 

APP fly ash is significantly higher than the NC baseline and TN baseline soils, 

respectively, according to the results of Mann-Whitney test (p < 0.01) (Figure C5). 

Therefore, we performed a series of hypothetical mixing calculations between the APP 

fly ash and the baseline soils, for testing the potential of using all of the trace metals as 

indicators for the possible presence of fly ash in soils. Given that the trace element 

concentrations of both the APP coal fly ash and the NC and TN baseline soils exhibit 

large variations (Figure C5), we performed the mixing calculations using Monte Carlo 

simulation in order to incorporate the variability in the concentration data. As with the 

experimental mixing, four scenarios with the weight perce nt of fly ash of 10%, 25%, 50%, 

and 75% were applied to the mixing simulations. Under each mixing scenario, a total of 

500 random mixtures were generated, and then the mean and standard deviations for 

each simulated mixture were calculated, which together define the simulated mixing 
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lines as shown in Figures C5 and C6. Though the trace metal concentrations of APP coal 

fly ash are distinctively different from that of the NC and TN baseline soils, the results of 

mixing simulation show that the simulated mixtu res can span a wide range due to the 

large variations in the trace metal concentrations when the exact end members 

contribution of soil and fly ash are both unknown (Figures C5 and C6). In most cases, 

low percentage of fly ash in the soil (i.e., < 10%) does not yield appreciable differences 

relative to the majority of baseline soil, while increasing fraction of fly ash leads to a 

more distinguishable the soil -ash mixture from the baseline soil (Figures C5 and C6). 

This suggests that although trace metal concentrations have the potential to indicate fly 

ash presence in soils, they have limited sensitivity, particularly in detecting low levels of 

fly ash and in cases where the chemistry of the pristine soil end member is not well 

defined. 

However, when the pri stine background soil composition is known, the 

performance of the hypothetical mixing using the trace metal concentrations can be 

significantly improved as demonstrated at the two study sites. Since we have no 

information about the chemistry of fly ash ge nerated specifically from the Marshall 

Steam Station in North Carolina, we used the median value of the APP fly ash (Table C2) 

as a reference for the fly ash end member for the Lake Norman case because this plant 

has utilized primarily APP coals.  For the Claxton case in Tennessee, we used data of 
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actual fly ash collected from the Bull Run Steam Plant (Table C2). Mixing calculations 

were performed using the Monte Carlo method under the same scenarios as described 

above (i.e., 10%, 25%, 50%, and 75% of fly ash addition) between the background soils 

and the APP and Bull Run fly ash. The selected trace metal concentrations in all the soil 

samples are plotted in Figure 20. While the soil samples from Lake Norman did not 

follow the mixing lines derived from the m ixing simulations and the theoretical mixing 

proportions were not consistent with actual counting data ( Figures 20a-d), soil samples 

from Claxton showed a better agreement between the hypothetical mixing and the 

actual point -counted ash percent in the soils (Figure 20e-h). We conclude that the 

detection of fly ash using only the trace metal concentrations in soil samples with low 

percentage of fly ash has a limited sensitivity, whereas soil with higher fly ash 

percentages (i.e., > 10%) showed higher correspondence between the theoretical mixing 

relationships and physical observation under the microscope.  
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Figure 20: Biplots of trace metals for the surface soil samples collected from 

Lake Norman, NC and Claxton, Anderson County, TN. (a) ɬ (d) depict the Lake 

Norman soil, where yellow circles represent the soil samples selected for optical point 

counting and physically identified to have fly ash presence under microscope, green 
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square represents the background soil from th e Lake Norman State Park, and black 

triangle represents the median value of APP fly ash. (e) ɬ (h) depict the Claxton soil, 

where pink circles represent the soil samples selected for optical point counting and 

physically identified to have fly ash presence  under microscope, green square 

represents the background soil from the Haw Ridge Park, and black triangle 

represents the fly ash sample from the Bull Run Steam Plant. Red mixing line is 

defined by Monte Carlo simulation between the APP fly ash and respect ive local 

background soil, composed of four simulated mixtures with ash percent of 10%, 25%, 

50%, and 75%, respectively, with error bars denoting 95% confidence intervals.  

5.3.2 Evaluation of Radium Isotope Indicators for Presence of Coal 
Fly Ash in Soils 

Given the limitation of the trace element indicators, we also explored the 

applicability of using the abundance of Ra nuclides as a tracer of coal fly ash in soils. 

Radium is a naturally occurring radioactive material (NORM) that is derived from the 

decay chains of Th and U, where 228Ra (t1/2 = 5.7 years) is the decay product of 232Th and 

226Ra (t1/2 = 1601 years) is a progeny nuclide of the 238U decay series. As with many other 

trace elements, Ra is also enriched in fine coal fly ash particles following coal 

combustion (Lauer et al., 2015). The average 228Ra/226Ra ratio and the total Ra activity of 

the APP fly ash are 0.67 and 283 Bq/kg, respectively, which reflects the Th/U activity 

ratio in the parent coals (Lauer et al., 2015). In contrast, the 228Ra/226Ra activity and the 

total Ra activity in average soil are 1.2 and 70 Bq/kg, respectively (International Atomic 

Energy Agency, 2014). Consequently, the distinction in Ra abundance and ratios 

between fly ash and common soil highlights the potential utility of Ra isotopes (i.e., 

228Ra/226Ra activity ratio ) as an indicator for the presence of fly ash in soils.  
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In the case of Lake Norman, the 228Ra/226Ra activity ratio of local background soil 

of 2.0 is notably higher than that of APP coal fly ash. The 228Ra/226Ra activity ratios of the 

Lake Norman soil samples ranged from 0.8 to 3.2 (Figure 21a; Table C4). The soil 

samples selected for the optical point counting and identified with fly ash presence 

clearly fall within the hypothetical mixing envelope between the background soil and 

APP fly ash, except for one sample, which had a 228Ra/226Ra ratio of 2.1, slightly higher 

than that of background soil. In the case of Claxton, the 228Ra/226Ra activity ratios for all 

the soil samples ranged from 0.8 to 1.7 (Table C5), which is much narrower than that for 

the Lake Norman soil samples. The local background soil of Claxton is 1.3, which is 

lower than that of Lake Norman background soil, and yet still distinctly higher than that 

of coal fly ash from Bull Run Steam Plant (228Ra/226Ra = 0.60; Figure 3b). Nine out of 12 

samples that were identified with fly ash presence by optical point counting had 

228Ra/226Ra ratios within the expected range between the background soil and fly ash, 

while the three samples with higher 228Ra/226Ra ratios had the lowest point-counted ash 

percent, 1.6%, 1.9%, and 3.2% (Table C5). One sample (i.e., CCS-15) had 228Ra and 226Ra 

activities close to that of the local background soil, which was consistent with the point 

counting results that did not indicate the presence of fly ash (Table C5). Overall, our 

data demonstrate the robustness of using Ra isotopes as an additional indicator for the 

presence of low levels of fly ash in soils, although the sensitivity of this tracer depends 
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on the Ra activities and 228Ra/226Ra ratios in the background soil that could overlap with 

and masked the contribution of coal fly ash.  

 

Figure 21: Diagram of 228Ra versus 226Ra for (a) Lake Norman, NC surface soil 

samples and (b) Claxton, TN surface soil samples. (a) Yellow circles represe nt the soil 

samples selected for point counting and physically identified with fly ash presence 

under microscope, green square represents the background soil from the Lake 

Norman State Park, and black triangle represents the median value of APP fly ash. 

The green dotted line marks the 228Ra/226Ra activity ratio of 2.0 for the local 

background soil of Lake Norman, and black dotted line marks the 228Ra/226Ra activity 

ratio of 0.68 for the median APP fly ash. (b) Pink circles represent the soil samples 

selected for point counting and physically identified as containing fly ash via 

microscopy, green squares represent the background soil from the Haw Ridge Park, 

and black triangle represents the fly ash sample collected from the Bull Run Steam 

Plant. The green dotted line marks the 228Ra/226Ra activity ratio of 1.3 for the local 

background soil of Claxton, and black dotted line marks the 228Ra/226Ra activity ratio 

of 0.60 for the Bull Run fly ash sample. Error bars for the measured samples denote 

the average 2SD (2 × standard deviation) for 226Ra (1.39 Bq/kg) and 228Ra (2.76 Bq/kg), 

both of which do not extend past the symbol boundaries and thus are not shown.  

5.3.3 Evaluation of Lead Isotope Indicators for Presence of Coal Fly 
Ash in Soils 

In addition to trace elements and Ra isotopes, we further explored the 

applicability of Pb isotopes for detecting the occurrence of fly ash in soils.  Lead 

naturally occurs in four stable isotopes, including one non -radiogenic isotope (i.e., 204Pb), 
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and three radiogenic isotopes: 208Pb, decay product of 232Th, 206Pb, decay product of 238U, 

and 207Pb, decay product of 235U. Lead isotope ratios have been widely used for source 

tracing Pb contamination in the environment  (Komárek et al., 2008). Typically, on a 

208Pb/206Pb vs. 206Pb/207Pb isotope diagram, older Pb ore source appears to be in the upper 

left quadrant, while younger Pb ore source is in the lower right  quadrant  (Graney and 

Landis, 2013; Z. Wang et al., 2019). The variations of 206Pb/207Pb ratios reflect the 

differences in the decay rates of the parent 238U and 235U nuclides, and the differences in 

208Pb/206Pb ratios generally reflects variations of the ratios of the parent isotopes 232Th and 

238U (Graney and Landis, 2013). The Pb isotope signature of the U.S. coal fly ash has 

shown to be distinctive relative to both natural soil and major anthropogenic Pb sources 

(i.e., leaded gasoline and lead-based paint), and thus it has been suggested to be used for 

detecting the occurrence of coal ash in the environment (Z. Wang et al., 2019). 

Figure 22a shows the Pb isotope compositions of the experimental mixtures 

composed of a NC surface soil sample and an APP fly ash sample. Evidently, the surface 

soil sample we used for the experiment has a Pb isotopic signature that reflects the 

leaded gasoline and lead-based paint isotope composition, which is distinctly differ ent 

from that of the fly ash sample that is within the compositional field of APP fly ash 

(Figure 22a) (Z. Wang et al., 2019). The four soil -ash mixtures, however, shift from the Pb 

regression line of gasoline and paint and display a clear two-endmember mixing array 
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between the soil and fly ash samples (Table C3; Figure 22a). Despite some offsets from 

the mixing line, the experimental mixing results follow the expected mixing between the 

soil and fly ash samples and follow the Pb regression line of fly ash (Figure 22a). 

Therefore, we suggest that soil samples plotting along the Pb regression line of the APP 

fly ash likely indicate the possible presence of fly ash.  

The Pb isotope ratios (i.e., 208Pb/206Pb and 206Pb/207Pb) of the soil samples from 

Lake Norman and Claxton selected for point counting are presented in Tables C4 and C5 

and plotted in Figures 22a-b, respectively. In the case of Lake Norman, the Pb isotope 

composition of the local background soil was clearly outside the compositional field and 

away from the regression line of the APP fly ash, consistent with the results that no 

present of coal fly ash, as indicated by trace elements, Ra isotopes, and optical point 

counting data (Figure 22a; Table C4). The Pb isotope compositions of the analyzed soil 

samples were different from that of the soil background and largely foll owed the APP 

fly ash regression line, except for one sample, which had the lowest counted ash percent 

of 0.9% (Figure 22a; Table C4). Similarly, the Pb isotope compositions of most of the 

analyzed soil samples from Claxton in TN that have been shown evidence for fly ash 

presence, were different from the Pb isotope composition of the local background soil, 

and most of these soil samples plot along the regression line of the APP fly ash (Figure 

22b; Table C5). While the analyzed soil samples from Lake Norman showed some offset 
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from the compositional field of the APP fly ash ( Figure 22a), most of the analyzed 

Claxton soil samples have Pb isotope compositions that overlap with the APP fly ash 

compositional field with notably higher 206Pb/207Pb and lower 208Pb/206Pb ratios (Figure 

22b). In addition to the influence of coal fly ash, the systematic lower 208Pb/206Pb ratios 

observed in the Claxton soil samples are possibly due to greater proportion of parent 

nuclide 238U relative to 232Th in the TN soils as compared to NC soils, which is shown by 

the significantly higher U concentrations in the TN baseline soils (Table C2). Nonetheless, 

our data show that Pb isotopes can be a reliable indicator for the presence of coal fly ash 

in soils. 

 

Figure 22: Diagrams of Pb isotope composition ( 208Pb/206Pb vs. 206Pb/207Pb) of (a) 

selected Lake Norman, NC surface soil samples as well as soil -ash mixtures derived 

from the experimental mixing between an archived NC surface soil and an  APP fly 

ash sample, and (b) selected Claxton, TN surface soil samples.  Blue field represents 

the partial Pb isotope data compiled for leaded gasoline and lead -based paint in the 

U.S. (Wang et al., 2019) For context, grey field represents the Pb isotope data of the 

APP coal fly ash  (Wang et al., 2019). Blue dash line is the Pb regression line for 

gasoline and paint. Black dash line is the Pb regression line for the APP coal fly ash. 

Error bars that denote the analytical uncertainty 2SD (2 × standard deviati on) for 
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208Pb/206Pb (0.0013) and 206Pb/207Pb (0.0003) do not extend past the symbol boundaries, 

and thus are not shown.  

5.3.4 Integration and Implications 

The results from this study show that the coal ash index (CAI), which features 

the enrichment of As-Se-Mo-Sb-Tl in fly ash, could provide a first -order evaluation of 

the possible presence of coal fly ash in soils, with the potential to estimate the ash 

percent. However, our data show that using the CAI as a sole indicator could result in 

an overestimation of the fly ash contribution, particularly for low percentage of fly ash 

in soils (e.g., < 10%). Additionally, the ability to detect the presence of coal fly ash could 

be impeded by high concentrations of trace metals in the background soils and/or 

interference from trace metal contributions from other sources (Alloway, 2013; Steinnes 

and Friedland, 2011). When the compositions of background soil and fly ash end 

members are unknown, the sensitivity of the trace-elements method is further decreased. 

We therefore posit that sole reliance on trace elements is not sufficient to detect the 

presence of trace levels of coal fly ash in soils. Instead, adding additional isotopic tracers 

such as Ra and Pb isotopes can serve as a more robust tool for detecting even trace levels 

of fly ash in soils. Consequently, in order to enhance the detectability of fly ash in soils, 

we suggest the integration all of these geochemical tools, which collectively can help to 

avoid potential detection bias and provide a be tter constraint on the results. The 

geochemical and isotopic methods presented in this study present another set of tools 



 

119 

 

that can be used in concert with optical counting to detect the occurrence of coal fly ash 

and its associated contaminants in soils.  

The presence of fly ash in soils implies two major potential pathways of human 

exposure: inhalation and ingestion. Due to the fine particles that are typically within the 

respirable range (Zierold and Odoh, 2020), as well as the high abundances of toxic 

metals, fly ash poses concerning risks to human health, particularly for people working 

and living in communities near coal -fired power plants and coal ash disposal sites. For 

example, our data show that the Claxton soil samples with the highest counted ash 

percent (i.e., samples CCS-2, 3, 4; Table C5) were collected from a community park, 

which is commonly used for recreation by local residents. In spite of the relatively low 

concentrations of hazardous trace metals in the studied soil samples, which in most 

cases were below the guideline values recommended by the US EPA and other 

environmental agencies for hazardous trace metals in soils and dusts (Figures C8 and 

C9), the detection of fly ash on surface soil in these communities could also indicate 

possible occurrence of fly ash in the nearby house dust.  

Overall, in this study, we demonstrate the utility of using an integration of 

geochemical tools (i.e., trace elements, Ra and Pb isotopes) to detect trace levels of coal 

fly ash in surface soils collected from both recreational and residential areas near coal-

fired power plants. Our data show evidence for the occurrence of fly ash particles, likely 
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derived from fugitive emission from nearby coal power plants and deposition on the 

surrounding soils. Although we observed relatively only low levels of heavy metals in 

the impacted soils, these soils could further become a source of human exposure to 

certain heavy metals tracked into house dusts. This study focuses in developing reliable 

geochemical tools to identify low levels of coal fly ash in soils near coal plants, and yet 

future studies should investigate the time frame and mechanisms of fly ash deposition 

on surface soils. While fly ash emissions from coal-fired power plants in the U.S. were 

common before the installation of pollution control devices beginning1970s  (Grimley et 

al., 2021), the possibility of contin ued fugitive emission of fly ash particles from the Bull 

Run and Marshal Steam coal plants cannot be ruled out. It may be possible to determine 

the time frame of fly ash deposition on surface soils (i.e., legacy fly ash emissions versus 

recent fugitive emi ssion) through analysis of the abundance of 137Cs radionuclide in coal 

fly ash-containing soils. 137Cs was primarily derived from atmospheric nuclear weapons 

testing, whose deposition began in early 1950s and peaked in 1963 (He and Walling, 

1997). Coal fly ash co-occurring with elevated 137Cs in soils from stable and undisturbed 

landscapes would indicate fly ash accumulation from the pre -1970s emission legacy, 

whereas relatively low 137Cs would reflect more recent fly ash emission. Finally, while 

this study is focused on soils, the geochemical tools presented here can also be applied 

to detect the presence of coal ash solids in other environmental matrices, including 
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house dust and aquatic sediments. Future research should expand this study and 

investigate the occurrence of fly ash in house dust in homes located near coal plants and 

the human health risks associated with chronic exposure to dust particles containing 

trace levels of fly ash. 
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6. Legacy of Coal Combustion: Widespread 
Contamination of Lake Sediments and Implications for 
Chronic Risks to Aquatic Ecosystems 

(Reproduced with permission from Environmental Science & Technology, 2022, Volume 

56, Pages 14723-14733. Copyright 2022 American Chemical Society; Supplementary 

Information  in Appendix D) 

6.1 Introduction 

Coal combustion residuals (CCRs, or coal ash) are generated from burning coal 

for electricity and represent one of the largest industrial solid waste streams in the U.S. 

(US EPA, 2014a), representing a major anthropogenic impact on the environment. While 

a fraction of this coal ash is currently recycled for beneficial reuse, a significant amount 

(~ 50%) is disposed of in wet surface impoundments (i.e., coal ash ponds) and dry 

landfills  (US EPA, 2014a), many of which are adjacent to natural waterways used for 

turbine cooling in coal -fired power plants  (The Environmental Integrity Project (EIP), 

2016). Micrometer -sized coal ash particles contain elevated concentrations of hazardous 

metals and metalloids (e.g., Pb, Cr, Cd, Hg, As, Se, and Mo) that are easily leached into 

aquatic systems. For this reason, the release of coal ash to the environment, whether 

intentional or incidental, has raised serious public concerns about the potential risks 

posed to human and ecological health (Cowan et al., 2017, 2015; Deonarine et al., 2013; 

Harkness et al., 2016; Lemly, 2015; Ruhl et al., 2012, 2010, 2009; Vengosh et al., 2019). In 
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spite of coal being replaced by natural gas for power generation, environmental 

challenges posed by the accumulation of coal ash and its inadequate disposal over 

decades of coal combustion continue to persist (The Environmental Integrity Project 

(EIP), 2019). 

Lacustrine sediments are natural repositories for trace elements and, thus, serve 

as an important geologic archive for preserving the anthropogenic impacts over time  

(Carignan and Nriagu, 1985). Under this paradigm, bottom sediments in lakes and/or 

reservoirs adjacent to coal-fired power pla nts and coal ash disposal sites can record both 

chronic and acute impacts of coal combustion. For example, previous studies have 

shown that sediments in Lake Erie (USA) (Hatcher et al., 1992), Lake Wabamun and 

Grand Lake (Canada) (Donahue et al., 2006; Lalonde et al., 2011), and Lake Macquarie 

(Australia) (Schneider et al., 2014) contained elevated levels of As, Se, Co, Tl, Sb, and Cd, 

etc., most likely derived from nearby coal ash disposal sites. The southeastern U.S., in 

particular, has witnessed several catastrophic failures of disposal units resulting in 

large-scale coal ash releases into aquatic systems in 2008 and 2014 (Cowan et al., 2017, 

2015; Deonarine et al., 2013; Lemly, 2015; Ruhl et al., 2010, 2009), and a spill triggered by 

hurricane flooding in 2018 (Vengosh et al., 2019). Systematic monitoring of coal ash 

impacts were seriously lacking until the first national regulations on safe disposal of coal 

ash finalized by the U.S. Environmental Protection Agency (U.S. EPA) in 2015 (The 
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Environmental Integrity Project (EIP), 2019; US EPA, 2014b). 6ÏÐÓÌɯÛÏÐÚɯȿ"ÖÈÓɯ ÚÏɯ1ÜÓÌɀɯ

requires monitoring of water resources specifically  (US EPA, 2014b), the influences of 

coal ash particles on the quality of aquatic sediment and the potential ecological risks 

have been largely overlooked. The paucity of data on this front has consequently limited 

our understanding of the magnitude of coal ash contaminatio n in aquatic ecosystems. 

This study aims to fill the data gap by assessing both the spatial and temporal 

occurrences of coal ash within bottom sediments deposited over the history of five 

freshwater lakes distributed across the Piedmont and Coastal Plain of North Carolina 

(Figure 23). To this end, we adopt a holistic approach including optical and scanning 

electron microscopy, magnetic properties, trace element geochemistry, and strontium 

isotopes measurements. These lakes are man-made reservoirs, constructed primarily as a 

source of cooling water for the adjacent coal-fired power plants ( Appendix D  Table D1). 

They are surrounded by public parklands and high -value private residential properties 

and are important recreational and economic resources (i.e., fishing and boating) for 

nearby urban and suburban communities. Mountain Island Lake is used as a drinking 

water source for hundreds of thousands of residents around Charlotte, NC  (Bales et al., 

2001; Mountain Island Lake (MIL) Workgroup, 2005) . Water contamination from 

discharge of coal ash effluents (Ruhl et al., 2012) as well as their impacts on aquatic 

organisms (Brandt et al., 2017; Lemly, 2014; Lemly and Skorupa, 2012) have been 
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previously reported for a few of the lakes. Here, we hypothesize that bottom sediments 

of these lakes may preserve the legacy of undocumented historic coal ash releases from 

the associated coal-fired power plants.  

6.2 Materials and Methods 

6.2.1 Sample Collection and Processing 

Field sampling campaigns were launched between July 2020 and August 2021 to 

five reservoirs including Hyco Lake, Mayo Lake, Belews L ake, Mountain Island Lake, 

and Lake Sutton (Figure 23 and Table D1). A natural lake (Lake Waccamaw) in 

Columbus County, NC was also sampled as a reference for Lake Sutton (Brandt et al., 

2017; Vengosh et al., 2019). Sediment cores were retrieved from the depocenter of each 

lake using a gravity corer with a stainless-steel core nose and a plastic liner. Upon 

retrieval, sediment cores were maintained in a vertical orientation when returned to the 

laboratory and stored in refrigerator at 4°C prior to processing. Grab samples were 

collected at the sediment-water interface down to a depth of 10 cm using a stainless-steel 

Ekman box corer. Sediment cores were sliced at 1-cm intervals, oven-dried at 40°C, and 

ground using a ceramic mortar and pestle to pass through 200-mesh stainless-steel sieve 

for subsequent chronological, microscopic, chemical, and isotopic analyses. Separate 

sediment cores were sliced at 5-cm intervals for porewater extraction using centrifuge. 
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Extracted porewater samples were all filtered using 0.45-µm metal -free syringe filter and 

then acidified with HNO 3 for chemical analysis. 

6.2.2 Analytical Methods 

 Sediment chronology was achieved by measuring the activities of 226Ra, 210Pb, 

and 137Cs on a Canberra broad-energy germanium gamma detector (HPGe) at Duke 

University. Each measurement lasted for >168,000 seconds in order to minimize the 

uncertainty associated with photon counting statistics. Sample preparation and 

radionuclide measurements have been described in a previous study  (Z. Wang et al., 

2022b). Details regarding age-depth model and sedimentation rate ar e elaborated in Text 

D1. 

The morphology and percent of coal fly ash particles present in the sectioned 

sediment samples were identified and determined at 500× magnification using a Leica 

DMLP polarizing microscope equipped with a Swift model F automated po int counter 

at Appalachian State University. Details of sample preparation, counting procedures, 

and method reproducibility are presented in Text D2. The mass-normalized low field 

ÔÈÎÕÌÛÐÊɯÚÜÚÊÌ×ÛÐÉÐÓÐÛàɯȹϪLF, m3/kg) was measured on an MFK2A Kappabridge using an 

applied field of 200 A/m and frequency of 976 Hz at Montclair State University. Freeze -

dried bulk sediment was packed into size 4 gelatin capsules and the mass was recorded. 
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Major and trace elements were measured on a Thermo Fisher X-Series II 

inductively coupled plasma mass spectrometer (ICP-MS) at Duke University, using the 

sample digestion method described elsewhere (Vengosh et al., 2019). The accuracy and 

precision were assessed by measuring the U.S. Geological Survey (USGS) Cody Shale 

standard SCo-1 (n = 22) and the National Institute of Standards and Technology (NIST) 

Montana II soil standard 2711a (n = 14) (Dataset D3). Aliquots of digested solution were 

taken for the measurement of 87Sr/86Sr ratios on a Triton thermal ionization mass 

spectrometer (TIMS) at Duke University  (Z. Wang et al., 2020). Over the course of 

analysis, the mean 87Sr/86Sr value from repeated measurements of the NIST SRM 987 was 

0.710256 ± 0.000006 (1SD, n = 120). 

6.2.3 Calculations and Statistics 

Enrichment factor (EF) was calculated using the equation as below: 

EF = ([X]/[Al]sample)/([X]/[Al]background) ɬ Eq. (1) 

where [X] is the concentration of a metal or metalloid, and [Al] is the concentration of 

Al, which has been routinely used as a reference element as it is conservative and a 

major constituent of clay minerals  (Barbieri, 2016; Thomas et al., 1984). Additional 

details on EF are in Text D3. Risk quotient (RQ), was calculated as a first-order 

assessment tool for ecological risk by dividing the concentration of a metal(loid) 
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contaminant in the sediment by its corresponding sediment quality guideline va lue (US 

EPA, 2015a). 

Nonparametric analyses, including Spearman's rank correlation and Mann-

Whitney test, were performed in R (v 4.1.1) (R Core Team, 2021). 1ÏÖɯȹϤȺɯÙÌ×ÙÌÚÌÕÛs the 

correlation coefficient, and statistical significance is based on p value (p < 0.01 for 99% 

confidence interval and p < 0.05 for 95% confidence interval). 
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Figure 23: Map of sediment sampling stations in freshwater lakes ad jacent to coal-fired power plants across North 

Carolina.  Lake Waccamaw is a natural lake sampled as a reference for Lake Sutton. Up and down denote upstream and 

downstream relative to coal ash pond, respectively. Sediment cores retrieved from the downstre am station was selected for 

chronological analysis (i.e., HYC -1, HYC-2, MYO-6, BEL-2, MIL -3, and SUT-3). Analyzed upstream cores are HYC-5, MYO-1, BEL-

3, and MIL -5. 
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6.3 Results and Discussion 

6.3.1 Chronology of Sediment Cores 

The unsupported 210Pb (i.e., 210Pbex) activity variations with depth in six sediment 

cores (i.e., HYC-1, HYC-2, MYO-6, BEL-2, MIL-3, and SUT-3; Figure 23) exhibited a 

downcore decay profile (Figures D1-D2), providing the basis for calculating the 

sediment ages, using the constant flux constant sedimentation (CFCS) model (Figure D3 

and Dataset D1) (Goldberg, 1963; Krishnaswamy et al., 1971). The 210Pb-dating results 

were independently verified by both the man -made radionuclide 137Cs with a distinctive 

activity peak in ca. 1964 from nuclear weapon testing fallout  (Krishnaswamy et al., 1971) 

and/or via the depth of sediment lithology changes, marking the transition from pre -

impoundment surface to lacustrine sedi ments. Cores weredated back to ~ 1964 for HYC-

1 and HYC-2, ~ 1981 for MYO-6, ~ 1971 for BEL-2, ~ 1957 for MIL-3, and ~ 1972 for SUT-3 

(Figure D3 and Dataset D1). Additional details on chronology and sedimentation rate 

are described in Text D1. 

6.3.2 Morphological and Magnetic Evidence for Coal Ash 
Contamination in Lake Sediments 

Due to high temperature combustion, coal ash is mainly composed of inorganic 

particles with distinctive spherical and amorphous morphologies  (Fisher et al., 1978; 

Hower, 2012; Vassilev et al., 2004, 2003), which are identified using optical micro scopy 

and easily distinguished from naturally occurring sediment (Figures D4-D5). We 
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detected coal ash particles in nearly all of the surface sediments (up to 10-cm deep) from 

all five lakes, ranging from 0.7 to 17.8% of the total sediment particles. Among all five 

lakes, the highest percentage was found in the surface sediment from Mayo Station 2 

(MYO-2), located downstream from coal ash pond. Relatively lower percentages of coal 

ash were detected in the upstream surface sediments from Mayo Lake and Belews Lake 

(Figure D6). Conversely, the one upstream surface sediment (MIL-5) in Mountain Island 

Lake, located within 2 km of the coal ash pond, had a coal ash percent comparable to the 

two nearest downstream surface sediments (MIL-3 and MIL -4). The coal ash percent in 

surface sediments of Lake Sutton did not exhibit a trend with distance from coal ash 

pond (Figure D6). 

The total coal ash percent in the lacustrine sediments of Hyco Lake cores HYC-1 

and HYC-2 ranged between 4.4 and 17% and from 2 to 12.7%, respectively. In contrast, 

no ash particles were present below the depth of the pre-impound ment surface (Figure 

24 and Dataset D2). In Mayo Lake, the total ash in the lacustrine interval of core MYO-6 

(i.e., upper 13 cm) varied between 2.7 and 9.7%. Interestingly, coal ash particles were 

also counted (4.7 ɬ 9.7%) below the pre-impoundment surfac e (> 13-cm deep), indicating 

that coal ash was present in the stream drainage basin before the construction of Mayo 

Lake and the operation of Mayo Plant in the early 1980s (Dataset D2). Scanning electron 

photomicrographs (SEM) show that coal ash particles in the pre-impoundment interval 
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were morphologically distinctive from those in the lacustrine sediments, with the former 

being coarse amorphous particles with a minor fraction of spheres and the latter 

composed of a mix of small spheres with amorphous part icles (Text D4 and Figure D7). 

In Belews Lake core BEL-2, the total percent of ash was in the range of 1.3 and 5.7%, 

lower than that in Mountain Island Lake core MIL -3 (1 ɬ 10.7%) and Lake Sutton core 

SUT-3 (2.3 ɬ 8.3%). The presence of coal ash throughout the core from Lake Sutton 

suggests that coal ash has been released to the lake continuously ever since its 

construction in 1972 and continuing after 2013, when coal was replaced with natural gas 

at the Sutton Plant (Dataset D2 and Table D1). Similarly, continuous coal ash release was 

recorded in Mountain Island Lake sediments from the base to the top of the core, in spite 

of the retirement of Riverbend Steam Station in 2013 (Dataset D2 and Table D1). 

Compared to the downstream cores, a lower percentage yet consistent amount of coal 

ash was detected in upstream cores (i.e., HYC-5, MYO-1, and MIL-5) (Dataset D2), 

reflecting the ubiquitous presence of coal ash. 

+ÖÞɯÍÐÌÓËɯÔÈÎÕÌÛÐÊɯÚÜÚÊÌ×ÛÐÉÐÓÐÛàɯȹϪLF) measured in sediments were found to be 

positively correlated  with total counted coal ash percent (e.g., R2 = 0.84, p = 0.03 for Hyco 

Lake surface sediments; Figure 24). This is consistent with previous findings that coal 

ash is distinguishable from natural watershed sediments due to the presence of 

magnetite and maghemite ferrospheres (Cowan et al., 2017, 2015, 2013; Grimley et al., 
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2021). The downcore profiles of coal ash percent and magnetic susceptibility in core 

HYC-1 were largely consistent (R2 = 0.76, p = 1.6 × 10-9; Figure 24). Similarly, positive 

correlations between coal ash percent and magnetic susceptibility were also observed for 

surface sediments and sediment cores from the other lakes (Dataset D2 and Figure D8). 

However, watershed and bedrock geology with high rock magnetism (e.g., diabase 

dikes) could contribute natu rally magnetic minerals to lake sediments that may render 

the magnetic signal of coal ash less sensitive (Cowan et al., 2017), particularly when coal 

ash content is relatively low.  

Three phases of coal ash release can be identified throughout the history of Hyco 

Lake (Figure 24), corresponding to the changes of environmental regulations and coal 

ash disposal. The 1st phase was between 1960s and 1970s when the strongest physical 

signal (i.e., ash count and magnetism) of coal ash was detected in the sediments. This 

was prior to the enactment of the Clean Air Act (CAA)  (US EPA, 2015b). Coal ash 

detected in sediments during this period was mainly characterized by coarse amorphous 

particles with strong magnetism (Fi gure D9), likely indicating that finer spherical 

particles with weak magnetism may have been emitted to the atmosphere rather than 

being stored near the plant. The 2nd phase was from late 1970s to mid-1990s, during 

which the amount of coal ash decreased. This is likely due to storage of coal ash in 

ponds near the plants in accordance with the requirements of the CAA. Coal ash found 
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in sediment during this period had smaller spherical morphologies with lower magnetic 

susceptibility (Figure D9), due to the dilution by more weakly magnetic ash 

morphologies. The 3rd phase was from mid -1990s to the present when coal ash releases 

decreased (Figure 24), which can be attributed to the change in coal ash disposal from 

wet surface impoundments to dry landfills  (Lemly and Skorupa, 2012). 

 

Figure 24: Physical characteristics (i.e., coal ash count and magnetic 

susceptibility) of coal ash in sediments of Hyco Lake.  Coal ash percent in surface 

sediments versus distance from coal ash pond (upper left). Coal ash percent in surface 

sediments versus low field magnetic susceptibility (upper right). Downcore profiles 
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of coal ash percent (lower left) and magnetic susceptibil ity (lower right) in core HYC -

1 retrieved from Hyco Station 1.  

6.3.3 Trace Element and Strontium Isotopic Evidence for Coal Ash 
Contamination in Lake Sediments 

Trace element compositions of lacustrine sediments were significantly different 

from that of pre-impoundment intervals ( p < 0.01) for cores HYC-1, HYC-2, MYO-6, 

BEL-2, and SUT-3, and for core MIL-3 between the post-1957 and pre-1957 intervals 

(Dataset D3 and Figures D10-D15). Arsenic, Se, Mo, Cd, Sb, and Tl, which we designated 

as Group 1, exhibited negative correlations with Al and Fe along the cores (p < 0.001 for 

all except for As and Se). The Group 1 elements have been shown to be distinctively 

enriched in coal ash relative to naturally occurring sediments and soils  (Belzile and 

Chen, 2017; Filella et al., 2002; Smedley and Kinniburgh, 2017, 2002; Z. Wang et al., 

2021), and thus their synchronous enrichment within the cores refle cts coal ash input. In 

contrast, the variations of V, Cr, Co, Ni, Cu, Zn, Pb, Th, and U, designated as Group 2, 

were positively correlated with that of Al and Fe within the core ( p < 0.05), largely 

reflecting their correspondence to the natural fluctuation s in clay content of sediments 

(Çevik et al., 2008). Copper and Zn in cores HYC-1 and HYC-2, V and Pb in core BEL-2, 

Cu in core SUT-3, however, exhibited different profiles than Al and Fe, likely suggesting 

their input from anthropogenic sources othe r than coal ash (Figures D10-D15). 

The surface sediments showed a spatial trend where downstream sediments had 

higher trace elements concentrations, particularly for the Group 1 elements, than the 
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corresponding upstream sediments (e.g., Figure 25 and Figure D16 for Hyco Lake). 

Similar trends were also observed for the surface sediments collected from Mayo Lake, 

Belews Lake, and Mountain Island Lake, except that many of the Group 2 elements in the 

upstream sediment in Belews Lake were higher than in the two downstream sediments 

(Figures D17-D19). In Lake Sutton, the concentrations of trace elements were higher with 

increasing distance from the coal ash pond for the Sutton Plant, and all the trace element 

concentrations in the surface sediments were significantly higher than the respective 

concentrations in the surface sediment collected from Lake Waccamaw, except for Cd, 

Zn, and Pb (Figure D20). 

Enrichment factors (EFs) were calculated for each core based on Eq. (1) by 

referring to the upstream sediments (Text D3). Consistent among all five lakes, the Group 

1 elements had higher median EFs compared to the Group 2 elements in most of the 

cores (Dataset D4). Extremely high Cu (median EF = 30.8) was observed in core SUT-3, 

likely associated with the historic use of copper sulfate for treating algae blooms at 

Sutton Lake (Mallin et al., 1994). The cumulative EFs of the Group 1 elements (i.e., 

EF1_cum) and Group 2 elements (i.e., EF2_cum) are shown in Dataset D4 and Figure 

D21. The EF1_cum in HYC-1 and HYC-2 ranged from 7.5 to 31 and from 7.3 to 48, 

respectively. While the highest coal ash percentage and strongest magnetic susceptibility 

was identified in Hyco Lake during the 1st phase (i.e., 1960s ɬ 1970s) (Figure 24 and 
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Figure D9), the strongest chemical signal (i.e., the highest EF1_cum) was observed in 

sediments deposited during the 2nd phase, between late 1970s and mid-1990s. 

Following the switch of disposal from coal ash pond to dry landfills in early 1990s  

(Lemly and Skorupa, 2012), the trace element enrichment notably decreased and yet 

continued to show contamination up to the present ( Figure 25 and Figure D21). 

As shown in Dataset D4 and Figure D21, enrichment of both groups of trace 

elements in core MYO-6 peaked between 2005 and 2006, corresponding to documented 

pollution in Mayo Lake during that time  (Lemly and Skorupa, 2012). The EF1_cum 

ranged between 11 and 51 in core BEL-2 and peaked between the 1970s and mid -1980s. 

Belews Lake experienced severe Se contamination from discharge of coal ash effluents 

prior to 1986, after which the plant changed from wet surface impoundment to dry 

landfills  (Lemly, 1997, 1985; Lemly and Skorupa, 2012). In core MIL -3, sediments 

deposited since 1957 showed a significantly higher EF1_cum than earlier sediments, 

which chronologically corresponds to the construction of coal ash basin for the nearby 

coal-fired power plant in 1957  (Street, 2017). In Sutton Lake, the EF1_cum of sediments 

in core SUT-3 was between 13 and 120, reflecting a constant enrichment of the Group 1 

elements from the beginning of the lake impoundment in 1972 to the present. While 

upstream cores were used as a reference for the EF calculation, they still showed much 

larger variations of the Group 1 elements (e.g., the CV% of Sb was up to 90% in core BEL-
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3), significantly greater than that of Al and Fe and most of the Group 2 elements (Dataset 

D3), implying that the impact of coal ash in these lakes is pervasive. This is consistent 

with the detection of coal ash particles in these upstream cores (Dataset D2). 

The 87Sr/86Sr variations in the bulk sediments of core HYC-1 largely corresponded 

to the variations of the Group 1 elements along the core (Figure 25). Coal-fired power 

plants in North Carolina dominantly burn coals sourced from the Appalachian Coal 

Basin (Ruhl et al., 2012). Correspondingly, a clear mixing relationship was observed 

between the more radiogenic (i.e., higher 87Sr/86Sr ratios) Appalachian fly ash (0.7115 ɬ 

0.7141) (Z. Wang et al., 2020) and the less radiogenic reference sediments (i.e., 0.7095 for 

Hyco Lake and 0.7102 for Mayo Lake). In contrast, the 87Sr/86Sr ratio of the reference 

sediment in Belews Lake was 0.7246, much higher than that of Appalachian fly ash (Z. 

Wang et al., 2020). Consistently, the lowest 87Sr/86Sr ratios found in sediments deposited 

between 1970s and 1980s in core BEL-2 of Belews Lake was associated with the peak of 

trace element enrichment (Dataset D3 and Figure D22). The 87Sr/86Sr ratios of core SUT-3 

was encompassed by the range of Appalachian fly ash (Figure D22), which confirms that 

coal ash contamination in Lake Sutton sediments occurs across the entire lake and 

throughout the lake history. In Mountain Island Lake, the 87Sr/86Sr ratios in the more 

recently deposited sediment interval (i.e., since 2010) of core MIL-3 fell within the 

compositional range of Appalachian fly ash, despite that the trace element enrichment 
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was lower than the sediments deposited between 1970s and 2000s, whose 87Sr/86Sr ratios 

were much higher than the Appalachian coal fly ash (Figure D22), implying the use of a 

different source of coal during this period.  

 

Figure 25: Chemical characteristics (i.e., trace elements and Sr isotopes) of coal 

ash in sediments of Hyco Lake.  Concentrations of the Group 1 elements in surface 

sediments relative to the distance from the coal ash pond (upper panel). Downcore 

profiles of concentration of the Group 1 elements and 87Sr/86Sr ratios in sediment core 

HYC-1 retrieved from Hyco Station 1 (lower panel).  

6.3.4 Mechanisms for Coal Ash Release into Lake Sediments 

Coal ash is known to have an inherent compositional and morphological 

heterogeneity (Fisher et al., 1978; Hower et al., 1999). Volatile elements (i.e., Group 1 
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elements and Pb) are selectively enriched in fly ash relative to bottom ash (Clarke, 1993). 

Furthermore, small spheres crystallized from vaporizing and condensing  phases during 

combustion tend to enrich volatile elements, as opposed to amorphous particles derived 

from direct decomposition and recrystallization of coal minerals  (Clarke, 1993; Vassilev 

et al., 2003). We conducted experimental mixing between bulk fly ash and fresh 

sediment (see details in Text D5) that demonstrated the presence of coal ash in 

sediments is determined equally by its physical and chemical signals (Tables D2-D3). 

This contrasts with the field data of this study, where the storage of coal ash in ponds 

caused a reduction of its physical occurrence in the sediments (Figure 24), whereas the 

chemical signals became more pronounced (Figure 25), which suggests different 

mechanisms for coal ash release. 

By comparing the mean annual stream discharge records from the USGS 

database on waterflow levels in each of the lakes over the operating period of the nearby 

coal-fired power plants  (United States Geological Survey (USGS), n.d.), we show that 

during periods of high average streamflow and thus high precipitation, a relatively hig h 

percentage of coal ash was correspondingly observed in the lake sediments (Figure 26). 

This indicates that stormwater runoff could have entrained ash particles from the 

storage ponds, particularly those located on floodplains, thus transporting coal ash 

solids directly into lakes. Extreme weather events such as hurricanes can cause massive 
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coal ash releases via this pathway, as demonstrated by spill in Lake Sutton after the 

landfall of category 4 Hurricane Florence in 2018 (Vengosh et al., 2019). Thus, the 

episodic spills associated with stormwater runoff and/or flooding of ash storage ponds 

during intense rainfall events could be one of the mechanisms to account for the 

occurrence of coal ash in the lake sediments. This is reasonable as North Carolina is 

vulnerable to hurricanes who se impacts can be long-lasting. Given that the probability 

for extreme weather events and urban flooding is predicted to increase due to 

intensifying global warming and climate change  (Kirchmeier -Young and Zhang, 2020), it 

is likely that coal ash disposal units, particularly those on floodpl ains, will experience 

more frequent intense flooding, which will result in increasing releases of coal ash and 

associated contaminants in the future. 

The second mechanism for coal ash release is the continuous direct discharge of 

coal ash effluents from storage ponds. The accumulation of contaminants from coal ash 

effluents in lake bottom sediment was suggested to be via adsorption onto suspended 

matter in the lake water column, which could be subsequently mobilized to the aqueous 

phase during periods of th ermal water stratification and reducing conditions  (Ruhl et 

al., 2012). However, this could hardly explain the significant enrichment of trace 

elements in the sediments (Figure 25). Therefore, it is likely t hat fine-grained particles 

that are highly enriched in the Group 1 elements are directly transported in effluents 
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released from coal ash ponds and discharged directly into the adjacent lake. A previous 

study has shown that light -weight cenospheres were floating in ash ponds that 

contributed to the total suspended solids and total trace element concentrations in the 

effluents (Chu et al., 1978). This could explain the presence of coal ash in sediments also 

during low stream discharge periods ( Figure 26). The National Pollution Discharge 

Elimination System (NPDES) Program established by the Clean Water Act (CWA) 

permitted effluent discharge as part of regular coal -fired power plant operation  (US 

EPA, 2015c), which could result in a chronic contribution of coal ash solids to lake 

sediments. 

The third probable mechanism is the (re)deposition of airborne ash particles in 

the lake watershed, which later are transported and accumulated in the lake sediments. 

Fugitive emission of coal ash particles from coal-fired power plants and associated coal 

ash disposal sites has been shown to be responsible for the presence of coal ash in the 

surrounding soils  (Mueller et al., 2013; Raja et al., 2015; Z. Wang et al., 2021). Thus, it is 

likely that some of the coal ash particles observed in the lake sediments is of airborne 

origin, deposited within the watershed, and then redeposited to the lake over time  

(Grimley et al ., 2021). Our observations of the presence of low percentage of coal ash 

particles in the upstream sediments may indicate their airborne origin given that they 

located relatively far from the coal -fired power plant. However, the chemical signals 
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were generally low compared to the downstream sediments that were much influenced 

by the first two mechanisms. It is also possible that coal ash present in the pre-

impoundment intervals of Mayo Lake core MYO -6 was derived from land application of 

coal ash used as soil amendments prior to the construction of the lake  (Basu et al., 2009). 

Overall, our data show that w hile the percent of coal ash were mostly low (< 10% of total 

sediment volume), the enrichment of toxic trace elements within sediment was much 

more prominent, implying that the contamina tion caused by even a small percent of coal 

ash could be impactful and would result in elevated concentration of toxic elements in 

the sediments. 
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Figure 26: Comparison of coal ash content (%) and annual mean discharge 

(cubic feet  per second) recorded at USGS gaging stations near each lake. The gaging 

station number is 02077200 for Hyco, 02077670 for Mayo, 02071000 for Belews, 

02142900 for Mountain Island, and 02105769 for Sutton. HYC -1 and HYC-2 denote 

Hyco Station 1 and Hyco Sta tion 2, respectively. MYO -6 denotes Mayo Station 6, BEL-

2 is Belews Station 2, MIL -3 is Mountain Island Lake Station 3, and SUT -3 is Lake 

Sutton Station 3.  

6.3.5 Chronic Ecological Risks to Aquatic Ecosystems 

The chemical composition of lake sediments plays an important role in the 

overall ecological health of sediment-dwelling organisms (e.g., benthic invertebrates), 

which could further influence the health of fish and wildlife that feed on them and the 
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overall aquatic ecosystem (MacDonald et al., 2000). We used the freshwater sediment 

quality guideline values (i.e., lowest effect level, LEL and threshold effect concentration, 

TEC based on availability) for As, Se, Mo, Sb, Cd, V, Cr, Ni, Cu, Zn, and Pb and the 

ecological screening value in soil for Tl (Table D4) (Bagherifam et al., 2019; MacDonald 

et al., 2000; Thompson et al., 2005). Figure 27 illustrates the heat map of the mean 

decadal RQs for the Group 1 elements, which we have shown are highly enriched in the 

sediments of all five lakes. Arsenic, Se, Sb, Mo, and Tl appeared to pose greater long-

term ecological risks than Cd throughout most of the lake history. Due to the persistent 

nature of these contaminants in the environment, As and Se were above the moderate 

risk level (i.e., 1 < RQ < 10) in all five lakes, as were Mo, Sb, and Tl for Mayo Lake, Sb 

and Tl for Lake Sutton, and Tl for Belews Lake. The highest chronic ecological risk (RQ > 

10) was posed by Se in Hyco Lake between 1970 and 1990, in Lake Sutton from 1980 

until the present, and in Belews Lake prior to 1980 (Figure 27). These three lakes were 

documented as having severe Se contamination and fish poisoning both historically and 

recently (Lemly, 2014, 1985; Lemly and Skorupa, 2012; Rowe et al., 2002). Additionally, 

V, Cr, Ni, and Cu all seem to pose moderate long-term risks with RQ between 1 and 10 

in the lake sediments throughout the history of the lakes (Figure D23). 
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Figure 27: Heat map of decadal average risk quotient (RQ) values for the 

Group 1 elements in the six dated sediment cores from all the five lakes.  LEL denotes 

lowest effect level, TEC denotes threshold effect concentration, ER -L denotes effects 

range low, and ESVS denotes ecological screening value for soil, all of which are in 

mg/kg and represent the contaminant concentrations below which no adverse  

ecological effects are expected. 

Contaminants that are soluble in water are even of greater concern due to their 

higher bioavailability  (Eggleton and Thomas, 2004). The ecological risks of trace 

elements in sediment porewater were assessed by referring to the U.S. EPA chronic 

criterion concentration (CCC) values for freshwater aquatic life for As, Se, Cd, Ni, Cu, 

Zn, and Pb (US EPA, 2015d), the Canadian Environmental Quality Guidelines (CEQGs) 

for the protection of freshwater aquatic life for Mo and Tl  (Canadian Council of 

Ministers of the Environment (CCME), 2019), and the toxicity reference value (TRV) for 

Sb (Bagherifam et al., 2019) (Table D5). Core SUT-5 had highest trace element 

concentrations in the extracted porewater among all five lake cores, while core BEL-2 

porewater had the highest concentrations of Se and Mo (Dataset D5). For the Group 1 
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elements, Core SUT-5 porewater had Cd exceeding its respective CCC value (0.72 µg/L) 

by up to four times and Tl above its CEQG value of 0.8 µg/L by up to 10-fold, whereas 

no exceeding concentration was observed for Se, Mo, Sb, and As relative to their CCC 

values, except for porewater extracted at depths 25 - 30 cm having As concentration up 

to ~200 µg/L (Figure D24). Given that all the contaminant criteria were determined by 

toxicity assessment with the presence of single contaminant, the co-occurrence of 

multiple contaminants as shown in this study (e.g., Cd, Tl, Ni, Zn, and Cu in SUT-5; 

Figure D25) likely implies higher collective ecological risks, even with below -threshold 

concentrations of the individual contaminants.  

The mobilization of oxyanion elements (i.e., As, Se, Mo, and Sb) from the hosting 

sediments to porewater was different from that of cationic elements (i.e., Ni, Cu, Zn, and 

Pb) (Figures D24-D29). A clear downward diffusion and migration was observed for 

oxyanion elements (i.e., As, Mo, and Sb) along the core, as evidenced by their broader 

peaks in porewater compared to the sharp peaks within sediments (Figures D24-D29). 

The occurrence of these oxyanions in porewater is consistent with their higher 

leachability under anoxic conditions  (Azcue et al., 1994; Brown et al., 2000; Nikolaidis et 

al., 2004; X. Wang et al., 2022), which prevail in these lakes (Ruhl et al., 2012), inferring a 

greater bioavailable potential. In addition, the higher toxicity of soluble species such as 

As(III)  (Nikol aidis et al., 2004; Smedley and Kinniburgh, 2002) and Sb(III) (Chen et al., 
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2003; Filella et al., 2002) under anoxic conditions could pose greater risks to aquatic 

organisms. While Se, Cd, and Zn tend to be less mobile under reducing conditions 

(Schwartz et al., 2016; X. Wang et al., 2022; Zoumis et al., 2001), they also exhibited some 

mobili zation into the aquatic phase (Figures D24-D29), likely due to their high 

concentrations in the hosting sediments. By dividing the concentration of contaminant in 

porewater by that in hosting sediment (i.e., potential release coefficient, PRC), we show 

that the PRC of As was largely one order of magnitude higher than that of Se (Figures 

D24-D29), corresponding to their differential leachability under anoxic conditions  

(Schwartz et al., 2016; X. Wang et al., 2022). Overall, our d ata indicate that although coal 

ash is buried in the bottom sediments, toxic trace elements are mobilized into ambient 

porewater and thus can become available for biological uptake. 

6.4 Broader Environmental Implications 

While previous research has evaluated the environmental impacts of 

contaminants derived from the discharge of coal ash effluents (Ruhl et al., 2012), and 

leaking of coal ash ponds (Harkness et al., 2016; The Environmental Integrity Project 

(EIP), 2019), this study shows that coal ash solids have been continuously released into 

nearby lakes that are used for recreational activities and even as a drinking water source. 

North Carolina has 14 coal-fired power plants (both active and retired) and over 30 coal 

ash impoundments  (North Carolina Department of Environmental Quality (NC DEQ), 
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n.d.), which means that the presence of coal ash solids in aquatic sediments is likely 

ubiquitous across the state. Based on the mean coal ash percent within sediment cores, 

mean sediment density, and mean sediment thickness, we made a first order estimate of 

the mass of coal ash present in the bottom sediment within the depocenter of each lake. 

The highest amount of coal ash was estimated for Hyco Lake (0.15 ɬ 0.22 Mt), followed 

by Mountain Island Lake (0.14 ɬ 0.21 Mt), Belews Lake (0.10 ɬ 0.15 Mt), Mayo Lake (0.08 

ɬ 0.12 Mt), and Lake Sutton (0.05 ɬ 0.07 Mt) (see details in Table D6). Further constraints 

on this estimate can be achieved by a more systemic core sampling to better represent 

the shape of the lake depocenter (Juracek, 2006). With the exception of Lake Sutton, 

these lakes are open systems and hydrologically connected to the downstream riverine 

systems. Thus, it is likely that small spherical ash particles were spread beyond the local 

lacustrine systems and further to the downstream riverine systems (i.e., via flow releases 

through dams).  

There are hundreds of coal ash ponds and landfills across the U.S. (Figure D30) 

and many of them are located near natural waterways  (The Environmental Integ rity 

Project (EIP), 2016). Given that these coal ash disposal units are known to constantly 

discharge coal ash effluents into adjacent public waterways (The Environmental 

Integrity Project (EIP), 2016) and are vulnerable to high stream flow and/or flooding if 

located on floodplains, the unmo nitored historic releases of coal ash as shown in this 
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study for North Carolina are likely to occur nationwide. The magnitude of coal ash 

contamination in lake sediments decreased upon the switch from coal ash ponds to dry 

landfills  (Lemly and Skorupa, 2012) as shown in Belews Lake and Hyco Lake (Figure 

D21), likely associated with the reduction of direct effluent discharges. Nonetheless, 

considering the increasing trend of extreme precipitat ion due to anthropogenic climate 

change (Kirchmeier -Young and Zhang, 2020), the possibility of coal ash spills induced 

by stormwater flooding is likely to increase.  

Moreover, the mobilization of coal ash contaminants in anoxic lake sediments 

suggests that buried coal ash in landfill sites could be chemically mobile and has the 

potential to release contaminants. Although these landfills are typically capped with 

geosynthetic materials with low permeability and contoured to prevent infiltration of 

surface water, many are located in low lying ar eas that extend beneath the water table 

and therefore continue to contaminate the underlying groundwater systems  (The 

Environmental Integrity Project (EIP), 2019). Similarly, the closed coal ash ponds with 

the cover of vegetation and geosynthetic materials are also posing risks. The redox 

conditions in these closed systems would likely induce mobilization of oxyanion 

contaminants such as As, Mo, and Sb into the porewater and thus contaminate the 

underlying groundwater. This assessment is in agreement with a recent study showing 
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the mobilization of As and Se in a closed surface impoundment and selective release of 

As relative to limited Se mobilization under anoxic conditions  (X. Wang et al., 2022). 

Overall, the findings of this study highlight the legacy of inadequate coal ash 

storage, its vulnerability to extreme weather conditions, and its chronic risks to aquatic 

ecosystems. The specific ecological impacts on aquatic biota of these lakes warrant a 

detailed evaluation. While this study focuses on North Carolina, we assert that the 

magnitude of sediment contamination by coal ash and its consequential ecological risks 

are much more prevalent than previously realize d, suggesting a problem of a national or 

global scale. Therefore, future studies should investigate the occurrences of coal ash 

contaminants in similar aquatic systems in other regions of the U.S. and in countries 

heavily dependent on coal such as China and India.  
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7. Isotopic Signatures and Fluxes of Lead (Pb) from Coal 
Fly Ash Disposal in China, India, and the United States 

(Supplementary Information  in Appendix E) 

7.1 Introduction 

Lead (Pb) is a globally recognized toxic metal, and exposure to Pb can induce 

adverse effects on both ecological and human health. Human activities have greatly 

ÈÓÛÌÙÌËɯÛÏÌɯÉÐÖÎÌÖÊÏÌÔÐÊÈÓɯÊàÊÓÌɯÖÍɯ/ÉɯÈÛɯÛÏÌɯ$ÈÙÛÏɀÚɯÚÜÙÍÈÊÌɯ(Klee and Graedel, 2004; 

Rauch and Pacyna, 2009). For instance, it was estimated that anthropogenic sources of 

Pb account for nearly 60% of the total natural Pb fluxes (Sen and Peucker-Ehrenbrink, 

2012). While the human production, consumption, and release of Pb has proceeded for 

thousands of years (i.e., silver ore mining), combustion of leaded gasoline, along with 

non-ferrous metal smelting, coal burning, and waste incineration have dominated the 

emission of anthropogenic Pb to the environment in recent history (Pacyna and Pacyna, 

2001; Reuer and Weiss, 2002; Shotyk and Le Roux, 2005). Among various anthropogenic 

sources, coal combustion plays an important role in influencing the Pb flux and its 

biogeochemical cycling in the environment, particularly since the worldwide phasing 

out of leaded gasoline (Rauch and Pacyna, 2009; Sen and Peucker-Ehrenbrink, 2012). For 

instance, coal combustion has been the largest emitter of Pb to the atmosphere in China 
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since nationwide phase-out of leaded gasoline in 2000, contributing to over 50% of the 

total anthropogenic Pb budget (Q. Li et al., 2012). 

Coal ash generally refers to the solid waste products generated from coal 

combustion for electricity, which is primarily composed of fly ash, bottom ash, boiler 

slag, and flue gas desulfurization products (US EPA, 2014a). Despite the increasing 

recycling of coal ash for both industrial and agricultural uses in recent years (Basu et al., 

2009; Luo et al., 2021; Yao et al., 2015; Yousuf et al., 2020), a significant proportion  has 

been disposed of in the environment, mainly via surface impoundments and landfills. 

The impacts of coal ash on the environment have been demonstrated by catastrophic 

accidents, such as coal ash spills from the Tennessee Valley Authority (TVA) in Kingston, 

Tennessee in 2008 (Bartov et al., 2013; Deonarine et al., 2013; Liu et al., 2013; Ruhl et al., 

2010, 2009), and Duke Energy in Eden, North Carolina in 2014 (Lemly, 2015; Yang et al., 

2015). Chronic release of coal ash contaminants to the environment could also have 

adverse effects, as shown by the leaking of effluents from surface impoundments and 

landfills and discharge of coal ash effluents into aquatic ecosystems (Deonarine et al., 

2015; Harkness et al., 2016; Ruhl et al., 2012; Vengosh et al., 2019; Z. Wang et al., 2022a). 

An increasing frequency of extreme weather events (e.g., hurricanes) and their 

devastating aftermath (e.g., flooding) increases the potential ecological and human 
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health risks posed by the release of coal ash contaminants (Deonarine et al., 2023; Z. 

Wang et al., 2022a).  

One of the greatest environmental and human health concerns about disposed 

coal ash stems from its enrichment of many toxic trace elements (e.g., Hg, Pb, As, Se, Cd) 

during coal combustion and their potential leachability and mobilization (Deonarine et 

al., 2023; Ruhl et al., 2012; Twardowska et al., 2003). Among all the trace elements in coal, 

Pb is categorized as a semi-volatile element and tends to be bound to fine particulates 

and transported with flue gas , and eventually, Pb is enriched in fly ash through 

condensation of volatiles (Córdoba et al., 2012; Querol et al., 1996, 1995; Swanson et al., 

2013; Xu et al., 2004). Modern coal-fired power plants are typically equipped with high -

efficiency air pollution control devices (APCDs), such as cold -side electrostatic 

precipitators (ESP), fabric filters (FF), and wet flue gas desulphurization (WFGD) 

systems, which have markedly reduced the emission of Pb and other toxic elements to 

the atmosphere (Bai et al., 2023; X. Li et al., 2019; Meij and te Winkel, 2009; Wu et al., 

2019; Xu et al., 2004). However, such a decrease in Pb emission with improved efficiency 

of APCDs can be expected to lead to an increase of Pb in coal fly ash. Considering the 

large portion of coal fly ash disposed of in the environment, the amount of Pb associated 

with it would be significant. Despite the extensive studies on the inventory of Pb 

emissions to the atmosphere from coal-fired power plants (Chen et al., 2021; X. Li et al., 
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2019; Pacyna et al., 2009; Tian et al., 2012, 2014), the flux of Pb associated with coal fly 

ash disposal has not been fully quantified. This is of great importance because many of 

the coal ash disposal units have continued to release coal ash and associated toxic metals 

including Pb into the environment (Harkness et al., 2016; Vengosh et al., 2019; Wang et 

al., 2022; references therein). 

Variations in Pb isotopic composition (e.g., 206Pb/207Pb and 208Pb/206Pb) can 

provide valuable insights into the sources and cycling of Pb in the environment 

(Komárek et al., 2008; Reuer and Weiss, 2002; references therein). In general, different 

geological reservoirs of different formation ages may have distinct Pb isotope 

compositions, which also depend on their initial Pb content and parent/daughter 

radionuclide ratios (i.e., U/Pb and Th/Pb ratios) (Faure, 1986; Long, 1999). Previous 

studies have investigated the Pb isotopic signatures of coals of different origins (Bi et al., 

2017; Chow and Earl, 1972; Díaz-Somoano et al., 2009, 2007; Farmer et al., 1999), and to a 

less extent, several studies have also reported the Pb isotope compositions of coal fly ash 

(Chen et al., 2005; Hurst et al., 1993; Liang et al., 2010; Z. Wang et al., 2019). However, 

very few studies have demonstrated the application of Pb isotopes to quantify the Pb 

contribution from coal fly ash in the environment (Dietrich et al., 2021; Z. Wang et al., 

2019). 
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This study aims to fill the data and knowledge  gap by (1) characterizing the Pb 

isotopic signatures of coal and coal ash sourced from China, India, and the U.S. with the 

synthesis of both newly measured data in this study and the existing data in the 

literature; (2) providing a quantitative estimate o f the Pb flux associated with coal fly ash 

disposal in each of the three countries between 2000 and 2020, following the worldwide 

phase-out of Pb use in gasoline; and (3) demonstrating a case study of using Pb isotopes 

in a Bayesian mixing model (i.e., MixSAIR) to quantify the contribution and flux of Pb 

sourced from coal fly ash to the bottom sediments of five freshwater lakes in North 

Carolina. 

7.2 Materials and Methods 

7.2.1 Sample Collection 

Paired samples of feed coal and coal ash (i.e., fly ash and bottom ash) were 

collected for this study from multiple coal -fired power plants in China (n = 14), the U.S. 

(n = 8), and India (n = 3). Detailed sampling information is provided in Table E1. The 

types of boilers, i.e., pulverized coal (PC) and circulating fluidized bed (CFB), and 

particulate matter control devices, i.e., electrostatic precipitator (ESP) and fabric fiber 

(FF), were noted where available. All sampled coal-fired power plants and/or un its were 

in active operation during the period of sampling. Note that, in many cases, multiple fly 
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ash and/or bottom ash samples were collected at the same power plants/units, either 

directly from different rows of the ESP, or from different locations of t he ash pile. 

Additionally, sediment samples were retrieved from cores of five freshwater 

lakes in North Carolina, USA (i.e., Hyco Lake, Mayo Lake, Belews Lake, Mountain 

Island Lake, and Lake Sutton; Figure E1). Detailed core sampling information as well as 

the chronology determination of each sediment core can be found in a previous study 

(Z. Wang et al., 2022a). 

7.2.2 Pb Concentration and Isotope Analysis 

Digestion of bulk coal ash and lake sediment samples was conducted following 

the same method reported in previous studies (Vengosh et al., 2019; Z. Wang et al., 2019). 

Feed coal samples were combusted in a muffle furnace at 500 °C for 4 hours to remove 

organic matter, after which the loss on ignition (LOI, %) w as recorded. The resultant coal 

ash was then subjected to sample digestion. 

The concentration of Pb was measured on an inductively coupled plasma mass 

spectrometer (ICP-MS, Thermo Fisher X-Series II) at Duke University. For the purpose of 

QA/QC, standard ref erence materials (SRM) with certified Pb concentration data were 

digested and measured along with samples, including a bituminous coal standard (SRM 

1632e), a coal fly ash standard (SRM 1633c), and a soil standard (SRM 2711a) from the 

National Institute of  Standards and Technology (NIST). The average recovery of Pb from 
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repeated measurements was 99.8% (n = 5) for SRM 1632e, 101.3% (n = 10) for SRM 1633c, 

and 96.7% (n = 14) for SRM 2711a, respectively. 

The Pb isotope ratios (i.e., 208Pb/204Pb, 206Pb/204Pb, 207Pb/204Pb, 208Pb/206Pb, and 

206Pb/207Pb) were measured on a high-resolution thermal ionization mass spectrometer 

(TIMS, Thermo Fisher Triton) at Duke University, equipped with Faraday cups and 

operating in static mode. A common Pb standard SRM 981 from NIST was measured 

regularly over the course of analysis (2020 ɬ 2022, n = 112), which yielded an average 

mass bias of 0.14% for all isotope ratios by comparing to the expected values (Yuan et al., 

2016). The average analytical uncertainties (2 standard deviations, SD) are 0.0359 for 

208Pb/204Pb, 0.0115 for 207Pb/204Pb, 0.0087 for 206Pb/204Pb, 0.0010 for 208Pb/206Pb, and 0.0003 

for 206Pb/207Pb. The method of Pb column separation and purification has been reported 

elsewhere (Z. Wang et al., 2019). 

7.2.3 Modeling Pb Concentration in Coal Fly Ash 

The relative enrichment factor (REF), defined as Eq (1) below, was used to 

describe the enrichment and/or depletion of trace elements in coal ash relative to feed 

coal (Meij, 1994; Meij et al., 1984). Correspondingly, the concentration of trace elements 

in coal ash can be calculated using Eq (2) as follows. 

REF = ([TE]ash × Acoal) / [TE]coal                                                                                            Eq (1) 

[TE]ash = (REF × [TE]coal) / Acoal                                                                                            Eq (2) 
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where [TE]ash and [TE]coal represent the concentration of trace elements (mg/kg) in coal 

ash and coal, respectively, and Acoal refers to the ash yield (%) of coal. 

By using Eq (2), we calculated the Pb concentration in coal fly ash from China, 

India, and the U.S., respectively. The ash yield and Pb concentration data on coals from 

the three countries used in the calculations were compiled from the U.S. Geological 

Survey (USGS) World Coal Quality Inventory (Palmer et al., 2015), those reported in (Bi 

et al., 2017), and data generated in this study (Table E2). The summarized statistics of the 

compiled dataset are presented in Table E3. The range of REF was derived from the data 

on paired coal and coal ash samples analyzed in this study (Table E2) and those reported 

for India in the literature (Bhangare et al., 2011; Saha et al., 2019). To propagate the 

uncertainties, Monte Carlo simulations with 100,000 iterations were run, for which ash 

yield and Pb concentration were fitted with log -normal distribution and the REF was 

assumed to be normally distributed. T he statistics of the three parameters are shown in 

Table E4. The results were reported as the 5th, 16th, 50th (median), 84th, and 95th percentiles 

and mean values (Table E4). 

7.2.4 Bayesian Isotopic Mixing Model ï MixSIAR 

MixSIAR is an open-source isotopic mixing model package in R that was 

developed by incorporating a series of Bayesian statistics (Stock et al., 2018a). Previous 

studies have demonstrated its utility in disentangling multiple sources in various 
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complex ecological, geological, and environmental mixtures with the use of both stable 

isotopes (e.g., carbon and nitrogen) (Stock et al., 2018b) and radiogenic isotopes (e.g., Pb) 

(Dietrich et al., 2021; Longman et al., 2018). 

Here we applied the MixSIAR model using Pb isotope ratios (i.e., 208Pb/204Pb, 

207Pb/204Pb, and 206Pb/204Pb) measured in the sediments of the five NC lakes, which have 

been shown to be widely and persistently contaminated by coal ash from adjacent coal-

fired power plants over the past 40 ɬ 70 years of coal combustion (Z. Wang et al., 2022a). 

The model end-members for this quantification include leaded gasoline (Chow and 

Johnstone, 1965; Dunlap et al., 2000; Sherrell et al., 1992), coal fly ash derived from coals 

of the Appalachian Basin and Illinois Basin (Z. Wang et al., 2019), and local background 

of pre-lake sediments measured from this study (Table E5). For each endmember, the 

mean and standard deviation of isotope ratios were included in the calculations.  

7.2.5 Statistical Analysis 

All statistical calculations and analyses were performed in R (v 4.1.1) (R Core 

Team, 2021). Statistical significance is reported as p values (i.e., p < 0.01 for 99% 

confidence interval and p < 0.05 for 95% confidence interval). 
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7.3 Results and Discussion 

7.3.1 Variations of Pb Concentrations and Isotope Ratios Between 
Coal and Coal Ash 

The concentrations and isotopic compositions of Pb in feed coal and coal ash 

from the sampled coal-fired power plants are shown in Table E2. The feed coal samples 

from the U.S. coal-fired power plants analyzed in this study have the lowest ash yield 

(mean ± SD = 10.0 ± 2.83%), compared to those from China (27.0 ± 7.28%) and India (37.3 

± 16.6%). This trend agrees with that observed in the compiled global dataset, where the 

U.S. coal has a mean ash yield of 11.0 ± 5.99%, lower than that of coal from China (21.8 ± 

11.3%) and India (27.8 ± 14.5%) (Table E3). The mean Pb concentration measured in the 

Chinese feed coal samples is 13.6 ± 4.96 mg/kg, which is well consistent with that of the 

compiled dataset (13.6 ± 8.8 mg/kg) and the values reported for average Chinese coal 

(Dai et al., 2012). Likewise, the measured Pb concentrations for the feed coal samples 

from India (14.7 ± 5.4 mg/kg) and the U.S. (8.48 ± 2.53) are also within the respective 

ranges derived by the compiled dataset (Table E3). The Pb concentrations in coals are 

ÚÐÎÕÐÍÐÊÈÕÛÓàɯÊÖÙÙÌÓÈÛÌËɯÞÐÛÏɯÛÏÌɯÈÚÏɯàÐÌÓËÚɯȹϤɯǻɯƔȭƚƖȮɯp < 0.001), which is reflective of the 

dominant inorganic association of Pb in coals (Finkelman, 1994; Finkelman et al., 2018). 

Following coal combustion, Pb is notably enriched in fly ash relative to bottom 

ash (Wang et al., 2023; references therein). As shown in Figure 28A, the REFs of most of 

the analyzed fly ash samples are above the REF = 1 line. Specifically, the mean REFs of 
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fly ash samples from the U.S. and Chinese coal-fired power plants are 1.48 (± 0.71) and 

1.37 (± 0.45), respectively, whereas the enrichment of Pb in the Indian fly ash samples is 

not clear (i.e., REF = 1.08 ± 0.51; Table E2). In comparison, Pb is markedly depleted in 

bottom ash as the REFs are generally below 1 (Figure 28A; Table E2). This characteristic 

partitioning of Pb between fly ash and bottom ash is largely associated with its modes of 

occurrence in coal as well as the combustion conditions as discussed below ȹ!ÈÙÛÖĚÖÝâɯ

et al., 2019; Wang et al., 2023). There are various phases of Pb present in coal, with the 

dominant phase(s) being galena (PbS) and, in some cases, clausthalite (PbSe); in addition, 

there are also associations of Pb with pyrite, sulfate, carbonate, phosphate, and to a 

lesser extent, organic matter (Finkelman, 1994; Finkelman et al., 2018). These dominant 

forms of Pb render its volatility and transport with flue gas during high -temperature 

coal combustion ȹ!ÈÙÛÖĚÖÝâɯÌÛɯÈÓȭȮɯƖƔƕƝȺ, which consequently results in its enrichment in 

fine particles that mostly end up in fly ash. A smaller fraction (e.g., 5 -25%) of Pb, 

however, is also associated with (alumino)silicat e minerals in coal, which are less 

volatile and tend to remain in the coarse residuals in bottom ash/boiler slag ȹ!ÈÙÛÖĚÖÝâɯ

et al., 2019). 
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Figure 28: Comparison plots of fly ash and bottom ash  (A) Enrichment factor of 

Pb in fly ash and bottom ash relative to corresponding feed coal collected from the 

same coal-fired power plant/unit in this study. (B) ɬ (C) Relative difference (%) of 
206Pb/207Pb and 208Pb/206Pb ratios in fly ash and bottom ash c ompared to that in feed 
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coal collected from the same coal -fired power plant/unit in this study.  The red solid 

line  in (A)  denotes REF = 1, meaning no enrichment nor depletion. The red solid line s 

in (B) -(C) represent RD = 0, meaning no difference.  

In addition, there is no significant difference in the Pb enrichment between fly 

ash from the pulverized coal (PC) boiler and that from the circulating fluidized bed (CFB) 

boiler (Table E2), despite the different release rate of Pb in the two types of boiler (Tian 

et al., 2012; Wang et al., 2023). The amount of Pb in fly ash represents the majority of Pb 

mobilized from burning coal, given that the particul ate-bound Pb in flue gas could 

account for 77 ɬ 96% of total Pb released from coal with modern-day boilers (Deng et al., 

2014; Tian et al., 2014, 2012). In comparison, the amount of Pb in the desulfurization 

gypsum is negligible (Deng et al., 2014; Han et al., 2021). Therefore, the concentration of 

Pb in fly ash is greatly dependent on the removal efficiency of particulate matter control 

devices (i.e., ESP and FF), although it has been suggested that there is no obvious 

difference between ESP and FF in the performance of Pb removal from flue gas, with 

both reaching 97 ɬ 99% of removal rate (Deng et al., 2014; Tian et al., 2014). 

To demonstrate the variations of Pb isotope ratios between coal and coal ash, we 

calculated the relative difference (RD, %) for the Pb isotope ratios (i.e., 206Pb/207Pb and 

208Pb/206Pb) in fly ash and bottom ash relative to that in feed coal (Table E2). Unlike Pb 

elemental concentrations, the Pb isotope ratios between fly ash and bottom ash do not 

exhibit significant differences (p > 0.92 for 206Pb/207Pb and p > 0.05 for 208Pb/206Pb), despite 
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a few exceptions (Figure 28B-C). Furthermore, the RDs of the majority of coal ash 

samples fall within the ± 1% range of the RD = 0 line (Figure 28B-C), greater than the 

respective analytical uncertainties. In addition, slightly higher 206Pb/207Pb ratios (i.e., RD > 

0) and lower 208Pb/206Pb ratios (i.e., RD < 0) are observed in the analyzed coal ash samples 

(Figure 28B-C), indicating some deviation of P b isotope signatures from feed coal. It was 

suggested that Pb isotope would undergo fractionation during coal combustion, in 

which case lighter isotope, e.g., 206Pb, tends to be more enriched in fly ash, whereas 

heavier isotope, e.g., 208Pb, is likely to be enriched in bottom ash relative to feed coal 

(Zhu et al., 2020). However, this hardly can explain the observations of higher 206Pb/207Pb 

ratios in bott om ash and lower 208Pb/206Pb ratios in fly ash as shown in our results (Table 

E2; Figure 28B-C) as well as in the reported values by Zhu et al. (2020). Instead, we argue 

that the variations of Pb isotope compositions of feed coal and coal ash are more likely 

due to the inherent heterogeneity of Pb occurrences and/or distribution of Th and U in 

coal (Díaz-Somoano et al., 2009; Z. Wang et al., 2019), by which different phases in coal 

may carry different Pb isotope signatures. The several abnormally high 208Pb/206Pb ratios 

observed in the bottom ash samples from India (Figure 28C) may be indicative of the 

presence of Th-rich phases in the feed coals that are not quite volatile and therefore end 

up residing in bottom ash with a 208Pb-enriched offset. 
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Figure 29: Plot of Pb isotope compositions (i.e., 208Pb/206Pb vs. 206Pb/207Pb) of coal 

and coal fly ash sourced from China, the U.S ., and India.  The global coal regression 

line is based on a synthesized coal database by (Bi et al., 2017; Díaz-Somoano et al., 

2009, 2007). The global Pb ore regression line is based on (Sangster et al., 2000). The 

two most widely used Pb ores, Broken Hill ores in Australia and Mississippi Valley 

Type ores in the U.S., are marked for context. The data on Indian fly ash are from this 

study, and data on the Chinese fly ash are from this study and (Zhu et al., 2020), and 

the U.S. fly ash data are fr om this study and (Wang et al., 2019). 

Nonetheless, due to the dominant presence of volatile phases of Pb in coal and 

preferential enrichment of Pb in fly ash, the Pb isotope composition of fly ash would be 

largely reflected by that of feed coal. As shown in Figure 29, the Pb isotope ratios of fly 

ash samples from China, India, and the U.S. fall within the compositional ranges of coals 
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from each of the three countries. The Pb isotope compositions of coal/fly ash of the three 

countries are also significantly  different from one another ( p < 0.05). Generally, coals 

from North America are characterized by higher 206Pb/207Pb and lower 208Pb/206Pb ratios 

than those from Asia, which is related to their differences in Th/U ratios and coal ages 

(Díaz-Somoano et al., 2009). In addition, the isotope compositions of coal/fly ash closely 

follow the global coal regression line defined by the isotope compositions of coals 

around the world (Bi et al., 2017; Díaz-Somoano et al., 2009, 2007), which is distinct from 

the mixing line of major Pb ore deposits that represent the major anthropogenic Pb 

sources (Figure 29).  This difference reinforces the potential utility of Pb isotopes for 

tracing coal fly ash in the environment (Z. Wang et al., 2019), even at a global scale. 

7.3.2 Estimated Annual Pb Flux of Coal Fly Ash Disposal From 2000 
to 2020 

The modelled Pb concentration in fly ash (reported at the 5th ɬ 95th percentiles) 

exhibit a large variation, ranging from 6.67 to 631 mg/kg for the U.S., 13.6 ɬ 377 mg/kg 

for China, and 6.85 ɬ 184 mg/kg for India (Table E4). The U.S. fly ash has the highest 

median Pb concentration of 81.0 mg/kg, followed by that of the Chinese (74.3 mg/kg) 

and Indian (45.1 mg/kg) fly ash (Table E4). Despite the limited number of fly ash 

samples collected in this study, the measured median Pb concentrations are close to that 

from the modelled results, and the range of measured Pb concentration from each 

country are largely encompassed by the 16th and 84th percentiles of the modelled values 
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(Figure 30), indicating the predicative reliability of our model ( Section 7.2.3). In addition, 

we tested if the increasing installations of high -efficiency APCDs would increase the Pb 

concentrations in fly ash by performing the simulations for China in three discrete years 

of 2000, 2010, and 2020 using a predictive model proposed by (Han et al., 2021). This 

model incorporated the variations of release rate of Pb from coal in different types of 

boilers, mass proportion of fly ash relative to other coal combustion residuals, and 

efficiencies of different APCDs among the three years. The results show that although 

the estimated fly ash Pb concentration in the year of 2000 appears to be lower than that 

in 2010 and 2020 at all percentiles, the differences among the three years are minimal 

(Table E6). Furthermore, all are close to the estimated median Pb value in this study 

(Table E4), further  validating the reliability of the simpler model used in this study 

(Section 7.2.3). Comparatively, Hg in fly ash before and after the installation of ultra -low 

emission control devices in China was shown to increase by 111% from 131 mg/kg to 276 

mg/kg (Chen et al., 2022). Such difference between Pb and Hg can be explained by the 

much higher volatility of Hg than Pb, likely causing a higher fraction of gaseous Hg 

uncaptured by ESP and FF than Pb. 

Based on the modelled median Pb concentration in fly ash and the annual 

amount of coal fly ash that was disposed in each country (Figure E2), we calculated the 

annual median Pb flux from coal fly ash disposed in the environment between 2000 and 
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2020, and the 16th and 84th percentiles represent the lower and upper limits of the 

estimate, respectively (Figure 30). Disposed fly ash in China has markedly increased 

from ~ 44 Mt to ~ 260 Mt over the past 20 years, whereas in the U.S., it has decreased 

from > 40 Mt in the early 2000s to < 10 Mt by 2020 (see details in Figure E2). India, in 

comparison, has had a relatively steady amount of disposed fly ash between 50 and 60 

Mt, with a notable peak of > 81 Mt in 2014 and then a significant drop to 20 ~ 30 Mt since 

2019 due to the marked increase in beneficial use of fly ash (Figure E2). Correspondingly, 

the Pb flux associated with fly ash disposal in the U.S. has decreased from 3.7 (0.9 ɬ 12.8) 

Gg (i.e., 109 g) in 2000 to 0.7 (0.2 ɬ 2.4) Gg in 2020, compared to the Pb flux in China with 

a range from 3.3 (1.2 ɬ 8.8) Gg in 2000 to 19.5 (7.1 ɬ 52.6) Gg in 2020 and that in India  

spanning from 3.3 (1.2 ɬ 7.8) Gg in 2000 to 0.8 (0.3 ɬ 1.9) Gg in 2020 with a peak of 3.7 (1.4 

ɬ 8.7) Gg in 2014 (Figure 30). Figure E3 shows the comparison between the estimated Pb 

flux with fly ash disposal and that of atmospheric emissions from coal -fi red power 

plants in China (Tian et al., 2014). The estimated Pb atmospheric emission has increased 

from 0.82 Gg in 2000 to 1.19 Gg in 2005 and 2006 and then decreased to 0.70 Gg in 2010 

(Tian et al., 2014), which are 4 to 17 times less than the Pb with fly ash disposal (Figure 

E3). Projected on scenarios of increasing equipment with advanced APCDs, the total Pb 

atmospheric emission from coal-fired power plants in China may have decreased by 

over 20% to ~ 0.55 Gg in 2020 relative to that in 2010 (Tian et al., 2014), whereas the Pb in 
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fly ash disposal would have increased by 64% from 2010 to 2020 (Figure 30) and is over 

35 times higher than the Pb atmospheric emission (Figure E3). 
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Figure 30: Estimates of annual Pb flux (Gg/yr) from coal fly ash disposal in (A) 

China, (B) the U.S., and (C) India between 2000 and 2020. The grey li nes represent the 

lower and upper limits, defined by the 16th and 84th percentiles, respectively. Insert 

boxplots show the measured and modelled fly ash Pb concentrations (mg/kg), where 

the red lines denote the mean values.  

Over the first 20 years of the 21st century, the accumulative disposed fly ash Pb 

flux is estimated as 227 (83 ɬ 614) Gg in China, which is 4 to 4.5 times greater than that of 

56 (21 ɬ 133) Gg in India and 50 (13 ɬ 174) Gg in the U.S. Given that China, India, and the 

U.S. account for over 70% of the total coal consumption (BP, 2021), the estimated global 

flux of Pb associated with coal fly ash disposal from coal-fired power plants during the 

past two decades is about 475 (167 ɬ 1315) Gg. Considering the estimated annual Pb 

flows associated with coal combustion at 153 ± 10 Gg/yr (Sen and Peucker-Ehrenbrink, 

2012), our estimated global fly ash disposal Pb is equivalent to ~ 16% (5 ɬ 43%) of the 

total Pb flows (~ 3060 Gg) over the past 20 years. It should be noted that this total Pb 

mobilization covers the combustion of coal for all sectors, including power, industrial, 

residential, and others. Additionally, while we provided the estimates based on a 

national scale for each country, the actual Pb flux with fly ash disposal  at the plant, local, 

or regional level may vary greatly with wide geographic variations, due to the fact that 

coal reserves and coal-fired power plants are unevenly distributed. For instance, the 

majority of coal -fired power plants are distributed in the northern and eastern parts of 

China, which in total could account for over 50% of total fly ash production (Chen et al., 
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2022). It was suggested that there might be about 13 ɬ 27% of disposed fly ash being 

released to the Chang Jiang (CJ or Yangtze) River basin (Li et al., 2021), which is one of 

the most populated and developed regions in China. The total coal fly ash production in 

this region accounts for ~ 36% of the national total (Li et al., 2021), thus resulting in the 

accumulation of 82 (30 ɬ 221) Gg Pb in fly ash between 2000 and 2020, which is greater 

than that of national sum for India and the U.S. Consequently, there might be 11 (4 ɬ 29) 

to 22 (8 ɬ 60) Gg of Pb released to the CJ riverine system, which could contribute to total 

sediment flux and particulate Pb flux discharged to the ocean.  

7.3.3 Quantification of Released Fly Ash Pb into Lake Sediments ï A 
North Carolina Example 

Given that many of the coal ash disposal units, i.e., coal ash ponds and landfills, 

are located near rivers, lakes, and reservoirs, sediments in these aquatic systems have 

been a major repository for the contaminants released from coal ash (Cowan et al., 2015; 

Deonarine et al., 2013; Donahue et al., 2006; Hatcher et al., 1992; Lalonde et al., 2011; 

Vengosh et al., 2019; Z. Wang et al., 2022a). The bottom sediments of five freshwater 

lakes in North Carolina have been persistently contaminated by the release of coal ash 

and its associated toxic elements during the past 40 ɬ 70 years of coal-fired power plant 

operation (Z. Wang et al., 2022a). The concentrations of trace elements such as As, Se, Sb, 

Tl, Cd, and Pb in the impacted sediments of these lakes has been shown to be higher 

than the background (Z. Wang et al., 2022a). However, relative contribution of Pb from 
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coal ash as opposed to other potential Pb sources such as the legacy atmospheric 

deposition from leaded gasoline has not been constrained. By adopting a three-end-

member Bayesian mixing model using MixSIAR ( Section 7.2.4) with the Pb isotope ratios 

(i.e., 208Pb/204Pb, 207Pb/204Pb, and 206Pb/204Pb) measured in the sediments (Table E7), we 

estimated the relative Pb contributions from th e local sediment background, coal fly ash, 

and leaded gasoline, respectively (Table 3 and Figure E5). 

Consistent among all five lakes, the results of the mixing model indicate that the 

local background Pb predominantly contributed to the total Pb accumulat ion in the 

sediments (mean ± 1SD = 68 ± 22%), followed by coal fly ash (26 ± 21%) and leaded 

gasoline (6 ± 5%) (Table 3). This can be reflected by the fact that the majority of the 

sediments cluster near the isotope compositions of the local background and coal fly ash 

as shown in Figure E4. It should be noted that the local background used in the mixing 

calculations is represented by the sediments and/or soils present prior to the 

impoundment of these lakes, and yet we cannot exclude the possibility that such 

background levels may have been mixed with anthropogenic Pb sources (e.g., gasoline 

and/or pesticide in agricultural uses). The reported Pb isotope compositions of common 

pesticides and herbicides used in the U.S. (Ayuso et al., 2004) are encompassed by that 

of the leaded gasoline (Table E5). In addition, there is no significant point source of Pb to 

these lakes other than the adjacent coal-fired power plants (Z. Wang et al., 2022a). 
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Table 3: Summary of MixSIAR results of Pb proportions (%) of three Pb 

sources in lake sediments from North Carolina (Wang et al., 2022).  

Lake Name 
Local background  Coal fly ash  Leaded gasoline 

Mean SD Mean SD Mean SD 

Hyco Lake  68 22 27 22 5 4 

Mayo Lake  65 22 25 20 10 7 

Belews Lake 66 24 31 23 3 3 

Mountain Island Lake  76 18 20 18 4 3 

Lake Sutton  64 23 25 20 11 8 

All lakes  68 22 26 21 6 5 

 

The mean Pb contribution from coal fly ash ranges from 20 ± 17% in the sediment 

core of Mountain Island Lake to 31 ± 23% in that of Belews Lake, which is 2 to 9 times 

higher than the mean Pb contribution from leaded gasoline in the same sediment core of 

the corresponding lakes (Table 3). Lake Sutton, located to eastern NC, has notably 

higher Pb contribution from leaded gasoline (11 ± 7%) than the lakes located to the west 

of the state, i.e., Mountain Island Lake (4 ± 3%) and Belews Lake (3.4 ± 3.1%) (Figure E1; 

Table 3). Furthermore, based on the Pb concentrations, average sediment density, and 

mean sedimentation rate (Table E7) (Z. Wang et al., 2022a), we calculated the fluxes of 

total Pb, coal fly ash Pb, and gasoline Pb in each of the five sediment cores. The mean (± 

1SD) total Pb accumulation rate in the five sediment cores is 152 ± 17.8 to mg/m2/yr for 
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Mountain Island Lake (from 1960 to 2020), 199 ± 28.4 to mg/m2/yr for Hyco Lake (from 

1960 to 2020), 281 ± 53.7 to mg/m2/yr for Belews Lake (from 1970 to 2020), 293 ± 46.9 to 

mg/m 2/yr for Lake Sutton (from 1970 to 2020), and 71.4 ± 13.2 to mg/m2/yr for Mayo Lake 

(from 1980 to 2020), respectively. These represent higher total Pb accumulation rates 

than those reported in sediments deposited during the same period of time in lakes with 

no direct association with coal-fired power plants in the mid -Atlantic (e.g., 20 ɬ 170 

mg/m 2/yr from 1960 to 2016; Balascio et al., 2019) and southeastern U.S. (e.g., 13 ɬ 106 

mg/m 2/yr from 1960 to 2005; Escobar et al., 2013). 

Among all five lakes, the mean flux of coal fly ash Pb ranges from 17.5 ± 14.6 

mg/m 2/yr for Mayo Lake to 87.9 ± 68.5 mg/m2/yr for Belews Lake, which are significantly 

higher than the respective flux of gasoline Pb (5.9 ± 5.4 ɬ 32.4 ± 23.4 mg/m2/yr). The 

maximum of fly ash Pb flux in the sediment cores of Hyco Lake and Belews Lake 

occurred between the 1970s and 1990s (Figure 31), prior to the start of coal ash landfills 

when coal ash was mainly stored in coal ash pond, which was attributed to the effects of 

stormwater runoff/flooding and direct coal ash effluent discharge (Z. Wang et al., 2022a). 

In Mountain Island Lake and Lake Sutton, where the nearby coal -fired power plants 

have retired since 2013 (Z. Wang et al., 2022a), the coal ash Pb fluxes to the sediments do 

not necessarily decrease with the end of coal combustion (Figure 31). This reinforces the 

conclusion that coal ash disposal units remain as a pollution source to the nearby aquatic 
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systems in spite of the conversion from coal to natural gas for many thermoelectric 

plants (Z. Wang et al., 2022a). 
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Figure 31: Downcore profiles of estimated Pb fluxes (mg/m 2/yr)  from coal fly 

ash and leaded gasoline deposited to the bottom sediments of five freshwater lakes 

across North Carolina ( Figure E1). 

In the U.S., leaded gasoline was the dominant anthropogenic Pb source in the 

environment between 1930s and 1990s, with its peak consumption in the 1970s (Nriagu, 

1990). Consequently, a peak of atmospheric Pb deposition has been observed in various 

natural archives in the 1970s (Graney et al., 1995; Kamenov et al., 2009; Mahler et al., 

2006; Ritson et al., 1994; Sarkar et al., 2015). However, the notable peak of Pb flux from 

gasoline source is not visible in the studied sediment cores in this study (Figure 31), 

whi ch could have been masked by the Pb signal of fly ash. In the sediment cores of two 

remote lakes in northeastern U.S., the peak anthropogenic Pb flux from atmospheric 

deposition in 1973 was estimated to be 14.7 ~ 15.2 mg/m2/yr (Sarkar et al., 2015). 

Similarly, the mean Pb deposition with precipitation in the early 1970s in New 

Hampshire was 20 mg/m2/yr (Schlesinger et al., 1974). Following the phase-out of leaded 

gasoline since the 1990s, fluxes of atmospherically deposited Pb saw a dramatic decrease 

by 39 ɬ 52 % (Sarkar et al., 2015). The gasoline Pb flux in sediments deposited around the 

early 1970s in Belews Lake was 11.3 ~ 18.5 mg/m2/yr, whereas the fluxes of gasoline Pb 

in sediments of the same deposition period were lower in Mountain Is land Lake (5.8 ~ 

9.0 mg/m2/yr) and Hyco Lake (3.9 ~ 5.0 mg/m2/yr). In contrast, sediments of Lake Sutton 

had greater gasoline Pb fluxes in the early 1970s (25.2 ~ 32.2 mg/m2/yr). This reflects the 
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regional variabilities of atmospheric Pb deposition. Such h igher level of gasoline Pb in 

Lake Sutton persists throughout the sediment core (Figure 31), which  is likely due to the 

continuous release and recycling of legacy Pb sources stored in watershed soils that 

could have biased the flux calculations (Mahler et al., 2006). 

7.4 Conclusions and Environmental Implications 

The pairwise Pb isotope comparison between feed coal and coal ash samples 

collected from the same coal-fired power plants and/or units in this study suggests that 

the Pb isotope ratios of coal ash largely mimic that of feed coal. The observed variations 

in the Pb isotope compositions between coal and coal ash can be attributed to the 

presence of multiple Pb phases in coal that potentially have distinct isotope 

compositions and partition and distribute heterogeneously into coal ash during 

combustion. Despite the observed variations, the Pb isotope ratios of coal can be used to 

predict the compositions of fly ash, which is of particular importance given that there is 

far more data on coal than on fly ash. Furthermore, the distinctive isotopic signatures of 

Pb of coal fly ash from that of common Pb ore deposits suggest their potential utility in 

tracing Pb associated with disposed coal fly ash in the environment  (Z. Wang et al., 

2019). 

Following the phase-out of leaded gasoline and the growth of coal combustion, 

from 2000 to 2020, the amount of annual coal fly ash disposal has seen a sharp increase 
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in China, as opposed to the overall decrease in the U.S. and India. Despite the growing 

beneficial use of fly ash in recent years, the accumulation of disposed fly ash over the 

two -decade span has resulted in a significant amount of solid waste, containing a total of 

227 (83 ɬ 614) Gg Pb in China, 56 (21 ɬ 133) Gg Pb in India, and 50 (13 ɬ 174) Gg Pb in the 

U.S., respectively. The flux of Pb with fly ash disposal is much greater than that of the 

estimated Pb atmospheric emission. Globally, the estimated disposal fly ash Pb flux over 

the past 20 years amounts to 475 (167 ɬ 1315) Gg, which is equivalent to ~ 16% (5 ɬ 43%) 

of the total Pb flows (~ 3060 Gg) with coal combustion for all sectors. This large Pb flux 

may pose a significant environmental burden, given that the d isposed fly ash is not 

immune to release to the environment (Z. Wang et al., 2022a). 

Once released into the environment, either into the terrestrial or aquatic 

reservoirs (i.e., soils and sediments), the source as well as the relative contribution of Pb 

from coal fly ash can be constrained by using Pb isotopes. To demonstrate that, we 

performed a Bayesian Pb isotope mixing model and quantified the Pb released from the 

adjacent coal ash disposal units to the bottom sediments of five freshwater lakes in 

North Carolina, USA, which have been shown to be persistently contami nated by coal 

ash during the past 40 ɬ 70 years of coal fired-power plant operation (Z. Wang et al., 

2022a). Consistent among all five lakes, coal fly ash contributes to 26 ± 21% of total Pb 

accumulation in the sediments, ~ 4 times greater than the contribution of leaded gasoline 
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(6 ± 5%). The results suggest that, at local and regional scales, the input of coal fly ash Pb 

may well notably outweigh that of atmospheric deposition (i.e., leaded gasoline), even 

prior to the phase-out of Pb in gasoline.  

Overall, this study represents the first attempt to provide a global perspective 

into the Pb isotopic fingerprints and the Pb fluxes associated with the disposal of coal fly 

ash in the environment , with the focus on  China, India, and the U.S. ɬ the top three 

largest coal consumers of the world (BP, 2021). Further research should be conducted on 

the environmental fate of released fly ash Pb and its potential risks to the impacted 

terrestrial and aquatic ecosystems, as well as its roles in altering the biogeochemical 

cycles of Pb at local, regional, and global scales. In addition, while this study only 

focuses on Pb, the fluxes of other toxic elements (e.g., Hg, As, Cd, and Cr) (Chen et al., 

2022; Han et al., 2021) and organic contaminants (e.g., polycyclic aromatic hydrocar bons, 

PAHs) (Buha-,ÈÙÒÖÝÐîɯÌÛɯÈÓȭȮɯƖƔƖƔȺ associated with the disposed fly ash also warrant 

caution and detailed investigation.  
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8. Legacy of Anthropogenic Lead in Urban Soils: Co-
occurrence with Metal(loids) and Fallout Radionuclides, 
Isotopic Fingerprinting, and In Vitro Bioaccessibility 

(Reproduced with permission from Science of the Total Environment, 2022, 806, 151276. 

Copyright 2021 Elsevier; Supplementary Information  in Appendix F) 

8.1 Introduction 

'ÜÔÈÕɯÈÊÛÐÝÐÛÐÌÚɯÈÙÌɯÐÕÊÙÌÈÚÐÕÎÓàɯÐÔ×ÈÊÛÐÕÎɯÛÏÌɯÌÓÌÔÌÕÛÈÓɯÍÓÜßÌÚɯÐÕɯÛÏÌɯ$ÈÙÛÏɀÚɯ

surface environment (Klee and Graedel, 2004; Sen and Peucker-Ehrenbrink, 2012). 

Among all elements, potentially toxic and carcinogenic metals and m etalloids including 

Hg, Pb, As, Cd, and Cr(VI) raise serious concerns due to their adverse impacts on the 

ecosystem and human health (Ali et al., 2019; Mishra et al., 2019; Rahman and Singh, 

2019). Soils are one of the major repositories in the environment for accumulation of 

these anthropogenically-sourced metal(loid)s relative to respective geological 

background levels (Callender, 2014; Senesil et al., 1999; Wuana and Okieimen, 2011). 

Soils in urban environments are highly vulnerable to metal(loid)s contamination because 

of the potential influences by fossil fuels and widespread use in building materials 

exacerbated by intensifying industrialization (Imperato et al., 2003; Li et al., 2018; Manta 

et al., 2002; Thornton, 2009; Wong et al., 2006). 

Lead is toxic to human nervous, digestive, and reproductive systems, and low 

levels of Pb exposure during childhood could result in neuropsychological development 
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issues, rendering no safe threshold for human exposure (O. US EPA, 2015a). The historic 

use of Pb additives in gasoline and house paint contributed to the majority of 

anthropogenic Pb in the urban environment, which has dec lined considerably since the 

bans took effect between 1970s and 1990s (Mielke et al., 2011, 2019; O. US EPA, 2015a). 

However, legacies of these Pb sources still persist in both urban and remote soils and 

continue to pose long-term public health risks (Datko-Williams et a l., 2014; Harlavan et 

al., 2021; Mielke et al., 2011). Most recent studies suggested that, even decades after Pb 

ban, historical Pb stored in soils serves as a persisting source of present atmospheric Pb 

in the environment due to the remobilization and deposition of contaminated dust 

(Harlavan et al., 2021; Resongles et al., 2021). In addition to Pb, other metal(loid)s, 

including Cd, Zn, Cu, As, Mn, Ba, and Ni, likely derived from various anthropogenic 

activities, such as mining and metalliferous production (Das et al., 2018; Pelfrêne et al., 

2012), fossil fuel combustion (Agrawal et al., 2010; George et al., 2015), waste 

incineration (Y. Li et al., 2019), vehicular emission (Wang and Zhang, 2018; S. Wang et al., 

2019), and civil construction (Li et al., 2001; Pan et al., 2016; Turner and Lewis, 2018) 

could all be contributed to urban soils directly or via atmospheric deposition.  

Fallout radionuclides, such as 137Cs and 210Pb, are removed directly from the 

atmosphere via dry and wet deposition, and have a strong affinity for soil and sediment 

particles (He and Walling, 1997). The man-made radionuclide, 137Cs (t1/2 = 30.12 years), 
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was primarily derived from atmospheric nuclear weapons testing, whose deposition 

began in early 1950s and peaked in 1963 (He and Walling, 1997; Walling and He, 1999). 

The natural radioactive Pb isotope, 210Pb (t1/2 = 22.26 years), is constantly released into the 

atmosphere via 222Rn emission and decay (Mabit et al., 2014). While both 137Cs and 210Pb 

have been widely used to quantify soil and sediment erosion and mixing processes 

(Crusius et al., 2004; He and Walling, 1997; Mabit et al., 2008; Walling and He, 1999), to 

the best of our knowledge, literature on the distribution of the two fallout radionuclides 

and their association with metal(loid)s contamination in urban soils is sparse 

ȹ5ÜÒÈįÐÕÖÝÐîɯÌÛɯÈÓȭȮɯƖƔƕƜȺ.  

Identifying various sources of anthropogenic metal(loid)s in soils by using stable 

isotope fingerprints is helpful for tracking and controlling their presence and 

mobilization in the environment (L. Wang et al., 2021). Lead naturally occurs in four 

stable isotopes, including one non-radiogenic isotope (i.e., 204Pb), and three radiogenic 

isotopes, 208Pb, 207Pb, and 206Pb, which are the products of 232Th, 235U, and 238U decay 

chains, respectively. The use of Pb isotopes ratios (e.g., 206Pb/207Pb and 208Pb/206Pb) has 

shown to be effective in tracing the sources of Pb and its contamination in soils 

(Hansmann and Köppel, 2000; Kelepertzis et al., 2021, 2020, 2016). Furthermore, 

compared to the total concentration, the bioavailable fraction of metals in soils, which 

represents the maximum amount available to human tissues and organs, is more 
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relevant for assessing exposure risk and human health effect (Ge et al., 2000; US EPA, 

2013). The in vitro  bioaccessibility is a measure of the physiological solubility of the 

metal that may be available for adsorption into the body, which is used for predicting 

the in vivo bioavailability (Marschner et al., 2006; O. US EPA, 2015b; Zia et al., 2011). 

While the bulk Pb isotope compositions could help to identify the contribution of 

various Pb sources in soils, the isotopic signatures of bioaccessible soil Pb might be more 

useful for  specifically tracking Pb sources in the human body (Gulson, 2008; Kelepertzis 

et al., 2021; Li et al., 2015; Sharp and Brabander, 2017).  

A recent study conducted a geospatial analysis of the hotspots of total soil Pb 

contamination in the city of Durham, North Carolina, for which the legacies of leaded 

gasoline and lead-based paint were suggested to be the major cause (Wade et al., 2021). 

Yet, the direct evidence for the sources of Pb contamination, as well as the bioavailability 

of Pb in the contaminated soils and their isotopic signatur es have not been elucidated. In 

addition, we hypothesize that elevated soil Pb would be accompanied by the occurrence 

of other metals and metalloids. Further, the occurrence of fallout radionuclides 137Cs and 

excess 210Pb could be used to indicate the persistence and remobilization of 

atmospherically deposited metal(loid)s in impacted urban soils. Therefore, by 

integrating the analyses of total elemental concentrations, fallout radionuclides, Pb 

isotopic compositions, and in vitro bioaccessibility of Pb, this study aims to (1) evaluate 
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the co-occurrence of Pb with other metal(loid)s and fallout radionuclides; (2) 

characterize the isotopic compositions of soil Pb for fingerprinting its dominant sources; 

and (3) assess the in vitro bioaccessibility of Pb in contaminated soils, as well as the 

isotopic signatures of bioaccessible Pb and its potential utility for tracking anthropogenic 

Pb in the human body. This integrated approach provides a holistic geochemical 

methodology to evaluate the occurrence, sources, and potential exposure risks of Pb and 

other metal(loid)s in an urban environment.  

8.2 Methods and Materials 

8.2.1 Sample collection and Preparation 

A total of 99 surface soil samples (i.e., 2 ~ 3 cm of the mineral-soil surface 

excluding the overlying organic materials) were collected around the city of Durham, 

NC and analyzed in this study. They) were grouped into four categories based on their 

sampling locations (Figure 32): (1) soils collected near the house foundation of single-

family prop erties (n = 31) in downtown Durham, of which 28 samples were from houses 

built prior to the 1978 ban on lead-based paint; (2) soils sampled from the side of major 

urban streets in Durham (n = 42); (3) soils collected from the open land of city parks (n = 

19); (4) soils sampled from the street sides in suburban areas (n = 7), following the 

sampling protocol in Wade et al. (2021).  In addition, deeper soils from the downtown 

area were collected (30 ~ 50 cm depth; n = 2) as local geogenic background and soils from 
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a core (up to 22 cm deep, representing A horizon soil; n = 7) were sampled from the 

Korstian Division of Duke Forest at a site (35.9959°N, 79.0280°W; > 4 km from the 

nearest highway) with a gentle slope and minimal tree canopy. The bedrock geology of 

the studied area is mostly Triassic sedimentary rocks composed of sandstone with 

interbedded siltstone, with occasional occurrences of diabase dikes (Hanna and Bradley, 

2016).  

All soil samples were oven-dried at 40°C until reaching a constant weight, plant 

residues and gravels were removed by hand, and the remaining soil was passed through 

a 2-mm stainless-steel sieve for homogenization. A subset of each sample by coning and 

quartering was ground using ceramic mortar and pestle to pass a 200-mesh stainless-

steel sieve for subsequent chemical analysis. 
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Figure 32: Map of the soil sampling locations in Durham city, North Carolina, 

USA (35.9886°N, 78.9072°W, as shown on the inset map) for this study. 

8.2.2 Total Elemental Concentrations 

The total concentrations of Pb along with a suite of metal(loid)s (i.e., Al, V, Cr, 

Mn, Fe, Co, Ni, Cu, Zn, As, Rb, Cd, Sb, and Ba) in all soil samples were measured on a 

Thermo Fisher X-Series II inductively coupled plasma mass spectrometer (ICP-MS) at 

Duke Univers ity. All soil samples were digested in a HF -HNO 3 mixture, and the details 

of sample digestion and instrumental analysis are described in previous studies 

(Vengosh et al., 2019; Z. Wang et al., 2020, 2019). The efficiency of digestion and 
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accuracy of measurement were assessed by measuring the National Institute of 

Standards and Technology (NIST) standard reference material (SRM) 2711a for 

moderately elevated trace element concentrations in Montana II soil. The average 

percent recovery as well as relative standard deviations for all the analyzed metal(loid)s 

from repeated measurements of SRM 2711a (n = 8) over the course of analysis are 

presented in Table F1. The accuracy of analysis was reflected by the mean percent 

recovery > 90% (ranging from 92.0% to 99.9%) for all the measured metal(loid)s, except 

for Cr with a lower recovery of 86.7%. The precision of analysis was indicated by the 

coefficient of variations (i.e., RSD) of being < 10% (from 3.8% to 8.6%) for all the 

metal(loid)s.  

8.2.3 Radionuclide Activities 

The activities of 226Ra, 210Pb, and 137Cs in selected soil samples were determined on 

a Canberra broad-energy germanium gamma detector (HPGe) at Duke University. The 

sample packing and incubation followed the method reported in Lauer et al. (Lauer et al., 

2015). Each measurement lasted for at least 120,000 seconds in order to minimize the 

uncertainty associated with photon counting statistics. 226Ra was analyzed through the 

214Bi (609 keV) peak, 210Pb was measured directly through its 46.5 keV peak, and 137Cs 

was determined from the 662 keV peak. Excess 210Pb activity was calculated by the 

difference of total 210Pb and 226Ra under secular equilibri um conditions. Detector 
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efficiencies for U-series radionuclides were calibrated using a certified U-Th ore 

reference material (Canadian Certified Reference Materials Project DL-1a) packed and 

incubated in the same geometry as the samples. Detector efficiency for 137Cs was 

provided by a calibrated solution purchased through Eckert & Ziegler. To correct for the 

self-attenuation of the low -energy 210Pb photon, the point -source transmission method 

described in Cutshall et al (1983) was adopted and performed for  each individual 

sample. The average uncertainties (2SD) for excess 210Pb and 137Cs are 8.40 and 1.23 Bq/kg, 

respectively. 

8.2.4 Lead Isotopic Compositions 

The Pb isotope ratios (i.e., 208Pb/204Pb, 206Pb/204Pb, 208Pb/206Pb, and 206Pb/207Pb) of 

selected soil samples were measured on a high-resolution Triton thermal ionization 

mass spectrometer (TIMS) at Duke University, equipped with Faraday cups and 

operating in static mode. A common Pb standard NIST SRM 981 was measured 

regularly over the course of analysis (n = 31) and the mass bias for all isotope ratios was 

determined according to the expected values (Yuan et al., 2016). The Pb column 

separation and purification are detailed in Wang et al. (2019). The long-term average 

analytical uncert ainties (2SD) are 0.0316 for 208Pb/204Pb, 0.0079 for 206Pb/204Pb, 0.0008 for 

208Pb/206Pb, and 0.0002 for 206Pb/207Pb. 
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8.2.5 In Vitro Bioaccessibility of Pb 

The U.S. EPA Method 1340 (O. US EPA, 2015b) was used to approximate the 

bioaccessible Pb in selected soil samples. For each sample, 1.00 (± 0.05) g of material was 

placed and then 100 (± 0.5) mL of extraction fluid (0.4 M glycine, pH 1.50 ± 0.05, 

temperature 37 ± 2 °C, simulated gastric fluid) was added into a 125 -mL wide -mouth 

HDPE bottle. Extraction was conducted in a water bath at 37 ± 2 °C and rotated at 30 ± 2 

rpm for one hour. After extraction, ~ 40 mL aliquot was taken and filtered with 0.45 -ϟÔɯ

cellulose acetate disk filter and stored into a pre-acid-washed 60-mL HDPE bottle for 

ICP-MS analysis. For QA/QC, SRM 2711a was measured (n = 3) along with the tested soil 

samples, which yielded a mean bioaccessibility for Pb of 84.7% (RSD = 1.4%; Table F2), 

agreeing well with the recomm ended value of 85.7% (O. US EPA, 2015b). 

8.2.6 Calculations and Statistical Analysis 

The enrichment factor (EF) was used to quantify the magnitude of potential 

anthropogenic contribution of metal(loid)s in soils, which is defined as:  

 , where [X] is the concentration of a metal or metalloid, and [Rb] 

is the concentration of Rb, which has been routinely used as a reference element due to 

its relative stability in soil and its dominant lithogenic origin (Barbieri, 2016; Zoller et al., 

1974). Generally, EF < 2 suggests natural weathering processes, whereas EF > 5 most 

likely reflects contribution from non -crustal sources (i.e., anthropogenic contamination) 
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(Barbieri, 2016). The enrichment factors (EF) of metal(loid)s for all the surface soils were 

calculated by normalizing to the mean total concentrations of the two deeper soil 

samples (30 ~ 50 cm). 

Nonparametric analyses, including Spearman's rank correlation and Mann -

6ÏÐÛÕÌàɯÛÌÚÛȮɯÞÌÙÌɯÌÔ×ÓÖàÌËȮɯÞÏÌÙÌɯÙÏÖɯȹϤȺɯÙÌ×ÙÌÚÌÕÛÚɯÛÏÌɯÊÖÙÙÌÓÈÛÐÖÕɯÊÖÌÍÍÐÊÐÌÕÛȮɯÈÕËɯ

statistical significance is evaluated based on p value (i.e., p < 0.01 for 99% confidence 

interval and 0.01 < p < 0.05 for 95% confidence interval). Principal component analysis 

(PCA) was conducted for the purpose of multivariate analysis. For plotting and 

interpretation, the first two components (PC1 and PC2) with eigenvalues greater than 1 

and explaining most of the variances were extracted. All statistical analyses were 

performed using R (v 4.0.2) (R Core Team, 2021). 

8.3 Results and Discussion 

The results of total elemental concentrations, 210Pb and 137Cs radionuclide 

activities, Pb stable isotopic compositions, and Pb bioaccessibility and its isotope ratios 

of the investigated soil samples are tabulated in Appendix F  (Tables F3-F14). 

8.3.1 Co-occurrence of Metal(loid)s and Radionuclides 

8.3.1.1 Total Concentrations and Enrichment Factors 

Mean total concentration (± standard deviation) of Pb in the house foundation 

soils was the highest (2281 ± 2868 mg/kg, n = 31), significantly higher than those of the 
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urban streetside soils (321 ± 533 mg/kg, n = 42), the city park soils (42.1 ± 25.0 mg/kg, n = 

19), and the suburban streetside soils (15.9 ± 3.58 mg/kg, n = 7) (p < 0.01; Tables F3-F6; 

Figure 33). This observed Pb distribution among different soil groups is consistent with 

the data reported in an earlier study (Wade et al., 2021). Our results agree with the 

findings in other U.S. cities like Indianapolis (Filippelli et al., 2018) and Greensboro 

(Obeng-Gyasi et al., 2021), where soils near homes present the highest Pb concentration 

likely due to the direct input of exterior house paint, yet contrast with cities such as 

Detroit (Zahran et al., 2013a) and New Orleans (Zahran et al., 2013b), where soils close to 

roadways account for the highest Pb exposure risk due to the resuspension of 

contaminated soil. In addition to Pb, the highest total concentrations of Zn, Cu, Sb, Cd, 

and Ba were observed in the house foundation soils, which were significantly higher 

than that of the other three soil groups (p < 0.01), except for Ba (Figures F1-F2). The total 

concentrations of Cr and Ni in the urban streetside soils were significantly higher than 

that of the other soil groups (0.01 < p < 0.05; Figures F2-F3). No significant  difference was 

observed among the four soil groups for Mn and Co (Figure F2). The suburban 

streetside soils had significantly higher total concentrations of V and As compared to the 

other three soil groups (0.01 < p < 0.05; Figure F3). 
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Figure 33: Boxplots of total concentrations and enrichment factors of Pb  in the 

surface soil samples of different groups: house foundation, urban streetside, city 

park, and suburban streetside. The red dashed line marks the regional screening level 

(RSL) 400 mg/kg of Pb for residential soil by the U.S. EPA. The red solid line 

represents the enrichment factor of 5 and the brown solid line marks the enrichment 

factor of 2. 

The total elemental concentrations for all the surface soil samples were compared 

to the risk-based regional screening levels (RSL) for metal(loid)s and/or their 

compounds in residential soil as recommended by the U.S. EPA (Table S8) (O. US EPA, 

2015c). The enrichment factors (EF) of measured metal(loid)s for all the surface soil 

samples are shown in Tables F9-F12. In addition to the low total elemental 

concentrations, the deeper soil samples had non-detectable excess 210Pb and 137Cs 

activities and a distinctive geogenic Pb isotope composition that we discuss later (Tables 

F7). For Pb, over half of the house foundation soils exceeded the RSL (i.e., 400 mg/kg), 

about a quarter of the urban streetside soil samples were above this threshold, while 

none of the city park and suburban streetside soils had Pb levels above this threshold 
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(Figure 33; Tables F3-F6). Consistently, the relative enrichment (i.e., EF values; see 

methods section) of Pb for most of the foundation soils were above 5 (median = 77), 

which was also observed in over half of the urban streetside soil samples (median = 8.9), 

in contrast to the city park soils (median = 1.8) and suburban streetside soils (median = 

0.9) mostly with EF values < 2 (Figure 33; Tables F9-F12). Similar to Pb, this trend was 

also observed for other metals including Ba, Sb, Cd, Zn, and Cu (Figures F1-F2; Tables 

F9-F12). Zinc, in particular, was above the EF of 5 in all four soil groups (Figure F1), with 

EF of Zn in the house foundation soil s (median = 266) was significantly higher than that 

of the urban streetside soils (median = 26), city park soils (median = 11), and suburban 

streetside soils (median = 12) (p < 0.01; Tables F9-F12), indicating ubiquitous 

anthropogenic contamination in surface soils across the city, although the total 

concentrations of Zn did not exceed the RSL of 2300 mg/kg for the majority of soils (only 

~7% exceedance). It should be noted that the exceedances of RSL and EF values of 

metal(loid)s are not necessarily consistent, likely due to the lack of consideration of local 

geological variations in the establishment of RSLs (Boente et al., 2020). For example, the 

EF values of As, Cr, V, Co, and Rb largely fell below 2 or within the range of 2 and 5, 

indicating their domi nant lithogenic origin, although their absolute concentrations were 

above the respective RSL values in many of the soil samples (Figures F2-F3). Overall, 

while with a relatively small sample size, our data shows that soils from urban areas 
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were generally much higher in Pb and Zn, and to a less extent, in Cu, Sb, and Cd, than 

soils from suburban areas. This coincides with the trend of urbanization for many cities 

in the U.S., where old downtown areas have much higher anthropogenic legacies than 

the newly dev eloping areas outside downtown, as shown by a previous study with a 

much larger sample size in Indianapolis, Indiana (Filippelli et al., 2018). 

8.3.1.2 Correlations of Pb with M etal(loid)s  

We observed strong positive correlations between the total concentrations of Pb 

and other metal(loid)s in the house foundation soils, including Ba, Sb, Cd, Zn, Mn ( p < 

0.01), and As (p = 0.05) (Table 4; Figure F4), weak positive correlations with Co, Cu, Ni, 

and Cr, and weak negative correlations between Pb and Rb, Al, Fe, and V (Table 4). 

Similarly, the total concentrations of Pb in the urban streetside soils and city park soils 

were positively correlated with S b, Cd, Zn, and Cu (p < 0.01), marginally with Mn for the 

ÊÐÛàɯ×ÈÙÒɯÚÖÐÓÚɯȹϤɯǻɯƔȭƘƜȮɯp = 0.04; Table 4; Figures F5-F6), while no significant correlations 

were observed between Pb and other metal(loid)s (i.e., As, Ni, Co, Cr, V, Rb, Fe, and Al) 

in both soil groups (Table 4). In comparison, the Pb concentrations in the suburban 

ÚÛÙÌÌÛÚÐËÌɯÚÖÐÓÚɯÌßÏÐÉÐÛÌËɯ×ÖÚÐÛÐÝÌɯÊÖÙÙÌÓÈÛÐÖÕÚɯÞÐÛÏɯ!ÈɯȹϤɯǻɯƔȭƜƖȮɯp ǻɯƔȭƔƗȺȮɯ"ÜɯÈÕËɯ5ɯȹϤɯǻɯ

0.79, p = ƔȭƔƙȺȮɯ%ÌɯÈÕËɯ ÓɯȹϤɯǻɯƔȭƜƖȮɯp ǻɯƔȭƔƗȺȮɯÈÕËɯ1ÉɯȹϤɯǻɯƔȭƛƕȮɯp = 0.09) (Table 4; Figure F7).  

Given their general origins, Pb, Sb, Cd, As, Zn, and Cu in soils are often grouped 

as anthropogenically-sourced metal(loid)s, Al, Fe, and Rb are generally associated with 
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lithogenic metals, whereas metals such as V, Cr, Co, Ni, Ba, and Mn are likely to be of 

both lithogenic and anthropogenic origins (Barbieri, 2016; Zhang, 2006). Positive 

correlations are likely suggestive of co-occurrences of metal(loid)s with shared sources 

and/or similar mobility (Gunawardana et al., 2015), which could also be tested by the 

principal component analysis (PCA). The PCA analyses we made for the house 

foundation, urban streetside, and city p ark soil groups, show that Pb was commonly 

associated with Cd, Sb, and Zn with higher loadings on PC1 that explained the largest 

variance, whereas V, Cr, Ni, and Co had more resemblance to Al and Fe with higher 

loadings on PC2 (Figure F8). Therefore, in all the three soil groups, PC1 likely represents 

the anthropogenic source, whereas PC2 reflects the geogenic source. In contrast, Pb, as 

well as Al, Fe, and Rb, in the suburban streetside soils had higher loadings on PC1, 

suggesting geogenic origin, whereas Co, Ni, Cr, Zn, Mn, and Cd had higher loadings on 

PC2, likely indicating their anthropogenic origins (Figure F8). Based on the combined 

results of metal(loid)s correlations with Pb and the PCA analyses, we suggest that Pb in 

the urban soils (i.e., house foundations, urban streetside soil, and city park soils) is co-

occurring with Cd, Sb, Cu, Zn, Ba, and Mn, all of which were primarily derived from 

anthropogenic sources. Metals like Pb, Cd, Zn, and Ba that were highly correlated in the 

house foundation soils are likely to be derived by the contamination of lead -based paint 

(Mielke et al., 2001; Turner and Lewis, 2018). In addition, the significant enrichment of 
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Zn in the house foundation  soils could also be caused by the Zn addition in the 

galvanized roofing materials, and thus roof runoff containing large amount of Zn could 

further result in the accumulation in the soils near foundations (Chang et al., 2004; 

Filippelli et al., 2018). Finally, metal(loid)s like V, Mn, Sb, and Cu that were found in the 

urban streetside and city park soils are more likely to be derived from vehicular and/or 

industrial emissions (Y. Li et al., 2019; Resongles et al., 2021; Wang and Zhang, 2018; S. 

Wang et al., 2019). 

Table 4: 2×ÌÈÙÔÈÕɅÚɯÊÖÙÙÌÓÈÛÐÖÕɯÊÖÌÍÍÐÊÐÌÕÛɯȹϤȺɯÉÌÛÞÌÌÕɯ/ÉɯÈÕËɯÖÛÏÌÙɯ

metal(loi d)s in the surface soil samples of different groups.  

Metal(loid)s  House foundation  Urban streetside  City park  Suburban streetside  

Ba 0.72** 0.06 0.28 0.82* 

Sb 0.72** 0.57** 0.85** 0.71 

Cd 0.91** 0.80** 0.62** -0.87 

Rb -0.36* -0.05 0.13 0.71 

As 0.35* 0.19 0.32 0.64 

Zn 0.90** 0.80** 0.66** -0.11 

Cu 0.29 0.57** 0.59** 0.79* 

Ni  0.17 0.29 0.33 -0.11 

Co 0.32 0.01 0.42 -0.25 

Cr 0.11 0.29 0.45 0.04 

V -0.19 -0.06 0.27 0.79* 

Mn  0.46** -0.02 0.48* -0.46 

Fe -0.23 0.00 0.27 0.82* 

Al  -0.26 -0.03 0.02 0.82* 

Statistical significance is noted as ** p < 0.01 and * 0.01 < p < 0.05. 
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8.3.1.3 Correlations of Fallout Radionuclides with Pb  

Previous studies have used 137Cs variations in soil and lake sediments to detect 

atmospheric deposition during the 1950s and 1960s (i.e., the beginning and peak of 

atmospheric nuclear testing) for evaluating accumulated versus eroded soils (He and 

Walling, 1997, Mabit et al., 2008). Yet little is known about the distribution of 137Cs and 

excess 210Pb and their relationships with Pb and other metal(loid)s contamination in 

urban soils. Selected soil samples from the house foundation and urban streetside 

groups that have elevated Pb concentrations were measured for fallout radionuclides 

137Cs and excess 210Pb. Our data showed significantly higher 137Cs activities in the house 

foundation soils compared to those in the urban streetside soils (p < 0.01), whereas no 

significant difference was observed between the two soil groups for the excess 210Pb 

activit ies (p = 0.65; Figure F9). In addition, the 137Cs activities were found to be highly 

ÊÖÙÙÌÓÈÛÌËɯÛÖɯÛÖÛÈÓɯ/ÉɯÊÖÕÊÌÕÛÙÈÛÐÖÕÚɯÐÕɯÛÏÌɯÏÖÜÚÌɯÍÖÜÕËÈÛÐÖÕɯÚÖÐÓÚɯȹϤɯǻɯƔȭƛƔȮɯp < 0.01) and 

ÜÙÉÈÕɯÚÛÙÌÌÛÚÐËÌɯÚÖÐÓÚɯȹϤɯǻɯƔȭƙƛȮɯp = 0.012), as shown in Figure 3. In addition to Pb, 

metal(loid)s such as Zn, Cd, Sb, Ba, Mn, and Cu were also correlated with 137Cs activity 

in the house foundation soils (Figure F10). 

These results are consistent with the hypothesis that the two fallout 

radionuclides, in particular 137Cs, can be used to indicate the persistence and 

remobilization of atmospherically deposited metal(loid)s in urban soils. The variations 
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between the two soil groups likely reflect the degree of mechanical and/or biological 

disturbances and soil erosion that is greater in the urban streetside soils than in the 

house foundation soils, likely resulted from the more significant pedogenic processes 

occurred in the urban streetside soils (Wade et al., 2021). While elevated 137Cs activities 

reflect past atmospheric deposition (i.e., early 1960s), the activities of excess 210Pb in soils 

would reflect continuous atmospheric flux given its natural origin from 222Rn emission 

and decay. Consequently, while the high correlation between 137Cs and Pb in the house 

foundation soils is directly linked to the historical Pb and other metal(loid)s soil 

contamination, the  less significant correlation between the excess 210Pb activities and 

ÛÖÛÈÓɯ/ÉɯÊÖÕÊÌÕÛÙÈÛÐÖÕÚɯÐÕɯÛÏÌɯÏÖÜÚÌɯÍÖÜÕËÈÛÐÖÕɯÚÖÐÓÚɯȹϤɯǻɯƔȭƙƘȮɯp = 0.012) and the non-

ÚÐÎÕÐÍÐÊÈÕÛɯÖÕÌɯÐÕɯÛÏÌɯÜÙÉÈÕɯÚÛÙÌÌÛÚÐËÌɯÚÖÐÓÚɯȹϤɯǻɯƔȭƔƝȮɯp = 0.72; Figure 34) is attributed to 

continuous deposition of 210Pb over time. Overall, the co-occurrence of fallout 

radionuclides with Pb and other metal(loid)s occurrences in th e soils near house 

foundations is likely due to: (1) long -term accumulation and preservation of 

radionuclides along with metal(loid)s originated from historical contamination of 

residual lead-based paint in the house foundation soils as hypothesized by Wade et al. 

(2021); and/or (2) input of atmospherically deposited metal(loid)s and radionuclides in 

roof runoff that resulted in the accumulation in soils near house foundations (Chang et 

al., 2004; Dockal and Dockal, 1989). 
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Figure 34: Bivariate plots of 137Cs vs. excess 210Pb, 137Cs versus total Pb 

concentration, and excess 210Pb versus total Pb concentration  in the house foundation 

and urban streetside soil samples. Error bars represent 2SD counting uncertainty for 

radionuclides.  

8.3.2 Isotopic Fingerprints of Anthropogenic Pb Sources 

8.3.2.1 Atmospheric Deposition  

The geochemical signatures of atmospheric deposition were characterized by 

studying the undisturbed forest soils located away from the city to eliminate the 
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possible influence of other anthropogenic sources (Figure 32). The activities of both 

fallout radionuclides 137Cs and excess 210Pb ranged from the top 2 cm (16.2 ± 0.6 and 84.3 

± 4.5 Bq/kg, respectively) to the bottom 3 cm (0.70 ± 0.3 and 0.73 ± 1.3 Bq/kg, respectively) 

in the Duke Forest soil core (A horizon, total 22 cm; Table F13), showing a sharp 

decrease from the surface to the depth of 15 cm and remaining relatively constant to the 

core bottom (Figures 35a-b). Similarly, the total Pb concentration showed a decrease 

from 39.6 mg/kg at the top 2 cm to 7.1 mg/kg at the bottom 3 cm, with the upper portion 

(~ 15 cm) significantly higher than the lower section ( p < 0.01; Table F13; Figure 35c). In 

addition to Pb, the total concentrations of other metal(loid)s, including Mn, Fe, V, Cr, Co, 

As, Cd, Sb, and Ba, decreased with depth (Table F13; Figure F11). Furthermore, the 

206Pb/207Pb ratios exhibited a marked depth-dependence, in which higher 206Pb/207Pb 

ratios (i.e., more radiogenic) were observed in the surficial layers (Figure 35d). 

Collectively, the results were consistent with previous studies on remote and 

undistu rbed soils, indicating that atmospheric deposition was the major source of 

accumulation of Pb as well as other metal(loid)s, which could penetrate the soil to 

depths between 10 and 20 cm (He and Walling, 1997; Kaste et al., 2003; Puchelt et al., 

1993). In contrast, the profiles of Ni, Cu, and Zn with depth were similar to that of Al, 

suggesting that natural mineral weathering outpaced atmospheric deposition for  these 

metals, while Rb was relatively constant over depth (Figure F11; Table F13). 
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Figure 35: Downward profiles of geochemical signatures of the Duke Forest 

soil core (A horizon). (a) Profile of excess 210Pb activity. (b) Profile of 137Cs activity. (c) 

Profiles of total Pb concentration. (d) Profile of 206Pb/207Pb ratio.  

Given the profiles of both radionuclides and metal(loid)s, one would suggest that 

soil at depth > 20 cm likely represents the geogenic background. However, in spite of the 

notable depth-dependent change (Figure 35d), the Pb isotope ratios of all the soil 

samples from the core were within the isotopic range of the Piedmont A horizon soils 

reported from Virginia (Reimann et al., 2011), as well as that of the eastern U.S. aerosols 
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(Bollhöfer and Rosman, 2002, 2001) and followed the regression line of the U.S. Pb ores, 

which h ave contributed to the major anthropogenic Pb in the U.S. (Figure 36c). C 

horizon soils (i.e., deeper than 80 ~ 100 cm), generally reflecting the geogenic source, 

have been shown to have higher 206Pb/207Pb ratios than the A horizon soils (Reimann et 

al., 2011), which is contrary to the observed decreasing trend that we showed in the 

Duke Forest soil core (Figure 35d). This implies the presence of anthropogenic 

contributions of Pb and other metal(loid)s throughout the A horizon soil co re, even 

though the absolute concentrations were low and comparable to the geological 

background. This is consistent with previous studies that have suggested anthropogenic 

Pb is widespread in A horizon soils across the U.S. (Reimann et al., 2011; Woodruff et al., 

2015). Furthermore, the observed isotopic changes in the Duke Forest soil core (Figure 

35d) likely reflect the temporal changes in the source of lead ores used in gasoline in the 

U.S. Idaho ore deposits with less radiogenic Pb (i.e., 206Pb/207Pb = ~ 1.06) was mostly used 

in gasoline until the 1960s (Hurst et al., 1996), after which the use of more radiogenic Pb 

from Mississippi Valley Type (MVT) deposits (i.e., 206Pb/207Pb = ~ 1.40) in gasoline 

increased until 1980s (Hurst et al., 1996; Kamenov et al., 2009). However, since deeper 

soils were not collected at the same coring site, we would not exclude the possibility that 

the less radiogenic ratios in the lower portion are the mixing result of the anthropogenic 

source and less radiogenic geogenic source. Overall, we posit that atmospheric 



 

207 

 

deposition of anthropog enic Pb is notable even in a remote area like Duke Forest and 

was accompanied by the synchronous enrichment of other metal(loid)s. The magnitude 

of atmospheric deposition and accumulation of anthropogenic metal(loid)s increased 

over time, with variations o f the Pb isotope ratios in the soil that reflect the changes of 

different Pb ores used in the U.S. over time (Hurst et al., 1996; Kamenov et al., 2009). 

8.3.2.2 Legacies of Lead-based Paint and Leaded Gasoline in the Urban Environment  

The house foundation soils displayed a wide range of Pb isotope ratios (i.e., 

37.6732 ɬ 39.5828 for 208Pb/204Pb, 17.8597 ɬ 19.9615 for 206Pb/204Pb, 1.1435 ɬ 1.2663 for 

206Pb/207Pb, and 1.9829 ɬ 2.1095 for 208Pb/206Pb, respectively; Table F3). The urban 

streetside soils had a similar yet narrower range, varying from 37.7764 ɬ 38.8727 for 

208Pb/204Pb, 17.9485 ɬ 19.4647 for 206Pb/204Pb, 1.1522 to 1.2374 for 206Pb/207Pb, and 1.9971 to 

2.1048 for 208Pb/206Pb (Table F4). While the inclusion of 204Pb in plotting Pb isotope data 

could infer multiple sources that may not be easily revealed without 204Pb (i.e., via 

208Pb/206Pb vs 206Pb/207Pb diagram) (Ellam, 2010), the 208Pb/204Pb vs 206Pb/204Pb diagram 

shown in Figure F12a did not exhibit significant differences from Figure 36c thus much 

of the discussions will be focused on the 208Pb/206Pb and 206Pb/207Pb diagram (Figure 36c). 

The Pb isotope ratios of the house foundation soils were significantly different from that 

of the urban streetside soils (p = 0.014 for 206Pb/207Pb and p < 0.01 for 208Pb/206Pb; Figures 

36a-b). Both ranges encompassed that for the city park soils with 206Pb/207Pb from 1.1822 
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to 1.2184 and 208Pb/206Pb from 2.0150 to 2.0706 (Table F5; Figures 36a-b), and for the 

suburban streetside soils, whose Pb isotope ratios ranged from 1.1912 ɬ 1.2138 and 

2.0402 ɬ 2.0597 for 206Pb/207Pb and 208Pb/206Pb, respectively (Table F6; Figures 36a-b). 

 

Figure 36: Plots of  208Pb/206Pb and 206Pb/207Pb ratios  (a) Boxplot of 208Pb/206Pb 

ratios of all groups of soil samples. (b) Boxplot of 206Pb/207Pb ratios of all groups of soil 

samples. (c) Lead isotope plot ( 208Pb/206Pb vs. 206Pb/207Pb) of all the soil samples 

analyzed in this study . The Pb isotope compositions of major potential Pb sources 

were from literature used for context, including leaded gasoline (Chow and 

Johnstone, 1965; Dunlap et al., 2000; Sherrell et al., 1992), lead-based paint (Jaeger et 

al., 1998; Rabinowitz, 1987; Viczian et al., 1990), eastern U.S. aerosols (Bollhöfer and 

Rosman, 2002, 2001), and Appalachian coal fly ash (Wang et al., 2019). Red dash line 

indicates the regression line of the U.S. Pb ores.  



 

209 

 

Despite the large variations, the Pb isotope ratios of the house foundation soils 

were overall less radiogenic than that of the other soil groups (Figures 36a-b), and they 

mostly followed the regression line of U.S. Pb ores and overlapped with the 

composition al field of lead -based paint (Figure 36c). In contrast, the Pb isotope 

compositions of the urban streetside soils were divergent from the Pb ore regression line, 

and mostly within the compositional field of eastern U.S. aerosols ( Figure 36c), implying 

the mixing sources of Pb in the urban streetside soils, most likely from leaded gasoline 

and atmospheric deposition. Likewise, the Pb isotope ratios of the city park soils, 

suburban streetside soils, and the Duke Forest soils were largely clustered together and 

within the compositional field of aerosols, indicating mixing between the atmospheric 

deposition and the local geogenic background soils that are represented by that of the 

deeper soils in downtown Durham (30 ~ 50 cm) (Table F7). Indeed, the isotope 

composition of the deeper soils was off the Pb ore regression line with higher 208Pb/206Pb 

ratios (Figure 36c), consistent with the signatures of general natural soil Pb (Wang et al., 

2019). Generally, the Pb isotope compositions of the legacy anthropogenic Pb in the U.S., 

including that of gasoline (Chow and Johnstone, 1965; Dunlap et al., 2000; Sherrell et al., 

1992) and paint (Jaeger et al., 1998; Rabinowitz, 1987; Viczian et al., 1990), are relative 

non-radiogenic (i.e., higher 208Pb/206Pb and lower 206Pb/207Pb ratios), reflecting the source 

of relatively older -age Pb ores (Figure 36c). However, due to the changes of Pb used in 
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gasoline from non-radiogenic Idaho ores (i.e., 206Pb/207Pb = ~ 1.06) to radiogenic and 

younger MVT ores since 1960s (i.e., 206Pb/207Pb = ~ 1.40)  (Hurst et al., 1996), and the 

increasing contributions of additional Pb  sources in the environment since the phase-out 

of Pb use in both gasoline and paint (e.g., coal combustion) (Komárek et al., 2008; Wang 

et al., 2019), the isotope compositions of modern anthropogenic  Pb have become 

appreciably mixed, as reflected by the isotope variations of aerosols in the U.S. 

(Bollhöfer and Rosman, 2002, 2001). In addition, we did not observe any significant 

correlations between the 206Pb/207Pb ratios and total Pb concentrations, although the 

combination of the two showed a good separation between the house foundation soils 

and the urban streetside soils (Figure F12b). Overall, the Pb isotope data confirm the 

hypothesis made in an earlier study that the  high Pb levels in house foundation soils 

were mainly derived from the legacy of lead -based paint (Wade et al., 2021). Yet the 

mixing nature of Pb isotopic compositions of urban streetside soils reflects the influences 

of both the legacies of leaded gasoline and atmospheric deposition. 

8.3.3 In Vitro Bioaccessibility of Pb in Contaminated Soils 

!ÈÚÌËɯÖÕɯÛÏÌɯ4ȭ2ȭɯ$/ ɀÚɯ400 mg/kg regulatory guidance value for Pb in 

residential soil, samples from the house foundation soils (n = 21) and urban streetside 

soils (n = 13) that were above or near this threshold value were tested for in vitro  

bioaccessibility (IVBA) (Table F14). The IVBA of Pb for the tested house foundation soil 
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samples ranged from 38.2% to 91.2%, averaging 55.5%, while that for the urban 

streetside soil samples was from 21.1% to 80.9%, with an average of 63.1%, which was 

significantly  higher than that of the ho use foundation soils (p = 0.04; Table F14). While 

the U.S. EPA Method 1340 is only intended for Pb in soil (O. US EPA, 2015b), the 

bioaccessibility of other metal(loid)s in the studied soils is also worth mentioning. The 

highest IVBA values were oberved for Cd in both soil groups, averaging 89.5% for the 

foundation soils and 86.8% for the urban streetside soils, followed by Zn, averaging 75.2% 

for the foundation soil and 51.9% for the urban streetside soil. Cadium in both soil 

groups was more bioaccessible than Pb, which was higher in the urban streetside soils 

and lower in the house foundation soils than Zn (Figure F13). The relatively high in vitro  

bioaccessibilities of Cd, Pb, and Zn were also found in soils elsewhere (Kelepertzis et al., 

2021). This is likely due to that Cd is mostly in free inoic form, whereas Pb and Zn are 

more likely to exist as organic complexes in soil solutions (Ge et al., 2000). As opposed to 

Cd, Zn, and Pb, metal(loid)s like Sb, V, and Cr were the least bioaccessible metals (< 10%) 

in both soil groups, whereas Mn, Co, Cu, As, Ba, and Ni had intermediate 

bioaccessibilities, as illustrated in Table F14 and Figure F13. As discussed earlier, Al, Fe, 

and Rb are dominantly derived from geogenic sources, which tend to have much less 

labile (i.e., bioaccessible) fraction as opposed to anthropogenically-sourced metal(loid)s 

(i.e., V, Cr, Mn, Co, Ni, Cu, Zn, As, Cd, Sb, Ba, and Pb) (Ge et al., 2000). This was 
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reflected by our data in which Al, Fe, and Rb had negelig ible bioaccessibilities in both 

soil groups (~ 1%, Table F14). 

Consistent with previous studies (Li et al., 2015; Sharp and Brabander, 2017), the 

bioaccessible Pb of the tested soil samples in this study was highly correlated with their 

total Pb concentration, as shown in Figure 37a, implying that anthropogenic Pb 

dominantly contributes to the bioaccessible Pb in soils. Further, the measured 

bioaccessible Pb isotopic compositions showed significant difference between that of 

house foundation soils and urban streetside soils (p < 0.01; Figure 37b), mimicking the 

isotopic differences between the bulk soils that reflect the differences in their dominant 

Pb sources; the legacy of lead-based paint for house foundation soils and the legacy of 

leaded gasoline and atmospheric deposition for urban streetside soils. While with slight 

variations, the Pb isotope ratios measured for the bioaccessible fraction of Pb in the 

tested soil samples were therefore mostly consistent with the Pb isotope ratios of the 

bulk soils (Figures 37c-d). This isotopic similarity between the bioaccessible Pb and total 

soil Pb is different from what was reported previously in China (Li et al., 2015) and in 

Greece (Kelepertzis et al., 2021), which could be explained by the different isotopic 

signatures of the anthropogenic Pb sources in the U.S. from China and Europe (Bi et al., 

2017; Komárek et al., 2008) and the differential Pb leachability in different soils. 

Consequently, the isotope ratios of bioaccessible Pb could be further used for tracking 
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human exposure to soil Pb, which can be traced in biological materials such as blood, 

teeth, and hair in exposed populations (Gulson, 2008). 

 

Figure 37: Comparison plots of bioaccessible and total Pb  (a) Concentration of 

bioaccessible Pb versus concentration of total Pb in the tested house foundation soils 

(n = 21) and urban streetside soils (n = 13). (b) Boxplot of Pb isotope ratios (i.e., 
206Pb/207Pb) of bioaccessible Pb in the tested soils. (c) -(d) Pb isotope ratios ( 206Pb/207Pb 

and 208Pb/206Pb) of bioaccessible Pb versus isotope ratios of total Pb in the tested soils.  

8.3.4 Human Health Implications 

Considering both the U.S. EPA regulatory guidance value of 400 mg/kg for Pb in 

residential soils and the more conservative risk-based screening level of 100 mg/kg 
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adopted by European countries (Jennings, 2013), Durham soils near residential house 

foundations (mean Pb = 2281 mg/kg) and along urban streets (mean Pb = 321 mg/kg) 

certainly pose greater risks to human health than soils in city parks (mean Pb = 42.1 

mg/kg) and suburban areas (mean Pb = 15.9 mg/kg). This is because elevated Pb found 

in residential soils is likely to be further tracked into house dusts and thus become the 

source for human exposure to Pb (Hunt et al., 2006; Hunt and Johnson, 2012; Laidlaw et 

al., 2014). Further, as suggested by the in vitro  bioaccessbility assessment, over 55% (on 

average) of Pb in house foundation soils and 63% of Pb in urban streetside soils are 

likely to be bioavailable via oral ingestion.  

 In addition, the co -occurrence and significant enrichment of other potentially 

toxic metal(loid)s such as Zn, Cd, and Sb and fallout radionuclides excess 210Pb and 137Cs 

in house foundation soils due to long -term accumulation and lack of disturbances 

furthermore raises concerns about multi -element exposure. Given that over 90% of 

house foundation soils investigated in this study were from pre -1978 properties, which 

account for 85% of single-family homes citywide (Wade et al., 2021), residents in old-age 

houses are undoubtedly more vulnerable to such exposure than those living in newly -

built homes. In contrast, soils from urban streetside are more likely subjected to soil 

disturbances, yet which could also be problematic due to the likelihood of resuspension 

of contaminant -containing dusts (Laidlaw et al., 2012; Zahran et al., 2013a). 
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8.4 Conclusions 

Through integrative geochemical analyses, this study aimed to comprehensively 

understand the sources and implications of urban soil Pb contamination by investigating 

the co-occurrence of Pb with other metal(loid)s, isotopic fingerprints of anthropogenic 

Pb, and in vitro bioaccessibility of Pb in surface soil samples from Durham, NC. The 

results showed that Pb in soils near residential house foundations markedly exceeded 

the U.S. EPA regulatory guidance value of 400 mg/kg, with Pb isotope ratios indicative 

of significant input of legacy lead -based paint and co-occurring with Zn, Cd, and Sb, 

whereas soils from urban streetside had systematically lower Pb and metal(loid)s 

concentrations and were of mixed origins, dominantly the legacies of leaded gasoline 

and atmospheric deposition. In addition, the high 137Cs activities and high correlations 

with Pb and other metal(loid)s  in house foundation soils indicate less soil disturbances 

that could lead to the preservation of multiple contaminants near homes and thus pose 

risks to human exposure via dusts tracked into homes. The in vitro  bioaccessibility 

assessment showed that on average, 55% of Pb for house foundation soils and on 

average, 63% of Pb for urban streetside soils were potentially bioavailable. The isotopic 

similarity between the bioaccessible and total Pb in contaminated soils reinforced the 

utility of Pb isotope as a sensitive tracer for delineating the sources of Pb in the human 
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body. The integrated analyses presented in this study could be applicable for other 

urban environments.  
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9. Conclusions and Outlook 

Since ÛÏÌɯ$ÈÙÛÏɀÚɯÚÜÙÍÈÊÌɯÏÈÚɯÉÌÌÕɯ×ÌÙÚÐÚÛÌÕÛÓàɯÙÌÊÌÐÝÐÕÎɯÛÖxic metals and 

metalloids released from multiple anthropogenic sources, including mining and 

smelting, fossil fuel combustion, agriculture and urbanization, the ability to trace the 

origin and fate of metal(loid) contaminants in the environment is essentia l for 

understanding their potential impacts on ecological and human health, as well as for 

developing useful mitigation and remediation strategies.  

This dissertation helps to fill significant data and knowledge gaps in our 

understanding of the geochemical and isotopic (Pb, Sr, and Ra) signatures of coal fly ash 

and their individual and/or combined use as tracers for coal ash -derived metals and 

metalloids contamination in the environment. Specifically, Chapter 2 shows the 

distinctive Pb isotope signature of fly ash relative to other anthropogenic Pb and natural 

Pb sources in the U.S. and assesses its sensitivity of for detecting the occurrence of even 

small volumes of fly ash in the environment. Chapter 3 shows the distinction of Sr 

isotope ratios between bulk and water-soluble coal fly ash in the U.S. and calls for a 

proper use of Sr isotopes as a tracer for coal ash metal(loid) contamination in different 

environmental settings. Chapter 5 evaluates the utility of an integrative toolkit (i.e., trace 

elements, Ra and Pb isotopes) to detect trace levels of coal fly ash from fugitive emission 

deposited in surface soils near coal-fired power plants. In addition, Chapter 4 of this 
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dissertation provides an important dataset on the compositions of Pb isotopes and REY 

of global phosphate rocks as well as the assessment of their potential utility as 

environmental tracers, which lays the groundwork for future local and regional studies 

on tracing the impacts of metal(loid) contaminants from phosphate rock mining and 

phosphate fertilizer application.  

Using the developed geochemical and isotopic tools (i.e., trace elements and Sr 

isotopes) in tandem with morphologic and magnetic analyses, Chapter 6 of this 

dissertation reveals  unmonitored coal ash releases over the past 40 to 70 years in the 

bottom sediments of five freshwater lakes adjacent to coal-fired power plants across 

North Carolina, mainly resulting from high -magnitude stormwater runoff/flooding and 

direct effluent discharge from coal ash disposal sites, and consequently posing chronic 

ecological risks to the impacted aquatic systems. Chapter 7 specifically quantifies the Pb 

contributions in the impacted lake sediments from released coal fly ash using Pb 

isotopes, indicating a significantly greater contribution of coa l fly ash than the 

atmospheric deposition of leaded gasoline to the accumulation of Pb in the lake 

sediments. Given the systematic inadequacy of coal ash disposal practices in containing 

the release of contaminants to the environment, Chapter 7 further expands the 

investigation into coal fly ash disposals in China and India, with the focuses on 

providing well -characterized Pb isotope compositions and estimating the Pb fluxes 
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associated with disposed fly ash from 2000 to 2020. Finally, Chapter 8 showcases a 

holistic assessment of the legacy anthropogenic contamination of Pb and other 

metal(loid)s in urban soils, showing that fallout radionuclides 137Cs and 210Pb can be used 

to reflect the extent of soil disturbances that can influence the mobilization and 

redistribution of soil contaminants, Pb isotope ratios of soils from different localities in 

the urban area can reflect the persistent and differential impacts of leaded gasoline and 

lead-based paint, and high in vitro bioaccessibilities of Cd, Pb, and Zn ind icates great 

human health risks of the contaminated soils upon exposed via oral ingestion.  

Despite the important contributions, the results of this dissertation research 

underscore the need for closer investigations into and better understandings of the 

biogeochemical processes that regulate the transformations of anthropogenic metals and 

metalloids under various environmental conditions. This has significant implications for 

evaluating the ecological and human health impacts of and developing relevant 

miti gation and remediation strategies for the identified metal(loid) contamination. For 

example, future work should examine the biogeochemical transformations and cycling 

of coal-ash-derived contaminants (i.e., As, Se, Mo, Tl) and their specific ecological 

imp acts on aquatic biota in contaminated lake sediments as shown in Chapter 6. 

Furthermore, as illustrated in Chapter 7, the environmental impacts of coal ash disposal 
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in countries like China and India that are heavily dependent on coal warrant detailed 

investigations. 
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Appendix A: Supplementary Information for Chapter 2 

Text A1: Analytical Techniques  

Sample digestion procedures:  

1. Weigh 10 ± 0.5 mg sample in a 5 mL Teflon beaker; 

2. Add 0.1 mL 29 M HF and 2 mL 15 M HNO3 (optima grade);  

3. Cap and shake the beaker gently, and place it on the hotplate at 160 °C for 

at least 24 hours; 

4. Turn off hotplate and let the beaker cool down;  

5. Slowly uncap the beaker and place both the cap and beaker on the 

hotplate at 140 °C for dry down;  

6. Add 2 mL 6 M HCl to dissolve the dry -down residue, cap the beaker 

tightly and place it on the hotplate at 160 °C for at least 24 hours. 

Lead column separation procedures:  

1. Take aliquots from digested solutions and dry down at 110 °C;  

2. 1ÌËÐÚÚÖÓÝÌɯÐÕɯȃɯƙƔƔɯϟ+ɯƕȭƕɯ-ɯ'!ÙȰɯ 

3. Rinse resin with DI wÈÛÌÙȮɯƙƔƔɯϟ+ɯƚɯ-ɯ'"ÓȮɯÈÕËɯ×ÙÌÊÖÕËÐÛÐÖÕɯÙÌÚÐÕɯÐÕɯƖƙƔɯ

ϟÓɯƕȭƕɯ-ɯ'!ÙȰ 

4. Load sample solutions into resin; 

5. 1ÐÕÚÌɯÚÈÔ×ÓÌɯÞÐÛÏɯȃɯƙƔƔɯϟ+ɯ'!ÙɯÈÕËɯȃɯƖƙƔɯϟ+ɯƖɯ-ɯ'"ÓȰ 
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6. $ÓÜÛÌɯ/ÉɯÜÚÐÕÎɯȃɯƙƔƔɯϟÓɯƚɯ-ɯ'"ÓȰ 

7. Dry down elution, redissolve in HBr and repeat from step 3;  

8. Add one drop of H3PO4 and then dry down completely.  
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Table A1:  Sample collection information of fly ash samples analyzed in this study. 

ESP: electrostatic precipitator; mech: mechanical; baghouse: baghouse filter.  

Sample ID  Sampled Power Plant  Sample Type  
Samplin g 

Year 
Coal Source 

Appalachian Basin, Pennsylvanian age, Bituminous coal  

APP-1 E.W. Brown, KY ESP fly ash 2004 
Central 

Appalachian  
APP-2 E.W. Brown, KY ESP fly ash 2004 

APP-3 E.W. Brown, KY ESP fly ash 2004 

APP-4 Cooper, KY ESP fly ash 2007 

Eastern 

Kentucky & 

Central West 

Virginia  

APP-5 Cooper, KY ESP fly ash 2007 

APP-6 Big Sandy, KY ESP fly ash 2007 

APP-7 Big Sandy, KY ESP fly ash 2007 

APP-8 Big Sandy, KY ESP fly ash 2007 

APP-9 Big Sandy, KY ESP fly ash 2007 

APP-10 Big Sandy, KY ESP fly ash 2007 

APP-11 Big Sandy, KY ESP fly ash 2007 

APP-12 Big Sandy, KY ESP fly ash 2007 

APP-13 TVA Bull Run, TN  fly ash 2011 Central 

Appalachian  APP-14 John Sevier, TN fly ash 2011 

APP-15 Cooper, KY mech fly ash 2013 Southeastern 

Kentucky  APP-16 Cooper, KY ESP fly ash 2013 

Illinois Basin, Pennsylvanian age, Bituminous coal  

ILL -1 Trimble, KY  ESP fly ash 2012 

Western 

Kentucky  

ILL -2 Trimble, KY  ESP fly ash 2012 

ILL -3 Trimble, KY  ESP fly ash 2012 

ILL -4 Trimble, KY  ESP fly ash 2012 

ILL -5 Green River, KY ESP fly ash 2012 

ILL -6 Green River, KY ESP fly ash 2012 

ILL -7 D.B. Wilson, KY ESP fly ash 2012 

ILL -8 D.B. Wilson, KY ESP fly ash 2012 

ILL -9 Coleman, KY ESP fly ash 2012 

ILL -10 Coleman, KY ESP fly ash 2012 

ILL -11 E.W. Brown, KY ESP fly ash 2012 

Indiana  
ILL -12 E.W. Brown, KY ESP fly ash 2012 

ILL -13 E.W. Brown, KY ESP fly ash 2012 

ILL -14 E.W. Brown, KY ESP fly ash 2012 

ILL -15 Trimble, KY  ESP fly ash 2013 Western 
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ILL -16 Trimble, KY  ESP fly ash 2013 Kentucky  

ILL -17 Trimble, KY  ESP fly ash 2013 

ILL -18 Trimble, KY  ESP fly ash 2013 

ILL -19 Trimble, KY  ESP fly ash 2013 

ILL -20 E.W. Brown, KY ESP fly ash 2013 

Indiana  ILL -21 E.W. Brown, KY ESP fly ash 2013 

ILL -22 E.W. Brown, KY  ESP fly ash 2013 

Powder River Basin, Paleocene and Late Cretaceous age, Subbituminous coal  

PRB-1 Kingston, TN  fly ash 2011 

Powder 

River 

PRB-2 Kingston, TN  fly ash 2011 

PRB-3 Kingston, TN  fly ash 2011 

PRB-4 Kingston, TN  fly ash 2011 

PRB-5 Shawnee, KY mech fly ash 2012 

Wyoming  
PRB-6 Shawnee, KY 

baghouse fly 

ash 
2012 

PRB-7 Meramec, MO fly ash 2013 
Powder 

River 
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Table A2: Raw Pb stable isotope ratios of NIST SRM 981 measured in this study. 

Mass bias was calculated by normalizing the raw data to the expected values. 2SD 

(standard deviation) represents the uncertainties.  *Data are from Yuan et al. (2016). 

No. 208Pb/204Pb 207Pb/204Pb 206Pb/204Pb 208Pb/206Pb 206Pb/207Pb 

1 36.4848 15.4234 16.8857 2.1607 1.0948 

2 36.4904 15.4259 16.8866 2.1609 1.0948 

3 36.4853 15.4239 16.8862 2.1607 1.0948 

4 36.4901 15.4248 16.8872 2.1608 1.0948 

5 36.4850 15.4233 16.8856 2.1607 1.0948 

6 36.4759 15.4213 16.8834 2.1605 1.0949 

7 36.4984 15.4262 16.8888 2.1611 1.0947 

8 36.4916 15.4265 16.8873 2.1609 1.0947 

9 36.4926 15.4267 16.8875 2.1609 1.0947 

10 36.4893 15.4245 16.8869 2.1608 1.0948 

11 36.4865 15.4235 16.8858 2.1608 1.0948 

12 36.4872 15.4238 16.8861 2.1608 1.0948 

13 36.4952 15.4272 16.8880 2.1610 1.0947 

14 36.4859 15.4237 16.8860 2.1607 1.0948 

15 36.4864 15.4235 16.8858 2.1608 1.0948 

16 36.4930 15.4246 16.8870 2.1609 1.0948 

17 36.4930 15.4264 16.8871 2.1610 1.0947 

18 36.4846 15.4231 16.8854 2.1607 1.0948 

19 36.4859 15.4237 16.8860 2.1607 1.0948 

20 36.4792 15.4218 16.8839 2.1606 1.0948 

21 36.4802 15.4226 16.8848 2.1605 1.0948 

Mean 36.4876 15.4245 16.8862 2.1608 1.0948 

2SD 0.0109 0.0032 0.0026 0.0003 0.0001 

Expected values* 36.7184 15.4957 16.9406 2.1675 1.0932 

Mass bias (% per amu) 0.16 0.15 0.16 0.15 0.14 
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Table A3: Pb stable isotope ratios, Pb, Th, and U concentrations, and 210Pb activities and 210Pb/226Ra ratios of fly ash 

samples derived from coals of three coal -producing basins from the U.S. SD: standard deviation.  *Data are from Lauer et 

al. (2015). 

Sample ID  208Pb/204Pb 207Pb/204Pb 206Pb/204Pb 208Pb/206Pb 206Pb/207Pb Pb (mg/kg)  Th (mg/kg)  U (mg/kg)  
210Pb 

(Bq/kg) *  
210Pb/226Ra* 

APP-1 39.0050 15.6785 19.2592 2.0253 1.2284 39.24 24.64 11.47 112 0.75 

APP-2 38.8460 15.6816 19.2568 2.0172 1.2280 76.27 28.73 15.08 180 0.99 

APP-3 38.8317 15.6798 19.2280 2.0195 1.2263 123.32 27.94 16.74 256 1.39 

APP-4 38.8407 15.6868 19.1660 2.0266 1.2217 133.88 28.66 19.89   

APP-5 38.8104 15.6807 19.0983 2.0321 1.2180 60.89 23.91 10.95   

APP-6 38.8187 15.6791 19.0666 2.0360 1.2161 84.40 30.06 13.04 186 1.06 

APP-7 38.8278 15.6781 19.0764 2.0354 1.2167 84.18 30.02 12.99 194 1.08 

APP-8 38.8399 15.6845 19.0881 2.0348 1.2170 82.71 29.26 12.82 180 1.06 

APP-9 38.7514 15.6607 18.9771 2.0420 1.2118 83.73 31.05 11.88 162 1.05 

APP-10 38.7454 15.6639 18.9647 2.0430 1.2107 72.69 28.18 10.32 142 0.99 

APP-11 38.7672 15.6737 18.9747 2.0431 1.2107 114.32 28.55 14.32 189 1.16 

APP-12 38.8245 15.6862 19.0073 2.0426 1.2117 118.06 29.37 14.93 205 1.31 

APP-13 38.7853 15.6664 19.0128 2.0400 1.2137 80.42 29.29 12.05 310 1.33 

APP-14 38.8010 15.6735 19.0496 2.0368 1.2154 77.08 24.95 10.75 142 1.06 

APP-15 38.7546 15.6618 18.9786 2.0420 1.2118 47.08 20.04 10.14 121 0.77 

APP-16 38.7940 15.6801 19.1014 2.0310 1.2183 136.30 26.05 18.43 324 1.64 

Mean 38.8152 15.6759 19.0816 2.0342 1.2173 88.41 27.54 13.49 193 1.12 

Median  38.8145 15.6788 19.0715 2.0357 1.2164 83.22 28.60 12.91 183 1.06 

SD 0.0607 0.0085 0.0999 0.0084 0.0060 29.08 2.89 2.90 64 0.24 

ILL -1 38.6719 15.6799 19.2421 2.0097 1.2272 93.84 19.32 19.86 259 1.16 

ILL -2 38.6829 15.6814 19.2205 2.0126 1.2257 101.75 19.50 18.71 265 1.28 

ILL -3 38.6723 15.6733 19.1730 2.0170 1.2233 98.53 19.10 17.03 246 1.30 

ILL -4 38.6299 15.6800 19.3159 1.9999 1.2319 105.73 18.40 24.09 318 1.26 

ILL -5 38.6565 15.6692 18.9740 2.0374 1.2109      
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ILL -6 38.6556 15.6694 18.9930 2.0353 1.2120      

ILL -7 38.7829 15.7155 19.6028 1.9784 1.2473      

Sample ID  208Pb/204Pb 207Pb/204Pb 206Pb/204Pb 208Pb/206Pb 206Pb/207Pb Pb (mg/kg)  Th (mg/kg)  U (mg/kg)  
210Pb 

(Bq/kg) * 
210Pb/226Ra* 

ILL -8 38.7777 15.7141 19.6090 1.9776 1.2479      

ILL -9 38.6744 15.7140 19.5430 1.9789 1.2437      

ILL -10 38.6625 15.7126 19.5663 1.9760 1.2453      

ILL -11 38.7277 15.6767 19.0739 2.0304 1.2168 102.82 20.21 13.19 164 1.13 

ILL -12 38.7117 15.6746 19.0635 2.0307 1.2162 140.77 19.53 15.02 206 1.41 

ILL -13 38.6996 15.6735 19.0356 2.0330 1.2144 213.69 20.71 17.72 299 1.77 

ILL -14 38.6433 15.6614 19.0006 2.0339 1.2132 308.00 22.74 22.20 420 2.13 

ILL -15 38.6064 15.6897 19.4218 1.9878 1.2379 103.32 16.31 24.43 384 1.34 

ILL -16 38.5971 15.6878 19.4179 1.9878 1.2379 113.86 16.29 25.58 386 1.39 

ILL -17 38.6154 15.6925 19.4237 1.9881 1.2377 118.08 16.35 26.62 398 1.48 

ILL -18 38.5942 15.6856 19.4152 1.9879 1.2377 128.96 16.17 26.79 453 1.61 

ILL -19 38.6074 15.6888 19.4145 1.9886 1.2374 129.21 16.22 26.08 488 1.77 

ILL -20 38.6244 15.6651 18.9675 2.0364 1.2109 137.14 19.16 19.35 187 0.86 

ILL -21 38.6130 15.6616 18.9601 2.0365 1.2106 200.58 20.71 21.70 283 1.22 

ILL -22 38.6368 15.6657 18.9236 2.0417 1.2079 114.29 15.92 13.88 130 0.91 

Mean 38.6611 15.6833 19.2435 2.0093 1.2270 138.16 18.54 20.77 305 1.38 

Median  38.6560 15.6800 19.2313 2.0112 1.2265 116.19 19.13 20.78 291 1.32 

SD 0.0534 0.0173 0.2369 0.0244 0.0139 56.90 2.09 4.60 107 0.33 

PRB-1 38.9738 15.6940 19.1529 2.0349 1.2205 59.12 27.47 10.35 123 1.00 

PRB-2 38.9830 15.6945 19.1865 2.0318 1.2224 56.23 27.83 10.72 123 0.98 

PRB-3 38.9892 15.6949 19.2152 2.0291 1.2242 50.09 27.21 10.03 108 0.87 

PRB-4 39.0978 15.7161 19.2506 2.0310 1.2248 26.50 22.95 8.34 72 0.71 

PRB-5 39.1706 15.6915 19.2517 2.0347 1.2269 25.26 25.50 9.12 70 0.64 

PRB-6 39.0669 15.6791 19.1974 2.0350 1.2244 74.97 24.75 11.91 179 1.32 

PRB-7 39.3406 15.7307 19.6022 2.0069 1.2461 38.86 22.20 7.77 98 0.94 



 

 

2
2

8 

Mean 39.0888 15.7001 19.2652 2.0290 1.2271 47.29 25.41 9.75 110 0.92 

Median  39.0669 15.6945 19.2152 2.0318 1.2244 50.09 25.50 10.03 108 0.94 

SD 0.1323 0.0173 0.1527 0.0100 0.0086 18.18 2.24 1.44 37 0.22 
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Table A4: Previously reported Pb stable isotopes data of other anthropogenic and 

geogenic Pb sources in the U.S. SD: standard deviation.  

Sample 206Pb/204Pb 208Pb/206Pb 206Pb/207Pb 

Lead ores (Sangster et al., 2000; Leach et al., 2010) 

Balmat  2.1623 1.0878 

Shafter  2.1074 1.1522 

Austinville/Ivanhoe   2.0370 1.2127 

Central TN   2.0052 1.2452 

Eastern TN  2.0113 1.2402 

Southeast MO  1.8885 1.3390 

Tri -State  1.8788 1.3754 

Upper Mississippi 

Valley  
 1.8698 1.4060 

Mean  1.9950 1.2573 

SD  0.1091 0.1102 

Leaded gasoline (Chow et al., 1965; Sherrell et al., 1992; 

Dunlap et al., 2000) 

 

18.583 2.0546 1.1895 

18.604 2.0558 1.1912 

18.506 2.0664 1.1862 

18.594 2.0593 1.1903 

18.658 2.0655 1.1959 

18.570 2.0558 1.1902 

18.631 2.0505 1.1933 

18.700 2.0482 1.1965 

18.657 2.0507 1.1948 

18.580 2.0601 1.1889 

18.526 2.0633 1.1877 

18.550 2.0635 1.1876 

18.497 2.0681 1.1854 
 2.1500 1.1170 
 2.0400 1.1990 
 2.0480 1.1930 
 2.0600 1.1900 
 2.0820 1.1710 
 2.1090 1.1520 
 2.0980 1.1600 
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 2.1180 1.1420 
 2.1080 1.1570 
 2.1100 1.1450 

Mean 18.5889 2.0733 1.1784 

SD 0.0613 0.0283 0.0220 

Sample 206Pb/204Pb 208Pb/206Pb 206Pb/207Pb 

Lead-based paint  (Rabinowitz et al., 1987; Viczian et al., 1990; 

Jaeger et al., 1998) 

 

18.2482 2.1260 1.1334 

18.6220 2.1030 1.1489 

19.1205 2.0340 1.2332 

18.1159 2.1050 1.1602 

18.5185 2.0970 1.1650 

18.4502 2.0750 1.1752 

17.8571 2.1050 1.1486 

18.7970 2.0950 1.1703 

18.9036 2.0320 1.2061 

18.7617 2.0740 1.1899 

18.2815 2.1230 1.1375 

16.93  1.0940 

17.57  1.1290 

17.45  1.1290 

17.70  1.1400 

18.88  1.1900 

18.72  1.1970 

18.79  1.2050 

18.04  1.1510 

18.17  1.1590 

17.77  1.1330 

18.32  1.1630 

18.19  1.1659 

18.44  1.1822 

18.25  1.1710 

18.50  1.1855 

18.49  1.1849 

18.14  1.1655 

17.71  1.1406 

Mean  18.2667 2.0881 1.1639 
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SD 0.499 0.0317 0.0292 

Aerosols  (Bollhöfer et al., 2001, 2002) 

East U.S. 

18.88 2.0198 1.2140 

19.02 2.0325 1.2105 

19.01 2.0360 1.2080 

19.39 2.0061 1.2314 

19.06 2.0252 1.2159 

19.05 2.0296 1.2131 

18.69 2.0503 1.1955 

18.33 2.0807 1.1733 
206Pb/204Pb 208Pb/206Pb 206Pb/207Pb 

18.43 2.0664 1.1801 

18.36 2.0724 1.1762 

18.43 2.0687 1.1797 

19.19 2.0141 1.2232 

18.89 2.0542 1.1970 

19.04 2.0279 1.2141 

Mid U.S. 

18.96 2.0289 1.2110 

19.18 2.0123 1.2230 

19.12 2.0156 1.2200 

18.62 2.0502 1.1950 

18.78 2.0341 1.2020 

West U.S. 

18.57 2.0589 1.1880 

18.45 2.0655 1.1809 

18.37 2.0740 1.1741 

18.39 2.0772 1.1742 

18.10 2.0936 1.1588 

18.32 2.0919 1.1660 

18.20 2.0994 1.1604 

18.33 2.0782 1.1736 

18.35 2.0773 1.1716 

18.17 2.0841 1.1658 

18.54 2.0582 1.1863 

18.35 2.0733 1.1750 

18.47 2.0680 1.1811 

18.24 2.0817 1.1692 

18.33 2.0717 1.1746 
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18.50 2.0721 1.1846 

18.21 2.0979 1.1599 

18.21 2.0860 1.1652 

18.44 2.0741 1.1751 

18.12 2.0912 1.1623 

Mean  18.59 2.0590 1.1879 

SD 0.36 0.0270 0.0211 

Coals (Chow and Earl , 1972; Díaz-Somoano et al., 2009) 

 

 2.0640 1.1987 
 2.0829 1.1907 
 2.0625 1.1945 
 2.0494 1.2109 
 2.0694 1.1938 
 2.0668 1.1960 
 2.0447 1.2047 

206Pb/204Pb 208Pb/206Pb 206Pb/207Pb 
 2.0464 1.2107 
 2.0201 1.2215 
 2.0526 1.2029 

18.64 2.0730 1.1890 

18.82 2.0619 1.1970 

18.82 2.0623 1.2000 

18.79 2.0627 1.1990 

18.96 2.0442 1.2120 

19.04 2.0284 1.2120 

19.08 2.0446 1.2090 

19.11 2.0190 1.2220 

18.64 2.0799 1.1830 

19.72 1.9643 1.2520 

19.40 2.0346 1.2090 

18.55 2.0855 1.1820 

18.52 2.0777 1.1830 

19.05 2.0375 1.2140 

18.77 2.0683 1.1960 

18.80 2.0636 1.1970 

18.78 2.0803 1.1900 

19.12 2.0375 1.2220 
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Mean  18.92 2.0530 1.2033 

SD 0.30 0.0255 0.0150 

Subsurface soils  (Reimann et al., 2011) 

Virginia  

 2.0512 1.1933 
 2.0548 1.1956 
 2.0657 1.2090 
 2.0542 1.2153 
 2.0688 1.1737 

West Virginia  

 2.0462 1.2182 
 2.0521 1.2228 
 2.0576 1.2012 
 2.0443 1.2223 
 2.0455 1.2210 
 2.0480 1.2241 

Kentucky  

 2.0504 1.2230 
 2.0624 1.2195 
 2.0482 1.2081 
 2.0354 1.2273 
 2.0484 1.2195 
 2.0438 1.2228 

206Pb/204Pb 208Pb/206Pb 206Pb/207Pb 
 2.0353 1.2227 
 2.0427 1.2164 
 2.0350 1.2230 
 2.0318 1.2210 
 2.0184 1.2201 
 2.0290 1.2277 
 2.0317 1.2303 
 2.0294 1.2117 
 2.0397 1.2287 

Illinois  

 2.0414 1.2284 
 2.0182 1.2567 
 2.0068 1.2661 
 2.0262 1.2432 
 2.0322 1.2404 
 2.0262 1.2406 
 2.0239 1.2372 
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Indiana  

 2.0390 1.2355 
 2.0371 1.2175 
 2.0379 1.2220 
 2.0462 1.2235 

Utah 

 2.0726 1.2051 
 2.0805 1.1947 
 2.0720 1.2004 
 2.0702 1.2000 
 2.0733 1.1990 
 2.0504 1.2099 
 2.0541 1.2069 
 2.0528 1.2138 
 2.0671 1.2185 
 2.0357 1.2261 
 2.0480 1.2248 
 2.0407 1.2266 
 2.0427 1.2267 
 2.0561 1.2150 
 2.0628 1.2097 

Mean   2.0458 1.2194 

SD  0.0158 0.0158 

Pristine lake sediments  (Graney et al., 1995; Marcantonio et al., 

2002) 

Great Lakes 

 2.0339 1.2240 

 2.0323 1.2241 

 2.0360 1.2227 

206Pb/204Pb 208Pb/206Pb 206Pb/207Pb 

 2.0349 1.2240 

 2.0350 1.2229 

 2.0344 1.2240 

 2.0328 1.2245 

 2.0456 1.2148 

 2.0477 1.2140 

 1.9899 1.2529 

 1.9899 1.2519 

 1.9965 1.2489 

 2.0527 1.2258 

Chesapeake Bay  2.0563 1.2058 
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 2.0593 1.204 

 2.0572 1.2071 

 2.0547 1.205 

 2.0521 1.2117 

 2.0534 1.2106 

 2.0547 1.2111 

 2.0521 1.2093 

 2.0525 1.2059 

 2.0576 1.2074 

 2.0521 1.2052 

 2.0572 1.2099 

Mean  2.0408 1.2187 

SD  0.0206 0.0144 

 

Table A5: Pb stable isotope ratios (208Pb/206Pb, 206Pb/207Pb), modeled Pb contributions 

from the APP fly ash (%), and percentages of fly ash particles observed in the Sutton 

sediments and Waccamaw sediments.  

Sediment  208Pb/206Pb 206Pb/207Pb 
Pb from APP fly ash 

(%)* 

Ash particles in 

sediments (%) 

(Vengosh et al., 

2019) 

Sutton 1 2.0455 1.2047 10.86 5 

Sutton 3 2.0437 1.2109 54.59 89 

Sutton 4 2.0521 1.2075 30.59 21 

Sutton 5 2.0416 1.2085 37.88 38.7 

Sutton 7 2.0477 1.2075 30.59 27.7 

Sutton 2 2015 2.0432 1.2100 48.32 58.6 

Sutton 3 2015 2.0469 1.2042 6.72 16 

Mean 2.0458 1.2076 31.37 36.6 

Waccamaw 2 2.0526 1.2030   

Waccamaw 3 2.0529 1.2034   

Mean 2.0528 1.2032   
*The calculation of Pb contributions to the Sutton Lake sediments from the APP fly ash 

was based on the binary mixing model below  (Monna et al., 1997; Emmanuel et al., 2002; 

Ettler et al., 2004; Hou et al., 2006):  

Pbsam = 100% × {[(206Pb/207Pb)sam ɬ (206Pb/207Pb)ref] / [(206Pb/207Pb)anth ɬ (206Pb/207Pb)ref]} 
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where Pbsam is the contribution of anthropogenic Pb source in t he sample; (206Pb/207Pb)sam 

is the measured ratio of the sample; (206Pb/207Pb)ref is the known ratio of the reference 

background; (206Pb/207Pb)anth is the known ratio of the anthropogenic Pb source. In this 

study, (206Pb/207Pb)sam is the measured 206Pb/207Pb value of each Sutton Lake sediment; 

(206Pb/207Pb)anth is represented by the mean 206Pb/207Pb value of APP fly ash (Table A3); 

(206Pb/207Pb)ref is represented by the mean 206Pb/207Pb value of Lake Waccamaw sediments 

(Table A5). 
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Figure A1: Comparisons of Pb concentrations and Pb isotope ratios with 210Pb 

activities and 210Pb/226Ra ratios for fly ash samples in this study (Appalachian, blue 

triangles; Illinois, green diamonds; Powder River Basin, yellow circles). Regression 

analysis was repeated both by individual basin and by taking all three basins as a 

whole. The overall analys is statistics are in bold and underlined. r: Pearson 

coefficients; p: p -value (at 95% confidence level). Displayed data are from Table A3. 

 

 

Figure A2: Comparisons of Pb concentration, Th/U ratio, and Th/Pb ratio with Pb 

isotope ratios for fly ash samples in this study (Appalachian, blue triangles; Illinois, 

green diamonds; Powder River Basin, yellow circles). Regression analyses were 

repeated both by individual basins and by taking all three basins as a whole. The 

overall analysis statistics are in bold and underlined. r: Pearson coefficients; p: p -

value (at 95% confidence level). Displayed data are from Table A3. 
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Figure A3: Estimated Pb contribution s (%) from the Appalachian (APP) fly ash to the 

Sutton Lake sediments versus the percentages of fly ash particles observed in the 

sediments. r: Pearson coefficients; p: p -value (at 95% confidence level). The insert lake 

map was modified from Vengosh et al. (2019) and was made with ArcMap (ESRI, 

ArcMap: Version 10.3.1. Redlands, CA: Environmental Systems Research Institute).  
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Appendix B: Supplementary Information for Chapter 4 
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Figure B1: Boxplots showing distribution of Pb isotope compositions 206Pb/204Pb (A) 

and 208Pb/204Pb (B) in marine sedimentary phosphate rock samples analyzed in this 

study sorted by geological age.  

 
Figure B2: Plot of 208Pb/206Pb versus 206Pb/207Pb in bulk and carbonate -fluorapatite (CFA) 

fraction of select phosphate rocks (Table B3). 

  


