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Abstract 

This dissertation focuses on the implications of habitat change in freshwater 

ecosystems. Habitat change has three primary components that are inextricably 

connected; habitat loss, alteration, and fragmentation. Habitat loss is the physical removal 

and/or replacement of “core” habitat such that a new “matrix” habitat exists in its place. 

Habitat alteration is the modification of core habitat that causes a quality change (either 

positive or negative depending on the target species). Habitat fragmentation affects the 

connectivity between core habitat patches in the landscape. Rivers are highly fragmented 

both naturally and anthropogenically, so they represent a system readily available to 

study the impacts of habitat change on ecosystems.  

Four approaches were used to evaluate the impacts of habitat change on 

freshwater ecosystems. First (Chapter 1 as published in the Annals of the New York 

Academy of Sciences with co-authors Dr. Martin Doyle and Dr. David Strayer; see Fuller 

et al. (2015)), a review of the major causes and consequences of habitat change in river 

networks was conducted with the goal of also bridging a theoretical gap between 

terrestrial and freshwater systems related to habitat change ecology. Second (Chapter 2), 

an empirical evaluation of a fragmented (dammed) river reach was used to evaluate the 

local impacts of habitat loss and alteration on physical (sediment), biogeochemical 

(dissolved oxygen), and biological (freshwater mussels) response variables. Third 

(Chapter 3), gene flow model simulations were used to identify the genetic impacts of 

habitat fragmentation at the river-network scale. This simulation effort contrasted the 

impact of habitat fragmentation with species longevity to see how organisms using 

different life history strategies related to lifespan respond genetically to habitat 
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fragmentation. Fourth (Chapter 4), an empirical landscape genomics evaluation of a 

species of freshwater mussel (Elliptio complanata) was conducted to identify its genetic 

response to a river network with a long history of habitat change. 

Conclusions from this research make several contributions to the ecological 

theory of habitat change. First, by applying the habitat change lexicon in terrestrial 

systems to freshwater systems, sharing results and theory across the terrestrial-aquatic 

literature becomes simple and may advance the theory behind habitat change ecology 

more rapidly with more empirical results to draw upon. Second, temporally dynamic 

matrix habitat and species capitalizing on altered edge habitat were identified 

surrounding a local habitat fragmentation agent (a dam), suggesting some species may 

strongly benefit from the presence of edge habitat in river networks. Third, from the gene 

flow model simulations, the life history of a species played an important role in how 

organisms respond genetically to habitat fragmentation where long-lived species appear 

buffered from the genetic diversity loss caused by habitat fragmentation. Finally, the 

empirical evaluation of a freshwater mussel species that has experienced a long history of 

anthropogenic-driven habitat change via water quality alterations, inundation losses, and 

dam fragmentation appears to have maintained a population genetic structure unrelated to 

the expected habitat change in the system. 
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Chapter 1.  Causes and consequences of habitat fragmentation 

in river networks 

 

1.1 Introduction 

Fragmentation of river systems is pervasive and growing, and is a large but 

underappreciated threat to freshwater biodiversity (Benke 1990). Although some of the 

effects of river fragmentation are well known—the effects of large dams on migratory 

fishes (Brown et al. 2013) and waterfalls on geographic distributions of freshwater 

animals (Dias et al. 2013) —many agents other than dams and waterfalls fragment river 

systems, and their effects on habitat and movement of organisms can vary widely. 

Because of time lags and interactions with other human impacts on freshwater 

ecosystems (e.g., climate change, species introductions), the effects of fragmentation are 

not usually expressed immediately, and so are prone to be underestimated. Managing 

freshwater biodiversity will require deliberate management of fragmentation. In addition, 

we believe that emerging theoretical and empirical studies of fragmentation in river 

networks have great potential to advance the general understanding of ecological 

fragmentation. 

Although river networks are naturally fragmented by agents such as waterfalls, 

cascades, and beaver dams, human actions (damming, road building, water withdrawal, 

pollution/water quality barriers, and species introductions) have further divided these 

habitats into ever smaller patches. Human actions influence almost every freshwater 

ecosystem across the globe; only a few undammed rivers remain (Benke 1990) and many 

of these are affected by culverts and other barriers. Anthropogenic fragmentation 
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developed rapidly and at a pace that precluded the ability for aquatic species to evolve 

alongside, so these human actions are affecting the rich biodiversity that is harbored 

within freshwater ecosystems (Fischer and Lindenmayer 2007). These anthropogenic 

effects may increase greatly as the full effects of existing barriers develop, as additional 

barriers are erected, and as fragmentation interacts with other human impacts (e.g., 

climate change) on freshwater ecosystems.  

The goals of this review are (1) to explain how river systems differ from the 

terrestrial ecosystems for which much of the theory of ecological fragmentation was 

developed; (2) to catalog the major agents that fragment river networks and briefly 

describe their effects; (3) to propose a framework for thinking about the effects of 

individual barriers and systems of barriers in river networks; (4) to discuss why it is 

difficult to know precisely how severely fragmentation affects freshwater biodiversity; 

and (5) to suggest how to best understand the consequences of deliberate management of 

river fragmentation. We conclude by identifying core areas for future research, including 

uses of new technology to detect rare dispersal events and implications for future 

restoration of freshwater habitats.  

This review focuses on the longitudinal (see Box 1 for glossary of italicized 

terms) fragmentation of river networks, partly for reasons of space, but also because 

longitudinal fragmentation is ubiquitous across riverscapes and has received considerable 

scientific attention. However, freshwater habitats other than river networks (e.g., lakes, 

wetlands) are important to freshwater biodiversity, as are other physical dimensions of 

connectivity in riverine ecosystems (lateral with the riparian zone and floodplain or 

vertical with the hyporheic zone) (Ward 1989).  
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Box 1. Glossary of terms related to habitat fragmentation and river networks 

Connectivity—Can be either structural or functional. Structural connectivity is the physical 

connection between landscape elements or patches, while functional connectivity is the 

movement of genes, individuals, or populations between landscape elements (Erős et al. 

2012). 

Core habitat—Habitat that is beyond the influence of edge effects (Goetz et al. 2009). 

Dendritic network—River drainage network pattern that resembles the branching structure of 

an oak or chestnut tree (Howard 1967). 

Edge habitat—Part of a patch near its perimeter in which environmental conditions differ 

from interior conditions in the patch as a result of interactions with the surrounding matrix 

(Turner et al. 2001). 

Edge effect—A change in environmental conditions or biological communities near the 

periphery of a patch as a result of interactions with the surrounding matrix. 

Headwater tributary—A small stream in a river network (Gomi et al. 2002). 

Hyporheic zone—A transition zone between the river channel and the underlying ground 

water (Boulton et al. 1998). 

Landscape genetics—The field of study combining landscape ecology and population 

genetics aimed at understanding the interaction of environmental processes and landscape 

features with population and individual genetic structure (Manel et al. 2003). 

Lateral river axis—Dimension of rivers that involves the exchange of materials and 

organisms between the river channel and the riparian zone/floodplain (Ward 1989). 

Longitudinal river axis—Dimension of river that runs along a river as the water flows; 

channel to channel or river segment to river segment (Ward 1989). 

Mainstem—The larger (and often the largest) streams in a river network. 

Matrix habitat—Habitat between the target patch habitat (Fahrig 2003). 

Passability—Attribute of a barrier that describes the ability of a focal organism to overcome 

or traverse through the barrier (Cote et al. 2009). 

Patch habitat—The remaining focal habitat (usually the original habitat before human 

alterations) following fragmentation (Fahrig 2003). 

Permeability—Attribute of a barrier that describes the proportion of a focal population that is 

able to pass the barrier relative to the proportion that would pass if the barrier did not exist 

(Pépino et al. 2012). 

Riparian zone—Transition zone between aquatic and terrestrial environments (Gregory et al. 

1991). 

Vertical river axis—Dimension connecting the river channel water column with the 

subsurface flow beneath the river bed (Ward 1989). 
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1.2 An introduction to ecological fragmentation 

Most work on ecological fragmentation has been done in terrestrial ecosystems, 

and the usual framework for describing and studying fragmentation (Figure 1) reflects 

that origin. The focal habitat is usually some sort of primordial habitat, such as primary 

forest, which has been reduced to a series of disconnected patches by relatively 

inhospitable human-made habitats, such as agricultural fields. These are called patch 

habitat (i.e., the forest) and matrix habitat (i.e., the fields), respectively. This 

fragmentation reduces the connectivity of the habitat for plants and animals that depend 

on the forest habitat. The ability of a landscape to allow organisms to move through it has 

been called connectivity, permeability, or passability, and has been described with a large 

number of metrics (Calabrese and Fagan 2004, Cote et al. 2009).  

Fragmentation almost always affects habitat quality as well as connections 

between habitat patches (Collinge 2009). Often, terrestrial researchers drill down into a 

single patch and identify edge and core habitats. Edge habitat is defined by the 

penetration of some characteristic/trait (e.g., core habitat species diversity or light 

availability) into the patch habitat, causing an edge effect. The impact of edge effects on 

species inhabiting these patches can be estimated using simple core-area models 

(Laurance and Yensen 1991), which define some penetration distance of the edge effect 

into the patch from the matrix habitat to estimate how much patch area is affected by the 

surrounding matrix versus what remains as unaffected patch-core habitat. Edge habitat is 

usually regarded as poorer quality for the focal species than core habitat, so the 

fragmentation harms the focal species by simultaneously reducing landscape 

connectivity, habitat quantity, and habitat quality. This terrestrial model is typically 
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discrete and two-dimensional (presumably because of the patchy nature of land 

conversion and the fact that the foundation theories of island biogeography and 

metapopulations are discrete), although other formulations would be possible.  

 

Figure 1: Analogous parts of a terrestrial forest and a river split by a single 

fragmentation agent (agriculture field and impoundment, respectively). Patch and 

matrix habitat are labeled accordingly and locations for potential edge habitat are 

bracketed. 

Several aspects of this conventional framework apply poorly to river systems. 

First, when thinking about longitudinal connectivity (as opposed to lateral connectivity 

with the riparian zone), it seems most natural to conceive of river networks as dendritic 
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or one-dimensional rather than two-dimensional (e.g., Refs. Gotelli and Tayler (1999), 

Fagan (2002), Campbell Grant et al. (2007), Campbell Grant (2011), Erős et al. (2012)). 

Fully aquatic organisms such as fish essentially always move in the channel (except in 

rare instances in which they are passively moved over land), and even species with aerial 

or terrestrial life stages often disperse chiefly along stream channels (Macneale et al. 

2005, Nilsson et al. 2010, Bogan and Boersma 2012). This changes the analysis of 

fragmentation and connectivity from the conventional model, both because the specific 

dispersal pathway across the landscape is known so precisely and because the shape of 

the habitat network is altered. The dendritic or one-dimensional shape of river networks 

often also makes them more susceptible to fragmentation effects (e.g., smaller average 

fragment size and greater fragment size variance across a fragmented network) than 

terrestrial systems (Fagan 2002).  

Second, water flow in river networks often introduces very strong asymmetry in 

edge effects. The edge effects of some barriers (notably dams) can extend well upstream 

of the barrier, but, as will be discussed below, it is common for the edge effects of 

barriers such as dams, water withdrawals, and waste outfalls to extend very far (even 

hundreds of kilometers) downstream (Collier et al. 1996, Schmidt and Wilcock 2008).  

Third, although patch-dynamics approaches have been used in river systems 

(Townsend 1989, Poole 2002, Thorp et al. 2006), the prevalence of diffuse rather than 

discrete patch edges in river systems may challenge traditional frameworks. For example, 

a wastewater outfall creates a chemical barrier, and it is difficult to delineate the 

downstream boundary of that (degraded) edge habitat patch. Therefore, to apply to river 

networks, the patch-matrix framework might be modified for continuous gradients or 
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conceptualized as multiple patches of transitional habitat through a gradient (Erős and 

Campbell Grant 2015).  

Fourth, edge effects are usually regarded as negative for the focal species in 

terrestrial ecosystems, but some riverine edge effects, notably the downstream effects of 

low dams, may be positive even for riverine species (i.e., not weedy or edge species) – 

for example, species richness and abundance of riverine fish and mussels is often 

enhanced downstream of low-head dams, and riverine freshwater mussel species 

immediately downstream of a mill dam grow faster and to a larger size than conspecifics 

upstream of the impoundment or even farther downstream in the same river (Singer and 

Gangloff 2011, Gangloff 2013). Thus, models of riverine fragmentation may have to 

allow for both positive and negative edge effects.  

Fifth, the permeability of many barriers in river networks varies with discharge 

(the amount of water flowing down the channel). Low dams that are passable during high 

water may be effective barriers when flows are low, and stream channels that are 

continuous and passable most of the year may fragment into a series of unconnected 

pools during dry periods. Consequently, the fragmentation of a river network may change 

greatly between storm events, from wet to dry season, from wet years to dry years, or as 

flows change as a result of water withdrawals or climate change. Studies of terrestrial 

fragmentation have only recently considered the time-variance of abiotic forces (e.g., 

temperature/wind/light in terrestrial matrix habitat or discharge in rivers), except over 

successional time (Driscoll et al. 2013), and it may be more important in river networks 

at both short and long time scales than in terrestrial systems.  



 

 
8 

For these and other reasons, conceptual frameworks developed to describe and 

study fragmentation in terrestrial ecosystems will likely need to be extended and modified 

to apply to river networks (Erős and Campbell Grant 2015). It may even be worthwhile 

for stream ecologists to develop conceptual models of fragmentation de novo rather than 

adapting ill-fitting terrestrial frameworks, although stream ecologists have tended to 

apply theory developed elsewhere rather than develop their own theory (Fisher 1997). 

Finally, we note that because fragmentation in river networks offers a constrained system 

for studying habitat fragmentation, they may be promising settings in which to study the 

general effects of fragmentation on ecosystems.  

1.3 A conceptual framework for barriers in river networks  

We offer a simple framework for assessing the effects of barriers in river 

networks. Let us begin by considering the effect of a single barrier. A barrier has two 

effects on biodiversity: it blocks movement of organisms to some degree, expressed by its 

permeability, and it creates edge habitat (Figure 1-3). Both of these effects can range 

from trivially small to complete (no movement past the barrier, lethal habitat conditions 

in the edge). Edge habitats can extend both upstream and downstream and, with a few 

exceptions (perhaps, beaver dams or run-of- river dams in flat terrain), downstream edge 

effects usually extend farther than upstream edge effects. Likewise, permeability is 

usually asymmetric, and is higher for organisms moving downstream than upstream.  

There are several key differences from the usual treatment of fragmentation in 

terrestrial habitats. As we have already noted, it is most natural to think of the river 

network as one dimensional around a single barrier, in contrast to the two-dimensional 

terrestrial system. Interpatch distance is commonly used as a metric of patch isolation in  
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Figure 2: Identifying parameters of core-length model for (a) an individual river 

segment and (b) a system of barriers. For every fragmentation agent (FAi), there is 

an associated matrix habitat (MAi) and an upstream and downstream edge habitat 

(UEHi and DEHi, respectively). 

 

terrestrial systems (Bender et al. 2003, Tischendorf et al. 2003), but it is clearly 

inadequate as a measure of movement between locations in a river network that may be 

separated by a high dam; both distance and barrier permeability will be important. Edge 

effects around some riverine barriers are positive for even some core species (Gangloff 

2013), so the model has to allow for both positive and negative edge effects. Because 

edge effects in river systems often have diffuse boundaries, particularly on the 

downstream side, it may be more useful to model the stream network as continuous rather 

than as a series of discrete patches, and asymmetry of permeability and edge effects 
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Figure 3: Hypothesized range estimates for the length of matrix habitat created for 

various fragmentation agents (box length on log scale). Arrows represent the 

approximate range in upstream or downstream penetration distance for potential 

edge effects caused by each fragmentation agent. 



 

 
11 

should probably be the default assumption in models of fragmentation in river networks 

because such asymmetries can have strong effects on population persistence (e.g., Refs. 

Muneepeerakul et al. (2008) and Vuilleumier et al. (2010)). Finally, both permeability 

and edge effects may be strongly stage or time dependent, so depending on the purpose of 

the model, it may be necessary to incorporate temporal variation into the model, or at 

least use time- or stage-specific parameter values, such as maximum annual permeability 

or permeability during a spawning migration.  

Of course, most river systems contain many barriers, so a framework must 

consider the possibly interactive effects of multiple barriers. As in the case of a single 

barrier, multiple barriers affect both dispersal and habitat. The basin-wide effects of 

barriers on dispersal are most often evaluated using the dendritic connectivity index 

(DCI) (Cote et al. 2009), which is the probability that an organism can move between two 

randomly chosen points in the river network: 

𝐷𝐶𝐼 =  ∑ ∑ 𝑐𝑖𝑗
𝑙𝑖

𝐿

𝑙𝑗

𝐿
∗ 100𝑛

𝑗=1
𝑛
𝑖=1    Equation 1 

where cij is the connectivity between sections i and j, li is the length of section i, and L is 

the total length of stream channel in the network. If there are multiple barriers between i 

and j, their connectivities are assumed to be multiplicative, and cij is calculated as the 

product of upstream and downstream connectivity across barriers. Cote et al. (2009) 

offered a modification for diadromous species (i.e., those that must reach the mouth of 

the network), and it would seem straightforward to make similar modifications to 

consider focal species that occupy only parts of the network (i.e., fourth-order streams 



 

 
12 

and larger), or are obligate migrants between known parts of the network (i.e., 

potamodromous species). The assignment of equal importance to upstream and 

downstream connectivity could be inappropriate for some purposes, and might also need 

to be modified.  

In practice, it may be hard to estimate every cij precisely, especially for barriers 

whose effectiveness is incomplete or variable with stage (e.g., low dams, beaver dams, 

and culverts). In such cases, it would still seem worth exploring the utility of analyses 

using a modified DCI with simple ordinal assessments of connectivity based on expert 

opinion (e.g., 0 = never passable; 1 = rarely passable; 2 = partially passable).  

In addition to considering the effects of multiple barriers on dispersal, it will be 

necessary to consider their edge effects, both upstream and downstream, to scale 

individual barriers up to cumulative systems of barriers. One first step would be to 

calculate the total amount of remaining core habitat and the total length of river that has 

been affected by habitat fragmentation (Figure 2b). To calculate the remaining core 

habitat in a fragmented river network, begin by determining the total affected length 

(TAL) in the river network. The TAL is the sum of all matrix plus edge habitats created by 

each fragmentation agent in the network, and is calculated as: 

𝑇𝐴𝐿 =  ∑ 𝐸𝐻𝐷𝑖 + ∑ 𝐸𝐻𝑈𝑖 + ∑ 𝑀𝐻𝑖
𝑛
𝑖=1

𝑛
𝑖=1

𝑛
𝑖=1   Equation 2 

where n is the total number of fragmentation agents in the network, EHDi is the 

downstream edge habitat, EHUi is the upstream edge habitat, and MHi is the matrix 

habitat created by fragmentation agent i (Figure 2b). The total remaining core length 

(TCL) of the network is simply:  
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𝑇𝐶𝐿 = 𝑇𝑁𝐿 – 𝑇𝐴𝐿     Equation 3 

where TNL is the total network length. 

Although a statistic like the TCL may be useful for coarse evaluation and 

comparison among river networks, it has several shortcomings. First, like the DCI, it is 

highly species dependent, and will need to be evaluated separately for different species or 

guilds of species. Second, it does not consider the quality of either the core habitat or the 

affected habitats, although it is highly unlikely that core habitats will all be suitable or 

affected habitats will all be unsuitable for the focal species.  

In addition, the network-wide effects of a system of barriers will depend on the 

shape of the drainage network. River networks vary in shape and network branching 

structure depending on the geology of the landscape (Howard 1967). Models suggest that 

these details will affect metapopulation functioning and the effects of barriers (e.g., Refs. 

Campbell Grant (2011) and Yeakel et al. (2013)). Finally, and as we discuss next, all 

metrics of fragmentation and connectivity are functions of the characteristics of the 

fragmentation agents, which vary widely. While this quantitative approach provides a 

method of conceptualizing fragmentation, connectivity, and habitats, the continuous and 

nondichotomous nature of river systems makes the approach a starting point at best.  

1.4 Type and extent of fragmentation agents in river networks  

Fragmentation may be caused by any agent that decreases the movement of 

organisms, either upstream or downstream, such that the organism is impeded (but not 

necessarily completely blocked) from moving between two patches of suitable habitat. 

Causes of fragmentation in river networks are highly varied (Table 1), and barriers in 
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river networks range in form, permeability, permanence (Figure 4), spatial location 

(position within the river network), and abundance (frequency or density within a river  

basin).  

 
Figure 4: Hypothesized relationship between barrier permeability and longevity, 

with some typical fragmentation agents plotted. 

For simplicity, we distinguish anthropogenic from natural barriers, and recognize 

three broad classes of barriers: physical barriers that prevent movement of organisms 

(e.g., dams, culverts, and dry sections of channel); habitat barriers in which 

physicochemical conditions discourage or prevent movement (e.g., thermal or chemical  



1
5
 

 

   

Table 1: Major fragmentation agents, their origin (natural or anthropogenic), primary barrier form (with secondary 

and/or tertiary forms), and what drives their distribution and frequency across the landscape. 

Fragmentation agent Origin Barrier form Distribution and frequency driver 

Beaver/Debris dam Natural Physical (Habitat, Biological) Riparian Habitat 

Culvert Anthropogenic Physical Road density 

Dam Anthropogenic Physical (Habitat, Biological) Geologic, topographic and climatic 

Lake/Wetland Natural Physical (Habitat, Biological) Topographic/geologic 

Losing reach/intermittent river Natural or Anthropogenic Physical Topographic/human 

Pollution barrier Anthropogenic Habitat Human population density 

Species introduction/human harvest Anthropogenic Biological Human population density 

Thermal barrier Natural or Anthropogenic Habitat Human population density 

Waterfall/Cascade/Canyon Natural Physical Topographic 
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pollution, large lakes or reservoirs that are inhospitable to riverine specialists); and 

biological barriers, such as dense populations of predators, competitors, or diseases. 

Some barriers (e.g., hypolimnetic release dams) belong to more than one of these classes. 

Most barrier types exist within specific environments (e.g., waterfalls and 

cascades usually exist where topographic variation is large enough to generate these 

steep-slope reaches) and therefore cluster within portions of a river network rather than 

being evenly distributed (Yeakel et al. 2013). The location and abundance of barriers thus 

vary widely within and across regions in predictable ways (Table 1) (Montgomery 1999). 

Anthropogenic barriers cluster not only where the underlying geology or landscape is 

favorable, but also where humans need them. For example, point-source pollution outfalls 

(chemical pollution barriers) are clustered in urban areas, and culverts are more numerous 

in areas with high road densities (including roads in rural and less-developed areas such 

as forests). Dams cluster where geology, topography, and climate meet appropriate 

conditions for dam structural integrity, storage, and flow requirements. Therefore, very 

large high-head dams are less frequent in areas of very low relief, particularly in 

comparison to the more ubiquitous low-head dams that typically pepper regions of 

moderate relief. For instance, in North Carolina, dams are more abundant on the 

Piedmont (4–7 dams/100 km
2
 or 7– 12 dams/100 km of stream), an area of moderate 

relief, than on the flatter Coastal Plain (~1 dam/100 km
2
 or ~3/100 km of stream) (data 

modified from Hoenke et al. (2014)).  

As already mentioned, many of these fragmentation agents also alter habitat. In 

the following section, we briefly catalog the common causes of fragmentation in river 
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networks, their frequency and spatial distribution, and their effects on habitat and 

movement of organisms.  

1.4.1 Natural fragmentation agents  

Waterfalls, steep cascades, and canyons are physical barriers that generally exist 

in landscapes of high relief or where streams cross resistant geologic strata (e.g., Niagara 

Falls, the Fall Line in the southeastern United States) (Chisholm 1885, Alexandrowicz 

1994, Wobus et al. 2006, Hayakawa and Matsukura 2010). These features can cover 

either long or short sections of channel (Figure 3). Many waterfalls have little edge effect 

on either upstream or downstream habitat. In contrast, cascades and canyons can extend 

for hundreds of kilometers (the 504-km-long Tsangpo Canyon along the Yarlung 

Tsangpo River in Tibet) of river and create large matrix habitat patches between river 

segments. Depending on the canyon, edge effects may extend downstream, but it is likely 

that upstream edge effects on habitat will be minimal. Waterfalls, cascades, and canyons 

are significant for restricting dispersal of fully aquatic organisms (e.g., see Dias et al. 

(2013)). However, for semiaquatic organisms with terrestrial life stages or aquatic 

organisms with resistant life stages (e.g., seeds of aquatic plants, resting eggs of 

crustaceans), these short interruptions of the channel are only minor barriers, especially if 

flight (e.g., many aquatic insects) over the barrier is possible (Alp et al. 2012). Long 

cascades/canyons may be effective barriers even for aquatic organisms with terrestrial or 

resistant life stages (e.g., seeds, resting/dormant eggs) and riparian species (Werth et al. 

2014).  

Natural lakes have a variety of origins, including glacial, tectonic, coastal, 

riverine, and volcanic formation, and typically cluster according to the mechanism of 
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origin (Hutchinson 1957, Kalff 2002). Most of these lakes greater than 1 ha are derived 

from glacial processes, so river networks in glaciated regions tend to have higher 

densities of natural lakes (Whitbeck 1903, Meybeck 1995). The largest lakes extend for 

hundreds of kilometers (Caspian Sea, Laurentian Great Lakes) and can constitute nearly 

complete habitat barriers for riverine organisms (Ortmann 1924, Mandrak and Crossman 

1992) because of their lack of flow and distinctive physical and chemical conditions. The 

downstream edge effects of lakes can be considerable, with distinct physicochemical 

conditions and benthic communities in their outlets (Richardson and Mackay 1991); 

upstream edge effects apparently have not been noted.  

Wetlands that interrupt the river network may also function as barriers that change 

habitat conditions such as current speed, water temperature, and substratum type. 

Wetlands may also produce water chemistry that is stressful to typical riverine species, 

such as low dissolved oxygen, low pH, or high dissolved organic carbon, in and 

downstream of the wetland (Talling 1957). It is difficult to assess the importance of 

wetlands as barriers in river networks because global inventories of wetlands are often 

made by summing their cumulative surface areas rather than enumerating them within a 

river network (Aselmann and Crutzen 1989, Stillwell-Soller 1995), but they are at least 

regionally important. Beaver dams and large woody debris dams are common physical 

barriers similar in their material composition and partial permeability. Although both 

commonly occur as small-scale (< 10 m of stream channel) barriers on small streams 

(Montgomery et al. 2003, Pollock et al. 2003), complexes of multiple beaver dams and 

ponds may cover kilometers of stream (Polvi and Wohl 2013), and large woody debris 
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jams have been reported to cover hundreds of kilometers of channel on a large river 

(Triska 1984, Montgomery et al. 2003).  

Beaver dams were common (~10 dams/km of stream (Naiman et al. 1988)) 

throughout much of the range of the North American beaver (Castor canadensis). The 

European beaver (Castor fiber) is not as well known for building dams (they dig bank 

burrows instead of building dams to form a moat around their dens), so streams in its 

range probably were less affected by damming (Rosell et al. 2005). The geographic 

extent and numbers of beaver dams have fluctuated wildly in recent centuries, as both 

species were trapped to very low population densities before starting to recover, and as 

North American beavers were introduced into Europe and Tierra del Fuego (Anderson et 

al. 2009, Dewas et al. 2012). Woody debris dams are presumably common throughout the 

range of forests (Montgomery et al. 2003). Beaver dams and large woody debris barriers 

are probably fairly permeable to most stream-dwelling organisms, especially during high 

flow, but may be effective barriers during low flow.  

In smaller streams, or in streams and rivers flowing through arid and semiarid 

regions, intermittent flow conditions can naturally fragment the river network. When 

streams lose flow, the normally continuous aquatic system becomes a series of 

disconnected pools, where the deeper areas retain water and associated organisms. While 

intermittent streams were initially ignored in the ecological literature, a classic study by 

Stanley et al. (1997) drew attention to the effect of drying on essentially reconstructing a 

continuous ecosystem into a series of distinct, individual ecosystems for potentially long 

periods of time. They showed that much of the theory that had been developed in 

terrestrial ecology with regard to shrinking patches could be applied, in relatively short 
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time windows, to contracting aquatic ecosystems in dryland regions. In one sense, these 

fragmented pools create refugia, which then serve as a source of colonists once the 

stream rewets (Dewson et al. 2007a, 2007b, 2007c, 2007d, James et al. 2008, James and 

Suren 2009). In another sense, there is increased competition for resources within these 

refugia—resources that become scarcer as the isolation continues. While most studies of 

fragmentation via drying have focused on small streams, the theory should apply to larger 

systems as well, although the complete, natural loss of flow in large systems is less likely 

than in the more characteristically flashy small streams.  

Habitat barriers also occur naturally in rivers, both large and small. Natural 

habitat barriers include thermal barriers (Nelson et al. 2002), hypoxic reaches in and 

downstream of wetlands (Talling 1957), or where tributaries with distinctive water 

chemistry converge (Winemiller et al. 2008) to restrict movement of organisms. Such 

barriers are uncommon or absent from many river systems. Natural habitat barriers are 

likely partially permeable, and their permeability is very species specific, depending on 

individual tolerances to temperature and water chemistry. Consequently, the size of the 

matrix habitat created by these agents (which is the thermal or chemical plume itself) will 

be variable according to species as well.  

Finally, purely biological barriers that do not affect physical (beaver dams) or 

chemical (anoxia from high rates of microbial decomposition) conditions must be 

important in natural river networks as well, although they seem not to have received 

much research attention. Examples would include the presence of a predator in a 

mainstem river that reduces dispersal of a prey species from one tributary to another 

(Gilliam and Fraser 2001) or a strong competitor in some parts of the network that 
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increases the distance and reduces the connections between viable populations of a 

species in a river network. For some aquatic invertebrates, the presence of a fish predator 

in a stream alters invertebrate behavior by reducing their affinity to drift downstream, and 

consequently may encourage isolation of populations in headwater tributaries (McIntosh 

and Peckarsky 1996). Additionally, terrestrial predators can be barriers to aquatic species, 

as in the case of bears consuming salmon during annual spawning runs (Gard 1971).  

1.4.2 Anthropogenic fragmentation agents  

Dams are the most important way humans fragment river networks worldwide 

(Dynesius and Nilsson 1994, Van Looy et al. 2014) because of their large numbers and 

extensive ecological impacts. In the United States, the National Inventory of Dams 

records ~87,000 dams taller than ~3 m (US Army Corps of Engineers 2013), and > 2 

million impoundments exist with dams less than 3 m tall in the United States (Smith et al. 

2002). Often, these small dams are excluded from analyses because the grain size of the 

geographic information system data is too coarse to determine their relationship with 

streams and rivers (impoundments appear isolated from the river network rather than 

having stream connections) (Hoenke et al. 2014). Dams vary widely in permeability, 

from high dams with large impoundments that are nearly complete barriers to fully 

aquatic organisms and strong barriers even to species with terrestrial or resistant stages, 

to low dams with small impoundments that pose no barrier to species with terrestrial or 

resistant stages, and are passable at least during high water even by fully aquatic species. 

Although most of the world’s dams are small, there are enough large dams of very low 

permeability to fishes and other organisms that they are fragmenting and eliminating 

many riverine populations (e.g., Refs. Morita and Yamamoto (2002), Nilsson et al. 
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(2010), and Brown et al. (2013)), or affecting their genetic structure and connectedness 

(e.g., Refs. Alo and Turner (2005), Watanabe et al. (2010), Horreo et al. (2011), and 

Roberts et al. (2013)).  

Dams can have strong and spatially extensive edge effects both upstream and 

downstream, which have been studied extensively by ecologists (Stanford and Ward 

1979, Ligon et al. 1995, Friedl and Wüest 2002). The reservoir impounded by the dam, 

which can be very large (hundreds of kilometers), creates a habitat barrier in the form of 

lake-like conditions in the place of a free-flowing river. Riverine populations in 

tributaries to the reservoir, newly isolated by the habitat barrier of the reservoir, may be 

subject to high rates of extirpation (Matthews and Marsh-Matthews 2007). Populations of 

predatory fishes, such as smallmouth bass in and around the reservoir, may also serve as a 

biological barrier reducing movement between sections of river (Rieman et al. 1991). 

There are comparable downstream impacts which can similarly expand for substantial 

distances downstream. Depending on the structure and operations of the dam, hydrology, 

temperature, water chemistry, and sediment composition and dynamics may be very 

severely affected, completely restructuring aquatic habitat far downstream of the dam 

(Ligon et al. 1995). Thus, in many moderately to heavily dammed modern river systems, 

the entire mainstem of the river may consist of edge habitats whose characteristics are 

determined by dam operations.  

Though generally more permeable than even small dams, culverts and other road-

crossing structures are increasingly recognized as limiting aquatic organism dispersal 

(Blakely et al. 2006, Norman et al. 2009, Kemp and O’Hanley 2010, Perkin and Gido 

2012, Januchowski-Hartley et al. 2013). Road crossings and culverts usually greatly 
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outnumber dams (Figure 5), and their impacts are typically concentrated in the headwater 

reaches of watersheds. Old culverts in steep terrain are especially likely to be 

impermeable (Park et al. 2008, Januchowski-Hartley et al. 2013).  

 

Figure 5: Comparison of the number of (a) dams and (b) culverts/road crossings 

within the North American Great Lakes basin. Figure reprinted from Januchowski-

Hartley et al. (2013). 

 

The alteration of hydrology at the local and regional scale through groundwater 

and surface water withdrawals can create an anthropogenic amplification of drought-

induced fragmentation. Because such anthropogenic withdrawals are far more prevalent 

in dry regions, the streams and rivers of these areas will already be susceptible to flow 
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losses; human actions exacerbate such impacts, thus making these ecosystems more 

fragmented than they were previously (Falke et al. 2011). As humans continue to move 

into arid regions and continue to effectively alter the hydrology of these regions, there 

has been considerable attention to how these ecosystems are being affected by 

fragmentation, particularly as these systems shift from being occasionally fragmented to 

being dry, and perhaps only occasionally actually connected (Paetzold et al. 2008, Acuña 

and Tockner 2010, Steward et al. 2012). The potential role of climate change in 

amplifying this drying tendency is now also being considered, particularly for how it 

might alter connectivity of stream networks (Jaeger et al. 2014).  

Anthropogenic habitat (chemical and thermal) barriers are observed mostly as 

pollution barriers to organism movement (Maes et al. 2008, Winemiller et al. 2008). 

Pollution barriers can occur via low dissolved oxygen concentrations or high water 

temperatures unsuitable for species to inhabit (Maes et al. 2008). Inputs of labile organic 

matter (e.g., sewage, paper pulp waste) and eutrophication are common causes of low 

dissolved oxygen concentrations, while hot water discharges from power plants or 

outfalls draining urban landscapes can elevate stream temperatures (Klein 1979). Point 

source inputs create matrix habitat with distinct upstream boundaries, but downstream 

boundaries can be diffuse as a result of physical mixing, inputs from tributaries and 

ground water, and biogeochemical reactions. Thus, similar to the diffuse, long 

downstream effects of a dam (which is a singular point), a point source of chemical or 

thermal pollution will often create a diffuse, long downstream type of new habitat that is 

a continuum, but most distinct at its upstream edge.  
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Biological barriers of human origin may also be important in modern river 

networks. Fresh waters have been heavily invaded by nonnative species, many of which 

have strong ecological effects (Strayer 2010) and could therefore affect connectivity in 

river networks. In particular, the very widespread introductions of large, predatory fishes 

(e.g., Salmonidae, Esocidae, large catfishes, Micropterus spp.) may have been especially 

effective in reducing network connectivity for small fishes and other prey. On the other 

hand, the very large harvest of species such as predatory fishes in many fresh waters 

(Allan et al. 2005) could increase connectivity for prey species. Likewise, the spread of 

diseases such as amphibian chytriomycosis, salmonid proliferative kidney disease (Wahli 

et al. 2002, Hari et al. 2006), and crayfish plague may have substantially reduced 

connectivity for some species. Introduced competitors may be important as well. Zebra 

mussels eliminate or reduce populations of unionid mussels in large rivers and lakes, but 

not in headwater streams (Ricciardi et al. 1998). Remaining unionid populations in these 

headwater streams are presumably less connected than they were before zebra mussels 

arrived. Thus, it seems likely that biological barriers are important in some river networks 

today, although they have not received much formal study, especially within the context 

of habitat-fragmentation effects. The sizes, shapes, and edge effects are presumably 

highly varied, depending on the ranges, habits, and effects of the causative and target 

species.  

Although many river systems are naturally fragmented, it would be a mistake to 

conclude that additional anthropogenic fragmentation of river networks is therefore 

unimportant. Anthropogenic barriers often are numerous and highly impassable, create 

spatially extensive edge habitats in which environmental conditions may be entirely 
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novel or harsh to riverine biota, and can exist in regions where natural fragmentation is 

minimal. Consequently, dismissing anthropogenic fragmentation because natural 

fragmentation exists would be misleading. 

1.5 Net effects of anthropogenic fragmentation 

How has the widespread fragmentation of river networks affected freshwater 

biodiversity? We know that many river networks are now highly fragmented, and that 

fragmentation may contribute to the loss of the populations isolated in the fragments, 

thereby affecting the composition of communities (Campbell Grant 2011, Miyazono and 

Taylor 2013), but the overall effects of fragmentation are not yet clear. Some studies have 

reported strong effects of fragmentation (e.g., Refs. Morita and Yamamoto (2002), Fagan 

et al. (2005), Hugueny et al. (2011), and Perkin and Gido (2012)), leading to general 

statements such as “habitat fragmentation is one of the major causes of local and regional 

species extinctions in fresh water ecosystems,” (Miyazono and Taylor 2013) whereas 

other studies have been unable to detect the effects of fragmentation, or found its effects 

to be less severe than the effects of other drivers (e.g., Refs. Branco et al. (2012), 

Mahlum et al. (2014), and Tonkin et al. (2014)).  

Several factors may contribute to this lack of clarity about the effects of 

fragmentation. First, population losses following fragmentation are often the result of 

interactions with other drivers, rather than a simple effect of fragmentation. That is, 

although some losses will result from demographic or genetic problems in very small 

populations, many isolated populations will be eliminated by droughts (Perkin et al. 

2013), floods, chemical spills, diseases, and so on, and then will be unable to recover 

because of their isolation. Such losses may be attributed to the proximate cause of the 
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loss, but are properly viewed as a joint result of the proximate cause and fragmentation—

both causes are necessary to eliminate the population. This class of fragmentation loss 

will become increasingly important as climate change and other human pressures on fresh 

waters intensify and increase local extinction rates (Hein et al. 2011), so it is important 

not to overlook it.  

Second, unlike population losses from chemical spills, droughts, or diseases, 

which occur more or less instantaneously, the full extent of population losses from 

fragmentation may not be expressed for a long time after the initial fragmentation (Box 

2). This time lag occurs because isolated populations are lost as a result of demographic 

stochasticity, genetic degradation (from inbreeding depression and/or genetic drift), or the 

impact of some infrequent environmental stress (see above), none of which occurs 

immediately after fragmentation. Indeed, the full effects of fragmentation may take 

centuries or even millennia to play out (Figure 6) (Montgomery 2000). This suggests that 

studies performed soon after fragmentation (even decades after fragmentation) will 

underestimate its effects (sometimes severely), and generate a discrepancy in the time 

scales between rapid time-sensitive conservation action and slow metapopulation 

response to fragmentation.  

Third, almost all agents of fragmentation in river networks also have strong 

effects on habitat quality. Some of these effects are beneficial, even to riverine species 

(Gangloff 2013), and they usually increase habitat heterogeneity within the river network 

(e.g., Refs. Stanley et al. (1997) and Smith and Mather (2013)). Because increased habitat 

heterogeneity often increases biodiversity (Ricklefs and Schluter 1993), the effects of 

fragmentation on dispersal and habitat heterogeneity may have opposing effects on  
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Box 2. Extinction debt and freshwater fragmentation 

Extinction debt is the number of species that are destined to become extinct in the 

future as a delayed result of past events (Tilman et al. 1994). In the context of 

fragmentation, these could be species that will be lost as a result of demographic 

stochasticity or catastrophic events operating on isolated populations many years after 

the initial fragmentation. Extinction debt is highly relevant to river fragmentation 

because the dynamics of biodiversity change arising from fragmentation may be slow, 

and in particular much slower than those caused by other driving variables (e.g., 

overharvest, pollution, and disease). Consequently, the extinction debt arising from 

fragmentation may be especially large, and the eventual effects of fragmentation may 

be much greater than they appear to be from short-term studies. Extinction debt is 

likely to be largest for basins that were severely and recently fragmented, and where 

disturbances that eliminate local populations (e.g., desiccation, pollution, and disease) 

are frequent; species that are long-lived, rare, or poorly dispersing; and populations 

that are near the extinction threshold (i.e., where populations are nearly large enough 

to persist) (Strayer 2008, Kuussaari et al. 2009). Although extinction debt is thought to 

be large in fragmented river networks (Strayer 2008, Olden et al. 2010) and has been 

the subject of discussion and modeling (Tilman et al. 1994, Strayer 2008, Kuussaari et 

al. 2009), it has rarely been estimated in nature (Kuussaari et al. 2009, Olden et al. 

2010). 
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Figure 6: Contours estimating the probability of extinction for isolated populations 

of resident (i.e., nondiadromous) fish as a function of the drainage basin size and 

time since the basin was isolated, based on analyses of postglacial losses by Hugueny 

et al. (2011). These estimates are very approximate, and probably underestimate 

extinction rates in modern drainage basins that are heavily affected by human 

activities, but illustrate the strong dependence of species losses in isolated basins on 

the size of the basin and time since isolation. 

biodiversity in the river network. However, some of the increased biodiversity at the 

basin scale that results from this habitat transformation may consist of species that were 

not present or prominent in the natural river network, such as standing-water species in 
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reservoirs. Some feel that this artificial biodiversity may have less value than natural 

biodiversity (Angermeier 1994). Furthermore, because many of these standing-water 

species (e.g., largemouth bass) are widely introduced and have broad ranges, 

fragmentation may decrease across-basin or global biodiversity (by eliminating riverine 

endemics) while increasing within-basin biodiversity (by encouraging broadly distributed 

standing-water species). Nevertheless, some kinds of fragmentation may increase 

network biodiversity, whereas other kinds may decrease biodiversity (Figure 7), so it 

seems unlikely that river fragmentation will always harm biodiversity. Given the long 

time lags, we suspect that most forms of anthropogenic fragmentation will decrease 

biodiversity, however, because they have developed rapidly (compared to the pace of 

evolution), they are pervasive, have large effects on permeability and habitat, and often 

are placed into networks that historically lacked natural barriers. 

Fourth, the effects of fragmentation depend on the size of the resulting fragments. 

The effects of fragmentation should be most severe for small populations in small basins, 

because such populations should be most subject to the demographic, genetic, and 

environmental problems that extinguish local populations. In practice, this means that 

fragmentation effects should be most severe in small fragments of river basins, as has 

been observed (e.g., Refs. Morita and Yamamoto (2002) and Perkin et al. (2013)). 

Indeed, the analysis of Hugueny et al. (2011) suggests that the dependence of extinction 

rates on fragment size may be very steep (Figure 6), so that populations in small 

fragments can be at high risk of loss from fragmentation at the same time that populations 

in moderately large fragments are nearly immune from this risk.  
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Fifth, the effects of fragmentation are different on different kinds of species 

(Watanabe et al. 2010, Alp et al. 2012) and take different amounts of time to be 

expressed. It has long been known that obligate diadromous species, such as many 

 
Figure 7: Riverine barriers may create opposing effects on basin-scale biodiversity 

by simultaneously decreasing permeability and increasing habitat heterogeneity. 

The balance between these effects depends on the frequency of population-

threatening disturbances, as shown by the zero-effect lines at high and low 

disturbance rates. 

salmonids and alosines, are severely and immediately affected by fragmentation (e.g., 

Refs. Schick and Lindley (2007), Limburg and Waldman (2009), and Lierman et al. 

(Liermann et al. 2012)). It is perhaps less well appreciated that potamodromous fish 
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species (those that migrate entirely within river systems, sometimes over very long 

distances) are common in river networks (Chapman et al. 2012, Brönmark et al. 2013), 

and these species should also be strongly and quickly affected by fragmentation. At the 

other end of the spectrum are species that may truly be relatively insensitive to 

fragmentation (habitat generalists with strong dispersal through flying adults or passively 

dispersed resting stages). Finally, nonmigratory species with weak dispersal abilities, 

which constitute a large fraction of riverine species, should be sensitive to fragmentation, 

but may respond much more slowly than migratory species, which may lead to an 

underestimate of the effects of fragmentation.  

All of this suggests that it is unreasonable to expect a single, simple signal of 

fragmentation that applies across all systems, species, and barriers, and that a 

comprehensive analysis of the effects of fragmentation will require careful consideration 

of species biology, disturbance regimes, other human impacts, network characteristics, 

barrier attributes, and time. Moreover, these considerations suggest that it will be easy to 

underestimate the long-term effects of fragmentation. Yet, at the same time, current 

understanding suggests that fragmentation can be a powerful change agent for aquatic 

ecosystems. 

1.6 Management implications 

Natural resource managers and agencies whose role is species conservation (e.g., 

federal agencies such the United States Fish and Wildlife Service, state agencies such as 

the North Carolina Natural Heritage Commission) are often faced with translating rapidly 

developing and evolving science into management practices. The development of 

ecological theories of extinction debt (Box 2) and habitat fragmentation may provide 
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useful tools for species and habitat managers, but translating those ideas into practices is 

necessary first. Fragmentation in a river network can be managed to protect the 

populations it contains by removing or adding barriers or by adjusting their permeability 

(by adding fish passage structures (Roscoe and Hinch 2010), replacing culverts (Favaro et 

al. 2014), and similar actions) (Figure 8). Although reducing fragmentation has been the  

 

Figure 8: Decision tree explaining the process by which habitat fragmentation could 

be managed in river networks. 
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usual goal of conservation and restoration projects, increasing fragmentation can be a 

valuable tool to reduce the spread of invasive or nuisance species (Fausch et al. 2009, 

Rahel 2013). Rather than simply assuming that fragmentation should be restored to  

natural levels, a conservation planner must first decide on the optimal level of 

fragmentation to reach the conservation goal (Fullerton et al. 2010). Next, the manager 

needs to be able to predict the effects of adding, removing, or modifying particular 

barriers at specific points in the network and to understand the practical and political 

feasibility of the potential management options.  

The adjustment of barrier permeability needs careful consideration (Figure 8). 

Under certain conditions, barrier removal might not be feasible, necessary, or the best use 

of limited resources. Depending on the conservation goal, barrier modification to increase 

permeability for the target species may be sufficient. For example, minimum flows can 

alleviate the barrier effects of drying, fish ladders can alleviate the barrier effects of dams, 

and culvert alteration or improvement can alleviate the barrier effects of roads. These 

mitigation efforts are somewhat effective at alleviating habitat-connectivity problems, but 

do not address the habitat loss/degradation associated with each fragmentation agent; the 

broader impacts of water withdrawals, reservoirs, and roads would remain. Thus, the 

manager must assess the relative importance of connectivity as well as the potential for 

improving habitat. In fact, if only occasional connection between populations is 

necessary to improve metapopulation functioning or provide genetic supplementation, 

much lower levels of connection may be sufficient. In these cases, the manager may 

choose to ignore the barrier itself and instead use genetic supplementation (i.e., transplant 

a few individuals from an adjacent population to help maintain genetic diversity through 
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time) (Jones et al. 2006, Welsh et al. 2010). A manager needing to discriminate between 

these potential actions can use emerging tools, including both direct empirical measures 

and gene-flow simulations (Hoban et al. 2012).  

If it is necessary to remove barriers (high levels of connectivity and/or habitat 

restoration are needed), the next decision will be to determine which barriers should take 

priority given the limited funding available for defragmentation projects (Figure 8). For 

example, if large runs of anadromous or potamodromous species are to be restored, then a 

particular or even multiple barriers may need to be removed entirely, because partial 

measures to restore fish passage are often ineffective at passing large numbers of fish 

(Brown et al. 2013). Conservation managers will need to decide whether removing a 

single large barrier or several small barriers will benefit the target species more and 

whether there are keystone barriers whose removal would disproportionately benefit the 

species. This analysis will require considering the cost and feasibility of removing each 

barrier, its potential benefit to the target species, and any side effects, either positive or 

negative, on other conservation targets or societal values. Historically, the status quo has 

been to remove any barrier within a river network for which funding can be obtained 

(Hoenke et al. 2014). However, this ad hoc approach to managing fragmentation may not 

be the most efficient way to allocate limited funds. Instead, in cases where species 

conservation is a priority, managers should make surgical strikes against barriers that 

disproportionately affect the target species, even if this results in fewer overall structure 

removals.  

One liability of very targeted approaches to connectivity restoration is that they 

often focus on a single (often rare) species or small group of species. When alleviating 
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fragmentation for a particular species, we may be oblivious to the continuing effects of 

fragmentation that persist in the broader community. This unawareness sets up the base 

conditions for extinction debt (Box 2) in which we assume that the unmanaged species 

are unaffected by fragmentation, but instead are just not yet presenting the typical (or 

looked for) population declines that would indicate them as affected species. In the near 

future, rather than being limited to individual or pairs of species (Abernethy et al. 2013, 

Mock et al. 2013), it will be routinely possible to empirically evaluate population 

genetics for multiple species across a watershed through emerging molecular techniques 

currently being applied to microbial communities (Sharpton 2014). One of the first 

instances of this approach in vertebrate communities occurred using fish metagenomes to 

compare community-level genetic diversity among four exploited fishing regions across 

the globe (Ardura et al. 2011). Similar evaluations at smaller spatial scales will likely be 

forthcoming, which would allow managers to examine communities rather than use 

umbrella species for conservation efforts. These molecular techniques are part of a broad 

set of tools and research arenas that are emerging in the field of aquatic science.  

1.7 Research horizons  

There are many promising avenues for future research related to habitat 

fragmentation. Without attempting a complete or prioritized list, we offer several 

suggestions for new ways to investigate fragmented river networks as well as areas of 

research that we believe are currently in need of detailed evaluation. Research on 

fragmented river networks could benefit from applying landscape genetic methods, better 

monitoring, evaluating fragmentation at the watershed scale rather than at individual 
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barriers, developing practical models to predict management actions, and developing 

dynamic (as opposed to equilibrial) models to evaluate the effects of fragmentation.  

Rapidly developing molecular techniques are making quantitative measurement of 

population genetic isolation and rare dispersal events possible (Davey and Blaxter 2010). 

The use of landscape genetics can determine what landscape and environmental variables 

are correlated with genetic divergence of populations and potentially help managers find 

support for answers to the first two questions in the decision tree (Figure 8) (Manel et al. 

2003, Manel and Holderegger 2013). One of the major difficulties in studies of terrestrial 

landscape genetics is the uncertainty surrounding pathways of gene flow between 

fragmented populations; the primary method for determining these pathways (least-cost 

path analysis) has been criticized for several reasons (Sawyer et al. 2011). In river 

networks, tracking of fully aquatic species (as well as many species with terrestrial life 

stages (Macneale et al. 2005, Nilsson et al. 2010, Bogan and Boersma 2012)) is not 

burdened with this uncertainty because the river network defines the route that species 

take between sections of the fragmented river network. Therefore, river networks provide 

excellent study systems to evaluate basic questions surrounding resistance to gene flow.  

We offer one word of caution when employing population genetics in 

fragmentation research. The population genetics of long-lived species (e.g., some species 

of freshwater mussel (Bauer 1992) or fish (Reznick et al. 2002)) may not have had 

enough time to respond and equilibrate to the fragmentation agents they are being used to 

evaluate (Schumm and Lichty 1965). For example, freshwater mussel species that can 

live for decades (Haag 2012) may not be appropriate to study the impacts of dams and 

dam removals because too few generations would have passed to detect population 
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genetic divergence (Landguth et al. 2010). Understanding the history of both the 

landscape and organism will be necessary to interpret the genetic impacts of modern 

fragmentation using these methods. 

Monitoring the effects of barrier removal or addition in rivers should provide 

invaluable data for understanding the dynamics and reversibility of fragmentation. 

Defragmentation occurs regularly in river networks when dams are removed, pollution 

barriers are remediated, or culverts are replaced (Favaro et al. 2014). Similar restoration 

efforts in terrestrial habitats where mature forests are reestablished between previously 

isolated stands are not as common, and when these types of efforts do occur, they likely 

take much longer to develop than in rivers. Therefore, assessment of recovery following 

defragmentation in rivers could accelerate our understanding of habitat and species 

reaction to defragmentation.  

Evaluating fragmentation using watershed-scale units for comparison will be 

beneficial for understanding how fragmentation varies globally as well as regionally 

between adjacent basins. Understanding fragmentation necessarily requires the 

comparison of systems of barriers with varying amounts and types of fragmentation 

(McGarigal and Cushman 2002, Fahrig 2003). Currently, simulations may be the best 

approach for research on multiple fragmented watershed units. However, as remote 

sensing data become more accessible, statistics characterizing watershed-scale river 

network fragmentation may soon become simple, easy-to-generate predictors for 

population and habitat models.  

Finally, developing practical models (i.e., those that can be parameterized using 

data that are likely to actually be available) to predict the effects of proposed 
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management actions (removing, adding, or changing the permeability of barriers), at the 

watershed scale should be a priority for applied aquatic ecologists. Several such models 

chiefly based on applications of graph theory and other habitat optimization/barrier 

removal prioritization models have now been developed (Meixler et al. 2009, Null and 

Lund 2012, McKay et al. 2013, O’Hanley et al. 2013, Segurado et al. 2013, Brevé et al. 

2014, Null et al. 2014), which could be a promising foundation for future work. In 

addition, it would be useful to develop dynamic models of the effects of fragmentation on 

biodiversity. Most existing models of the effects of fragmentation on biological 

communities are equilibrial, so we know little about the pace at which biodiversity 

responds to fragmentation (but see Refs. Hugueny et al. (2011) and Freeman et al. 

(2013)). It will be necessary to understand the dynamics of change, as well as the 

ultimate effects of fragmentation, if we are going to manage fragmented river networks 

effectively. 
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Chapter 2.  River fragmentation causes reach-scale physical, 

biogeochemical, and biological habitat change 

 

2.1 Introduction 

The impacts of habitat loss, alteration, and fragmentation are all inextricably 

linked (Fahrig 2003). Isolating individual impacts of each “habitat change” (collectively 

the loss, alteration, or fragmentation of habitat) is difficult despite the distinct differences 

each habitat change presents to an organism (Fuller et al. 2015). Habitat, in a landscape 

context, is generally perceived as “patches,” where patches are delineated by a relatively 

consistent environment (e.g., vegetation pattern or community) before transitioning to 

another patch type with different environmental conditions (Fuller et al. 2015). Habitat 

“loss” can be regarded as either the removal of entire patches on the landscape or the loss 

of some portion of a habitat patch, while habitat “alteration” is the modification of a 

habitat patch from its expected “core habitat” condition. Core habitat exists within a 

patch beyond the influence of any “edge effects” (a form of habitat alteration) in a patch. 

For instance, an agricultural field cleared across a forest patch (splitting it in half) can 

create two new patches of forest habitat on either side of the field, but also two new 

“edge” habitats of altered forest bordering the field which may be more conducive to 

some species than the original intact forest habitat. In this example, the field becomes the 

“matrix” habitat and the forest edge with any penetrating impacts becomes the “edge” (a 

modified core habitat). Finally, if a species cannot readily move between the newly 

divided habitat patches, the connectivity of these habitats is described as “fragmented” 

(Fahrig 2003). The integration of these habitat changes — loss, alteration, and 
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fragmentation — are important anthropogenic drivers of the distribution of habitat 

patches across a landscape (Collinge 2009).  

The theory and applications of habitat change are well recognized in terrestrial 

habitat fragmentation theory (Fahrig 2003, Collinge 2009). However, while the effects of 

habitat fragmentation have been recognized in aquatic systems, the broader context of 

habitat change, particularly matrix and edge habitat delineation, have only recently been 

characterized in a way similar to that in terrestrial systems (Erős and Campbell Grant 

2015, Fuller et al. 2015). While aquatic fragmentation research has developed theory for 

individual types of habitat impacts, this research has not been couched within broader 

ecological landscape theory and terminology. For example, the Serial Discontinuity 

Concept is a theoretical framework predicting the effects of large dams on river habitats 

(Stanford and Ward 1979), but was not, and has not been, couched within the 

terminology of its broader habitat change construct—edge habitat penetration.  

A theoretical framework that incorporates the full range of ecological habitat 

change impacts – loss, alteration, and fragmentation – in aquatic systems would provide a 

lexicon to begin synthesizing the research already conducted on river fragmentation and a 

consistent base for aquatic habitat change research. River networks are ideal systems to 

investigate the impacts of habitat fragmentation on population connectivity because of 

the easily defined and constrained dispersal routes between any pair of river segments 

(Fuller et al. 2015). There is an opportunity for aquatic science to help advance terrestrial 

connectivity research using this constrained system for experimentation and empirical 

evaluation. For freshwater scientists, applying the well-developed terrestrial ecological 
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theory could enable greater opportunities for using the theory and methods developed by 

terrestrial landscape ecologists (Fisher et al. 1982, Pringle et al. 1988).  

Dams are one of the most prominent and well-recognized aquatic fragmentation 

agents in the world (Stanford and Ward 1979, Ligon et al. 1995, Friedl and Wüest 2002, 

Nilsson et al. 2005). In the United States, there are roughly 87,000 large (>3m tall) dams 

(US Army Corps of Engineers 2013) and at least two million small artificial ponds likely 

created by dams (Poff and Hart 2002, Smith et al. 2002). Habitat fragmentation and 

connectivity has been the primary habitat change that dam-related research evaluates 

(Januchowski-Hartley et al. 2013). However, there is also a rich literature on the site-

specific habitat change impacts, although this literature has not been contextualized in 

terms of habitat loss, alteration, and/or edge effects (Ligon et al. 1995). Many of these 

studies, however, evaluate large dams which have large and numerous impacts on the 

local and more regional stream network including flow regime, sediment regime, and 

substantial within-reservoir/impoundment effects (e.g., see Collier et al. (1996)). Small 

dams individually have a less significant impact to stream habitat, but are far more 

ubiquitous than large dams. Consequently, the cumulative impact of small dams may 

have comparable (or even greater) effects on the ecology of river networks because of 

their prevalence. 

Small dams create several effects in a habitat change context. First, the dam itself 

fragments the movement of organisms, although in many cases to a far more limited 

degree than large dams (Porto et al. 1999, Cooney and Kwak 2013). Second, the 

impoundment represents a loss of core lotic habitat and its conversion to lentic matrix 

habitat (comparable to a field amidst a forest) (Fuller et al. 2015). In the United States, it 
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is estimated that approximately 18% of lotic stream habitat is already flooded by 

reservoirs (Graf 2001). If the impoundment habitat is not able to be traversed by a 

species, that new habitat also fragments the river corridor even if the barrier itself is semi-

permeable (see Pelicice et al. (2015) for an example of large dam reservoirs acting as 

habitat barriers, but similar degradation is likely occurring in small dam impoundments 

as well). The dam and impoundment also alter the network by creating edge habitats. 

Most notably, downstream of the dam, geomorphic and water quality changes slowly 

attenuate downstream of the dam to create an edge habitat intermediate from the 

impoundment matrix and the downstream core river habitat (Fuller et al. 2015). This 

habitat edge can extend from tens of meters to several kilometers for small dams (Fencl 

et al. 2015). There is also an edge habitat created at the upstream end of the 

impoundment, although this has received far less attention (Guy et al. 2015). 

Habitat change surrounding dams is not immediate. The most rapid habitat change 

will be the fragmentation of connectivity (e.g., lack of movement between up- and 

downstream reaches once a dam is completed). When habitat loss is the cause of habitat 

fragmentation (e.g., a forest is clear cut for agricultural use), the loss develops at the same 

rate as the fragmentation impacts on connectivity. However, when fragmentation agents 

create a new separate matrix habitat, habitat loss may develop slowly following the initial 

fragmentation. In the case of dams, the period of habitat loss would be the time needed to 

fill the impoundment before the full extent of habitat loss at this site was observed. 

Regardless of how the habitat is lost, that new matrix habitat (e.g., the agricultural field 

or impoundment) may also evolve new ecosystem characteristics through time (e.g., the 

planting of different cover crops in the agriculture field or the sedimentation of the 
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impoundment through time). The edge habitats may also require some time to respond 

following the initial habitat loss and fragmentation. For example, the removal of sediment 

or bed coarsening downstream of a dam can require years to decades to occur (Williams 

and Wolman 1984, Grant et al. 2003, Schmidt and Wilcock 2008).  

The major goals of this study focus on identifying the habitat loss and alteration 

impacts of a small dam on a freshwater ecosystem. The ecosystem response is 

conceptualized using a habitat change ecology framework developed for terrestrial 

environments that will enable future freshwater studies to more easily compare and 

contrast the impacts of habitat change in new systems. The impacts of the dam were 

measured in physical, chemical, and biological alterations associated with the dam 

(fragmentation agent), its matrix habitat (impoundment), and its edge habitat 

(downstream reach). Habitat loss and alteration were evaluated using three response 

variables: (1) reach-scale dissolved oxygen water quality monitoring and ecosystem 

metabolism (biogeochemical response), (2) benthic habitat (physical response), and (3) 

freshwater mussel communities (biological response). These three variables represented 

examples of fast, intermediate, and slow response variables in this system, respectively. 

2.2  Methods 

2.2.1 Overview 

The study methods offer a biogeochemical (dissolved oxygen), physical (substrate 

size), and biological (freshwater mussel) approach to evaluating habitat loss and 

alteration at a small dam in North Carolina, USA. These variables are expected to differ 

among the study system river reaches surrounding the dam and are hypothesized to 

change at different rates during dam construction, dam existence, and/or dam removal. 
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The study dam was built more than two centuries ago and likely has reached some state 

of equilibrium in terms of the habitat change associated with its construction, but it has 

also been designated as a priority site for removal, which was a major incentive for 

choosing this site for this research. 

2.2.2 Study system 

The study site for this project was on the Neuse River east of Raleigh, North 

Carolina, USA (Figure 9). The river section of interest was divided into three major study 

reaches surrounding the Milburnie Dam: a reach downstream of the Milburnie Dam, the 

impoundment, and an upstream reach located immediately above the influence of the 

impoundment (hereafter downstream, impoundment, and upstream reaches respectively) 

(Figure 9). The dam impounds nearly nine km of river upstream of the Milburnie Dam, 

the upstream reach extends approximately seven km above the impounded reach and the 

downstream reach extends six km below the Milburnie Dam (Figure 9). Lengths of the 

upstream and downstream reaches were mostly dictated by available access points along 

the river, but an attempt was made to keep them approximately the same length as the 

impoundment. The catchment area for the Milburnie Dam is 2243 km
2
.  

The Milburnie Dam has served several purposes over its more than 200-year 

existence. Originally, the Milburnie Dam was built as a timber crib dam in the early 19
th

 

century (1813 is the earliest record of its presence) and this structure stood until it washed 

away in 1899 (Restoration Systems LLC 2013). At that time, it was replaced with a stone 

and masonry dam which still stands today at approximately 5m tall and 100m long. 

Between 1855 and 1997, the Milburnie Dam was retooled several times to serve a paper 

mill, power Raleigh street cars, run a grist mill, and, most recently, generate hydroelectric  
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Figure 9: Map of Milburnie Dam and the study reaches defined along the Neuse 

River up- and downstream of the impoundment. Legend “DO” indicates the reaches 

used for ecosystem metabolism data collection and “HAB/FWM” indicates the 

reaches for the sonar benthic HABitat mapping and FreshWater Mussel surveys 

respectively (see Table 2 for reach details). 
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Table 2: Study reach statistics for the sonar habitat mapping and dissolved oxygen (DO) ecosystem metabolism monitoring. 

  Sonar and Habitat Study Reach Statistics   DO Reach Statistics 

Reach Slope Sinuosity Length Surface Area Mean Width
1 

Mean Depth
1 

 
Length Volume

2 
Res. Time

1
 

  (unitless) (unitless) (m) (m
2
) (m) (m)   (m) (m

3
) (days) 

Upstream 0.0003 1.2070 7,616 304,027 39.9 1.3 

 

7,013 281,426 0.59 

Impoundment 0.0001 1.0851 8,898 415,789 46.7 1.6 

 

6,322 380,529 0.80 

Downstream  0.0005 1.0752 5,828 264,444 45.4 1.3   3,274 148,175 0.31 
1
 Residence time measured for base flow conditions (5.5m

3
s

-1
). 

2 
Volume calculated using DO reach length, but habitat reach mean width and depth. 

 

 

 

 

Table 3: Sonar-mapped benthic habitat type descriptions and general substrate size characterizations. All habitat patches 

were ground truthed for cobble, boulder, bedrock, and large woody debris, while only a subset of the sand-gravel patches 

were ground truthed because they occupied so much of the habitat. 

Habitat
1 

Description Substrate Size (mm) 

Sand-gravel (S-G) primarily sand with potential for gravel presence <100 

Cobble (COBL) cobble stones dominate substrate 100-256  

Boulder (BLDR) Boulders occupy >50% of the substrate area 256-4,096 

Bedrock (BDRK) Bedrock outcrops occupy >75% of substrate area > 4,096 

Large woody debris (LWD) Large woody debris covers >50% of habitat NA 
1
 Characters in parentheses are abbreviations for each habitat type used in figures and text. 
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power (Restoration Systems LLC 2011). The dam has been idle since 1997 when the 

hydroelectric plant was decommissioned and is now designated as a priority for removal 

by the North Carolina interagency Dam Removal Task Force. This priority for removal 

identified this site as an ideal system for this study because its evaluation may provide 

some baseline ecological data in the event the dam is removed. 

2.2.3 Dissolved oxygen and ecosystem metabolism  

Dissolved oxygen (DO) was monitored continuously at five-minute intervals for a 

year in each study reach to evaluate a biogeochemical response to habitat change at the 

Milburnie Dam. DO is an important water quality parameter for aquatic organisms, so 

minimum daily DO concentrations were used to identify potential anoxia in the system 

that could cause acute hypoxia for aquatic species in each reach. Furthermore, to better 

understand the fluctuations in DO, we used the DO time series data to estimate ecosystem 

metabolism parameters (rates of gross primary production (GPP), ecosystem respiration 

(ER), net ecosystem production (NEP), and the gas exchange flux (K)) which are some of 

the primary controls of DO concentrations in freshwater systems.  

Ecosystem metabolism estimates were made using an upstream-downstream, two-

station dissolved oxygen monitoring method (Odum 1956, Marzolf et al. 1994, Young 

and Huryn 1998). Six monitoring stations were established (two stations within each 

major study reach) for reach-scale metabolism estimates (Figure 9;  

Table 2). At each station, continuous measurement of temperature and DO were 

maintained using HOBO Dissolved Oxygen loggers (Onset U26-001 data logger). Light 

and atmospheric barometric pressure were monitored within 150m of the Milburnie Dam 



 

 
49 

for a study-wide light estimate and calculation of percent saturation of DO for each DO 

logger. Light (measured as lux) was measured using HOBO Pendant Temperature/Light 

loggers (Onset UA-002-64 data logger). Atmospheric pressure was measured using a 

HOBO Water Level Logger (Onset U20-001-01 data logger) placed in the shade and 

above water to measure atmospheric pressure and temperature. Loggers were visited 

weekly from May to September (only every other week from September to May due to 

lower biofouling rates during these months) to clean the optical membrane DO sensors 

and for data download. All loggers were synchronized to the same computer time and 

made measurements at five-minute intervals for simultaneous measurements throughout 

the monitoring period.  

A two-station DO model was solved using a Bayesian framework (Hall et al. 

2016) to estimate three ecosystem metabolism parameters (GPP, ER, and K). The NEP of 

the reaches was calculated as the difference between GPP and the absolute value of ER 

(NEP = GPP - |ER|). These four parameters for each reach were averaged across the 

monitoring period for only the days in which estimates for each parameter were available 

in all three reaches. These daily GPP, ER, NEP, and K values were then compared 

between the reaches using a one-way analysis of variance (ANOVA) to identify mean 

(across the entire monitoring period) differences among the reaches (it is acknowledged 

that there is likely temporal autocorrelation associated with the daily estimates which 

violate the independence assumption of an ANOVA test). GPP, ER, and NEP were 

measured in grams of O2 m
-2

 s
-1

 while the gas exchange flux had units of d
-1

. Values of 

ER were expressed as negative values due to the consumption of oxygen by this  

ecosystem metabolism process. 
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2.2.4 Benthic habitat characterization 

Benthic habitat was quantified (by area) using sonar-mapping and categorized 

(based on sediment substrate size classes observed in the sonar images) to evaluate a 

physical response to habitat change at the Milburnie Dam. It was predicted that the 

downstream reach would harbor a greater proportion of large substrate habitat types than 

the impoundment as well as the upstream reach. This prediction assumed the 

impoundment was retaining more fine sediment within the impoundment than it was 

transporting downstream, such that the downstream reach was exporting more fine 

sediment than it was receiving (Williams and Wolman 1984).  

Sonar mapping was conducted using a Humminbird 1198c side imaging sonar 

device during high flow events (70-85 m
3 

s
-1

 discharge) to capture benthic images along 

all 23 km of the study site except directly adjacent (within 100m) to the dam (both up- 

and downstream) (Kaeser and Litts 2008, 2010, Kaeser et al. 2013). Sonar images were 

imported to a geographic information system to identify habitat locations and delineate 

various habitat types within each study reach. Habitat was characterized into five 

categories based on sediment grain size: sand-gravel, cobble, boulder, bedrock, and large 

woody debris (LWD) (Table 3). The combined sand-gravel category was necessary 

because the sonar mapping method was not able to distinguish between substrate sizes 

less than 100mm in diameter. Sonar mapping occurred on three separate dates (13 June, 

19
 
July, and 16 August 2013) to establish habitat patches in each reach. Each day of sonar 

mapping resulted in two complete passes of the same study reach to average out error 

associated with the mapping method (how much map images change from sonar image 

distortion). Following sonar mapping and habitat delineation, habitat patches were 
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ground truthed at base flow to confirm benthic habitat type categorizations. Ground 

truthing occurred at all patches defined as cobble, boulder, bedrock, and large woody 

debris. Because sand-gravel occupied so much of the habitat, only about 20% of these 

patches were ground truthed to verify their substrate type. During the ground-truthing 

process, the sand-gravel patches checked were never misidentified by the sonar mapping 

process, which suggests that the sonar image recognition of this category was reasonably 

accurate. For each habitat type, the proportional contribution to the total available benthic 

area for each reach was compared among reaches. 

2.2.5 Freshwater mussel surveys 

Surveys to determine the density and diversity of mussels across the study system 

were used to evaluate a biological response to habitat change at the Milburnie Dam. 

Mussel abundance and diversity were expected to be greatest in the downstream reach 

followed by the upstream and impounded reaches of the study system. The observation of 

greater mussel abundance and diversity downstream of small dams has been made at 

several other dams in southeastern states (Gangloff et al. 2011), but also follows a 

prediction that more stable benthic substrates exist in the downstream reach when 

compared to the upstream or impounded reaches. While mussel beds do not always 

correspond with substrate type (Strayer 1999), large-substrate habitat patches are likely to 

be more stable through time (scale of decades) and therefore provide better habitat than 

more mobile, small-grained substrate types found in sand and gravel habitats. 

Mussel surveys used an adaptive sampling design because of the rare and 

clustered nature of mussel beds within rivers (Strayer and Smith 2003). Due to the size of 
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the study area (~1,000,000m
2
 of benthic habitat) we conducted mussel surveys at five 

randomly selected patches for each of five habitat types in each reach (three reaches) for 

a total of 75 mussel surveys in the study system. However, in the upstream reach, only 

two available cobble patches existed, so only these two (instead of five) patches were 

sampled (upstream total patches surveyed was 22 instead of 25). Similarly, in the 

impoundment, only three cobble and four bedrock patches were available to sample (22 

instead of 25 patches surveyed). Consequently, a total of 69 patches were surveyed across 

the whole study system.  

Within each patch, 20 starter quadrats (0.25m
2
 area) were placed randomly to 

begin the adaptive sampling protocol (Figure 10). Additional sampling was triggered for 

the neighborhood (quadrats located in the four cardinal directions surrounding the start 

quadrat) of a start quadrat when enough mussels were found in a start quadrat to reach the 

trigger number. A trigger number for each patch was usually set at one individual per 

quadrat, but at a few patches the trigger number was set higher (2 or 3 individuals per 

quadrat) after an initial scan of the patch found high mussel densities. Setting an 

appropriate trigger number for a given patch helps balance the effort applied to a given 

patch survey based on how dense the mussels are in that patch (Strayer and Smith 2003). 

For each start quadrat that triggered neighborhood sampling, additional sampling 

continued until all quadrats bordering a sampling network (a sampling network consists 

of all the quadrats searched around a given start quadrat that triggered neighborhood 

sampling) did not trigger additional sampling in their neighborhoods (Figure 10). This 

process creates a network of quadrats adjacent to each other such that the edge of the 
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network consists of quadrats that do not trigger neighborhood sampling. Trigger numbers 

(the number of mussels found in a quadrat that triggered neighborhood sampling) ranged 

from 1-3 across all surveys. Mussel surveys were conducted over the course of two 

 

Figure 10: Adaptive sampling diagram illustrating general layout of (A) habitat 

patches in the river, (B) random placement of start quadrats for the initiation of 

adaptive sampling, and (C) the location of neighborhood quadrats if additional 

sampling is triggered to form sampling networks greater than one quadrat. 
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summers (June – August 2014 and 2016). Adaptive cluster sampling protocols were as 

described by Thompson (2004) and calculated in R 3.3.2 (R Core Team 2016). 

To compare mussel densities between the three study reaches and among habitat 

types, a generalized linear mixed model (GLMM) was fit to the adaptive cluster sampling 

data. This model estimates the abundance of mussels (𝑌𝑝𝑠) for a given network (𝑠) within  

a patch (𝑝). Patches were therefore modeled as a random effect (𝛼𝑝) in the GLMM 

because each network within a patch was not independent. The fixed effects of study 

reach and benthic habitat type were modeled as linear predictors represented by 𝛽𝑇𝑋𝑝𝑠 

where 𝑋𝑝𝑠 represents the network’s covariates (reach and habitat) and 𝛽𝑇 is a vector of 

coefficients for the covariates (Equation 4). An offset (ln(𝑛𝑠)) to account for the varying 

number of quadrats sampled per network (𝑛𝑠) was included in the predictor set to account 

for the unequal sampling area for each network. Lastly, the model was fit to a Poisson 

distribution because the mussel data for a given network were counts and a natural log 

link function was related the linear predictors to the response variable (Equation 4). 

 
ln(𝔼[𝑌𝑝𝑠]) = ln(𝑛𝑠) + 𝛼𝑝 + 𝛽𝑇𝑋𝑝𝑠 Equation 4 

Conventional transformations of the density data were unable to make the data meet the 

necessary assumptions for traditional, parametric statistics.  

The probability of finding mussels in a patch was evaluated using a binomial 

logistic regression with reach and benthic habitat type as the predictor variables. To 

compare the species composition for each reach and identify which mussel species were 

associated with which habitat types, non-metric multidimensional scaling (NMDS) was 
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used with a Mountford dissimilarity index for presence-absence data. All data 

manipulation and analysis was conducted in R 3.3.2 (R Core Team 2016). Package 

“ADMBglmm” was used for GLMM analysis (Skaug et al. 2012, Fournier et al. 2012) 

and “vegan” was used to run the NMDS analysis (Oksanen et al. 2016). 

2.3 Results 

2.3.1 Ecosystem metabolism  

Dissolved oxygen (DO) was monitored within the Milburnie Dam study reaches 

for a total of 388 days beginning 09 June 2014 and ending 01 July 2015 (Figure 11). 

During portions of the DO monitoring period (98 days), ecosystem metabolism estimates 

were not possible due to the Bayesian model not converging, logger failure, or biofouling 

in the field. Consequently, calculations of ecosystem metabolism were successfully made 

for all three reaches on 290 days during the 388-day monitoring period, with only a 

significant gap in January 2015 (Figure 11). This set of 290 days of data was the primary 

DO and ecosystem metabolism data set used for comparison across the system. 

Minimum daily DO concentrations were lowest in the summer months and 

highest in the winter for all reaches (Figure 11A). Across the monitoring period, there 

was a significant difference between the daily minimum DO concentrations between the 

three reaches (ANOVA: F2,867 = 6.3, p=0.002) with the downstream reach having 

significantly higher daily minimum DO concentrations than the impoundment (Tukey’s 

HSD: p=0.001). The downstream reach had a mean minimum DO concentration that was 

8.6% greater than the impoundment (upstream reach 2.1% greater than impoundment) 

and the variance in the minimum DO concentration was 16.5% lower in the downstream 
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reach than the impoundment (upstream reach 4.4% lower than the impoundment). 

Furthermore, the impoundment became hypoxic a couple times during the summer in 

2014 as the DO concentrations dropped below 3 mg/L (Figure 11A). Mean daily stream 

temperature was also compared between the three reaches by averaging temperature 

measurements at the two monitoring stations in each reach for each day (Figure 11B). No 

significant differences were noted in daily temperature between the three reaches across 

the monitoring period (ANOVA: F2,867 = 0.072, p = 0.9). 

Seasonally, patterns of GPP were similar among the reaches with rates highest 

during the summer (June-August) and lowest in the winter/spring (December-May) 

(Figure 12). One exception to the consistent patterns among reaches was a rise in GPP in 

the upstream reach in late November (Figure 12). Average annual GPP was otherwise 

similar among the three reaches ranging from 1.28 g O2 m
-2

 s
-1

 in the impoundment to 

1.46 g O2 m
-2

 s
-1

 in the upstream reach, while daily rates showed no significant 

differences among the reaches (ANOVA: F2,867 = 2.4, p = 0.09) (Figure 12A; Table 4). 

Similar seasonal patterns for the three reaches were also observed for ecosystem 

respiration rates. The highest rates of ecosystem respiration were observed in the summer 

months and the lowest rates in the winter and spring (Figure 12). The up- and 

downstream reaches had similar average annual rates of oxygen consumption (-4.64 and -

4.22 g O2 m
-2

 s
-1

 respectively), but significantly greater respiration (annual average of  

-8.9 g O2 m
-2

 s
-1

) in the impoundment (ANOVA: F2,867 = 87, p < 0.0001) (Figure 12B; 

Table 4). 
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Figure 11: Daily (A) minimum dissolved oxygen concentration, and (B) mean 

temperature in each reach. Horizontal lines correspond to the mean value across the 

entire monitoring period for each parameter in each reach. 
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Figure 12: Daily ecosystem metabolism estimates for (A) gross primary production, 

and (B) ecosystem respiration (plotted as negative values to denote the consumption 

of O2). Each plot has values for the upstream (blue circles and solid lines), 

impoundment (red triangles and short-dash lines), and downstream (dark grey 

squares and long-dash lines) reaches. Horizontal lines correspond to the mean value 

across the entire monitoring period for each parameter in each reach. 
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All three reaches were on average net heterotrophic during the monitoring period 

(Figure 13A; Table 4). However, the up- and downstream reaches occasionally were net 

autotrophic during short periods of the year (e.g., upstream reach in late fall and 

downstream reach in late-spring/early-summer) (Figure 13A). The impoundment was 

significantly more net heterotrophic across the monitoring period than the up- or 

downstream reaches (ANOVA: F2,876 = 102, p < 0.0001) (Table 4). Estimates of the gas 

exchange flux (K) were similar in magnitude between the three reaches ranging from 2.3 

d
-1

 in the downstream reach to 2.9 d
-1

 in the upstream reach (Figure 13B; Table 4), but 

statistically the downstream reach had the lowest gas exchange flux followed by the 

impoundment and then the upstream reach (ANOVA: F2,867 = 87, p < 0.0001; Tukey’s 

HSD test, p <0.001). There were no strong seasonal patterns associated with K, but the 

impoundment did have slightly lower gas exchange during the spring (Figure 13). 

Table 4: Average estimates for gross primary production (GPP), ecosystem 

respiration (ER), net ecosystem production (NEP), and the gas exchange flux (K) for 

each reach across the entire monitoring period. GPP, ER, and NEP values have 

units of g O2 m
-2

 d
-1

 and K has units of d
-1

. NEP is the difference between GPP and 

ER (NEP = GPP - |ER|). 

Reach GPP (SD) ER* (SD) NEP* (SD) K* (SD) 

Upstream 1.459 (1.205) -4.639
a 

(4.427) -3.181
c
 (4.336) 2.958

e 
(0.482) 

Impoundment 1.277 (1.051) -8.900
b 

(5.885) -7.623
d
 (5.541) 2.463

f 
(0.616) 

Downstream 1.288 (1.106) -4.218
a 

(3.584) -2.930
c
 (3.185) 2.362

g 
(0.391) 

* significant one-way ANOVA comparing ecosystem metabolism parameters among the three reaches. 
a-g 

The identity of the superscripts indicates significance of the contrasts between levels in the ANOVA 

via a Tukey’s HSD test, p < 0.05. 

 

Discharge was monitored at two United States Geologic Survey gaging stations 

on the Neuse River to observe how it relates to ecosystem metabolism estimates (Figure 

14A). The upstream gage (Neuse River near Falls, NC Gage #02087183) was 5.5 
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Figure 13: Daily ecosystem metabolism estimates for (A) net ecosystem production, 

and (B) the gas exchange flux. Each plot has values for the upstream (blue circles 

and solid lines), impoundment (red triangles and short-dash lines), and downstream 

(dark grey squares and long-dash lines) reaches. Horizontal lines correspond to the 

mean value across the entire monitoring period for each parameter in each reach. 
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Figure 14: Daily values for (A) Neuse River mean discharge at a USGS gaging 

station 5.5 km upstream of the study reaches (Neuse River near Falls, NC Gage 

#02087183: black line) and a station 22.7 km downstream of the study reaches 

(Neuse River near Clayton, NC Gage #02087500: grey line), (B) Cumulative daily 

light at the Milburnie Dam. Curve in the light plot was generated using a LOESS 

smoothing curve to highlight the general trend in the scatter (shaded ribbon is the 

95% confidence interval). 
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km upstream of the upstream reach and the downstream gage (Neuse River near Clayton, 

NC Gage #02087500) was 22.7 km downstream of the downstream study reach. The two 

gages were used to evaluate hydrologic conditions in the study reaches. During the 

monitoring period, there were frequent high flow events from December 2014 through 

May 2015 (Figure 14A). Several storms during the fall of 2014 also occurred, but these 

flows are only reflected in the downstream gage. This might suggest the study reaches 

were not affected by the storms because discharge was being controlled by Falls Lake 

Dam outflows 5.5 km upstream of the study system more than the storm flows. 

Light was monitored continuously through the monitoring period at the Milburnie 

Dam (Figure 14B). Cumulative daily light spanned nearly an order of magnitude from 

day to day which likely reflects the variability in cloud cover and local weather (Figure 

14B). However, the general trend for more light during longer summer days and less 

during shorter winter days is apparent (Figure 14B).  

2.3.2 Benthic habitat and freshwater mussels 

The sand-gravel habitat type was the most prevalent habitat followed by LWD in all three 

reaches (Figure 15). Cobble was the rarest habitat type in all three reaches (Figure 15). 

Mussel densities were highest in the downstream reach across all habitat types followed 

by the upstream and then impoundment reaches (Figure 16A). In the upstream reach, 

mussels were only found in bedrock and LWD habitats (Figure 16B). Surveys in the 

impoundment only found mussels in cobble and boulder patches (Figure 16C). Among 

habitat types in the downstream reach, the highest average mussel densities were 

observed in bedrock patches followed by LWD, boulder and then cobble. The sand and 

gravel habitat in the downstream reach had the lowest mean density (Figure 16D).  
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Figure 15: The proportion of available benthic habitat in each study reach at 

Milburnie Dam. Note the log-scale y-axis. Benthic habitats are described in Table 3. 

The downstream reach had significantly greater mussel abundance than the 

upstream reach (Table 5). The impoundment had a negative coefficient suggesting a 

lower abundance than the upstream reach, but it was not significant (p = 0.08). Relative 

to the sand-gravel habitat type, cobble, boulder, bedrock, and LWD all had significantly 

higher mussel abundance than the sand-gravel habitat (Table 5). Binomial logistic 

regression predicted that mussels are more likely found in downstream reaches than the 

upstream reach, while the impoundment was predicted to be less likely to harbor mussels 

than the upstream reach (Figure 17; Table 6). Boulder and sand-gravel habitat types 

similar probabilities of harboring mussels, while higher probabilities of mussel presence 

were predicted in cobble, bedrock, and LWD habitats (Figure 17; Table 6). 
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Figure 16: Mussel density compared between each (A) study reach (UP-upstream; 

IMP-impoundment; DOWN-downstream) and (B-D) habitat type (see Table 3 for 

habitat type abbreviation codes) for each study reach. Density values were 

calculated for each patch from the adaptive sampling protocol analysis. Bottoms 

and tops of boxes represent the 1
st
 and 3

rd
 quartiles respectively and the line within 

the box is the median. Whiskers extend to the minimum and maximum values, 

except when those values are extreme. Extreme values are those that exceed ±1.58 

times the inner quartile range divided by the square root of the sample size and are 

represented by open circles. 
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Table 5: Generalized Linear Mixed Model output predicting network mussel 

abundance at the Milburnie Dam study site. 

Parameter Estimate* SE z-value p-value exp(Estimate) 

Intercept -3.919 0.7626 -5.1384 0.0000003 0.0199 

REACH_Impoundment -1.100 0.6302 -1.7453 0.08 0.3329 

REACH_Downstream 2.368 0.4919 4.8142 0.000001 10.6761 

HABITAT_Cobble 1.841 0.7009 2.6267 0.009 6.3028 

HABITAT_Boulder 1.331 0.6758 1.9698 0.049 3.7855 

HABITAT_Bedrock 1.832 0.6738 2.7189 0.007 6.2456 

HABITAT_LWD 1.928 0.6789 2.8395 0.005 6.8746 

* Estimate coefficients are relative to baseline levels for each fixed effect category. Intercept baseline 

is 0, REACH baseline is Upstream, and HABITAT baseline is Sand-gravel. 

There were distinct mussel species associated with the impoundment and 

downstream reaches (Figure 18,Table 7 -9). Using just the first two dimensions of a non-

metric multidimensional scaling ordination analysis, individual freshwater mussel patch 

surveys clustered together based on their major study reach (Figure 18). Within this 

ordination, quiet-water species such as Pyganodon cataracta and Utterbackia imbecillis 

were highly associated with the impoundment, while Lasmigona subviridis, Elliptio 

roanokensis, and E. congaraea were associated with the downstream reach. Alasmodonta 

undulata was primarily associated with the upstream reach and shared assignment of 

Strophitus undulatus with the downstream reach. The Elliptio complex (consisting of 

mussels identified as E. complanata, E. icterina, and E. cistellaeformis) and Lampsilis 

radiata were not strongly associated with any reach (Figure 18). 
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Table 6: Binomial logistic regression model output predicting presence of mussels in 

a given patch for the Milburnie Dam study system. 

Parameter Estimate* SE z-value p-value Odds Ratio 

Intercept -3.685 1.4532 -2.5361 0.01 0.025 

REACH_Impoundment -2.228 1.0059 -2.2149 0.03 0.108 

REACH_Downstream 3.979 1.2981 3.0652 0.002 53.458 

HABITAT_Cobble 3.447 1.7124 2.0129 0.04 31.403 

HABITAT_Boulder 1.632 1.3791 1.1831 0.2 5.112 

HABITAT_Bedrock 3.805 1.5919 2.3900 0.02 44.907 

HABITAT_LWD 4.816 1.6351 2.9452 0.003 123.421 

* Estimate coefficients and odds ratios are relative to baseline levels for each fixed effect category. 

Intercept baseline is 0, REACH baseline is Upstream, and HABITAT baseline is Sand-gravel. 

 

 

 

 

 
Figure 17: Interaction plot showing the predicted values for the probability of 

encountering mussels in a patch for each study reach by habitat type. 
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Figure 18: Non-metric Multidimensional Scaling ordination of mussels in the 

Milburnie Dam study system. Shaded areas encompass patches (points) within each 

reach (labeled/colored: Upstream – blue, Impoundment – red, Downstream – grey). 

A stress value of 0.1 indicates a reasonable fit of the data to the two dimensions of 

this ordination. Freshwater mussel species abbreviations are defined in Table 7.
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Table 7: Mussel survey count data for the upstream reach. 
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0 

Upstream Cobble 378 847 2016-06-21 -78.531915 35.86647 
           

0 

Upstream Cobble 583 1326 2014-07-30 -78.529189 35.885469 
           

0 

Upstream Boulder 572 586 2016-06-21 -78.528424 35.878807 
  

1 
        

1 

Upstream Boulder 573 419 2016-06-21 -78.52787 35.879518 
           

0 

Upstream Boulder 574 642 2014-07-30 -78.540159 35.880889 
  

1 
        

1 

Upstream Boulder 575 308 2014-07-30 -78.526962 35.881346 
  

4 
        

4 

Upstream Boulder 580 833 2016-06-20 -78.535163 35.903589 
  

8 
        

8 

Upstream Bedrock 562 926 2014-07-30 -78.537019 35.880019 
  

1 
        

1 

Upstream Bedrock 564 733 2016-06-21 -78.526104 35.881744 
  

12 
   

1 
    

13 

Upstream Bedrock 565 243 2016-06-20 -78.533541 35.882241 
           

0 

Upstream Bedrock 566 543 2016-06-21 -78.528628 35.88495 
  

1 
        

1 

Upstream Bedrock 567 680 2014-07-30 -78.529254 35.885679 2 
 

17 
        

19 

Upstream LWD 239 1378 2016-06-20 -78.535476 35.89943 2 
 

2 1 
  

2 
    

7 

Upstream LWD 608 1533 2014-07-30 -78.536211 35.880001 
 

1 8 
   

1 
   

1 11 

Upstream LWD 616 1939 2014-07-30 -78.541097 35.881307 
  

8 
        

8 

Upstream LWD 645 650 2016-06-20 -78.533449 35.891954 2 
 

2 
        

4 

Upstream LWD 647 1944 2016-06-20 -78.53374 35.895775 
  

21 
   

2 
    

23 
1
 Species names followed by species abbreviations used in the text and figures 
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Table 8: Mussel survey count data for the impoundment reach. 
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Impoundment Sand-gravel 86 695 2016-06-24 -78.536287 35.815004 
           

0 

Impoundment Sand-gravel 97 3210 2014-09-19 -78.538563 35.820998 
           

0 

Impoundment Sand-gravel 101 3506 2014-09-19 -78.539578 35.824329 
           

0 

Impoundment Sand-gravel 122 3215 2016-06-22 -78.531385 35.835961 
           

0 

Impoundment Sand-gravel 135 3538 2016-06-22 -78.530214 35.847509 
           

0 

Impoundment Cobble 379 411 2014-09-19 -78.536535 35.814271 
  

2 
     

1 
 

4 7 

Impoundment Cobble 380 1225 2016-08-24 -78.536221 35.815128 
           

0 

Impoundment Cobble 381 91 2014-09-19 -78.538738 35.816837 
  

2 
        

2 

Impoundment Boulder 363 195 2014-09-19 -78.532953 35.809677 
           

0 

Impoundment Boulder 364 559 2014-09-19 -78.532307 35.810009 
           

0 

Impoundment Boulder 371 357 2016-06-22 -78.530551 35.839339 
           

0 

Impoundment Boulder 372 230 2016-06-22 -78.530203 35.848153 
  

8 
   

1 
   

1 10 

Impoundment Boulder 374 339 2016-06-22 -78.527021 35.859803 
           

0 

Impoundment Bedrock 356 817 2014-09-19 -78.532727 35.809798 
           

0 

Impoundment Bedrock 357 1355 2014-09-19 -78.539274 35.817363 
           

0 

Impoundment Bedrock 358 1335 2016-06-22 -78.539553 35.822081 
           

0 

Impoundment Bedrock 359 603 2016-06-22 -78.539689 35.827669 
           

0 

Impoundment LWD 385 1170 2014-08-29 -78.538859 35.803061 
  

1 
     

1 
 

1 3 

Impoundment LWD 428 485 2016-06-24 -78.537266 35.815717 
           

0 

Impoundment LWD 432 2017 2014-09-19 -78.538106 35.815987 
          

1 1 

Impoundment LWD 494 824 2016-06-22 -78.531668 35.836181 
           

0 

Impoundment LWD 518 387 2016-06-22 -78.530444 35.847357 
           

0 
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Table 9: Mussel survey count data for the downstream reach. 
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Downstream Sand-gravel 15 2921 2016-08-24 -78.5393 35.76194 
           

0 

Downstream Sand-gravel 17 3033 2016-08-03 -78.539413 35.76348 
           

0 

Downstream Sand-gravel 38 2094 2014-08-22 -78.537198 35.782565 
   

1 
 

1 
     

2 

Downstream Sand-gravel 48 2734 2014-08-22 -78.535138 35.789315 9 6 106 8 
 

10 5 1 1 
 

1 147 

Downstream Sand-gravel 348 1562 2016-06-23 -78.541571 35.796246 
  

17 1 
 

13 
     

31 

Downstream Cobble 20 1632 2016-08-02 -78.539125 35.767948 
  

3 1 
 

60 
     

64 

Downstream Cobble 23 1432 2014-08-29 -78.538847 35.769488 
  

2 12 
 

54 1 
    

69 

Downstream Cobble 277 786 2016-08-02 -78.53938 35.768128 
  

19 
  

87 1 
    

107 

Downstream Cobble 278 509 2016-08-02 -78.5401 35.773621 1 
 

25 
  

19 1 
  

1 
 

47 

Downstream Cobble 280 752 2014-08-29 -78.537205 35.783161 
  

3 
  

2 
     

5 

Downstream Boulder 45 1734 2014-08-22 -78.534911 35.788236 1 2 9 
  

32 
     

44 

Downstream Boulder 263 2211 2016-08-03 -78.53907 35.761504 
  

15 
  

89 
     

104 

Downstream Boulder 264 1557 2016-08-03 -78.539647 35.763762 
     

1 
     

1 

Downstream Boulder 265 1609 2016-08-03 -78.539474 35.76469 
           

0 

Downstream Boulder 268 3871 2014-08-29 -78.539481 35.772153 
  

21 2 
 

67 
     

90 

Downstream Bedrock 42 1063 2016-06-23 -78.536625 35.785758 2 
 

12 
  

13 
     

27 

Downstream Bedrock 57 5972 2014-08-07 -78.539137 35.793488 2 
 

8 2 1 35 2 
    

50 

Downstream Bedrock 60 3700 2016-06-23 -78.540974 35.794498 
  

22 2 
 

39 2 
    

65 

Downstream Bedrock 258 3347 2016-08-03 -78.539692 35.765486 
  

17 
  

24 2 
    

43 

Downstream Bedrock 260 1842 2014-08-07 -78.536588 35.791715 5 1 163 5 1 91 1 2 
 

1 2 272 

Downstream LWD 296 756 2016-08-03 -78.539333 35.767187 
  

2 
        

2 

Downstream LWD 305 802 2014-08-29 -78.539222 35.771329 
  

7 
  

1 
    

1 9 

Downstream LWD 313 662 2016-06-23 -78.537914 35.777884 1 
 

47 1 
 

5 
     

54 

Downstream LWD 314 1598 2014-08-29 -78.53711 35.779582 2 
 

30 1 
 

6 1 2 
   

42 

Downstream LWD 327 714 2016-06-23 -78.535359 35.789405 
  

69 3 
 

8 1 
    

81 
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2.4 Discussion 

Habitat loss and alteration in the reaches adjacent to the Milburnie Dam 

manifested in altered dissolved oxygen (DO) concentrations, ecosystem metabolic rates, 

benthic habitat availability, and freshwater mussel community composition and 

abundance. Ecosystem metabolism processes controlling dissolved oxygen in the matrix 

(impoundment) and edge (downstream) habitats were different than in the reference core 

(upstream reach) habitat (Figure 12; Figure 13). The availability of preferred benthic 

habitat for freshwater mussels was greater downstream of the dam and likely contributed 

to creating an edge habitat that sustains greater mussel density and diversity. These 

results suggest that the removal of Milburnie Dam could have mixed consequences (pros 

and cons) for mussels in the vicinity depending on the physical and biogeochemical 

response of each reach to the disturbance of dam removal. 

Habitat loss in the form of low DO concentrations was only temporally observed 

during the study in the impoundment and upstream reaches when concentrations dropped 

below 3mg/L. Standard one-day minimum water quality thresholds are set by the United 

States Environmental Protection Agency for warm-water systems at 5mg/L for early life 

stage organisms and at 3mg/L for all other life stages (EPA 1986). These acute hypoxic 

conditions coincided with longer periods of time when the river was at base flow (while 

the hydrology was controlled by the upstream Falls Lake Dam releases). Laboratory 

experiments demonstrated that exposure to average water column DO concentrations of 

~2mg/L for 48 hours was sufficient to cause juvenile mortality of a common freshwater 

mussel species (Elliptio complanata) present in the Milburnie Dam study area (Sparks 

and Strayer 1998).  
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Ecosystem metabolism has rarely been monitored continuously in systems as 

large as the Neuse River for the duration of a year (Riley and Dodds 2013). The annual 

patterns of GPP, ER, and NEP are similar to those found for large river systems such as 

the Mississippi and Chattahoochee Rivers (Riley and Dodds 2013). However, when 

compared to small streams with significant canopy cover, the seasonal effect of leaf 

phenology on ecosystem metabolism (Roberts et al. 2007) was not observed in the Neuse 

River study reaches. The range of GPP and ER values observed within each reach in the 

Neuse River fell within the range of values observed in other systems with a similar 

discharge (Hall et al. 2016). The gas exchange flux (K) is positively correlated with the 

slope of a river and ranges from 0 to ~16 d
-1

 (Hall et al. 2016). In this study, the gas 

exchange flux was only slightly different in magnitude among the three reaches (2.36-

2.96 d
-1

) despite the statistically significant difference in means (Table 4). The slope of 

each study reach is small and similar, so it was expected that the gas exchange flux would 

be consistent among these reaches. 

Benthic habitat among the three reaches was dominated by small substrate types. 

However, the proportion of larger, presumably more stable (and likely suitable) substrate 

types for freshwater mussels was slightly greater in the downstream reach compared to 

the upstream or impounded reaches. These patterns were expected, as dams are known to 

capture sediment (Vörösmarty et al. 2003) often creating sediment-starved reaches 

downstream and a coarsening of the bed material (Williams and Wolman 1984, Grant et 

al. 2003). However, the downstream reach of Milburnie Dam is far from sediment poor 

as nearly half the available habitat fell into the smallest substrate habitat category. During 

large flow events, the hydraulics of the Milburnie Dam’s small impoundment likely 
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transport fine sediment through the reservoir or remove fine sediment from the reservoir 

and deposit it downstream. Sediment surveys within the impoundment found minimal 

accrual of fine sediment (Restoration Systems LLC 2011), which supports the idea of 

regular flushing of the system, which is not uncommon for run-of-river dams. 

Furthermore, construction of Falls Lake Dam (nearly 30m tall) was completed in 1981 

and is only 13 river-kilometers upstream of the Milburnie Dam impoundment. This 

reservoir has likely decreased the overall sediment load moving through the Milburnie 

Dam system. It is possible that prior to Falls Lake Dam, the Milburnie Dam 

impoundment had larger stores of sediment, but over the last 35 years the inputs have 

been much smaller than exports, which has allowed the flushing of the Milburnie Dam 

reservoir.  

A loss of sediment inputs may have been important for promoting freshwater 

mussel abundance and diversity in the downstream study reach. It is uncertain if the 

greater habitat availability downstream of Milburnie Dam allowed mussels to immigrate 

to these new habitats from afar during their parasitic life stage on fish hosts, or if mussels 

slowly colonized from adjacent patches as suitable habitats expanded when sediment was 

removed from the system. Greater mussel community diversity and abundance 

downstream of mill dams has been observed across the southeastern United States 

(Gangloff et al. 2011, 2012). Another mechanism hypothesized for this observation has 

been that the dam creates a barrier to host fishes moving upstream causing an 

accumulation of fish directly downstream of the dam. The pause in fish host movement 

as they try to circumvent the dam may allow more parasitic mussel glochidia to detach as 

juveniles just downstream of the dam and develop the more diverse, abundant mussel 
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community or the abundance of host fishes may provide greater opportunity for glochidia 

to attach to a host. It may not be physical or biological drivers either. In the downstream 

reach, the minimum daily DO concentrations were consistently higher than the other two 

reaches, which may suggest the physical aeration of water from passing over the dam is 

stabilizing this water quality parameter for downstream communities.  

The community composition of the three reaches also represents the relative lotic-

lentic transition between the up-/downstream reaches and impoundment. The two species 

(Pyganodon cataracta and Utterbackia imbecillis) most associated with the 

impoundment are species generally identified as lentic organisms that inhabit quiet 

waters (Haag 2012). In the up- and downstream reaches, where a majority of the diversity 

of mussels was found, species present have life histories tightly linked to fast-moving 

water or lotic habitats (Haag 2012). The Elliptio complex was ubiquitous and reflects the 

known habitat generalist life history patterns observed across its range (Haag 2012).  

Large woody debris habitats were the most likely habitat type in which to find 

mussels in this study. This could be attributed to the predominant location of the LWD 

patches along the banks of the river in each reach. Along the banks, mussels were 

regularly found embedded in clay deposits regardless of the habitat patch type. These 

clay deposits were undetected by the sonar habitat mapping to include as an additional 

habitat type in the study, but may be important habitats for the Milburnie Dam system. 

2.4.1 Implications for habitat change theory 

The habitat changes observed at the reach scale have informed how we perceive 

these systems in rivers. The matrix habitat (impoundment) demonstrated a temporally 

dynamic biogeochemical habitat loss (in contrast to the physical habitat loss from the 
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conversion of flowing to still water habitat) in the form of dissolved oxygen 

concentration fluctuations. Spatially dynamic habitat losses have been recognized in 

landscapes and evaluated in terrestrial systems (Schmiegelow and Mönkkönen 2002). 

However, the identification of rapid temporal habitat loss in freshwater systems 

(potentially common) can provide a system in which to advance our understanding of the 

consequences for temporary habitat losses on organisms. Furthermore, this habitat loss is 

unique in that there is no structural change in habitat, only a change that makes it 

inhospitable for organisms to exist there. The downstream reach provided an edge habitat 

where freshwater mussels exist in abundant and diverse communities (Gangloff 2013). 

This may identify them as edge-specialist species similar to species of shade-intolerant 

vegetation that thrive along forest edges (Laurance and Yensen 1991). The distance to 

which edge effects propagate into core habitat in terrestrial systems is generally less than 

500m, but large propagation effects have been observed (Laurance 2000). In rivers, the 

downstream penetration of some edge effects can extend tens to hundreds of kilometers 

(Stanford and Ward 1979) and may offer a system to test theory related to large spatial-

extent edge effects.  

2.4.2 Conclusions and implications  

This study documented the local, reach-scale effects of a low-head run-of-river 

dam on physical, biogeochemical, and biological response variables using a conceptual 

framework from terrestrial habitat change ecology. Results show biogeochemical habitat 

loss in the matrix impoundment, freshwater mussel species thriving in the downstream 

edge habitat, and water quality potentially varying in time creating temporal habitat loss 

within the impoundment. Because of these types of habitat impacts associated with dams 
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(Ligon et al. 1995), there has been increased interest in using dam removal as a 

mechanism for restoration and species recovery. However, there remain questions as to 

the potential impacts of dam removal (a disturbance itself) on entire ecosystems at the 

local and watershed scale.  

Dams have well-recognized impacts on water quality, particularly dissolved 

oxygen (Sánchez et al. 2007, Elçi 2008). Despite the large number of studies of dissolved 

oxygen, impoundments have not been described in terms of their impact to ecosystem-

level changes, particularly ecosystem metabolism. Such ecosystem processes affected by 

removing dams are particularly important for water quality in systems like the Neuse 

River. The most recent decision document from the United States Environmental 

Protection Agency has listed (under section 303(d) of the Clean Water Act) many water 

bodies as impaired in North Carolina because of their biological activity in the form of 

algal blooms and low dissolved oxygen concentrations (U.S. Environmental Protection 

Agency Region 4 Water Protection Division 2016). Ecosystem metabolism results from 

this study demonstrate that the Milburnie Dam impoundment is consuming much more 

oxygen than either the upstream or downstream reach. When considering the total flux of 

oxygen from the system via ecosystem repiration, the impoundment consumes 150% 

more oxygen than the reference upstream reach. Yet, the metabolism results also show 

that the downstream reach consumes approximately 50% less oxygen than the upstream 

reach. Therefore, the net effect of the dam (considering only the changes to ecosystem 

metabolism) within the affected reaches (matrix and downstream edge habitat) is 

probably closer to 100% more oxygen consumed with the dam present than without. If 

the metabolic rates of the impoundment and downstream reaches become more similar to 
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the upstream (i.e., reference) reach following dam removal, then the study system as a 

whole should become less heterotrophic.  

One of the primary concerns of dam removal is the potential impacts of sediment 

flux on downstream reaches (Orr et al. 2008). This sediment flux has been equated with 

environmental disturbance and disturbance theory has been used to inform predictions for 

how dam removal will impact downstream systems (Doyle et al. 2002, Stanley and Doyle 

2003). However, the impact of this sediment flux is highly site dependent with regards to 

the quantity, quality, and the climatic conditions following the removal which dictate the 

rate sediment will be transported through the downstream reach (Doyle et al. 2003). For 

freshwater mussels, the response to a dam removal may take several years to decades 

before recolonization of the impoundment or immediate downstream, impacted reach 

(Kappes and Haase 2012). This recovery time could be much longer, or impossible, if the 

short-term habitat impacts eliminate a species entirely from a system such that 

recolonization is no longer possible (Hughes 2007). However, in the case of the 

Milburnie Dam, the minimal accrual of fine sediment in the impoundment makes the site 

more amenable to habitat restoration by dam removal. The benthic habitat in the 

impoundment was comparable to that in the upstream reference reach (Figure 15). In 

addition, because of the limited sediment accrual in the impoundment, removal would not 

induce heavy sedimentation and mussel loss in downstream reaches. The immediate 

downstream reach, which is currently an edge habitat, would presumably serve as a ready 

source of colonists for the impoundment.  

If edge habitat is beneficial to a species, as it was in this case downstream of the 

Milburnie Dam (Figure 16-17) and has been elsewhere for mussels in the vicinity of 
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dams (Gangloff 2013), then another tradeoff for dam removal is the local impact versus 

the regional benefit of the restoration effort. A sites with large sediment deposits in the 

impoundment, removal of a dam and reconnection of sediment continuity could cause 

direct impacts to organisms occupying the downstream edge (i.e., smothering of existing 

mussels (Sethi et al. 2004)) as well as the modification or alteration of the edge habitat 

itself; that is, species using the habitat would be eliminated and the edge habitat would no 

longer exist. Most research and management actions associated with dam removal has 

focused on these types of local-scale effects, i.e., within the impoundment or immediately 

downstream (Stanley and Doyle 2003). However, the effects of dam removal on 

reconnecting upstream and downstream river segments (sensu Frissel et al. (1986)) for 

migratory species, or to improve subpopulation connectivity for metapopulation stability, 

have been recognized but rarely studied empirically. These types of habitat reconnections 

are an important regional benefit of dam removal, particularly for species with large 

distributions and regional movement patterns (Hanski 1999). 
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Chapter 3.  Gene flow simulations demonstrate resistance of 

long-lived species to genetic erosion of habitat fragmentation 

 

3.1 Introduction 

Habitat fragmentation restricts the movement of individuals across a landscape 

(Fahrig 2003). In a terrestrial system, roads are typical barriers capable of restricting the 

movement of animals between once-connected populations (Epps et al. 2005). In aquatic 

systems, dams and other types of barriers (Fuller et al. 2015) limit movement in both the 

up- and downstream directions (Goodwin et al. 2014). In both terrestrial and aquatic 

systems, barriers to organism movement can modify population and community 

dynamics—demographic change of a species and community assembly—at local or 

regional scales (Campbell Grant et al. 2007).  

Movement of individuals is a major life history trait involved in several life 

history strategies (e.g., life-stage resource partitioning or spawning migration movements 

(Villegas-Amtmann et al. 2013) that are directly affected by habitat fragmentation. Some 

migratory species (e.g., salmon) have life history strategies that require movement to 

allow individuals at different life stages to be separated in space so as to minimize 

intraspecific competition or provide distinct life stage-specific resources in different 

habitats (Rieman and Dunham 2000). Additionally, migration life histories are used to 

track available resources across landscapes and seasons (Winkler et al. 2014). For non-

migratory species, rare movements outside of a typical home range, or from natal 

grounds, is necessary for maintaining metapopulation dynamics (Dunham and Rieman 

1999). 
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Species movement directly influences population genetics through disruption of 

the balance between gene flow and genetic drift (Hutchison and Templeton 1999). For 

example, by splitting a population in two and restricting movement (gene flow) between 

them, the effective population size for each new subpopulation is reduced. Smaller 

effective population sizes increase the rate of genetic drift in each subpopulation (Lloyd 

et al. 2013). Then, the increased rates of genetic drift in each subpopulation will lead to 

population genetic structure — a divergence of subpopulations genetically — in the 

landscape. Genetic divergence may be observed in varying rates of heterozygosity or 

allelic richness decline. 

In addition to movement, there are other life history traits, particularly longevity, 

that affect population genetics. For long-lived species that reproduce annually until death, 

genetic diversity from earlier generations is maintained in a population because older 

individuals continue to supplement the population gene pool (Mock et al. 2013). In 

contrast, short-lived species are unable to supplement genetic diversity for the population 

over long time periods because there is decreased generational overlap to pass rare alleles 

on to new generations (Lloyd et al. 2013). Instead, populations of short-lived species will 

lose alleles faster and the effects of genetic drift will manifest more quickly. Therefore, 

the average lifespan of a species is negatively correlated with the rate of genetic erosion 

in a population. Consequently, the longer the average lifespan of a species, the more 

resistant that species should be to the effects of genetic drift. The effect of fragmentation 

on a particular species is, therefore, dependent on life history traits related to movement 

and longevity (Henle et al. 2004, Thiel-Egenter et al. 2009).  
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Fragmentation is particularly profound for aquatic species in river networks. The 

linearity of each river segment makes its fragmentation for a species more difficult (and 

usually impossible) to circumvent than a terrestrial fragmentation agent where alternative 

routes may be possible (Fuller et al. 2015). The dendritic structure of river networks 

already interacts with species movement patterns (Campbell Grant et al. 2007), so 

fragmentation of those networks has additional consequences for population growth and 

community composition (Fagan 2002). Therefore, species with life history traits or 

strategies that are sensitive to restricted movement of individuals and are short-lived 

should be particularly vulnerable to habitat fragmentation in river networks. The 

vulnerability of these species can manifest in population demographic impacts (e.g., 

reduced population growth rate (Samia et al. 2015)) or population genetic impacts (e.g., 

genetic erosion (Bijlsma and Loeschcke 2012)).  

To better understand the contrasting influences of life history and fragmentation 

on population genetics, ideal study organisms would have similar movement capabilities, 

but contrasting longevities. Freshwater mussels (Unionidae) show a diverse set of life 

histories that range in both movement ability and longevity (Haag 2012). Most long-

distance movements for freshwater mussels are achieved during their parasitic larval 

stage as glochidia (Kappes and Haase 2012). During this period, each glochidium 

attaches to the gills or fins of a fish host where it develops (on average for 2-4 weeks, but 

can range from 1 to 14 weeks depending on the species of mussel) into a small juvenile 

mussel (Haag 2012). The location to which the host fish has moved when the juvenile 

mussel drops from its host will determine the major movement phase of an individual 

freshwater mussel. Known fish hosts for just one species of mussel can have very 
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different movement patterns and abilities (Lellis et al. 2013). For Elliptio complanata, 

hosts range from the migratory American eel (Anguilla rostrata) that are capable of 

traveling hundreds of kilometers in just a few days (69 km day
-1

 going downstream while 

a closely-related anguillid eel, Anguillia anguilla from Europe, have been observed to 

move 2 km day
-1

 upstream (Haro 2003)) to benthic mottled sculpins (Cottus bairdii) with 

annual movement ranges of less than 100 m (Breen et al. 2009). Consequently, 

freshwater mussels are a good study organism to evaluate the impacts of habitat 

fragmentation because they are capable of both long-distance dispersal, but can also 

persist in isolation if the proper resident fish hosts are available. 

In addition to mobility dichotomies for freshwater mussels, life history strategies 

can diverge along lifespan. Different phylogenetic groups within the order Unionoida 

have mean lifespans ranging from 11 to 50 years, but for some mussel species (e.g., 

Margaritifera margaritifera) individuals living 100+ years is not uncommon (Haag and 

Rypel 2011). Most mussel species have size-specific fecundity and reproduce annually 

until death (Haag and Staton 2003), which makes species with long-lived life history 

strategies capable of contributing alleles to the reproductive population for many 

consecutive years. Subsequently, these long-lived individuals act as genetic memory 

banks in the population, helping to resist the deleterious impacts of genetic drift or 

erosion for the species relative to a life history strategy that emphasizes shorter 

generation times and earlier age at maturity. 

This goal of this study was to contrast the life history trait of longevity with 

habitat fragmentation to determine the impacts on species population genetic structure. 

This contrast was made by simulating gene flow among populations in a river network 
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and tracking the genetics of individuals and populations for 200 years. The modeled 

scenarios represent a full cross between five life history strategies—longevities—and 

four riverscapes representing varying degrees of fragmentation (Table 10). The five life 

history strategies include species with average lifespans ranging from 10 to 50 years. The 

movement landscapes ranged from fully fragmented to panmictic with a stepping-stone 

landscape allowing movement to only neighboring populations for each dispersal event 

and a fragmented landscape divided by the dams currently standing in the network. It was 

expected that scenarios with more restricted movement would exhibit greater population 

genetic structure, lower observed heterozygosity, and lower allelic richness at the end of 

the 200 year simulation. Furthermore, scenarios simulating species with short average 

lifespans should have greater population genetic structure than species with long 

lifespans. 

3.2 Methods 

To evaluate how life history strategies interact with habitat fragmentation, species 

with short to long lifespans were contrasted with riverscapes ranging from completely 

fragmented to completely connected. The contrast between five longevity life history 

strategies and four riverscapes varying in their resistance to movement produced 20 

modeling scenarios (Table 10). For each scenario, the population genetic structure of a 

theoretical aquatic species (loosely based on freshwater mussels) was measured to 

demonstrate the genetic consequences of the interaction between habitat fragmentation 

and life history strategy. 
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3.2.1 Simulation scenarios 

Twenty modeling scenarios were compared in the simulations (Table 10). These 

scenarios come from the cross between five life history strategies and four landscapes 

with varying resistance to movement. The longevity life history trait included two 

components (maximum lifespan and age at maturity) that varied among longevity 

scenarios. Lifespan ranged from 10-50 years at 10-year intervals and age at maturity 

ranged from 2-6 years for each of the five lifespan longevities respectively. These life 

histories were roughly based on freshwater mussels whose communities include species 

that have a similar range of mean lifespan and age at maturity (Haag and Staton 2003, 

Haag and Rypel 2011, Haag 2012). Once mature, adults reproduced until death, which is 

also a common trait among freshwater mussel species (Haag 2012). 

Table 10: Alpha numeric names of scenarios contrasting species movement and 

longevity. “Longevity” scenarios offer the values for lifespan and age at maturity 

(years). “Movement Scenario” indicates the extent to which individuals can move 

between subpopulations during each time step of the simulation (see Figure 19 for 

movement scenario descriptions). 

 

Longevity   Movement Scenario 

Lifespan Maturity   Fragmented Dams Stepping-stone Panmictic 

10 2 
 

F10 D10 S10 P10 

20 3 
 

F20 D20 S20 P20 

30 4 
 

F30 D30 S30 P30 

40 5 
 

F40 D40 S40 P40 

50 6   F50 D50 S50 P50 

 

For each life history strategy, four different landscapes were presented to the 

species that ranged in their resistance to individual movement (Table 10). At one end of 

the movement spectrum, movement mimicked a panmictic population (P10-50 scenarios)  
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Figure 19: Conceptual diagram demonstrating potential dispersal (during a single 

migration event) from a single focal subpopulation in each simulation landscape. 

White subpopulation indicates the focal subpopulation and arrows represent the 

movement to reachable subpopulations (grey circles) during each time step from the 

focal subpopulation. Green arrows identify which subpopulations (grey circles) are 

available for immigration. Blue lines connecting subpopulations are river segments, 

while black bars perpendicular to these river segments represent dams that function 

as complete barriers to movement. 

where individuals could move to any other subpopulation in the river network (Figure 

19). At the other end of the spectrum, fragmentation by theoretical barriers (F10-50 

scenarios) completely restricted movement so individuals only interact within their natal 

subpopulation. Between these two extremes was a stepping-stone landscape (S10-50 

scenarios), where individuals were restricted to moving only to the neighboring up- or 

downstream subpopulations in the river network. Finally, the dams landscape (D10-50) 

Stepping-
stone

Panmictic

Dams

Focal subpopulation

Reachable subpopulation

Isolated (from focal) 
subpopulation Dam barrier

Dispersal potentialRiver Segment

Fragmented
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represented the current habitat fragmentation by dams in the simulation landscape (Neuse 

River network; see Section 3.2.2). Dams functioned as complete barriers to movement of 

individuals, so individuals could only move to other subpopulations with no intervening 

dams along the river network. 

3.2.2 Simulation landscape 

All simulations operated across a representation of the Neuse River network in 

North Carolina, USA (Figure 20). Species subpopulations were distributed evenly 

through the river basin with a habitat patch and associated subpopulation in each HUC-12 

sub-watershed (i.e., each HUC-12 had one subpopulation). This subdivision of the Neuse 

River Network produced 145 subpopulations.  

The dam scenarios simulate the effect of the ubiquitous dams in the Neuse River 

basin, of which there are over 600 (Hoenke et al. 2014) (Figure 19). The fragmented 

scenarios simulate a maximally-fragmented river network with barriers between each 

subpopulation so individuals remain within their natal population for the duration of their 

lives. The stepping-stone scenarios assume that individuals may be able to overcome 

small numbers of barriers, but barriers remain restrictive to movement within the network 

(only short distance dispersal to neighboring populations possible). Because the majority 

of dams are low-head, run-of-river dams in the Neuse River basin, the stepping-stone 

scenario may be thought of as representing the partial permeability of these types of dams 

(sensu Strayer et al. (2003)). 
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Figure 20: Map of simulation subpopulations and dams in the Neuse River network. 
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3.2.3 The gene flow model 

The simulation of freshwater mussel gene flow was conducted in CDPOP (Landguth and 

Cushman 2010). CDPOP is an individual-based model that tracks genetic exchange 

among individuals in time and space. The landscape the model operates across is a user-

define landscape grid with each individual occupying a cell within that rasterized 

environment. Movement among individuals is mediated using cost-distance matrices for 

each pair-wise distance between individuals. This framework for movement allows the 

user to control where individuals move in the landscape for dispersal events at each time 

step. For this study, pair-wise river distances between all 145 subpopulations were 

measured along river segments of the Neuse River network to generate the cost-distance 

matrix used in the simulations. Cost-distances between individuals within a 

subpopulation were set at 0 such that movement within a subpopulation was unrestricted 

for mating. Cost-distances between individuals in other subpopulations were assigned 

based on the river distance separating their subpopulations. This river distance cost-

distance matrix was used for the Fragmented, Stepping-stone, and Panmictic scenarios. 

For the Dams scenarios, a cost-distance matrix was generated by tallying the number of 

dams that intervened each pair-wise combination of subpopulations. This cost-distance 

matrix allowed the simulations to identify when dams were present and therefore 

restricting movement between subpopulations for this scenario. 

Life history strategies for short and long lifespans were simulated by creating five 

separate population demographic inputs for the model. The population demographic 

parameters that varied among life history scenarios included the maximum lifespan of a 

mussel, and the age at maturity (Table 11). Other population demographic parameters 
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(e.g., subpopulation size, sex ratio) were held constant across all simulation scenarios 

(Table 11). The maximum subpopulation size was set at 100 individuals due to 

computational restrictions. The sex ratio was kept near 50:50 across all simulation years 

and represents a common sex ratio among mussel species (Haag 2012). For each 

scenario, the model was run for 200 years, and each simulation scenario run 10 separate 

times to estimate variability in output for each scenario.  

Table 11: Model demographic parameter values/ranges and citations supporting 

their use assuming theoretical mussel species. 

 

Model Parameter Value Citations supporting value 

Sex ratio 1:1 (Haag and Staton 2003) 

Lifespan (years)
 

10-50 (Haag and Rypel 2011) 

Age at Maturity (years)
 

2-6 (Haag and Staton 2003) 

Population size 100 computation limited 

Time Steps (years) 200 

  

Stochasticity exists in the model at several points during each time step. During 

mating events, individuals within their subpopulation are paired randomly. Additionally, 

genetic recombination between mating individuals also occurs randomly as each allele 

for a given locus in the offspring is selected randomly from each parent. Furthermore, 

alleles for each locus are selected randomly for each individual when the model is 

initialized. This is equivalent to the simulation starting from a panmictic population. 

Movement to new locations also occurs randomly (within the allowable dispersal range 

based on the cost distance among subpopulations) for a migrating individual. The 

panmictic scenarios allow movement of individuals selected to migrate to any other 

subpopulation in the network regardless of its distance from the origin patch. Therefore, 
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selection of the destination patch during migration is made randomly for all scenarios that 

allow migration.  

3.2.4 Population genetic analysis 

Twenty-five loci with two alleles each were used in each individual to trace gene 

flow during the simulation. This marker set was based on the historic use of 20 or fewer 

microsatellite markers in previous landscape genetic studies (Storfer et al. 2010) and 

assumed to be sufficient for quantifying population genetic structure from the model 

output where there is perfect knowledge of each genotype.  

To evaluate population genetic structure among the scenarios, three different 

genetic statistics were used to characterize the population genetics of the simulation 

output. First, the population divergence statistic FST (Weir and Cockerham 1984) was 

calculated globally for each simulation replicate. This FST value compares the genetic 

variation among all subpopulations with the genetic variation across all 145 pooled 

subpopulations (entire set of individuals in the landscape). Consequently, the statistic is a 

quantitative value describing the population genetic structure across the entire simulation 

landscape (all subpopulations) for the final time step (year 200 of the simulation). A two-

way analysis of variance (ANOVA) was then used to compare means and variance of the 

FST values from each of the 20 scenarios and their 10-independent replicate runs using 

longevity and movement as the predictors. This assessed whether short- and long-lived 

species responded differently to habitat fragmentation genetically. Tukey’s HSD post-hoc 

tests determined which pairwise contrasts between scenarios contributed to any 

significant global two-way ANOVA test. 
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Second, observed heterozygosity at year 200 for all individuals in the landscape 

was used to compare scenarios. The observed heterozygosity was evaluated statistically 

using the same two-way ANOVA and Tukey’s HSD tests with observed heterozygosity 

predicted by life history strategy and movement scenario. Third, allelic richness at the 

subpopulation level (total number of alleles in a subpopulation) was used to identify the 

impact of genetic isolation and drift (Greenbaum et al. 2014). The number of alleles in 

each subpopulation at year 200 was averaged across all subpopulations for each scenario 

replicate. The mean allelic richness for each scenario was then, also, evaluated using a 

two-way ANOVA followed by Tukey’s HSD tests. 

All analyses on simulation output, were conducted in the statistical software R (R 

Core Team 2016) using the packages “adegenet” (Jombart et al. 2008, 2010, Jombart and 

Ahmed 2011), “ape” (Paradis et al. 2004, Popescu et al. 2012), “hierfstat” (Goudet and 

Jombart 2015), “pegas” (Paradis 2010), and “poppr” (Kamvar et al. 2014, 2015). 

3.2.5 Simulation assumptions and limitations 

The simulations in this study hold population demographics stable across the 

landscape to focus only on changes to population genetics. Each subpopulation contained 

100 individuals and this size limit was necessary due to limits on computational 

resources. Because demographics were held constant, this modeling effort can focus on 

the life history and fragmentation variation explicitly identified in the modeling 

framework. However, it is necessary to comment that the demographic dynamics of a 

species would also affect the change in its population genetic structure. 
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3.3 Results 

3.3.1 Population genetic structure 

Population genetic structure (as FST values) ranged from 0 to 0.28 across all movement 

and longevity scenarios and both longevity and movement were significant predictors of 

FST (two-way ANOVA; Table 12). The fragmented network scenario with no movement 

of individuals among populations demonstrated the greatest population genetic structure 

variation among the longevity scenarios (Figure 21). Furthermore, it had significantly  

Table 12: Two-way ANOVA table results using lifespan and movement scenario as 

independent variables predicting population genetic structure (FST), observed 

heterozygosity (Ho), and allelic richness. 
 

Dependent Independent df Sum Sq Mean Sq F-value p-value 

FST Longevity 4 0.1473 0.03682 40.7 <<0.0001 

 

Movement 3 0.5749 0.19162 212.0 <<0.0001 

 

Residuals 191 0.1727 0.0009 
  

  
     

Ho Longevity 4 0.03811 0.00953 41.5 <<0.0001 

 

Movement 3 0.11746 0.03915 170.6 <<0.0001 

 

Residuals 191 0.04384 0.00023 
  

  
     

Allelic Longevity 4 2.78 0.6951 28.6 <<0.0001 

Richness Movement 3 1.35 0.4501 18.5 <<0.0001 

  Residuals 191 4.649 0.0243 0 
 

 

greater population genetic structure than the three other movement scenarios (Tukey’s 

HSD test: p<<0.001; Figure 21). There was no difference in population genetic structure 

between the stepping-stone or panmictic scenarios, but the dams scenario had 

significantly greater population genetic structure than the stepping-stone and panmictic 

scenarios (Figure 21). The shortest longevity scenario (10-year lifespan) demonstrated 

significantly greater population genetic structure than all other lifespans (Tukey’s HSD  
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Figure 21: Mean (±2SD) population genetic structure (FST) for each movement and 

longevity scenario at year 200. Lowercase letters in legend indicate significant 

differences between longevity life history strategies while capital letters indicate 

significant differences between movement scenarios based on Tukey’s HSD test. 

 

test: p<<0.001; Figure 21). The 20-year lifespan longevity scenario had significantly 

greater population genetic structure than longevity scenarios with lifespans of 30, 40, and 

50 years (Figure 21). No significant differences in population genetic structure existed 

among scenarios with lifespans of 30, 40 and 50 years. 

3.3.2 Observed heterozygosity 

Observed heterozygosity was significantly predicted by both longevity and movement 

(two-way ANOVA: Table 12) (Figure 22). The fragmented movement scenario had 

significantly lower observed heterozygosity than the other three scenarios, while the 

dams scenario had significantly lower observed heterozygosity than the stepping-stone 
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and panmictic scenarios (Tukey’s HSD test: p<<0.001; Figure 22). There was no 

difference in the observed heterozygosity between the stepping-stone and panmictic  

 
Figure 22: Mean (±2SD) observed heterozygosity for each movement and longevity 

scenario at year 200. Lowercase letters in legend indicate significant differences 

between longevity life history strategies while capital letters indicate significant 

differences between movement scenarios based on Tukey’s HSD test. 

scenarios. The shortest lifespan longevity scenario had significantly lower observed 

heterozygosity than all other longevity scenarios at the end of the simulation (Tukey’s 

HSD test: p<<0.001; Figure 22). The longevity scenario with a 20-year lifespan was 

significantly lower than the 30-, 40-, and 50-year lifespan scenarios (Tukey’s HSD test: 

p<<0.001; Figure 22). There was no significant difference in the observed heterozygosity 

among 30-, 40- and 50- year lifespan scenarios. 
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3.3.3 Allelic richness 

Allelic richness was significantly predicted by both longevity and movement (two-way 

ANOVA: Table 12) (Figure 23). The fragmented movement scenario had significantly 

lower allelic richness than the other three movement scenarios, while dams, stepping-

stone, and panmictic scenarios were not statistically different from each other (Tukey’s 

HSD test: p<<0.001; Figure 23). The shortest lifespan longevity scenario had 

significantly lower allelic richness than all other longevity scenarios at the end of the 

simulation, but no other significant differences were noted between longevity scenarios 

(Tukey’s HSD test: p<<0.001; Figure 22). The decrease in magnitude of allelic richness 

from 50 to 49 alleles during the 200-year simulation for the 10-year lifespan scenario  

 
Figure 23: Mean (±2SD) allelic richness for each movement and longevity scenario 

at year 200. Lowercase letters in legend indicate significant differences between 

longevity life history strategies while capital letters indicate significant differences 

between movement scenarios based on Tukey’s HSD test. 
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represents an average fixation of one of 25 marker loci (or 4% of the neutral, biallelic 

genetic markers) per population in the simulation. 

3.4 Discussion 

The results of this study indicate that the population genetic response to habitat 

fragmentation is dependent on the longevity of a species. Species using life history 

strategies with long lifespans benefit from generational overlap that insulates their 

population from the genetic impacts of habitat fragmentation more than species using 

shorter-lifespan life history strategies. This divergence in population genetic structure for 

species with contrasting longevities has been observed for two freshwater mussel species 

that co-occurred across the Pacific Northwest, USA (Mock et al. 2013). The two species 

of freshwater mussel had overlapping distributions, but diverging life history traits related 

to average lifespan and host-fish movement ability. Similar to the simulation results of 

this study, the species of mussel with a longer lifespan and more mobile fish hosts 

demonstrated less population genetic structure than the species with poorly dispersing 

fish hosts and a shorter lifespan (Mock et al. 2013).  

The actual population genetic structure in river networks for mussels will be 

derived from the combine effects of each species’ life history and movement patterns. 

Empirical studies have demonstrated limited population genetic structure for some 

species of freshwater mussels (Small et al. 2012, Abernethy et al. 2013, Mock et al. 

2013). Abernethy et al. (2013) showed that mussel subpopulation genetics were similar 

upstream and downstream of several dams that were more than 175 years old. Simulation 

results from this study would suggest that only species with lifespans shorter than 20 
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years and small effective populations (≤100 individuals) would have exhibited genetic 

divergence over that period of fragmentation. The two species they sampled (Elliptio 

arca and Elliptio complanata) have average lifespans greater than 35 years, so the 

sampled subpopulations would have required extremely small effective population sizes 

or passed through a genetic bottleneck in order have diverged genetically.  Similarly, 

little population genetic structure was noted in three mussel species across a larger spatial 

extent in the Altamaha River (Small et al. 2012). One of these species of mussel (Elliptio 

icterina/complanata complex) has lifespans potentially greater than 90 years (Strayer and 

Malcom 2012). The simulation results in this study, regardless of any habitat 

fragmentation effects, suggest that observing population genetic structure would be 

unlikely in this landscape for this species. 

In addition to longevity playing a key role in reducing population genetic 

structure across a landscape, even small dispersal events may be sufficient for decreasing 

the impacts of habitat fragmentation if the barriers are not complete (as they are generally 

assumed to be), but slightly permeable. The simulation results demonstrate that the 

stepping-stone model had significantly less population genetic structure than the fully 

fragmented landscape. This suggests only moderate gene flow to adjacent subpopulations 

is required across a system as large as the Neuse River basin to maintain genetic 

diversity. There are mechanisms for some of these mussel species to overcome barriers 

and these mechanisms can produce very large dispersal events. For example, the 

American eel (Anguilla rostrata) is a capable climber that has the ability to surpass dams 

less than 2m tall while several species of goby (Gobiidae) are capable of surpassing dams 

up to 30m tall (Cooney and Kwak 2013). Similarly, the fragmentation agent itself could 
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have windows of time when the barrier is ineffective (e.g., large floods, such as the major 

flooding experienced on the Mississippi River in 1993, that create moderate overland-

flow in the floodplain surrounding a dam for movement past a barrier). 

Population genetic structure is only one metric used to measure the impacts of 

habitat fragmentation on the genetics of a species. Allelic richness is another and it is 

directly related to the evolutionary adaptive potential of a species (El Mousadik and Petit 

1996). Since genetic drift drives random allele fixation more rapidly in small populations, 

a species whose range has been split into two or more smaller subpopulations is the most 

susceptible to the impacts of genetic drift (Honnay and Jacquemyn 2007). Even though 

the allelic diversity remained high for most scenarios in this study (Figure 23), the 

decline in allelic richness for short lifespan species observed in the fragmented scenario 

is important to consider when evaluating species in systems like the Neuse River network 

where barriers are prevalent. Fragmentation in similar river networks may push species to 

a point where their genetic adaptability to disturbance is diminished making them 

genetically vulnerable. If the rate of fixation observed in simulations of this study 

extended across the genome, it could be possible that 4% of the neutral genetic coding 

regions might also lose alleles due to genetic drift. While genetic diversity may be 

declining in isolated populations and reducing the overall evolutionary adaptive potential 

of the species, its demographics might be stable which sets up a genetic extinction debt 

similar to the species extinction debt described first by Tilman et al. (1994). 

In North Carolina, eight species of freshwater mussel are federally listed as 

endangered species and two of these species (Alasmidonta heterodon and Elliptio 

steinstansana) exist in the simulated river network (Neuse River) (Bogan 2002). Both 
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species have short lifespans and, while it is unknown if genetic diversity or erosion are 

contributing to their population decline, this study demonstrates the potential for their 

populations to harbor the genetic impacts of isolation due to the highly-fragmented river 

networks they occupy. These endangered species may be responding to the last 200 years 

of fragmentation in different ways than other members of the Neuse River mussel 

community and the decline of one species versus another could be related to the genetic 

erosion (Bijlsma and Loeschcke 2012) that has accumulated for short-lived species while 

other longer-lived species remain in presumably more stable condition. 

While longevity is an important life history trait for maintaining genetic diversity 

in a population (Landguth et al. 2010), this insulation to genetic change comes with a 

tradeoff. The maintenance of allelic diversity also restricts a species from adapting 

quickly to environmental change and allowing allele frequencies to fluctuate (Slatkin 

1987). Short-lived species, then, are better suited to respond to rapid environmental 

change because adaptive allele frequencies can more rapidly adjust to the new 

environment (Storfer 1999). Modern landscapes are characterized by both frequent 

disturbances and high fragmentation. This study demonstrates that the genetic response to 

these habitat changes diverges for species with contrasting life history strategies. To 

maintain biodiversity, life history strategies of species will be an important indicator of 

survival in a contemporary environment. So, in modern river systems, which are both 

fragmented and rapidly changing, long-lived species may suffer because they cannot 

adapt rapidly to change, while short-lived species may be subject to rapid genetic erosion. 

This results in a sort of a squeeze where only species whose life histories fall in a sweet 

spot can survive. In extreme cases, this sweet spot may be squeezed out of existence.  
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Chapter 4.  Habitat fragmentation is not related to the 

population genetic structure of a freshwater mussel 

 

4.1 Introduction 

Terrestrial, marine, and freshwater environments all exhibit some form of natural 

or anthropogenic habitat fragmentation (Dynesius and Nilsson 1994, Hovel and Lipcius 

2001, Fahrig 2003), but the history of habitat fragmentation science is defined largely by 

research in terrestrial systems (Hovel and Lipcius 2001). Consequently, ecological theory 

in fragmented landscapes relies heavily on the conceptualization of landscapes in two 

dimensions. The classic example of a fragmented landscape exists in a patch-matrix 

framework where isolated forest patches (core habitat) exist within in a matrix of 

agricultural fields and pastures. In freshwater environments, at a small spatial extent (10
2
-

10
3
 m

2
), a stream reach can also be conceptualized as two-dimensional patches of various 

benthic habitat types (e.g., sand bar, gravel bed, woody debris, detritus, bedrock) or as 

patches of predominant flow type (e.g., riffle, pool, run) (Frissell et al. 1986, Pringle et al. 

1988, Erős et al. 2012). However, this two-dimensional framework is not well adapted 

for freshwater environments at large spatial extents such as an entire river basin. 

Freshwater systems with a scale of fragmentation larger than stream reaches 

require a shift from a two-dimensional patch-matrix framework to a linear or dendritic 

topology of river segments (Fagan 2002). This linearization of river segments makes 

river networks ideal “landscape-level” units (McGarigal and Cushman 2002) to study the 

impacts of habitat fragmentation for two key reasons (Fuller et al. 2015). First, 

fragmentation agents in rivers (e.g., waterfalls, dams, culverts, and lakes) completely 
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intersect the river such that no alternative paths to circumvent the fragmentation agent 

exist. Second, the river network defines the dispersal pathways aquatic organisms must 

traverse to reach any part of the river network. Therefore, identifying the cost to move 

between any two locations in the network is more easily calculated because the barriers 

and environments the organism must overcome are easily catalogued along the dispersal 

route. Furthermore, there is no uncertainty about which route an organism took between 

two observation sites. For example, if a fish was caught, tagged, and then recaptured 

10km upstream, it is straight-forward to trace the stream channel pathway the fish took 

between both observations. In contrast, a deer observed on either side of a field which is 

nested within a larger forest could have taken one of two pathways (left or right) around 

the field patch or even traversed straight through the field. Having to select among these 

possible routes, or finding a way to average across them, introduces uncertainty about the 

specific pathway of movement, and its ecological implications, that does not exist in river 

networks. 

Observing individual, long-distance dispersal events is still a difficult process, but 

methods within the field of Landscape Genetics have been developed to use the genetic 

relatedness of distant populations to infer the rate of individual movement between them 

(Manel et al. 2003). The field of Landscape Genetics exhibits great potential for 

evaluating the impacts of habitat fragmentation on organism movement and the barriers 

restricting it (Manel and Holderegger 2013). The two key steps in a landscape genetics 

approach for evaluating habitat fragmentation impacts are, first, identifying a genetic 

discontinuity within a landscape and, second, correlating that genetic discontinuity with 

the structural connectivity of the landscape (Manel et al. 2003). For habitat fragmentation 
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research, this approach manifests first in identifying if a genetic discontinuity exists in a 

fragmented landscape followed by a test of whether the pattern of fragmentation in the 

landscape has a strong correlation with the genetic discontinuity. In river networks, this 

approach is easily applied to heavily dammed drainage basins with any aquatic organism 

that is well distributed among the fragmented river segments. 

Movement of individuals among populations is not the only factor controlling 

population genetic structure across a landscape. There are demographic (e.g., population 

size) and life history trait (e.g., organism longevity) controls on the rates of genetic drift 

that drive neutral genetic change. Furthermore, environmental forcing can drive patterns 

of genetic diversity in the landscape through local adaptive genetic change. Each of these 

controls on population genetics will also interact with habitat fragmentation. Life history 

traits, such as longevity, can moderate the impacts of habitat fragmentation (Chapter 3, 

Mock et al. 2013) through generational overlap which maintains genetic diversity over 

longer, multi-generational time periods. Effective population size should decrease 

following habitat fragmentation which will cause rates of genetic drift to increase (Slatkin 

1987). Local adaptation will push patterns of genetic variation to follow environmental 

gradients rather than patterns of habitat fragmentation (Orsini et al. 2013). That is, while 

habitat fragmentation causes genetic structure that does not necessarily follow 

environmental gradients, local adaption will select for population genetic structure that 

does. 

Population genetic structure is more often assessed in terrestrial versus freshwater 

systems using both empirical and modeling based approaches (Storfer et al. 2010), 

though new modeling frameworks initially developed for aquatic species are emerging 
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(Landguth et al. 2016). Studies on aquatic organisms in river networks that do exist have 

demonstrated the impacts of barriers to dispersal (Fluker et al. 2013), historical landscape 

structure controls on contemporary genetic variation (Poissant et al. 2005), rates of gene 

flow (Sterling et al. 2012) , and isolation by distance (Roberts et al. 2013). 

Landscape genetic sampling within closed systems (no incoming gene flow from 

outside the study system) has been rare in terrestrial and freshwater systems. Patterns of 

population genetic structure are usually based on sites scattered across large spatial 

extents to maximize the potential for finding an effect of distance or space (Berg et al. 

1998, Mock et al. 2013), or at small spatial extents to isolate the effects of individual 

barriers (e.g., evaluating a single dam (or just a few) in a river) (Small et al. 2012, 

Abernethy et al. 2013). Furthermore, most studies in freshwater systems have targeted 

migratory species such as salmon where the potential for straying movements between 

drainage basins (and therefore into/out of the study area/system) is possible despite their 

strong tendency for returning to natal spawning grounds (Rieman and Dunham 2000). 

Therefore, it is less common to evaluate a closed system where gene flow is entirely 

restricted to within a study system for species that do not regularly migrate or move large 

distances. 

The primary objective of this study was to link the structural connectivity 

(observed as fragmentation by dams) of a river network with the functional connectivity 

(gene flow as measured by population genetic structure) of a freshwater mussel species in 

a fragmented river network that is presumably closed to external gene flow. To do this, 

first the population genetic structure of a freshwater mussel species (Elliptio complanata) 

was quantified across a heavily-fragmented river network with likely no (or little) gene 
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flow from neighboring basins. Second, a test of the correlation between the structural 

connectivity (as defined by the dams that fragment the Neuse River network) and the 

population genetic structure (functional connectivity) was conducted to relate the habitat 

fragmentation by dams to E. complanata gene flow. These relationships between gene 

flow and barrier location can inform whether the current genetic patterns observed in E. 

complanata are derived from historic barriers (natural geography), recent barriers (dams), 

or alternative mechanisms (e.g., life history constraints or local adaptation) controlling 

population genetics of the species. 

4.2 Methods 

4.2.1 Field sampling 

Empirical sample sites (n=25) were located within the Neuse River Basin in North 

Carolina, USA (Figure 24; Table 13). The Neuse River Basin is approximately 440 km 

long (down the mainstem) and encompasses approximately 14,600 km
2
. Geologically, it 

is split into two main ecoregions—the Coastal Plain (CP) and the Piedmont (PDMT). 

Streams and rivers of the Coastal Plain are characterized by low gradient and sluggish 

flow while streams and rivers of the Piedmont are typically higher gradient, coarser-

bedded, and interspersed with steeper-gradient riffles. These two regions are separated by 

the Fall Line—a geological feature where rivers and streams go through high gradient, 

constricted reaches. The Fall Line represents a natural, existing barrier for rivers crossing 

the length of the Neuse River basin, particularly for fish species (Rahel 2007), and the 

Piedmont and Coastal Plain represent distinct physiographic regions. 

In addition to the structural fragmentation caused by the natural Fall Line, is the 

structural fragmentation caused by dams. There are just over 600 dams across the Neuse 
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Figure 24: Site map for empirical sampling. Site numbers are as in Table 13. 
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Table 13: Site information for 25 landscape genetics sampling locations. 

Site  River  Major Neuse     NC   Watershed Elev. Sample 

# Name River Tributary Latitude Longitude County Ecoregion Area (km
2
) (m) Date 

1 South Flat River Falls Lake Tributary 36.256763 -78.944047 Person Piedmont 140.9 144 18-Nov-15 

2 Deep Creek Falls Lake Tributary 36.24044 -78.88891 Person Piedmont 83.1 121 18-Nov-15 

3 Moccasin Creek  Contentnea Creek 35.896366 -78.310517 Franklin Piedmont 20.7 79 16-Nov-15 

4 Smith Creek Falls Lake Tributary 36.08842 -78.60244 Granville Piedmont 16.3 96 29-Nov-15 

5 Moccasin Creek  Contentnea Creek 35.813648 -78.256806 Johnston Piedmont 72.3 62 30-Oct-15 

6 Brier Creek Crabtree Creek 35.859187 -78.812136 Wake Piedmont 32.1 87 09-Dec-15 

7 Little River  Little River  35.91381 -78.386818 Wake Piedmont 67.5 81 16-Nov-15 

8 Little River  Little River  35.88179 -78.375459 Wake Piedmont 95.5 79 16-Nov-15 

9 Little River  Little River  35.821778 -78.351681 Wake Piedmont 145.6 68 30-Oct-15 

10 Little River  Little River  35.666638 -78.258479 Johnston Piedmont 271 51 16-Nov-15 

11 Little River  Little River  35.753408 -78.297865 Johnston Piedmont 194 60 30-Oct-15 

12 Richland Creek Crabtree Creek 35.834102 -78.720203 Wake Piedmont 16.6 81 07-Dec-15 

13 Big Arm Creek Marks Creek 35.70401 -78.417023 Johnston Piedmont 9.6 53 29-Nov-15 

14 Marks Creek Marks Creek 35.751893 -78.429294 Wake Piedmont 33.5 56 29-Nov-15 

15 Great Swamp Contentnea Creek 35.608883 -77.952268 Wilson Coastal Plain 98.8 24 11-Dec-15 

16 Contentnea Creek Contentnea Creek 35.687801 -77.94714 Wilson Coastal Plain 609.4 23 16-Nov-15 

17 Swift Creek Swift Creek PDMT 35.718939 -78.751931 Wake Piedmont 54.4 91 07-Dec-15 

18 Indian Well Swamp Swift Creek CP 35.459254 -77.283604 Pitt Coastal Plain 38.5 9 11-Dec-15 

19 Swift Creek Swift Creek PDMT 35.68827 -78.68157 Wake Piedmont 97.9 76 25-Nov-15 

20 Neuse River Neuse River 35.64742 -78.40546 Johnston Piedmont 2986.7 40 16-Dec-15 

21 Core Creek Neuse River 35.253172 -77.28708 Craven Coastal Plain 144.3 2 12-Dec-15 

22 Whitley's Creek Neuse River 35.21487 -77.68293 Lenoir Coastal Plain 9.5 12 16-Dec-15 

23 Eno River Falls Lake Tributary 36.04681 -79.01093 Orange Piedmont 294.2 120 06-Nov-14 

24 Neuse River Neuse River 35.78443 -78.53688 Wake Piedmont 2275.1 48 11-Nov-14 

25 Little Creek Contentnea Creek 35.67696 -78.15254 Wilson Piedmont 8.9 46 20-Nov-14 
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River basin (Hoenke et al. 2014), although most of these are located upstream of the Fall 

Line in the Piedmont (Figure 24). Like many river basins of the Atlantic Seaboard, dams 

have been built in the Neuse River since the 18
th

 century. Dams which currently serve 

modern flood control or hydropower purposes are typically built at sites that have housed 

dams for centuries. The largest dam is Falls Lake Dam (~ 30 m tall) creating a 45 km 

long impoundment. This flood control dam is located at the Fall Line and at a site that has 

been dammed for over a century. However, most dams in the Neuse basin are low-head, 

run-of-river dams less than 7 m tall that no longer serve their originally intended purpose. 

The mean annual precipitation in the region is ~1150 mm, and the mean annual flow of 

the Neuse River is approximately 104 m
3
 s

-1
 (Billingsley et al. 1957). The land cover/use 

across the basin is mostly wetland and forest, but agriculture and urban development are 

also present (Rudek et al. 1991). 

4.2.2 Study Species  

Streams and rivers of the Neuse River basin harbor 24 freshwater mussel species 

(Bogan 2002). Freshwater mussels have complex life histories that include both sessile 

and highly mobile life stages (see Haag (2012) for an extensive discussion of the 

variation associated with mussel life histories). Typically, a mussel first hatches from an 

egg as a glochidium (a parasitic larva) that then requires attachment to a fish host to 

develop and metamorphose into a small juvenile mussel. This period as a parasitic larva 

is the most mobile life stage for a mussel (Kappes and Haase 2012) and lasts on average 

for 2-4 weeks in most species (Haag 2012). As adults, mussels are mostly sessile 

organisms that remain in the benthos of rivers and lakes (Kappes and Haase 2012). This 
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adult life stage in some species can be extremely long (nearly 200 years), but most 

species have average lifespans ranging from 10-50 years (Haag and Staton 2003). 

At least three species traits are important for a landscape genetic approach to 

evaluating habitat fragmentation impacts on population genetic structure. First, a species 

needs to be widely distributed across the landscape. Second, assuming no impact of 

fragmentation, the species must be capable of moving across the landscape (gene flow a 

possibility). Third, the species must be common enough where collection (and even 

handling if non-lethal sampling occurs) will not impact the local (or regional) population 

demographics. Many species of freshwater mussel have these traits in the Neuse River 

basin. However, because a number of mussel species in the Neuse are considered rare or 

threatened (Bogan 2002), we selected Elliptio complanata; a species that is common, 

widespread throughout the river basin for sampling, and has the ability to metamorphose 

on either local resident fish hosts (e.g., mottled sculpin, Cottus bairdii) in isolation or on 

migratory species (e.g., American eel, Anguilla rostrata) that are capable of large 

distance dispersal movements over short periods of time (see Lellis et al. (2013) for a 

complete list of fish hosts for Elliptio complanata).  

4.2.3 Genomic sample preparation and sequencing 

At each site, 40 individual Elliptio complanata were collected by hand and 

returned to the lab for tissue sampling. Foot tissue was clipped from each mussel (~3 

mm
3
) and then DNA extracted using Wizard® SV Genomic DNA Purification System 

(Promega catalogue# A2360). DNA quantitation was measured using a Qubit 2.0 

fluorometer to select the 32 individuals (from the collected 40) that contained the most 

consistent DNA concentrations (excluded very high and very low DNA concentrations as 
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potential outliers). These individuals were used to build double-digest restriction-site 

associated DNA sequencing (ddRADseq) libraries for next generation sequencing 

(Peterson et al. 2012). The restriction enzymes used for the ddRADseq libraries were 

“MspI” and “SbfI”. Three pilot study sites were built into three unique libraries (32 

individuals from each population in three separate libraries) and then sequenced on three 

separate lanes of a patterned Illumina flow cell (32 individuals from one site/population 

per lane). For the remaining 22 sites, libraries were built by mixing individuals from 

different sites across libraries. A single ddRADseq library consisted of 32 individuals 

with 16 individuals from two different sites. For sequencing, two optically-balanced 

libraries were sequenced on a single flow cell lane such that 64 individuals total came 

from 4 separate sites. These measures to mix individuals across libraries and flow cell 

lanes were established to help avoid systematic lane-sequencing and library-build 

patterns in the genetic sequences. All libraries were run at the Duke University Duke 

Center for Genomic and Computational Biology facility on an Illumina Hi-seq 2500 

using single-end 50bp sequencing standards. 

4.2.4 Genomic sequence data processing 

Raw sequences were demultiplexed and processed (single nucleotide 

polymorphism (SNP) discovery) using the bioinformatics pipeline Stacks (Catchen et al. 

2013). During the initial steps of Stacks (STACKS:process_radtags) sequences specific 

to each individual were demultiplexed and sequences of low quality (raw Phred score < 

10 on a Phred 33 scale) were removed. Additionally, the sequences tagged by the 

Illumina Hi-seq 2500 as low quality sequences were also removed. Stacks of sequences 

were then aligned and built de novo because no reference genome was available for E. 
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complanata. During this de novo stack assembly (STACKS:denovo_map.pl) the 

minimum number of identical sequences to generate a stack (flag “-m” for 

denovo_map.pl) was set at three while the number of nucleotide mismatches permitted 

between loci for a single individual (flag “-M”) was set to three (Catchen et al. 2013). 

Mismatch allowance for the entire catalogue (flag “-n”) was set to two (Catchen et al. 

2013). Generating the final set of loci and SNPs for analysis was done using the 

“populations” program in Stacks (Catchen et al. 2013). Filtering parameters in 

STACKS:populations were set such that a minimum of 75% of all individuals were 

sequenced at each loci (flag “-r”), the number of reads at each locus was at least 10 (flag 

“-m”), and the minimum minor allele frequency for a given nucleotide site needed to be 

greater than 0.05 (flag “--min_maf”) (Catchen et al. 2013). The final haplotypes for 

individuals were then used to identify and evaluate Elliptio complanata population 

genetic structure.  

4.2.5 Population genetic analysis 

Three different approaches were used to evaluate population genetics of E. 

complanata in the Neuse River Basin. First, the population divergence statistic FST was 

calculated for all site-by-site pairwise interactions (Weir and Cockerham 1984). This 

distance matrix for all sites was then used to build a neighbor-joining tree to identify 

which sites were genetically related to each other. Additionally, mantel tests compared 

the pairwise genetic distances (FST values) between sites with the number of dams and 

river distance between each pair of sites. These mantel tests checked for the presence of 

isolation by distance and then any potential relationship with dams once isolation by 

distance had been accounted for. The hierarchical structure of the genetic variance (F-
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statistics based) in the system was also assessed by comparing genetic variation observed 

across the entire basin (highest level in hierarchy) to among the major tributaries of the 

Neuse River, among ecoregions, among sites, and finally among individuals (smallest 

level in hierarchy). Hierarchical decomposition of the genetic variation was also 

evaluated using an analysis of molecular variance (AMOVA). This hierarchical variance 

partitioning was evaluated in two ways. First, sites were nested within major tributaries 

and individuals nested within sites in the Neuse River Basin. Second, sites were nested 

within major ecoregion and, again, individuals nested within sites. 

Second, k-means grouping of individuals into genetic clusters followed by 

discriminant analysis of principle components (DAPC) ordination was used to ordinate 

individuals and explore relationships between landscape variables (e.g., physiography, 

dams, tributary structure) and their genetics (Jombart et al. 2010). From the k-means 

clustering, individuals are assigned to a genetic group using BIC to select the most likely 

number of genetic groups based on a stepping-stone model of organism dispersal. 

Consequently, the genetic cluster number with the last appreciable decline in BIC value 

was selected (stepping-stone model selection method) rather than the number of genetic 

clusters with the lowest BIC value overall (the island model selection method). Pair-wise 

FST values among the selected genetic groups were used to assess the magnitude of their 

divergence. Finally, pie charts showing the proportion of individuals assigned to each 

genetic group at a site were plotted on the network to visually inspect patterns of 

potential population genetic structure in the Neuse River basin. 

Third, analysis of population structure was conducted using the statistical 

software STRUCTURE v2.3.4 (Pritchard et al. 2000) to estimate the number of genetic 
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clusters among the sequenced individuals. Post-processing of the Structure files was done 

using Structure Harvester (Earl and VonHoldt 2012) and CLUMPP version 1.1.2 

(Jakobsson and Rosenberg 2007). Using the Evanno et al. (2005) method, the three most 

likely number of genetic clusters was selected from the 2-20 clusters tested in the 

STRUCTURE analysis. Bar plots were used to compare among these three different 

genetic group clustering assignments as well as to the k-means clustering assignment. 

All analyses, unless otherwise specified, were conducted in the statistical software 

R (R Core Team 2016) using the packages “adegenet” (Jombart et al. 2008, 2010, 

Jombart and Ahmed 2011), “ape” (Paradis et al. 2004, Popescu et al. 2012), “ecodist” 

(Goslee and Urban 2007), “hierfstat” (Goudet and Jombart 2015), “pegas” (Paradis 

2010), and “poppr” (Kamvar et al. 2014, 2015). 

4.3 Results 

For the 800 sequenced E. complanata, 360 loci were identified for use to compare 

E. complanata population genetic structure among the 25 sites. Each locus was 

sequenced in at least 75% of all individuals and in at least 50% of the sampled sites. The 

total number of alleles per site ranged from 388 to 461 at the 360 biallelic loci indicating 

a relatively even number of alleles represented across all sites. During the sequence 

quality checks in STACKS, two individuals from Site 14 at Marks Creek were removed 

from the analysis. Therefore, while 32 individuals were available for evaluating 

population genetic structure at all other sites, Site 14 had 30 individuals. 

Population genetic structure evaluated using the FST statistic (Weir and 

Cockerham 1984) suggested only moderate genetic divergence among sites in this study 

system (Figure 25). Many pairwise site FST values were greater than 0.1, which is often  
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Figure 25: Pairwise population genetic divergence (represented by the FST statistic 

(Weir and Cockerham 1984)) for each site labeled on the x-axis with all other sites. 

FST values greater than 0.1 (grey horizontal dashed line) represent moderate levels 

of genetic divergence and warmer colors indicate greater genetic divergence from 

other sites. Site numbers as in Table 13. Warmer colors indicate sites with greater 

population genetic divergence from the rest of the sites. Bottoms and tops of boxes 

represent the 1
st
 and 3

rd
 quartiles respectively for each site’s range of FST values and 

the line within the box is the median. Whiskers extend to the minimum and 

maximum values, except when those values are extreme. Extreme values are those 

that exceed ±1.58 times the inner quartile range divided by the square root of the 

sample size and are represented by open circles. 

 

used as a general threshold between minimal and significant population genetic structure. 

The hierarchical structure of F-statistics (Weir and Cockerham 1984) across the river 

basin found no variation among major tributaries in the network (FTributaries/Total = 0), 

similar variation among sites across the entire landscape and among sites within major 

tributaries (FSites/Total = 0.119 and FSites/Tributaries = 0.121, respectively), and relatively 

similar variation among individuals across the landscape, within major tributaries and 

within sites (FIndividuals/Total = 0.483, FIndividuals/Tributaries = 0.485, and FIndividuals/Sites = 0.414, 
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respectively) (Table 14). Similar variance partitioning was observed when ecoregion was 

the highest level in the nested landscape hierarchy instead of major tributary (Table 14).  

Table 14: Hierarchical FST variance partitioning across the entire landscape (Total) 

with nested major tributaries/ecoregions, and sites (see Table 13 for site info). 

 Nested 

Hierarchy Major Tributary Sites Individuals 

Total 0.00 0.119 0.483 

Major Tributary 

 

0.121 0.485 

Sites     0.414 
    

 Ecoregion Sites Individuals 

Total 0.005 0.122 0.485 

Ecoregion  0.118 0.483 

Sites     0.414 

AMOVA partitioning of genetic variation across the landscape also suggested 

little genetic variance existed among major tributaries (Table 15). Instead, significant 

variation (~14%) among sites within tributaries and among individuals within sites (87%) 

was observed (Table 15). Similar partitioning of genetic variation existed when major 

tributaries were replaced by ecoregion as the highest level in the hierarchy (Table 15). 

Table 15: Hierarchical AMOVA genetic variance partitioning among major 

tributaries/ecoregions in the Neuse River network (see Table 13 for site info).  

Source of Variation df 
Sum of 

Squares 

% of 

variation 
p-value 

Between Tributaries 7 81.1 -1
a 

0.7 

Between Sites within Tributaries 17 256.3 14 0.001 

Between Individuals within Sites 773 1895.8 87 0.001 

Total 797
b 

2233.1 100   
     

Between Ecoregions 1 21.9 1 0.2 

Between Sites within Ecoregions 23 315.5 12 0.001 

Between Individuals within Sites 773 1895.8 86 0.001 

Total 797
b
 2233.1 100   

a
 negative variation can be interpreted as a lack of genetic structure at this hierarchical level 

b
 total degrees of freedom do not total 800 because two individuals were eliminated by STACKS 

during sequence QAQC 
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To investigate site-by-site relationships, a neighbor-joining tree was built using 

the pairwise FST distance matrix among all sites (Figure 26). The neighbor-joining tree 

 

Figure 26: Neighbor-joining tree using FST to define relationships among sites. 

Different color branch tip circles, inner symbols, and labels indicate the major 

tributary within which each site is nested. “Trib” indicates tributary to Falls Lake, 

“PDMT” indicates Swift Creek in the Piedmont ecoregion, and “CP” indicates Swift 

Creek in the Coastal Plan ecoregion. 
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did not group sites within the same major tributaries of the Neuse River Basin. A good 

example of this is how the five sites on the Little River tributary (purple colored branch 

labels with “×” inside a circle) are scattered among four major branches of the tree rather 

than from a single branch (Figure 26). Isolation by distance was undetected across the 

study system (Mantel test: r = 0.068, p = 0.2) and the number of dams intervening sites 

had no significant relationship with the genetic distance (as measured by FST) between 

populations (Mantel test: r = -0.09, p = 0.8) (Figure 27). 

 
Figure 27: Mantel test permutation results to detect (A) isolation by distance (IBD) 

using river kilometers between sites and (B) isolation by barrier (IBB) using the 

number of dams between sites. 

K-means clustering did not clearly identify a single number of genetic groups 

(Jombart et al. 2010), but the last appreciable drop in BIC suggested three genetic groups 

existed among the sampled individuals (Figure 28A). Using the first two discriminant 

functions from the DAPC, the three k-means genetic clusters were easily identified 

(Figure 28B). Two of these groups separated from the third primarily along the first 
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discriminant function, while the remaining two sites split along the second axis (Figure 

28B). There was moderate genetic divergence among the three genetics groups with FST  

A 

 
B 

 

Figure 28: (A) BIC selection criterion plot comparing number of genetic 

groups/clusters versus BIC value using k-means clustering. (B) DAPC ordination 

with individuals represented by points and genetic groups/clusters represented by 

box labels placed at the center of mass of individuals for a group/cluster. 
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values ranging from 0.093 between genetic groups 1 and 2 to 0.186 between groups 1 and 

3. The FST value between groups 2 and 3 was intermediate at 0.168. Study sites did not 

separate into any distinct clusters/groups within the DAPC ordination space. Instead, 

 

 
Figure 29: STRUCTURE bar plots for the three most likely number of genetic 

groups (K) for E. complanata selected using the Evanno et al. (2005) method. Each 

bar (vertical colored line) represents an individual mussel. Different bar colors 

represent different genetic groups. Lines with more than one color had genetics such 

that they could belong to more than one genetic group. Sites are labeled/bracketed 

below bar plots while major tributaries and the sites within them are bracketed 

above the bar plots. 
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Figure 30: Pie chart slices represent the proportion of individuals at each site assigned to each genetic group by k-means 

clustering. Pie slice colors for each genetic group assigned by k-means clustering are the same as in the DAPC ordination 

(Figure 28). The bar plot represents individual assignment using 3 genetic groups assigned by STRUCTURE for comparison. 
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most sites contained individuals derived from all three genetic clusters. Attempts to group 

individuals using DAPC based on their size (an approximation for age), ecoregion 

(Piedmont or Coastal Plain), landscape elevation above sea level, distance to the Neuse 

River outlet, or upstream watershed area were unsuccessful at generating any patterns 

associated with the three genetic clusters. Similar DAPC evaluations were made using 

potential laboratory processes that could have systematically resulted in the three genetic 

groups. These method evaluations were also unsuccessful in producing a relationship that 

might explain the genetic groups (results not shown). In case the genetic groupings were 

the result of morphologically cryptic species, each distinct genetic cluster was also 

evaluated separately (individuals from each of the three genetic groups were evaluated 

using DAPC independently) to see if new genetic patterns existed among the sites within 

each genetic group. Evaluation of each genetic cluster separately also did not provide any 

insight to the mechanism driving the genetics into the three groups (results not shown). 

Similar to the DAPC results, STRUCTURE defined two, three, or four genetic 

clusters as the most likely number of genetic groups in this study (Figure 30). Sites 

appear to be admixed with individuals from two or more of the genetic groups (more than 

one color bar in each site). Additionally, sites within major tributaries also show signs of 

admixture where they also have sites predominantly from more than one genetic group. 

Furthermore, the genetic groups STRUCTURE produced appeared unrelated to the 

structural connectivity of the landscape (groups do not align with major tributary 

branches) and do not mimic the groups from k-means clustering (Figure 29, 30). For 

example, individuals from Site 22 were all assigned to a single genetic group via k-means 
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clustering (Figure 30), but STRUCTURE assigned individuals from this site to two or 

more groups (Figure 29) depending on the number of genetic clusters chosen. 

4.4 Discussion 

The landscape genetics of E. complanata in the Neuse River Basin suggest that 

genetic isolation and erosion via habitat fragmentation by dams or physiographic barriers 

is not occurring. Population genetic structure in the basin was unrelated to both modern 

anthropogenic habitat fragmenting agents such as dams, as well as historic natural 

ecological boundaries such as the Fall Line separating the piedmont and coastal plain 

ecoregions, or branching network tributary structure. There are a few potential 

explanations for this pattern of genetic variation that include the “genetic memory” of 

overlapping generations which slows the rate of genetic drift, life history traits related to 

movement to increase gene flow, and population demographics of E. complanata. 

Genetic drift occurs when alleles in a population become fixed or drop out of a 

population gene pool as a result of random genetic mixing or mutation during 

reproduction (Slatkin 1987). This fixation of alleles occurs more rapidly in small, isolated 

populations and is a primary component driving population genetic structure. Population 

genetic structure across the Neuse River network was expected to correlate with either 

the highly-fragmented history of the basin by dams or the geologic history of the region. 

Instead, population genetic structure did not correlate with any version of landscape 

structural connectivity tested. While this was surprising, there are examples of landscape 

genetic studies on freshwater mussels that found little to no population genetic structure 

in their study system or were unable to relate the population genetic structure to habitat 

fragmentation by dams (Small et al. 2012, Abernethy et al. 2013, Mock et al. 2013).  
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One potential reason for the lack of genetic variation across this study basin is the 

maintenance of genetic diversity through generational overlap. The study species, E. 

complanata, can live for relatively long periods of time (>90 years in rivers of 

southeastern New York State, USA) (Strayer and Malcom 2012). This lifespan means 

there could be some individuals only two or three generations beyond their ancestors that 

lived prior to a majority of the mill dams that first fragmented the river network. Thus, 

generational overlap for E. complanata has the potential to negate any impact from 

genetic drift due to physical isolation that would otherwise manifest in the population 

genetic structure of the species in this system. 

A second potential reason for a lack of population genetic structure for E. 

complanata within the Neuse River basin may be due to their demographics. E. 

complanata is one of the most common and abundant mussels found in coastal 

watersheds on the eastern half of North America (Haag 2012). Very abundant species 

generally have large reproductive populations and the rates of allele fixation and loss 

from genetic drift occur fastest in small, isolated populations (Waller 2015). When the 

demographics of large breeding populations is combined with the generational overlap of 

long-lived species, the effects of genetic drift can be slow to manifest. This means even 

though dams and other barriers may be isolating populations and restricting gene flow, 

the population genetic structure of the river network may not reflect that physical 

isolation because genetic drift is occurring too slowly to be detected. The anthropogenic 

fragmentation history of the Neuse River basin is only 200-300 years old and for species 

with a 50-year or more average lifespan, it might require longer periods of time before 

the genetic impacts of anthropogenic fragmentation are detectable (Chapter 3). 
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A third potential reason for a lack of correlation between the landscape structure 

and the population genetic structure of E. complanata in this study could be due to its 

host-fish relationships. E. complanata are considered fish host generalists (can 

metamorphose on several fish species), but the American eel, Anguilla rostrata, has been 

hypothesized as a primary host in some regions (Lellis et al. 2013, Reese et al. 2014). 

This is important because American eels are capable of climbing wet, vertical surfaces 

when less than 100mm long (Arai 2016), which make them capable of overcoming many 

barriers that restrict the movement of other host species. Since E. complanata can 

metamorphose on these small, elver-stage American eels, it is possible E. complanata is 

occasionally overcoming barriers by attaching to these hosts. If dispersal past dams can 

be achieved only three or four times per 100 generations, then the effects of genetic drift 

in isolation can be masked/reversed (Slatkin 1987). Dams in the Neuse River Basin are 

generally small run-of-river dams with only a few large facilities (Hoenke et al. 2014), so 

climbing dams has the potential to be a significant source of gene flow that is usually not 

considered possible.  

4.4.1 Implications for mussels 

For freshwater mussels, this study has two major conservation implications. First, 

if dams are not actual barriers to movement for their host-fishes, dams fragmenting their 

habitat may not be affecting the genetic stability of the species because gene flow is still 

nearly at equilibrium with genetic drift. Fragmentation has been hypothesized as a major 

contributor to the decline of mussels, but the population genetic structure of E. 

complanata suggests they may be moving through this highly-fragmented system at a rate 

sufficient to stave off genetic erosion. This might mean the impact of dams on a mussel 
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species in decline might not be from a genetic instability in the population (assuming they 

have similar host relationships E. complanata), but rather dams are causing some 

demographic instability related to their decline. 

Second, if the life history strategy of mussels (i.e., longevity and generational 

overlap) is the mechanism disconnecting landscape structural connectivity from 

population genetic structure for E. complanata, then the conservation of mussels will 

need to be assessed on a species by species basis referring to their life history traits as 

indicators of vulnerability or resistance to the impacts of habitat fragmentation. Focus on 

short-lifespan species should be prioritized because they are more likely to harbor the 

genetic erosion caused by fragmentation (Chapter 3). 

4.4.2 Freshwater science implications 

Dams are generally perceived as complete barriers to movement for most aquatic 

species in rivers. It will be useful to freshwater scientists working on the movement of 

species at the river network-scale to consider the potential for dams to be permeable and 

investigate alternative functions of dams as boundaries (rather than barriers) in river 

networks (Strayer et al. 2003). Beyond dams, there are many other types of fragmentation 

agents in rivers (Fuller et al. 2015). Some fragmentation agents may have reflective 

functions (Strayer et al. 2003), like when a cold-water species encounters a warm-water 

tributary junction and reverses its trajectory back upstream to cooler headwaters. Other 

fragmentation agents might amplify movement after passing a boundary (e.g., 

overcoming and dam and then moving quickly upstream through the impoundment to 

return to a lotic environment). These alternative boundary and barrier effects should be 
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evaluated within a habitat change ecology conceptual framework to help compare species 

response across systems (Chapter 2). 

4.4.3 Ecological implications 

In terrestrial systems, edge habitats and their relative impacts change with the size 

and shape of their overall core habitat patch (Laurance 2008). This interaction between 

edge effect and core habitat will be very different in fragmented river networks, though, 

because of the linear nature of river fragmentation (Fuller et al. 2015). The reduction in 

dimensions between terrestrial and river network fragmentation should simplify how 

edges and core habitats interact. Additionally, with edge species potentially the target for 

conservation (Gangloff 2013) statistics characterizing the cumulative impact of 

fragmentation in river networks (e.g., the total affected core length (Fuller et al. 2015)) 

may benefit from explicitly specifying the individual matrix and edge portions of those 

impacts.
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 Chapter 5.  Conclusions 

The diversity of habitat losses, alterations, and forms of fragmentation in river 

networks (Fuller et al. 2015) make them ideal study systems for investigating the impacts 

of habitat change. However, a synthetic lexicon to facilitate comparison among the 

diversity of agents causing habitat change would benefit the study of habitat change in 

freshwater systems. Terrestrial habitat change ecology has developed a rich literature 

with simple conceptualizations of how habitat loss, alteration, and fragmentation manifest 

across landscapes. These same conceptualizations can be applied to freshwater systems 

and may provide that synthetic lexicon to begin comparing different agents of habitat 

change. At the reach-scale, many forms of habitat change have been evaluated 

empirically in river networks, but theory has also only been developed to focus on 

specific forms of habitat change (Ward and Stanford 1983, Fuller et al. 2015). However, 

these theories rarely incite an overarching framework of habitat change ecology which 

would facilitate the communication and comparison of these impacts. 

The application of terrestrial habitat change ecology conceptual models for habitat 

loss and alteration in this dissertation (Chapter 2) is a first step toward making cross-

study comparisons among habitat change in freshwater systems. The next step will 

require other investigators to build on this initial conceptual framework, identify its 

weaknesses, and begin using it to compare disparate systems. The results from Chapter 2 

suggest some freshwater organisms of conservation concern may require new 

management directives. In terrestrial forest systems, edge habitats are regularly managed 

to be minimized in area. In this study, the freshwater mussels that are a target species for 

conservation in the basin appear to be capitalizing on the edge habitat downstream of the 
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Milburnie Dam (and others across the region as identified by Gangloff et al. (2013)).  

These results do not suggest edge habitat should be created (e.g., build small dams or 

weirs in rivers) to help freshwater mussel communities grow, but rather that management 

of dams and their removal should be considered with downstream edge habitat in mind. 

Removal of a dam can have detrimental impacts to a downstream mussel community so 

the tradeoff between reconnection with the upstream river network may not always 

outweigh the potential destruction of the downstream mussel community. Identifying 

potential impacts from the removal process is vital to the mussel community locally, but 

also regionally if the downstream species populations are sources of immigrants for 

habitat recolonization or demographic/genetic supplementation. 

In addition to the diversity and abundance of habitat changes in river networks, 

the linear/dendritic nature of river networks is conducive for understanding the 

implications of habitat change. River networks constrain the movement of most 

freshwater organisms (e.g., algae, mussels, or fishes) to within the river channel, which 

identifies the specific corridors available for movement. This spatial constraint to within 

the river channel also means most forms of habitat loss, alteration, and fragmentation 

extend completely across the channel width and are therefore unavoidable for organisms 

moving through the system. These characteristics of river networks make freshwater 

organisms more vulnerable to the impacts of habitat change and therefore the effects of 

habitat change should be more easily detected than in less constrained terrestrial 

landscapes. 

The evaluation of habitat fragmentation in this dissertation (Chapters 3 and 4) 

showed mixed results for the impact of habitat fragmentation on freshwater mussels. 
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Gene flow simulations identified that the fragmentation history of the Neuse River Basin 

may be short enough for long-lived species (average lifespan greater than 40 years) that a 

genetic response is still undetectable. However, short-lived species (average lifespan less 

than 20 years) could be harboring significant genetic impacts from this same history of 

habitat fragmentation. Empirical evaluation of a freshwater mussel species’ (Elliptio 

complanata) population genetic structure across the Neuse River Basin did not detect 

genetic patterns associated with the structural connectivity of the habitat fragmentation in 

the river network. Given the average lifespan of Elliptio complanata is likely greater than 

50 years, it is not surprising that little population genetic structure was identified in this 

system. The generational overlap for a species with individuals that can live >90 years 

(Strayer and Malcom 2012) can significantly reduce the impact of genetic drift. 

Furthermore, Elliptio complanata is demographically very abundant in the Neuse River 

Basin. Their large, local subpopulation sizes have a dampening effect on the rate of 

genetic drift, which helps buffer the species from the potential physical isolation some 

subpopulations may be experiencing from extensive damming in the Neuse River Basin 

(Hoenke et al. 2014). 

Habitat change ecology in freshwater systems is ready for a transition from 

independent site specific investigations to major synthesis across types of habitat change. 

This transition in the field can be accelerated by using a simple conceptual model to 

describe impacts at each site so they can be easily compared. This dissertation begins this 

transition by first identifying various major causes and consequences of habitat change in 

freshwater systems (Chapter 1), then applies a simple habitat change conceptual 

framework to a site-based study of habitat loss and alteration (Chapter 2). Next, gene 
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flow simulations were employed to explore the genetic response to the interaction 

between habitat fragmentation and organism life history strategy (Chapter 3). Finally, an 

empirical evaluation of the genetic response of a freshwater mussel species to habitat 

fragmentation was made using a recently developed landscape genomic approach 

(Chapter 4). This body of work drives toward answering the primary dissertation goal of 

understanding the impacts of habitat change on freshwater ecosystems. Furthermore, this 

dissertation approach makes its results readily available for comparison with other habitat 

change ecology studies in freshwater systems that adopt the same conceptual framework. 
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