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Abstract 

Few areas of the planet are untouched by human actions, be they marine or 

terrestrial. Marine habitats face disturbance from overexploitation of fisheries and 

pollution while terrestrial habitats face significant threat from land cover conversion and 

degradation. To address these threats, conservationists utilize a variety of population 

viability analyses to both assess and manage species’ health. The results of these analyses 

often play a key role in determining when intervention is necessary and which actions will 

be the most successful. Within this dissertation, I used several population modeling 

approaches to advance our understanding of changes in the landscape on the persistence of 

populations and by extension, species. 

This dissertation may be broadly divided into two halves, the first assessing a 

single, local population and the second evaluating metapopulations. In Chapter 2, I 

combined telemetry data on sooty terns (Onychoprion fuscatus) with a long-term capture-

mark-recapture dataset from the Dry Tortugas National Park to map the movements at sea 

for this species, calculate estimates of mortality, and investigate the impact of hurricanes 

on a migratory seabird. Included in the latter analysis is information on the locations of 

recovered bands from deceased individuals wrecked by tropical storms. I present the first 

known map of sooty tern migration in the Atlantic Ocean. The results indicate that the birds 

had minor overlaps with areas affected by the major 2010 oil spill and a major shrimp 

fishery. Indices of hurricane strength and occurrence are positively correlated with annual 

mortality and indices of numbers of wrecked birds. As climate change may lead to an 
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increase in severity and frequency of major hurricanes, this may pose a long-term problem 

for this colony. 

In the latter half of this dissertation, I utilized a variety of metapopulation analyses 

for conservation at multiple scales. As a landscape becomes increasingly fragmented 

through habitat loss, the individual patches become smaller and more isolated and thus less 

likely to sustain a local population. Metapopulation theory is appropriate for analyzing 

fragmented landscapes because it combines empirical landscapes features with species-

specific information to produce direct information on population extinction risks. 

Combining a spatially explicit metapopulation model with empirical data on endemic 

species’ ranges and maps of habitat cover, I could calculate the metapopulation capacity— 

a measure of a landscape’s ability to sustain a metapopulation.  

Mangroves provide an ideal, model landscape for my analysis in Chapter 3. Of 

conservation concern, one can easily delineate their patch boundaries. I calculated 

metapopulation capacity for 99 metapopulations from 32 different mangrove-endemic bird 

species globally in the years 2000 and 2015. Northern Australia and South East Asia have 

the highest richness of mangrove-endemic birds, with some hotspots also occurring in 

Guyana and French Guiana. The areas with the highest metapopulation loss are the 

Caribbean, the Pacific coast of Central America, Madagascar, Borneo, and isolated patches 

in Southeast Asia in Burma and Malaysia. Regions with the highest loss of habitat area are 

not necessarily those with the highest loss of metapopulation capacity. Often it is not a 
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matter of how much, but how the habitat is lost since fragmentation of patches has a 

complicated relationship with extinction risk.  

After analyzing the effects of habitat loss and fragmentation on a species’ risk of 

extinction, it is natural to examine the reverse, the restoration of habitat. In Chapter 4, I 

used metapopulation models to prioritize locations for potential habitat corridors. I 

compared these results to standard connectivity models that have grown in popularity to 

illustrate how together they provide a more complete set of recommendations for the 

recovery of species. For this chapter, I use the golden lion tamarin (Leontopithecus rosalia) 

as the focal species. Endemic to the highly fragmented Atlantic coastal forest of Brazil, the 

golden lion tamarins are a highly studied species of top conservation concern. I identified 

the best locations for habitat restoration to increase metapopulation capacity and how they 

compare with movement of individuals in the current landscape. I also evaluated how a 

previous corridor restoration ranked according to these methods and how it effects future 

conservation planning. While large, occupied patches are significant for both sets of 

models, metapopulation models also indicate the importance of nearby, medium-sized 

empty patches that if connected by a corridor would facilitate the growth and recovery of 

tamarin populations. 

In summary, I applied a suite of population modeling techniques to an assortment 

of landscapes and species for conserving biodiversity. Despite the variety of models used, 

I illustrate the flexibility and utility of population ecology to conservation management.
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1.  Introduction  

1.1 Conservation in the face of anthropogenic disturbance 

Few areas of the planet are untouched by human actions, be they marine or 

terrestrial. Marine habitats face disturbance from overexploitation of fisheries and 

pollution while terrestrial habitats face significant threat from land cover conversion and 

degradation. The last 50 years have seen more change in land cover than ever before in 

human history (MEA 2005); cropland now covers one quarter of the terrestrial surface 

available. These rapid and profound changes have reduced biodiversity, which in turn has 

led to a degradation of ecosystem services across the planet. 

Terrestrial systems face innumerable threats as humans continue to exploit the most 

easily accessible areas. People convert land cover to make space for urban development, 

mining, and most commonly for agriculture to feed an ever-growing population. In fact, 

the proportion of land cover converted to agriculture is the greatest threat to small-ranged 

species (Pimm et al. 2005; Scharlemann et al. 2005). Unfortunately, by prioritizing a few 

ecosystem services such as food and water security, we have done so at the cost of many 

others such as air quality, disease regulation, and pollination; loss of these other services 

leads to a decrease in human well-being (MEA 2005). 

Despite being more difficult to access, marine areas have not been spared 

anthropogenic disturbance. The need to feed both humans and livestock has led to an 

unsustainable fishing pressure that has drastically altered marine community composition 

(Van Houtan et al. 2013). Marine habitats are not just affected by direct impacts of human 

activity, but by indirect ones as well. Pollution, be it from oil spills, plastic debris, or excess 
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nitrogen, often either changes the composition of marine communities or outright kills 

individuals (MEA 2005), thus reducing population size and increasing extinction risk from 

environmental or demographic stochasticity. 

1.2 Population viability analyses in conservation 

Conservation scientists and practitioners consistently have to keep pace with an 

ever-changing landscape in the face of continued threats. This makes monitoring an 

essential component to decision-making. Population viability analyses provide practical, 

quantitative methods of evaluating extinction risk of species of concern (Morris et al. 

2002). Population viability analyses are a collective of various methods that can 

incorporate an assortment of data types and processes, from demographic or environmental 

stochasticity to interspecies interactions to spatial arrangement of populations.  

Morris and Doak (2002) categorize the use of population viability analyses into two 

broad groups, assessment and management. Assessment is broadly defined as determining 

the current status of a population while management aims to determine what actions are 

necessary to prevent a population’s extinction. Between these two groups, scientists and 

conservation practitioners are able to estimate and model the magnitude of the impact of 

human activities on local populations. These results often play a key role in determining 

when intervention is necessary and which actions will be the most successful. Within this 

dissertation, I use both approaches to advance our understanding of changes in the 

landscape on the persistence of populations and by extension, species. 
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1.3 Chapter summaries 

This dissertation focuses on the use of population analyses and measures of 

persistence to assess the health of one or more species. This is critically important in the 

face of an ever increasingly human dominated landscape. The second chapter explores a 

single population of sooty terns, Onychoprion fuscatus. A large population of a common 

seabird, the Dry Tortugas breeding colony of sooty terns provides a unique opportunity as 

a sentinel species for ocean health (Le Corre & Jaquenet 2005; Holt & Miller 2010). As 

we continue to exploit the marine environments for their natural resources, we can expect 

to incur consequences for the species that rely on these habitats. Population monitoring in 

conjunction with a deeper understanding of where individuals occupy may reveal such 

consequences. This chapter was published in PeerJ in 2017. 

In the third chapter, I switch from the marine environment to the terrestrial and 

delve into the patterns and effects of fragmentation on species’ persistence from habitat 

loss. Mangroves are one of the most rapidly disappearing ecosystems on the planet (Duke 

et al. 2007) and suffer severe fragmentation due to conversion into shrimp farms and palm 

oil plantations (MEA 2005). Through the use of spatially explicit metapopulation models, 

(Hanski & Ovaskainen 2000; Schnell et al. 2013), I summarize the effects of fragmentation 

independent of habitat loss on mangrove-endemic bird communities globally. This chapter 

is currently in its second round of reviews at Conservation Biology. 

For the last chapter, I continue to use a metapopulation approach for conservation, 

but in a prescriptive rather than a descriptive manner and at a local scale. Restoration of 

habitat and creation of corridors provide opportunities for extending species’ persistence 
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(Haddad et al. 2003; Newmark & McNeally 2018). Focusing on another fragmented 

landscape, the Atlantic coastal forest of Brazil, I compare traditional connectivity models 

with a metapopulation approach to make corridor recommendations for conserving the 

golden lion tamarin, Leontopithicus rosalia. This last chapter has yet to be submitted for 

publication. 

Together, the chapters of this dissertation serve to not only understand current 

patterns and threats to biodiversity, but also what actions and interventions may be most 

efficient at reversing these trends. It is my hope that these results may be useful to 

conservation planners and managers to mitigate future dangers to biodiversity. 
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2. Sooty tern (Onychoprion fuscatus) survival, oil spills, shrimp 
fisheries, and hurricanes 

2.1 Introduction 

Given a variety of threats to ocean health, ranging from climate change to pollution 

and overfishing (Campagna et al. 2011; Sissenwine et al. 2014; Boonstra et al. 2015), 

assessing ocean conditions is vital (Knap et al. 2002; Samhouri et al. 2012). Monitoring 

colonial seabirds has provided a method of ocean threat assessment (Le Corre & Jaquenet 

2005). Scientists have been observing nesting seabird populations for decades 

(Thienemann 1902; Lockley 1934). Seabirds provide researchers large, consistent datasets 

with relative ease and permit the marking of many individuals. Unfortunately, while what 

happens in the nesting colonies may be understood in exceptional detail, what happens at 

sea has generally only been known indirectly from year-to-year changes in the nesting birds 

or from the locations of banded individuals found wrecked and deceased away from the 

colony (Piatt & van Pelt 1997; Schreiber 2002). Even where the birds feed — both when 

at the colony and during the rest of the year — has often been poorly known. 

Only recently has a large variety of technological options allowed scientists to track 

seabirds away from the colony (Jouventin & Weimerskirch 1990; Burger & Shaffer 2008; 

Le Corre et al. 2012; Dean et al. 2015). From geolocators that record day length and sunrise 

to platform terminal transmitters (PTTs) that transmit location data to satellite arrays, more 

tools allow increasingly more accurate observations on more species. These technologies 

allow researchers to connect knowledge on annual survival to physical locations where 

nesting birds feed and disperse at other times of the year.  
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The U.S. National Park Service (NPS) established an Inventory and Monitoring 

Program to provide park managers and others more scientifically credible information on 

the status and trends of natural resources (Patterson et al. 2008). Their goals include 

providing early warning of abnormal environmental conditions and determining whether 

human activity is responsible for such changes. In this study, we respond to the NPS’ needs 

by monitoring a large breeding colony of roughly 80,000 Onychoprion fuscatus (sooty 

terns) in the Dry Tortugas National Park, located in the Florida Keys. For the Dry Tortugas 

National Park, the specific concerns are fisheries — a large pink shrimp industry that has 

operated in the area for the last 60 years (NMFS 2016) — and the world’s worst oil spill, 

Deepwater Horizon, the source of which occurred approximately 800 km to the northwest 

in 2010 (MacDonald et al. 2015). While the effects of oil spills on seabird mortality are 

well-documented (Burger 1993; Votier et al. 2005; Votier et al. 2008, Moreno et al. 2013), 

the impact of the shrimping industry is less straightforward. Commercial fisheries may 

have complex relationships with seabirds, from direct mortality from fishing equipment to 

enhanced food availability from unwanted discards (Tasker et al. 2000; Furness 2003). 

Research specifically on the impacts of commercial shrimping using trawl gear suggest 

such activity acts as a strong local attractor to seabirds via increased food availability 

(Garthe, Camphuysen, & Furness 1996), but can alter interspecies competition dynamics 

by preferentially supporting gulls and pelicans as opposed to smaller species such as terns 

(Garthe & Scherp 2003; Wickliffe & Jodice 2010). 

In addition to potential anthropogenic impacts, natural disturbances in the form of 

tropical storms are likely to influence seabird mortality. Given that hurricanes are 
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catastrophic disturbances that can cause extensive damage to both terrestrial and marine 

habitats (Lodge & McDowell 1991; Nystrӧm et al. 2000; Vandermeer et al. 2000), one 

might reasonably expect such storms to impact seabirds, both at the colony and wrecking 

individuals during migration at sea (Schreiber 2002). Moreover, current estimates of 

climate change predict an increase in severity and frequency of category 4 and 5 hurricanes 

(Bender et al. 2010) thus potentially magnifying such effects. 

Here, we use a combination of current satellite tracking techniques and historical 

banding data to achieve the following objectives: 1) estimate annual mortality, 2) map 

annual movements of sooty terns from the Dry Tortugas, 3) determine the extent of overlap 

between sooty tern distribution during the breeding season and commercial shrimping and 

the 2010 Deepwater Horizon oil spill, and 4) better understand the consequences of 

episodic major hurricanes on mortality and incidences of wrecked individuals. These 

objectives stem from a lack of knowledge on sooty tern populations and at-sea movements. 

Unfortunately, as with many catastrophes, proper data collection does not happen until 

after the incident occurs, so we must compare the past Deepwater Horizon incident with 

present telemetry data to determine the potential overlap such a future spill might incur. 

Although many studies have looked at the annual survival and dispersal of other terns 

(Coulson & Horobin 1976; Møller 1983; Renken & Smith 1995; Spendelow et al. 1995; 

Nisbet & Cam 2002; Szostek & Becker 2012; Breton et al. 2014; Szostek & Becker 2015), 

there are few, if any, capture-mark-recapture (CMR) studies that include telemetry data 

and are specific to sooty terns. There are no previous such studies for this colony. In 

addition, while studies have illustrated the impact of individual cyclones on the mortality, 



 

8 

reproduction, and demography of birds at their colonies (Wunderle and Wiley 1996; 

Genovart et al 2013; Oro 2014), few studies have estimated the direct impact of hurricanes 

during the bird’s movements away from the colony (Nicoll et al. 2016). 

2.2 Methods 

2.2.1 Study site, species, and historical banding 

Sooty terns are an abundant seabird found in large colonies in the Atlantic and 

Pacific oceans (Birdlife International 2017). While there have been many studies on sooty 

terns on various islands in the Indian Ocean (Feare 1976; Feare & Doherty 2004; Young 

et al. 2010) and a well-studied colony on Ascension Island (Ashmole 1963), the Dry 

Tortugas National Park is longest continuously studied sooty tern nesting ground in the 

Atlantic Ocean (1959 to the present). Located at 24.63˚N and 82.87˚W, the Dry Tortugas 

consist of seven keys, of which sooty terns only breed on one, Bush Key. Roughly 80,000 

individual sooty terns to breed each year. For the majority of sooty terns at the Dry 

Tortugas, the breeding season lasts from February to May, but some may arrive as early as 

December and some leave as late as August. Our current knowledge of the sooty terns at 

the Dry Tortugas comes from a combination of a long-term banding effort and studies 

recording the behavior, energetics, growth, and chick mortality (Watson 1908; Sprunt 

1948; Robertson 1964; Dinsmore 1974). As typical with many seabird studies, most of the 

past work has been limited to observations at the colony. Until recently, we did not know 

even where the birds fed when nesting.  

Marking of sooty terns at the Dry Tortugas started in 1937. Since 1959, researchers 

have marked just under half a million birds. Each year there were two main banding efforts, 
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one that took place shortly after adults arrived and laid their eggs and a second that occurred 

about six to seven weeks before most of the chicks fledged. Adults were caught using a 

combination of hand nets and mist nets; for the juveniles, the banders would herd the 

flightless chicks into corrals made of chicken wire where teams would then band as many 

as possible. This method of mass banding adults lasted until 1974. 

2.2.2 Telemetry and movement analysis 

Before the use of modern telemetry technology, our insight into bird movement 

came predominantly from recapturing banded individuals or recovering bands from 

deceased ones. As a first step to mapping migration, we first gathered all available data on 

recovery locations of bands put on sooty terns at the Dry Tortugas from the Bird Banding 

Laboratory (BBL) database (https://www.pwrc.usgs.gov/bbl/). We then mapped the 

recoveries of dead of sooty terns away from the breeding colony. To show the temporal 

and spatial distribution, we aggregated the recovery location information into regional 

clusters and subdivided them into three month periods (January to March, April to June, 

July to September, and October to December). 

To gain a better understanding of where sooty terns live and not simply where they 

die, we used two types of telemetry devices. In both cases, we caught individuals using 

hand nets on Bush Key in the Dry Tortugas. In March 2011, we attached 25 1.2 g BAS-

MK10 GLS light level geolocators to adult sooty terns. Average adult sooty terns are about 

200 g, so these geolocators are about 0.6% of their body weight. These geolocators record 

day length and relative time of sunrise. With these two pieces of information, we used the 

BASTrak software provided by the British Antarctic Survey to estimate the latitude and 
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longitude for each day. Of the 25, we were only able to reclaim two geolocators the 

following year. In addition, the logger’s inability to determine latitude accurately during 

the spring and fall equinoxes (when everywhere experiences 12 hours of sunlight) forced 

us to remove data three weeks before and after these dates.  

In February 2014, we attached newly available 5 g solar PTT’s from Microwave 

Telemetry Inc. to three adults using leg loop harnesses. These transmitters weighed only 

2.5% of an adult sooty tern’s body weight. We set the transmitters to transmit hourly data 

with an off cycle of either 48 hours or the length of time it took to fully charge the battery 

via the solar panel, whichever was shorter. This was done to maximize the amount of data 

we could retrieve. One PTT failed after two weeks, another after six months, and the third 

lasted until September 2015 (allowing for partial data collection on a second year of 

migration). We retrieved location data from the ARGOS satellite system and archived the 

dataset at www.movebank.org. Data from the PTT’s fall into location classes based on the 

estimated error. We discarded all locations with an error greater than 1500 m (the 

maximum error ARGOS could tolerate and still give a reliable location). We then 

calculated the speed and heading of tracks between points less than a day apart. Both the 

banding and the satellite tagging were performed under federal bird banding permit 21780. 

To identify potential foraging areas, we used a dot product index (DPI) analysis 

from the ArcMET extension for ArcGIS v2.3 to summarize the average speed and heading 

of all the tracks of the three individuals with satellite transmitters (Fig. 2.1). We 

summarized tracks across 0.1 decimal degree grid cells during the entire 2014 and 2015 

breeding seasons (February to May). The DPI is a number between 0 and 1 indicating how 
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aligned tracks are within a given grid cell (Wall et al. 2013). The closer the value is to 1 

(dotted yellow area in Fig. 2.1), the more directionally consistent the tracks in the cell are, 

very likely indicating the individuals are moving to and from the breeding grounds. 

Conversely, cells with tracks of divergent directions have a DPI value closer to 0 (solid 

yellow area in Fig. 2.1), and most likely represent searching for food— i.e. the bird is 

moving back and forth searching for prey. Given that this analysis is a summary across two 

entire breeding seasons, we assume that daily environmental conditions such as wind speed 

become unimportant. For the DPI analysis, we considered any tracks that had points that 

were more than 24 hours apart as separate and used the Jenks natural break optimization to 

classify DPI values of individual grid cells into a predominantly traveling or foraging 

location. We then overlaid these data with those collected on shrimp boat movements and 

trawling locations from 2003 to 2014 (solid green area in Fig. 2.1; Gallaway et al. 2003). 

The peak season for commercial shrimping in the Florida Keys lasts from January to June, 

thus temporally overlapping with the sooty tern breeding season. Additionally, we looked 

at the overlap with the location of surface oil from the Deepwater Horizon oil spill (NOAA 

2010). Since we are only interested in determining which areas were impacted by the spill, 

we ignored the day-to-day variation and identified all areas that experienced at least one 

day of surface oil. To calculate overlap between areas used by track individuals and areas 

impacted by humans, we simply divided the affected area by the area used (the total area 

from all 0.1 decimal degree cells that contain tracks). 



 

12 

2.2.3 CMR mortality analysis 

We calculated estimates of mortality using a single-state Cormack-Jolly-Seber 

(CJS) model implemented in Program MARK (Lebreton et al. 1992; White & Burnham 

1999) where both the survival (φ) and recapture probability (p) were time-dependent. Since 

this is an open population model, this method only calculates apparent survival and some 

individuals in the population might have emigrated rather than died. For simplicity, we also 

removed approximately 200 individuals who were recovered deceased, so the model was 

not a mix of known and unknown fates. This left us with capture histories for 103,076 

individuals. We tested the simple model of only a year effect against two other models, one 

that assumed an age-dependent effect and another that assumed a cohort effect (using an 

all different parameter matrix for φ in MARK; Cooch & White 2002). While the age-

dependent model might pick up differences in survival between younger and older 

individuals, we created the cohort model to determine if newly banded birds might have 

increased or decreased survivorship after a strong hurricane season. We then re-ran the 

models, and linearly constrained them with measures of annual cumulative wind speed of 

hurricanes (calculated by summing the maximum sustained wind speed over each six hour 

period). Since the cohort model uses an all different parameter matrix, we were unable to 

run a linearly constrained model in MARK. Using the U-CARE program (Choquet et al. 

2009), we assessed the goodness-of-fit and used the resulting ĉ to adjust the Akaike’s 

Information Criteria (AIC) for over-dispersion due to binomial noise. We ranked the final 

models based on the resulting QAICc (quasi-likelihood AIC; Burnham & Anderson 2002). 

In addition to using MARK to generate estimates of mortality, we also developed our own 
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CMR model specific to our population to identify why certain years differed and provide 

a transparent understanding and visualization of the basic mechanisms at work within the 

MARK software (Appendix A). 

One assumption of CMR studies is that captured individuals are a random sample 

of the population and thus are representative of the entire population. However, our data 

suggest this might not be entirely true for our study (Appendix A). Some individuals appear 

more likely to be caught multiple years in a row, thus biasing the detection rate. While we 

are able to account for this in our alternative model — and it does not alter our conclusions 

— it is unclear how this may affect estimates provided by MARK. 

As we show below, juveniles do not return to the breeding colony for at least 4 

years after fledging, so we do not calculate their survival. Juveniles re-captured when they 

return to the colony as adults are treated as adults banded for the first time. Due to limited 

sample size and the change in sampling methodology, we have limited our analysis of the 

banding data to the period from 1960 to 1974. Inspection of the band numbers for 1959 

suggests that many band numbers were absent from the data submitted, so we excluded 

this year. 

2.2.4 Estimation of mortality from wrecked individuals 

In conjunction with our estimates of mortality from CMR data, we calculated an 

alternative, independent proxy of mortality using the data from recovered, deceased 

individuals taken from records available from 1960 to 1980. These records come from the 

BBL database of bands originally put on sooty terns at the Dry Tortugas and later 

recovered. Such instances of mortality can be caused by starvation or exhaustion after a 
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storm event and are known as “wrecks” (Piatt & van Pelt 1997; Schreiber 2002). For this 

study, we have defined a “wrecked” individual as a recovered, deceased sooty tern found 

in a location that we considered unlikely to have been a part of their normal migration route 

(identified as the route taken by the individuals tagged with PTT’s and geolocators). For 

each year, we calculated the number of individuals known to be alive given that they were 

captured again in a later year and then estimated mortality using a simple proportion of the 

number of recovered individuals out of the number known alive in that year. Since the 

detection rate of wrecked individuals is unknown, spans a large geographic area, and the 

known alive population is likely an underestimation because of a low recapture rate, this 

method of estimating mortality is a proxy. Lastly, to compare these estimates with those 

derived from the MARK model we ran a correlation analysis using the inverse of the 

standard errors of the MARK estimates as weights. 

2.2.5 Measuring hurricane impact 

To attempt to identify potential storm-induced mortality, we identified notable 

cyclones in two different ways. The first was that for any year where wrecked birds were 

recovered, we identified hurricanes whose paths both overlapped with the wrecked 

locations and took place before the recovery. Wind swath data are not readily available 

before 2008. Thus, we used an estimate of 80 km from the storm center to the eye wall for 

hurricane-force winds and an estimate of 320 km from the storm center for gale force winds 

(Tannehill 1934). Since hurricane size is independent of intensity, the wind radii estimates 

are the same along the entire storm’s track (Tannehill 1934). We created maps of these 

storms and wrecked locations to create a visual representation of the correlation in addition 
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to calculating the distance between wrecks and a storm’s center and the amount of time 

between a storm’s formation and the recovery of such wrecks. 

For the second method of estimating the impact of storms, we selected all 

hurricanes that were category 3 or above, between the years 1960 and 1980, that at least 

partially overlapped with the region of interest (as determined by the full spatial extent of 

locations from both the PTT’s and geolocators). Using this selection of storms, we ran a 

simple linear regression between the number of wrecked individuals in a given two-week 

period and the number of storms in the same period as well as a linear regression with the 

cumulative wind speed of such storms. For years that we had an estimate of mortality from 

the constrained year only MARK model (1960-1974) we also ran a weighted linear 

regression between the average estimates of mortality and the cumulative wind speed of 

our selection of storms across the year using the inverse of the variances from MARK as 

the weights. We did not use the accumulated cyclone energy (ACE; Bell et al. 2000) indices 

in our analysis since we were only interested in storms in one region of the Atlantic Ocean 

and simple cumulative wind speed allows us to break storms down by weeks and months 

rather than just years. 

2.3 Results 

2.3.1 Movements during the breeding season 

Altogether, during this study we successfully tracked five individual sooty terns, 

two during the 2011 breeding season using geolocators, three during the 2014 breeding 

season using PTT’s. One PTT-tracked tern only contributed two weeks of data but another 

individual with a PTT continued into the early part of its migration in 2015. This provided  
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Figure 2.1: Summary of tern movement during the breeding season in 2014. We calculated 
DPI using the ArcMET extension for ArcGIS across 0.1 decimal degree cells for three 
different individuals with satellite transmitters. The DPI is a number between 0 and 1 
indicating how aligned tracks are within a given grid cell (Wall et al. 2013). The closer the 
value is to 0 (solid yellow area), the more dissimilar the tracks are, indicating foraging 
grounds. We have overlaid these data with data of shrimping locations (solid green; Gallaway 
et al. 2003) in addition to the surface oil from the Deepwater Horizon spill (dark blue; NOAA 
2010). Basemap is provided by Esri©. 
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us data from two complete breeding seasons, but since the individual had a similar pattern 

of movement in both years, we have summarized all the data here. From January through 

May, the tagged individuals spent most of their time to the northwest of the island, reaching 

areas as far away as 415 km and traversing over 58,222 km2 of open water along the 

continental shelf (Fig. 2.1). The Jenks natural breaks analysis split the DPI values at 0.67, 

which resulted in classifying 39.4% (22,955 km2) of the total area used by the individuals 

as feeding grounds. Areas closest to the island are mostly directionally consistent, which 

suggests that the individuals are traveling back and forth (Fig. 2.1). The cells 250 km to 

the northwest however, are directionally variable, suggesting this where the birds feed. 

Overall, only 9.2% of the total area the study individuals used overlapped industrial 

shrimping (Gallaway et al. 2003), and 20.1% of this overlap was foraging grounds, 

representing only 4.7% of the total foraging area. 

Although the Deepwater Horizon well was roughly 800 km away from the Dry 

Tortugas, trace amount of surface oil (roughly 16 km2) did overlap with the area that study 

individuals used for traveling but not for foraging, as estimated by the DPI analysis (Fig. 

2.1). 

2.3.2 Movements during migration 

Before the use of geolocators or PTT’s, we could only approximate the sooty tern 

migration across the Atlantic Ocean using data from 386 recovered individuals from the 

BBL data that stretch back to 1937 (Fig. 2.2). Individuals found in the Gulf of Mexico are 

predominantly between April and September while those recovered in the Caribbean Sea 

tend to be between June and December. Lastly, terns retrieved from the coast of Africa are 
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usually between October and March. While 51% of all band recoveries were from 

juveniles, a disproportionate 89% of the recoveries in Africa were from juveniles. This 

supports previous work that suggests these individuals found in Africa are mostly juveniles 

that have yet to return to the colony to breed (Robertson 1969). A full breakdown of when 

and where terns were recovered can be found in Appendix B (Table B.1). 

 

Figure 2.2: Map illustrating the location of sooty terns banded at the Dry Tortugas recovered 
in the Atlantic Ocean.Each pie shows the proportion of individuals in the area found in each 
season. The number in the center is the total number of records. Basemap is provided by 
Esri©. 

With the use of geolocators and PTT’s, we can understand the migratory route of 

sooty terns in detail. The two individuals with geolocators provided data on a complete 

migration after leaving the island in 2011 and returning in 2012 (Fig. 2.3A), but we 

collected more detailed data from the two individuals with PTT’s who started their 

migration in 2014 (Fig. 2.3B). Due to transmitter failure, data from one individual with a  
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Figure 2.3: Migratory route of tagged sooty terns in 2011 and 2014.Two maps reporting the 
daily movements of sooty terns tagged with a) geolocators and b) PTT’s throughout their 
migration. Each map has the tracks of two different individuals (one with a solid line and one 
with a dashed line) color coded by month. We have not included September data from 2011 
due to the impact of the vernal equinox on the accuracy of the geolocators. The proximity of 
the area affected by Hurricanes Irene and Bertha with the sooty tern movement tracks of the 
year illustrates the potential spatial and temporal overlap between hurricanes and the tern 
migration. Basemaps provided by Esri©. 

 

A) 

B) 
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PTT ended in August, providing an incomplete migration map. All birds spent most of June 

traveling around the Gulf of Mexico before traveling through the Yucatán Channel at the 

end of June or beginning of July. The terns then spent July passing through the Caribbean 

Sea before reaching the Lesser Antilles around the start of August. Figure 2.3 also 

illustrates the wind swaths of Hurricane Irene and Hurricane Bertha during August. The 

tracks of both birds in 2014 overlap geographically and temporally with Hurricane Bertha 

while those in 2011 just narrowly avoided Hurricane Irene to the north, indicating the 

potential danger sooty terns face on their migration route. We still received movement data 

from the second individual with a PTT for several days after Hurricane Bertha passed; thus, 

we do not think that the hurricane was directly responsible for transmission termination. 

After passing the Lesser Antilles, tagged individuals spent the remainder of August, 

September, October, and November in the deep waters of the Atlantic Ocean off the 

northeast coast of Brazil. There are no September data for the individuals with geolocators 

due to poor data quality from the vernal equinox. While the majority of individuals tagged 

returned to the Dry Tortugas at the end of December, one individual with a geolocator did 

not return until mid-January. The timing of these movements is broadly similar to the 

timing of recoveries seen in Fig. 2.2 as evidenced by the majority of individuals recovered 

in the Florida Keys found during the spring months, individuals found in the Gulf of 

Mexico during the summer, and lastly individuals recovered throughout the Caribbean and 

South American coast found during fall and winter. Throughout this entire route, the two 

individuals with PTT’s spent very little time over coastal shelves, preferring deeper waters. 
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2.3.3 Estimates of mortality 

After running the general time-dependent, year only model, we ran the goodness of 

fit and adjusted all models based on a ĉ of 2.855. Of the five models run in MARK, both 

the unconstrained and constrained age-dependent models performed the most poorly 

(Table 2.1), suggesting that once an adult, survivorship does not change with age. This 

corroborates the results of Nisbet & Cam (2002) who found that number of years into 

adulthood in common terns does not affect survivorship. The simple time-dependent model 

that was linearly constrained by cumulative wind speed performed the best (Table 2.1) but 

was very similar to the unconstrained time-dependent model. Given that the constrained 

year only model performed the best, we have chosen to report the estimates from this model 

and used these estimates for all subsequent analyses. 

Table 2.1: Model evaluation of three different CMR models generated in MARK (White & 
Burnham 1999). Models are ranked by QAICc (quasi-likelihood Akaike’s Information 
Criteria). 

Model QAICc ΔQAICc QAICc Weight QDeviance # of Parameters 
Year + Wind 89501.23 0 0.99995 2165.63 38 

Year 89521.05 19.82 0.00005 2187.46 37 
Cohort 89641.27 140.04 0 1954.98 213 

Age + Wind 89730.79 229.56 0 2395.19 38 
Age 89730.85 229.62 0 2395.26 38 

 

Over the period 1960-1974, the study banded 103,076 adults with 24,530 of them 

recaptured at least once (Table 2.2). The average annual apparent mortality and recapture 

probability during this time were 15.68% (n = 15, sd = 11.82%) and 6.48% (n = 15, sd = 

1.97%), respectively. The maximum and minimum mortality observed were in consecutive 

years: 41.72% in 1973 and 0.84% in 1974 (Fig. 2.4). 1967 had the highest number of 
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individuals banded, but the highest recapture probability occurred in 1969 (10.96%). 

Across the entire study, 295,996 juveniles were caught, but only 21,643 were recaptured 

as adults (7.31%), and 2,334 of these recaptures (10.78%) were caught four years after 

banding. Given the similarity between this recapture rate of juveniles and the average 

detection rate for adults, in this instance we assume that the recapture rate matches the 

detection rate and that the overwhelming majority of juveniles return to the island in their 

fourth year. These results match those of juvenile sooty terns studied on Johnston Atoll 

(Harrington 1974). 

Table 2.2: Banding data of adult terns from 1960 to 1974. Recapture probabilities and 
mortality estimates were calculated from a time-dependent CMR model in MARK (White & 
Burnham 1999). 

Year Captured Recaptured Recapture 
Probability (p) 

Mortality (1 - φ) 

1960 7249 0 0.0463 0.1883 
1961 7088 273 0.0498 0.1326 
1962 8226 561 0.0597 0.1034 
1963 7813 1041 0.0645 0.1378 
1964 7686 1406 0.0560 0.0381 
1965 7383 1586 0.0585 0.1422 
1966 6835 1794 0.0895 0.0324 
1967 11710 3247 0.0927 0.1899 
1968 9950 3600 0.0467 0.0614 
1969 5107 2139 0.1096 0.3639 
1970 6228 3547 0.0619 0.2462 
1971 1689 1800 0.0712 0.2713 
1972 2281 1598 0.0460 0.0294 
1973 2158 1103 0.0815 0.4072 
1974 1626 1263 0.0387 0.0084 
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When we look at our proxy of mortality from the data on wrecked individuals, there 

is a significant positive correlation with estimates from our MARK model (r2 = 0.286, p = 

0.040) Our two estimates show similar patterns of mortality with peaks occurring in 1960, 

1967, 1969, 1971, and 1973. Exceptions to the trend occurred in 1964 when there was a 

peak in the fractions of wrecked birds, but the mortality estimate was low. The opposite 

occurred in 1965 (where there was a peak in mortality, but the number of wrecked birds 

was relatively low).  

 

Figure 2.4: Graph of two estimates of tern mortality. The orange line shows the estimate of 
mortality from the time-dependent survivorship model generated using MARK. The blue line 
shows an independent estimate from wrecked individuals. We calculated % wrecked as the 
proportion of wrecked individuals out of the total number of banded individuals known alive 
in a given year. 

2.3.4 Hurricane correlations 

Over the course of 25 years, 25 different storms were associated with 106 wrecked 

terns (Table 2.3). We compiled maps of 19 years between 1960 and 1985 where there were 

notable storms and wrecked terns (Fig. 2.5). The impact of hurricanes appears to have a 

large geographical range. Individuals were wrecked as far south and east as the Lesser  
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Figure 2.5: Compilation of maps of 19 years with notable hurricanes and recovered wrecked 
birds. Hurricanes are color coded by intensity and an estimate of wind swath. A) 1960: 
Hurricanes Abby & Donna, B) 1961: Hurricane Carla, C) 1963 Hurricane Flora, D) 1964 
Hurricanes Cleo & Hilda, E) 1965: Hurricane Betsy, F) 1966: Hurricane Inez, G) 1967: 
Hurricane Beulah, H) 1968: Hurricane Abby, I) 1969: Hurricane Camille, J) 1970: Tropical 
Storm Becky, K) 1971: Hurricane Edith, L) 1973: Hurricane Brenda & Tropical Storm Delia, 
M) 1972: Hurricane Agnes, N) 1974: Hurricane Carmen, O) 1975: Hurricanes Caroline & 
Eloise, P) 1979: Hurricanes Bob & David, Q) 1980: Hurricane Allen, R) 1982: Hurricane 
Alberto, S) 1985: Hurricanes Elena & Gloria. Basemaps are provided by Esri©. 
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Table 2.3: Table of distribution of recovered wrecked birds. The number of wrecked birds is 
broken down by the region they were found in and listed with the notable hurricanes of the 
year. * denotes a tropical storm instead of a hurricane. 

Year # Wrecks N America Caribbean Central America Notable 
Hurricanes 

1960 9 6 2 1 Abby/Donna 
1961 6 6 0 0 Carla 
1962 0 0 0 0  
1963 2 0 2 0 Flora 
1964 6 4 2 0 Cleo/Hilda 
1965 1 1 0 0 Betsy 
1966 1 1 0 0 Inez 
1967 7 0 4 3 Beulah 
1968 3 3 0 0 Abby 
1969 7 7 0 0 Camille 
1970 3 2 1 0 Becky* 
1971 3 0 0 3 Edith 
1972 2 1 1 0 Agnes 
1973 12 8 1 3 Brenda/Delia* 
1974 5 2 1 2 Carmen 
1975 4 2 0 2 Caroline/Eloise 
1976 0 0 0 0  
1977 0 0 0 0  
1978 0 0 0 0  
1979 10 6 4 0 Bob/David 
1980 21 18 1 2 Allen 
1981 0 0 0 0  
1982 2 2 0 0 Alberto 
1983 0 0 0 0  
1984 0 0 0 0  
1985 2 2 0 0 Elena/Gloria 
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Figure 2.6: Frequency distribution of recovered, wrecked birds in relation to hurricanes of 
the season. Wrecks are more often recovered A) closer to a storm’s center and B) sooner after 
the storm’s formation. 

Antilles to as far north as New England in the United States. Hurricanes can sweep birds 

for hundreds of kilometers along the storm’s track such as in the case of Hurricane Donna 

in 1960 along the east coast of the United States.  

 When one maps the locations of all wrecked individuals in a given year, what 

stands out is that all locations were associated with a tropical storm (Fig. 2.5). This is 

supported by the trend that there were more wrecks closer to the estimated wind radii and  

within a few weeks of a storm’s formation (Figure 2.6). Furthermore, when we aggregate 

all category 3 and higher storms across the region and time of interest to avoid singling  

out storms, we see this trend continue. There is a strong positive correlation between the 

number of wrecked individuals in a two-week period and both the number of storms in that 

period (Fig. 2.7A; r2 = 0.708, p < 0.0001, one-tailed) and the cumulative wind speed (Fig. 

2.7B; r2 = 0.725, p < 0.0001, one-tailed). This effect is predominant at the height of 

hurricane season, from August to October. When we replace the number of wrecked 

individuals with the mortality estimates derived from the MARK model, we still find a  

A) B) 
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Figure 2.7: Linear regressions between estimates of mortality and hurricane frequency and 
intensity. There is a strong positive relationship between the number of wrecked individuals 
in a two-week period and a) the total number of hurricanes category 3 and higher in the 
region of interest during that time (y = 0.816x – 0.381, r2 = 0.708, p < 0.0001; one-tailed) and 
b) the cumulative wind speed of the same set of hurricanes (y = 0.001x + 0.307, r2 = 0.725, p 
< 0.0001; one-tailed). The points are broken down by month to illustrate the impact of 
hurricanes throughout the year. C) Annual apparent mortality from the wind-constrained 
year only MARK model also shows a weak but significant (y = 0.002x + 6.997, r2 = 0.238, 
p=0.033; one-tailed) relationship with cumulative wind speed of these hurricanes throughout 
the year. Also shown are the 95% confidence intervals of the mortality estimates provided by 
MARK. * indicates the confidence interval stretches beyond the axis to a value of 100. 
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positive relationship between cumulative wind speed and mortality, albeit a weak but 

significant one (Fig. 2.7C; r2 = 0.238, p = 0.033, one-tailed). While we account for 

individual variance using a weighted regression, we do not adjust for covariance between 

years in this analysis. The greatest absolute value of correlation between years was 0.0019 

which we consider small enough to dismiss.  

2.4 Discussion 

Prior to this study, there was no published information on where sooty terns migrated to 

after the breeding season. With the use of tracking technology, we have been able to map some 

sooty tern migrations into the Atlantic Ocean. We recognize that migration patterns may vary 

across time and individuals (Quillfeldt et al. 2010; McFarlane Tranquilla et al. 2014) and 

that a larger sample size and study period is necessary to determine consistency of 

migration routes. Nonetheless, we now know that some individuals travel from the Florida 

Keys, through the Caribbean Sea, along the coast of South America, and winter in the mid-

Atlantic. In addition, the presence of deceased individuals along the same route suggests 

that many more do the same.  

Another limitation of the sample size is that we were unable to temporally stagger 

deployment of transmitters throughout the season which may impact our understanding of 

the timing of individuals’ movements. We do not however, expect that this has impacted 

our understanding of the spatial extent of sooty tern movements given that our telemetry 

results match locations from recovered individuals.  

Fisheries have complex impacts on seabird survival; from disrupting marine 

communities and trophic cascades (Garthe & Scherp 2003; Wickliffe & Jodice 2010), to 
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providing easily accessible by-catch (Garthe, Camphuysen, & Furness 1996), to deaths 

caused by fishing equipment (Tasker et al. 2000; Furness 2003). In particular, we thought 

the local fishing industry might impact sooty terns. The minimal overlap between 

shrimping locations and tern foraging locations suggest that this is not a regular occurrence. 

Not only is the area of overlap small, but it also disproportionately covers areas we have 

deemed unimportant for feeding among tagged individuals. This is in contrast to brown 

noddies (Anous stolidus), a similar species that cohabit the Dry Tortugas with sooty terns 

during the breeding season, whose foraging grounds overlap up to 93.3% with commercial 

fishing areas (Maxwell et al. 2016). Similar to our limitations in recording individual 

variation in migration patterns, we acknowledge that our sample size does not fully 

encapsulate the full extent of spatial and temporal variation of feeding grounds, but present 

these data as an important first step in documenting such movements. 

We previously considered danger from future oil spills in the area as another 

potential threat via either direct mortality or from food web disruption (Moreno et al. 2013). 

At first one might ask what is the purpose of comparing seabird movement with an oil spill 

from three years prior. Without the benefit of foresight, our post-hoc approach represents 

a measure of the potential a spill like Deepwater Horizon might have had in the past, or 

might have in the future. While the furthest extent of the terns’ movements during the 

breeding season had a small amount of overlap with the furthest projections of spillage 

from the Deepwater Horizon event, surface oil from this particular event does not 

significantly overlap areas used by our tagged sooty terns. However, if such a spill from so 

far away could have reached areas used by this population, future spills that are closer or 
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more catastrophic would likely also impact these areas. Again, sample size limitations 

mean that what we have presented here may not be the full picture and that our studied 

individuals only represent the minimum impact such an oil spill may have. 

Although our average estimate of mortality (0.16) is higher than the 0.09 found by 

Feare & Doherty (2004) in sooty terns in the Seychelles, it is within the range of mortalities 

generated by similar models for inshore species such as common terns (Sterna hirundo; 

0.12-0.24, Breton et al. 2004; 0.065-0.209, Szostek & Becker 2015), least terns (Sternula 

antillarum; 0.07-0.20, Renken & Smith 1995), and roseate terns (Sterna dougallii; 0.09-

0.26, Spendelow et al. 1995). Nonetheless, our highest estimate of mortality (0.41 in 1973) 

is higher than the highest reported tern mortality we found (0.34 for the sandwich tern, 

Thalasseus sandvicensis; Møller 1983). Such a high mortality in a species that typically 

lays a single egg in a clutch (Feare 1976) should lead to an overall decrease in population 

size. It is possible such as a decrease is occurring at the Dry Tortugas as counts of nesting 

pairs have decreased over recent years (Cope 2016). 

Previous studies have shown that tropical storms impact nesting and breeding 

success of sooty terns at the colony. White et al. (1976) found an increase in mortality and 

decrease in growth of chicks after Hurricane Agnes in 1972. The results of our study 

suggest hurricanes also kill and wreck birds along their migration path (Fig. 2.5; Fig. 2.6). 

These direct mortality events appear to have a strong relationship with the number and 

intensity of storms (Fig. 2.7). Particularly strong hurricanes that cross through a large 

portion of the tern’s migratory route can have devastating impacts. The largest mortality 

estimated from recoveries of wrecked birds occurred in 1979 and 1980 (Fig. 2.4) when 



 

31 

category 5 hurricanes David and Allen wrecked a large number of birds (Table 2.3). 

Hurricanes can also affect tern populations by carrying individuals to ill-favored locations. 

Hurricane Camille in 1969 swept an individual as far away as the Great Lakes between the 

U.S. and Canada.  

While the connections between particular storms, the fraction of wrecked birds, and 

the annual estimates of mortality are sometimes compelling, there are exceptions that we 

do not understand. First, our results imply that even weak tropical storms can lead to 

increased tern death. 1973 was overall a particularly calm year for hurricanes, but the 

number of wrecked individuals that year, as well as a spike in mortality (Fig. 2.4), indicates 

that tropical storm Delia may have killed many individuals. Evidence for the impact of this 

storm comes from the density of wrecked birds in a relatively small area, near where the 

storm came ashore in Texas.  

Conversely, Hurricanes Cleo and Hilda wrecked birds, but 1964 was a year of low 

mortality. Cleo in late August decreased to a category 1 as it headed almost due north over 

central Cuba and then Florida, so perhaps the birds were still in the Gulf of Mexico or even 

off the coast of South America. Hilda came though the Gulf, but not until the end of 

September, when the birds might have been further south and east. Similarly, 1966 was a 

year of low mortality but high cumulative wind speed (Fig. 2.7). Hurricane Inez is 

responsible for most of the accumulated wind speed, but did not form until late September, 

and thus potentially missed many individuals who were already further south. Nonetheless, 

the chances of terns being in the wrong place at the wrong time are expected to increase as 

cyclone frequency increases due to climate change (Bender et al. 2010). 
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In summary, we have presented the first ever movement data on sooty terns away 

from a colony, identifying areas used both during the breeding season as well as during the 

migratory route. These data suggest only a limited overlap with areas affected by 

anthropogenic threats. Natural disturbances in the form of tropical storms, however, appear 

to have a more significant relationship with adult tern mortality; the number of wrecked 

individuals is strongly correlated with both the number and intensity of storms in the same 

period. Overall mortality only shows a weak, but still positive relationship with storm 

intensity. This suggests that additional factors are at play. What seems likely is that it is 

not simply the strength of a hurricane, but that timing and location also play a role. By 

combining these aspects of storm occurrence with other considerations such as food 

availability and possible emigration rates, future studies may yield a more comprehensive 

understanding of adult sooty tern mortality. 
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3. Using metapopulation theory for practical conservation of 
mangrove endemic birds 

3.1 Introduction 

Human actions have endangered many species, not only because they have caused 

extensive loss of habitat, but what remains is massively fragmented (Haddad et al. 2015). 

Increased fragmentation and isolation prevent colonizers from arriving and rescuing a 

foundering population, so habitat fragments lose species (Ferraz et al. 2003). Isolated 

populations also lose fitness, best evidenced when individuals are introduced 

experimentally to rescue them genetically (Pimm et al. 2006). At issue is how we 

characterize fragmented landscapes in ways that reflect the extinction risk of their 

constituent species and, importantly, how it changes over time. We provide a complete 

guide to do this. The impacts of changing landscape fragmentation on mangrove birds and 

metapopulation models provide practical illustrations.  

Mangroves are an ideal habitat to model using a metapopulation approach given 

their distinct characteristics that make determining patch boundaries simple (Giri et al. 

2011). Additionally, they are one of the most rapidly disappearing ecosystems on the planet 

(Duke et al. 2007) and an estimated 40% of mangrove endemic vertebrates are globally 

threatened (Luther & Greenberg 2009). Mangroves face a variety of threats, from sea level 

rise to overconsumption of freshwater upstream to deforestation for the creation of charcoal 

or aquaculture. In addition to the loss of ecosystem services, the destruction of mangroves 

incurs massive economic costs to human development from tropical storms and flooding 

(Millennium Ecosystem Assessment 2005). 
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So why do we choose metapopulation models as a framework? There are familiar 

descriptive statistics that quantify fragmentation. FRAGSTATS provides a package of 

them for example (McGarigal et al. 2012). There are reviews, too, (Urban et al. 2009; 

Rayfield et al. 2010), that consider the spatial arrangements of habitat fragments and 

studies of the efficacy of reconnecting them (Newmark et al. 2017). Uniquely, 

metapopulation models are dynamic — they explicitly consider the presence and absence 

of a species in a landscape over time. Moreover, they include the ecology of the species 

and combine the separate influences of patch area and isolation. Occupancy-based, 

spatially explicit metapopulation models directly predict extinction risks in fragmented 

systems and one can parameterize them with empirical data. Questions involving a species’ 

changing risk of extinction as its habitat fragmentation changes require such an approach. 

Moreover, it permits calculation of the changes in risk from the loss or shrinkage of 

individual patches. Descriptions of habitat metrics — their size and interpatch distances, 

for example, and how they change over time — are only indirect measures of extinction 

risk.  

Our framework follows from the metapopulation models of Levins (1969), Hanski 

(1994), and others. The chance of a population persisting in a fragment relies upon two 

opposing forces: the extinction rate and the colonization rate. Patch area and inter-patch 

distances govern these two rates respectively. The structure of the landscape thus 

determines its ability to sustain a metapopulation, a characteristic known as metapopulation 

capacity (Hanski & Ovaskainen 2000). Should the metapopulation capacity fall below an 

extinction threshold, the inter-patch immigrations would not offset the extinctions within 
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patches and the species population collapses to zero (see Appendix C for an in-depth 

discussion). The intuition behind metapopulation capacity is to characterize a given 

metapopulation’s chance of persistence given the landscape’s arrangement.  

Here, we use metapopulation capacity to follow its changes over time, to compare 

it to other similar populations, and to aggregate to impacts on communities over time. Our 

framework aims for practical conservation actions — identifying the habitat fragments 

most important for ensuring the long-term survival of a species or group of species, for 

example. While, the various steps are already in the literature, they are scattered and 

insufficiently prescriptive. We outline a complete procedure. 

In this study, we ask:  

1. Which metapopulations are most quickly losing their chance of persistence and 

where are the places in which they occur?  

2. Is measuring habitat loss sufficient to understand a species’ changing risk of 

extinction over time? It would not be so, were small losses in habitat associated with 

substantial increases in extinction risks or vice versa.  

3. What are the spatial drivers of changing metapopulation capacity following 

landscape changes? Is it the loss of large patches versus many smaller ones? What are the 

consequences of the breakup of large patches into small ones?  

4. Lastly, how can a metapopulation approach set conservation priorities that other, 

strictly spatial approaches cannot? 

This study relies on three key components: (1) range maps for species that 

accurately account for restrictions from land use, (2) newly available high-resolution 
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imagery of mangrove distributions that are available at different intervals to permit analysis 

of long-term trends, and (3) a model linking meta-population capacity to habitat 

fragmentation.  

3.2 Methods 

We aim to provide a complete recipe for how conservationists may apply 

metapopulation theory to empirical landscapes, how to interpret the results. Two specific 

examples provide case studies. For each species, the first step establishes a map of suitable 

habitat patches. If the habitat quality varies, this will require determining a relevant 

threshold of habitat cover. With sufficient care and thought, it is also possible to combine 

these steps and use the results of a species distribution model that produces a binary map 

of habitat versus non-habitat. Lastly, we input the spatial arrangement of species’ land-use 

into a spatially-explicit metapopulation model to generate a summary for the entire 

landscape.  

3.2.1 Spatially explicit metapopulation model 

We employed a spatially explicit metapopulation model (Schnell et al. 2013a), a 

modified version of that by Hanski & Ovaskainen (2000). The only change was the 

inclusion of a self-colonization component that weighs the importance of large patches 

within a system. We set colonization and dispersal as a function of inter-patch distance (for 

which we calculated closest edge-to-edge pairwise distances for all patches within a 

system), f(Dij), multiplied by the area of the source patch (Aj). The product of the rate of 

colonization with the inverse of the extinction rate (1⁄Ai
x) provided the ratio that described 
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the likelihood a species would occupy a patch or not. We summarized the entire model as 

a matrix: 

𝑚𝑚𝑖𝑖𝑖𝑖 = �
𝑓𝑓(𝐷𝐷𝑖𝑖𝑖𝑖)𝐴𝐴𝑖𝑖𝐴𝐴𝑖𝑖𝑥𝑥 𝑖𝑖 ≠ 𝑗𝑗

𝐴𝐴𝑖𝑖𝐴𝐴𝑖𝑖𝑥𝑥 𝑖𝑖 = 𝑗𝑗  (3.1)  

The leading eigenvalue (λ) of this matrix, M, provided us the metapopulation 

capacity, analogous to the effective amount of habitat available to a metapopulation 

(Hanski & Ovaskainen 2000). While one could get a basic understanding of the extent of 

fragmentation of a landscape through three main metrics (number of patches, average inter-

patch distance, and total area), λ related to extinction risk directly. (See Appendix D for 

how each of these three metrics independently influences λ.) We also calculated a second 

fragmentation metric, metapopulation density (Λ). For more details, please see Appendix 

(E.) 

The dispersal function was particularly important because this was where species-

specific information plays a vital role. This function determined the rate at which 

individuals may move through the inter-patch landscape and successfully reach another 

habitat patch. For our model, we chose to use a log-sech distribution parameterized with 

field data on Amazonian passerine birds (van Houtan et al. 2007). This distribution took 

the following form where we set the average dispersal distance (α) equal to 317 m and the 

distribution tail thickness (β) to 1.77: 
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 𝐷𝐷𝑖𝑖𝑖𝑖 ≥ 0  (3.2) 

Unfortunately, the lack of specific information on rates of dispersal for each 

endemic species in our analysis forced us to use the same parameters for all avian species. 

This permitted our comparing similar landscapes in their ability to sustain a species and 

how landscape changes affected species over time.  

We ran a sensitivity analysis by calculating the relative change in λ when we varied 

the α value from 100 m to 5,000 m. We based this on work by Martin and Fahrig (2018), 

who produced an extensive list of average dispersal distances of bird species from North 

America and the United Kingdom from a wide variety of taxa. To identify impacts of 

varying α on species with a variety of range sizes, we ran the sensitivity analysis on three 

different species, the mangrove hummingbird (Amazilia boucardi; patch number = 405, 

total habitat area = 351 km2), the blood-colored woodpecker (Veniliornis sanguineus; patch 

number = 4,041, total habitat area = 1,357 km2), and a subspecies of the plain-bellied 

emerald (Amazilia leucogaster leucogaster; patch number = 12,021, total habitat area = 

10,256 km2). 

Unlike dispersal, the extinction function was relatively similar across taxa, and 

most species could be accurately parameterized with a value of 0.5 for 𝑥𝑥 (Gilpin & 

Diamond 1976; Hanski & Ovaskainen 2000; Schnell et al. 2013a; 2013b). 

3.2.2 Identifying endemic metapopulations 

To identify mangrove endemic bird species, we first selected all avian species that 

BirdLife International (2017) classified as using mangroves as a major habitat. We then 
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created a comprehensive map showing the locations of species that we considered to be 

specialists. While the loss of mangrove habitat would assuredly have a significant impact 

on the long-term persistence of these species, many of them may also live in nearby 

lowland forest and salt marshes. A drawback of the metapopulation approach presented 

here is that it assumed that the landscape is binary (habitat and non-habitat) and that we 

were modeling the entirety of a metapopulation’s patch system. Thus, we further refined 

the list of mangrove species to those that were obligate mangrove endemics. After we used 

the list of specialists as a starting point, we performed an extensive literature search across 

a variety of sources, including the Handbook of the Birds of the World and eBird (Luther 

& Greenberg 2009; Sullivan et al. 2009; del Hoyo et al. 2017). The latter uses citizen 

science to help confirm sightings restricted to mangrove habitat.  

As part of this process, we noticed many species had some subspecies or 

populations that were mangrove-endemics and some subspecies or populations that were 

not. Consequently, we determined endemicity based on subspecies classifications rather 

than limiting ourselves to the species-level. Taxonomic opinions on allopatric (sub)species 

often change.  

The last step was to split the species or subspecies ranges into independent 

metapopulations. Using van Houtan et al.’s (2007) dispersal function as a guide, we 

calculated that an individual had less than a 1% chance of colonizing a patch that was more 

than 75 km away. Thus, we broke up the ranges into individual metapopulations where all 

minimum edge-to-edge inter-patch distances were less than 75 km. If the ranges of two or 

more subspecies overlapped to the extent that there was a higher than 1% chance of 
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coexistence through dispersal, we considered the combination of subspecies as a single 

metapopulation. 

3.2.3 Habitat and forest cover changes 

The second required input for a spatially-explicit metapopulation model was a 

detailed map of potential habitat patches. Giri et al. (2011) et al. provided the most current, 

accurate, and highest-resolution map of global mangrove habitat at a 30 m resolution. 

Unfortunately, this level of detail was only available globally for the year 2000. To 

determine how fragmentation changed, we incorporated another source of forest change 

(Hansen et al. 2013). Thus, to model potential habitat for 2015, we overlaid the mangrove 

data from 2000 (Giri et al. 2011) with the Hansen forest change data (available through 

2017). We removed areas that experienced forest loss between 2000 and 2015. We did not 

set a cover percentage threshold since all areas of interest were known to be mangrove 

forest in 2000. A disadvantage to this approach was that it did not allow us to model 

potential expansion or reforestation of mangrove habitat since 2000. This approach 

restricted our results to only decreases in metapopulation capacity. Given the rapid rates of 

deforestation we believe that this method is the best available at present. 

3.2.4 Calculating metapopulation capacity and changes 

Once we identified a mangrove-endemic metapopulation, we then refined its range 

to the habitat patches determined from the forest cover data. The resulting map depicted 

the total amount of potential habitat available to the metapopulation. We removed all 

fragments of less than 1 ha for computational ease. These patches are unlikely to sustain a 

local population. Using R 3.4.2 (R Core Team 2016) and the ‘rgdal’ package (Bivand et al. 
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2018), we identified the fragment areas and pairwise nearest edge-to-edge interpatch 

distances necessary for the metapopulation model (Eqn. 3.1) for years 2000 and 2015. We 

calculated the resulting λ and the right eigenvector of the same matrix to inform us of each 

patch’s contribution to the overall metapopulation capacity.  

After calculating individual changes, we summarized the data globally using two 

methods. The first was a simple summation of the changes in λ across all endemic ranges 

and the second was an average of these changes for each location. The first method 

identified which communities of endemic species were experiencing the worst declines in 

metapopulation capacity. The second determines which landscapes were the most affected. 

Each had their own merits and together may allow managers to evaluate the metapopulation 

impacts of habitat fragmentation more effectively; an approach we have not seen used in 

previous literature. We then repeated these two methods for percent habitat area loss across 

each metapopulation (except for one mangrove robin, P. pulverulenta pulverulenta, 

metapopulation for reasons we explain later) to compare the results of a metapopulation 

approach to the more traditional area-only approach. 

3.3. Results 

3.3.1 Mapping avian-mangrove richness 

We classified 106 species as specialists. They occurred on all continents where 

there are mangroves. The hotspots for avian-mangrove diversity were mostly in South East 

Asia and Northern Australia, but the coasts of Guyana through French Guiana also have 

many species. When restricting the list to endemic species, we had only 32 different 

species, again found on every tropical continent, with Northern Australia having the 
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highest richness of eight different mangrove endemic species (Fig. 3.1). The most notable 

absence is the lack of endemic species along the coast of West Africa, but otherwise, the 

map of endemic richness reflects the rates of richness in specialist species. The largest 

difference is that Northern Australia becomes the largest hotspot of mangal-endemic birds 

and Southeast Asia to a smaller extent (with no endemics occurring in the Philippines). 

 

Figure 3.1: Maps of avian mangrove specialist richness and endemic richness. 

3.3.2 Metapopulation sensitivity to average dispersal distance 

As a species’ average dispersal distance increases, the metapopulation capacity also 

increases, but not considerably. As dispersal distance increases from 100 m to 5,000 m, 

there is a 9. 9% increase in λ for A. boucardi (patch number = 405, total habitat area = 351 

km2), a 13.7% increase for V. sanguineus (patch number = 4,041, total habitat area = 1,357 

km2), and only a 3.6% increase for A. leucogaster leucogaster (patch number = 12,021, 

total habitat area = 10,256 km2). The amount of increase in metapopulation capacity is 
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dependent on the specific spatial arrangement of patches since a larger dispersal distance 

may only assist individuals in colonizing smaller patches that weakly contribute to the 

metapopulation capacity. 

3.3.3 Changes in metapopulation capacity 

Across the 32 different endemic species, we identified 99 separate metapopulations 

(Appendix F). Of these, 94 experienced change in mangrove cover from 2000 to 2015 

(Appendix G). Nine metapopulations experienced a small loss in habitat, but no impact to 

their metapopulation capacities. Most saw a decrease in metapopulation capacity. The 

metapopulation with the largest decrease in capacity (34.9%) was the Javan white-eye 

(Zosterops flavus) located along the south coast of the island of Borneo. Given that the 

average loss in metapopulation capacity was only 2.17% (σ = 0.06) this was unusually 

high. It was due to loss of habitat from previously large intact fragments, a phenomenon 

we discuss in more detail below. 

When we mapped the loss of metapopulation capacity, certain areas stood out as 

the major contributors, such as the Caribbean, the Pacific coast of Central America, 

Madagascar, Borneo, and isolated patches in Southeast Asia in Burma and Malaysia (Fig. 

3.2). Northern Australia showed a slight change in metapopulation capacity on average, 

but relatively high sums of loss due to the many species there. East Africa showed the 

opposite trend: metapopulation capacity loss was high per species, but relatively few 

species were affected. 

 



 

44 

 
Figure 3.2: Maps showing relative losses of metapopulation capacity (λ) and area of 
mangrove habitat. We calculated loss as either a sum of declines across all overlapping 
ranges or as an average. 
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An important result was the difference in which regions experienced the highest 

rates of metapopulation capacity loss and those that experienced the most habitat loss. 

Southeast Asia showed significant mangrove loss across the whole region. Yet only Borneo 

and small patches along Thailand and Burma showed corresponding degrees of loss in 

metapopulation capacity. This mismatch was due to the differing patterns of loss. When a 

region lost many small patches, individual patches contributed little to the overall 

metapopulation capacity, but the total area loss added up. By keeping the largest fragments 

with small extinction risks intact, a species’ risk of extinction underwent little change in 

the face of large-scale habitat destruction. In contrast, deforesting and fragmenting the 

largest fragments in a landscape may have disproportionate effects on metapopulation 

capacity (Fig. 3.3). 

3.3.4 Case study 1: Fragmentation of very large patches 

Showing one of the largest declines in capacity, the mangrove robin (Peneonanthe 

pulverulenta pulverulenta) metapopulation occurs along the southern half of the island of 

New Guinea. Although λ decreased by 26.7%, none of the fragmentation metrics (total area 

loss, interpatch distance, or the number of patches) changed by more than 3% (Appendix 

G). The change in the largest patch in the landscape is responsible for the discrepancy (Fig. 

3.3). 

The largest patch in 2000 in this region suffered severe fragmentation sometime 

around 2011, potentially due to a flooded river (Fig. 3.3C). This catastrophe destroyed 

about 5% of the patch’s total area and split it into about 50 different fragments. Applying  
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Figure 3.3: Fragmentation of Papua New Guinea mangroves and impacts on metapopulation 
capacity. Despite a metapopulation of P. pulverulenta pulverulenta spanning the southern 
coast of the island of New Guinea (A), severe fragmentation of the single largest patch from 
2000 (B) (from what appears to be a flood-type catastrophe) (C) drives the change in 
metapopulation capacity for the entire region. 
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our metapopulation model to just this subset of the whole metapopulation showed that this 

5% decrease in the area reduced the metapopulation capacity of the patch by 35%. Area 

had a compound impact due to both its role in determining local extinction probability and 

the probability of providing immigrants to nearby patches. Even though the entire 

metapopulation covered roughly 9,800 km2 and experienced very little deforestation, the 

contribution of the largest patch in a system was so great that the effects of its fragmentation 

dictated the overall metapopulation capacity. 

3.3.5 Case study 2: Prioritizing individual patches 

The sapphire-bellied hummingbird (Lepidopyga lilliae) metapopulation in the 

mangroves east of Barranquilla in northern Colombia exemplifies the contributions of 

individual patches to the overall metapopulation. Patches with the most area are the least 

likely to go locally extinct (Fig. 3.4A). Not surprisingly, connectivity was more important 

for the central patches than those in the extreme corners (Fig. 3.4B). Metapopulation theory 

allowed us to rank the combined effects of area and distance (Fig. 3.4C). 

The combination of area and connectivity was not a simple summation or product 

of area and connectivity. The northwestern corner provides an example. Here, there was a 

patch that was of moderate importance in its area and major importance in its connectivity 

to other patches. However, when we combined these in our metapopulation model, its 

importance to the metapopulation’s overall persistence dropped. This change seemed 

counterintuitive at first. The key lay in the full colonization term of our model. The distance 

between patches informed us of the probability an individual may travel from one patch to  

  



 

48 

 

Figure 3.4: Results of ranking the importance of patches of mangrove habitat across the 
entire metapopulation of Lepidopyga lilliae in northern Colombia in terms of A) patch area, 
B) connectivity to other nearby patches, and C) area and distance combined as defined by the 
metapopulation model given by Schnell et al. 2013. 
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another,but this would only occur if the source patch were occupied. Therefore, we 

included Aj (the area of the source patch) in the colonization component. Our example 

patch lowered in importance since relatively small patches surround it and thus it was less 

likely to be rescued by surrounding patches should it become locally extinct. Conversely, 

we saw that small patches near the largest patch in the south of the landscape increased in 

importance when considering the combined metapopulation approach. 

3.4 Discussion 

3.4.1 Metapopulation capacity loss across species and regions 

We found that 86% of metapopulations analyzed lost metapopulation capacity 

between 2000 and 2015. This was unsurprising since we restricted the analysis to the 

mangrove extent found in 2000 buffered by only 5km, offering no opportunity for 

reforestation to offset deforestation effects.  

The regions with the biggest metapopulation capacity losses were on the island of 

Borneo, parts of Southeast Asia, the Caribbean, and Central America. In addition to the 

mangrove robin and the Javan white-eye, other highly impacted species from these regions 

include the mangrove pitta (Pitta megarhyncha), the Mexican Sheartail, (Doricha eliza), 

and the West Indian whistling duck (Dendrocygna arborea). These regions not only 

experienced losses in mangrove area but also saw increases in the number of patches and 

average interpatch distances (Appendix G), all indicators of increased fragmentation.  
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3.4.2 Area of habitat loss versus metapopulation capacity 

Deforestation widely occurred in what was once pristine mangrove habitat. The 

causes varied globally, but the most significant drivers were agriculture and aquaculture. 

Clearing mangroves for shrimp farms has long been a threat (Valiela et al. 2001). The rising 

global demand for palm oil, causes more area cleared for plantations (Lee et al. 2014). 

While aquaculture accounted for 30% of mangrove deforestation between 2000 and 2012 

in South East Asia, conversion for rice and palm oil agriculture were responsible for an 

additional 38% of the mangrove loss (Richards & Friess 2015). This total area lost was an 

important factor in determining the persistence of a metapopulation, but not the whole 

story. Case study 1 exemplifies a small loss of habitat, but a large change in metapopulation 

capacity. In contrast, some areas of the Malay Peninsula saw an average of 5.52% loss in 

habitat area, but only a 0.07% loss in metapopulation capacity. Fig. 3.2 shows that the areas 

of greatest habitat loss do not always match the areas with largest reduction in 

metapopulation capacity. 

3.4.3 Drivers and characteristics of metapopulation capacity loss 

We can identify the important relationships that control metapopulation capacity. 

As we removed area from large patches, we saw that the metapopulation capacity 

decreased dramatically, as evidenced by the changes to P. pulverulenta pulverulenta. When 

nearby smaller patches depended on these larger patches for colonization, this loss in area 

further compounded the decrease. Thus, slight changes in area could have a 

disproportionate impact on extinction risk, depending on where area is lost. Conversely, 

landscapes that lose a lot of area because of the cumulative destruction of small patches 
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(which have low probabilities of local persistence) experienced proportionally smaller 

changes to metapopulation capacity and extinction risk. Together, this reinforces the result 

that the regions losing the most mangrove habitat were not always the same as those with 

the highest risk of species extinction and those that were experiencing less loss may be 

creating riskier landscapes (Fig 3.2).  

While this was true regardless of the level of endemism in a region, areas that had 

a high number of endemics were particularly sensitive. A small amount of area lost from a 

few critical patches may have significant impacts on metapopulation capacity across more 

species in these species-rich regions. 

3.4.4 Using metapopulation capacity for conservation priorities 

Metapopulation models add to how we set conservation priorities at a variety of 

scales. The criterion of fragmentation is explicit in the rules for the IUCN Red List’s 

categorization of endangerment. The models provide direct quantification of those risks, 

something metrics on patches do not do directly. Threats from fragmentation may yield 

different ranks of the risks that species encounter than those based on the area of habitat 

alone (Schnell et al. 2013a; 2013b). Summing those risks across species may lead to 

differences in the areas prioritized. Consider Northern Australia. On average, it had a low 

amount of mangrove deforestation when compared globally (Fig. 3.2) but the community 

is rich in mangrove endemics, so fragmentation there affects more species.  

At a local level, metapopulation models identify the specific individual patches and 

quantify their contribution to the metapopulation capacity of the landscape. Conservation 
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practitioners can then recognize which patches are essential to a species’ survival and thus 

avoid future threats or plan potential habitat restorations. 

3.4.5 Caveats: Delineating range and estimating dispersal distances 

There are two major limitations in calculating metapopulation capacity: identifying 

the habitats and parameterizing the models. Modeling assumes we include the entire 

potential habitat and thus is most useful for species with clearly delineated patches. We 

chose mangroves because we could readily estimate their extent, they house habitat-

restricted species, and human actions are shrinking them. Similar habitats include 

marshlands, coral reefs, clear-cut forests, and species ranges with clear thresholds such as 

elevation requirements.  

Although these models are easy to parameterize, they require detailed species-

specific information on extinction and dispersal. The former is easier. There are direct 

studies of the times to extinction of small populations (e.g., Pimm et al. 1993). 

Additionally, for many species in many habitats, abundant indirect evidence is the snapshot 

of which species are present in habitat fragments of different sizes. These provide 

necessary insights into the quantitative relationship between patch size and extinction risk.  

Dispersal is more difficult. We ask: does it matter, what do we know about the 

variation in dispersal parameters, how sensitive are the results to this variation, whether the 

comparative studies provide the right metric, and finally are the key assumptions of 

dispersal correct? 

Uncertainties in the dispersal parameters might not greatly matter were one to be 

comparing how fragmentation affects a single species across the same range of habitats. 
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This is a within-species, relative change. Thus, the relative degree to which changing the 

dispersal parameter moves the species towards the critical metapopulation threshold might 

not change much. Comparing species, using the same parameter for each, assumes that the 

differences in habitat fragmentation are more important than differences between species 

dispersal (Schnell et al. 2013a; 2013b). 

Comparative studies of dispersal are few: Martin and Fahrig (2018) is a recent 

compilation. For 75 species of birds over varied body size, habitat, and feeding type, 51 of 

the estimated dispersal distances were less than 5 km. Our results are not particularly 

sensitive to this range of values.  

This range of values also assumes a one-parameter fit to the dispersal distribution 

due to limited data. Two exceptional studies, van Houtan et al. (2007, 2010) show that two-

parameter “fat-tailed” distributions with very long dispersal distances are more accurate. 

Given that — and the uncertainty as to what values would apply to the species in this study, 

none of which are in the Martin and Fahrig study— we decided to use one common value 

with a log-sech distribution for all species.  

Finally, all these models posit the familiar MacArthur-Wilson process that 

extinction depends on patch size and colonization depends on patch isolation. Detailed 

studies of island birds show that the principal determinant of extinction is also distance 

(Russell et al. 2006). Island size also matters, but populations are more likely to leave 

islands when they are close to source areas, likely because it is easy to do so. We have not 

incorporated this effect into our models.  
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Despite these concerns, there is a multitude of potential applications for this 

methodology. An obvious extension would be to simulate potential corridor restoration 

between patches and using the percent increase in metapopulation capacity as a measure 

of effectiveness. This method could also account for effort and land prices providing a 

measure of cost-effectiveness. Future research could also utilize habitat maps that include 

measures of quality. Hanski himself mentions a variant of the metapopulation model to 

account for non-uniform habitat quality (Hanski 1994). This modification may be 

particularly useful for modeling species that use multiple habitats by assigning a quality 

value to each habitat type or fragment.  

In conclusion, we have presented a practical method of using empirical data 

available to conservation practitioners and combining it with relevant ecological modeling 

to evaluate a landscape’s capacity to sustain a species throughout time. We can track the 

impacts of fragmentation both across a species’ entire range as well as the individual patch 

level. By using increasingly accurate maps of habitat and land cover, we incorporated the 

exact manner of habitat loss into our conservation decision making; in doing so, we 

revealed that general habitat loss and a species likelihood to persist are not entirely 

correlated. While the detrimental effects of general habitat loss may outweigh those of just 

fragmentation (Fahrig 2003), it is only by including the actual nature of the division of the 

landscape that we get a precise assessment. As society proceeds in making conservation 

decisions, we can do so more accurately with ecological impacts of fragmentation and not 

just habit loss in mind.
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4. Targeting potential corridor restoration using connectivity 
and metapopulation models for the golden lion tamarin 
(Leontopithecus rosalia) 

4.1 Introduction 

For a threatened species in a fragmented landscape, what actions should a manager 

prioritize to restore connections between fragments or to reintroduce the species into 

fragments where they are now absent? Connectivity allows for gene flow, migration, 

accessing resources, and establishment of new local populations (Taylor et al. 1993; With 

et al. 1997; Tischendorf & Fahrig 2000; Coulon et al. 2004) without which populations 

may founder (Moilanen & Hanski 1998; Briers 2002). 

Most connectivity studies use either a resistance-based approach (Adriaensen et al. 

2003), network or graph theory (Urban & Keitt 2001), or some combination of the two 

(McRae et al. 2008; Creech et al. 2014). Resistance modeling depends on classifying the 

landscape’s effects of movement of individuals (Chardon et al. 2003; Chetkiewicz & Boyce 

2009). Using these maps of resistance, one can calculate the least cost path that reflects the 

easiest path for an individual to travel. This approach suffers from two weaknesses, 

dependence on classifying the correct resistance values and assumption that the individual 

has complete knowledge of the landscape (LaPoint et al. 2013).  

Circuit theory is an increasingly popular tool used in connectivity studies (McRae 

et al. 2008). Derived from graph theory, circuit theory describes a landscape in terms of 

nodes (representing habitat patches) and edges (linkages between nodes that represent 

movement). Like path analyses, circuit models use maps of resistance across a landscape 

to measure how a metaphorical current flows through the landscape. The probability of an 

individual moving in a direction at any given point in the landscape is dependent on the 
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current between the “source” and “ground” patches, without which results in stochastic, 

random movement. However, this random-walk nature of circuit models unrealistically 

assumes the individual has no memory of the landscape. Additionally, calculating all 

possible pairwise source and ground connections within a heavily fragmented landscape 

can be computationally prohibitive (Pelletier et al. 2014). This makes their utility in 

evaluating potential conservation actions limited in the areas that are most in need of them. 

The numerous connectivity studies focus on movement of populations and 

individuals and consider landscapes in their current form. They do not consider how 

restoration and reforestation may benefit a species. Some studies evaluate the impact of 

nearby barriers to connectivity (McRae et al. 2012) but often stop short of any 

recommendations for the creation of habitat corridors (Baldwin et al. 2012). Instead, they 

are focused on the preservation of land cover that facilitates movement between protected 

areas. Naturally, protecting these areas is important for preventing the loss of local 

populations, but may do little to aid a species’ recovery. 

Restoration of habitat and creation of corridors can minimize a species’ risk of 

extinction (Haddad et al. 2003; Alexander et al. 2011; Newmark & McNeally 2018). Not 

only does the creation of new habitat allow for increased population sizes (Brown & 

Kodric-Brown 1977), but corridors facilitate immigration and genetic exchange between 

otherwise isolated populations (Mijangos et al. 2015; Halley et al. 2016; Newmark et al. 

2017). 

Metapopulation theory offers a unique perspective on how to prioritize the 

restoration of a landscape for optimal species’ persistence (Hanski & Gilpin 1997; Hanski 

& Ovaskainen 2000; Donald & Evans 2006). Spatially explicit metapopulation models use 
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empirical landscapes to evaluate the likelihood of a species persistence as a balance 

between local population extinction and colonization from nearby occupied patches. 

Metapopulation theory can not only evaluate the long-term effects of fragmentation on 

species’ risk of extinction (Huang et al. in review) but assess the benefit of creating 

corridors. 

The term “corridor” means a variety of things throughout literature. In restoration 

ecology, a corridor is often a thin strip of habitat, often connecting two larger patches that 

would be otherwise isolated (Tischendorff & Fahrig 2000; Haddad et al. 2003). In 

connectivity studies, the term corridor instead usually refers to areas that facilitate the 

movement of individuals throughout a landscape. These areas do not necessarily have to 

be suitable habitat but could simply present the least resistance for individuals traveling 

from one patch to another. We will refer to two types of corridors throughout this study as 

movement corridors and habitat corridors. We define movement corridors to be areas that 

are highly trafficked by individuals attempting to traverse the landscape. The type of land 

cover only influences these movement corridors insofar that it determines the resistance 

values for the connectivity models. These movement corridors may occur in either suitable 

habitat or through the matrix. Habitat corridors refer to the restoration of areas into suitable 

habitat that connects two previously isolated patches. All habitat corridors should serve as 

movement corridors, but not all movement corridors are habitat corridors. 

Here we ask whether traditional methods of analyzing connectivity are sufficient 

for prioritizing locations of potential habitat corridors. Alternatively, metapopulation 

theory may be useful as an additional tool in guiding these restoration decisions. We 

compare the results of least cost path and circuit models to a spatially explicit 
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metapopulation model. We also review how the selection of a corridor restored in 2007 

might have been influenced using this approach. We have chosen to use the golden lion 

tamarin, Leontopithecus rosalia, as our focal species for conservation. Endemic to the 

Atlantic coastal forest, this tamarin persists in less than a dozen forest patches surrounded 

by a matrix of pasture land. Heavily studied and in dire need of conservation and 

restoration, this species and landscape serve as an ideal candidate for identifying potential 

habitat corridors. 

4.2 Methods 

4.2.1 Study area and resistance map 

Golden lion tamarins are endemic to the Atlantic coastal forest of Brazil, 

specifically in the São João watershed in the state of Rio de Janeiro. Subject to intense 

deforestation for grazing lands (Ribeiro et al. 2011; Rezende et al. 2018), this region is 

highly fragmented and what habitat remains is in small, delineated patches, making it an 

ideal candidate for habitat restoration. Using previous literature and tamarin presence data 

(Mickelburg 2011; Moraes et al. 2018; Associação Mico-Leão-Dourado unpublished) we 

delineated the study area approximately 10 km away from known locations (Fig. 4.1).  

We created a map of landscape resistance using land cover data from 2013 at a 5 m 

resolution (Rezende et al. 2018) as an input for both the least cost path and circuit models. 

We used resistance values from published expert opinions on the matrix permeability for 

tamarins (Moraes et al. 2018). Most of the matrix is pasture, with some plantations and 

wetlands throughout. There are also a variety of roads throughout the study area, from dirt 

roads to a major highway, BR-101. For this study, we treated all roads as equally difficult 

to traverse. Additionally, we used the Shuttle Radar Topography Mission 90 m elevational  
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Figure 4.1: Resistance map used in connectivity analyses. Land-cover types were converted 
into resistance values based on estimates provided by Moraes et al. (2018). Base maps provide 
by ESRI©. 

data (Jarvis et al. 2008) to incorporate habitat suitability restrictions since tamarins are 

unlikely to occur above 550 m above sea level (Kierulff & Rylands 2003). 

 4.2.2 Connectivity models 

Instead of evaluating the connectivity of every potential habitat patch in the area, 

we used tamarin presence data (Associação Mico-Leão-Dourado, unpublished) to identify 

which habitat patches they occupy. We only considered occupied patches as core habitat 

for the least cost path analysis and as source and ground locations for the pairwise circuit 
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analysis. Limiting the connectivity analysis to only these patches is appropriate since 

movement between patches will only occur if there are individuals to move. 

We ran the least cost path model using LinkageMapper (McRae & Kavanagh 2011) 

and the circuit model using Circuitscape (McRae et al. 2008) for ArcMap 10.5.1 (ESRI 

2017). Using the literature on tamarin dispersal as a guide (Moraes et al. 2018; Romano et 

al. 2019), we truncated the least cost path at 100,000 cost units. 

4.2.3 Metapopulation model and corridor analysis 

To evaluate the relative effectiveness of potential habitat corridor restoration 

efforts, we employed a spatially explicit metapopulation model (Schnell et al. 2013; Huang 

et al. in review) using R 3.4.2 (R Core Team 2016) and the ‘rgdal’ package (Bivand et al. 

2018). This model summarizes the ratio of the rate of local population extinction to 

colonization across the landscape in a single matrix. The leading eigenvalue (λ) of this 

matrix provides the metapopulation capacity (Hanski & Ovaskainen 2000), a measure of 

the landscape’s ability to support a metapopulation indefinitely. 

An important component of the metapopulation model is the species-specific 

dispersal function which dictates the probability that an occupied patch can colonize a 

nearby unoccupied patch. To parameterize the model for tamarin, we used recently 

published data on tamarin dispersal based on genetic similarities between local populations 

(Moraes et al. 2018). Based on these results, we used a fat-tailed distribution with an 

average dispersal distance of 89 m across non-habitat and a tail β-value of 2.4.  

We first measured the metapopulation capacity of the landscape restricted to 

occupied patches only. This informed us of the likelihood of persistence should all other 
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forest patches disappear. Then, using the GeoHat (Fay & Urban 2012) toolbox in ArcMap 

10.5.1 (ESRI 2017), we mapped all possible corridors between an occupied patch and any 

suitable habitat greater than 0.05 km2. While this threshold is much smaller than the 

estimated home range of 0.5 km2 for the tamarin, we attempted to be as inclusive as 

computationally practical. We limited potential habitat corridor locations to land cover 

areas classified as either currently plantation or pasture (Rezende et al. 2018), areas that 

could realistically be restored. We then identified the shortest habitat corridor for every 

patch to an occupied patch. For those patches that were equidistant to multiple patches, we 

selected the corridor that led to the largest patch in terms of area.  

Upon identifying habitat potential corridors, we iteratively evaluated the increase 

in metapopulation capacity (λ) upon restoration of each corridor. Due to the impacts of 

edge effects (Hobbs 1992; Levey et al. 2005), we did not consider the restored corridor 

area as new habitat, but rather treated the newly connected patches as a single patch 

equivalent to the sum of the two patches. We then selected the ten habitat corridors that 

resulted in the largest increases in λ and the ten corridors that had the highest increase in λ 

per meter of corridor length. 

4.2.4 Historical habitat corridors 

In 2007, two non-profit groups, SavingSpecies and Associação Mico-Leão-

Dourado, created a habitat corridor linking two large forest fragments containing tamarin 

populations (Fig. 4.2). One of the patches was the União Biological Reserve, and the goal 

was to facilitate dispersal between these populations. To assess the relative contribution of 

this restoration compared to other options, we ran the metapopulation analysis with this  
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Figure 4.2: Location of the restored habitat corridor by Saving Species and Associação Mico-
Leão-Dourado (black outline). Satellite imagery (Google Earth) depicts the unforested area 
in 2007 and the restored forest in 2018 (white outline). Base maps provide by ESRI©. 

habitat corridor removed. We did this by converting the appropriate land cover in our 

analysis from forest to pasture and keeping the rest of the landscape unchanged. We then 

reviewed the relative placement of this historical corridor and the relative changes in the 

rankings of the previously identified top habitat corridors. 

4.3 Results 

4.3.1 Connectivity results 

Both the least cost path and circuit analyses showed similar results, highlighting 

the same locations as potential movement corridors (Fig. 4.3). In the current landscape, 

most movement likely concentrated in the center of the study area between large habitat  
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Figure 4.3: Maps of connectivity analyses. Both the least cost path (LCP) analysis (top) and 
the circuit analysis (bottom) use the same cost raster and identify likely movement corridors 
between patches occupied by golden lion tamarins. Inset maps are at the same extent and 
include all unoccupied suitable habitat patches larger than 0.05 km2. Base maps provide by 
ESRI©. 
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patches with some smaller patches acting as stepping stones. The use of stepping stone 

patches is also evident in the movement corridors to and from the smaller, isolated patches 

in the southeast and southwest. These pathways take individuals through suitable but empty 

habitat patches to reach the larger fragments.  

The two biggest differences between the two connectivity analyses are the lack of 

movement north of Morro São João (the eastern, circular patch) in the circuit analysis and 

the diffuse movement cost in the center region. The latter is due to the homogeneity of the 

matrix in the area diffusing the random walk behavior of circuit analyses. 

4.3.2 Metapopulation corridors 

The results of the metapopulation analysis indicate that the top location for a habitat 

corridor was corridor 5, which is roughly 90 m long (one-pixel width) and connects the 

two largest patches (218.1 and 163.4 km2 respectively; Fig. 4.4). It increases the 

metapopulation capacity of the tamarin by over 80% (Table 4.1). It is also the most efficient 

(890% per km) due to its short distance. The longest potential corridor is corridor 13 which 

is 18,587 m long, only 2,737 m of which would need to be restored. 

The same habitat corridors (corridors 5, 9, 8, and 12) all rank as the top four for 

both metapopulation capacity increase and per unit increase. Of these four, three corridors 

connect occupied patches to each other and one (corridor 12) connects to an empty patch, 

illustrating the importance for accessing new habitat for population expansion. Only four 

of the thirteen described corridors connect two occupied fragments. 

The four largest patches are all represented as potential candidates for corridor 

restoration and the top three corridors only connect to these patches. The fourth best habitat  
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Figure 4.4: Map of the most important corridors to improve metapopulation capacity. 
Corridors are classified on whether they connect two occupied patches or an occupied patch 
to an empty one. Corridors number from northeast to southwest. Base maps provide by 
ESRI©. 



 

66 

corridor, however, connects the seventh largest fragment (22.8 km2). While area is 

important, it is not the only factor.  

Local populations of the tamarins occupy several of the larger fragments in the 

landscape. Our analysis suggests no habitat corridors connected to them would 

significantly improve the overall metapopulation capacity. For the more central patches, 

there are nearby other large patches, so dispersal is not as large of hurdle as it might be for 

other unconnected patches. (The results of the connectivity model support this given the 

many low resistance connections). For the more isolated patches, it is likely a combination 

of their small area and by only very small fragments surrounding them that limits their 

potential contribution to metapopulation capacity (Fig. 4.5). 

Several potential habitat corridors utilize existing empty forest fragments to reach 

the desired patch. This means that these corridors are effectively multiple corridors. By 

acquiring and restoring several small tracts of land efficiently, one may develop a 

disproportionately larger corridor. Since our analysis does not include the area of these 

incidental fragments in the metapopulation capacity calculation, we underestimate the 

potential benefit of these corridors. The exception being corridors 4 and 12 which end at 

intermediate fragments for corridors 3 and 13 respectively. However, we note that to 

calculate the metapopulation capacity increase, one cannot simply sum the increases of 

each set of connections to determine the metapopulation capacity of the combined 

landscape. 
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Table 4.1: Summary of the top ten corridors that most improve the metapopulation capacity of the golden lion tamarin and the top ten most 
efficient per km. Listed are the corridor ID (see Fig. 4.4), whether it connects two occupied fragments or not, the length through unsuitable 
habitat for restoration, length intersecting existing forest fragments, the percent increase in metapopulation capacity, and the per unit 
increase. (The number within parentheses indicates the top ten ranking for either percent increase or per unit increase).  

 
Corridor # 

Both Ends 
Occupied? 

Reforestation 
Length (m) 

Existing Forest 
(m) 

% λ Increase 
(Ranking) 

% λ Increase Per Km 
(Ranking) 

1 N 2,765 9,335 1.7 (10) 0.7 (-) 
2 N 905 710 2.1 (8) 2.7 (-) 
3 N 1,560 14,000 9.4 (5) 19.1 (7) 
4 N 500 3,425 5.4 (6) 29.5 (5) 
5 Y 90 0 80.6 (1) 890.4 (1) 
6 Y 90 0 0.9 (-) 9.9 (8) 
7 Y 90 0 0.7 (-) 7.6 (9) 
8 Y 380 0 14.4 (3) 36.0 (3) 
9 Y 110 0 29.6 (2) 327.4 (2) 
10 N 125 0 0.9 (-) 7.1 (10) 
11 N 275 90 4.1 (7) 20.7 (6) 
12 N 350 800 11.2 (4) 34.1 (4) 
13 N 2,735 15,850 1.7 (9) 0.5 (-) 
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While there are certain processes inherent in a metapopulation approach that govern 

prioritizing habitat corridors, there are a multitude of local factors that may affect whether 

they are chosen for restoration. From roads to avoiding high elevation forest, one must 

review the unique challenges and opportunities of each corridor in detail. For a more in-

depth breakdown of the top four habitat corridors, please see Appendices H through K. 

4.3.3 Prior corridor assessment 

At the time of creating the União habitat corridor, doing so would have made it the 

fifth best option for metapopulation capacity increase and the third best for efficiency 

(Table 4.2). Corridors 5 and 9 were still the top two best corridors, both in terms of overall 

metapopulation capacity and efficiency. The changes in rankings for metapopulation 

capacity increase heavily depending on which patch the habitat corridor was connecting 

to. Of the two largest forest fragments, the eastern one was historically smaller (130.8 km2) 

without the União Biological Reserve (32.6 km2), so any habitat corridors connecting to it 

would have less of an impact. Conversely, corridors connecting to the western patch (218.1 

km2) were either more or equally important than in the current landscape. This explains 

why corridor 7 (a connection to the eastern patch) drops out of the top ten historical 

corridors. It also explains why the tenth best habitat corridor for metapopulation capacity 

that connects to the western patch was not in top ten for the current landscape. Additionally, 

corridors 1 and 2, which connect to the União Biological Reserve, did not place in the top 

ten historical corridors since unconnected, the reserve contributes less to the 

metapopulation capacity of the landscape. 
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Table 4.2: Changes in the habitat corridor contributions under a historical landscape 
arrangement. The União corridor was created in 2007 between the União Biological Reserve 
and the eastern of the two largest forest patches. Listed are the corridor ID (see Fig. 4.4), the 
percent increase in metapopulation capacity, and the per unit increase, how the ranking 
changed between the historical and present landscape arrangement, and which of the two 
largest patches it connects to. (The number within parentheses indicates the top ten ranking 
for either percent increase or per unit increase under the historical arrangement). 

 
 

Corridor # 

% λ 
Increase 

(Ranking) 

 
Ranking 
Change 

% λ 
Increase 
Per Km 

(Ranking) 

 
Ranking 
Change 

Western or 
Eastern 

Connection 

1 - (-)   - - (-)   - União 
2 - (-)   - - (-)   - União 
3 7.2 (6) -1 14.6 (8) -1 Eastern 
4 4.0 (8) -2 22.1 (7) -2 Eastern 
5 73.5 (1)   0 812.4 (1)   0 Both 
6 0.5 (-)   - 5.8 (10) -2 Eastern 
7 - (-)   - - (-)   - Eastern 
8 11.3 (4) -1 28.3 (5) -2 Eastern 
9 33.1 (2)   0 365.5 (2)   0 Western 
10 1.2 (-)   - 9.5 (9) +1 Neither 
11 4.8 (7)   0 23.8 (6)   0 Western 
12 12.8 (3) +1 39.1 (4)   0 Western 
13 2.0 (9)   0 0.5 (-)   - Western 

União 7.4 (5)   - 81.8 (3)   - Eastern 
 
4.3.4 Patch rankings 

When we rank the individual patches in terms of contribution to overall 

metapopulation capacity, we gain insight into why we might target certain patches for 

corridor restoration (Figure 4.5). Intuitively, the two largest patches are the most important 

(symbolized in red and orange respectively). While nearby larger patches are also highly 

ranked, ranking is not perfectly correlated with total habitat area, but rather influenced by 

distance to other important patches. This is evidenced by the number of small nearby 

patches that are a medium importance (symbolized in yellows and greens). It is not just a 

patch’s size and proximity that determines its contribution to metapopulation capacity, but 
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also its neighbors. Although a local population in a large, isolated patch may have little 

risk of extinction, the risk is non-zero. In such a case, it is important for nearby patches to 

be both large and close enough to other patches to rescue the initial population. 

 

Figure 4.5: Ranking individual patch importance to overall metapopulation capacity for 
golden lion tamarins. Base maps provide by ESRI©. 

4.4 Discussion 

Both connectivity models identify similar locations as important for the movement 

of individuals. They highlight the importance of certain unoccupied forest patches as 

important stepping stones for movement between populations. These movement corridors 

are clearly important to protect and to prevent any new barriers to connectivity that may 

arise. Restoring habitat along these pathways would certainly facilitate movement and 

improve connectivity. This is especially true for the large, central patches where movement 
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corridors overlap with the top three potential habitat corridors (Fig. 4.3; Fig. 4.4). However, 

independent of the habitat corridor rankings, there is no clear priority in conserving one 

movement corridor over another. Certain analyses may describe the functional landscape 

structure (Tischendorf & Fahrig 2000), and iteratively removing connections and 

evaluating the resulting change would be one method to do so. By incorporating 

metapopulation ecology we may both add value to connectivity models and do so in an 

ecologically relevant manner that best reverses declining populations. 

Metapopulation models also inform prioritization at the patch level (Huang et al. in 

review). When we initially look at the habitat patches in the far southwest and northeast of 

the study extent, they may appear unimportant. They are not the largest patches, they do 

not currently contain golden lion tamarins, and as a result, do not have any significance in 

the connectivity models. Spending valuable conservation resources on restoring and 

conserving these areas would appear imprudent at first glance. Nonetheless, these patches 

serve a long-term purpose. Their size and proximity to large occupied patches makes them 

effective at sustaining the metapopulation. As tamarin populations increase and individuals 

attempt to establish new territories, there must be appropriate habitat available. By creating 

habitat corridors to these patches, we may create opportunities for greater growth. This is 

particularly useful for species that, like the golden lion tamarin, are disinclined to disperse 

across an unsuitable matrix to habitat without conspecifics (Romano et al. 2018). 

Not only do many of the proposed habitat corridors differ from the movement 

corridors, the metapopulation analysis suggest that the two most isolated occupied patches 

contribute little to the overall metapopulation capacity (Fig. 4.5). Although larger than 
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average, these patches are too isolated and surrounded by only small patches for long-term 

persistence in the current landscape. Without a significant increase in nearby habitat area, 

these populations will have a high risk of local population extinction due to genetic 

inbreeding and demographic stochasticity (Dietz et al. 2000). 

4.4.1 Historical decision-making 

At the time of creation, restoring the habitat corridor connecting the tamarin 

population in the União Biological Reserve to the populations in the nearby, larger forest 

fragment appeared to be the highest priority. The results of our analysis suggest that it was 

indeed a high priority, but perhaps not the highest. Three other potential habitat corridors 

would have helped long-term species’ persistence even more. One of them was to an empty 

patch, providing access to additional habitat, but did little for genetic flow and inbreeding 

avoidance. If the goal was for the near-term exchange of individuals, the União corridor 

was an important restoration effort, especially when considering its high efficiency (Table 

4.2). 

The various changes in rankings between potential habitat corridors currently and 

how they ranked previously reveal important information on how we may make decisions 

moving forward. The ideal landscape for a species is most likely a large, contiguous habitat 

patch (MacArthur & Wilson 1967; McIntyre 1995; Bender et al. 1998; Haddad et al. 2015), 

but lacking that possibility, connecting large, close patches is the best strategy for 

promoting species’ persistence. This is an intuitive result, but one that our models support 

and is important for planning future restorations. By combining the eastern patch with the 
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União Biological Reserve, conservationists made all subsequent connections to these 

patches more valuable. 

4.4.2 Use for guiding reintroduction decisions 

When coupled with presence data, the metapopulation model may serve an 

additional use in guiding decisions on where to reintroduce new populations. The ability 

to rank individual patches in terms of contribution to overall metapopulation capacity 

provides useful insight in which occupied patches are doomed and which empty patches 

would most benefit from the establishment of a local population. The corridor analysis that 

highly ranks connecting empty patches together complements this (Fig. 4.4). Using only 

traditional connectivity models would unlikely reveal the importance of such patches; 

either because one would not bother looking at movement between empty patches or due 

to computational limits on calculating all possible pairwise interactions. 

4.4.3 Spatial scale considerations 

The spatial scale of interest is important in the application of these models. While 

one can use metapopulation models to evaluate the metapopulation capacity of large 

regions (Huang et al. in review), iteratively comparing the effectiveness of all possible 

corridors is impractical. The use of metapopulation models for corridor prioritization is 

best at small, local scales, which is often appropriate for restoration projects which are 

often resource intensive (Miller & Hobbs 2007). Upon identifying potential habitat corridor 

locations, conservation planners will need to evaluate the specific local features of each to 

determine feasibility of implementation (Appendices H-K). If the goal is to evaluate 

movement and connectivity across large regions such as countries, least cost path and 
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circuit models are more appropriate since the creation of habitat corridors at this scale 

would require unprecedented effort and resources. 

4.4.4 Further extensions 

There are multitude of potential applications for the analyses we present here. The 

use of connectivity models is already popular, there exist many opportunities for their 

combination with metapopulation models. Although we only iteratively analyzed the effect 

of new patches on metapopulation capacity, one could use the outputs of those models as 

inputs for the connectivity analyses. Together, conservationists may find an ideal balance 

between areas that need restoration and those that can function in the present state. Targeted 

analyses may also measure the impact of multiple habitat corridors and assessing the 

potential impact. Lastly, we only measured cost-effectiveness of habitat corridors using 

length as a proxy for effort. Depending on their objectives, practitioners may also include 

land prices, ecosystem services, and other data types to evaluate areas for potential 

intervention. 

4.4.5 Conclusions 

While traditional connectivity analyses can serve an important purpose and identify 

areas that facilitate movement, they may miss opportunities useful for the long-term 

persistence of a species. By focusing only on where species currently travel, we lose sight 

of where they should travel. Arguably, movement corridors identified by connectivity 

analyses require only enough attention for their protection. It is the areas where individuals 

don’t currently traverse that need restoration. 
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Our purpose here was not to replace connectivity analyses with metapopulation 

approaches. Instead, we are attempting to bring the disciplines of landscape, 

metapopulation, and restoration ecology closer together. While some recent studies attempt 

to integrate these concepts into a single model (Howell et al. 2018), we have used the results 

of multiple models to generate a broad understanding of the landscape and opportunities 

for conservation action. The idea of connectivity is of interest to all yet are often treated 

separately as evidenced by inconsistent terminology and different modeling techniques 

(Moilanen & Hanski 2001; Vimal et al. 2012; Gippoliti & Battisit 2017). Each approach 

has made advances in better understanding the role of landscape connectivity, but as shown 

in this study, may miss greater opportunities for conservation (Driscoll et al. 2013). It is by 

taking a holistic strategy that we may gain a more comprehensive assessment of how to 

restore and protect these landscapes. 
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5. Conclusions 

 As the planet becomes increasingly more impacted and changed by humans (MEA 

2005; Pimm 2005), the resulting landscape variability often has detrimental effects on 

indigenous populations (Caughley 1994). Understanding this interplay between the state 

of the environment and the populations of species that inhabit it is critical for successful 

conservation. This concept was evident in Chapter 2, when measuring the population 

informed us of the landscape health and again in Chapter 3, when measuring the landscape 

has informed us of the population health. I then applied this idea further in Chapter 4 by 

assessing how best to restore the landscape for maximum benefit. 

Two of these chapters were inspired by the needs of conservation managers, the 

National Park Service and the Associação Mico-Leão-Dourado. This direct relevance of 

scientific research to the decision-making process of conservation managers has guided my 

research objectives. As a result, our work with the sooty terns has become integrated into 

federal management and their ongoing inventory and monitoring program. While the 

corridor restoration effort is an ongoing process, the Associação Mico-Leão-Dourado have 

expressed interest in using the methods outlined here in guiding future restoration efforts. 

Having a profound understanding of the status of populations is fundamental to 

managing the extinction risk of a species (Morris & Doak 2002). Whether it is measuring 

a single, large population (Chapter 2), or multiple interacting populations within a 

metapopulation framework (Chapters 3 and 4), I have attempted to provide tools and 

analyses that link monitoring populations to conservation actions. While the species and 

landscapes that I analyzed here have varied significantly, my approach has remained the 
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same. In each case I identified the effects of heterogenous landscapes on the likelihood of 

survival for populations of interest.  

The methods presented within this dissertation are only an intermediary step in the 

field of conservation ecology. I have utilized long-term datasets, applied theoretical models 

to empirical landscapes, and developed and compared my own models with those from the 

literature. From here, it is my hope that myself and others may continue to use and expound 

on these methods in new landscapes, with new species, and ask new questions with the 

goal of managing our environment more effectively.   



 

78 

Appendix A: Alternative survivorship model 

A.1 Methods 

Although there are commercial packages to estimate annual survivorship, we find 

they lack computational transparency. Moreover, by design they are general applications 

intended for all ranges of survival and detectability. For this study, we expected that 

survivorship would be relatively high — terns are long-lived birds — but the chance of 

recapturing marked birds in a given year in a colony of ~100,000 birds would be small. 

These facts impose constraints on how best to estimate the parameters. 

We created a model for survivorship using banding data from three different sets 

of years (Fig. A.1A). This requirement emerges because we must estimate two parameters: 

the yearly survival to year i from year i-1, si, and the probability we will detect the birds 

marked in year i, di. In Fig. A.1A, circles represent the number of individuals caught in a 

given year while squares represent the number of individuals never seen again. We have 

included examples of actual data from our estimate of survivorship in 1960 as the number 

in the center of each shape. The first column illustrates the first time a bird is caught and 

banded (circle A).  

This cohort is divided into two groups of survivors; one that is not detected in the 

subsequent year (circle B) and one group of individuals caught for a second year in a row 

(circle C). Circle C consists of birds that both survived and were detected in the following 

year. (The probability of this is si * di that a bird survives to the next year si and we detect it 

di).  
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To determine the detection rate di, we look at the groups of individuals that were 

seen again later (circles D and E), thus proving that they were alive in the second year and 

consider the fraction that was detected in this year 𝐸𝐸/(𝐷𝐷 + 𝐸𝐸)). This provides the 

independent estimate of di from which we can now estimate si by simple arithmetic:  

𝑠𝑠𝑖𝑖  = �
𝐶𝐶
𝐴𝐴
� / �

𝐸𝐸
𝐷𝐷 + 𝐸𝐸

� 

As a check, we also estimated si and di using maximum likelihood estimators 

employing the observed numbers of banded and captured birds. For the large sample sizes 

we employ here, the estimates did not differ. Finally, to estimate standard errors, we ran a 

Monte Carlo simulation with 100 iterations using the estimate probabilities as a based, 

using a binomial distribution to generate the numbers of birds recaptured in each class and 

then calculating the distribution of estimates. We discarded estimates based on small 

sample sizes when these simulation estimates showed the confidence intervals to be too 

broad to be informative. 

As Fig. A.1A exemplifies, the fraction of birds re-captured in the year following 

marking is small, because the colony is so large. In contrast, the fraction of birds re-

captured eventually is much larger because the birds are long-lived. The smallest number 

— and so the one with the proportionately greatest sampling error — is E, the numbers of 

birds caught in the year following marking and caught in all of the subsequent years.  

This means that sampling error of this class will have the greatest impact of the 

estimates of survival and, in particular, any biases may lead to consistent errors. A priori, 

the most problematic would be for some birds to be more likely to caught than others. 
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Indeed, that appears to be the case. Upon separating captures of those often many 

subsequent years, we found that birds caught the year after banding (group E in Fig. A.1A) 

have on average, a 14% higher likelihood of being recaptured than individuals not caught 

the year immediately after banding (group D in Fig. A.1A). This pattern is a consistent one 

over almost all the years of the study. This result has the effect of increasing our estimate 

of detection and subsequently suppressing our estimate of survival. 

To adjust for this sampling bias, we created two separate Poisson distributions, one 

for each of the D (Fig. A.1B) and E (Fig. A.1C) groups, to estimate the number of times an 

individual is recaptured. In order to estimate the number of individuals alive at least two 

years post banding but were never seen again (the probability of zero occurrences in the 

Poisson distribution), we ran a chi-square goodness of fit test and minimized the chi-square 

statistic. We then used the new estimated total of birds in the D and E groups to create a 

new estimate of detection and survival. Due to variable sampling effort across time, we 

smoothed annual variation by using a moving window of five years (two years before and 

two years after the year of interest) to calculate the Poisson distributions. We did not 

calculate confidence intervals for this adjusted estimate because of the increasing 

uncertainty given the addition of multiple parameters. 
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Figure A.1: Visualization of alternate methods for calculating survivorship from banding 
data. We first created a general model of survivorship based on banding data with an example 
from 1960 (A). To adjust for sampling bias, we fit a Poisson distribution to the number of 
observations of individuals caught once, twice, etc, two or more years after banding. We 
separated these individuals into those not caught the year after banding (B) and those caught 
the year after banding (C). 

A.2 Results 

When using the model described above, we found that mortality varied from 

10.35% in 1964 to 38.67% in 1973 (Fig A.2). The average annual mortality and detection 

rate during this time were 25.01% and 6.10% respectively. 1967 had the highest number 

of individuals banded, but the highest detection rate occurred in 1966 (11.46%).   Every 

year the terns potentially encountered a category 5 hurricane there is an associated spike in 

mortality. The highest mortality, however, occurred in 1973, when only tropical storm 

Delia intersected the likely path of the terns. Moreover, one of the three years with category 

4 hurricanes (1964) showed the lowest annual mortality.  
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The adjusted estimates of mortality show a similar trend but are generally lower 

than the simulated estimates. As mentioned above, this is because we adjust for a sampling 

bias that increased estimates of detection and hence suppressed estimates of survival. Both 

of these estimates of mortality also match those reported by MARK but suggest an overall 

slightly higher rate of mortality. 

 

 

Figure A.2: Graph of three estimates of tern mortality. The orange line shows the original 
estimate from the survivorship model with standard errors generated by Monte Carlo 
simulations.   The blue line is the adjusted estimate using a chi-squared minimized Poisson 
distribution. The gray line shows an independent estimate from recovered individuals.   
Across the top are the strongest classifications of notable cyclones for the year that intersected 
the sooty tern migratory pathway (TS denotes tropical storm). 
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Appendix B: Table of wrecked sooty terns 
 
Table B.1: Breakdown of recovered deceased sooty terns. The following table is 
comprehensive breakdown of all 385 recovered individuals that were found in various regions 
for every year individuals were recovered. 

 
Year 

 
Africa 

Central 
America 

 
Caribbean 

South 
America 

 
USA 

Year 
Total 

1940 0 0 0 0 1 1 
1941 0 0 0 0 2 2 
1942 0 0 1 0 0 1 
1943 0 0 0 0 1 1 
1945 0 0 0 0 1 1 
1949 0 1 0 0 0 1 
1950 0 0 0 0 1 1 
1960 0 1 3 0 11 15 
1961 5 2 0 0 9 16 
1962 0 1 0 1 0 2 
1963 1 2 2 0 1 6 
1964 1 1 4 0 4 10 
1965 9 3 0 0 3 15 
1966 3 0 0 1 1 5 
1967 5 3 5 0 2 15 
1968 9 1 3 2 6 21 
1969 1 0 0 0 8 9 
1970 2 3 7 0 3 15 
1971 0 4 1 1 0 6 
1972 4 3 9 1 3 20 
1973 2 9 2 0 12 25 
1974 2 3 2 1 5 13 
1975 2 2 1 1 3 9 
1976 8 1 2 1 1 13 
1977 4 2 2 1 3 12 
1978 7 0 0 0 6 13 
1979 0 3 5 0 8 16 
1980 3 6 3 0 22 34 
1981 0 0 3 0 12 15 
1982 3 2 1 0 3 9 
1983 0 0 8 0 0 8 
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1984 2 1 1 1 0 5 
1985 0 0 0 0 3 3 
1986 0 1 1 0 1 3 
1987 0 1 2 0 4 7 
1988 0 0 8 1 1 10 
1989 0 0 1 0 1 2 
1990 0 0 0 0 1 1 
1992 0 0 2 0 0 2 
1993 0 0 0 1 0 1 
1994 0 0 1 0 1 2 
1995 0 1 0 0 1 2 
1996 0 0 0 0 1 1 
1997 0 1 0 0 1 2 
1998 0 0 0 0 6 6 
1999 0 0 0 0 1 1 
2000 0 0 0 0 1 1 
2003 0 0 0 0 4 4 
2005 0 0 0 0 2 2 

Region 
Total 

 
73 

 
58 

 
80 

 
13 

 
161 

 
385 
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Appendix C: A worked metapopulation example 

Theoretical papers, especially those in Nature, are often necessarily concise. 

Hanski and Ovaskainen (2000) is no exception. We provide this example to aid those, like 

us, who have struggled with the terse justification they provided for why their metric 

summarises metapopulation dynamics. The basic meta-population model is intuitive. It 

describes the change in probability that a species will occupy a patch (dpi/dt) as  

• colonization from all the other occupied patches given that the current patch 

is unoccupied (1- pi),  

• minus an occupied patch’s probability of losing its population to extinction.  

Central to the former is some basic colonization rate, c, and the latter a basic 

extinction rate, e. The ratio e/c we call δ. Fig. C.1 shows one form of the equations. We 

follow previous studies in making the actual extinction rate inversely proportional to area 

(A) and the contribution of colonists depends on an exponentially decreasing function of 

distance (D), with α measuring the rate of drop off in colonists. Other functional forms are 

possible and, in this paper, we use the more realistic log-sech distribution to model 

dispersal. 

Inspection of the equations shows that they will have a solution at pi* = 0, for all i. 

Moreover, the equations suggest that a high value of δ — large extinction with low 

colonization — will likely make the model decline to zero occupancy. 
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Fig. C.1 graphs the three isoclines, i.e. solutions of dpi/dt = 0, for a three-patch 

model that we found helped our intuition. The solution at pi
* = 0, for all i is apparent, as is 

curve of the isoclines formed by the pairwise products of pi * pj. The critical issue is whether 

the curved surfaces have another equilibrium, i.e. intersect at values greater than zero.  

A standard method for systems of differential equations is to examine the stability 

of an equilibrium, i.e. whether all the components return to equilibrium when disturbed 

slightly from it. (Pimm, 1982, provides a more detailed working of the method for systems 

of interacting species than present in textbooks on the subject.) The method replaces the 

non-linear equations with linear ones that are good approximations close to the equilibrium 

and for which solutions are available. This proves to be algebraically challenging for this 

system.  

The alternative is to ask whether the trivial solution, pi
* = 0, for all i, is unstable, 

i.e. whether the components move away from this equilibrium if just a few individuals 

invade it. If so, some patches will always be occupied. Hanski and Ovaskainen (2000) do 

not explain that they did this, but the algebra is simple and one readily obtains their 

criterion. For the matrix M, that consists of elements mij = exp(-αDij) AiAj for j ≠ i and mii 

= 0, the equilibrium solution with pi
* = 0 will be unstable if the matrix’s largest eigenvalue 

— the metapopulation capacity — λ > δ. 

The three examples of the figure plot out the three equations. Fig. C.1A and C.1C 

represent one large patch (A= 1) and two smaller ones (A = 0.5). Although the spatial 

arrangement of patches is unchanged, λ = 0.60 in both landscapes, they differ in the ratio 

of extinction to colonization (Fig. C.1A, δ = 0.28; Fig. C.1C, δ = 0.67). When λ > δ (Fig. 
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C.1A), there is an equilibrium with all three patches having a probability of being occupied, 

whereas when λ < δ the system collapses (Fig C.1C). In Fig. C.1B, the parameters are the 

same as the top left, but the once largest patch is reduced to 0.25, changing the λ to 0.23, 

again collapsing the system.  

 
Figure C.1: Plots of three different example scenarios using a three-patch system, illustrating 
either a stable metapopulation occupying patches (A) or collapsing due to landscape 
fragmentation (B) or changes in local extinction rate (C). 

  

A) B) 

C) 
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Appendix D: Influence of fragmentation metrics on 
metapopulation capacity 
 
D.1 Methods 

Using R 3.4.2 (R Core Team 2018), we ran three simulations to gain further insight 

on how each of the three main fragmentation metrics (number of patches, average inter-

patch distance, and total area) independently influence the metapopulation capacity (λ) of 

a landscape. We parameterized the simulations using empirical data from Amazilia 

boucardi. For each simulation, we created a matrix according to Eqn. 3.1 (see main text) 

by varying one metric and keeping the other two constant. We varied patch number from 

1 to 100 patches, inter-patch distance randomly according to a normal distribution (and 

changed standard deviation of distance to proportionally match), and total area randomly 

according to a power law distribution in order to accurately reflect the overwhelming 

number of small patches. We ran each type of simulation 100 times and plotted the results. 

D.2 Results 

The impacts of each fragmentation metric on λ are about what one would expect; 

as a landscape contains smaller and more isolated patches, the metapopulation capacity 

decreases (Fig. D.1). The interesting exception is that the number of patches within a 

system does not have a straightforward relationship with metapopulation capacity. As the 

landscape is initially fragmented from its singular mainland-like state into a few large 

patches, λ decreases, as is appropriate given the exponential impact of area according to 

Eqn. 3.1. However, after the landscape is split into roughly 30 patches, we start to see a 
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slight increase in λ. This is due to the rescue effect from having many different refugia that 

allow for recolonization in the event of local extinction. Despite each patch becoming 

smaller on average (and thus greater likelihoods of local extinction), the constant average 

dispersal distance and increase in total number of patches allows the metapopulation to 

have a greater chance of persistence due to inter-patch interactions.

 

Figure D.1: Simulations of impacts of three different fragmentation metrics on 
metapopulation capacity.  
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Appendix E: Metapopulation density 

E.1 Metapopulation density as a measure of fragmentation 

While the λ value worked well in evaluating a landscape’s capacity to sustain a 

metapopulation, the total amount of habitat area remaining influenced it. To get a better 

understanding of the impact of fragmentation on a metapopulation capacity independent of 

area lost, we divided λ by total habitat area (A) to get Λ, known as the metapopulation 

density (Schnell et al. 2013a), or the number of Levins’ patches per unit area. Λ thus 

measured the contribution of an average unit of area to the total metapopulation capacity. 

We used this metric to compare landscapes, especially where two different 

metapopulations had the same total area of habitat available but differing fragmentation 

schemas (Fig. E.1). 

E.2 Metapopulation density caveats 

While it is easy to compare landscapes using metapopulation capacity and relative 

change (Appendix G), one must be cautious when using metapopulation density to do the 

same since decreases in value may have different interpretations depending on whether one 

is assessing a spatial or temporal change (Fig. E.2). When comparing two different 

landscapes at the same time point, we may almost always consider the landscape with the 

higher metapopulation density to be the less fragmented one. Each unit of area on average 

is likely to belong to a larger, more “mainland-like” fragment (Fig. E.2A-B). This is not 

always the case when evaluating a landscape’s changes over time. When large patches in 

the original landscape break into several small fragments, the loss in metapopulation 
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capacity outpaces the loss in area, and so metapopulation density decreases (Fig. E.2C). 

Thus, much like in a spatial comparison, a smaller metapopulation density indicates a more 

fragmented landscape. The reverse occurs when a landscape undergoes preferential loss of 

small fragments (Fig. E.24D). As more small fragments are removed, there is relatively 

little loss in metapopulation capacity since each patch lost was relatively unimportant in a 

metapopulation capacity sense. Thus, when the change in area is greater than the change 

in metapopulation capacity, Λ increases. Without understanding this, one might assume 

that the resulting landscape is “less fragmented” and the quality has increased when that is 

not necessarily the case (Ripple et al. 1991). So, while changes in metapopulation density 

may be informative in how a landscape is changing, it cannot entirely replace the 

information we obtain from changes in metapopulation capacity. 
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Figure E.1: Comparison of two landscapes with equal amounts of habitat area, but differing 
fragmentation schema. 
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Figure E.2: A conceptual framework for changes in metapopulation density (Λ). One may 
compare the fragmentation schema of two different landscapes from different regions by 
comparing Λ values; the higher value, the less fragmented the landscape is, regardless if the 
two landscapes have similar metapopulation capacities (a) or similar amounts of total habitat 
(b). The same is true when comparing a single landscape throughout time when that
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Appendix F: List of Mangrove endemic avian metapopulations 
 
Table F.1: List of all mangrove endemic avian metapopulations globally. 

COMMON NAME IUCN SPECIES SUBSPECIES NO. OF 
METAPOPULATIONS 

MANGROVE 
HUMMINGBIRD* 

EN Amazilia boucardi   1 

HUMBOLDT'S 
HUMMINGBIRD* 

LC Amazilia humboldtii   1 

PLAIN-BELLIED EMERALD LC Amazilia leucogaster bahiae 2    
leucogaster 1 

MADAGASCAR TEAL* EN Anas bernieri   1 
RUFOUS -NECKED WOOD-
RAIL 

LC Aramides axillaris 
 

4 

RUFOUS CRAB-HAWK* NT Buteogallus aequinoctialis   1 
CUBAN BLACK HAWK* NT Buteogallus gundlachii   1 
YELLOW-BILLED 
COTINGA* 

EN Carpodectes antoniae   1 

BICOLORED CONEBILL NT Conirostrum bicolor bicolor 9 
MANGROVE BLUE-
FLYCATCHER 

LC Cyornis rufigastra rufigastra/ 
karimatensis 

1 
   

rufigastra/ 
rhizophorae/ 
longipennis 

1 

WEST INDIAN 
WHISTLING-DUCK* 

VU Dendrocygna arborea   1 

MEXICAN SHEARTAIL 
 

Doricha eliza 
 

1 
MANGROVE 
HONEYEATER* 

LC Gavicalis fasciogularis   1 
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VARIED HONEYEATER LC Gavicalis versicolor sonoroides 4    
sonoroides/ 
versicolor 

1 
   

versicolor 1 
MANGROVE GERYGONE† LC Gerygone levigaster cantator 1 
      levigaster 4 
      pallida 1 
LARGE-BILLED 
GERYGONE 

LC Gerygone magnirostris magnirostris 1 

DUSKY GERYGONE* LC Gerygone tenebrosa christophori/ 
tenebrosa 

1 

MANGROVE KINGFISHER† LC Halcyon senegaloides   3 
SAPPHIRE-BELLIED 
HUMMINGBIRD† 

CR Lepidopyga lilliae   2 

RED-HEADED MYZOMELA LC Myzomela erythrocephala erythrocephala 2 
MANGROVE WHISTLER LC Pachycephala cinerea cinerea 3 
WHITE-BREASTED 
WHISTLER† 

LC Pachycephala lanioides carnavoni 1 

      fretorum 1 
      lanioides 1 
BLACK-TAILED 
WHISTLER† 

LC Pachycephala melanura dahli 1 

      melanura 1 
      melanura/ 

robusta 
1 

      robusta/ 
spinicaudus 

1 

BROWN-WINGED 
KINGFISHER* 

NT Pelargopsis amauroptera   1 
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MANGROVE ROBIN LC Peneoenanthe 
pulverulenta 

alligator 1 
   

cinereiceps 3    
leucura 5    
pulverulenta 2 

MANGROVE PITTA† NT Pitta megarhyncha   7 
PLAIN-FLANKED RAIL* EN Rallus wetmorei   1 
MANGROVE FANTAIL† LC Rhipidura phasiana   6 
COLLARED KINGFISHER LC Todiramphus chloris abyssinicus 2    

colcloughi 1    
kalbaensis 1    
pilbara 1    
sordidus 3 

BLOOD-COLORED 
WOODPECKER* 

LC Veniliornis sanguineus   1 

MANGROVE VIREO LC Vireo pallens browningi 1    
paluster 1    
nicoyensis/ 
ochraceus/ 
pallens 

1 

JAVAN WHITE-EYE† VU Zosterops flavus   3 
 

* indicates the entire species range consists of a single metapopulation † indicates the entire species range is made up of multiple metapopulations
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Appendix G: Mangrove land cover change and metapopulation modeling 
Table G.1: Mangrove land cover change and metapopulation modeling. Full list of mangal endemic avian metapopulations, metapopulation 
capacity and density values for 2015, fragmentation metrics of the landscapes in 2015 (number of patches, average inter-patch distance, and 
total habitat area), the change in metapopulation capacity, density, and habitat area since 2000. 

 
Species 

 
Subspecies 

 
Metapop. # 

 
2015 λ 

 
2015 

Λ 

Number 
of 

Patches 

Mean 
Dist 
(km) 

Total 
Area 
(km2) 

 
Δλ 

 
ΔA 

 
ΔΛ 

A. boucardi 
 

1 337 0.96 405 127 351 -0.08% -0.42% 0.34% 
A. humboldtii 

 
1 295 0.20 4,927 159 1457 -0.16% -0.24% 0.08% 

A. leucogaster bahiae 1 45.3 0.08 3,071 270 587 -0.04% -0.49% 0.45% 
A. leucogaster bahiae 2 9.77 0.37 80 42 26 -28.39% -2.08% -26.87% 
A. leucogaster leucogaster 1 10,391 1.01 12,021 730 10,256 -0.31% -0.85% 0.54% 
A. bernieri 

 
1 1,189 0.51 5,307 412 2,322 -1.35% -0.84% -0.51% 

A. axillaris 
 

1 179 0.46 4,172 473 392 -0.18% -2.27% 2.14% 
A. axillaris 

 
2 1,5202 1.11 7,027 263 1,376 -2.73% -2.34% -0.40% 

A. axillaris 
 

3 302 0.38 2,035 81 790 -0.93% -0.57% -0.36% 
A. axillaris 

 
4 337 2.21 155 28 152 -0.08% -0.57% 0.49% 

B. aequinoctialis 
 

1 1,0391 0.84 20,222 1,472 12,387 -0.31% -0.77% 0.46% 
B. gundlachii 

 
1 466 0.30 7,825 307 1,563 -0.15% -1.42% 1.28% 

C. antoniae 
 

1 242 0.57 523 104 424 -9.07% -0.35% -8.74% 
C. bicolor bicolor 1 674 2.30 956 59 292 -0.68% -0.63% -0.05% 
C. bicolor bicolor 2 10,391 1.13 11,283 1,055 9,217 -0.31% -1.12% 0.82% 
C. bicolor bicolor 3 131 0.41 1,018 73 322 -0.01% -0.21% 0.20% 
C. bicolor bicolor 4 7.57 0.59 71 60 12 -1.25% -0.87% -0.38% 
C. bicolor bicolor 5 23.9 0.44 276 69 54 -0.14% -0.44% 0.30% 
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C. bicolor bicolor 6 45.3 0.14 1,693 72 330 -0.04% -0.39% 0.35% 
C. bicolor bicolor 7 5.03 0.11 278 32 45 -0.12% -0.25% 0.13% 
C. bicolor bicolor 8 35.7 0.62 206 112 57 -1.17% -0.46% -0.71% 
C. bicolor bicolor 9 32.1 0.15 1,211 51 217 -0.04% -0.02% -0.02% 
C. rufigastra rufigastra/karimatensis 1 1,790 0.19 17,471 562 9,207 -3.63% -9.00% 5.90% 
C. rufigastra rufigastra/rhizophorae/ 

longipennis 
1 3,289 0.63 10,970 619 5,180 -0.10% -6.25% 6.55% 

D. arborea 
 

1 348 0.20 7,892 573 1,727 -6.77% -2.12% -4.75% 
D. eliza 

 
1 287 0.92 2,088 140 311 -17.74% -0.87% -17.01% 

G. fasciogularis 
 

1 410 0.28 5,375 478 1,480 -0.26% -0.53% 0.27% 
G. versicolor sonoroides 1 141 0.27 1,639 106 516 -0.03% -0.75% 0.73% 
G. versicolor sonoroides 2 5.83 0.24 174 52 23 -0.10% -1.23% 1.14% 
G. versicolor sonoroides 3 1,156 3.03 396 349 381 -0.80% -0.38% -0.42% 
G. versicolor sonoroides 4 11.9 1.11 23 43 10 -0.08% -2.69% 2.68% 
G. versicolor sonoroides/versicolor 1 763 1.14 823 181 671 -15.35% -1.48% -14.08% 
G. versicolor versicolor 1 1,127 1.11 1,753 380 1,015 -0.21% -0.58% 0.37% 
G. levigaster cantator 1 410 0.27 5,372 578 1,530 -0.26% -0.49% 0.23% 
G. levigaster levigaster 1 277 0.07 17,418 582 3,911 -0.12% -0.24% 0.12% 
G. levigaster levigaster 2 7.19 0.14 1,097 50 50 0.00% -0.10% 0.10% 
G. levigaster levigaster 3 4.80 0.04 2,427 107 136 -0.22% -0.15% -0.07% 
G. levigaster levigaster 4 1,128 0.99 2,967 247 1,136 -0.21% -0.35% 0.14% 
G. levigaster pallida 1 2,665 0.82 716 215 3,270 -0.19% -0.29% 0.09% 
G. magnirostris magnirostris 1 172 0.31 3,120 201 554 -0.27% -0.08% -0.18% 
G. tenebrosa christophori/tenebrosa 1 67.9 0.16 3,187 543 432 -0.01% -0.07% 0.06% 
H. senegaloides 

 
1 1,136 0.35 6,955 829 3,253 -0.37% -0.62% 0.25% 

H. senegaloides 
 

2 48.9 0.79 178 103 62 -0.98% -0.39% -0.59% 
H. senegaloides 

 
3 83.3 1.24 479 97 67 -0.34% -0.37% 0.03% 
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L. lilliae 
 

1 674 3.21 761 25 210 -0.68% -0.58% -0.10% 
L. lilliae 

 
2 23.5 1.17 26 11 20 0.00% -0.12% 0.12% 

M. erythrocephala erythrocephala 1 277 0.07 21,171 705 4,122 -0.12% -0.23% 0.11% 
M. erythrocephala erythrocephala 2 1,128 1.04 2,836 235 1,083 -0.21% -0.35% 0.15% 
P. cinerea cinerea 1 1,790 0.19 17,434 562 9,213 -3.63% -9.00% 5.90% 
P. cinerea Cinerea 2 6,763 0.42 44,443 NA 16,233 -0.04% -4.80% 5.00% 
P. cinerea cinerea 3 75.1 0.15 1,230 89 513 -12.26% -6.69% -5.97% 
P. lanioides carnavoni 1 8.02 0.05 1,528 226 174 0.00% -0.09% 0.09% 
P. lanioides fretorum 1 277 0.08 17,417 622 3,309 -0.12% -0.27% 0.15% 
P. lanioides lanioides 1 172 0.23 3,516 145 753 -0.27% -0.08% -0.18% 
P. melanura dahli 1 46.4 0.22 422 416 212 -0.21% -0.27% 0.06% 
P. melanura melanura 1 8.02 0.05 1528 226 174 0.00% -0.09% 0.09% 
P. melanura melanura/robusta 1 277 0.07 18,515 600 3,971 -0.12% -0.23% 0.11% 
P. melanura robusta/spinicaudus 1 2,666 0.41 10,055 729 6,473 -0.19% -0.32% 0.12% 
P. amauroptera 

 
1 6,762 0.86 21,721 701 7,885 -0.05% -4.50% 4.66% 

P. pulverulenta alligator 1 277 0.20 2,081 113 1,421 -0.12% -0.31% 0.19% 
P. pulverulenta cinereiceps 1 0.06 0.39 1 N/A 0.15 0.00% 0.00% 0.00% 
P. pulverulenta cinereiceps 2 1.32 0.06 350 46 20 0.00% -0.01% 0.01% 
P. pulverulenta cinereiceps 3 172 0.20 4,339 192 844 -0.27% -0.08% -0.18% 
P. pulverulenta leucura 1 4.55 0.06 1,406 62 79 -0.62% -0.13% -0.49% 
P. pulverulenta leucura 2 7.09 0.10 789 58 69 -0.25% -0.52% 0.27% 
P. pulverulenta leucura 3 1,127 2.64 968 208 426 -0.21% -0.44% 0.24% 
P. pulverulenta leucura 4 410 0.34 2,611 298 1,225 -0.26% -0.46% 0.20% 
P. pulverulenta leucura 5 1,009 0.81 2,540 55 1,241 -0.74% -0.34% -0.40% 
P. pulverulenta pulverulenta 1 6,907 0.70 4,405 637 9,801 -26.66% -0.51% -26.28% 
P. pulverulenta pulverulenta 2 6.34 1.01 15 2 6 -0.03% -0.07% 0.04% 
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P. megarhyncha 
 

1 6,762 1.56 7,692 51 4,323 -0.05% -0.02% -0.03% 
P. megarhyncha 

 
2 177 0.29 4,914 67 612 -21.79% -31.82% 14.71% 

P. megarhyncha 
 

3 127 0.53 3,329 38 243 -0.05% -0.48% 0.44% 
P. megarhyncha 

 
4 1,737 0.52 4,658 255 3,322 -1.34% -2.67% 1.37% 

P. megarhyncha 
 

5 129 0.43 1,782 42 299 -0.35% -13.93% 15.79% 
P. megarhyncha 

 
6 3,304 1.04 4,376 246 3,186 -0.10% -5.19% 5.37% 

P. megarhyncha 
 

7 749 0.88 953 38 852 -16.51% -7.35% -9.89% 
R. wetmorei 

 
1 2.60 0.16 269 19 15 -0.18% -1.81% 1.66% 

R. phasiana 
 

1 4.73 0.09 429 128 54 0.00% 0.00% 0.00% 
R. phasiana 

 
2 8.02 0.08 923 142 101 0.00% -0.15% 0.15% 

R. phasiana 
 

3 277 0.07 23113 772.5 4,268 -0.12% -0.23% 0.11% 
R. phasiana 

 
4 1,009 0.81 2544 55.9 1,248 -0.74% -0.34% -0.40% 

R. phasiana 
 

5 0.02 0.12 8 4.0 0.18 0.00% 0.00% 0.00% 
R. phasiana 

 
6 528 1.75 92 39.7 301 -0.15% -0.09% -0.06% 

T. chloris abyssinicus 1 1.74 0.09 169 252.3 18 0.00% -0.24% 0.24% 
T. chloris abyssinicus 2 0.11 0.05 57 117.9 2 0.00% 0.00% 0.00% 
T. chloris colcloughi 1 1,128 0.44 7075 796.7 2,567 -0.21% -0.46% 0.26% 
T. chloris kalbaensis 1 0.03 0.17 4 1.4 0.18 0.00% 0.00% 0.00% 
T. chloris pilbara 1 8.02 0.05 1485 217.3 165 0.00% -0.09% 0.09% 
T. chloris sordidus 1 277 0.07 16124 536.6 3,757 -0.12% -0.24% 0.12% 
T. chloris sordidus 2 6.82 0.09 1394 69.2 79 0.00% -0.05% 0.05% 
T. chloris sordidus 3 4.81 0.04 2101 92.6 120 -0.22% -0.09% -0.13% 
V. sanguineus 

 
1 4,041 2.98 1504 225.0 1,357 -0.23% -1.76% 1.56% 

V. pallens browningi 1 214 0.40 1284 111.7 532 -0.63% -0.40% -0.23% 
V. pallens paluster 1 179 0.54 3812 272 335 -0.18% -1.10% 0.93% 
V. pallens nicoyensis/ochraceus/pallens 1 2,065 1.19 4650 508 1,738 -2.36% -1.39% -0.98% 



 

 

101 

Z. flavus 
 

1 541 0.42 1792 388 1,284 -34.85% -5.54% -31.03% 
Z. flavus 

 
2 0.21 0.17 35 60 1 -0.09% -18.53% 22.62% 

Z. flavus 
 

3 0.11 0.02 198 19 6 -1.26% -2.65% 1.42% 
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Appendix H: Detailed description of corridor 5  
 

 

Figure H.1: Detailed map of proposed corridor 5. 

Corridor 5 was the most important corridor in terms of both metapopulation 

capacity increase and increase per km of restoration. It connects the two largest patches in 

the landscape, both of which contain golden lion tamarin populations. The two patches are 

part of a larger contiguous forest patch, but are separated by high elevation forest (> 550 

m) and it is unknown whether it is suitable for tamarin dispersal. Corridor 5 avoids this by 

creating a small 90 m corridor across low elevation pasture land. 
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Appendix I: Detailed description of corridor 9  

 

Figure I.1: Detailed map of proposed corridor 9. 

Corridor 9 was the second most important corridor in terms of both metapopulation 

capacity increase and increase per km of restoration. It connects the largest suitable habitat 

patch with the third largest, both of which contain golden lion tamarin populations. 

Corridor 9 is also a short habitat corridor (110 m long) and thus is highly efficient but 

requires crossing a small dirt road. Conservationist planners must take this barrier into 

account as they accommodate movement of both tamarins and vehicles. 
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Appendix J: Detailed description of corridor 8 

 

Figure J.1: Detailed map of proposed corridor 8. 

Corridor 8 was the third most important corridor in terms of both metapopulation 

capacity increase and increase per km of restoration. It connects the second largest suitable 

habitat patch with the Poço das Antas Biological Reserve, both of which contain golden 

lion tamarin populations. Despite being only 380 m long, corridor 8 presents major 

difficulties due to the major highway, BR-101, that acts as an impenetrable barrier to 

movement. Nonetheless, restoration of this corridor is currently underway due to the efforts 

of the non-profit agencies Saving Species and Associação Mico-Leão-Dourado. 
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Appendix K: Detailed description of corridor 12  

 

Figure K.1: Detailed map of proposed corridor 12. 

Corridor 12 was the fourth most important corridor in terms of both metapopulation 

capacity increase and increase per km of restoration. It connects the largest suitable habitat 

patch with the seventh largest forest patch, only one of which contain golden lion tamarin 

populations. This is corridor should be considered the highest priority when looking 

beyond individual and genetic exchange and rather towards expansion of new habitat. 

Access to this new patch would allow for growth of the golden lion tamarin population and 

the establishment of new home ranges. This corridor also utilizes existing forest fragments 

to help keep the cost of restoration low and the efficiency high. Only 350 m of pasture 

would need to be restored and over 800 m forest would run through these existing patches. 
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However, conservation planners should be aware of two small roads that intersect this 

proposed corridor location. 
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