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Abstract 

Organisms are routinely subjected to a variety of environmental and chemical 

perturbations simultaneously. Often, these multi-stressor exposures result in 

unpredictable toxicity that occurs through unidentified mechanisms. Here, we focus on 

polycyclic aromatic hydrocarbons (PAHs) and hypoxia, two environmental and 

physiological stressors that are known to co-occur in the environment.  

Simultaneous exposures to PAHs and hypoxia result in exacerbated toxicological 

phenotypes in several fish species. For example, while exposures to the individual 

stressors resulted in few observed effects, zebrafish embryos simultaneously exposed to 

hypoxia and individual PAHs as well as PAH mixtures developed severe cardiovascular 

deformities and trunk abnormalities. This dissertation aims to better understand how 

these two stressors interact, what other phenotypes of toxicity are associated with co-

exposures, and how wild-caught fish, including PAH-resistant fish, respond to co-

exposures of PAHs and hypoxia. 

Several locations in the Elizabeth River (VA, USA) are highly contaminated with 

PAHs, due to the release of creosote mixtures from wood treatment facilities. 

Interestingly, some populations of Atlantic killifish (Fundulus heteroclitus) inhabiting the 

Elizabeth River (ER) are resistant to PAH-induced teratogenesis. However, evolutionary 

resistance to PAHs due to chronic PAH exposure is associated with reduced fitness and 



 

 

v 

increased susceptibility to other environmental stressors in at least one PAH-resistant 

killifish population. The first objective of this dissertation was to investigate this 

association further by examining a previously under-studied population retrieved from 

a creosote-contaminated site in the Elizabeth River, Republic (Rep). We assessed PAH 

toxicity and effects on energy metabolism in Rep killifish in comparison with killifish 

from the reference site Kings Creek (KC). We also investigated the effects of hypoxia as a 

secondary stressor on KC and Rep killifish; we assessed phenotypes of co-exposure in 

killifish, as well as whether PAH resistance conferred greater vulnerability to hypoxia 

during embryonic development.  

Initially, killifish captured from the Rep and KC sites were exposed to an 

individual PAH-type chemical, beta-naphthoflavone (BNF), a simple mixture of 

benzo(a)pyrene (BaP) and fluoranthene (FL), or a real-world complex PAH mixture 

known as Elizabeth River sediment extract (ERSE). Wild-caught adults and F1 embryos 

were assessed for CYP1A activity, F1 embryos were assessed for cardiovascular 

deformities and alterations in bioenergetic metabolism, and F1 juveniles were also 

assessed for alterations in bioenergetic metabolism. Following exposures to simple and 

complex PAH mixtures, Rep killifish exhibited several phenotypes associated with PAH 

resistance including decreased incidences of developmental cardiovascular deformities 

and recalcitrant cytochrome P450 1A (CYP1A) induction, results which led us to classify 

them as “PAH-resistant.” Rep embryos and juveniles also exhibited signs of altered 
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metabolic rates. Rep embryos had significantly higher routine metabolism compared to 

KC embryos, and juvenile Rep killifish had significantly lower maximal metabolic rates 

and aerobic scopes than KC juveniles. These results suggest that populations of killifish 

that have adapted or evolved to withstand the toxicity associated with PAHs 

consequently have altered energetic metabolism or demands. Such consequences could 

result in an enhanced vulnerability to other environmental and anthropogenic stressors 

in PAH-resistant killifish. 

We further explored this hypothesis by subjecting Rep and KC killifish to 

hypoxia as a secondary stressor. Again, Rep and KC killifish were exposed to ERSE, this 

time with and without diurnal hypoxia for the extent of embryonic development (14 

days). Killifish embryos were assessed for CYP1A activity, cardiovascular deformities, 

heart rate, hatch rate, larval body length, and other larval abnormalities. 

Hypoxia suppressed the induction of CYP1A usually seen with PAH exposures. 

However, it did not exacerbate the frequency or severity of cardiovascular deformities in 

either population. Regardless, hypoxia exposure lowered the heart rate of embryos from 

both killifish populations. Additionally, there were severe effects of co-exposures on 

hatch rates, which was especially evident in Rep embryos.  

However, PAH-resistant embryos appeared to be at an advantage when the 

secondary stressor was hypoxia: Rep embryos co-exposed to hypoxia and PAHs had 

greater rates of survival and hatch rates, and fewer incidences of severe cardiovascular 
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deformities than KC embryos. These results directly contrast with other work which has 

found that larval PAH-resistant killifish are more susceptible to hypoxia than larvae 

from reference killifish populations. While PAH and hypoxia co-exposures did not cause 

interactive toxicity in many of the endpoints assessed, the effects of co-exposures on 

hatch rates and heart rates could have severe implications for embryonic bioenergetics 

and larval survival, leaving exposed embryos more vulnerable to other types of stress or 

unable to meet energetic demands.  

The second objective of this dissertation, which utilized zebrafish (Danio rerio) as 

a model organism, was to identify other pathways that could either influence or be 

influenced by co-exposures of PAHs and hypoxia. Endpoints of interest targeted the 

oxidative stress response and mitochondrial function due to their known roles in PAH 

and hypoxia toxicity and observed effects on bioenergetics seen during completion of 

the previous objective. We hypothesized that co-exposures would not only cause 

interactive toxicity in these two pathways, but that these pathways might play a role in 

the exacerbated toxicity seen with co-exposures. 

Zebrafish embryos were exposed to ERSE and hypoxia, both simultaneously and 

individually. They were assessed for a range of endpoints targeting mitochondrial 

function and oxidative stress directly after removal from 24-hour exposures and up to 18 

hours of recovery time in clean media; assays used in this work included measurements 

of oxygen consumption and mitochondrial function using the Seahorse Extracellular 
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Flux Analyzer, mitochondrial DNA damage and copy number, ATP content, 

mitochondrial-specific superoxide production, apoptosis, antioxidant enzyme activity, 

alterations in gene expression, and developmental deformities. 

Hypoxia exposures resulted in drastic reductions in parameters relating to 

mitochondrial respiration, ATP turnover, and mitochondrial DNA copy number. 

Hypoxia exposures also resulted in increases in superoxide radical generation and 

inductions of catalase enzyme activity. PAH exposures reduced embryonic ATP 

production and content, altered mitochondrial membrane dynamics, and induced DNA 

damage. They also resulted in inductions of glutathione reductase and glutathione-s-

transferase enzyme activity indicating an alteration in glutathione usage or balance in 

exposed embryos.  

However, while PAH and hypoxia exposures caused a diverse array of effects, 

there appeared to be very little interaction between the two stressors in the co-exposure 

group. Co-exposed embryos exhibited phenotypes associated with both types of 

exposures, but there were rarely any visible interactions due to co-exposures. 

Regardless, both pathways are clearly responsive to individual exposures and co-

exposures of PAHs and hypoxia. Additionally, co-exposed embryos exhibited toxicity 

associated with both stressors, which indicates that the co-exposures pose a greater risk 

to organismal health compared to exposures of the individual stressors alone. 
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Combined, these results highlight several key factors regarding co-exposures of 

not just PAHs and hypoxia, but potentially other multiple-stressor scenarios as well: 1) 

co-exposures can cause toxicity through unexpected mechanisms and result in 

unpredictable toxicological phenotypes; 2) developmental stage during exposures and 

timing of exposures are often critical in determining the toxic effects of stressors in 

developing organisms; and 3) even closely related model organisms, such as zebrafish 

and Atlantic killifish, can exhibit different responses to the same exposures. Therefore, it 

is extremely important that we continue to investigate different combinations of 

stressors with a broad array of model organisms and a range of developmental time 

points in order to truly understand how multiple stressor scenarios will impact 

ecosystem health. 
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1. Introduction  

1.1 Multiple Stressor Exposures 

Investigations into multiple stressor scenarios are fundamentally important to 

the maintenance of human and environmental health. Global climate change, as well as 

heavy anthropogenic presence along coastal regions has led to severe and rapid change 

in aquatic and terrestrial environments (Cloern et al., 2016; Halpern et al., 2015; Ormerod 

et al., 2010). These changes can have drastic consequences on ecosystem dynamics, 

including shifts in trophic status and geographical ranges of species, or even whole-

population collapses (Gunderson et al., 2015). As pressure continues to build, there will 

be an increase in the frequency and severity of aquatic multi-stressor scenarios which 

can include complex interactions of both biotic and abiotic factors, all leading to 

potentially dramatic declines in environmental health (Gunderson et al., 2015; Harley et 

al., 2006; Hoegh-Guldberg and Bruno, 2010).  

Estuarine ecosystems are important nursery habitats for aquatic species (Jones, 

2014). They, and other aquatic environments, are very dynamic ecosystems and can 

undergo rapid cyclical alterations in physico-chemical parameters like salinity, 

temperature, dissolved oxygen, and pH. Estuaries are also sinks for chemical 

contaminants which leads to the accumulation of many types of toxic pollutants in 

estuarine organisms (Paerl, 2006). Exposure to multiple stressors during developmental 

or reproductive stages could influence mortality rates and recruitment of future 
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generations and result in unpredictable phenotypes and severity of toxicity in 

developing organisms (Baird et al., 2004; Diaz, 2001; Holmstrup et al., 2010; Sokolova, 

2013).  

1.2 Polycyclic Aromatic Hydrocarbons and Elizabeth River 
Killifish 

1.2.1 Polycyclic Aromatic Hydrocarbon Toxicity 

Polycyclic aromatic hydrocarbons (PAHs) are a class of over 1,500 organic 

compounds composed of two or more fused carbon rings (National Toxicology 

Program, 2012). These ubiquitous contaminants can be formed through both natural 

(e.g. forest fires, volcanic eruptions, crude oil) and anthropogenic (coal burning, diesel 

exhaust, cigarette smoke) processes (Hylland, 2006; National Toxicology Program, 2012). 

Consequently, exposures to humans and other organisms can occur through multiple 

routes, including dermal contact, inhalation, and ingestion (Rengarajan et al., 2015). In 

the environment, they are often found as mixtures of tens to hundreds of individual 

PAHs, depending on the original source(s), which complicates assessments of the risk 

these chemicals pose to human and ecosystem health (Neff et al., 2005). 

PAHs are a highly diverse set of compounds which results in individual PAHs 

with different mechanisms of actions and toxicities (Hylland, 2006; National Toxicology 

Program, 2012). Certain PAHs are known carcinogens, genotoxicants, immunotoxicants, 

narcotics, cardiotoxicants, and reproductive toxicants, among other classifications 

(Incardona et al., 2006; Kennedy and Smyth, 2015; Rengarajan et al., 2015; Reynaud and 
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Deschaux, 2006; Santodonato, 1997). In fish, PAH exposure during embryonic 

development usually results in cardiovascular deformities (e.g. heart elongation, slowed 

heartbeat, ventricle misalignment, limited blood flow, pericardial edema), craniofacial 

malformations, spinal curvature, yolk sac edema, and increased mortality, among other 

phenotypes (Clark et al., 2010; Incardona et al., 2006, 2011; Le Bihanic et al., 2014). 

Although PAH toxicity is highly complex and involves several physiological 

pathways, the aryl hydrocarbon receptor (AHR) pathway is responsible for the much of 

the response to PAH exposures. The AHR is primarily known for its role as an initiator 

of transcriptional events involved in the induction of xenobiotic-metabolizing and -

transporting enzymes that help to transform PAHs into more hydrophilic and easily-

excretable compounds. Not only can metabolism through AHR-regulated enzymes 

result in toxification of PAHs into harmful daughter species (Baird et al., 2005; 

Rengarajan et al., 2015; Xu et al., 2005), mis-regulation or over-activation of the AHR by 

parent PAHs can also result in adverse outcomes relating to reproduction, 

carcinogenesis, immune system dysfunction, neurotoxicity, and hepatic function (Ko 

and Puga, 2017). In fact, knockdown of the AHR pathway rescues the majority of the 

toxic effects normally seen after acute PAH exposures in multiple species and cell lines 

(Billiard et al., 2006; Clark et al., 2010; Goode et al., 2013; Incardona et al., 2006, 2011; 

Moriguchi et al., 2003; Reid et al., 2016; Van Tiem and Di Giulio, 2011). This factor is 
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especially important for populations of Fundulus heteroclitus that inhabit PAH-

contaminated ecosystems, described further below.  

1.2.2 PAH-Resistant Atlantic Killifish 

The Atlantic killifish (Fundulus heteroclitus) is one of the most genetically diverse 

vertebrate species known today (Reid et al., 2016). This attribute is likely a reason why 

killifish thrive in estuaries all along the eastern seaboard, a habitat known for stressful 

fluctuations in environmental conditions such as temperature, salinity, and dissolved 

oxygen (Brennan et al., 2015; Elliott and Quintino, 2007; Reid et al., 2016; Schulte, 2007). 

In addition, Atlantic killifish have also been found in areas that have been highly 

contaminated with anthropogenic pollutants.  

The Elizabeth River (ER), a tri-branched tributary of the James River and 

Chesapeake Bay (VA, USA), has been home to major industrial, commercial, and naval 

activity since before the Revolutionary War (Di Giulio and Clark, 2015). Substantial 

amounts of anthropogenic activity, as well as the natural roles of estuaries as sinks and 

gateways for urban and rural runoff, have led to high levels of pollutants in the ER 

(Paerl, 2006; Di Giulio and Clark, 2015). Specifically, three distinct sites located in the 

Southern Branch of the ER, known as Atlantic Wood Industries, Hess (Eppinger and 

Russell), and Republic Creosoting (Figure 1), were found to have extremely high levels 

of creosote, a complex mixture derived from coal tar, within the sediment (Merrill and 

Wade, 1985). Creosote, composed primarily of PAHs, was commonly used during 
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treatment of timber for protection against pests and weathering (Di Giulio and Clark, 

2015).  

 

Figure 1. A map of the Elizabeth River, a tributary of the Chesapeake Bay. 

The top map shows the location of Kings Creek, the reference site used in studies 

concerning the Elizabeth River, while the expanded map displays several other study 

sites of interest in the ER. The highly contaminated Atlantic Wood Industries, Hess, 

and Republic Creosoting sites are all circled. Source: Clark et al., 2013 

PAH levels in sediments at these contaminated sites are over 300 times higher 

than those seen at reference sites (Clark et al., 2013; Vogelbein and Unger, 2008). Early 

laboratory studies found that organisms exposed to contaminated sediments taken from 

ER sites developed fin and gill erosions and dermal, hepatic, and pancreatic lesions 

(Hargis et al., 1984). Aquatic organisms captured from ER sites had higher incidences of 
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neoplasms and biomarkers of carcinogenesis (e.g. genotoxicity) in mouth, liver, kidney, 

and spleen tissues as well as lowered immune function (Chu and Hale, 1994; Faisal and 

Huggett, 1993; Fournie and Vogelbein, 1994; Hargis et al., 1989; Jung et al., 2011; 

Vogelbein et al., 1990). However, it was later found that Atlantic killifish populations 

residing at creosote-contaminated sites in the ER had actually evolved resistance to 

phenotypes associated with PAH toxicity (Clark et al., 2013; Di Giulio and Clark, 2015; 

Meyer et al., 2002). These deformities, along with characteristic molecular responses (e.g. 

induction of CYP1A and other Phase I metabolic enzymes), are reduced in PAH-

resistant killifish after PAH exposures during embryonic development (Brown et al., 

2016; Clark et al., 2013; Meyer et al., 2002; Ownby et al., 2002; Wassenberg and Di Giulio, 

2004b).  

In a recent study, the Atlantic Wood (AW) population of killifish along with 

other contaminant-resistant populations, were examined and found to have genetic 

mutations in loci associated with the AHR and related genes (Reid et al., 2016). This has 

essentially led to a “knockdown” phenotype, with dysfunctional AHR and downstream 

activity in PAH-resistant killifish. This evolution has allowed for populations of Atlantic 

killifish to tolerate high levels of contaminants during sensitive life stages and flourish in 

these harsh environments. 
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1.2.3 Consequences of Evolved Resistance to Pollution 

Evolutionary theory suggests that rapid evolution, such as that seen in PAH-

resistant killifish, could potentially lead to consequences in population- and ecosystem-

level dynamics and function (Carroll et al., 2007; Hendry, 2013). It is also possible that a 

genetic adaptation to one stressor can be negatively correlated with successful 

adaptation to another stressor (Kelly et al., 2016). Recent work in contaminant-resistant 

populations of Atlantic killifish has supported these theories at the individual and 

population levels (Brown et al., 2016; Bugel et al., 2010; Frederick et al., 2007; Meyer and 

Di Giulio, 2003; Nacci et al., 2009; Oziolor et al., 2016). In ER killifish populations, PAH-

resistance and/or chronic PAH exposures are associated with behavioral, bioenergetic, 

and immunological consequences (Brown et al., 2016; Brown et al., 2017; Frederick et al., 

2007; Lindberg et al., 2017), as well as reduced tolerance to environmental stressors 

including fluctuations in temperature (Jayasundara et al., 2017) and dissolved oxygen 

(Meyer & Di Giulio, 2003). These results bring into question how adapted populations of 

killifish will respond to future environmental change. 

1.3 Environmental Hypoxia & Effects on Aquatic Organisms 

Hypoxia is a condition characterized by a water oxygenation level of 

approximately 2 mg/L or lower (Paerl et al., 1998). In temperate estuaries it is usually 

caused by a series of events that include eutrophication, positive feedback loops of 

continued nutrient loading from bottom sediments, increased oxygen consumption by 
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organisms in higher trophic levels, consumption of organic carbon sources, and eventual 

depletion of oxygen (Howarth et al., 2011). In 2008, there were 400 systems worldwide 

reported to contain anoxic “dead zones,” the most severe degree of oxygen limitation 

(Diaz and Rosenberg, 2008); this number has likely doubled since that time due to 

changes in global climate.  

Short-term effects of hypoxia on aquatic ecosystems include organism migration 

to oxygen-rich areas and other behavioral changes, increased fish and shellfish 

mortality, decreased energy transfer between trophic levels, and changes in microbial 

production (Baird et al., 2004; Paerl et al., 1998; Selberg et al., 2000). Long-term 

consequences include lowered recruitment of aquatic species and reduced resilience of 

organisms leading to disruption of local fisheries, as seen in the elimination of several of 

the aquatic populations found in the chronically hypoxic Black and Baltic Seas (Baird et 

al., 2004; Diaz, 2001). In female Atlantic croaker (Micropogonias undulatus), chronic 

hypoxia exposures resulted in decreased fecundity, sequestration of the yolk precursor 

vitellogenin, and reduced ovarian growth, all signs of ovarian dysfunction and 

reproductive failure (Thomas et al., 2006). Additionally, hypoxia exposures during 

embryonic development have been found to cause male-skewed sex ratios in both 

Atlantic croaker and Japanese medaka (Oryzias latipes) (Thomas and Rahman, 2009; Mu 

et al., 2017). All of these factors could be critical for the recruitment of new generations of 
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fish, especially if hypoxia exposures occur in estuaries that are frequently utilized by 

aquatic species for spawning or embryonic/larval development. 

1.4 PAH-Hypoxia Interactions 

Several studies have been conducted in fish species and cell lines that focus on 

co-exposures of PAHs and hypoxia (Cypher et al., 2017; Fleming et al., 2009; Fleming and 

Di Giulio, 2011; Matson et al., 2008b; Schults et al., 2010, 2014; Yu et al., 2008). This is in 

part due to the potential for cross-talk between the two signaling pathways (i.e. aryl 

hydrocarbon receptor and hypoxia-inducible factor pathways) (Matson et al., 2008b; 

Vorrink and Domann, 2014) and also because of the high likelihood that these co-

exposures occur frequently in natural environments (Adcroft et al., 2010; Diaz, 2001; 

Diaz and Rosenberg, 2008; Whitehead, 2013).  

Hypoxic conditions have been shown to inhibit CYP1A activity (Dasgupta et al., 

2016; Fleming and Di Giulio, 2011; Matson et al., 2008b; Rahman and Thomas, 2012). 

Both chemical and morpholino-based inhibition of CYP1A in fish exposed to AHR 

agonists have resulted in synergistic toxicity (Billiard et al., 2006; Timme-Laragy et al., 

2007; Wassenberg and Di Giulio, 2004a). This, as well as apparent cross-talk between the 

AHR and HIF pathways (Prasch et al., 2004), led Matson et al., (2008b) to hypothesize 

that co-exposures of BaP and BNF with hypoxia would result in synergistic toxicity in 

zebrafish. Unexpectedly, they found that PAHs acting as CYP1A inhibitors themselves 

(e.g. fluoranthene and alpha-naphthoflavone) interacted with hypoxia to produce 
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synergistic consequences. Further, Fleming and Di Giulio (2011) found that binary and 

complex mixtures of PAHs were synergistically toxic in zebrafish also exposed to 

hypoxia, even though hypoxia and some individual PAH co-exposures did not cause 

significant increases in toxicity.  

Besides cross-talk between the AHR and HIF at the protein and transcriptional 

levels, PAHs and hypoxia may interact through other mechanisms. For example, two 

biological functions involved in both the physiological hypoxia- and PAH-response 

pathways are bioenergetic metabolism and oxidative stress (Incardona et al., 2005; 

Solaini et al., 2010; Welker et al., 2013). Both PAHs and hypoxia induce antioxidant 

defense systems and upregulate genes involved with the oxidative stress response in 

fish species (Lushchak, 2011; Timme-Laragy et al., 2009; Van Tiem and Di Giulio, 2011). 

Additionally, exposures to hypoxia and PAHs result in altered metabolic rates and 

biological energy demands (Claireaux and Chabot, 2016; Lindberg et al., 2017; Richards, 

2011; Solaini et al., 2010; Thomas and Rahman, 2009). These studies emphasize the 

complicated nature behind multiple interacting stressors and provide further evidence 

that multi-stressor scenarios can result in unpredictable toxicity through numerous 

mechanisms. 

1.5 Research Questions 

The primary objectives of this dissertation were to 1) assess whether evolved 

tolerance to one stressor influenced the response of an organism to another stressor and 
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2) better understand how two stressors with potentially conflicting response pathways 

interact from a molecular to whole-organism level, with possible population-level 

consequences. The four following chapters, discussed briefly below, aim to address 

these objectives. 

Chapter 2 describes the efforts involved with identifying a sub-population of ER 

Atlantic killifish to be utilized as the PAH-resistant population in future studies. This 

was a necessary step as the Atlantic Wood Industries site, designated as a Superfund site 

by the United States Environmental Protection Agency, was recently closed for 

remediation. In this study, we highlighted killifish from the previous Republic 

Creosoting Inc. site, and asked whether they were similarly resistant to PAH exposures 

as were killifish from the Atlantic Wood site. This study was published in February 2017 

as: CD Lindberg, N Jayasundara, JS Kozal, TC Leuthner, and RT Di Giulio. 2017. 

Resistance to polycyclic aromatic hydrocarbon toxicity and associated bioenergetic 

consequences in a population of Fundulus heteroclitus. Ecotoxicology. 26: 435-448, DOI: 

10.1007/s10646-017-1775-6. 

Chapter 3 adds an additional tier of complexity to Chapter 2 and questions how 

the PAH-resistant Republic population of killifish responded to hypoxia as a secondary 

stressor. Here, we investigate endpoints expected to display interactive effects, as well as 

endpoints which unexpectedly responded to co-exposures. A novel aspect of this 

chapter was the use of RNA-sequencing technology to analyze temporal transcriptional 
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changes in both PAH-resistant and naïve killifish embryos exposed to PAHs, hypoxia, 

and a combination of the two. 

Chapters 4 and 5 further explore understudied interactions between hypoxia and 

PAHs using zebrafish as a model organism. Chapter 4 focuses on endpoints relating to 

mitochondrial dysfunction, while Chapter 5 focuses on endpoints relating to the 

oxidative stress response. Both of these physiological pathways play a role in the 

response to PAH and hypoxia exposures separately, however it is unclear how they 

react to co-exposures. It is possible that they could play a large role in the toxicological 

mechanisms behind the synergistic toxicity seen with simultaneous PAH and hypoxia 

exposures. 
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2. Resistance to polycyclic aromatic hydrocarbon 
toxicity and associated bioenergetic consequences in a 
population of Fundulus heteroclitus 

This work was adapted by permission from RightsLink/Springer Nature: 

Springer, Ecotoxicology, “Resistance to polycyclic aromatic hydrocarbon toxicity and 

associated bioenergetic consequences in a population of Fundulus heteroclitus.” CD 

Lindberg, N Jayasundara, JS Kozal, TC Leuthner, and RT Di Giulio. Copyright 2017. 26: 

435-448, DOI: 10.1007/s10646-017-1775-6. Formatting changes have been made to ensure 

consistency with this dissertation. Supplementary materials can be viewed in the online 

version of this text. 

2.1 Introduction  

Since the 19th century, when one of the first-recognized occurrences of pollution-

driven evolution manifested as altered wing coloration of moth populations (Bowater, 

1914; Cook and Saccheri, 2013), there have been many incidences of rapid organismal 

evolution in response to chronic exposure to anthropogenic pollutants (Fox, 1995; 

Hendry, 2013). Evolved resistance to pesticides is now seemingly a common trait in 

many insect species including the frequently-targeted disease vectors such as mosquitos 

(e.g. members of the Culex genus) (Hemingway et al., 2004) and widespread, highly 

adaptable agricultural pests such as the green peach aphid (Myzus persicae) (Silva et al., 

2012). Additionally, abiotic stressors stemming from climate change (e.g. increases in 

temperature, changes in ocean pH, and hypoxia) can also affect organismal fitness and 
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may drive evolution (Kelly and Hofmann, 2013; Lohbeck et al., 2012; Pespeni et al., 2013; 

Stillman and Paganini, 2015). Mechanisms and tradeoffs of evolutionary responses to 

pollutants may include limited organismal plasticity and a reduced capacity to respond 

to other abiotic stressors. This has become an increasingly important area of research. 

At several sites along the Elizabeth River (VA, USA), exposure to decades of 

creosote pollution from wood treatment facilities has resulted in evolved resistance of a 

native fish, Fundulus heteroclitus (Atlantic killifish), to the toxic effects associated with its 

chemical components (Clark et al., 2013). Creosote, a complex mixture often utilized 

during wood preservation processes, is primarily made up of a class of ubiquitous 

compounds known as polycyclic aromatic hydrocarbons (PAHs). These compounds 

come in a variety of forms, many of which display varying degrees and mechanisms of 

toxicity (National Toxicology Program, 2012). In fish species, including Atlantic killifish, 

exposures to PAHs during embryonic development results in cardiovascular deformities 

similar to those seen after exposures to dioxin-like compounds and halogenated 

aromatic compounds (Billiard et al., 1999; Incardona et al., 2004; Wassenberg and Di 

Giulio 2004a).  

Specific populations of killifish inhabiting highly contaminated sites in the 

Elizabeth River are genetically distinct from populations that live in uncontaminated 

regions (Mulvey et al., 2002; 2003; Wills et al., 2010). Although killifish are one of the 

most genetically diverse vertebrate species and can live in a variety of ecological 
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conditions, populations found at PAH-contaminated and other dioxin-like compound-

contaminated sites all share genetic mutations localized to genes involved in metabolism 

of these compounds (Reid et al., 2016). Populations at contaminated sites have evolved to 

withstand the acute toxicity normally observed after exposures to creosote. Incidences of 

cardiovascular deformities as well as the characteristic induction of the Phase I 

metabolic enzyme cytochrome P4501A (CYP1A) are reduced in PAH-resistant killifish 

after PAH exposures during embryonic development (Brown et al., 2016; Clark et al., 

2013; Meyer et al., 2002; Ownby et al., 2002; Wassenberg and Di Giulio 2004a); for 

example, Brown et al. (2016) found that a statistically significant induction of 

cardiovascular deformities was not seen in a PAH-resistant population of killifish until 

exposure levels reached 100 times higher than what was required to induce a similar 

magnitude of deformities in a non-resistant population.  

Killifish collected from the Atlantic Wood Industries Superfund site (AW) in the 

Elizabeth River display the phenotypes of PAH resistance as described above (Clark et 

al., 2013; Jung and Di Giulio, 2010). The wood treatment facility located there primarily 

utilized creosote during operations and although it was closed and placed on the 

National Priorities List in 1990, the surrounding area is still highly contaminated with 

high molecular weight PAHs (Di Giulio and Clark, 2015). Although resistance similar to 

that seen in AW killifish is beneficial for acute exposures to PAH mixtures, our previous 

work has shown that there are fitness-related consequences of the adaptation at both 
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early and later life stages. For example, reduced aerobic scope, behavioral changes, and 

increased susceptibility to other anthropogenic and environmental stressors are all 

associated with PAH resistance in these fish (Brown et al., 2016, 2017; Meyer and Di 

Giulio, 2003). 

Historically, AW fish have served as a unique model to investigate mechanisms 

and costs of PAH toxicity. However, with the closing of the Atlantic Wood Industries 

Superfund Site for remediation, there was a need to identify a new population of 

killifish that are similarly resistant to the toxicological effects of PAHs and would not be 

affected, genetically or physically, by remediation activities. Other populations of 

contaminant-resistant Atlantic killifish have been found along the eastern seaboard and 

in a related species, Fundulus grandis, in the Gulf of Mexico (Bugel et al., 2010; Nacci et al., 

2010; Oziolor et al., 2014). These groups have also shown that contaminant resistance can 

result in fitness costs including decreased tolerance to additional biotic and abiotic 

stressors and impaired immune and reproductive function (Bugel et al., 2010; Frederick 

et al., 2007; Nacci et al., 2009; Oziolor et al., 2016). Further, several other populations of 

killifish inhabiting differentially contaminated sites along the Elizabeth River exhibit 

varying degrees of PAH resistance in correlation with the level of pollution at those 

respective sites (Clark et al., 2013; Di Giulio and Clark, 2015). Therefore, our goals for 

this study were to more thoroughly examine a second population of Elizabeth River 
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killifish from another highly contaminated site for PAH resistance and identify 

consequences of this type of adaptation in laboratory-reared offspring.  

Republic (Rep), currently the most highly PAH-contaminated and accessible 

study site in the Elizabeth River and located approximately 2 miles upstream of the AW 

site, is also polluted with creosote due to the activities of a Republic Creosoting 

Incorporated wood treatment facility (Clark et al., 2013; Vogelbein and Unger, 2008). 

Analyses of sediment samples for a suite of low and high molecular weight PAHs with 

GCMS demonstrate that the Rep site contains approximately 113,886 ng tPAH/g dry 

sediment, a value over 200 times higher than the reference site Kings Creek (KC; 526 ± 

624 ng tPAH/g dry sediment) (Clark et al., 2013; Vogelbein and Unger, 2008); the total 

PAH content of sediment found at Elizabeth River sites is associated with the PAH 

resistance seen in local killifish populations, with highly adapted populations found at 

highly contaminated sites (Clark et al., 2013; Jayasundara et al., 2017). Additionally, Clark 

et al. (2013) partially characterized the Rep population and demonstrated that they show 

similar levels of developmental resistance to PAHs as displayed by AW fish.  

The first objective of this study was to characterize the level of PAH resistance 

shown by killifish captured at the creosote-contaminated Rep site. This involved 

exposing wild-caught adults and laboratory-reared first generation killifish embryos to 

individual PAHs or PAH mixtures and assessing them for the distinctive responses 

normally seen in non-adapted populations after PAH exposures. As hypothesized, 
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results demonstrate that Rep killifish from two generations and two life stages displayed 

PAH-resistant phenotypes similar to those of AW killifish.  

Energy metabolism is biologically important for all living species and at any life 

stage. Based on the results from the first objective and previous work that has shown 

alterations in energy metabolism in PAH resistant fish (Brown et al., 2017; Jayasundara et 

al., 2017; Oziolor et al., 2016), our second objective was to test the hypothesis that PAH 

resistant fish have altered bioenergetic phenotypes during multiple life stages. Our 

results confirm that evolution of PAH resistance and early-life or chronic exposures to 

PAHs may alter the bioenergetic function of adapted killifish populations during 

embryonic development as well as juvenile stages. These bioenergetic consequences 

could potentially result in increased vulnerability of these fish to additional biotic and 

abiotic stressors in their natural environment and may have population- and ecosystem-

level consequences. 

2.2 Materials and Methods 

2.2.1 Fish Collection, Care, and Handling 

Wild Fundulus heteroclitus were collected from the Rep (36°47’39.65” N, 

76°17’31.94” W) and KC (37°18’16.2” N, 76°24’58.9” W) sites in the summer of 2015 

(Commonwealth of Virginia Marine Resources Commission Scientific Collection Permit 

# 15-003). Fish were maintained in the laboratory in approximately 15ppt artificial 

seawater (ASW) (Instant Ocean, Foster & Smith, Rhinelander, WI, USA), at 25-28°C with 



 

19 

a 14:10 light:dark cycle and were fed Aquamax Fingerling Starter 300 fish feed (PMI 

Nutritional International, LLC, Brentwood, MO, USA). Adults were kept in clean water 

for at least one month before handling occurred.  

Eggs and sperm from reproductive-aged F0 males and females were collected 

manually and placed in 400 mL beakers. After mixing with sperm, the eggs were given 

one hour to complete fertilization after which they were washed with a 0.3% hydrogen 

peroxide (VWR International, Radnor, PA, USA)-20ppt ASW solution. All embryos were 

kept in an incubator at 28°C until use. 

2.2.2 Chemicals  

Benzo[a]pyrene (BaP), fluoranthene (FL), β-naphthoflavone (BNF), 

ethoxyresorufin, protease inhibitor, magnesium sulfate (MgSO4), potassium chloride 

(KCl), Tris-HCl, ethylenediaminetetraacetic acid (EDTA), NADPH, NADH, 

dithiothreitol (DTT), antimycin A, rotenone, carbonyl cyanide-4-

(trifluoromethoxy)phenylhydrazone (FCCP), and dimethyl sulfoxide (DMSO) were 

purchased from Sigma-Aldrich (St. Louis, MO, USA). Corn oil and sucrose were 

purchased from VWR International (Radnor, PA, USA). HEPES was purchased from 

Acros Organics (Thermo Fisher Scientific, Waltham, MA, USA). Tris-base was purchased 

from Omni Pur (EMD Millipore, Darmstadt, Germany). BaP (1 mg/mL) and FL (10 

mg/mL) stocks were prepared in DMSO. BNF solutions were prepared in corn oil.  
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Atlantic Wood Industries sediment was previously collected and processed in 

order to extract and characterize an aqueous solution containing a complex PAH 

mixture, hereafter known as Atlantic Wood sediment extract (AWSE) which was used 

during experimentation. For complete collection and extraction methods and analytical 

characterization, see Clark et al. (2013). 

A schematic of all of the methods described below can be found in Figure 2. The 

Duke University Institutional Animal Care and Use Committee approved all of the F. 

heteroclitus care, handling, and techniques used during this work (Protocol # A184-13-

07). 
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Figure 2. Schematic of the methodology used in this study  

Wild-caught males were utilized for the liver microsomal EROD assay and were also 

bred with wild-caught females to obtain the F1 generation. F1 embryos were either 

exposed at 24 hpf to PAH mixtures and utilized during the embryo EROD, deformity 

scoring, and/or bioenergetics assessments or raised under normal conditions for 6 

months. These 6 month old juvenile fish were then utilized for whole-organism 

metabolic testing and then sacrificed for tissue bioenergetics testing. 
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2.2.3 F0 Generation Intraperitoneal Injections, Liver Dissections, and 
Liver Microsomal EROD Assay 

Reproductive age male F0 F. heteroclitus from KC and Rep populations were 

submerged in 15 ppt ice water until loss of equilibrium. Only male fish were chosen to 

prevent effects on CYP1A activity due to sex as found in Meyer et al. (2002). Fish were 

injected intraperitoneally with 5 µL/g wet weight fish of either a corn oil carrier or a 50 

mg/kg BNF solution, in accordance with Meyer et al. (2003). Fish were then placed in 

recovery tanks, allowed to re-equilibrate, and were kept in conditions described above 

until sacrifice. The livers of each fish were removed 48 hours after injections, flash frozen 

in liquid nitrogen, and stored at -80°C until analysis. Six fish per population were 

injected for each treatment. 

Microsomal fractions were isolated as described in Jung and Di Giulio (2010) 

with modification.  Specifically, isolated livers were weighed, minced, and then rinsed 

with ice-cold washing solution (0.15 M KCl, 10 mM DTT, pH 7.4) until the solution 

remained clear. Each liver was then transferred to a 2 mL microcentrifuge tube in 4X 

volume of homogenization buffer (0.25 M sucrose, 0.1 M Tris-HCl, 1 mM EDTA, 10 mM 

DTT, pH 7.4) plus protease inhibitor (1 µL for every 1 mL homogenization buffer) with 

an approximately equal volume of 1 mm blending beads (SKU: ZROB10). Samples were 

placed in a bullet blender (Next Advance, Inc., Averill Park, NY, USA) and blended at 

high speed for three, 1 minute pulses, or until fully homogenized. The homogenate was 

transferred to an ultracentrifuge tube and centrifuged at 10,000 g for 20 minutes at 4°C. 
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The top fatty layer was discarded and the supernatant was transferred to a new 

ultracentrifuge tube. The supernatant was spun at 100,000 g for 60 minutes at 4° C. The 

supernatant was discarded, and the microsomal pellet was washed with 1-3 mL of 

microsomal pellet washing solution (0.15 M Tris-base, 10 mM DTT, pH 8.0) until the 

solution remained clear. The pellet was resuspended in microsomal resuspension buffer 

(0.25 M sucrose, 1 mM EDTA, 0.1 M Tris-HCl in 20% glycerol, pH 7.4), of approximately 

1 mL per gram of liver tissue. The microsomal suspension was then aliquoted, flash 

frozen, and stored at -80°C until thawed for protein quantification and the EROD assay.  

For protein quantification, one aliquot of microsomal solution was diluted to 1:10 

in DI water and quantified with the PierceTM BCA Protein Assay Kit as per 

manufacturer’s protocol for microplate procedure (Thermo Fisher Scientific Inc., 

Waltham, MA, USA). Microsomal CYP1A activity was then quantified via the EROD 

assay, as described in Jung and Di Giulio (2010). First, 50 µg of the microsomal fraction 

from each sample were loaded in a 96-well microplate (in duplicate) and freshly 

prepared, ice cold cofactor buffer (102 µM NADPH, 120 µM NADH, 5 mM MgSO4 into 

100 mM HEPES, pH 8.0) was added to bring the volume to 100 µL. Afterwards, 100 uL 

of 2.5 µM 7-ethoxyresorufin in cofactor buffer was then added to each well and 

fluorescence was measured at 530/590 nM. The results were calculated against the 

standard curve of known concentrations of resorufin stock to report activity (pmoles 

resorufin/mg protein/minute).  
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2.2.4 F1 Generation Embryo Exposures, EROD Activity Assay, and 
Cardiac Deformity Screening 

At 24 hpf, embryos were screened for deformities and healthy embryos were 

dosed individually with 10 mL dosing solution in glass scintillation vials (Wheaton, 

Millville, NJ, USA). Treatments for both KC and Rep embryos included the 20 ppt ASW 

control, 1%, 3%, and 5% (v/v) AWSE solutions, along with a 10% (v/v) AWSE solution 

for Rep embryos only. Exposures of 10% AWSE result in mass mortality in KC embryos 

and therefore were not used for that population. Additionally, embryos were dosed with 

a simple mixture of 100 µg/mL BaP and 500 µg/mL FL (100/500 BaP+FL), a 

synergistically toxic combination of an AhR agonist and CYP1A inhibitor, respectively 

(Wassenberg and Di Giulio 2004b), and a 0.1% (v/v) DMSO control solution. All dosing 

solutions were supplemented to contain 21 µg/L ethoxyresorufin for the 

ethoxyresorufin-o-deethylase (EROD) assay. After dosing, embryos were kept at 28°C 

until assessment. Three experimental replicates of these procedures took place with a 

total n of 33-35 embryos for each treatment.  

At 96 hpf (4 dpf) embryos were removed from vials and EROD activity was 

measured according to the protocols described in Matson et al. (2008a). Although 

embryos had begun to display deformities depending on treatment group, there did not 

appear to be any resulting developmental delays. All embryos had small, but visible 

urinary bladders, as is necessary to conduct the EROD assay and appropriate for stages 

28 and 29 of F. heteroclitus embryonic development (Armstrong and Child, 1965). All 
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EROD values for KC and Rep treatments were expressed as a percent of the KC 20 ppt 

ASW control group response. After measurements were recorded, embryos were placed 

back into their respective vials and stored in 28°C incubators until 144 hpf (6 dpf) when 

cardiac deformity screenings were performed. Under a light microscope, cardiac 

abnormalities were recorded in a blind assessment. As described in Matson et al. (2008a), 

deformities were scored either as a 0 (normal), 1 (moderate deformity) or 2 (severe 

deformity). The primary deformities seen, also described in Clark et al. (2010), were heart 

elongation, or the “stringy heart” phenotype, misalignment of the atrium and ventricle, 

slowed heartbeat, and limited blood flow. As stated above, there were visible 

deformities resulting from treatment at that time, but development did not appear to be 

affected, although in some cases, embryos treated with higher concentrations of AWSE 

(i.e. 5% and 10% AWSE treatments) tended to be slightly smaller in size. There was 

visible circulation and pigmentation in all surviving embryos which indicated that they 

were approaching stage 31 of embryonic development (Armstrong and Child, 1965). 

2.2.5 F1 Generation Embryonic Bioenergetic Assessment 

KC and Rep embryos were collected and dosed at 24 hpf similarly to the 

methods described above, but with only two treatments: 20 ppt ASW Control and 1% 

(v/v) AWSE. Using the Seahorse Extracellular Flux Analyzer (Seahorse Bioscience, North 

Billerica, MA, USA), basal respiration, reported as oxygen consumption rate (OCR), was 

measured for individual embryos at time points of 24 hpf, 48 hpf, 72 hpf, 96 hpf, and 120 
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hpf (methods adapted from Stackley et al., 2011). With the exception of the 24 hpf time 

point, embryos were removed from the dosing solutions at the designated time and 

placed into individual wells filled with 750 µL of a 20 ppt ASW solution. Basal 

respiration measurements were recorded for one minute every five minutes for 

approximately 1.5 hours. The sample size per plate was 5 embryos per treatment per 

population and 2-3 plates were run for each time point. At the 24 hpf time point, only 

KC and Rep embryos from the 20 ppt ASW treatment groups were tested. A total of 2 

plates were run with a sample size per plate of 11 embryos per population. Embryos 

were only used if there were no apparent developmental deformities. 

Additionally, beginning at 24 hpf, KC and Rep embryos were placed in 

individual wells and the OCR was measured for one minute, five times per hour for 12 

hours (until 36 hpf). These measurements created a time course to further examine the 

significant developmental changes in basal OCR that were seen from 24 hpf to 48 hpf. 

The sample size per plate was 11 embryos per treatment per population and 4 plates 

were run for each. 

2.2.6 F1 Generation Juvenile Respirometry and Tissue-Specific 
Bioenergetics Assessment 

KC and Rep embryos were collected as described above and incubated at 28°C 

on dampened filter paper until hatching (14 dpf). These embryos were not exposed to 

PAH mixtures during development. Larvae were raised in groups of 15-20 per 9 L tanks 

at 28°C and approximately 15 ppt salinity in an Aquatic HabitatsTM (Apopka, FL, USA) 
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system and were fed once per day with freshly hatched Artemia franciscana (Brine 

Shrimp Direct, Ogden, Utah, USA) and once per day with Zeigler Adult Zebrafish Diet 

(Zeigler Bros., Inc., Gardners, PA, USA). No measurements of hatching or survival were 

taken during development. Approximately six months post fertilization, the juveniles 

were collected and tested for whole-organism basal and maximal metabolic rates using a 

Swim Tunnel Respirometer (Loligo Systems, Denmark) with methods adapted from 

Jayasundara et al. (2015). Briefly, live fish were placed into the respirometer chamber 

and allowed to acclimate for a period of 1 hour. Four basal respiratory measurements 

were taken during which water flow to the chamber was closed for a period of 5 minutes 

and oxygen concentration of the water was recorded in µmol/L. After the 5 minute 

period, water flow was restored and the chamber was reoxygenated for a period of 10 

minutes. To assess the maximal metabolic rate, fish were removed from the chambers 

and were chased in a separate tank for 15-20 minutes, until exhaustion. Immediately 

following the chasing period, fish were placed back in the respiratory chambers, water 

flow was shut off, and the oxygen concentration of the water was measured once every 

minute for 5 minutes. The lowest basal measurement recorded and highest maximal 

measurement recorded were used during calculations of basal and maximal metabolic 

rates, respectively. The weight of each fish was also recorded to correct for size during 

calculations. KC killifish had an average weight of 0.47 g and Rep killifish had an 

average weight of 0.39 g. Afterward, juveniles were given a 1 week recovery period 
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before sacrifice and dissection of hearts and brains. Metabolic rates in those whole, live 

tissues were measured in accordance with the methods of Jayasundara et al. (2015) using 

the Seahorse Extracellular Flux Analyzer (Seahorse Bioscience, North Billerica, MA, 

USA). During tissue-specific metabolic measurements, FCCP at a concentration of 5 M 

was utilized as an uncoupling agent to induce maximal respiration. Afterwards, a 

combination of antimycin A and rotenone at concentrations of 0.044 mM and 0.044 mM, 

respectively, was utilized to inhibit the activities of mitochondrial Complex III and I, 

respectively, essentially inhibiting mitochondrial respiration in the tissues. A total of 15 

juvenile killifish per population were utilized during these experiments. 

2.2.7 Data Analysis 

All analyses were performed using GraphPad Prism 6 (GraphPad Prism, Inc., La 

Jolla, CA), Statview version 5.0.1 (SAS Institute Inc., Cary, NC), and the Fisher’s Exact 

Test online calculator (DanielSloper.com). Individual embryos, livers, hearts, and brains 

were the units of replication. The embryo EROD activity assay, cardiac deformity 

screening, embryonic bioenergetic assessments, and juvenile bioenergetics assessments 

were all replicated and therefore were tested for batch effects prior to combining the 

replicates into one data set. Although there was a significant difference seen with one 

replicate of the embryonic cardiac deformity screening, the removal of this group did 

not alter the results. We considered this to be an adequate rationale for recombining all 

three experimental groups for further statistical analyses. 
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The cardiac deformity screening data were analyzed non-parametrically using 

Fisher’s Exact Test (2x3 contingency tables) for effects by population and treatments. 

Significance was Bonferroni corrected for multiple comparisons. The 24 hpf embryonic 

bioenergetic assessment and whole-organism respirometry data were analyzed using an 

unpaired t-test. All other data sets were analyzed using a 2-way analysis of variance 

(ANOVA) and post hoc Fisher’s LSD. Statistical significance was accepted at p<0.05 for 

all tests that were not corrected for multiple comparisons. 

2.3 Results 

2.3.1 F0 Generation Liver Microsomal EROD Activity 

KC adults injected with 50 mg/kg BNF had significantly elevated levels of EROD 

activity (72.3 ± 15.9 pmol resorufin/min/mg protein; p<0.0001), while Rep adults injected 

with the same concentrations of BNF did not (7.1 ± 4.9 pmol resorufin/min/mg protein) 

when compared with the KC corn oil control (3.1 ± 4.8 pmol resorufin/min/mg protein) 

(Figure 3).  
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Figure 3. F0 liver microsomal EROD activity  

 KC killifish injected with BNF had significantly induced liver microsomal CYP1A 

activity. Rep killifish injected with BNF did not display a significantly different 

change in fluorescence when compared with the KC corn oil-injected controls or Rep 

corn oil-injected controls. Error bars represent mean ± SEM. Values marked by * are 

statistically different than the KC corn oil treatment group at p<0.0001 (2-way 

ANOVA, Fisher’s LSD). 

 

2.3.2 F1 Generation Embryo EROD Activity 

As expected from previous studies (Brown et al., 2016; Clark et al., 2013), KC 

embryos were prone to both induction of CYP1A and cardiovascular teratogenesis after 

exposures to simple and complex PAH mixtures compared to ASW or DMSO controls. 

EROD activity peaked with the 1% AWSE treatment and declined with increasing 

treatment concentrations as embryos developed severe deformities. All PAH treatments 

induced a significant increase in EROD activity (p<0.0001) compared to controls (Figure 

4). CYP1A inductions for BaP+FL and 1%, 3%, and 5% AWSE treatment groups were 5.9, 

23.6, 11.8, and 11.5 fold higher, respectively, than inductions in the KC ASW control 

group. 
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Rep embryos also displayed significant increases in EROD activity for several 

exposures, however the inductions in activity were 2.5-5 times lower than in KC fish 

depending on treatment. Additionally, these inductions were not associated with 

significantly different deformity score distributions in those groups. In Rep embryos, the 

10% AWSE treatment induced the highest level of EROD activity (7.5 times higher than 

the KC ASW control group; p<0.0001) and the 1%, 3%, and 5% AWSE treatments also 

significantly induced EROD activity, but to a lesser extent (4.8, 4.2, and 4.3 times higher, 

respectively, than the KC ASW control group; all p<0.008). Treatment with the simple 

mixture of BaP+FL resulted in no significant increase in EROD activity (Figure 4).  

 

 

Figure 4. In ovo EROD activity of KC and Rep embryos at 4 dpf  

Error bars represent mean ± SEM. Statistical significance (2-way ANOVA, Fisher’s 

LSD) of p<0.01 is denoted by * and p<0.0001 is denoted by # when compared against 

the KC ASW control group. 
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2.3.3 F1 Generation Embryo Cardiovascular Deformity Screening 

In order to accurately represent these results, the data were analyzed in the 

context of distribution of score frequencies (i.e. were the incidences of twos, ones, and 

zeros found after one treatment differently distributed than the incidences of twos, ones, 

and zeros found after another treatment). Figure 5 concisely displays these data as an 

average of the scores found after each treatment which can be more easily compared to 

past data published with similar methods (Brown et al., 2016; Clark et al., 2013). 

Within the KC population, the distribution of deformity score frequencies 

differed significantly between the BaP+FL, 3% AWSE, 5% AWSE (all p<0.0001), and 1% 

AWSE (p<0.0005) and both the control groups (ASW and DMSO). There were no 

significant differences between the distributions of deformity score frequencies for any 

of the Rep treatments groups when compared with the Rep control groups. 

Comparisons were also made for treatment groups between the two populations. The 

KC distributions of score frequencies significantly differed from the Rep distributions 

after treatment with BaP+FL, 3% AWSE, 5% AWSE (all p<0.0001), and 1% AWSE 

(p<0.0005), but not in either of the control groups. 
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Figure 5. Cardiovascular deformity score averages at 6 dpf  

Error bars represent mean ± SEM. Bars marked with different letters are significantly 

different from each other after corrections for multiple comparisons (Fisher’s Exact 

Test). 

2.3.4 F1 Generation Embryo Bioenergetic Assessment 

Across all points measured within the 24-36 hpf time course, Rep embryos had 
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embryos was at 24 hpf (p<0.05), completion of a 2-way ANOVA revealed that 

population and time were both statistically significant factors (p<0.005 and p<0.0001, 

respectively). This trend was also observed during the 24 hpf-120 hpf series (Figure 6b-

e). The only time point when the untreated (ASW control) Rep embryos significantly 

differed from untreated KC embryos was at 48 hpf (p<0.05), although statistical 

significance was also almost achieved at 24 hpf (p<0.06).  
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Figure 6. Basal OCR of Rep and KC embryos exposed to control conditions (ASW) or 

1% (v/v) AWSE during development  

Filled black circles represent untreated (ASW control) KC embryos, open black circles 

represent treated (1% AWSE) KC embryos, closed gray squares represent untreated 

Rep embryos, and open gray squares represent treated Rep embryos. Error bars 

represent mean ± SEM. (a) 12-hour time course of basal OCR values from 24-36 hpf. 

Both time and population were significant factors (p<0.0001 and p<0.002, respectively). 

Rep groups marked with * are significantly different than KC groups at p<0.05 (2-way 

ANOVA). (b-e) Measurements of basal OCR in untreated and treated (1% AWSE) Rep 

and KC embryos at 24, 48, 72, 96, and 120 hpf, respectively. Values marked by 

different letters are significantly different than each other at p<0.05 (unpaired t-test or 

2-way ANOVA). 

24 25 26 27 28 29 30 31 32 33 34 35 36
200

250

300

350

400

450

Hours Post Fertilization (hpf)

O
C

R
(p

m
o

l/
m

in
)

*

Kings Creek Republic
200

250

300

350

400

450

24 hpf

O
C

R
(p

m
o

l/
m

in
)

p=0.057

KC Control

Rep 1% AWSE

KC 1% AWSE

Rep Control

Kings Creek Republic
300

350

400

450

500

48 hpf

O
C

R
(p

m
o

l/
m

in
)

a
a,b

b b

Kings Creek Republic
300

350

400

450

500

72 hpf

O
C

R
(p

m
o

l/
m

in
)

a

b

a a

Kings Creek Republic
300

350

400

450

500

96 hpf

O
C

R
(p

m
o

l/
m

in
)

a

a,b

b

a,b

Kings Creek Republic
300

350

400

450

500

120 hpf

O
C

R
(p

m
o

l/
m

in
)

a
a

a
a

a b

c d

e f



 

35 

Treatment with 1% AWSE did not significantly increase the basal OCR of either 

population when compared to their respective ASW control groups except in Rep 

embryos at 72 hpf. However, Rep embryos treated with 1% AWSE had significantly or 

trending higher basal OCR values at 48 hpf, 72 hpf, 96 hpf, and 120 hpf (p<0.05, p<0.003, 

and p<0.03, p=0.11 respectively) when compared with the ASW control KC embryos.  

2.3.5 F1 Generation Juvenile Respirometry and Bioenergetic 
Assessment 

Whole-organism basal metabolic rates of Rep and KC juvenile fish were not 

significantly different (Figure 7a). However, Rep fish did have a significantly lower 

maximal metabolic rate (p<0.05) which translated to a significantly lower aerobic scope 

(p<0.05) (Figure 7b and 7c, respectively). There were no significant differences found in 

any of the bioenergetic parameters measured between the two populations during ex 

vivo assessments of heart and brain bioenergetics possibly due to the large variability 

between plate replicates (data not shown).  
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Figure 7. F1 juvenile respirometry measurements  

(a) Resting metabolic rates (RMO2) of KC and Rep killifish normalized to body 

weight. (b) Maximal metabolic rates (MMO2) of KC and Rep killifish normalized to 

body weight. (c) Calculated aerobic scope (MMO2-RMO2) of KC and Rep killifish. 

Error bars represent mean ± SEM. Rep groups marked with # are statistically different 

than the corresponding KC groups at p<0.05 (unpaired t-test). 

2.4 Discussion 

2.4.1 Characterization of Killifish from Rep Site as PAH-Resistant 

PAH resistance in Rep killifish was evident during multiple life stages and across 
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BaP and FL, but there was induction after exposures to the complex, creosote-
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simple mixture contained a higher ratio of CYP1A inhibitor to AhR agonist (Clark et al., 

2013); the addition of a CYP1A inhibitor (e.g. FL) into an exposure with an AhR agonist 

(e.g. BaP) reduces the CYP1A activity of the agonist, potentially to levels that allow 

PAH-resistant embryos to display recalcitrance (Wassenberg and Di Giulio, 2004b). 

However, the CYP1A induction seen after exposures of Rep embryos to AWSE 

was a different response than that of F1 embryos from the AW population of PAH-

resistant killifish. Clark et al. (2013) found that there was no significant induction of 

EROD activity in AW embryos after any treatment, including 10% AWSE. One possible 

explanation for this difference may be that there are higher migration rates at the Rep 

site which reintroduces non-resistant killifish into the gene pool, therefore, the killifish 

found at that site are not as resistant to PAH toxicity. Alternatively, creosoting activities 

at the Rep site were stopped two decades prior to activity at the AW Industries site 

which might have altered the composition of PAHs found in the sediment at the Rep site 

and subsequently altered the response of Rep embryos to the AW sediment-based 

extract. Current work is underway to analyze sediment and porewater extracts taken 

from the Republic site for toxicity. A more detailed comparison of results from this 

study and those that utilized similar methods to assess PAH-resistance in AW killifish 

can be found in Supplementary Table A1. 

Rep embryos displayed a complete recalcitrance to the cardiovascular 

deformities normally associated with PAH exposures, even after treatments with 10% 
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AWSE, a level that is lethal for KC embryos (Figure 5). This phenotype was similar to 

the response of the AW killifish population (Clark et al., 2013). The KC population 

predictably displayed deformity score frequency distributions significantly different 

than those of KC control groups and every Rep treatment group (Clark et al., 2010; Clark 

et al., 2013; Wassenberg and Di Giulio, 2004a; Wills et al., 2010). Specifically, moderate to 

severe cardiac deformities were observed in KC embryos with increasing concentrations 

of AWSE, in a dose-dependent manner. For example, treatment with 1% AWSE resulted 

in mostly normal and moderately deformed embryos with only a few severely deformed 

embryos. However, treatment with 5% AWSE resulted in almost all severely deformed 

embryos. 

Previous studies have noted that EROD activity and physiological deformities 

are associated, although our results support the observation that the relationship 

between PAH-induced EROD activity and cardiovascular deformities in ovo is not 

linearly predictable (Incardona et al., 2005, 2006; Wassenberg et al., 2002; Whyte et al., 

2000). In KC embryos, there was reduced EROD activity after exposures to 3% and 5% 

AWSE compared to 1% AWSE, but a higher incidence of the most severe cardiovascular 

deformities in the 3% and 5% treated embryos. This can be explained by a loss of 

localization of the fluorescence in the urinary bladder due to increased incidence of 

severe deformities, as described in Wills et al. (2010), which manifested as decreased 

EROD activity measurements. Additionally, the binary mixture of BaP+FL produced 
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higher incidences of severe cardiovascular deformities than 1% AWSE in KC embryos, 

but did not induce a higher response in CYP1A activity. This was expected due to 

CYP1A inhibition by FL, as described earlier (Wassenberg and Di Giulio, 2004b). In Rep 

embryos, cardiovascular deformities did not track with EROD activity either, although 

for this population EROD activity overestimated the risk of teratogenesis whereas EROD 

activity underestimated the risk of teratogenesis in KC embryos. More specifically, Rep 

embryos that appeared normal during deformity analysis had significantly elevated 

EROD activity.  

Based on the results presented above, we concluded that the Rep population of 

killifish can be characterized as PAH-resistant. Although CYP1A activity was induced in 

AWSE dosed Rep F1 embryos, this was not the case in the PAH-resistant AW embryos; 

CYP1A induction was diminished and often significantly lower than that of KC 

embryos. Further, in both the liver microsomal EROD assay as well as during the 

cardiovascular deformity screening, Rep embryos displayed complete recalcitrance to 

the effects normally associated with PAH exposure and toxicity, clearly demonstrating 

that Rep killifish display PAH-resistant phenotypes across multiple life stages and 

generations. Therefore, we further tested this population for potential bioenergetic 

consequences of this evolved adaptation, the outcomes of which are discussed below. 
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2.4.2 Bioenergetic Consequences of PAH Resistance  

Herein, we report the energetic profiling of F1 Atlantic killifish from embryonic 

and juvenile (approximately 6 months post fertilization) life stages, both of which are 

critical windows for survival to adulthood. These data include basal respiration rates of 

embryos exposed to clean conditions or non-teratogenic doses of a complex PAH 

mixture throughout development. During the 24-36 hpf respirometric time course 

(Figure 6a), a significant increase in basal respiration was measured over time for both 

populations of killifish. The spike in OCR from 24-26 hpf coincides with the timing of 

the transition from blastula to gastrula phases, a point at which the midblastula 

transition occurs and rapid RNA synthesis and mitochondrial biogenesis begin 

(Armstrong and Child, 1965; Dawid et al., 1985; Stackley et al., 2011). Interestingly, the 

OCRs for later time points (48, 72, 96, and 120 hpf) remain relatively constant, around 

350-400 pmol O2/min for KC embryos and 400-450 pmol O2/min for Rep embryos (Figure 

6b-f). This plateau is surprising because these developmental stages encompass 

organodifferentiation, angiogenesis, the onset of cardiovascular function, brain region 

differentiation, increased mitochondrial content of cells, and increased frequency of 

body movements (Armstrong and Child, 1965; Stackley et al., 2011). This is in contrast to 

the work conducted by Stackley et al. (2011) who found that basal respiration in 

zebrafish embryos increased linearly with time and progressing development. Further 

studies are needed to assess respiration later in embryonic development (up to 14 dpf) 
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and into larval phases in order to characterize the increased energy demand and 

dependence on oxidative phosphorylation expected to result from later developmental 

stages and hatching (Stackley et al., 2011). 

In both the 12-hour time course and the measurements taken every 24 hours, 

there was a trend of increased respiration in Rep embryos compared to KC embryos 

(Figure 6). As seen clearly from 24-36 hpf, the difference varied with time, but this trend 

persisted at every time point tested. This is consistent with results found in Oziolor et al. 

(2016) which showed that larvae from one population of non-resistant Gulf killifish had 

a significantly lower basal OCR than two contaminant-resistant populations and one 

other non-resistant population. This difference in basal respiration could be a result of 

several changes within Rep embryos including, but not limited to a) an increased 

demand for ATP production and/or b) inefficient oxidative phosphorylation due to 

damaged mitochondria or perturbed mitochondrial processes associated with chronic 

PAH exposure (Du et al., 2015, 2016b; Jung and Di Giulio, 2010; Meyer et al., 2013). Here, 

we assume that an increased OCR is a negative consequence because this increase means 

that the embryos are respiring closer to their upper or maximal limit of respiration. Once 

that limit is reached, the organism can no longer aerobically respond to alterations in its 

environment. However, we cannot exclude potential benefits from this raise in OCR or 

that Rep embryos have higher maximal respiratory limits than KC embryos, which was 

not measured here, although data discussed later from our juvenile studies does not 
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support that claim. Optimization of the killifish embryo Seahorse XF Analyzer protocol 

for the use of pharmacological agents such as those already used in zebrafish embryos 

(Massarsky et al., 2015; Stackley et al., 2011) would allow for further evaluation of the 

various parameters of energy metabolism (e.g. proton leak, spare capacity, ATP 

turnover, etc.) that could play a role in the differences observed between PAH-resistant 

and non-resistant populations. 

Treatment with 1% AWSE did not have a statistically significant effect on 

respiration rates of killifish embryos from either population when compared to their 

own controls, but potentially could still have a biologically significant effect. It is likely 

that major differences in oxygen consumption rate in embryos are only seen after PAH 

exposures that also cause teratogenic effects and therefore were not seen in this study; 

we purposefully chose embryos that were not visibly deformed during these assays. 

However, it is clear that treatment with 1% AWSE did increase the OCRs of the Rep 

embryos because of the increased differences seen between those embryos and the KC 

control embryos. At 48, 72, and 96 hpf, Rep embryos treated with 1% AWSE had 

significantly higher basal OCR values than KC control embryos. This is in contrast to 

Rep control embryos, which were only significantly different than KC control embryos 

at 48 hpf. This is supported by work conducted in zebrafish which found that exposures 

to individual PAHs and PAH mixtures resulted in increased resting metabolic rates in 

adults (Gerger et al., 2014; Gerger and Weber, 2015). We hypothesize that the significant 
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increase in basal OCR of Rep embryos treated with 1% AWSE was due in part because 

there is a difference in OCR between the populations and in part to an increase in OCR 

after PAH exposures, although the differences are not statistically significant at p<0.05.  

Previous results have shown that AWSE treatments did not affect AW killifish 

during larval mobility, habituation, and novel tank/anxiety behavior assays, or 

swimming performance tests that measured critical swimming speeds compared to KC 

killifish (Brown et al., 2016, 2017). Du et al. (2015, 2016b) also showed that AW killifish, 

but not KC killifish, were resistant to the effects of BaP exposure on oxidative 

phosphorylation. However, current data suggest that embryonic OCR of KC and Rep 

embryos were affected almost equivalently by exposures to AWSE. Although OCR in 

AW embryos have never been tested previously, our embryonic data are in direct 

contrast with existing juvenile AW killifish data- 5 month old AW killifish basal oxygen 

consumption rate was not significantly altered by acute exposures to AWSE (Brown et 

al., 2017)- suggesting an ontogenetic shift in mitochondrial response to PAHs in these 

fish.  

In addition to alterations in embryonic OCR, we also observed differences in 

whole-organismal respiration in Rep F1 juvenile killifish (Figure 7), which indicates that 

changes in metabolic function is potentially a lifelong consequence of PAH resistance 

and/or chronic PAH exposure, not a phenotype seen only at certain phases of 

development. The resting metabolic rate for Rep killifish was not significantly different 
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than that of KC killifish, suggesting that PAH resistance does not impact the organism’s 

ability to meet minimal requirements for metabolic demands (Davoodi and Claireaux, 

2007), which contrasts our embryonic data. The embryos used during our measures of 

basal OCR were not deformed and likely had a better chance of survival to larval and 

juvenile stages than deformed embryos. Our results assert that in Rep killifish the 

increase in basal OCR we see during embryonic development shifts during another 

phase of development, but there is the possibility that embryos that had the highest 

basal OCRs did not survive to juvenile stages and therefore the Rep juvenile resting 

metabolic rate was not significantly different from KC.  

However, the maximal metabolic rate for Rep killifish was significantly lower 

than that of KC fish which resulted in a significantly decreased aerobic scope in Rep 

killifish. As hypothesized by Davoodi and Claireaux (2007), this suggests that Rep 

killifish have an altered ability to utilize energy resources when faced with high energy 

demands which could result in reduced metabolic flexibility in stressful situations. This 

could have important implications for PAH-resistant killifish if they are faced with 

taxing scenarios and need to mobilize energy resources in order to respond to altered 

environmental conditions or other stressors. If this decrease in maximal metabolic rate is 

also present in Rep embryos, which already have an increased basal OCR and 

potentially a limited aerobic scope, their respiratory capacity would be even further 

restricted by this upper bound. Additionally, several physiological functions, including 
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reproduction, growth, and immune responses, could be limited by energetic restraints 

that appear to result from evolved PAH resistance (Jayasundara et al., 2017).  

Further optimization of methodology will be needed to assess whether altered 

mitochondrial function of heart or brain tissues contribute to the whole-organism-level 

metabolic changes observed in Rep killifish. During ex vivo bioenergetic 

experimentation, there was variability within population, both KC and Rep, and tissue 

type in all metabolic parameters (i.e. mitochondrial respiration, reserve capacity, non-

mitochondrial respiration) measured, to the extent that in some cases trends seen in 

initial experimentation reversed in subsequent experimental groups. This could be due 

to inter-individual variability in organ size which affected dosing of pharmacological 

agents used during testing (Jayasundara et al., 2015) or there is simply no significant 

difference in either tissue type between the two populations. As of now, we cannot claim 

that the significant differences in whole-organism aerobic metabolism should be 

attributed to metabolic shifts in heart or brain tissue. However, future work will be 

dedicated to reexamining bioenergetic differences between killifish populations in heart, 

brain, and gonadal tissues.  

The goal of this study was to examine two populations of killifish directly 

removed from their natural environments for differences in tolerance to contaminant 

exposure and energy metabolism. However, one of the lasting questions that arises from 

this work and other work with contaminant-resistant killifish populations is whether the 



 

46 

alterations we see in PAH-resistant populations are due to chronic PAH exposures, 

genetic evolution, or both. From these results and others in Rep, AW, and other ER 

populations (Brown et al., 2017; Jayasundara et al., 2017), we hypothesize that the 

bioenergetic consequences we found are inherited traits that did not arise from direct or 

chronic PAH exposures. On the other hand, it is possible that removal of these fish from 

constant chronic exposure (i.e. their natural environmental conditions) or other 

unknown environmental pressures was the primary cause of the observed changes. All 

current work points to these consequences as an adaptive response to PAHs, but chronic 

exposure could potentially exacerbate or placate the effects of evolutionary resistance. 

2.5 Summary 

Several assays spanning two generations support our conclusion that killifish 

residing at the creosote-contaminated Republic Creosoting Inc. site constitute a PAH-

resistant population. These fish demonstrated recalcitrance of CYP1A induction and 

absence of the usual suite of developmental deformities after PAH exposures, although 

the adaptive response of Rep killifish was slightly less striking than the population of 

killifish previously found at the Atlantic Wood Industries Superfund site. The Rep 

population of killifish also had markedly different measurements of aerobic metabolism, 

observed in two life stages, than a non-resistant population of killifish. Rep F1 killifish 

had higher oxygen consumption rates throughout embryonic development as well as 

lowered aerobic scopes, or reduced metabolic plasticity, at 6 months of age (Davoodi 
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and Claireaux, 2007). These results suggest that populations of killifish that have 

evolved to withstand the toxicity associated with PAHs and inhabit PAH-contaminated 

ecosystems may consequently have altered energy demands or metabolic abilities. Such 

consequences could result in an enhanced vulnerability to other environmental and 

anthropogenic stressors in PAH-resistant killifish. The rapid evolution of certain traits 

that suppress physiological PAH toxicity appear to be beneficial in closed-system 

scenarios and laboratory settings. However, with increasing frequency and severity of 

environmental stressors such as climate change, these adaptations could result in the 

increased susceptibility and vulnerability of populations of this ecologically important 

fish species. 
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3. The Influence of Hypoxia as a Secondary Stressor on 
the Development of PAH-resistant and Naïve Atlantic 
Killifish 

3.1 Introduction 

Heavy anthropogenic presence along coastal regions has led to severe and rapid 

change in aquatic environments (Cloern et al., 2016; Halpern et al., 2015; Ormerod et al., 

2010). Human pressures have exacerbated chemical contamination in coastal 

ecosystems, as well as effects due to global climate change, including alterations in 

temperature and sea level rise (Gavrilescu et al., 2015; Halpern et al., 2015; Ormerod et al., 

2010). As pressure continues to build, there will be an increase in the frequency and 

severity of aquatic multi-stressor scenarios which can include complex interactions of 

both biotic and abiotic factors (Harley et al., 2006; Hoegh-Guldberg and Bruno, 2010).  

Drastic environmental contamination has led to the evolution of populations of 

contaminant-tolerant Atlantic killifish (Fundulus heteroclitus) in estuaries scattered along 

the eastern shore of the United States (Clark et al., 2013; Di Giulio and Clark, 2015; Nacci 

et al., 1999, 2010). Different sub-populations of Atlantic killifish have been found to be 

resistant to a variety of chemical contaminants, including polycyclic aromatic 

hydrocarbons (PAHs), polychlorinated biphenyls (PCBs), dioxins, and methylmercury 

in multiple life stages (Di Giulio and Clark, 2015; Nacci et al., 1999, 2010; Weis, 2002); 

these fish are also often cross-resistant to other types of pollutants and pro-oxidants 

(Clark and Di Giulio, 2012; Meyer et al., 2003; Oziolor et al., 2016). For example, killifish 
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sub-populations captured from the Elizabeth River (VA, USA) have been found to be 

resistant to PAHs due to long-term exposure to creosote contamination. They are also 

cross-resistant to PCBs, some insecticides, and pro-oxidants (Clark and Di Giulio, 2012; 

Clark et al., 2013; Meyer et al., 2003). However, previous studies have found that PAH-

resistant killifish are more susceptible to environmental, bioenergetic, and 

immunological challenges compared to naïve fish (Frederick et al., 2007; Jayasundara et 

al., 2017; Meyer and Di Giulio, 2003). This brings into question how adapted populations 

of killifish will respond to future environmental change. 

Environmental hypoxia is a persistent and widespread effect of both 

anthropogenic stress and natural ecological fluctuations (Diaz and Rosenberg, 2008; 

Jenny et al., 2016). Due to these factors, co-occurrence of hypoxia and environmental 

contaminants are increasingly likely to develop worldwide (Holmstrup et al., 2010). 

Interestingly, hypoxia and PAH co-exposures in developing fish produce synergistic or 

compounding toxicological phenotypes (Dasgupta et al., 2015, 2016; Fleming and Di 

Giulio, 2011; Hedgpeth and Griffitt, 2016; Matson et al., 2008b). While the mechanisms 

by which this occurs are not fully elucidated, there is evidence that because hypoxia 

down-regulates CYP1A (Rahman and Thomas, 2012), it could exacerbate the toxicity of 

AHR agonists found in PAH mixtures to produce these synergistic effects (Fleming and 

Di Giulio, 2011; Wassenberg and Di Giulio, 2004a). 
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Previous work has shown that PAH-resistant embryos are able to tolerate 

synergistic combinations of PAHs that act as AHR agonists and CYP1A inhibitors (Clark 

et al., 2013; Lindberg et al., 2017). Therefore, it is possible that combinations of PAHs and 

hypoxia may not result in synergistic toxicity in PAH-resistant embryos. However, prior 

results have also shown that PAH-resistant killifish are more susceptible to hypoxia 

during larval stages than naïve killifish (Meyer and Di Giulio, 2003; Oziolor et al., 2016). 

This supports the hypothesis that PAH-resistant killifish may actually be more 

susceptible to hypoxia during embryonic development.  

Here, we exposed populations of PAH-resistant and naïve Atlantic killifish to a 

range of concentrations of a real-world complex PAH mixture along with diurnal 

hypoxia throughout the duration of embryonic development. Embryos were evaluated 

for a suite of phenotypic responses to co-exposures and were raised for larval 

evaluations with the goal of better understanding how killifish embryos respond to co-

exposures and whether PAH-resistant embryos are more vulnerable to hypoxia as a 

secondary stressor than naïve embryos. 

3.2 Materials and Methods 

3.2.1 Fish Care and Handling 

Wild Fundulus heteroclitus were collected from the Republic (Rep) (36°47’39.65” 

N, 76°17’31.94” W) and Kings Creek (KC) (37°18’16.2” N, 76°24’58.9” W) sites in the 

summers of 2017 and 2018. Analyses of sediment samples for 32 different PAHs 
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demonstrated that the Rep site contains 295,889 ± 31,268 ng tPAH/g dry sediment, a 

value over 300 times higher than the reference site Kings Creek (947 ± 32 ng tPAH/g dry 

sediment) (Volkoff et al., in review). Fish were maintained in the laboratory at 

approximately 15ppt artificial seawater (ASW) (Instant Ocean, Foster & Smith, 

Rhinelander, WI, USA) and 25-28°C with a 14:10 light:dark cycle and were fed Aquamax 

Fingerling Starter 300 fish feed (PMI Nutritional International, LLC, Brentwood, MO, 

USA). Adults were kept in laboratory conditions for at least one month and treated with 

PraziPro (Hikari Sales USA Inc., Hayward, CA, USA)  before handling occurred.  

Eggs and sperm from reproductive-age males and females were collected 

manually and placed in large beakers with 20 ppt ASW. After mixing with sperm, eggs 

were given one hour to complete fertilization after which they were washed with a 0.3% 

hydrogen peroxide (VWR International, Radnor, PA, USA)-20 ppt ASW solution. All 

fertilized embryos were kept in an incubator at 28°C until use. 

The Duke University Institutional Animal Care and Use Committee approved all 

of the care, handling, and techniques used during this work (protocol number A139-16-

06). 

3.2.2 Chemicals  

Ethoxyresorufin was purchased from Sigma-Aldrich (St. Louis, MO, USA). 

Elizabeth River sediment extract (ERSE) was prepared previously according to the 
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methods of Clark et al. (2013) and was characterized for PAH content by Fang et al. 

(2014). Tricaine was purchased from Acros Organics.  

3.2.3 Embryonic Exposures 

At 23 hours post fertilization (hpf), embryos were screened for viability and 

developmental stage. Viable embryos displaying a partially developed body axis were 

exposed individually with 10 mL exposure solution in glass scintillation vials (Wheaton, 

Millville, NJ, USA). Both KC and Rep embryos were placed in either a control solution 

(20 ppt ASW) or 0.5% 1%, 3%, or 5% (v/v) ERSE solutions at 24 hpf. Exposure solutions 

were supplemented to contain 21 µg/L ethoxyresorufin for embryos designated for the 

ethoxyresorufin-o-deethylase (EROD) assay. Diurnal hypoxia exposures took place in a 

Heracell Vios 160i CO2 incubator (Thermo Fisher Scientific, Waltham, MA, USA) with 

bubbling in of nitrogen gas until the desired air oxygen concentration of 5% was 

reached. Initial hypoxia exposures (2.52  0.15 mg/L O2 after 16 hours) began at 32 hpf 

and continued for 16 hours, overnight. After the initial hypoxic period, embryos were 

given 8 hours of reoxygenated conditions (7.59  0.09 mg/L O2 after 8 hours) before 

being placed under hypoxic conditions once again. This 16:8 hour cycle continued for 

the duration of the exposure period, until 14 dpf. Figure 8 depicts one 24-hour dissolved 

oxygen cycle under these conditions. Exposures were conducted in this manner due to 

previous work which found that continuous exposure to hypoxia during embryonic 

development resulted in mortality for all hypoxia-exposed groups (Rodgers et al., 2018) 
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and previous data which has shown that many estuaries around the United States 

exhibit daily fluctuations in dissolved oxygen content (Ross et al., 2001). Three 

experimental replicates of these procedures took place with a total n of 15 per treatment 

group for each endpoint.  

 

Figure 8. Dissolved oxygen levels in exposure vials over a 24-hour measurement 

Measurements were taken once every hour for 8 hours, then once every 4 hours until 

the end of the 16-hour period of hypoxia. Afterwards, vials were removed from 

hypoxic conditions and placed into ambient air. Measurements were again taken once 

every hour until the end of the normoxic period (8 hours total). This cycle comprised a 

single 24-hour period and was repeated every day for 14 days. Error bars indicate 

mean ± SEM (some error bars are not visible because they overlap with the mean 

symbol; n=6 per timepoint). 
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3.2.4 EROD Activity Assay 

At 4 dpf, embryos were removed from vials and EROD activity, an indicator of 

CYP1A enzyme activity, was measured according to the protocols described in 

Wassenberg and Di Giulio (2004b). Fluorescence localized to the urinary bladder was 

assessed using a ZEISS Axioskop (Carl Zeiss Inc., Oberkochen, Germany) and was 

analyzed with IPLab software (v. 3.55). All EROD values for KC and Rep treatments 

were expressed as fold change compared to the KC control treatment group response. 

After imaging, embryos were placed back into their respective vials until 6 dpf when 

cardiac deformity screenings occurred.  

3.2.5 Cardiovascular Deformity Screening & Heart Rate Assessments 

At 6 dpf, under a Nikon SMZ1500 light microscope (Tokyo, Japan), cardiac 

abnormalities were recorded in a blind assessment. Deformities were scored either as a 0 

(normal), 1 (moderate deformity) or 2 (severe deformity), as described in Matson et al. 

(2008a). 

At 7 and 14 days post fertilization (dpf), embryos were again viewed under the 

light microscope. Each embryo was monitored for the number of heart beats in 15 

seconds, the value for which was used to calculate beats per minute. 

3.2.6 Hatch Rate and Mortality  

After the heart rate assessment at 14 dpf, embryos were removed from their 

exposure vials and placed as treatment groups into clean petri dishes with 
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approximately 10 mL of 20 ppt ASW. Dishes were placed on a rotating surface to 

simulate tidal flow and promote hatching for approximately 2-3 hours each day until all 

embryos had hatched or were determined to be dead. The number of embryos that 

hatched per day from each treatment group was recorded. During this period, embryos 

were also monitored for mortality. An embryo was considered dead if there was no 

visible heartbeat or movement in the fins, head, or tail. 

3.2.7 Larval Assessments 

Embryos that hatched were collected, anesthetized with a 4% tricaine solution, 

and imaged with a Keyence BZ-X710 microscope (Osaka, Japan). These images were 

used to measure larval body length, yolk sac area, and pericardial area, and to assess 

larvae for other noticeable deformities. Measurements were taken and recorded using 

Fiji (ImageJ v2.0; Schindelin et al., 2012). 

3.2.8 Data Analysis 

All analyses were performed using GraphPad Prism 7.0b (GraphPad Software, 

Inc., La Jolla, CA, USA), R version 3.4.2, and the Fisher’s Exact Test online calculator 

(DanielSloper.com). Individual embryos were the unit of replication. EROD activity, 

heart rate, hatch rate, and larval endpoints were analyzed using a 3-way ANOVA and 2-

way ANOVA, and Fisher’s LSD test for multiple comparisons. Cardiovascular 

deformities were analyzed with the non-parametric Fisher’s Exact Test to test for 

significant differences in the frequency of scores observed for each treatment. Time to 
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hatch was analyzed through comparison of the medians of each treatment group with a 

non-parametric Friedman’s test and posthoc Dunn’s test. All datasets were analyzed for 

normality using the Shapiro-Wilk Test.  

3.3 Results 

3.3.1 Embryonic EROD Activity Assay, Cardiovascular Deformity 
Assessment, and Heart Rate Assessment 

Exposure to all concentrations of ERSE induced CYP1A activity in KC embryos 

(Figure 9; all p<0.0001); inductions ranged from approximately 12-35 fold higher than 

KC control embryos. Only exposures to 1% and 5% ERSE resulted in statistically 

significant EROD induction in Rep embryos compared to KC control embryos (both 

p<0.05). However, induction due to all concentrations ranged from only 2-6 fold higher 

than KC control embryos. Hypoxia reduced the CYP1A activity induced by ERSE 

exposures in both KC and Rep embryos. In the case of Rep embryos, this reduction 

resulted in levels of CYP1A activity that were no longer statistically distinguishable 

from KC controls. For KC embryos, hypoxia exposures reduced the CYP1A activity 

induced by ERSE, but activity was still induced compared to KC controls (all p<0.05). 

Population, ERSE treatment, and hypoxia exposures were all individually 

sources of variation (3-way ANOVA; all p<0.0001). The Population x ERSE x Hypoxia 

interaction term was also a statistically significant source of variation (p<0.0001). 



 

58 

 

Figure 9. EROD activity after PAH and hypoxia exposures  

Kings Creek and Republic embryos were exposed to ERSE with and without diurnal 

hypoxia and were assessed for in ovo CYP1A activity, reported as fold change of 

Kings Creek control embryos, at 4 dpf. Statistical differences were assessed through 

the use of 3-way and 2-way ANOVAs with posthoc Fisher’s LSD. Different letters 

indicate statistical differences within an ERSE treatment group (2-way ANOVA; 

p<0.05) and asterisks indicate statistical differences when compared to the Kings 

Creek control value (3-way ANOVA; p<0.05). Error bars represent mean  standard 

error, n=15 per treatment group. 

As ERSE concentrations increased, KC embryos more frequently developed 

cardiovascular deformities and experienced increasing severity of deformities (Figure 

10). Exposures to 3% and 5% ERSE resulted in statistically significant alterations in the 

frequency of deformity scores compared to KC controls (p<0.0001). ERSE exposures did 

not result in alterations in the frequency of deformity scores in Rep embryos compared 

to KC controls. The only concentration of ERSE where simultaneous hypoxia exposure 

altered the deformity frequency or severity was 1% (p<0.005). Otherwise, ERSE 
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exposures alone and hypoxia+ERSE exposures resulted in statistically indistinguishable 

frequency of deformity scores. 

 

Figure 10. Cardiovascular deformity assessment after PAH and hypoxia co-exposures 

Kings Creek and Republic embryos were exposed to ERSE with and without diurnal 

hypoxia and were assessed for cardiovascular deformities, specifically string heart, at 

6 dpf. Statistical differences were assessed as differences in the frequency of 

deformity scores through the use of a Fisher’s Exact Test and subsequent Bonferroni 

correction. Different letters indicate statistical differences within an ERSE treatment 

group (p<0.0125) and asterisks indicate statistical differences when compared to the 

Kings Creek control value (p<0.0026). Error bars represent mean  standard error, n=15 

per treatment group. 

Trends in heart rate changes were similar at 7 and 14 dpf (Figures 11a and 11b, 

respectively). In KC embryos, 1%, 3%, and 5% ERSE exposures resulted in significantly 

reduced heart rate compared to KC controls, with more severe declines at higher 

concentrations, corresponding to increasing severity of cardiovascular deformities (all 
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but 7 dpf 1% ERSE p<0.005). In Rep embryos, there was no significant alteration in heart 

rate due to ERSE exposures. In both populations, hypoxia reduced heart rate, with and 

without ERSE (all p<0.001). Rep and KC embryos were similarly affected at all ERSE 

concentrations except for hypoxia+3% ERSE and hypoxia+5% ERSE at 14 dpf, when KC 

embryos experienced more severe declines in heart rate than Rep embryos (both 

p<0.0001).  

 

Figure 11. Heart rate assessment 

Kings Creek and Republic embryos were exposed to ERSE with and without diurnal 

hypoxia and were assessed for heart rate, reported as the number of heart beats per 

minute, at A) 7 dpf and B) 14 dpf. Statistical differences were assessed through the 

use of 3-way and 2-way ANOVAs with posthoc Fisher’s LSD. Different letters 

indicate statistical differences within an ERSE treatment group (2-way ANOVA; 

p<0.05) and asterisks indicate statistical differences when compared to the Kings 

Creek control value (3-way ANOVA; p<0.05). Error bars represent mean  standard 

error, n=15 per treatment group. 
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3.3.2 Embryonic Hatching and Mortality 

ERSE exposures alone significantly reduced hatch rate in KC embryos, but not 

Rep embryos (Figure 12a). When combined with hypoxia, increasing concentrations of 

ERSE resulted in decreased hatch rates in both populations. KC and Rep embryos 

responded similarly to hypoxia+ERSE, up until 3% and 5% ERSE exposures, when KC 

embryos were more severely affected than Rep embryos. The mortality rate of exposures 

was exactly the same as the hatch rate (i.e. embryos that did not hatch eventually died), 

specific values for which can be found in Table 1. 

 

Table 1. Survival assessment after 14-day exposures 

Kings Creek and Republic embryos were exposed to ERSE with and without diurnal 

hypoxia and were assessed for percent survival. Values represent mean  standard 

error, n=3 replicates, with 10 embryos per replicate. Asterisks indicate statistical 

differences compared to KC control (normoxia) values (p<0.05; 3-way ANOVA, 

Fisher’s LSD). 

 Kings Creek 

Normoxia 

Kings Creek 

Hypoxia 

Republic 

Normoxia 

Republic 

Hypoxia 

Control 100.0  0.0 67.8  13.9* 100.0  0.0 77.5  5.6* 

0.5% ERSE 73.3  13.3* 63.3  8.8* 93.3  6.7 50.1  8.5* 

1% ERSE 86.7  6.7 33.3  6.7* 95.8  4.2 42.1  4.8* 

3% ERSE 23.3  14.5* 0.0  0.0* 95.8  4.2 49.9  8.5* 

5% ERSE 0.0  0.0* 0.0 0.0* 100.0  0.0 29.5  17.3* 
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Figure 12. Hatching assessments after 14-day exposures 

Kings Creek and Republic embryos were exposed to ERSE with and without diurnal 

hypoxia and were assessed for A) hatch rate and B) time to hatch. Statistical 

differences of hatch rate were assessed through the use of 3-way and 2-way ANOVAs 

with posthoc Fisher’s LSD. Different letters indicate statistical differences within an 

ERSE treatment group (2-way ANOVA; p<0.05) and asterisks indicate statistical 

differences when compared to the Kings Creek control value (3-way ANOVA; p<0.05). 

Error bars represent meanstandard error, n=3 replicates. Statistical differences of 

time to hatch where assessed through a Friedman’s rank test and posthoc Dunn’s test. 

Lines indicate the median time to hatch of each treatment group and points represent 

individual embryos. Asterisks represent statistical differences compared to  Kings 

Creek controls and different letters represent significant differences within a 

population. Depending on survival rates, n=0-15 per treatment group. N/A indicates 

that no embryos survived to hatch. 
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Hypoxia exposures lengthened time to hatch in both KC and Rep embryos 

(p<0.05; Figure 12b). The median time to hatch for all normoxic embryos, except KC 3% 

ERSE, was between 14-17 dpf, while the median time to hatch for all hypoxic embryos 

was between 23-28 dpf. Time to hatch was also lengthened by 3% ERSE exposures in 

both populations and 5% ERSE exposures in Rep embryos (no KC embryos survived 

after exposures to 5% ERSE). 

3.3.3 Larval Body Length, Pericardial Area, and Yolk Sac Area.  

There were rarely consistent trends in effects on body length, yolk sac area, or 

pericardial area at hatch for any treatment group (Figures 13a, 13b, and 13c, 

respectively). This may be due to a survivor’s bias, especially after hypoxia exposures; 

only embryos healthy enough to hatch actually could and therefore only the healthiest of 

embryos from the more severe treatment groups survived until imaging.  

There were no statistical differences between treatment groups or populations in 

the body length and yolk sac area measurements (Figure 13a and 13b, respectively). 

However, in measurements of pericardial area (Figure 13c), KC embryos exposed to 

0.5% and 1% ERSE, with and without hypoxia, had larger larval pericardial areas at 

hatch when compared to KC Control embryos. KC embryos exposed to 0.5% ERSE and 

H+0.5% also had larger pericardial areas at hatch compared to Rep H+0.5% larvae. Rep 

embryos exposed to H+3% had smaller pericardial areas when compared to 3% ERSE 

alone, again pointing to a survivor’s bias due to hypoxia exposures. 
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Figure 13. Assessments of larval endpoints after 14-day exposures  

Kings Creek and Republic embryos were exposed to ERSE with and without diurnal 

hypoxia and were assessed for A) body length, B) yolk sac area, and C) pericardial 

area. Statistical differences were assessed through the use of 2-way ANOVAs with 

posthoc Fisher’s LSD. Different letters indicate statistical differences within an ERSE 

treatment group (2-way ANOVA; p<0.05) and asterisks indicate statistical differences 

when compared to the Kings Creek control value (2-way ANOVA; p<0.05). Error bars 

represent meanstandard error, n=10-15 per treatment group depending on survival. 
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3.4 Discussion 

3.4.1 Responses of PAH-resistant Atlantic killifish to hypoxia and 
PAH co-exposures  

Combined, the morphological endpoints assessed in this study suggest that 

PAH-resistant embryos are less vulnerable to the toxic interactions between PAH and 

hypoxia co-exposures than naïve embryos. Fewer Rep embryos exposed to the most 

severe hypoxia+ERSE treatment groups developed cardiovascular deformities and more 

were able to hatch and survive until larval stages than their KC counterparts. This is not 

necessarily surprising considering that PAH-resistant embryos are also resistant to 

combinations of complex PAH mixtures or AHR agonists with CYP1A inhibitors (Clark 

et al., 2013; Lindberg et al., 2017). However, these results contrast with previous work 

that has shown PAH-resistant killifish larvae to be more vulnerable to acute hypoxia 

exposures than naïve larvae (Meyer and Di Giulio, 2003). These differing results are 

further proof that the timing, duration, and magnitude exposures during embryonic and 

larval development could be crucial to organismal sensitivity and survival.  

3.4.2 Interactions between PAH and hypoxia co-exposures in Atlantic 
killifish 

Results for the EROD activity assay appeared as expected (Figure 9), with PAH 

exposures inducing CYP1A activity in KC embryos, but to a much lesser extent in Rep 

embryos, and hypoxia greatly reducing this activity in both populations, supporting 

previous work showing that hypoxia restricts enzymatic CYP1A activity (Allen et al., 
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2005; Dasgupta et al., 2016; Fleming and Di Giulio, 2011; Matson et al., 2008b; Rahman 

and Thomas, 2012).  

However, surprisingly, hypoxia did not appear to greatly exacerbate the 

cardiotoxicity caused by ERSE exposures (Figure 10; Figure 13c). In most cases, the 

embryos that could hatch after exposures did not appear to have structural defects; this 

is exemplified by the few hatched KC embryos exposed to 3% ERSE that showed no 

difference in pericardial area when compared to KC control embryos. These results 

diverge with what has been found with ERSE and hypoxia co-exposures in zebrafish 

and medaka larvae (Fleming and Di Giulio, 2011; Mu et al., 2017), as well as what has 

been shown for combinations of individual PAHs with hypoxia in zebrafish (Matson et 

al., 2008b), and combinations of PAHs with CYP1A inhibitors in killifish embryos (Clark 

et al., 2013; Lindberg et al., 2017; Wassenberg and Di Giulio, 2004a, 2004b), all of which 

point to hypoxia exacerbating the cardiotoxic effects of PAH exposures. Previous work 

in Atlantic killifish has shown that this species can quickly (i.e. within days) acclimate to 

changes in their environment (Whitehead et al., 2011); it is possible that these embryos 

were able to acclimate to hypoxia exposures at some point during the relatively long 

exposure period, which may account any for species-specific differences in responses to 

PAH and hypoxia co-exposures. 

Interestingly, while the hearts of killifish embryos co-exposed to ERSE and 

hypoxia did not appear to be more structurally deficient than with ERSE exposures 
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alone, their function was clearly perturbed by hypoxia exposures. Hypoxia resulted in 

decreased heart rate in every treatment group, regardless of ERSE treatment or 

population (Figure 11). Bradycardia is a known response of teleost species to hypoxia 

and has been documented previously in several fish species and discussed at length 

(Lefrançois and Claireaux, 2003; Shang and Wu, 2004). ERSE exposures alone also 

resulted in decreased heart rate, however this was associated with increases in the 

severity of cardiovascular deformities. In KC embryos, there appeared to be a slight 

exacerbation in the effects of hypoxia on heart rate with concurrent ERSE exposure, 

which is visible in the 3% and 5% ERSE treatment groups and especially apparent at the 

14 dpf time point (Figure 11b). This is a similar response to what has been found with 

combinations of hypoxia and the PAH phenanthrene in zebrafish embryos (Cypher et al., 

2017). 

Additionally, there were no apparent trends or major differences in larval body 

length or yolk sac area that could be attributed to either hypoxia or PAH exposures 

(Figures 13a and 13b, respectively). This is surprising given that hypoxia exposed 

embryos were up to 24 days older at hatch than embryos kept under normoxic 

conditions (Figure 12b); at 38 dpf the yolk sac should be completely depleted and the 

larvae should have grown substantially in length (Armstrong and Child, 1965). While 

there were no observed delays in organo-differentiation in hypoxia-exposed embryos, it 

is possible that other aspects of their development were delayed and caused this large 
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shift in time to hatch. Alternative theories behind this shift could be that 1) hypoxia 

exposures stunted the growth of these embryos, a factor that may be important for their 

ability to hatch or 2) that hypoxia exposures influenced important hormonal pathways 

involved in hatching, which only stabilized once embryos were under normoxic 

conditions for several days. Further experimental testing is required to address these 

hypotheses. 

3.5 Conclusions 

The findings discussed herein led us to several conclusions: 1) while PAH-

resistant killifish were previously found to be more vulnerable during larval stages to 

co-exposures of PAHs and hypoxia compared to naïve killifish, PAH resistance appears 

to be protective of the toxicity caused by PAH and hypoxia co-exposures during 

embryonic stages. These results provide further evidence that timing of exposures and 

developmental stage during exposures are crucial for determining the toxic effects of 

stressors in developing organisms; 2) although other fish species have shown evidence 

of synergistic developmental cardiotoxicity resulting from PAH and hypoxia co-

exposures, there were few apparent interactions in cardiovascular endpoints resulting 

from PAH and hypoxia co-exposures in killifish embryos. These results highlight that 

even closely related model organisms can exhibit differential responses to the same 

multi-stressor exposures; and 3) killifish embryos co-exposed to PAHs and hypoxia did 

not exhibit expected phenotypic toxicity due to co-exposures; however, there was 
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evidence for other interactions between PAHs and hypoxia in both PAH-resistant and 

non-resistant populations. Our results support assertions that multiple stressor 

exposures cause unpredictable types and severity of toxicity. Additionally, even if the 

organism has been found to tolerate one stressor, it does not mean that they would able 

to tolerate that same stressor when simultaneously exposed to others.  

Overall, this study underlines the need for future research to focus on 

assessments of toxicity due to both individual- and multi-stressor exposures. With this 

information, we will be able to better understand exposures scenarios that organisms 

face regularly in their natural environments and provide predictions for how multi-

stressor scenarios could influence organismal and environmental health. 
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4. Polycyclic Aromatic Hydrocarbon and Hypoxia 
Exposures Result in Mitochondrial Dysfunction in 
Zebrafish 

This chapter was submitted for publication in the journal Aquatic Toxicology as an 

original research article of the same title. CD Lindberg and RT Di Giulio were listed as 

authors on this manuscript. Formatting changes were made to ensure consistency with 

this dissertation. 

4.1 Introduction 

Multi-stressor considerations are fundamentally important to the study of 

human and environmental health. In their natural environment, organisms are exposed 

to a suite of chemical contaminants, environmental perturbations, and physiological 

stressors. Frequently, these co-exposures result in unpredictable phenotypes and 

severity of toxicity (Holmstrup et al., 2010; Sokolova, 2013). Investigations into the 

mechanistic underpinnings of multi-stressor exposures are necessary to increase the 

environmental and physiological relevance of laboratory toxicity assessments 

(Holmstrup et al., 2010; Todgham and Stillman, 2013). 

Here, we focus on an increasingly prevalent environmental stressor, hypoxia, 

and the ubiquitous class of organic compounds, polycyclic aromatic hydrocarbons 

(PAHs). These stressors regularly occur simultaneously in the environment, as with 

pollution of oxygen-depleted water bodies (Adcroft et al., 2010; Diaz and Rosenberg, 

2008; Whitehead, 2013). Additionally, hypoxia and PAHs can also co-occur on a cellular 
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level, including in human tissues and the fetal environment (Abbott and Winzer-Serhan, 

2012; Burstyn et al., 2005; Choi et al., 2008; Dunwoodie, 2009; Viau et al., 2000; Vorrink 

and Domann, 2014). Of the known reports on hypoxia and PAH mixture co-exposures, 

all have described additive and even synergistic toxicity for multiple developmental, 

molecular, and transgenerational endpoints (Dasgupta et al., 2015, 2016; Fleming and Di 

Giulio, 2011; Hedgpeth and Griffitt, 2016; Negreiros et al., 2011). While the toxicological 

mechanisms for exposures to both stressors individually have been well-studied (Brette 

et al., 2014; Incardona et al., 2006, 2011; Richards, 2009; Timme-Laragy et al., 2007), there 

have been inconsistencies stemming from investigations into mechanistic underpinnings 

of interaction between the two (e.g. Matson et al., 2008b). The overarching aim of this 

study was to explore under-examined endpoints in which this compounding toxicity 

could occur, below concentrations which result in the well-studied cardio-toxic effects 

(Fleming and Di Giulio, 2011; Matson et al., 2008b). 

Both PAH and hypoxia exposures are known to cause mitochondrial dysfunction 

(i.e. disruption in energy production) and a loss of mitochondrial integrity (i.e. 

interference with mitochondrial membrane dynamics, structure, or DNA). Under 

hypoxic conditions, molecular oxygen, the terminal electron acceptor of the electron 

transport chain, is limited in cells and tissues. This severely reduces the production of 

ATP through oxidative phosphorylation and results in a corresponding shift in 

metabolic processes and signaling (Ivanina et al., 2016; Solaini et al., 2010; Zhang et al., 
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2008). Unless energy consumption is reduced, prolonged reliance on anaerobic 

mechanisms of energy production, along with extended periods of low ATP availability, 

eventually lead to cell and tissue death.  

PAHs, highly lipophilic compounds, accumulate in mitochondria because of 

their dense lipid membranes (Li et al., 2003; Meyer et al., 2013). In cell lines, PAH 

exposures have been shown to alter mitochondrial membrane potential and 

mitochondrial mass and permeability (Xia et al., 2004). PAHs can also be metabolized to 

reactive derivatives within mitochondria due to the activity of localized cytochrome 

P450s (CYPs) (Bansal et al., 2014; Meyer et al., 2013); this can lead to enhanced and 

irreparable mitochondrial DNA damage (Ballinger et al., 1996; Jung et al., 2009; Meyer et 

al., 2013). Additionally, PAH exposures in embryonic Fundulus heteroclitus resulted in 

increased routine respiration (Lindberg et al., 2017). While these mechanisms of toxicity 

are different from those observed under hypoxic conditions, it is possible that co-

exposures can result in compounding toxicity. In addition, both stressors can cause 

increased formation of reactive oxygen species, which have been directly linked to 

changes in mitochondrial function (Solaini et al., 2010; Xia et al., 2004). Here, we 

hypothesized that due to the evident mitochondrial toxicity that results from both types 

of exposure, enhanced mitochondrial dysfunction could be an outcome observed during 

co-exposures of PAHs and hypoxia that do not cause overt teratogenicity. 
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To test this hypothesis, we utilized zebrafish (Danio rerio), a model increasingly 

prevalent in research regarding both human and ecological health assessments. 

Zebrafish allow for the unique opportunity to measure alterations in mitochondrial 

function in vivo directly after chemical or environmental perturbations (Stackley et al., 

2011). Their small size, high breeding capacity, transparency during embryonic 

development, and ease of genetic manipulation permit rapid and in-depth mechanistic 

studies. These factors are especially important when considering the difficulty of 

measuring the effects of hypoxia and re-oxygenation, as well as mitochondrial function, 

in live vertebrate organisms (Meyer et al., 2018). 

We exposed zebrafish embryos to a non-teratogenic concentration of an 

environmental PAH mixture and hypoxia and assessed them for alterations in 

mitochondrial function and integrity. Separately, PAH and hypoxia exposures resulted 

in diverse mitochondrial responses. However, we observed limited evidence of 

mitochondrial interactions between the two stressors. These results do not support our 

hypothesis that interactive mitochondrial dysfunction results from co-exposures. 

Regardless, this work provides insights into the toxicological mechanisms and 

consequences underlying sub-teratogenic exposures to the individual stressors in vivo. 

4.2 Materials and Methods 

4.2.1 Fish Care and Handling  
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The Duke University Institutional Animal Care and Use Committee approved all 

care, handling, and techniques used during this work (Protocol # A139-16-06). 

Adult zebrafish (Ekkwill) were maintained in the laboratory at approximately 28 

°C with a 14:10 light:dark cycle. They were fed once per day with Artemia franciscana 

(Brine Shrimp Direct, Ogden, UT, USA) and once per day with Zeigler Adult Zebrafish 

Diet (Zeigler Bros., Inc., Gardners, PA, USA). During spawning, adults were placed in 

groups of 5 (2 males and 3 females) in breeding tanks. They were given one hour to 

breed after which embryos were collected and stored in an incubator at 28 °C until use. 

At approximately 5 hpf, embryos were screened for proper development and age-

matched for exposures. Embryos were only used during exposures if they had a 

developed germ ring and were approaching the shield stage. This is crucial as 

developmental stage greatly influences cellular bioenergetics and embryonic oxygen 

consumption (Stackley et al., 2011). 

4.2.2 Chemicals 

Elizabeth River sediment extract (ERSE) was prepared previously according to 

the methods of Clark et al. (2013) and was characterized for PAH content by Fang et al. 

(2014). ERSE is a real-world, complex PAH mixture derived from creosote-contaminated 

sediment obtained from the Atlantic Wood Industries Superfund Site in the Elizabeth 

River (VA, USA; 36°48′27.2″ N, 76°17′38.1″ W). It was previously analyzed and found to 

contain approximately 5,073  409 g/L of 36 selected PAHs (Fang et al., 2014). Dimethyl 
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sulfoxide (DMSO), pronase, carbonyl cyanide-4-(trifluoromethoxy)phenylhydrazone 

(FCCP), oligomycin, and sodium azide (NaN3) were purchased from Sigma-Aldrich (St. 

Louis, MO, USA). Embryos were kept in 30% Danieau’s solution (58 mM NaCl, 0.7 mM 

KCl, 5 mM HEPES (pH 7.1-7.3), 0.4 mM MgSO4, and 0.6 mM Ca(NO3)2). KCl, HEPES, 

and MgSO4 were purchased from VWR International (Radnor, PA, USA), NaCl was 

purchased from Macron (Avantor Performance Materials Inc., Center Valley, PA, USA) 

and Ca(NO3)2 was purchased from Alfa Aesar (Haverhill, MA, USA). 

4.2.3 Embryonic Exposures and Staging  

At 6 hpf, embryos were placed in pairs in 7.5 mL exposure media in glass 

scintillation vials (Wheaton, Millville, NJ, USA). Exposure media included a control 

solution (Danieau’s media) or a 0.5% (v/v) ERSE solution, a concentration that does not 

cause teratogenesis in zebrafish (Fleming and Di Giulio, 2011;  Table 2).  

Table 2. Incidences (%) of deformities seen after exposures at 30 hpf  

(n=20 per treatment) 

Deformity Incidence of Deformity (% incidence; mean ± SE) 

Control Hypoxia 0.5% ERSE Hypoxia+ERSE 

Pericardial Edema 0.00 ± 0.00 0.00 ± 0.00 5.00 ± 5.00 10.00 ± 5.77 

Yolk Sac Edema 5.00 ± 5.00 0.00 ± 0.00 10.00 ± 5.77 0.00 ± 0.00 

Yolk Extension 

Abnormality 

5.00 ± 5.00 0.00 ± 0.00 0.00 ± 0.00 5.00 ± 5.00 

Underdeveloped 0.00 ± 0.00 5.00 ± 5.00 0.00 ± 0.00 0.00 ± 0.00 
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Hypoxia exposures (5% O2 air saturation, 2.56  0.13 mg/L O2 after 24-hour 

incubation) began at 6 hpf and were conducted in a Heracell VIOS 160i incubator 

(Thermo Fisher Scientific Inc., Waltham, MA, USA). To create and maintain oxygen 

conditions, nitrogen gas was bubbled into the sealed incubator. Air within the chamber 

reached 5% O2 saturation within 45 minutes. Oxygen conditions in the exposure vials 

were monitored once every hour for 9 hours and then once every 5 hours until the 24-

hour exposure time was complete (Figure 14). Oxygen concentrations were measured 

with a Fibox 3 fiber optic oxygen probe and transmitter (PreSens Precision Sensing 

GmbH, Regensburg, Germany). Half of the embryos were placed in hypoxic conditions 

and half were placed in normoxic (7.64  0.04 mg/L O2 after 24-hour incubation) 

conditions. This resulted in 4 treatment groups: normoxia + control (CON), hypoxia + 

control (HYP), normoxia + 0.5% ERSE (ERSE), and hypoxia + 0.5% ERSE (H+E). Embryos 

were kept in exposure vials (2 embryos per vial) at 28 C for 24 hours (until 30 hpf). 



 

77 

 

Figure 14. Oxygen concentrations in exposure vials over 24-hours of 5% O2 exposure 

Measurements were taken once every hour for 9 hours and then once every 5 hours 

until the end of the exposure period (24 hours). Error bars indicate mean ± SEM (some 

error bars are not visible because they overlap with the mean symbol; n=3-8 per 

timepoint). 

After the 24-hour exposure, embryos were removed from exposure conditions 

and either used immediately, flash frozen, or placed into small (3-inch diameter) glass 

petri dishes containing clean 65ppm artificial seawater (ASW; Instant Ocean, Foster & 

Smith, Rhinelander, WI, USA) solution or Danieau’s media (1 mL per embryo) for 

recovery periods. Time points included no recovery (0h), 45-minute recovery (45min), 5-

hour recovery (5h), and 18-hour recovery (18h) periods. These periods correspond to 30 

hpf, 30.75 hpf, 35 hpf, and 48 hpf, respectively. Due to calibration requirements of the 
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Seahorse Extracellular Flux Analyzer, endpoints could not be collected at the 0h 

timepoint.  

Embryos were monitored at each recovery time point for developmental stage 

using the methods of Kimmel  et al. (1995) as a guide. Assessments included presence of 

heartbeat and circulation, head trunk angle (HTA), yolk extension to yolk ball ratio 

(YE/YB), and standard length. Images of individual embryos were captured using a 

Nikon SMZ1500 and Digital Sight Camera (Nikon, Tokyo, Japan) and were measured 

with Fiji (ImageJ v2.0; Schindelin et al., 2012). Additionally, larvae were assessed for 

incidence of deformities including pericardial edema, yolk sac edema, yolk extension 

abnormalities, and delayed development. 

4.2.4 Relative ATP Content and ADP/ATP Ratio Measurements  

Measurements were taken using the ApoSENSOR™ ADP/ATP Ratio Assay Kit 

(Enzo® Life Sciences, Inc., Farmingdale, NY, USA). Methods were adapted for live 

zebrafish embryos from the kit instruction manual and Lu et al. (2011). All luminescence 

readings were measured with a FLUOstar® Optima spectrophotometer (BMG Labtech, 

Cary, NC, USA). Initial trials were performed to ensure that the ERSE solution and 

embryos alone were not auto-luminescent. A total of 2 replicate plates were completed 

per time point, with 5 wells per treatment in each plate (total n=10).  Predicted values for 

additive interactions between hypoxia and ERSE in the H+E group were calculated by 

subtracting the observed control values for ATP content from both the observed hypoxia 
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and ERSE values, then adding those together (i.e. (HYP-CON)+(ERSE-CON)=Expected). 

This provides us with a baseline mathematical expectation of additivity for comparisons 

to observed H+E values, although they may not fully reflect biological additivity. 

4.2.5 Embryonic Bioenergetic Assessment  

Methods described below were adapted from Stackley et al. (2011). Using the 

Seahorse Extracellular Flux Analyzer (Agilent Technologies, Santa Clara, CA, USA), 

basal respiration of embryo pairs, reported as the oxygen consumption rate (OCR), was 

measured over a 250-minute period immediately after removal from exposures and 

placement into islet capture microplates. Each well contained 700 L of normoxic 65 

ppm ASW. Basal respiration measurements were recorded approximately once every 5 

minutes (57 cycles of 1 minute mix, 1 minute wait, and 2 minute measure periods). 

Simultaneous measurements of extracellular acidification rate (ECAR), in zebrafish a 

means of quantifying Krebs Cycle activity, of embryo pairs were also taken under these 

conditions (Stackley et al., 2011). Based on the recovery time course, 3 time points were 

chosen throughout an extended recovery period to further analyze embryos for 

alterations in mitochondrial function and integrity due to exposures. For assessments 

with pharmacological agents, after the allotted recovery period, embryos were placed as 

pairs in islet plates with 525 L of 65 ppm ASW. The plates were then immediately 

placed in the Seahorse instrument to begin trials with pharmacological agents. There 

were 3 replicate plates for basal OCR measurements, FCCP trials, and oligomycin trials 
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and 6 for ECAR measurements, with 5 wells per treatment per plate (total n=15 and 30, 

respectively).  

Table 3. Pharmacological agents utilized during Seahorse Extracellular Flux 

Analyzer bioenergetics testing of zebrafish embryos. 

Compound Compound Mechanism of 

Action 

Final Working 

Concentration 

Measurement 

Cycles and Length  

No 

addition 

N/A N/A 8 cycles; 1 minute 

mix, 1 minute wait, 

2 minute measure 

FCCP Ionophore, un-coupler of 

oxidative phosphorylation, 

depolarization of 

mitochondrial membrane 

2.5 M 8 cycles; 1 minute 

mix, 1 minute wait, 

2 minute measure 

Oligomycin ATP synthase inhibitor, blocks 

oxidative phosphorylation of 

ADP to ATP 

9.4 M 18 cycles; 1 minute 

mix, 1 minute wait, 

2 minute measure 

NaN3 Cytochrome c oxidase 

inhibitor, inhibits 

mitochondrial respiration 

6.25 mM 25 cycles; 1 minute 

mix, 1 minute wait, 

2 minute measure 

 

Table 3 describes the use of pharmacological agents and measurement specifics 

for bioenergetics testing. Table 4 describes the calculations necessary to quantify specific 

mitochondrial parameters.  
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Table 4. Calculations completed to quantify mitochondrial and non-

mitochondrial parameters of respiration. 

Mitochondrial Parameter Calculation 

Basal Mitochondrial 

Respiration 

Basal OCR minus NaN3-inhibited 

OCR 

OCR due to ATP 

Production 

Basal OCR minus oligomycin-

inhibited OCR 

OCR due to Proton Leak Oligomycin-inhibited OCR 

minus NaN3-inhibited OCR 

Maximal Mitochondrial 

Respiration 

FCCP-stimulated OCR minus 

NaN3-inhibited OCR 

Spare Capacity FCCP-stimulated OCR minus 

basal OCR 

Coupling Efficiency OCR due to ATP production 

divided by basal mitochondrial 

respiration times 100 

 

4.2.6 Mitochondrial Genome Integrity Assessments  

For each recovery timepoint, embryos were placed in groups of 15 into 1.7 mL 

safe-lock tubes and flash frozen for DNA. Either 3 or 4 replicates of 3 samples per 

treatment group were completed per time point (total n=12-15). 

DNA was extracted from each sample using the phenol chloroform extraction 

method (Bogdanović et al., 2013). DNA content was quantified using a NanoDrop® ND-

1000 Spectrophotometer (Thermo Fisher Scientific, Waltham, MA, USA) and then 

Quant-It™ PicoGreen™ dsDNA reagent (Thermo Fisher Scientific). Based on these 

measurements, samples were diluted to 3 ng/uL DNA in 1 x TE buffer (10 mM TrisHCl, 
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pH 8.0 and 1 mM disodium EDTA). Mitochondrial DNA (mtDNA) damage and relative 

mitochondrial copy number were analyzed using the long amplicon-polymerase chain 

reaction (LA-PCR) method, described in detail in Gonzalez-Hunt et al. (2016). This assay 

is designed to measure gene-specific damage through targeted amplification of a “long” 

DNA fragment (approximately 10.3 kb). DNA that contains strand breaks, adducts or 

other types of lesions are amplified less due to mitochondrial DNA polymerase 

encountering them during the amplification process (Hunter et al., 2010). DNA damage 

of treated samples relative to control samples was quantified as lesion frequencies per 10 

kb DNA through application of the Poisson distribution and normalization to 

mitochondrial genome copy number, obtained through QPCR amplification of a “short” 

DNA fragment (approximately 200 bp). Table 5 reports the primer sequences used 

during the long and short amplification processes, some of which have been published 

previously (Hunter et al., 2010; Gonzalez-Hunt et al., 2016). 

Table 5. List of primers used during the DNA damage and copy number 

assessments. 

Target Amplicon Forward Primer  

Sequence (5’-3’) 

Reverse Primer  

Sequence (5’-3’) 

Long 

Mitochondrial 

DNA Fragment 

TTAAAGCCCCGA 

ATCCAGGTGAGC 

GAGATGTTCTCG 

GGTGTGGGATGG 

Short 

Mitochondrial 

DNA Fragment 

CGTTTACCCC 

AGATGCACCT 

GTGCGATTGG 

TAGGGCGATA 

Short Nuclear 

DNA Fragment 

TGGATACCTG 

ACCGAGAGCT 

AGACAACTCT 

TACGGCTGGC 
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4.2.7 Data Analysis  

All analyses were performed using GraphPad Prism 7.0b (GraphPad Software, 

Inc., La Jolla, CA, USA). All endpoints were analyzed for statistical significance using a 

two-way ANOVA and Fisher’s LSD test for multiple comparisons. The basal respiration 

time course was analyzed by an Area Under the Curve (AUC) analysis and subsequent 

two-way ANOVA and Fisher’s LSD test for multiple comparisons. Special consideration 

was given to the interaction term of the 2-way ANOVA, which, if significant, could 

indicate alterations in toxicity due to the combination of stressors. Each dataset was 

analyzed for significant differences between replicates using a one-way ANOVA and 

Fisher’s LSD for multiple comparisons. This resulted in removal of only one dataset: 

replicate plate 6 of the 45min ECAR endpoint, where all four treatments produced 

different values from the same treatments in all 5 other replicate plates (all p<0.05). 

Datasets were also analyzed for normality using the Shapiro-Wilk test. If the data was 

found to follow a non-normal distribution, it was analyzed by the non-parametric 

Friedman’s test and Dunn’s test for multiple comparisons.  

4.3 Results 

4.3.1 Embryonic Staging  

Regardless of treatment, all embryos displayed a heartbeat and weak circulation, 

as should be present by 30 hpf (equivalent to the 0h recovery time point). There were no 

observed trends across time points for HTA that indicated developmental delays or 
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teratogenesis in embryos due to any treatment, although there were a few incidences of 

significantly altered measurements compared to controls (Table 2). ERSE alone appeared 

to cause a slight increase in YE/YB ratio, although this was no longer apparent by 18h 

(Table  6). No other consistent trends were reported for this endpoint. At all time points, 

hypoxia exposure resulted in reduced body length (p<0.05); however, because there 

were no other indications of developmental delay in these embryos (as evidenced by no 

alterations in HTA, YE/YB ratio, and a visible heartbeat and circulation in all embryos), 

this is likely a phenotype of exposure rather than delay (Shang and Wu, 2004; Table 6).  

Table 6. Measures of embryonic development after exposures 

An asterisk indicates significant differences compared to controls within a recovery 

time point (p<0.05; Two-way ANOVA, Fisher’s LSD). All values are reported as mean 

± SEM (n=20 per treatment). Values for head-trunk angle are reported as degrees and 

values for body length are reported in millimeters. 

Parameter Time Point Treatment Value (mean ± SE) 

Head-Trunk 

Angle 

(reported in 

degrees) 

No Recovery Control 78.56 ± 1.29 

Hypoxia 77.48 ± 1.90 

0.5% ERSE 82.93 ± 1.08 

Hypoxia+ERSE 83.87 ± 2.02* 

45-minute 

Recovery 

Control 86.183 ± 1.45 

Hypoxia 79.88 ± 1.85* 

0.5% ERSE 89.41 ± 1.44 

Hypoxia+ERSE 86.85 ± 2.24 

Yolk 

Extension/Yolk 

Ball Ratio 

No Recovery Control 1.11 ± 0.01 

Hypoxia 1.15 ± 0.02 

0.5% ERSE 1.21 ± 0.02* 

Hypoxia+ERSE 1.19 ± 0.01* 

45-minute 

Recovery 

Control 1.16 ± 0.02 

Hypoxia 1.12 ± 0.02 

0.5% ERSE 1.21 ± 0.02* 

Hypoxia+ERSE 1.15 ± 0.01 

Control 1.26 ± 0.02 
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5-hour 

Recovery 

Hypoxia 1.14 ± 0.02* 

0.5% ERSE 1.33 ± 0.03* 

Hypoxia+ERSE 1.19 ± 0.02* 

18-hour 

Recovery 

Control 1.41 ± 0.02 

Hypoxia 1.42 ± 0.03 

0.5% ERSE 1.44 ± 0.04 

Hypoxia+ERSE 1.40 ± 0.03 

Body Length 

(reported in 

mm) 

No Recovery Control 2.06 ± 0.01 

Hypoxia 1.93 ± 0.02* 

0.5% ERSE 2.10 ± 0.02 

Hypoxia+ERSE 2.00 ± 0.02* 

45-minute 

Recovery 

Control 2.23 ± 0.02 

Hypoxia 2.02 ± 0.03* 

0.5% ERSE 2.20 ± 0.02 

Hypoxia+ERSE 2.08 ± 0.03* 

5-hour 

Recovery 

Control 2.46 ± 0.02 

Hypoxia 2.24 ± 0.03* 

0.5% ERSE 2.40 ± 0.02 

Hypoxia+ERSE 2.28 ± 0.03* 

18-hour 

Recovery 

Control 2.88 ± 0.02 

Hypoxia 2.72 ± 0.02* 

0.5% ERSE 2.86 ± 0.02 

Hypoxia+ERSE 2.70 ± 0.04* 

 

4.3.2 Relative ATP Content and ADP/ATP Ratio Measurements.  

Across the first 3 time points (0h-5h), there was a decrease in relative ATP 

content of HYP, ERSE, and H+E treatment groups compared to controls (Figure 15a). At 

all of these time points, the H+E groups had reduced ATP content compared to the CON 

groups (all p<0.005). The ERSE and HYP groups were lower than CON at 0h (both 

p<0.05). The H+E group had reduced ATP content compared to the HYP group at 0h 

(p<0.05). The predicted values for the H+E group support additive effects of hypoxia and 



 

86 

PAH co-exposures at 45min and 5h (Table 7); however, there were no significant 

interaction terms at any of the time points.  

 

Figure 15. Relative measurements of ATP and ADP in individual embryos across 

progressive recovery periods (0h, 45min, 5h, and 18h)  

a) ATP content, b) ratio of ADP/ATP. Different letters denote statistically significant 

differences between treatment groups within a recovery time point (p<0.05). Error 

bars indicate mean ± SEM (n=10 per treatment). 

The only difference between the control and various treatment groups for the 

ADP/ATP ratio was at 0h (Figure 15b). The HYP and H+E groups had higher ADP/ATP 

ratios than both the CON and ERSE groups (all p<0.05). There were no other differences 

at 45min, 5h or 18h, nor were there consistent trends in responses of ADP/ATP ratios 

across these time points. 
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Table 7. Relationship between hypoxia and PAH exposures in the H+E treatment 

group for measurements of ATP content  

Predicted results if the relationship followed additivity were calculated by 

subtracting the combined decrease in relative light units (RLU) due to hypoxia and 

ERSE exposures from values obtained from the control group. Results for the 18-hour 

recovery time point were not included because both the hypoxia and ERSE treatment 

groups had higher recorded RLUs compared to controls. 

Time Point Observed Results 

(mean ± SE; RLU) 

Predicted Results (additive 

relationship; RLU) 

No Recovery 5,353.80 ± 380.42 4,952.00 

45-minute 

Recovery 

5,897.91 ± 298.68 5,822.42 

5-hour Recovery 7,698.70 ± 638.38 7,700.84 

 

4.3.3 Respirometric Recovery Time Course and Bioenergetic 
Assessment.  

As evident in the 250-minute respirometry time course, hypoxia exposures, with 

and without PAH co-exposures, caused a drastic reduction in OCR in zebrafish 

embryos, which recovered, first rapidly (0-45 minute period), then gradually over time 

(Figure 16). HYP and H+E treatments resulted in decreased area under the curve (AUC) 

calculations of OCR over the 250-minute period compared to the CON and ERSE groups 

(all p<0.0001; Table 8). ERSE treatment resulted in elevated AUC measurements 

compared to the CON group (p<0.05). 
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Table 8. Area under the curve analyses for the total basal recovery time course 

Different letters indicate statistically significant differences between treatment 

groups (p<0.05). 

Treatment Area Under the Curve (pmol/min/embryo over 

a 250 minute period; mean  SE) 

Control 37,560.0  792.1b 

Hypoxia 26,174.0  481.4c 

0.5% ERSE 40,182.0  1,074.0a 

Hypoxia+ERSE 27,866.0  684.1c 

 

 

Figure 16. Embryo basal respirometric recovery time course 

Oxygen consumption rate (OCR) of embryos over a 250-minute period 

immediately after removal from exposure conditions. Different letters indicate 

statistically significant differences between exposure groups (p<0.05). Error bars 

indicate mean ± SEM (n=15 per treatment and timepoint). 

Hypoxia appeared to be the major driver of other alterations in mitochondrial 

function seen during co-exposures with PAHs as well (Figure 17). When compared with 

controls, exposure to hypoxia with and without ERSE resulted in altered total basal 
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respiration, basal mitochondrial respiration, non-mitochondrial respiration, maximal 

mitochondrial respiration, spare mitochondrial capacity, OCR due to ATP turnover, 

ECAR, and coupling efficiency at one or more recovery time points (all p<0.05; Figures 

17a-f, 17h, and 17). For the most part, drastic alterations due to hypoxia exposures were 

seen at the 45min period. These effects appear to normalize with lengthened recovery 

periods, and in some cases returned to levels indistinguishable from controls (i.e. total 

basal respiration and basal mitochondrial respiration; Figures 17a and 17b). For the 

maximal mitochondrial respiration parameter, this trend was not observed; the only 

time point with alterations due to hypoxia exposures was 5h (Figure 17d). 

The H+E group rarely differed from the HYP group. When there were 

differences present, they tended to occur only at the 18h timepoint and, in most cases, 

could be explained by similarities to the ERSE group, as seen in the results of the OCR 

due to proton leak and coupling efficiency (Figures 17g and 18, respectively), further 

described below. Besides these two parameters, the only other results where HYP and 

H+E treatment produced different outcomes were for basal mitochondrial respiration at 

18h and spare capacity at 18h (all p<0.05; Figures 16b and 16e, respectively).  
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Figure 17. Embryonic bioenergetics 

Graphs represent OCR due to a) total basal respiration, b) basal mitochondrial 

respiration, c) non-mitochondrial respiration, d) maximal mitochondrial respiration, 

e) spare bioenergetic capacity, f) ATP turnover, g) proton leak, and h) ECAR. 

Different letters above bars indicate significant differences between treatment groups 

within a recovery time point (p<0.05). Error bars indicate mean ± SEM (n=15 per 

treatment and time point). 
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OCR due to proton leak was the only parameter affected by ERSE alone at all 

three time points (all p<0.05; Figure 17g). It was also the only parameter where ERSE 

was the statistically significant factor at all three recovery periods (all time points 

p<0.01). When compared with controls, ERSE exposure caused changes in basal 

mitochondrial respiration at 18h and OCR due to ATP turnover at 5h (all p<0.05; Figures 

17b and 17f, respectively). It also caused a reduction in coupling efficiency compared to 

controls at 5h and 18h (both p<0.05; Figure 18). 

The only statistically significant interaction terms were found with analyses of 

OCR due to ATP turnover at 5h, basal mitochondrial respiration at 18h, and ECAR at 

45min and 18h. The variation of all other endpoints was attributed either to PAH 

exposure or hypoxia exposure as individual terms. 

 

Figure 18. Calculated mitochondrial coupling efficiency  

Different letters denote statistically significant differences between treatment 

groups within a recovery time point (p<0.05). Error bars indicate mean ± SEM (n=15 

per treatment and timepoint). 
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4.3.4 Mitochondrial Genome Integrity.  

Except for the H+E group at 18h, none of the treatments caused alterations in 

mtDNA damage at any of the time points measured when compared to controls (Figure 

19a). However, at both 45min and 5h, a similar trend of differences between the HYP 

and ERSE treatment groups were present, with ERSE causing higher mtDNA damage 

than hypoxia (both p<0.05) and the H+E group showing intermediate responses between 

the two. At 18h, the H+E group had a lower lesion frequency than all other treatment 

groups (all p<0.005); at this time point the interaction term was also significant (p<0.05). 

At all time points, the HYP and H+E treatment groups had higher copy number values 

than both the CON and ERSE treatment groups (Figure 19b; all p<0.05). 

 

Figure 19. Measurements of mitochondrial genome integrity  

a) mitochondrial DNA damage, b) relative mitochondrial copy number. Different 

letters denote statistically significant differences between treatment groups within a 

recovery time point (p<0.05). Error bars indicate mean ± SEM (n=12-15 per treatment 

and timepoint). 
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4.4 Discussion 

4.4.1 PAH-Hypoxia Interactions  

Initially, we hypothesized that co-exposures of PAHs and hypoxia would result 

in synergistic mitochondrial toxicity, a potentially significant factor contributing to the 

overall toxicity of the combined exposures. Not only was there no evidence for 

synergistic mitochondrial toxicity throughout experimentation, there was also very 

limited evidence for any interaction between the two stressors, although there were a 

few incidences of significant interaction terms at specific time points, as described 

above. Statistical interactions between hypoxia and ERSE were only observed during 

assessments of embryonic ATP content (Figure 15a); results seen after co-exposures at 

0h, 45min, and 5h were almost exactly what would be expected for a calculated additive 

relationship, although it should be noted that these calculations are not necessarily 

indicative of biological responses (Table 7). For all other endpoints, results for H+E 

embryos appeared similar to the outcomes of the individual treatment (HYP or ERSE) 

which caused the most drastic changes. For example, PAH exposures resulted in 

increases in OCR due to proton leak at all time points, which was seen in the H+E and 

ERSE groups, but not the HYP group (Figure 17g). Interestingly it appears that 

cumulative effects on mitochondrial function and integrity, effects that build upon each 

other rather than interact with each other,  predominately result from co-exposures. 

While the primary aim of this study was to identify potential interactions between 
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hypoxia and PAH during co-exposures affecting mitochondrial function, another was a 

greater understanding of how these stressors impair mitochondrial function and 

integrity individually. 

4.4.2 Effects of PAHs on Mitochondrial Function  

Non-teratogenic PAH exposures enhanced total basal respiration at every 

measurement taken over the initial 250-minute time course (Figure 16). This stimulation 

of basal metabolism in zebrafish embryos is similar to what we have previously 

described in Fundulus heteroclitus embryos exposed to ERSE during development 

(Lindberg et al., 2017) and to what others have found after exposures to individual PAHs 

and PAH mixtures in a variety of fish species (compiled in Klinger et al., 2015). An 

increase in basal metabolism could be due to a variety of factors, including inefficiencies 

in energy production or enhanced energy demand that may be necessary for xenobiotic 

metabolism.  

In this case, both inefficiencies in energy production and enhanced energy 

demand may play a role. Increased OCR due to proton leak (Figure 17g) and decreased 

OCR due to ATP production (Figure 17f) both indicate greater uncoupling of ATP 

synthesis with oxygen consumption, resulting in inefficient mitochondrial respiration 

(Divakaruni and Brand, 2011), confirmed with our calculations of coupling efficiency 

(Figure 18). Meanwhile, declines in ATP content (Figure 17a) were apparent prior to 

alterations in OCR due to ATP production (Figure 17f). Embryos were possibly 
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depleting available ATP stores to react to PAH exposures, likely through enhanced 

metabolic signaling pathways and enzyme activity (Klinger et al., 2015). 

Interestingly, most of the effects observed after PAH exposures occurred during 

later stages in recovery (i.e. 5h and 18h). This could potentially be due to PAH 

metabolism. Reactive daughter species may drive the toxicity associated with decreases 

in OCR due to ATP production and increases in mtDNA damage (Figures 17f and 19a, 

respectively; Knecht et al., 2013; Meyer et al., 2013); parent compounds may drive the 

toxicity associated with increases in OCR due to proton leak (Figure 17g; Meyer et al., 

2013). Although cytochrome P450s (CYPs) and other xenobiotic metabolizing enzymes 

are expressed in zebrafish embryos as early as 3 hpf, their activities are inconsistent 

throughout development (Goldstone et al., 2010). It is possible that some of the PAHs 

taken in by embryos during exposures were not metabolized until after 31 hpf, and 

therefore could not immediately cause overt toxicity. 

4.4.3 Effects of Hypoxia on Mitochondrial Function  

While the effects of PAH exposures on embryos were limited, hypoxia exposures 

resulted in alterations in almost every endpoint measured during experimentation. 

There was a sharp decline in basal OCR immediately after exposure, followed by a rapid 

increase within the first hour of recovery (Figure 16) that suggests hypoxia-exposed 

embryos accumulated an oxygen debt within 24 hours (Papandreou et al., 2006; Utne-

Palm et al., 2010). The demand for oxygen was likely greater than what was available 
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under hypoxic conditions and once placed back into oxygenated conditions, embryos 

required immediate replenishment to recover (Scarabello et al., 1991). While an oxygen 

debt in adult fish is usually indicated by an OCR exceeding that of a normoxic fish (e.g. 

Genz et al., 2013), embryos potentially do not have the same capacity or kinetics to 

increase oxygen uptake (Papandreou et al., 2006). 

The declines in total basal respiration seen after hypoxia exposures (Figures 16 & 

17a) could be attributed to decreases in both mitochondrial and non-mitochondrial 

respiration that, in some cases, lasted through extended periods of recovery (Figure 17a-

c). Even at 18h, while basal respiration had returned to levels indistinguishable from or 

close to CON embryos, there was a reduction in non-mitochondrial respiration of 

hypoxia-exposed embryos. Likely, most of the newly-available oxygen was 

preferentially shunted towards oxidative phosphorylation over other cellular processes. 

This may be important considering how many xenobiotic metabolizing enzymes, 

including CYPs, require oxygen to function. 

Surprisingly, when stimulated with the ionophore FCCP, at 45min and 18h, there 

was no alteration in maximal metabolic respiration in the HYP and H+E groups (Figure 

17d). These results suggest that hypoxia-exposed embryos had the capacity to function 

at optimal levels similar to CON embryos, but actively repressed respiration, a result 

also seen in hypoxia-exposed cells (Zhang et al., 2008). During early recovery periods, 

the purposeful reduction of basal mitochondrial respiration, but ability to induce 
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respiration when stressed, led to the stark increases in spare capacity, or energy reserves 

(Figure 17e), which may be a response that could specifically prevent damage due to 

reoxygenation.  

Although there were drastic reductions in OCR attributed to ATP production in 

HYP embryos (Figure 17f) and lowered coupling efficiency at 45min and 5h (Figure 18), 

consistent with findings from relatively hypoxia tolerant vertebrate species (Boutilier 

and St-Pierre, 2000), there were only reductions in ATP content that were 

distinguishable from controls at 0h (Figure 15a). These results suggest that embryos 

were not actively phosphorylating ADP through oxidative phosphorylation, but were 

limiting their consumption of ATP through other processes and/or were producing 

sufficient quantities through other routes of energy production (Rosa and Seibel, 2010; 

Scarabello et al., 1991).  

In HYP and H+E embryos there also appeared to be limitations on the Krebs 

Cycle and carbonic acid production, which is indicated by reduced ECAR measurements 

(Figure 17h; Stackley et al., 2011). A reduction in both ECAR and OCR values during and 

immediately after hypoxia exposures suggests that these embryos were in a quiescent 

state. These results, as well as the decreases in OCR due to ATP production seen after 

hypoxia exposures (Figure 17f) and an oxygen debt, indicate that embryos were 

undergoing a slow recovery from metabolic rate suppression (Boutilier and St-Pierre, 

2000; Sokolova, 2013). 
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Considering previous findings (Dasgupta et al., 2016; Hammond and Giaccia, 

2004; Lushchak et al., 2001; Wang et al., 2000), the lack of mtDNA lesions seen in 

hypoxia- and co-exposed embryos was initially surprising (Figure 19a). However, the 

substantial increases in mtDNA copy number (Figure 19b) likely explain our results. It is 

possible that these mild hypoxia exposures stimulated replication of new, undamaged 

mitochondrial genomes, thus resulting in a lack of induced lesions. This may also 

explain the decreases in mtDNA damage seen in the H+E group at 18h (Figure 19a).  

The increases in mtDNA copy number, as well as the capacity of the organisms 

to induce maximal respiration to the same extent as control embryos, led us to 

hypothesize that hypoxia-exposed embryos were undergoing mitochondrial biogenesis. 

However, preliminary experiments conducted with MitoTracker Green (Thermo 

Fisher Scientific; Presley et al., 2003) and the mitochondrially-targeted green fluorescent 

protein (MLS-egfp) transgenic zebrafish line (Kim et al., 2008) to visualize mitochondria 

within the live embryos, actually indicated a decline in mitochondrial density within 

hypoxia-exposed embryos. These findings are in line with those of others (Solaini et al., 

2010; Zhang et al., 2008) and will be probed further in future work. 

4.5 Conclusions 

 Although there was little evidence of interactions between hypoxia and PAHs in 

exposed embryos that resulted in enhanced mitochondrial dysfunction, embryos in the 

co-exposure group displayed adverse effects due to both types of exposure. Hypoxia 
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exposures resulted in a sweeping range of effects, from alterations in mitochondrial 

genome copy number, to drastic reductions in mitochondrial respiratory parameters. 

PAH exposures appeared to have much more targeted effects on mitochondrial 

membrane permeability which could affect ATP production. Effects caused by each 

individual stressor were seen in the co-exposure group. This indicates that they are more 

bioenergetically vulnerable than if they had been exposed to only one stressor, a key 

factor when considering the energetic requirements of developing organisms. 

Additionally, the lack of interaction seen in the endpoints measured here does not 

necessarily mean that mitochondrial dysfunction does not play a role in the toxicity seen 

during co-exposures. Hypoxia may cause such drastic changes in mitochondrial 

function that it affects how organisms respond to ERSE, potentially through toxification 

of PAHs. Future work will supplement our findings here as well as focus on other 

potential mechanisms of toxicity. 
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5. The Oxidative Stress Response of Developing 
Zebrafish Exposed to Polycyclic Aromatic Hydrocarbons 
and Hypoxia 

5.1 Introduction 

Oxidation-reduction (redox) reactions are critical for mechanisms involved in 

several pathways responsible for the regulation of biological processes and cellular 

functions (Sies et al., 2017). Redox dynamics and reactive oxygen species (ROS) play 

crucial roles in many physiological pathways including signal transduction, metabolism, 

ageing, and bioenergetics (Kohen and Nyska, 2002; Sies et al., 2017). Redox imbalances 

and the occurrence of oxidative stress can also be indicators of organismal fitness or 

disease and can act as a link between exposure to hazardous chemicals and subsequent 

adverse outcomes (Kelly et al., 1998). 

Many chemical contaminants and stressful environmental conditions result in 

alterations in redox dynamics or molecular, transcriptional, or enzymatic reactions 

relating to oxidative stress; often, these stressors co-occur in the environment. For 

example, polycyclic aromatic hydrocarbons (PAHs), a class of ubiquitous organic 

contaminants, and environmental hypoxia, a condition when the dissolved oxygen 

content of aquatic environments is below a threshold of physiological requirement, 

regularly occur simultaneously in marine and estuarine ecosystems (Adcroft et al., 2010; 

Diaz and Rosenberg, 2008; Whitehead, 2013). Moreover, previous research has shown 

that these combinations result in synergistic toxicity in several different fish species 
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(Dasgupta et al., 2015, 2016; Fleming and Di Giulio, 2011; Hedgpeth and Griffitt, 2016; 

Matson et al., 2008b). 

Both PAHs and hypoxia/reoxygenation events can result in oxidative stress in 

fish. Under hypoxic conditions, initial decreases in oxygen availability can result in the 

decrease of radical production by the electron transport chain (Lushchak, 2011; 

Lushchak and Bagnyukova, 2006). However, rapid declines in mitochondrial respiration, 

as well as overreliance on anaerobic respiration as the primary means of ATP 

production leads to the accumulation of toxic end-products, membrane depolarization, 

and eventual cell death, all of which are associated with increased oxidative stress 

(Boutilier and St-Pierre, 2000). Additionally, the theory of “preparation for oxidative 

stress” suggests that in response to alterations in oxygen levels, organisms can prepare 

for the stresses of oxygen depletion and even reoxygenation by upregulating antioxidant 

defense systems (Lushchak, 2011). During reoxygenation, reintroduction of oxygen to 

the mitochondrial electron transport chain can enhance production of ROS (Lushchak 

and Bagnyukova, 2006). Welker et al. (2013) hypothesized that hypoxia- or anoxia-

tolerant aquatic organisms rely on adaptations in antioxidant systems to defend against 

toxicity associated with alterations in oxygen availability.  

PAHs induce oxidative stress through multiple mechanisms. Metabolism of 

PAHs can produce intermediates that contain quinones, radical anions, and epoxide 

groups, all of which are highly reactive and toxic (Xue and Warshawsky, 2005). These 
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intermediate species and some parent compounds can react with cellular organelles, 

macromolecules, and DNA to induce cellular or DNA damage and produce other types 

of ROS (Meyer et al., 2013; Jung et al., 2011; Xue and Warshawsky, 2005; Baird et al., 

2005). Additionally, populations of Fundulus heteroclitus that inhabit PAH-contaminated 

ecosystems have been found to have upregulated antioxidant defense systems, 

indicating that chronic exposure to PAHs and/or adaptations that are protective against 

PAH-induced toxicity cause alterations in physiological processes that combat oxidative 

stress (Meyer et al., 2003). 

Previous work in zebrafish embryos exposed to synergistically toxic 

combinations of PAH-type aryl hydrocarbon receptor (AHR) agonists and cytochrome 

P450 1A (CYP1A) inhibitors found that co-exposed embryos exhibited exacerbated 

upregulation of genes encoding antioxidant enzymes (Timme-Laragy et al., 2009; Van 

Tiem and Di Giulio, 2011). With this in mind, we hypothesized that altered redox 

dynamics or inductions of oxidative stress could be responsible for some of the 

unexplained toxicity we see with PAH and hypoxia, a potent down-regulator of CYP1A, 

co-exposures (Fleming and Di Giulio, 2011; Rahman and Thomas, 2012). We also 

hypothesized that endpoints encompassing the oxidative stress response may act as 

indicators of this exacerbated toxicity under sub-lethal and sub-teratogenic exposure 

conditions. 
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Here, we attempted to formulate a comprehensive experimental design that 

would allow us to examine redox imbalances and oxidative stress in zebrafish embryos 

acutely exposed to combinations of a real-world PAH mixture and hypoxia. Endpoints 

ranged from molecular to cellular assays, including quantification of reactive oxygen 

species, analyses of antioxidant enzyme activities, and measurements of apoptosis. In 

this way, we hoped to capture a clear image of the exact redox changes occurring 

directly after exposures and during recovery periods in zebrafish embryos exposed to 

PAHs and hypoxia. We also included a range of exposure conditions that resulted in 

both non-teratogenic and teratogenic embryonic morphologies, as well as time periods 

that covered both hypoxic and reoxygenation conditions. This was in order to assess 

whether interactions between PAHs and hypoxia in endpoints relating to oxidative 

stress were visible prior to the onset of deformities and whether the oxidative stress 

response was more or less severe during specific periods of exposure and recovery, 

respectively.  

5.2 Materials and Methods  

5.2.1 Fish Care and Handling  

The Duke University Institutional Animal Care and Use Committee approved all 

care, handling, and techniques used during this work (Protocol # A139-16-06). Adult 

zebrafish (Ekkwill) were maintained in the laboratory at approximately 28 °C with a 

14:10 light:dark cycle. They were fed once per day with Artemia franciscana (Brine 
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Shrimp Direct, Ogden, UT, USA) and once per day with Zeigler Adult Zebrafish Diet 

(Zeigler Bros., Inc., Gardners, PA, USA). During spawning, adults were placed in groups 

of 5 (2 males and 3 females) in breeding tanks. They were given one hour to breed after 

which embryos were collected and stored in an incubator at 28 °C until use. At 

approximately 5 hpf, embryos were screened for proper development and age-matched 

for exposures. Embryos were only used during exposures if they had a developed germ 

ring and were approaching the shield stage. This is crucial as developmental stage 

greatly influences the oxidative status of embryos (Timme-Laragy et al., 2013). 

5.2.2 Chemicals 

Elizabeth River sediment extract (ERSE) was prepared previously according to 

the methods of Clark et al. (2013) and was characterized for PAH content by Fang et al. 

(2014). ERSE is a real-world, complex PAH mixture derived from creosote-contaminated 

sediment obtained from the Atlantic Wood Industries Superfund Site in the Elizabeth 

River (VA, USA; 36°48′27.2″ N, 76°17′38.1″ W). It was previously analyzed and found to 

contain approximately 5.1  0.4 mg/mL of 36 selected PAHs (Fang et al., 2014). Embryos 

were kept in Danieau’s solution (58 mM NaCl, 0.7 mM KCl, 5 mM HEPES (pH 7.1-7.3), 

0.4 mM MgSO4, and 0.6 mM Ca(NO3)2). KCl, HEPES, hydrogen peroxide, and MgSO4 

were purchased from VWR International (Radnor, PA, USA), NADPH was purchased 

from Enzo Life Sciences, NaCl was purchased from Macron (Avantor Performance 

Materials Inc., Center Valley, PA, USA), acridine orange, phenylthiourea (PTU), EDTA, 
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oxidized and reduced glutathione, baker’s yeast glutathione reductase, protease 

inhibitor cocktail, Triton X-100, and pronase were purchased from Sigma-Aldrich (St. 

Louis, MO, USA), MitoSOX Red and tricaine were purchased from Thermo Fisher 

Scientific (Waltham, MA, USA), and Ca(NO3)2 was purchased from Alfa Aesar 

(Haverhill, MA, USA).  

5.2.3 Embryonic Exposures and Deformity Assessment 

At 6hpf, embryos were dosed as groups of 15 in small (3-in diameter) glass petri 

dishes (1 mL per embryo). Exposure media included a control solution (Danieau’s 

media), or a 0.5% or 2% (v/v) ERSE solution. Hypoxia exposures (7% O2 air saturation, 

3.33  0.07 mg/L O2 after 24-hour incubation) began at 6hpf and were conducted in a 

Heracell VIOS 160i incubator (Thermo Fisher Scientific Inc., Waltham, MA, USA). To 

create and maintain oxygen conditions, nitrogen gas was bubbled into the sealed 

incubator. Air within the chamber reached 7% O2 saturation within 45 minutes. Oxygen 

conditions in the exposure dishes were monitored once every hour for 8 hours and then 

once every 5 hours until the 24-hour exposure time was complete (Figure 20). Oxygen 

concentrations were measured with a Fibox 3 fiber optic oxygen probe and transmitter 

(PreSens Precision Sensing GmbH, Regensburg, Germany). Half of the exposure vials 

were placed in hypoxic conditions and half were placed in normoxic (7.41  0.14 mg/L 

O2 after 24-hour incubation) conditions. This resulted in 6 treatment groups: normoxia + 

control (CON), hypoxia + control (HYP), normoxia + 0.5% ERSE (0.5% ERSE), normoxia 
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+ 2% ERSE (2% ERSE), hypoxia + 0.5% ERSE (H+0.5% ERSE), and hypoxia + 2% ERSE 

(H+2% ERSE). Embryos were kept in exposure conditions at 28 C for 24 hours (until 30 

hpf).  

 

Figure 20. Oxygen concentrations in exposure vials over 24-hours of 7% O2 exposure 

Measurements were taken once every hour for 9 hours, then once every 4 hours until 

the 24-hour exposure period concluded. Error bars indicate mean ± SEM (some error 

bars are not visible because they overlap with the mean symbol; n=6 per timepoint). 

Prior to further experimental analyses, embryos were assessed for deformities 

resulting from the 24-hour exposures. Embryos were dechorionated with 50 mg/mL 

pronase, anesthetized with a 0.2 mg/mL tricaine solution, and imaged with a Keyence 

BZ-X710 microscope (Osaka, Japan). Images were analyzed for developmental stage and 

deformities using the methods of Kimmel  et al. (1995) as a guide. Measurements of 
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standard length and number of somites, as well as incidence of trunk abnormalities, 

cardiovascular deformities, yolk sac abnormalities, and any other noticeable 

morphological defects were recorded. Body length was measured with Fiji (ImageJ v2.0; 

Schindelin et al., 2012).  

For all subsequent assays, after the 24-hour exposures, embryos were removed 

from exposure dishes and were either used immediately, flash frozen, or placed into 

new glass petri dishes containing clean Danieau’s media (10 mL per dish) for recovery 

periods. Time points included no recovery (0h), 1-hour recovery (1h), 5-hour recovery 

(5h), and 18-hour recovery (18h) periods. These periods correspond to 30, 31, 35, and 48 

hpf, respectively. Due to duration of staining and plate setup required for the MitoSOX 

and acridine orange protocols, these endpoints could not be collected at the 0h 

timepoint.  

5.2.4 QuantiGene Plex Gene Expression Assay 

After the allotted recovery and exposure time points, individual embryos were 

flash frozen in 1.5 mL Eppendorf tubes. All subsequent steps were completed using the 

materials and methods provided by the QuantiGene Plex Gene Expression Assay Kit 

(Thermo Fisher Scientific) and with guidance from (Mills & Gallagher, 2017). For 

homogenization, 150 mL of the provided homogenization buffer was added to each tube 

and embryos were lysed using a hand-held homogenizer for approximately 30 seconds. 

Lysates were then flash frozen and stored at -80C until further use. All subsequent 
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sample preparation and experimental procedures were performed in the Immunology 

Unit of the Regional Biocontainment Laboratory at Duke University. Samples were run 

neat (no lysate dilution). Target genes included the three housekeeping genes (gapdh, 

actb1, and hprt1), hmox1a, gclc, gstp1, nqo1, prdx1, gpx1a, sod1, sod2, hsp70, nrf2 (nfe2l2a), 

cat, and gclm. A total of 4 embryos were analyzed in duplicate per treatment and time 

point. A baseline of twice the signal to noise ratio was used as the minimum for each 

gene analyzed. Samples below that limit were discarded. Expression of genes of interest 

were divided by the geometric mean of the 3 housekeeping genes, then normalized to 

control levels within each time point. 

5.2.5 ROS Probes & Acridine Orange 

After the 24-hour exposure period, embryos were removed from their exposure 

dishes and placed into a 50 mg/mL pronase solution for dechorionation or into clean 

media for the recovery period. For these assays, both the exposure and recovery media 

were supplemented with 0.2 mM PTU in order prevent pigment formation and 

subsequent interference of pigmentation during measurements of fluorescence. After 

dechorionation, embryos were washed in clean Danieau’s media and placed in either a 5 

M MitoSOX Red solution (Rissone and Candotti, 2016) or 2 g/mL acridine orange 

solution (Tucker and Lardelli, 2007) for 30 minutes. Solutions were carefully mixed once 

every 10 minutes to ensure homogeneity of the stain within the media. After the 30-

minute staining period, embryos were removed and washed once more with Danieau’s 
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media before being placed in a 0.2 mg/mL tricaine solution for anesthetization. 

Anesthetized embryos were placed individually in wells of a glass-bottom black 96-well 

plate containing 100 mL of the tricaine solution and were subsequently imaged in the 

Keyence microscope. Acridine orange-stained embryos were imaged using brightfield 

and an EGFP filter (470/40 nm emission; 525/50 nm excitation) and MitoSOX Red-stained 

embryos were imaged with using brightfield and a CY3/TRITC filter (545/25 nm 

emission; 605/70 nm excitation). Due to the length of the staining protocol, images were 

only taken at the 1h, 5h, and 18h time points. These procedures were completed 3 times 

per time point for a total sample size of n=14-18 embryos. 

Images taken for the MitoSOX protocol were analyzed by measurements of total 

fluorescence within the body of the embryo (Figure 25a). Separate measurements were 

also taken specific to the head and tail sections of each embryo (Figure 25c and 25e, 

respectively). Due to the auto-fluorescence of PAHs, unstained embryos were imaged 

and analyzed for background fluorescence due to exposures. These values were taken 

into account for each specific treatment group and during calculations of fluorescence 

intensity due to the MitoSOX probe. 

Images taken for the Acridine Orange protocol were analyzed by counting the 

number of fluorescent cells within the body of the embryo (Figure 27a). Again, separate 

measurements were also taken specific to the head and tail sections of each embryo 

(Figure 27b and 27c, respectively). Cell counts were automated using the Image-based 
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Tool for Counting Nuclei (ITCN) plugin for ImageJ (created by the UCSB Center for Bio-

image Informatics). 

5.2.6 Antioxidant Enzyme Assays 

At the designated recovery time points, embryos were flash frozen as groups of 

15 in 1.5 mL Eppendorf safe-lock tubes. Embryos were homogenized using a probe 

sonicator in 200 L of a 50 mM potassium phosphate homogenization buffer 

supplemented with a 0.5 mM EDTA and protease inhibitor cocktail for approximately 5 

seconds per sample. Samples were centrifuged at 4C for 15 minutes at 3,000 g. The 

supernatant was collected and utilized for all subsequent assays. Measurements of 

catalase, glutathione reductase (GR), glutathione peroxidase (GPx), and glutathione-S-

transferase (GST) activities were taken according to the methods of Lushchak et al. 

(2001). Briefly, GR activity was measured by following the consumption of NADPH 

(0.2 mM) at 340 nm to form reduced glutathione (GSH) from a known amount of 

oxidized glutathione (GSSG, 1 mM). GPx activity was also measured through the 

consumption of NADPH (0.2 mM) at 340 nm in the presence of 1 mM cumene 

hydroperoxide and from a known amount of GSH (1 mM), and 0.2 U/mL baker's yeast 

glutathione reductase. GST activity was analyzed by following the production of 

glutathione-conjugated chlorodinitrobenzene (CDNB) at 340 nm in the presence of GSH. 

Catalase activity was calculated through measurements of the degradation of 10 mM 

H2O2 at 240 nm in presence of 0.01% Triton X-100. A Spectramax M5 plate reader 
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(Molecular Devices, San Jose, CA, USA) was used to measure the absorbance of each 

reaction at the specified wavelengths. Enzyme activities were normalized to the protein 

content within the supernatant, which was measured with a BCA Assay kit (Sigma-

Aldrich). These procedures were replicated 3 times with 4 samples per replicate for a 

total samples size of n=12.  

5.2.7 Data Analysis 

All analyses were performed using GraphPad Prism 7.0b (GraphPad Software, 

Inc., La Jolla, CA, USA). MitoSOX Red, antioxidant enzymes, gene expression, body 

length, and deformity frequencies were analyzed for statistical significance using a two-

way ANOVA and Fisher’s LSD test for multiple comparisons. Acridine orange and 

somite results were analyzed for statistical significance with the non-parametric 

Friedman’s test followed by a Dunn’s test for multiple comparisons. Datasets were also 

analyzed for normality using the Shapiro-Wilk test. 

5.3 Results 

5.3.1 Deformity analyses 

As seen in Figure 21a, exposures to H+2% ERSE reduced the number of somites 

seen in embryos immediately after removal from exposures (p<0.05). No other changes 

were seen in somite number due to treatments when compared to control embryos. 

Several treatments slightly reduced the body length of embryos immediately after 

removal from exposures (Figure 21b), including hypoxia (p<0.05), H+0.5% ERSE 
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(p<0.005), 2% ERSE (p<0.05), and H+2% ERSE (p<0.0001). While these measures were 

statistically significant, they were reductions of less than 300 m, or only approximately 

10%, which is not necessarily biologically significant.  

 

Figure 21. Measurements of somite number and body length 

A) somite measurements are depicted as box-and-whisker plots with the box 

indicating the interquartile range and median and whiskers indicating the range of 

values. Asterisks represent statistical significance compared to control values (p<0.05; 

Friedman’s non-parametric test). B) body length measurements are depicted as mean 

+/- SEM. Asterisks represent statistical significance compared to control values. 

*p<0.05 **p<0.005 ***p<0.0001 

Only the H+2% ERSE treatment altered the frequencies of observed deformities 

compared to controls (Table 9); this treatment resulted in increased occurrences of 

pericardial edema, tail curvatures, and yolk extension and trunk abnormalities. ERSE 

exposures appeared to drive changes in yolk sac edema and pericardial edema 

endpoints, whereas hypoxia exposures appeared to drive changes relating to tail 

curvatures.  
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Table 9. Observed deformities and their frequencies of occurrence 

Asterisks indicate statistical differences compared to control embryos (p<0.05; 2-way 

ANOVA, Fisher’s LSD) 

Endpoint Treatment Mean  SE (% Occurrence) 

Yolk Sac Edema Control 7.62  3.43 

Hypoxia 3.34  1.93 

0.5% ERSE 16.46  6.98 

Hypoxia+0.5% ERSE 1.79  1.79 

2% ERSE 14.72  9.57 

Hypoxia+2% ERSE 2.08  2.08 

Pericardial Edema Control 0.00  0.00 

Hypoxia 0.00  0.00 

0.5% ERSE 6.11  2.29 

Hypoxia+0.5% ERSE 2.50  2.50 

2% ERSE 4.17  4.17 

Hypoxia+2% ERSE 16.67  11.79* 

Severe Tail Curvature Control 0.00  0.00 

Hypoxia 8.33  8.33 

0.5% ERSE 0.00  0.00 

Hypoxia+0.5% ERSE 9.64  6.74 

2% ERSE 0.00  0.00 

Hypoxia+2% ERSE 35.83  8.96* 

Mild Tail Curvature Control 5.36  3.42 

Hypoxia 11.67  7.88 

0.5% ERSE 1.67  1.67 

Hypoxia+0.5% ERSE 13.21  7.79 

2% ERSE 12.18  7.93 

Hypoxia+2% ERSE 20.00  2.38* 

Yolk Extension 

Abnormality 

Control 0.00  0.00 

Hypoxia 1.67  1.67 

0.5% ERSE 0.00  0.00 

Hypoxia+0.5% ERSE 0.00  0.00 

2% ERSE 0.00  0.00 

Hypoxia+2% ERSE 11.25  5.33* 

Trunk Abnormality Control 0.00  0.00 

Hypoxia 0.00  0.00 

0.5% ERSE 6.46  3.73 

Hypoxia+0.5% ERSE 0.00  0.00 
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2% ERSE 1.92  1.92 

Hypoxia+2% ERSE 13.75  9.44* 

Underdeveloped/Dead Control 0.00  0.00 

Hypoxia 0.00  0.00 

0.5% ERSE 0.00  0.00 

Hypoxia+0.5% ERSE 7.14  5.05 

2% ERSE 0.00  0.00 

Hypoxia+2% ERSE 3.33  3.33 

 

5.3.2 Gene Expression 

There were three distinct response patterns that arose from measures of gene 

expression after exposures to PAHs and hypoxia. The general stress response genes 

hmox1a and hsp70 did not respond consistently to any exposures across the 4 recovery 

time periods (Figure 22). All exposures appeared to slightly induce hmox1a expression at 

the 0h and 18h recovery time periods; however, the extent of change was variable and 

often not statistically different compared to controls (Figure 22a). Similarly, ERSE 

exposures alone appeared to induce hsp70 expression at the 0h time point, although this 

was again inconsistent over time (Figure 22b). Hypoxia exposures with and without 

ERSE slightly and variably downregulated hsp70 expression as well. 
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Figure 22. Genes with inconsistent responses to exposures 

Alterations in mRNA abundance of a) hmox1a and b) hsp70. Measurements occurred 

at 0, 1, 5, and 18h recovery periods after exposures to PAH and hypoxia for 24 hours. 

Scatter dots and error bars indicate mean  SEM. 

Hypoxia, with and without simultaneous ERSE exposures, downregulated sod1, 

sod2, cat, and prdx1 expression compared to controls across several recovery time points 

(Figure 23). ERSE exposures alone also appeared to reduce sod1 and prdx1 expression 

compared to controls, but induced cat expression at earlier recovery time points (Figures 

23a, 23d, and 23c, respectively). 
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Figure 23. Genes generally down-regulated by exposure to hypoxia 

Alterations in mRNA abundance of a) sod1, b) sod2, c) cat, and d) prdx1. 

Measurements occurred at 0, 1, 5, and 18h recovery periods after exposures to PAH 

and hypoxia for 24 hours. Scatter dots and error bars indicate mean  SEM. 

Several genes, including gstp1, gclm, gclc, gpx1a, nqo1, and nrf2 were upregulated 

after ERSE exposures (Figure 24). Out of the 12 genes analyzed, gstp1 was the most 

greatly induced by exposures, with approximately a 6-fold increase in expression due to 

2% ERSE treatment compared to controls (Figure 24a). Treatment with 2% ERSE also 

induced gclm, gclc, nrf2, gpx1a, and nqo1 expression compared to controls (Figures 24b-f, 
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respectively). Treatment with 0.5% ERSE induced the expression of each of these genes, 

however not to the same extent as 2% ERSE. For the most part, these genes were more 

responsive at the earlier time points (0h and 1h), after which the expression levels 

returned to levels less distinguishable from controls. Interestingly, co-exposures with 

hypoxia appeared to antagonize the response of several genes (gstp1, nrf2, gpx1, and 

nqo1) that were induced by ERSE exposures (Figure 24a, d, e, and f, respectively).  

 

Figure 24. Genes generally up-regulated by exposure to ERSE 

Alterations in mRNA abundance of a) gstp1, b) gclm, c) gclc, d) nrf2, e) gpx1a, and f) 

nqo1. Measurements occurred at 0, 1, 5, and 18h recovery periods after exposures to 

PAH and hypoxia for 24 hours. Scatter dots and error bars indicate mean  SEM. 



 

119 

5.3.3 Superoxide Staining 

Hypoxia exposures, with and without ERSE, resulted in increased superoxide 

radical generation across all time points of recovery (Figure 25). More specifically, at the 

1h recovery time point, HYP, H+0.5% ERSE, and H+2% ERSE exposures all increased 

superoxide production in the whole embryo measurements (Figure 25b), while H+0.5% 

ERSE and H+2% ERSE induced superoxide production in both the head and tail regions 

of embryos (Figures 25d and 25f, respectively). At the 5h recovery time point, HYP 

exposures induced production in the whole embryo (Figure 25b) and H+2% ERSE 

exposures induced production in the head region (Figure 25d). At the 18h recovery time 

point, there were no significant alterations compared to controls in either the whole 

embryo or tail measurements, however 0.5% ERSE, H+0.5% ERSE, 2% ERSE, and H+2% 

ERSE exposures all resulted in induced superoxide production in the head region 

measurements (Figure 25d). 
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Figure 25. Mitochondrial-specific superoxide radical staining with MitoSOX Red 

Measurements occurred at 1, 5, and 18h recovery periods after exposures to PAH and 

hypoxia for 24 hours. A and B represent measurements in whole larvae; C and D 

represent measurements in the head region; E and F represent measurements in the 

tail. Different letters denote statistical differences (p<0.05) between treatments within 

a recovery time period (2-way ANOVA, Fisher’s LSD). Bars indicate mean  SEM. 

5.3.4 Antioxidant Enzyme Activities 

As seen in Figure 26a, compared to controls, HYP and H+2% ERSE exposures 

induced catalase activity at the 0h recovery time point (both p<0.05), HYP and H+0.5% 

ERSE exposures induced catalase activity at the 1h time point (both p<0.05), and H+0.5% 

ERSE and H+2% ERSE exposures induced catalase activity at the 5h time point (both 
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p<0.05). There were no alterations in catalase activity at the 18h time point. As seen in 

Figure 26b, 2% ERSE exposures induced GR activity compared to controls at the 0h, 5h, 

and 18h recovery time points (all p<0.05). Exposure to H+2% ERSE also induced GR 

activity at the 5h time point and exposure to 0.5% ERSE induced GR activity at the 18h 

time point (both p<0.05). Similarly, exposures to 2% ERSE also resulted in inductions of 

GST activity compared to controls at the 1h and 5h time points (both p<0.05; Figure 26d). 

There were no statistically significant alterations in GPx activity at any of the recovery 

time periods (Figure 26c). 

 

Figure 26. Antioxidant enzyme activities 

Analyses occurred at 0, 1, 5, and 18h recovery periods after 24-hour exposures to PAHs 

and hypoxia. A) catalase activity; B) glutathione reductase activity; C) glutathione 

peroxidase activity; D) glutathione-s¬-transferase activity. Different letters denote 

statistical differences (p<0.05) between treatments within a recovery time period (2-

way ANOVA, Fisher’s LSD). Bars indicate mean  SEM. 
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5.3.5 Cell Death Staining 

There were no clear trends in measures of apoptotic cells across any of the 

recovery time points, although there were a few instances of statistical differences 

between treatment groups. In the whole-embryo measurements, compared to controls, 

treatment with H+0.5% ERSE resulted in increases in the number of apoptotic cells at the 

1h recovery time point (p<0.05; Figure 27d), treatment with 2% ERSE resulted in 

decreases in the number of apoptotic cells at the 5h recovery time point (p<0.05; Figure 

27g), and there were no significant changes in the number of apoptotic cells at the 18h 

time point (Figure 27j). In the head measurements, compared to controls, exposure to 

0.5% ERSE, 2% ERSE, and H+2% ERSE resulted in decreases in the number of apoptotic 

cells at the 1h recovery time point (all p<0.05; Figure 27e), 2% ERSE resulted in decreases 

in the number of apoptotic cells at the 5h recovery time point (p<0.05; Figure 27h), and 

there were no significant differences compared to controls at the 18h recovery time point 

(Figure 27k). In the tail measurements, when compared to controls, exposures to H+0.5% 

ERSE and H+2% ERSE resulted in increases in the number of apoptotic cells at the 1h 

time point (both p<0.05; Figure 27f). Exposure to H+2% ERSE also resulted in increases 

in the number of apoptotic cells at the 18h time point (p<0.05; Figure 27l), however there 

were no alterations at the 5h time point (Figure 27i). 



 

123 

 

Figure 27. Staining of apoptotic cells with acridine orange  

Measurements occurred at 1, 5, and 18h recovery time points after 24-hour exposures 

to PAHs and hypoxia. A, D, G, and J represent measurements in the whole larvae; B, 

E, H, and K represent measurements in the head region; C, F, I, and L represent 

measurements in the tail. Different letters denote statistical differences (p<0.05) 

between treatments within a recovery time period (non-parametric Friedman’s test). 

Boxes represent interquartile range with the median and whiskers indicate the range 

of values. 
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5.4 Discussion 

5.4.1 Interactions between PAHs and Hypoxia 

While formulating these experiments, we hypothesized that exposures to non-

teratogenic combinations of PAHs and hypoxia would result in exacerbated toxicity in 

endpoints relating to oxidative stress. However, the results of our experimentation 

showed that exacerbated or synergistic toxicity was most often only apparent in 

morphological endpoints. Moreover, the few apparent interactions between PAHs and 

hypoxia in oxidative stress-related endpoints did not result in the expected phenotypes 

of toxicity. For example, 2% ERSE exposures caused increases in GR and GST activity 

and gstp1 expression; simultaneous hypoxia+2% ERSE exposures appeared to limit these 

increases, indicating that hypoxia antagonized the inductions by 2% ERSE. Dasgupta et 

al. (2016) reported a similar antagonism of hypoxia with crude oil exposures in 

sheepshead minnow (Cyprinodon variegatus) larvae, although it was apparent only with 

GST enzyme activity. While we expected to see synergistic inductions of oxidative stress 

response genes, as shown by Timme-Laragy and colleagues (2009), after exposures of 

zebrafish to synergistic combinations of AHR agonist- and CYP1A inhibitor-type PAHs, 

this antagonism could be hinting at a major mechanism of toxicity related to PAH-

hypoxia co-exposures: limitations of PAH-induced responses by hypoxia may be the 

critical factor that drives differences seen with combinations of PAHs with hypoxia 

versus combinations of PAHs with other CYP1A inhibitors. 



 

125 

Although we did see interactions between PAHs and hypoxia (e.g. increases in 

superoxide radical production and numbers of apoptotic cells in the tails of embryos), 

many were only visible in the co-exposure group treated with the highest concentration 

of ERSE (2%), a combination that resulted in increased incidences of several types of 

developmental deformities compared to controls; from this, we are unable to determine 

whether the responses should be attributed to interactions between hypoxia and PAHs 

through oxidative stress pathways or to the resulting deformities. Regardless, there were 

several instances where PAHs or hypoxia exposures individually resulted in alterations 

in the oxidative stress response of embryos under sub-teratogenic exposure conditions.  

5.4.2 Effects of Hypoxia Exposures 

Hypoxia exposures caused a range of responses relating to oxidative stress at 

time points spanning 0-18 h of reoxygenation, although it should be noted that we saw 

very little evidence supporting previous research showing that reoxygenation is 

potentially a more stressful period than the actual hypoxic exposure (Lushchak et al., 

2001). Hypoxia alone and in combination with ERSE resulted in increased 

mitochondrially-specific superoxide radical generation and catalase activity. Many 

studies have shown that mitochondrial ROS generation is crucial for induction of 

signaling responses related to hypoxia exposures (Chandel et al., 1998, 2000; Guzy and 

Schumacker, 2006), however superoxide anion production has rarely been quantitatively 

measured in terms of a toxicological response due to hypoxia exposures in aquatic 
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organisms (Du et al., 2016a; Zenteno-Savín, et al., 2006). In contrast, many studies 

utilizing different fish species have shown increases in catalase enzyme activity due to 

hypoxia exposures, although these findings were primarily in adult tissues (Bera et al., 

2016; Lubiana et al., 2016; Lushchak et al., 2001, 2005; Zhang et al., 2016).  

Interestingly, catalase activity appeared to mirror superoxide production 

throughout recovery periods, suggesting that the superoxide was converted to hydrogen 

peroxide and subsequently quenched by catalase enzymes. However, it is unclear why 

GPx was not responsive to hypoxia exposures as well, although it should be noted that 

neither gpx1a nor cat gene expression was induced by hypoxia exposures. The enzyme 

specificity could be due to several factors, including that a) hydrogen peroxide is 

characterized as a “sluggish” form of ROS that is able to travel relatively long distances 

within the cell to reach catalase enzymes within peroxisomes (Sies et al., 2017) and/or b) 

the hydrogen peroxide/superoxide primarily came from one source (e.g. NADPH 

oxidase vs mitochondrial complexes) which is associated with catalase activity, but not 

GPx activity (Abramov et al., 2007; Sies et al., 2017). Additionally, antioxidant enzyme 

activities are highly tissue-specific (Lushchak and Bagnyukova, 2006); our samples were 

composed of whole-embryo homogenates which may mask the activities of enzymes 

within individual tissues where GPx is predominantly active. 

A final finding relating to hypoxia exposures was that oxygen limitations 

appeared to stifle the response of many genes related to the oxidative stress response. 
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Hypoxia alone downregulated many of the genes of interest here and also appeared to 

downregulate the induction of genes responsive to ERSE exposures as well. We believe 

this to be a phenotype relating to energy conservation associated with hypoxia 

exposures, particularly through the elimination of non-essential protein synthesis 

(Michiels, 2004). Alternatively, the upregulation of many hypoxia-responsive genes 

usually occurs with chronic hypoxia exposures, but not necessarily acute exposures such 

as those used within this study. 

5.4.3 Effects of PAH Exposures 

Exposures to PAHs, particularly 2% ERSE, also resulted in alterations in 

endpoints assessed here. Treatment with 2% ERSE upregulated both GR and GST 

activity. Other studies utilizing individual PAHs and PAH mixtures have also reported 

inductions of GST, known for its role in antioxidant responses, but also a prominent 

Phase II metabolic enzyme, in fish (Dasgupta et al., 2016; Lu et al., 2009; Timme-Laragy et 

al., 2009). Additionally, ERSE exposures upregulated the expression of several genes 

relating to glutathione synthesis and use, including gstp1, gclc, gclm, and gpx1a, 

indicating that PAHs may induce changes in glutathione dynamics. 

 Exposures to 2% ERSE and H+2% ERSE also appeared to cause mis-regulation of 

cell death pathways. In the head and whole body of zebrafish larvae, these two 

treatments resulted in reductions of the number of apoptotic cells at the 1h and 5h 

recovery time points. While several studies have reported increases in the number of 
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apoptotic cells after exposures to individual PAHs and mixtures that contain PAHs (Ali 

et al., 2011; Costa et al., 2010; Massarsky et al., 2018), Casper and colleagues (2008) 

reported similar downregulations of apoptosis in placental tissues due to PAH 

exposures, potentially due to PAH-induced upregulation of antiapoptotic proteins. 

Prevention of cell death may be just as harmful as upregulation of cell death in embryos, 

which require tightly regulated apoptotic processes for proper development (Alberts et 

al., 2002). 

5.5 Conclusions 

Redox reactions can occur at the molecular, transcriptional, and protein levels 

(Sies et al., 2017). Here, we saw alterations in all of these due to PAH and/or hypoxia 

exposures. While there were only a few instances of discernible interactions between 

PAHs and hypoxia in the co-exposed groups, many of which resulted unexpectedly in 

antagonistic responses, individual exposures caused alterations in ROS production, gene 

expression, antioxidant enzyme activity, and cell death. Changes in these parameters 

were apparent even with sub-teratogenic treatments, indicating that organisms are 

undergoing redox challenges and oxidative stress prior to development of overt 

deformities. While not addressed with this study, it appears that 18 hours is not enough 

time for embryos to fully recover from either type of exposure. Previous work focusing 

on mitochondrial endpoints (see Chapter 4) revealed that most bioenergetic processes 

stabilized within 18 hours of reoxygenation. Regardless, we found no evidence 
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supporting that reoxygenation conditions were a greater initiator of ROS production and 

oxidative stress compared to hypoxic conditions, although our relatively low number of 

time points may have caused us to miss particularly susceptible periods during 

recovery. This work again shows that multiple stressor exposures often result in 

unpredictable types and severity of toxicity. It also shows that organisms require 

substantial periods of time to recover from even acute exposures to chemical 

contaminants and environmental stressors. While in adults this may not pose much of 

an issue, it could cause severe consequences for sensitive developmental stages. Future 

work will continue to assess molecular responses of developing zebrafish to these co-

exposures, focusing on production of other types of ROS, further measures of 

glutathione dynamics, and organismal redox status.  

5.6 Acknowledgements 

The authors would like to thank Dr. Rafael Trevisan for his help with the 

antioxidant enzyme assays. We would also like to acknowledge Drs. Abigail Joyce and 

Lee Ferguson of the Duke University Superfund Research Program Analytical 

Chemistry Core and Dr. Andrew Macintyre and Brittany Sanders of the Duke University 

Human Vaccine Institute for their guidance and assistance with the overall experimental 

design, assays, and future directions of this project. This work was supported by the 

Duke University Superfund Research Center (NIEHS P42-ES010356-15); the Duke 

University Integrated Toxicology and Environmental Health Program (NIEHS T32-



 

130 

ES021432-05); the Water Resources Research Institute and North Carolina Sea Grant; and 

the Immunology Unit of the Regional Biocontainment Laboratory at Duke University 

which receives partial support from the NIH National Institute of Allergy and Infectious 

Diseases (UC6-AI058607). 

 

 

  



 

131 

6. Conclusions 

It is difficult to predict how two or more stressors will interact, even with an 

excellent understanding of how those stressors affect organisms individually 

(Gunderson et al., 2016). As Gunderson and colleagues (2016) nicely describe, 

assessments of risk due to multiple stressor scenarios can be complicated by a variety of 

factors, including duration, timing, and magnitude of exposures, as well as 

developmental stage of the exposed organism and potential interactions between the 

response pathways associated with each stressor. Further complications arise when 

considering an organism’s exposure history – acclimation or adaptation to one stressor 

can influence an organism’s response to another (Gunderson et al., 2016; Todgham and 

Stillman, 2013). 

When considering populations of Atlantic killifish that have evolved to become 

resistant to chemical pollutants, including PAHs, the field has progressed to 

investigations of potential consequences of evolution (Brown et al., 2016, 2017; Frederick 

et al., 2007; Jayasundara et al., 2017). While several studies in Elizabeth River killifish 

have found that these fish may be more vulnerable to other stressors (Frederick et al., 

2007; Jayasundara et al., 2017; Meyer et al., 2003), the results herein (Chapters 2 & 3) 

show conflicting responses, especially when it comes to multiple stressor exposure 

scenarios. In Chapter 2 we found that evolved tolerance to PAHs and/or chronic 

exposure to PAHs were associated with bioenergetic consequences, similar to what was 
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shown by Jayasundara et al. (2017). However, when exposed to hypoxia as a secondary 

stressor (Chapter 3), both alone and in combination with a complex PAH mixture, PAH-

resistant killifish appeared to have the advantage compared to a reference population. 

For the most part, hypoxia did not exacerbate the toxicity seen with PAH exposures in 

the PAH-resistant Republic population. This was somewhat surprising given that 

previous research found PAH-resistant killifish to be more vulnerable to hypoxia during 

larval stages (Meyer et al., 2003).  

However, it was not necessarily an unexpected finding considering the 

mechanisms of PAH resistance. Knockdown of the AHR, a phenotype associated with 

tolerance to PAH toxicity, results in increased resistance to combinations of PAH AHR 

agonists and CYP1A inhibitors (Chapter 2; Clark et al., 2013; Jayasundara et al., 2015; Van 

Tiem & Di Giulio, 2011). Therefore, it was a possibility that toxic combinations of PAHs 

and hypoxia, which also downregulates CYP1A levels and activity (Rahman & Thomas, 

2012), would similarly be rescued by AHR knockdown. Even so, Republic embryos still 

exhibited toxicological phenotypes that were clear responses to interactions between 

PAHs and hypoxia during co-exposures (e.g. effects of co-exposures on hatch rates, 

Chapter 3). This indicated, as with results from previous studies (e.g. Matson et al., 

2008b), that there may be other mechanisms, besides simultaneous AHR agonism and 

CYP1A inhibition, underlying the toxicity seen with PAH and hypoxia co-exposures. 
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Todgham and Stillman (2013) suggest that one way to understand multiple 

stressor scenarios is to identify the potential mechanistic underpinnings of interactions 

between them. In Chapters 4 and 5, we attempted to identify other mechanisms that 

could play a role in interactions between PAHs and hypoxia during co-exposures in 

zebrafish, with focuses on mitochondrial dysfunction and oxidative stress responses, 

respectively. Surprisingly, we saw very few interactions in endpoints relating to either 

physiological pathway. Furthermore, the interactions we did see were often 

unpredictable: antagonistic, non-interactive, or additive toxicity in physiological 

endpoints, but synergistic toxicity in morphological endpoints.  

However, phenotypes of both mitochondrial toxicity and oxidative stress were 

present prior to the onset of teratogenesis in embryos exposed to both the individual 

stressors as well as combinations of the two. Additionally, in most cases, the co-exposure 

group exhibited phenotypes of toxicity associated with both PAH and hypoxia 

exposures. This suggests that co-exposed embryos are more vulnerable, both 

bioenergetically and in terms of altered redox dynamics, compared to embryos exposed 

to individual stressors.  

Together, these results provide important implications for co-exposures of not 

only PAHs and hypoxia, but potentially other multiple-stressor scenarios as well. While 

focusing on just two of many different types of stressors, we saw a range of 

unpredictable and unexpected effects that were dependent on species, severity/duration 
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of exposure, developmental stage, periods of recovery, and other variables. This work 

underlines the need for further testing of combinations of chemical and environmental 

stressors in multiple model species and in varying life stages – only then will we be able 

to fully understand how multiple stressors will impact organism and ecosystem health. 

6.1 Future Directions 

Although only briefly discussed within this dissertation, cross-talk between the 

aryl hydrocarbon receptor (AHR) and hypoxia inducible factor (HIF) signaling 

pathways may play a substantial role in the interactions between PAHs and hypoxia 

during co-exposures (Vorrink and Domann, 2014). Currently, a large-scale effort to 

assess these interactions is underway: we are utilizing advanced mRNA sequencing 

techniques in order to monitor transcriptional responses of PAH-resistant and naïve 

killifish embryos to combinations of PAHs and hypoxia throughout embryonic 

development. Not only will this data provide new outlooks on transcriptional 

interactions between PAHs and hypoxia, but it will also supplement existing knowledge 

of mechanisms underlying evolved resistance to PAHs (e.g. Reid et al., 2016). 

Future work will also focus on further characterization of the effects of PAH and 

hypoxia exposures on mitochondrial function and redox dynamics in zebrafish. Our 

findings have highlighted several possible effects of these exposures on developing 

organisms, including alterations in glutathione cycling, changes in mitochondrial mass, 

and increased ROS production and subsequent cellular damage. All of these endpoints 
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were touched on by Chapters 3 and 4 of this dissertation, however further 

experimentation is necessary to fully understand how they, and other physiological 

characteristics, are impacted by PAH and hypoxia co-exposures.  
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