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Abstract 

 An increasingly large fraction of Earth’s surface has been reshaped and 

contaminated by humans, leading experts to suggest we’ve entered into a new geologic 

epoch – the Anthropocene. Nowhere are these changes more obvious than in mining-

impacted landscapes. Mining reshapes landscapes, liberates trace elements, and alters the 

fate, transport, and transformation of trace elements. In this dissertation, I examine the 

extent to which mining both alters landscape features and mobilizes trace elements, and 

how these paired changes together determine the bioavailability of toxic trace elements. 

Specifically, in this dissertation, I focus on the mobilization and transformation of 

selenium (Se) and mercury (Hg) from mountaintop mining (MTM) in West Virginia; the 

biogeochemical interactions between Se and Hg in ecosystems and organisms; and the 

fate of Hg derived from artisanal and small-scale gold mining (ASGM) in Senegal and 

Peru.  

In chapter 2, I examine the fate of Hg and Se from MTM of coal. Coal is naturally 

enriched in trace elements, including Hg and Se. Alkaline mine drainage from MTM – 

the dominant form of surface coal mining in Appalachia, USA – releases large quantities 

of Se into streams draining mined catchments, resulting in elevated bioaccumulation of 

Se in aquatic and riparian organisms. Yet, the release of Hg into these streams from 

MTM has not yet been studied. I measured total Hg, methyl Hg (MeHg), and Se in 

stream water, sediment, biofilm, cranefly larvae, and riparian spiders in alkaline streams 

(pH range: 6.9-8.4) across a mining gradient (0-98% watershed mined) in central 

Appalachia. Hg concentrations ranged from below detection limit (BDL)-6.9 ng/L in 
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unfiltered water, BDL-0.05 μg/g in bulk sediment, 0.016-0.098 μg/g in biofilm, 0.038-

0.11 μg/g in cranefly larvae, and 0.046-0.25 μg/g in riparian spiders. In contrast to Se, I 

found that Hg concentrations in all environmental compartments were not related to the 

proportion of the watershed mined, suggesting that Hg is not being released from, nor 

bioaccumulating within, MTM-VF watersheds. I also did not find clear evidence for a 

reduction in Hg methylation or bioaccumulation under elevated Se concentrations: water, 

sediment, biofilm, and riparian spiders exhibited no relationship between Hg and Se; only 

cranefly larvae exhibited a negative relationship (p=0.0002, r2=0.42). I suggest that the 

type of surface mining matrix rock, with resultant alkaline or acid mine drainage, is 

important for the speciation, mobility, and bioaccumulation of trace elements within 

watersheds affected by mining activities. 

In chapter 3, I examine evidence for an interaction between Hg and Se. Hg is a 

pervasive environmental pollutant and contaminant of concern for both people and 

wildlife that has been a focus of environmental remediation efforts for decades. A 

growing body of literature has motivated calls for revising Hg consumption advisories to 

co-consider Se levels in seafood and implies that remediating aquatic ecosystems with 

ecosystem-scale Se additions could be a robust solution to Hg contamination. Provided 

that elevated Se concentrations are also known toxicological threats to aquatic animals, I 

performed a literature search to evaluate the strength of evidence supporting three 

assertions underpinning the ameliorating benefits of Se: (1) dietary Se reduces MeHg 

toxicity in consumers; (2) environmental Se reduces Hg bioaccumulation and 

biomagnification in aquatic food webs; and (3) Se inhibits Hg bioavailability to, and/or 
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MeHg production by, microbial communities. Limited or ambiguous support for each 

criterion indicates that many scientific uncertainties and gaps remain regarding Se 

mediation of Hg behavior and toxicity in abiotic and biotic compartments. Significantly 

more information is needed to provide a strong scientific basis for modifying current fish 

consumption advisories on the basis of Se:Hg ratios or for applying Se amendments to 

remediate Hg-contaminated ecosystems. 

In chapter 4, I examine evidence for Hg and Se interaction at the base of the food 

web. Hg, a potent neurotoxin, can biomagnify through food webs once converted into 

MeHg. Some studies have found that Se exposure may reduce MeHg bioaccumulation 

and toxicity, though this pattern is not universal. Se itself can also be toxic at elevated 

levels. We experimentally manipulated the relative concentrations of dietary MeHg and 

Se (as selenomethionine [SeMet]) for an aquatic grazer (the mayfly, Neocloeon 

triangulifer) and its food source (diatoms). Under low MeHg treatment (0.2 ng/L), 

diatoms exhibited a quadratic pattern, with decreasing diatom MeHg concentration up to 

2.0 µg Se/L and increasing MeHg accumulation at higher SeMet concentrations. Under 

high MeHg treatment (2 ng/L), SeMet concentrations had no effect on diatom MeHg 

concentrations. Mayfly MeHg concentrations and biomagnification factors (concentration 

of MeHg in mayflies: concentration of MeHg in diatoms) declined with SeMet addition 

only in the high MeHg treatment. Mayfly biomagnification factors decreased from 5.3 to 

3.3 in the high MeHg treatment, while the biomagnification factor was constant with an 

average of 4.9 in the low MeHg treatment. The benefit of reduced MeHg 

biomagnification was offset by non-lethal effects and high mortality associated with 
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‘protective’ levels of SeMet exposure. Mayfly larvae escape behavior (i.e., startle 

response) was greatly reduced at early exposure days. Larvae took nearly twice as long 

for all to metamorphose to adults at high Se concentrations. The minimum number of 

days to emergence did not differ by SeMet exposure, with an average of 13 days. We 

measured an LC50SeMet for mayflies of 3.9 μg Se/L, with complete mortality at 

concentrations ≥6.0 μg Se/L. High reproductive mortality occurred at elevated SeMet 

exposures, with only 0-18% emergence at ≥4.12 µg Se/L. Collectively our results suggest 

that while there is some evidence that Se can reduce MeHg accumulation at the base of 

the food web at specific exposure levels of SeMet and MeHg, Se is also toxic to mayflies 

and could lead to negative effects that extend across ecosystem boundaries. 

In chapter 5, I examine the fate of total and MeHg from ASGM in Senegal. The 

largest source of global Hg anthropogenic inputs to the environment is derived from 

ASGM activities in developing countries. While our understanding of global Hg 

emissions from ASGM is growing, there is limited empirical documentation about the 

levels of total Hg (THg) and MeHg contamination near ASGM sites. I measured THg and 

MeHg concentrations in soil (n=119) sediment (n=22), and water (n=25) from four 

ASGM villages and one non-ASGM reference village in Senegal, West Africa with 

active ASGM. Nearly all samples had THg and MeHg concentrations that exceeded the 

reference village concentrations and USEPA regulatory standards. The highest median 

THg concentrations were found in huts where Hg-gold amalgams were burned (7.5 μg/g), 

while the highest median MeHg concentrations and percent Hg as MeHg were found in 

river sediments (4.2 ng/g, 0.41%). Median river water concentrations of THg and MeHg 
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were also elevated compared to values at the reference site (22 ng THg/L, 0.037 ng 

MeHg/L in ASGM sites). This study provides direct evidence that Hg from ASGM is 

entering both the terrestrial and aquatic ecosystems where it is converted to the 

neurotoxic and bioavailable form of MeHg in soils, sediment, and water. 

In chapter 6, I examine pathways of Hg deposition and storage from ASGM in the 

Peruvian Amazon. Hg emissions from ASGM now exceed coal combustion as the largest 

global source of Hg to the atmosphere and are being released into some of the most 

biodiverse ecosystems on Earth. Hg, following microbial conversion to MeHg, is a potent 

neurotoxin with deleterious impacts on people and wildlife. However, while we know 

ASGM is an important source of Hg to the atmosphere, we know very little about the fate 

of this source of Hg. Here, I examine Hg deposition and storage in the Peruvian Amazon 

by analyzing THg and MeHg in atmospheric, precipitation, leaf, and soil samples from 

remote and mining-impacted areas. I found that intact forests in the Peruvian Amazon 

near ASGM receive extremely high inputs of Hg in throughfall (71 µg m-2 yr-1) and 

litterfall (66 μg m-2 yr-1) and have accumulated significant quantities of soil Hg (9100 μg 

Hg m-2 within the top five cm). My findings show for the first time that intact forests near 

ASGM are intercepting high levels of Hg deposition, and that songbirds inhabiting these 

forests have elevated levels of  mercury. Our findings raise important questions about 

how mercury pollution may constrain modern and future conservation efforts in these 

ecosystems.  
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In chapter 7, I examine the combined effects of landscape change and Hg loading 

from ASGM in the Peruvian Amazon. ASGM is the largest global source of 

anthropogenic Hg emissions. However, little is known about how effectively Hg released 

from ASGM is converted into the bioavailable form of MeHg in ASGM-altered 

landscapes. Through examination of ASGM-impacted river basins in Peru, I show that 

lake area in heavily mined watersheds has increased by 670% between 1985 and 2018, 

and that lakes in this area convert Hg into MeHg at net rates 5-7 times greater than rivers. 

These results suggest that synergistic increases in lake area and Hg loading associated 

with ASGM are significantly increasing exposure risk for people and wildlife. Similarly 

dramatic increases in lake area in other ASGM hotspots suggest that ‘hydroscape’ 

(hydrological landscape) alteration is an important and previously unrecognized 

component of Hg risk from ASGM. 

In chapter 8, I develop several of the emergent themes that connect the distinct 

elements of this dissertation research. Here I develop a conceptual framework for 

merging perspectives from geochemistry, landscape ecology, and toxicology to 

understand the movement, fate and impact of toxic trace elements in the natural world. In 

the Anthropocene, we typically study the increasing mobilization of toxic trace elements 

and the changing land cover of our planet as separate issues. Yet the way we alter our 

landscapes plays a critical role in the likelihood that any particular place will retain, 

sequester, and alter the transport and bioavailability of trace elements to people and 

wildlife. The goal of this chapter is to provide examples that demonstrate that the risk of 

contaminant exposure is not merely a function of loading, but arises through interactions 
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among loading, landscape capture, and biological transformation, all of which are 

simultaneously altered by human activities. I posit that successful prevention and 

mitigation of trace element toxicity requires a merging of these diverse perspectives and 

traditions. 
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1. Introduction 

One of the most extreme ways that humans alter the landscape and transport of 

trace elements is via surface mining (1, 2). In the mining process, previously buried rock 

is exposed to weathering processes, while tailings (mining waste) and overburden are 

deposited in terrestrial and aquatic ecosystems (3–5). Other trace elements may also be 

introduced into the environment as waste products following the chemical extraction and 

concentration of mineral resources (6). Mining activities are in large part responsible for 

driving anthropogenic releases of trace elements (e.g., copper, lead, mercury [Hg], and 

selenium [Se]) that are many times greater than natural releases (7). In addition to 

liberating large quantities of potentially toxic trace elements, the physical alteration of the 

landscape by mining (8–10) can substantially change the transport, fate, and 

transformation rates of trace elements of concern. Deforestation, the recontouring of 

landscapes, and the construction of settling and tailing ponds associated with mining will 

alter soil moisture, temperature, organic matter content, and redox conditions, thereby 

potentially increasing the lability, microbial transformation, and bioavailability of trace 

elements (11–14). 

Understanding the impacts of mining on the environmental transport and 

transformation of elements is an important part of ecosystem ecology. Though numerous 

studies have sought to understand various aspects of these impacts, there are still many 

remaining questions. To address these knowledge gaps, the overarching questions for my 

dissertation are: To what extent does mining mobilize trace elements? What landscape 
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features promote the transformation of trace elements to more bioavailable forms? How 

does the interaction between trace elements influence their fate and transport? 

Specifically, my dissertation research focuses on the mobilization and transformation of 

Hg from mountaintop mining (MTM) in West Virginia; the biogeochemical interactions 

between Se and Hg in ecosystems and organisms; and the fate of Hg originating from 

artisanal and small-scale gold mining (ASGM) in Senegal and Peru. My dissertation 

combines fieldwork, literature synthesis, and controlled laboratory experiments that 

collectively allowed me to address these questions. 

In Chapter 2, I assess the liberation, fate, and biogeochemistry of Hg from MTM 

of coal. I asks: Does MTM of coal in Appalachia lead to the release of Hg, production of 

methyl Hg (MeHg), and trophic transfer of Hg; and does coincident mobilization of Se 

impair Hg methylation and bioaccumulation in the food web? Alkaline mine drainage 

from MTM – the dominant form of surface coal mining in Appalachia, USA – releases 

large quantities of Se into streams draining mined catchments, resulting in elevated 

bioaccumulation of Se in aquatic and riparian ecosystems and organisms (3, 8, 15–17). In 

addition to Se, coal deposits in Appalachia also have elevated Hg content (18, 19). I thus 

expected Hg to be elevated in mining-impacted streams and aquatic biota. Additionally, 

given the high Se levels in the mined watersheds and literature suggesting that Se can 

limit Hg methylation and bioaccumulation (see reviews in 15, 16), I expected to find 

lower MeHg concentrations in stream water, sediment, biofilm, cranefly larvae, and 

riparian spiders when Se concentrations were elevated. The results from this chapter were 

published as: Gerson JR, Naslund LC, Hsu-Kim H, Driscoll CT, Walters DM, and 
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Bernhardt ES. 2020. Mercury and selenium loading in mountain-top mining impacted 

alkaline streams and riparian food webs. Biogeochemistry. 150(1): 109-122. DOI: 

10.1007/s10533-020-00690-7. 

In Chapter 3, I further examine evidence for an interaction between Hg and Se by 

evaluating existing data in the literature. I ask: Is there sufficient evidence to support a 

Se-Hg interaction, and what are the gaps in our knowledge regarding these interactions in 

aquatic ecosystems? A growing body of literature has motivated calls for revising Hg 

consumption advisories to co-consider Se levels in seafood and implies that remediating 

aquatic ecosystems with ecosystem-scale Se additions could be a robust solution to Hg 

contamination (22–27). Provided that elevated Se concentrations are also known 

toxicological threats to aquatic animals (28–35), this study included a literature search to 

evaluate the strength of evidence supporting three assertions underpinning the 

ameliorating benefits of Se: (1) dietary Se reduces MeHg toxicity in consumers; (2) 

environmental Se reduces Hg bioaccumulation and biomagnification in aquatic food 

webs; and (3) Se inhibits Hg bioavailability to, and/or methyl Hg production by, 

microbial communities. This chapter was published as: Gerson JR, Walters DM, Eagles-

Smith CA, Bernhardt ES, and Brandt JE. 2020. Do two wrongs make a right? Persistent 

uncertainties regarding environmental mercury-selenium interactions. Environmental 

Science and Technology. 54(15): 9228-9234. DOI: 10.1021/acs.est.0c01894. 

One of the knowledge gaps that I noted in my literature synthesis was the lack of 

experimental data for the interaction between Hg and Se at the base of the food web. To 
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address this gap, in Chapter 4, I ask: Does Se influence the bioconcentration and 

biomagnification of MeHg in diatoms and grazing aquatic insects, and what are the 

effects of Se on aquatic insect behavior, development, and survival? I use an experiment 

that exposes diatoms and mayflies (Neocloeon triangulifer) to elevated concentrations of 

MeHg and Se (as selenomethionine [SeMet]) to answer these questions. Mayflies, in 

particular, are sensitive to Se, and their response to elevated Se and Hg concentrations is 

important to their abundance in MTM-impacted streams (36). Mayflies consume 

biofilms, which represents a primary entry point for trophic transfer and accumulation of 

Hg and Se (37, 38). If an interaction occurred between Hg and Se, I expected to find 

lower concentrations of MeHg in diatoms and mayflies exposed to elevated SeMet 

concentrations. 

The second half of my dissertation focuses on the fate of Hg from ASGM, which 

introduces Hg in the process of gold extraction and represents the primary source of 

global anthropogenic Hg emissions (39). In Chapter 5, I ask: Are there patterns in total 

Hg and MeHg concentrations near areas where Hg-gold amalgams are burned in the 

ASGM process, and where are concentrations the highest? I examine total Hg and MeHg 

in terrestrial, riparian, and riverine ecosystems near ASGM in Senegal. I also use the 

dataset to revise prior estimates of mercury emissions in Senegal by an order of 

magnitude. I expected to find the highest concentrations of total Hg in the huts where the 

Hg-gold amalgam was burned, and the highest concentrations of MeHg in river 

sediments. I also expected that total Hg concentrations would decrease with distance 

from the burning hut. This chapter was published as: Gerson JR, Driscoll CT, Hsu-Kim 
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H, and Bernhardt ES. 2018. Senegalese artisanal gold mining leads to elevated total and 

methylmercury concentrations in soils, sediments, and rivers. Elementa: Science of the 

Anthropocene. 6(1): 11. DOI: 10.1525/elementa.274. 

In Chapter 6, I further examine the fate of Hg from ASGM by evaluating 

pathways of Hg deposition and storage near ASGM in the Peruvian Amazon. I ask: What 

are the pathways and loading of Hg across an ASGM-impacted terrestrial landscape, and 

is this Hg stored and converted into MeHg within soils? While we know ASGM is an 

important source of Hg to the atmosphere (39), we know very little about the ultimate 

fate of this Hg. The Peruvian Amazon is an ideal study system to address this gap due to 

the large amount of mining (10, 40) occurring within one of the most biodiverse 

ecosystems in the world (41), allowing the results to be useful for conservation efforts in 

this region. I analyze total Hg and MeHg in ambient air, precipitation, leaf, and soil 

samples from remote and mining-impacted areas. I expected to find that proximity to 

ASGM and mining towns would be the most important factor driving Hg concentrations 

in the atmosphere, wet deposition, and dry deposition. I also expected that forested areas 

would have higher Hg inputs than neighboring deforested areas. 

After evaluating how Hg from ASGM enters the landscape, I sought to 

understand how landscape change (9, 10, 41) associated with ASGM impacts the 

processing of this Hg. In Chapter 7, I ask: How does ASGM change the extent of lotic 

(riverine) and lentic (lake) environments, and how does Hg loading and net methylation 

differ across these environments? Remote sensing data of the Madre de Dios region in the 
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Peruvian Amazon from the past 34 years is used to quantify changes in landscape cover. I 

also analyze total and MeHg concentrations from water and sediments collected from 

rivers, oxbow lakes, and mining ponds. I expected to find that ASGM has increased the 

extent of both lentic and lotic environments. I also expected to find the highest 

concentrations of total Hg in lotic environments downstream of ASGM, and the highest 

concentrations of MeHg in lentic environments downstream of ASGM. This chapter was 

published as: Gerson JR, Topp SN, Vega CM, Gardner JR, Yang X, Fernandez LE, 

Bernhardt ES, and Pavelsky T. 2020. Artificial lake expansion amplifies mercury 

pollution from gold mining. Science Advances. 6: eabd4953. DOI: 

10.1126/sciadv.abd4953. 

In my final chapter, Chapter 8, I explore several emergent themes from my 

dissertation and develop a conceptual framework for merging perspectives from 

geochemistry, landscape ecology, and toxicology to better understand the movement, 

fate, and impact of toxic trace elements in the natural world. In the Anthropocene, we 

study the increasing mobilization of toxic trace elements and the changing land cover of 

our planet as largely separate issues. Yet the way we alter our landscapes plays a critical 

role in the likelihood that any particular place will capture, sequester, and increase the 

bioavailability of trace elements. The goal of this chapter is to show that contaminant 

toxicity risk is not merely a function of loading, but rather arises through linked 

interactions from loading to landscape capture to biological transformation, all of which 

are being altered by human activities. It is my hope to continue to develop and expand 

upon these ideas throughout my career, developing better ways to prevent, mitigate, and 
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manage the risks of legacy and modern contaminants within complex and often managed 

landscapes. 
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2. Mercury and selenium loading in mountain-top mining 
impacted alkaline streams and riparian food webs 

This chapter was published as: Gerson JR, Naslund LC, Hsu-Kim H, Driscoll CT, 

Walters DM, and Bernhardt ES. 2020. Mercury and selenium loading in mountain-top 

mining impacted alkaline streams and riparian food webs. Biogeochemistry. 150(1): 109-

122. DOI: 10.1007/s10533-020-00690-7. 

2.1 Introduction 

Coal is rich both in energy and contaminants, and coal extraction and combustion 

liberates these contaminants. This contaminant enrichment is a direct result of the high 

organic matter content, reducing environment, mineral breakdown, and bioconcentration 

in ancient environments under which coal formed, in addition to the binding capacity of 

organic matter in coal (42). Oxidation of pyrite within and around coal seams releases 

sulfuric acid, which can lead to acid mine drainage and mobilization of trace elements 

(43, 44). When coal seams are mixed with carbonate rock, the acidity can be neutralized, 

leading to alkaline mine drainage and mobilization of high concentrations of trace 

elements from both coal and adjacent minerals (16, 45). For these reasons, coalmine 

effluents, combustion fumes, and coal fly ash are all major sources of environmental 

contaminants (16, 46, 47). 

Two contaminants of particular concern in coal pollution are mercury (Hg) and 

selenium (Se). Coal mined in the United States has been found to have 2-100 times the 

Hg concentration in the upper continental crust (48–50), while Se in coal can be 5-300 

times higher than the upper continental crust (18, 50). Consequently, Hg and Se may be 
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elevated in the drainage water, sediment, and biota of ecosystems receiving effluent from 

coal mining and processing operations. In the process of coal mining, and particularly of 

mountaintop mining with valley fills (MTM-VF), the resultant alkaline mine drainage 

contaminates streams and leads to high Se concentrations in aquatic ecosystems (3, 15–

17). Drainage from coal fly ash also results in elevated Se in adjacent aquatic ecosystems 

(51, 52). In coal combustion, subsequent atmospheric deposition of particles and gases 

has been shown to lead to the deposition of Hg onto the landscape (53–55). While there 

have been numerous studies on Se and Hg individually as a consequence of coal 

processing, there have been notably few investigations of the interplay between Se and 

Hg release to the environment. 

The disconnect of research on Hg and Se following release from coal is surprising 

since both are important trace elements in coal, both are toxins that can accumulate in 

food webs with a variety of lethal and sublethal consequences, and the presence of both 

could potentially be antagonistic. Hg biomagnifies across the food web after it has been 

microbially converted into methyl Hg (MeHg) (56), leading to impaired growth, 

reproduction, metabolism, and behavior in higher trophic organisms (57–59). Selenium, 

though an essential micronutrient required for metabolic processes (60), can cause 

deformities in aquatic oviparous vertebrates when present in high concentrations (61). 

While individually Hg and Se can be toxic, some evidence suggests a potential 

antagonism between these elements, particularly when molar ratios of Se:Hg exceed 1 

(e.g., 21, 22, 25, 62). Though the exact mechanism is unknown, several pathways have 

been suggested, including the formation of insoluble HgSe precipitates either in situ or in 
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vivo, decreased microbial Hg methylation followed by decreased Hg uptake by higher 

trophic organisms, and enhanced excretion of Hg from organisms (see reviews in 20, 21). 

Due to this putative relationship between Hg and Se, ecosystem remediation and dietary 

supplementation with Se have been suggested as approaches to decrease Hg toxicity to 

organisms (25, 63). Yet many studies only include measurements of one of these trace 

elements, with few reporting values for Hg and Se together or considering the acute and 

chronic toxicity of Se additions (30, 34, 35, 64). 

We examined Se and Hg concentrations in MTM-VF-impacted aquatic 

ecosystems in the Appalachian region of the United States. MTM-VF, a form of surface 

coal mining, removes mountain summits to access underlying coal seams. The resultant 

overburden rock is deposited in adjacent valleys as fill, burying streams, altering 

hydrologic flowpaths, and increasing water residence time (65). In the central 

Appalachian states of Kentucky, Tennessee, Virginia, and West Virginia, MTM-VF is the 

predominant form of coal mining and the source of enormous landscape disturbance and 

hydrologic alteration (3, 8). The large amount of carbonate and base cations in the rock 

also results in long-lasting and consistent alkaline mine drainage, which further increases 

the amount of solutes and trace metals mobilized from the landscape (16, 45). High Se 

and Hg concentrations that have been reported for coal deposits in Appalachia (18, 19), 

along with among the highest ever recorded mineral weathering rates in these MTM-VF 

watersheds (45) and widespread Se toxicity near coal mining (16, 17, 36, 66–68). We 

thus would expect Hg to be elevated in mine-impacted streams and aquatic biota. 
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However, measurements of Hg concentrations have not been included in previous 

assessments of MTM-VF impacts on stream ecosystems. 

In this study, our first goal was to assess whether Hg and MeHg loading and 

trophic transfer in mined watersheds are elevated relative to unmined reference 

watersheds. Our second goal was to evaluate whether Se impairs Hg methylation and 

subsequent bioaccumulation; specifically, we examined whether elevated Se 

concentrations are associated with decreased MeHg concentrations or percent Hg as 

MeHg in water and sediment (loading of Hg) or organisms living in these Se-

contaminated environments (trophic transfer of Hg). We used the wide Se gradient 

resulting from varying extents of MTM-VF (0-98% watershed mined) to examine total 

Hg (THg) and MeHg concentrations in water, sediment, biofilm, cranefly larvae, and 

riparian spiders collected from mined and unmined streams, ponds, and riparian zones. 

2.2 Materials and Methods 

2.2.1 Site Description 

Samples were collected from within the mountaintop mined Mud River watershed 

and neighboring mined watersheds in southwestern West Virginia in central Appalachia 

(Figure 20). The main stem of the Upper Mud River and its tributaries drain the Hobet 21 

Mine – formerly the largest surface coal mountaintop removal/valley fill operation in the 

region. Mining activities occurred for nearly 50 years in the Hobet Mine and only ceased 

in the past two years (16, 69). Some of these tributaries have toe ponds at the foot of the 

valley fill from which the stream drains; in others, these toe ponds have been filled, and 

the tributaries are fed directly through subsurface flow. The Left Fork of the Mud River 



 

12 

drains an unmined watershed with similar vegetation and residential use. Both the Upper 

Mud River and the Left Fork drain into the Mud River Reservoir. Most of the sites 

sampled in this study are part of a nearly decade-long monitoring program. 

 

Figure 1: Relationship of selenium (Se), total mercury (THg), methylmercury (MeHg), and 
Se:THg ratio with percent of the watershed mined across environmental samples. The 

dotted line is the average concentration of samples collected from unmined watersheds (i.e., 
0% mined), and the gray shading is the interquartile range of the concentrations in these 

unmined samples. 

2.2.2 Sample Collection 

All stream and pond samples were collected in May 2017 and 2018 using clean 

hands-dirty hands protocol (USEPA Method 1669) (70). In 2017, sites were established 

on seven mined streams, three unmined streams, three toe ponds, two unmined ponds, the 
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reservoir, and the reservoir outlet. In 2018, sites were established on thirteen mined 

streams and seven unmined streams. Of these sites, eight sites were sampled in both 2017 

and 2018. Water and sediment were collected from all sites; biofilm, cranefly larvae, and 

riparian spiders were collected from all stream sites. 

Water samples for sulfate, dissolved organic carbon (DOC), and Se analysis were 

collected in glass scintillation vials. Samples were filtered in the field using a 0.45 μm 

syringe disk filter. Filtered samples were stored at 4°C until analysis, per the laboratory 

protocol at North Carolina State University. Water was analyzed for pH in the field. 

Water samples for Hg analysis were collected in new polyethylene terephthalate 

copolyester glycol (PETG) bottles, and a field blank was also collected. Water samples 

for Hg analysis were filtered in the field using a 0.45 μm membrane filter. One filtration 

blank was collected on each sampling day. An unfiltered water sample for Hg and Se 

analysis was also collected in a new PETG bottle. All water samples for Hg analysis were 

acidified to 0.4% using trace metal grade hydrochloric acid (HCl), doublebagged, 

transported cold to Duke University, and stored at 4°C until analysis. 

Sediment samples were collected as both bulk and fine sediment. For the bulk 

samples, surficial sediment from the stream bottom was collected and frozen until 

analysis. For the fine sediment, surficial bulk sediment samples from the stream bed were 

mixed vigorously with stream water in a bucket for 30 seconds, then allowed to settle for 

30 seconds. A gallon-sized plastic bag was filled with the water suspension and stored at 

4°C to allow the fine sediment to settle from the water. After 24 hours, the water was 

poured off and the fine sediment was frozen until analysis. Sediment cores were also 
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collected from the Mud River reservoir, which contains the outflow from many of the 

sampled streams. Cores were taken near the center of the reservoir using a piston coring 

device, according to methodology followed in other reservoir paleolimnological studies 

(71). Sediment cores were subdivided into 3 cm segments, and frozen until analysis. 

For biofilm, in 2017, ceramic tiles were placed in shaded pools at each site one 

month prior to collection. Biofilm was scraped from these tiles as well as from a rock and 

collected in microcentrifuge tubes. In 2018, biofilm was collected from two rocks within 

each stream. Samples were immediately placed on ice and frozen within 12 hours of 

collection. 

Cranefly larvae were collected as a stream macroinvertebrate that could be found 

in large enough mass in both mined and unmined streams. Other taxa either were not 

found in both mined and unmined streams or were difficult to collect sufficient mass to 

allow for chemical analysis. Cranefly larvae were collected by kicknetting in stream leaf 

packs with a D-ring dip net. Dip net samples were hand-picked directly and sorted in the 

field. Larvae were collected in microcentrifuge tubes or glass scintillation vials, 

according to their size. Samples were immediately placed on ice and frozen within 12 

hours of collection. 

Riparian web-building spiders in the family Tetragnathidae were collected to 

determine the aquatic-terrestrial transfer of trace elements. Beginning at dusk, spiders 

were hand-picked using forceps along stream banks and up to 1 meter into the riparian 

zone. Spiders were collected in microcentrifuge tubes, immediately placed on ice, and 

frozen within 12 hours of collection. 
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A subset of unpublished data for water samples collected and analyzed for a 

previous study (16) are also reported here. These water samples included five surface 

water samples collected in December 2010 – four samples from mine-impacted 

tributaries of the Upper Mud River and one sample from the non-impacted Left Fork of 

the Mud River; of these five sites, three of them (two mined and one unmined) are 

identical to sampling sites in 2017 and 2018. These water samples were filtered on site 

and refrigerated during storage, as described previously, then analyzed for total Se and Se 

speciation within three months of sampling. 

2.2.3 Laboratory Analyses 

Cranefly and spider samples were composited by site. Biofilm samples were 

filtered through a 0.45 μm membrane filter. Sediment, filtered biofilm, and invertebrate 

samples were lyophilized and homogenized, then analyzed in duplicate for THg on a 

Milestone Direct Mercury Analyzer (DMA-80) via thermal decomposition, catalytic 

reduction, amalgamation, desorption, and atomic absorption spectroscopy (USEPA 

Method 7473) (72). For THg concentrations in water, samples were analyzed via 

oxidation with bromine chloride for a minimum of 24 hours, purge and trap, cold vapor 

atomic fluorescence spectroscopy (CVAFS), and gas chromatographic (GC) on a Tekran 

spectrometer (USEPA Method 1631, revision E) (73). All standards had average 

recoveries within 10% of the accepted values, and all blanks were below detection limit 

(BDL). MeHg contents in sediment, biofilm, and invertebrate samples were determined 

by extraction from the sample (described in Supplementary Information) followed by 

aqueous ethylation with sodium tetraethylborate, purge and trap, and either CVAFS or 
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GC separation paired with inductively coupled plasma mass spectrometry (ICP-MS; 

USEPA Method 1630) (74). All standards had average recoveries within 15% of the 

accepted values, and blanks had an average BDL. When isotope spike methodology was 

used, and all extractions that achieved stable isotope recoveries greater than 60% were 

accepted in the dataset. Detailed methods for sample processing and quality control for 

THg and MeHg can be found in Appendix A. 

Water samples were also analyzed for DOC (USEPA Method 5310C) (75) with a 

Shimadzu total organic carbon analyzer and sulfate via ion chromatography (USEPA 

Method 4110B) (76) with a Dionex ICS 2000 ion chromatograph. All standards had 

recoveries within 10% of the accepted values, and all blanks were BDL. 

Homogenized samples were digested in concentrated acid for Se and S analysis 

using USEPA Method 3050B (77) for sediments, invertebrates, and biofilm and USEPA 

Method 3005 (78) for water. Samples were analyzed for Se with a Perkin Elmer Elan 

DRCII ICP-MS, S using a Perkin Elmer ICP-Optical Emission Spectrometer Model 

8000, and CHN using a Perkin Elmer 2400 CHNS Analyzer. All standards had recoveries 

within 10% of the accepted values, and all blanks were BDL. Detailed methods for 

quality control for Se can be found in Appendix A. 

Filtered water samples collected in 2010 were analyzed for total Se by ICP-MS 

operated in hydrogen reaction gas mode (Agilent 7700). Dissolved Se speciation was 

quantified by high performance liquid chromatography-ICP-MS according to previously 

described methods (79). Detailed methods can be found in Appendix A. 
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Samples from the sediment cores were analyzed for bulk density by drying a 

known volume of sediment at 65°C. Sediment core samples were dated as pre- and post-

dam construction (reservoir creation in 1995) based upon a visual change from riverine 

silts to organic sediment. 

2.2.4 Data Analyses and Statistical Analyses 

To more thoroughly examine correlations between Se, THg, and pH, we used 

stream water quality measurements in the Water Quality Portal. The Water Quality Portal 

hosts more than 290 million water quality observations from more than 400 agencies 

(80). We downloaded all data for these parameters across the four states where mining 

has a significant impact on water quality – Kentucky, Tennessee, Virginia, and West 

Virginia – and harmonized the data using tools and code from Ross et al. (2019), to only 

include sites that were within the footprint of mining calculated by Pericak et al. (2018). 

Data were collected using the dataRetrieval package, maintained by the USGS (82).  

Reservoir storage of Hg was calculated by multiplying the average concentration 

of Hg (total Hg or MeHg) by the bulk density of the reservoir sediment and the size of the 

reservoir. The reservoir is 1.2 km2, and the first 22 cm of sediment are representative of 

post-reservoir construction. Average annual sediment loading was calculated as the sum 

of bulk density in reservoir sediments divided by the age of the reservoir (21 years at the 

time of sampling). The flux of Hg to the reservoir was calculated by multiplying the 

average concentration of Hg by the total sediment loading (656 g /yr-m2). 

All statistical analyses were performed using R version 3.1.1 statistical software 

(83) and visualizations were made using ggplot2. We used the percent of the watershed 
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that is mined as a predictor variable since it has previously been shown to be a good 

proxy for alkaline mine drainage loading (45). Percent of watershed mined was 

calculated as described in Naslund et al. (2020). All data are available online (84). 

2.3 Results  

2.3.1 Mercury and Selenium Concentrations 

Hg concentrations were not elevated in streams impacted by MTM-VF relative to 

streams in unmined watersheds. MTM-VF-impacted streams that were elevated in Se 

exhibited low THg concentrations, with no pattern between the percent of the watershed 

mined and THg concentrations for water (unfiltered and filtered), sediment (bulk and 

fine), or biota (biofilm, cranefly larvae, and riparian spiders) (Figure 1). The Hg 

concentrations were below USEPA thresholds across all samples and were not 

significantly different between mined and unmined streams (Table 1, Table 4). 

Concentrations were more variable in unmined sites than in mined sites, in which all 

samples had consistently low Hg concentrations. Additionally, there was no historical 

export of Hg from mines, as reservoir sediment cores did not show increased Hg 

concentrations with sediment depth (Figure 21). Total reservoir storage of Hg was 

estimated as 1.6-1.8 kg THg and 4.4-5.0 g MeHg with sediment deposition fluxes of 49-

53 μg/yr-m2 THg and 130-240 ng/yr-m2 MeHg. The extent of Hg methylation – 

expressed as the percent of Hg as MeHg – also was not associated with mining (Figure 

2). THg concentrations in bulk sediment was highly correlated with percent carbon 

(p<.00001, r2=0.84) and percent nitrogen (p<.00001, r2=0.77), though fine sediment THg 

was not correlated with percent C (p=.092; Table 5). 
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Figure 2: Relationship between percent of mercury (Hg) as methylmercury (MeHg) with 
percent of the watershed mined in bulk sediment. The dotted line is the average 

concentration of samples collected from unmined watersheds (i.e., 0% mined), and the gray 
shading is the interquartile range of the concentrations in these unmined samples. 

 Table 1: Median concentration ranges for Hg and Se in all samples. Concentration ranges 
are reported in Table 4. 

 

The lack of pattern in Hg concentrations in mined and unmined watersheds 

contrasted the patterns evident for Se. Water, sediment, biofilm, and cranefly larvae Se 

concentrations were all greater in the mined watersheds compared to the unmined 

watersheds (p<0.05) and increased with the percent of the watershed mined (Figure 1). 
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Unfiltered 
water 

0.50 0.51 15.4 2.20 0.93 0.63 0.05 0.08 0.04 1.92 7.10 10.8 

Bulk 
sediment 

0.33 0.35 0.91 0.02 0.01 0.01 0.61 0.11 0.12 5.67 2.43 2.45 

Fine 
sediment 

0.72 0.81 6.00 0.06 0.05 0.05 0.17 0.49 51.0 0.28 1.33 0.94 

Biofilm 1.12 1.09 6.07 0.06 0.05 0.05 3.45 2.45 1.38 5.39 5.16 3.58 
Cranefly 0.63 0.76 23.2 0.07 0.06 0.05 16.0 14.1 5.31 12.8 23.0 9.32 
Spider 6.44 4.36 12.3 0.23 0.19 0.11 80.2 87.8 37.7 43.2 53.5 35.9 
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Excess Se was also exported from affected stream ecosystems into terrestrial food webs, 

creating a terrestrial contaminant subsidy, as riparian spiders from mining-impacted 

streams had highly elevated biomass Se concentrations (15). In mine-impacted stream 

samples taken for previous studies at the Upper Mud River, we observed close to 100% 

of the total Se in the selenate form (Figure 23). 

2.3.2 Interaction of Mercury and Selenium 

In the presence of elevated Se concentrations, MeHg concentration and percent of 

the total Hg as MeHg were not diminished in water, sediment, biofilm, or spiders 

(p>0.05). Cranefly larvae exhibited a negative linear pattern between their Se and MeHg 

concentrations (p=0.00019, r2=0.42; Figure 3A), though cranefly larvae did not exhibit a 

relationship between concentrations of Se in unfiltered water and bioaccumulation of 

MeHg (p=0.16; Figure 3B). No relationship between Se and MeHg concentrations were 

found for water (filtered or unfiltered), sediment (fine or bulk), biofilm, or spiders 

(p>0.05). No measured environmental compartment displayed a relationship between 

THg and Se concentrations. Note that all comparisons between Hg and Se were 

performed using the same matrix (i.e., filtered Hg water samples were compared with 

filtered Se water samples). 
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Figure 3: Methylmercury in cranefly larvae. A) Relationship between methylmercury 
(MeHg) and selenium (Se)yl concentrations in cranefly larvae. B) Bioaccumulation of MeHg 

in cranefly larvae compared to the concentration of Se in water. 

The lack of correlation between Se and THg at our MTM-VF-impacted sites is 

consistent with streamwater chemistry samples in the Water Quality Portal from 

Kentucky, Tennessee, Virginia, and West Virginia. We found no relationship between 

THg and Se for all Water Quality Portal data across the four states (Figure 22). Note, of 

all 87,000 samples included in this database, only 0.4% (392 samples) had simultaneous 

measurements of THg and Se and were included in this analysis. Additionally, pH (a 

proxy for acid or alkaline mine drainage) was not correlated with Se or THg.  

2.4 Discussion  

Despite the high concentrations of Hg found in coal (mean: 0.2 ± 0.19 μg/g, 

range: 0.003-2.9 μg/g in Appalachia) (19) and the extremely high rates of weathering 

caused by pyrite dissolution in MTM-VF landscapes of central Appalachia (45), Hg is not 
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being released from, or bioaccumulating within, MTM-VF watersheds. We found no 

difference in Hg concentrations between mined and unmined stream water, sediment, 

biofilm, cranefly larvae, or riparian spiders. There was also no evidence that Hg was 

previously released from these watersheds, as sediment cores taken from the downstream 

reservoir did not show evidence of elevated historic Hg concentrations. Not only was Hg 

not preferentially released from mined watersheds, but MeHg concentrations were not 

elevated in mined streams despite the presence of valley fills and/or settling toe ponds 

upstream. Additionally, even in watersheds with among the highest ever-reported Se 

concentrations in stream and riparian invertebrates (15), we did not see clear evidence 

that elevated Se was limiting Hg methylation in the environment or Hg uptake in 

organisms. While we cannot assess how Se and Hg are interacting from this gradient 

study, our results seem opposed to the hypothesis that high Se concentrations are 

associated with lower MeHg concentrations. 

Overall, we find a tradeoff between Hg and Se concentrations in mine drainage 

that depends on pH and alkalinity. In alkaline mine drainage from MTM-VF, elevated 

concentrations of Se in the mobile form of selenate ions are found in aquatic ecosystems 

(Figure 23), while Hg concentrations remain low. Conversely, in acid mine drainage, 

elevated concentrations of Hg are found in aquatic ecosystems (85, 86), while Se is likely 

present predominantly in the less mobile selenite form (87–89). These results highlight 

key differences between alkaline and acid mine drainage in terms of the types of trace 

element contaminants of concern (i.e. oxyanions versus metal cations) that are mobilized 

from these sites. 
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2.4.1 Patterns in Mercury and Selenium Concentrations 

We found no evidence for elevated Hg release from MTM-VF into stream water 

or sediment, nor evidence for Hg export or storage within the downstream reservoir to 

which these streams drain. This pattern was shown by the low concentrations and general 

lack of correlation of Hg concentrations with the extent of mining. The relatively low Hg 

concentrations in water and sediment extends up the food web to biofilm, cranefly larvae, 

and riparian spiders, which also did not exhibit differences in Hg concentrations between 

mined and unmined watersheds. Total Hg concentrations at all sites were in the range of 

values found in the United States in unmined forested streamwater (90), sediment (91), 

cranefly larvae, and web-building spiders (92–94), and all were well below USEPA 

criterion (0.77 μg THg/L for chronic impacts on freshwater organisms, 0.3 μg MeHg/g in 

fish) (95). These results are in contrast to high concentrations of Hg found in water, 

sediment (85), aquatic plants (96), and fish (86) near acid mine drainage coal mining sites 

and suggest the importance chemical reactions with alkaline fill material in moderating 

Hg release and bioaccumulation from mined watersheds despite the presence of pyritic 

(HgS2) materials and associated trace elements. 

Since Hg concentrations are known to be elevated in coal seams (48–50) and 

MTM-VF-impacted watersheds have one of the highest weathering rates globally (45), 

we assume that Hg is liberated from coal residues during the weathering process. We 

hypothesize that this Hg released from mining activity is not leached from alkaline fill 

material but instead binds with free sulfide or selenide groups in pyritic overburden 

within the valley fills (97–99). The binding affinity of Hg to these ions is favored under 
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alkaline conditions. Alkaline (45) and reducing conditions (100) in valley fills along with 

long residence times (65) could then promote Hg sequestration by this mechanism, 

thereby preventing Hg loss from mined watersheds. Even in the absence of coal residue, 

we would have expected elevated Hg concentrations in streams draining mined 

watersheds due to the elevated rates of weathering, which should release Hg unless there 

is some mechanism of retention. A similar mechanism may be reducing Fe and Mn 

exports from MTM-VF activities, as both trace metals are elevated in acid mine drainage 

(43, 44), but are not prevalent in alkaline mine drainage (16, 101) likely due to oxidation 

and hydrolysis at higher pH. 

The lack of elevated Hg concentrations in any environmental compartment 

downstream of valley fills is in contrast to the behavior of Se at our sites (16). Se 

concentrations in water and sediment of MTM-VF-impacted watersheds correspond with 

the percent of the watershed that has been mined. Moreover, these patterns are 

propagated up the food web in biofilm, cranefly larvae, and riparian spiders. In fact, Se 

concentrations in all water samples from MTM-VF-impacted sites exceed USEPA 

criterion thresholds for freshwater (3.1 μg/L for water), and Se concentrations in all biota 

from MTM-VF-impacted sites exceed USEPA criterion thresholds for fish (8.5 mg/kg for 

whole body fish dry weight) (102). While we did not collect fish samples, the fact that 

fish prey exceed criterion thresholds for fish has potential implications for organisms that 

consume these invertebrates, as noted in Naslund et al. (2020). Measured water Se 

concentrations in MTM-VF watersheds are higher than those in Sutton Lake – a site 

contaminated by chronic coal ash effluent (46) – while the riparian spider and emergent 
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insect Se concentrations in MTM-VF watersheds are among the highest tissue Se 

concentrations reported in the literature and exceed those resulting from the coal ash spill 

at the Tennessee Valley Authority Kingston Fossil Fuel Plant in 2008 (15, 103). 

MTM-VF did not lead to increased rates of Hg methylation in sediments. 

Alongside the expansion of surface coal mines, MTM-VF instigates a parallel 

proliferation of small toe ponds and reservoirs designed to clean coal, store slurry, and 

trap sediment (69). These lentic environments increase the extent of anoxic conditions 

across the landscape. Concurrently, the practice of creating valley fills leads to long 

residence times within the valley fills (65), which exhibit low oxygen conditions (100). 

Since anoxic conditions promote the processing of Hg and Se to the more biologically 

available forms of MeHg (104, 105) and selenite (60, 106), we had hypothesized that the 

reducing conditions at MTM-VF sites would promote the microbial production of MeHg 

within sediment, thus increasing the amount of MeHg and percent of Hg as MeHg within 

MTM-VF-impacted streams. However, our results indicate that MeHg production (and 

percent of Hg present as MeHg) is not promoted in sediments and only in water, 

suggesting that factors other than redox status are driving Hg methylation patterns. It is 

possible that the high pH (range: 6.9-8.4), high chloride concentrations (range: 0.6-35.2 

mg/L), or high sulfate concentrations (range: 6.3-1200 mg/L) present in MTM-VF-

impacted streams is preventing Hg methylation since high pH decreases ionic Hg uptake 

by bacteria (107, 108), while elevated chloride and sulfate concentrations have been 

shown to reduce microbial Hg methylation (109–113). It also possible that, given the 
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correlation of total Hg with carbon, the Hg present in the water and sediment is 

complexed to organic matter and thus not available for methylation.  

2.4.2 Evaluating Evidence of Mercury and Selenium Interaction 

Some recent studies suggest that the presence of elevated Se concentrations can 

reduce Hg toxicity to organisms (see reviews in 20, 21). It has been proposed that the 

protective effect can occur either geochemically (Se binds to Hg due to chemical 

interactions, making Hg inert and non-bioavailable), microbially (Se diminishes the 

microbial methylation of Hg), or organismally (Se reduces Hg bioaccumulation into 

organisms and/or Hg toxicity once within organisms). Further, this protective effect may 

occur when Se:Hg molar ratios exceed 1 (22). We used data from the field to evaluate 

evidence for these three pathways of Se-Hg interactions over a range of Se 

concentrations. Note that while molar ratios of Se:Hg in environmental compartments 

were about 106, far exceeding the proposed 1:1 molar ratio, the amount of Hg 

bioaccumulated was the same in Se-rich mined streams and unmined streams with very 

low Se concentrations. 

We found no evidence to suggest a direct geochemical or microbial interaction 

between Hg and Se. There was no relationship between total Hg and Se in bulk water, 

filtered water, bulk sediment, or fine sediment. There was also no relationship between 

MeHg and Se in these environmental compartments. Using water chemistry data for 

MTM-VF-impacted sites and modeling equilibrium chemical constituents in the water 

column using the chemical equilibrium model Visual MINTEQ (see Supplementary 

Information) (114), we find that elevated concentrations of selenate in MTM-VF-
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impacted streams would not be expected to geochemically interact with Hg (Table 4). 

Based on the MINTEQ modeling and the mined stream average chemical concentrations, 

without the presence of DOC, Hg2+ ions would preferentially bind to chloride and 

hydroxide ions over selenate ions (Table 5). However, note that given the DOC in the 

system, Hg2+ is likely bound to reduced sulfur moieties associated with dissolved organic 

matter (105). In fact, when DOC is included in the MINTEQ model, nearly all Hg is 

bound to the thiol binding site of fulvic acid. These calculations suggest a lack of direct 

chemical interactions between Hg and Se species. 

While there was little evidence of direct chemical interaction between Se and Hg 

across this wide Se gradient, it is still possible that there are biotic mechanisms mediating 

an interaction. We found that the amount of tissue Hg in cranefly larvae was lower in 

streams with higher Se. This indicates either that cranefly larvae preferentially feed on 

high Se:Hg diet items or that Se uptake may prevent Hg incorporation into tissues. 

However, we did not see strong evidence for antagonism in stream biofilms or riparian 

spiders, indicating that this relationship is not universal. 

2.4.3 Implications 

 Trace element release from mining-impacted landscapes is controlled by the 

nature of the overlying surface rock and the extent to which oxidized pyrite is in direct 

contact with this overlying material (Figure 4). The acid buffering capacity of surface 

rocks (i.e., carbonate rocks) can neutralize sulfuric acid produced by mining, leading to 

elevated pH, enhanced weathering rates, and leaching of base cations (45). These 

watersheds impacted by alkaline mine drainage experience elevated concentrations of Se 
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concentrations in water and sediment, predominantly in the mobile form of selenate, 

leading to enhanced bioaccumulation of Se in biota (15). Hg loading and 

bioaccumulation remain low in alkaline mine drainage with Hg likely sequestered within 

the valley fill. Conversely, in the case of watersheds impacted by acid mine drainage, low 

pH leads to elevated concentrations of Hg in water and sediment and associated enhanced 

bioaccumulation of Hg in biota (85, 86), while Se is present predominantly as selenite 

rather than the more mobile selenate under the low pH conditions. There is thus a tradeoff 

in trace element transport and fate in mining-impact streams that depends on chemical 

reactions within overlying rock material. In MTM-VF operations, alkalinity and long 

residence times likely drive the sequestration and speciation of Hg and Se released from 

mining, impacting bioaccumulation of these trace elements in organisms. These factors 

may be a stronger predictor of Hg bioaccumulation than Se loading. 
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Figure 4: Conceptual diagram comparing trace element release from acid and alkaline mine 
drainage.
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3. Do two wrongs make a right? Persistent uncertainties 
regarding environmental mercury-selenium interactions. 

This chapter was published as: Gerson JR, Walters DM, Eagles-Smith CA, 

Bernhardt ES, and Brandt JE. 2020. Do two wrongs make a right? Persistent uncertainties 

regarding environmental mercury-selenium interactions. Environmental Science and 

Technology. 54(15): 9228-9234. DOI: 10.1021/acs.est.0c01894. 

3.1 Introduction 

Mercury (Hg) is a pervasive environmental pollutant and contaminant of concern 

for both people and wildlife (59, 115). In aquatic ecosystems, Hg biomagnifies as 

methylmercury (MeHg) along food chains, achieving its highest concentrations in upper 

trophic levels (116, 117). Top consumers, including people, are subsequently susceptible 

to myriad adverse health effects when exposed to elevated MeHg concentrations through 

their diet (57, 118). Reducing Hg exposure is accordingly a long-standing environmental 

management and research priority shared by international and local governments (119, 

120). Efforts to reduce human MeHg exposure include fish consumption advisories 

issued for sensitive subpopulations (e.g., pregnant women and young children) (121) and 

for specific water bodies where MeHg concentrations are high in fish (122). In the United 

States, water bodies with Hg advisories are found in all 50 states, with approximately 

66,000 km2 of lake area and 1.8 million km2 of river impacted as of 2011 (123). 

Stemming from experiments in the 1960s, a commonly referenced body of 

literature (e.g., refs (62, 124–127)) suggests that the toxic effects of Hg in animal and 

human populations are mediated by in vivo selenium (Se) levels. By highlighting a 
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potential role for Se in reducing risks associated with dietary Hg exposure, these studies 

contended that continued fish consumption might be beneficial to maintain intake of 

other essential nutrients, even when dietary Hg exposure exceeded levels of concern 

(128). Such arguments arose around the same time that public health experts were calling 

attention to the fact that Hg reference doses in the U.S. may have been too low and were 

failing to account for Hg transfer across the placental barrier or the bioaccumulation 

potential in subpopulations of high-end fish consumers (129, 130). Regardless, results 

from the experimental studies on Se-Hg interactions have since been extrapolated to 

suggest that Se:Hg ratios in fish and seafood are a more appropriate basis for interpreting 

Hg exposure risks than Hg concentrations alone (23, 24). The putative health safety in 

Se:Hg molar ratios > 1, as proposed by several studies (22, 25), also implies that risks 

associated with elevated Hg concentrations can be solved by ecosystem-scale Se 

amendments at, or above, this level. 

A major concern regarding the idea that Se may counteract environmental Hg 

problems is that, in addition to being an essential micronutrient required for metabolic 

processes and enzymatic activity (60, 131), Se can be highly toxic to aquatic animals 

(28). Inorganic forms of Se dissolved in the water column – primarily selenite (SeIV) and 

selenate (SeVI) – are rapidly taken-up by primary producers and biotransformed to 

organic forms (e.g., selenocysteine (SeCys) and selenomethionine (SeMet)) that 

bioaccumulate by trophic transfer (29). A substantial amount of experimental and field-

based research shows that exposure to elevated levels of organo-Se via dietary and 

maternal transfer pathways can cause teratogenesis and reduced survivorship in yolk-
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bearing animals. In severe cases, the accumulation of organo-Se in aquatic food webs has 

been directly tied to decimated populations and altered community structure (30–32). 

Adding Se to aquatic ecosystems to lessen MeHg concentrations in upper trophic level 

species could therefore lead to critically high and unpredictable Se concentrations in 

aquatic food webs (132). 

There is potential risk in basing policies about environmental Hg contamination 

issues on the current level of understanding of Se:Hg ratios. We propose that, going 

forward, approaches involving Se:Hg ratios and ecosystem-level Se additions to address 

elevated aquatic concentrations of Hg should carefully consider whether there is 

sufficient evidence to support three criteria regarding Se-Hg interactions: (1) dietary Se 

reduces MeHg toxicity in consumers; and/or (2) environmental Se reduces Hg 

bioaccumulation and biomagnification in aquatic food webs; and/or (3) Se inhibits Hg 

bioavailability to, or MeHg production by, microbial communities. Absent consistent 

evidence in support of these criteria, environmental policies involving the use of one 

known contaminant (Se) to mediate the impacts of another (Hg) could exacerbate 

ecological and human health risks. Herein, we treat these three criteria as hypotheses, 

evaluate the strength of available evidence, and highlight where Se supplementation has 

the potential to introduce additional contamination or toxicity problems. We present our 

findings alongside discussions of the persistent gaps in knowledge that limit current 

understanding of Se-Hg interactions in aquatic ecosystems.  



 

33 

3.2 Methods 

We performed a systematic literature review on January 15, 2019 using ISI 

WebOfKnowledge for the query TITLE: (mercury AND selenium) AND TOPIC: 

(methyl* OR interact* OR ratio) and excluding meeting abstracts. The output from these 

search terms yielded 410 results published since 1967. We examined the abstract of each 

paper and excluded 30 papers that were purely analytical in nature (i.e., described 

methodologies for measuring Se and Hg). We read the remaining 380 papers and 

recorded (1) whether molar ratios were reported, (2) whether mechanisms or toxicity 

endpoints were evaluated, (3) the types of media examined (low-level aquatic organisms 

[e.g., invertebrates], higher-level aquatic organisms [e.g., fish, marine mammals], 

terrestrial organisms, terrestrial invertebrates and vertebrates, microbial processes, 

soil/sediment/water, humans, multi-scale [i.e., studies that included multiple organisms 

spanning trophic levels in food webs and/or Se and Hg levels in the water column or 

sediment]), and (4) whether a protective effect from Se was observed. From the ratio and 

mechanisms subset of 380 articles, we recorded and read all articles cited in the 

Introduction or Discussion sections pertaining to Se and Hg interactions. The 15 most 

frequently cited papers from the ratio subset are listed in Table 7, and aquatic studies in 

the ratio subset are listed in Table 8. 

3.3 Results and Discussion 

3.3.1. Dietary Se reduces MeHg toxicity in consumers 

Substantial experimental evidence supports the notion that Se confers some 

protection against toxicity from Hg exposure. This protective effect was first reported 
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when rats fed diets containing elevated concentrations of mercuric chloride and selenide 

exhibited reduced mortality compared to those fed diets containing elevated mercuric 

chloride alone (62). A number of studies (primarily using mammalian and avian model 

species) have since shown that co-exposure to specific chemical forms and doses of Se 

and Hg mitigates specific effects of Hg toxicity by rescuing antioxidant status, increasing 

growth, and enhancing survival (20, 21, 62, 124, 126). Observations of total Se and Hg 

occurring at 1:1 molar ratios (125) and of HgSe precipitate formation (133–136) in the 

liver tissues of marine mammals published around the same time further indicated that Se 

might play a role in Hg detoxification processes. The results of these and related studies 

form the basis for arguments that a molar excess of Se (i.e., Se:Hg molar ratio >1 or a 

positive Se Health Benefit Value [HBVSe]) is protective against Hg toxicity (22, 25). 

While many studies report reduced MeHg toxicity in the presence of elevated Se, 

the universality and applicability of these early mechanistic studies to Se-Hg interactions 

in aquatic ecosystems remain to be established. Adverse effects (additive, greater-than-

additive, or synergistic) following Hg and Se co-exposure have been reported in studies 

with various taxa, including nematodes (SeMet, SeIV, SeVI) (137), aquatic insects 

(SeVI) (138), fishes (SeMet) (139), birds (SeMet) (140, 141), and mammals (reviewed by 

(20, 21)), in contrast to those studies described above that reported a protective effect of 

Se. Additionally, Cabezas-Sanchez et al. found that SeIV additions did not affect Hg 

concentrations in brain tissue (142), suggesting that Se may not protect against MeHg’s 

neurotoxic effects. These lines of evidence highlight the inconsistency of Se-Hg 

interactions among exposure contexts and species groupings, calling into question 
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whether understanding co-occurring Se levels is useful for predicting Hg toxicity risks 

via dietary exposure. 

Substantial gaps in the understanding of Se-Hg toxicological interactions 

underpin current limitations to reconsidering Hg exposure risks on the basis of co-

occurring Se concentrations. These include: against which of the estimated 250 potential 

Hg toxicity endpoints does Se confer protection?; what roles do Se-Hg complexes play in 

vivo, and what organisms form them?; does Hg, in turn, protect against Se-induced 

toxicity in sensitive aquatic species?; does Se protection occur under environmentally-

relevant exposure routes, bioaccumulation levels, and chemical speciation?; and would a 

molar excess of Se confer protection irrespective of total Hg and Se concentrations? (20, 

21, 143) The use of inorganic chemical forms (e.g., mercuric chloride and sodium 

selenite) and laboratory-specific exposure methods (i.e., intravenous or subcutaneous 

injections) in these mechanistic studies also reveals little about Se-Hg interactions in 

aquatic ecosystems where biogeochemical processes dictate the speciation and routes of 

exposure. It should also be noted that there is no evidence that toxicity resulting from 

high Se exposure in susceptible oviparous animals is mitigated by Se:Hg ratios ≥ 1. 

Despite these important data gaps, the purported protective role of Se against Hg toxicity 

has given rise to a sizable body of literature that considers the protective role of excess Se 

to be conclusively shown (22, 144–147). Our literature search identified 127 studies 

published since 1985 that primarily report molar total Se to total Hg ratios in various 

tissues of aquatic animals and simply infer the toxicity risks posed to the individual 

and/or its consumers from those ratios (Figure 24, Table 8). However, only a small 
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fraction of these studies (17 of 127) provide concurrent measurements of toxicity 

endpoints. Many others report considerable intra- and inter-species variation in reported 

ratios (148, 149). The paucity of studies linking toxicity to co-occurring Hg and Se 

exposure make it difficult to interpret how reported molar ratios relate to the health status 

of different kinds of animals. We find that the relevance of Se:Hg molar ratios have been 

largely inferred (22), that the mechanisms of protection have not been fully described 

(20, 21, 143), and that the practicality of maintaining consistent ratios among taxa in 

natural environments is questionable. Despite these uncertainties, some authors strongly 

argue that molar ratio metrics should supplement, if not replace, the sole focus on Hg 

concentrations in consumption advisories (25). 

3.3.2. Environmental Se reduces Hg bioaccumulation and biomagnification in 

aquatic food webs 

For Se to effectively reduce Hg exposure in sensitive consumer populations, 

elevated environmental concentrations of Se should decrease Hg bioaccumulation and 

biomagnification within aquatic food webs. Such mechanisms would inherently require 

Se mediation of Hg burdens at the individual level that limit the delivery of Hg to 

subsequent trophic levels (i.e., reduce the available Hg in prey and corresponding 

exposure to consumers). Here, too, a substantial proportion of available evidence in 

support of this hypothesis comes from studies using model mammalian species. 

Observations of in vivo sequestration or redistribution of Hg following elevated Se 

exposures within individuals support this hypothesis. For example, field collections of 

aquatic organisms report insoluble HgSe precipitate formation in tissues where 
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detoxification processes occur (e.g., liver and kidney) (20, 21, 134–136), while 

experiments co-administering Se and Hg find that certain forms of Se (SeIV, SeMet, and 

SeCys but not SeVI) lead to Hg redistribution among tissues and elimination from 

terrestrial and aquatic organisms (20, 26, 27, 150–152). Together, these studies suggest 

that Hg is either demethylated or becomes biologically unavailable for in vivo 

methylation when Se is present in molar excess of Hg (i.e., Se:Hg >1) (150, 153, 154). 

Se-mediated demethylation, redistribution, and sequestration of Hg could thus 

theoretically result in decreased bioavailability and bioaccumulation of Hg to higher 

trophic species. At the ecosystem-scale, there is associative evidence for Se mediation of 

Hg in food webs. For example, there are reports of increasing fish Hg burdens with 

decreasing water column Se concentrations in a Tennessee quarry impacted by Se-laden 

fly ash (155); negative correlations between total Hg or MeHg tissue concentrations in 

aquatic organisms (zooplankton, mayfly, amphipod, and fish) and corresponding tissue 

and dissolved Se levels in a series of lakes near a smelter in Sudbury, Ontario (156, 157); 

negative correlations between fish muscle, liver, and brain total Hg or MeHg and Se 

concentrations in Canadian boreal lakes (158); and higher concentrations of MeHg in fish 

associated with decreased ratios of Se:Hg in water at a contaminated estuary in Tasmania 

(159). 

Research focused on aquatic animals and ecosystems shows that Se mediation of 

Hg bioaccumulation and retention – and the corresponding implications for Hg trophic 

transfer in aquatic food webs – is far more complex than indicated by studies using 

laboratory mammals. A number of studies report that exposure to either Se or Hg has no 
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significant effect on concentrations of the other (160) or that Hg uptake is sensitive to the 

speciation of dissolved Se (SeMet but not SeIV or SeVI) (161). Only two ecosystem-

scale studies to date have experimentally added Se (as SeIV) and tracked the subsequent 

influence on food web Hg burdens. At the Experimental Lake Area in the U.S., Se was 

added at concentrations of 1, 10, and 100 μg/L; and in eleven Swedish lakes, Se was 

added across a concentration range of 0.4-5 μg/L. Notwithstanding the differences in 

concentrations used, both experiments found that Se effects on Hg biomagnification were 

inconsistent across animal species and trophic levels. While both studies found reduced 

Hg concentrations with Se addition in higher trophic level fishes (162–164), Hg 

concentrations in lower level invertebrates were unchanged (164). These experiments 

revealed that Se additions resulted in reductions in Hg bioaccumulation at higher trophic 

levels, but only at Se concentrations ranging from 2-30× higher than aquatic life criteria 

for chronic Se exposure in lotic systems (3.1 µg Se L-1) (102). The high Se levels led to 

the elimination of perch from some of the investigated lakes, without affecting pike 

populations (163). This pattern in Se toxicity is consistent with ~5 times higher Se 

bioaccumulation in perch compared to pike (61) and suggests the important role of food 

web pathways in organismal Se exposure. Given the potential for Se toxicity in aquatic 

organisms (31), these studies stressed the importance of further investigations about the 

harms caused by Se before implementing ecosystem-scale Se amendments (132, 165, 

166). 

A number of fundamental questions about how Se mediates Hg bioaccumulation 

and biomagnification in aquatic food webs have yet to be investigated. Importantly, most 
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mechanistic evidence supporting Se mediation of Hg in vivo comes from studies using 

non-aquatic mammalian model species (i.e., rats, mice, or rabbits). The relative lack of 

analogous studies in aquatic species (only 23 of 93 mechanistic studies returned since 

1967 in our literature review) limits an understanding of how Se-Hg interactions modify 

Hg bioaccumulation and biomagnification specifically in aquatic food webs. In one of the 

few experimental studies using fish, MeHg co-administered with SeMet led to decreases 

in MeHg concentrations in zebrafish muscle and intestines without changing MeHg 

concentrations in brain or liver (142). Slight differences in tissue-specific Hg burdens are 

unlikely to influence Hg trophodynamics in aquatic food webs when whole body Hg 

burdens in prey, rather than tissue-specific concentrations, dictates consumer exposure. In 

large part, the implications of Hg sequestration, redistribution, and tissue-specific 

elimination within a given trophic level for Hg biomagnification along food webs remain 

uncertain. 

3.3.3. Se inhibits Hg bioavailability to, and/or methylation by, microbial 

communities 

Because microbial Hg methylation leads to Hg biomagnification in aquatic food 

webs, minimizing the extent of Hg methylation could be an effective means of decreasing 

Hg levels entering food webs. Several studies have found mechanistic support for SeIV 

inhibition of Hg methylation (21, 167). The first of two proposed mechanisms 

hypothesizes that Hg bioavailability to microbes is hindered by either the direct 

geochemical or microbial formation of stable complexes (HgSe or MeHgSe) (21, 143) or 

via photolytic demethylation of MeHgSe to form HgSe (Ksp = 10-58 - 10-65) (97). In turn, 
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these processes reduce either the amount of inorganic Hg available to microbes for 

methylation or the bioavailability of the produced MeHg. There is also mounting 

evidence from studies using bacterial cultures that inert HgSe complexes can be formed 

in soils and sediments that have high Hg and SeIV concentrations, which has been 

suggested to render the Hg as non-bioavailable for methylation or uptake (168, 169). This 

is further supported by reduced Hg accumulation in rice grown in Se-enriched (SeIV, 

SeVI) paddies (170–174). The second hypothesis regarding Se inhibition of Hg 

methylation proposes that Se suppresses the methyltransferase enzyme in sulfate reducing 

bacteria, elevating the proportion of inorganic Hg available for Hg-Se complexation 

(169). We found no evidence that this hypothesized mechanism has been tested, 

highlighting an important and compelling opportunity for future mechanistic studies. 

Surprisingly few studies investigate the process of microbial Hg methylation in 

the presence of Se. Our literature search returned only 15 laboratory or field studies that 

examined biogeochemical Se-Hg interactions in water, sediment, and/or unicellular 

organisms. The results of these studies were equivocal and often involved higher Se and 

Hg concentrations than are environmentally relevant. Net sediment Hg methylation rates 

both increased and decreased in the presence of environmentally-relevant Se 

concentrations (SeMet, sometimes SeIV, but not SeVI) (175, 176), suggesting that 

additional environmental factors influence the direction of this interaction. Experimental 

SeIV addition studies yielded similarly divergent results, with Rudd et al. reporting no 

effect on sediment Hg methylation rates (177), and Jones et al. reporting that sediment 

concentrations of MeHg and Se were not correlated in situ (159). In field monitoring 
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studies, Ouédraogo & Amyot and Økelsrud et al. separately reported no relationship 

between dissolved water column total Se and MeHg concentrations in lentic systems 

(178, 179). 

Overall, inconsistent results reported by this rather limited number of studies 

provides inconclusive support for what we consider an important criterion related to Se-

Hg interactions in aquatic ecosystems. In particular, results indicate that microbial 

processes are likely influenced by additional environmental parameters (e.g., pH, 

dissolved oxygen, temperature, sulfur, and carbon content) that could govern Se 

mediation of microbial Hg methylation on a site-specific basis. If so, that could in part 

explain the varied and unpredictable responses of sediment and water MeHg following Se 

additions. 

3.4 Conclusions and future research needs 

Reducing mercury contamination of aquatic food webs is a persistent and 

complex issue. Our review of the literature indicates that while proposed solutions 

involving the use of Se – a naturally occurring and essential element – may be appealing 

due to their simplicity, they overlook the known consequences of elevated Se exposure 

(30–32) as well as substantial gaps in understanding about how Se mediates Hg toxicity, 

trophic transfer, and methylation in aquatic ecosystems. Three overarching questions 

reflect the extent of remaining knowledge gaps: 

1. How is Hg toxicity influenced by in vivo and dietary Se:Hg ratios? 

a. What are the specific mechanisms underlying individual health effects?  
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b. How do protective ratios vary among toxicity endpoints, species, and life 

stages? 

c. Does the protective effect of Se on MeHg toxicity depend solely on the 

Se:Hg ratio, irrespective of absolute Se and Hg concentrations and 

chemical species? 

2. Is MeHg bioaccumulation and biomagnification inhibited by elevated dissolved 

Se concentrations, dietary Se exposure, in vivo HgSe formation, or by some 

combination of these factors? 

3. What forms and concentrations of Se reduce Hg methylation in abiotic 

compartments? 

a. What mechanism(s) drive Se inhibition of microbial Hg methylation 

processes? 

b. How do other physico-chemical factors mediate Se inhibition of microbial 

Hg methylation?  

Our results suggest that future development of environmental and public health 

policies based on Se-Hg interactions need targeted guidance from experiments testing 

environmentally-relevant chemical forms, concentrations, and modes of exposure. The 

short- and long-term impacts of Se amendments also require much more thorough study, 

with future efforts investigating effects across scales of biological organization and 

including sub-teratogenic and sub-lethal toxicity endpoints. Further, these experiments 

would need to integrate abiotic and biotic compartments, span trophic levels, and account 

for additional environmental parameters likely to mediate Se-Hg interactions along 
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aquatic food chains. We also look to laboratory studies to elucidate the mechanism(s) by 

which Se interferes with microbial MeHg production. Mesocosm experiments may be 

particularly useful for addressing gaps in understanding on the co-distribution of Se and 

Hg in water and sediments as well as their trophic transfer.  

The chief concern regarding Se additions to Hg-impaired ecosystems is the 

potential for Se-induced toxicity to cause catastrophic effects on freshwater food webs 

through reduced fish and aquatic bird reproductive success, survival, and recruitment to 

adult populations (31). This concern is warranted because the Se levels required to reduce 

human MeHg exposure via fish consumption appear to be above protective aquatic life 

thresholds put forward by regulatory agencies, including the U.S. Environmental 

Protection Agency (102). As it stands, current understanding of environmental Se-Hg 

interactions is insufficient to predict whether the potential benefits (e.g., reduced Hg 

toxicity risk for consumers) of Se additions outweigh the anticipated environmental 

consequences of elevated Se exposure.  

 



 

44 

4. Experimental evidence that the lethal impacts of 
selenium counterbalance the potential reduction in 
mercury bioaccumulation for freshwater organisms 

4.1 Introduction 

Mercury (Hg) is a persistent contaminant that biomagnifies across trophic levels 

as methylmercury (MeHg) and can cause severe neurological impacts in people (118, 

180, 181) and wildlife (182–184). High levels of MeHg in organisms can impair 

neurologic function, behavior, and reproduction through a diverse range of mechanisms 

(59, 116). Although MeHg readily bioaccumulates and is toxic at high concentrations, 

selenium (Se) has been shown to reduce MeHg bioaccumulation and ameliorate toxicity 

in some instances (see reviews by 20, 21, but see 185). 

Selenium is well-known for its hormetic effect. At low exposures, it is an 

essential micronutrient required for metabolic and antioxidant processes for which 

deficiency can result in severe health consequences (131). At higher exposures, Se can be 

toxic, leading to teratogenic and pathological effects along with reproductive impairment 

in oviparous species (34, 35, 61, 186, 187). Importantly, the difference between 

beneficial and toxic doses of Se is relatively small and unknown for many species (30, 

188). 

Despite the potential toxicity associated with high Se and Hg exposure 

individually, some studies suggest that Se:Hg molar ratios at or exceeding 1:1 can 

mitigate the severity of Hg toxicity for some endpoints and that Se exposure can reduce 

Hg biomagnification (23, 24, 26, 27, 161). However, data supporting the protective role 
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of Se for Hg methylation, accumulation, and toxicity is  equivocal, as shown by a recent 

review (185), with the efficacy of Se varying by organism and ecosystem. There is still 

substantial uncertainty regarding the role that Se may play in influencing the production 

and uptake of MeHg by the basal food web. These gaps include uptake by primary 

producers (e.g., diatoms) and subsequent consumption by primary consumers such as 

invertebrates (e.g., larval mayflies), which are important predictors of Hg concentrations 

in top predators (189). Most experimental studies examining Hg and Se interactions have 

focused on the ecotoxicity in mammals, such as rats and humans (20, 21, 190), while 

only limited attention has been directed to the impacts of elevated Hg and Se on the 

aquatic organisms that are most likely to encounter mixtures of these trace elements in 

contaminated water bodies (see review in 185). Notably, the hypothesis that Se can 

reduce Hg accumulation into aquatic primary producers and primary consumers still 

lacks strong supporting evidence.  

Uptake and retention of Hg and Se by primary producers is a critical step in the 

movement of both elements through aquatic food webs. The enrichment function from 

water to algae can be up to 106 for both Hg (56, 122, 191) and Se (33, 192), making it the 

highest enrichment step in aquatic food webs. Thus, algal and biofilm consumption by 

stream grazers is a primary entry point for subsequent trophic transfer and accumulation 

of these elements (37, 38). As MeHg concentrations can then be enriched with each 

subsequent trophic transfer, understanding whether Se limits MeHg accumulation by 

primary producers and MeHg trophic transfer to consumers is a critical data gap. The 

bioaccumulation of MeHg at the base of freshwater food webs ultimately leads to MeHg 
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accumulation in fish and a risk to humans that consume these fish. Laboratory studies 

focused on organisms at the base of aquatic food webs can therefore inform how both 

elements interact at these key ecological scales and the associated implications for health 

risks due to exposure. Factors that limit entry and bioaccumulation at the base of the food 

web could greatly affect Hg concentrations in top predators such as fishes, with exposure 

implications for wildlife and humans that eat fish.   

In this study, we employed controlled dosing experiments to evaluate the degree 

to which Se modulates MeHg bioconcentration into the base of the food web (diatom 

primary producers) and bioaccumulation into a first-order consumer (the grazing mayfly 

Neocloeon triangulifer), to address an important knowledge gap regarding Hg-Se 

interactions (185). We simultaneously assessed the toxicity of Se and MeHg to mayfly 

development, behavior, and mortality. We asked: (1) Does Se influence the 

bioconcentration of aqueous MeHg by diatoms? (2) Is MeHg biomagnification in grazing 

aquatic insects influenced by Se exposure? (3) How might Se affect aquatic insect 

behavior, development, and survival if used to reduce MeHg risk? To answer these 

questions, we performed laboratory experiments subjecting diatoms and mayflies to two 

different MeHg exposures and a gradient of selenomethionine (SeMet) concentrations, 

the forms that bioaccumulate and are proposed to interact (Table 2; Figure 25). For 

questions 2 and 3, we exposed mayflies to elevated SeMet and MeHg via diet (i.e., 

diatoms exposed to MeHg and SeMet in the water column). For question 1, we exposed 

diatoms first to elevated MeHg in the water column, and then to elevated SeMet in the 

water column. We measured MeHg accumulation in diatoms and mayflies, as well as 
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nonlethal responses (escape behavior, growth, timing to emergence) and survival in 

mayflies across this range of aqueous SeMet concentrations. 

Table 2: Summary of experimental design and endpoints measured. 

Experiment Questions addressed MeHg 

concentration to 

which diatom are 

exposed 

Measured Se 

range of water 

column (µg/L)* 

Endpoints 

measured 

Mayfly experiment 

1: High SeMet 

range 

(1) What are the lethal and nonlethal 

effects of Se on aquatic insects in 

low Hg environments? 

(3) Does Se impact the accumulation 

of Hg in aquatic insects? 

Low 0.16-36 • Survival 
• Growth 
• MeHg 

accumulation in 
mayflies 

Mayfly experiment 

2: Medium SeMet 

range 

(1) What are the lethal and nonlethal 

effects of Se on aquatic insects in 

low Hg environments? 

(3) Does Se impact the accumulation 

of Hg in aquatic insects? 

Low 0.31-7.39 • Survival 
• Escape behavior 
• Growth 
• Timing to 

emergence 
• MeHg 

accumulation in 
mayflies 

Mayfly experiment 

3: Low SeMet 

range 

(1) What are the lethal and nonlethal 

effects of Se on aquatic insects in 

low Hg environments? 

(3) Does Se impact the accumulation 

of Hg in aquatic insects? 

Low 

High 

0.22-3.1 • Survival 
• Escape behavior 
• Growth 
• Timing to 

emergence 
• MeHg 

accumulation in 
mayflies 

Diatom experiment (2) Does Se impact the accumulation 

of Hg in primary producers? 

Low 

High 

<0.1-32.6 • MeHg 
accumulation in 
diatoms 

*In all experiments, Se in the form of SeMet was used and TSe was measured in the laboratory. 

4.2 Material and Methods 

We conducted the experiments at the United States Geological Survey (USGS) 

Columbia Environmental Research Center (CERC), USA. We soaked all glassware, 

containers, and other materials used for the experiments in a 20% hydrochloric acid bath 
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and rinsed them in deionized water prior to use. All SeMet and MeHg solutions were 

prepared from stock solutions (see Appendix C). Since all Se used in the experiments 

were in the form of SeMet, laboratory analyses measured total Se (TSe) concentrations. 

Although inorganic Se is the dominant form in aquatic ecosystems, the organic 

forms of Se are toxic, bioaccumulate, and have been proposed to be protective of MeHg 

in organisms (161, 193–198). In our exposures, we therefore used Se in the form of 

SeMet to simulate the form of Se to which organisms are exposed to bioaccumulation. In 

abiotic matrices (e.g., water and sediment), SeMet makes up a small percentage of TSe, 

and the exact fraction of Se present as SeMet has been poorly characterized. In contrast, 

biofilms take up inorganic Se from the water column and convert it into organo-Se (e.g., 

SeMet), which can then bioaccumulate in aquatic invertebrates and other higher order 

organisms (30, 106). We used the SeMet form of Se because of the short lifespan of 

mayflies and uncertainty surrounding the kinetics of converting Se to SeMet. Mayflies 

are generally exposed to organic forms of Se through their diet, as primary producers 

effectively convert Se from the inorganic forms found in the water column to organic 

forms that then dominate in biota (33). By doing so, we ensured that we were explicitly 

testing the interaction of MeHg with the form of Se that bioaccumulates. As a result, the 

toxicological responses of mayflies to Se may be a result of exposure to aqueous SeMet, 

dietary SeMet, or a combination, but it is not possible to conclude mechanism of toxicity 

based upon this study design. 
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4.2.1 Diatom and mayfly cultures 

We grew diatom cultures according to (199). Briefly, we grew diatoms in an 

environmental chamber (Darwin Environmental Chamber, Darwin Chambers Company, 

LLC) under a 16:8 (light:dark) photoperiod. We maintained light intensity was 

maintained at 1500 lux and temperature at 24°C. For detailed information on how the 

diatom cultures were grown, see Appendix C. Prior to experimental exposures, we 

measured background MeHg and Se concentrations in three slides of control diatoms 

grown in media. 

We obtained mayfly eggs (Neocloeon triangulifer) from CERC’s culture, as well 

as from the Illinois Natural History Survey and the US Environmental Protection Agency 

(EPA), which ensured that we had an adequate supply of mayflies to conduct the 

experiments. N. triangulifer is a parthenogenetic mayfly used as a model organism in 

studies of impacts on aquatic ecosystems (199–201), and mayflies obtained from all three 

sources are thus genetically identical. We grew mayfly cultures according to (199). We 

grew mayflies in an environmental chamber (Darwin Environmental Chamber, Darwin 

Chambers Company, LLC) under a 16:8 (light:dark) photoperiod. We maintained light 

intensity at 200-300 lux, and temperature at 24°C. For the first twelve days, mayflies 

grew in an autoclaved beaker with 1 L of Duluth 100 water and one diatom slide. We 

performed a beaker change to provide new Duluth 100 water and a new diatom slide on 

day seven. After twelve days, we began the mayfly exposure experiments. 
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4.2.2 Diatom MeHg retention experiment 

We performed a diatom dosing experiment to test the hypothesis that Se inhibits 

the retention of MeHg by primary producers, since this would represent the dietary 

exposure of MeHg to mayfly larvae. To ensure that any interaction between SeMet and 

MeHg took place within the diatoms themselves as opposed to within the water column, 

we exposed diatom slides to a MeHg treatment first and then to a SeMet treatment, 

thereby assessing the retention of MeHg within the diatoms. First, we exposed diatom 

slides to either low (0.2 ng MeHg/L) or high (2 ng MeHg/L) MeHg solutions for 48 

hours. After 48 hours, we sampled three individual diatom slides for MeHg concentration 

and two composites of two slides each for total Se (TSe) analysis. We also sampled water 

from each exposure chamber for aqueous MeHg analyses. We exposed the remaining 

diatom slides for 48 hours to a range of dissolved SeMet concentrations in 400 mL of 

water with four slides at each exposure (0.48, 0.92, 1.32, 2.03, 3.07, 4.91, 6.39 μg TSe/L 

in the low MeHg exposure; 0.72, 1.15, 1.73, 2.17, 2.68, 5.71, 6.71, 8.59 μg TSe/L in the 

high MeHg exposure). Note that in the Methods and Results, measured TSe 

concentrations are reported; corresponding nominal TSe concentrations can be found in 

Tables 9 and 10. We selected this concentration range based upon the range of TSe found 

in the environment, from natural systems to mountaintop mine-impacted water bodies: 

approximately 0-60 μg/L TSe (202), with SeMet typically representing a fraction of this 

TSe. We aimed to measure the impact of organic Se on MeHg accumulation across the 

broadest range of conditions possible and to determine whether the relationships were 

linear or nonlinear across the range. We sampled diatoms from each exposure after 48 
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hours following the protocol described for control samples. We also measured aqueous 

TSe concentrations from each treatment to verify the exposure magnitude. Selenium 

concentrations in diatoms increased linearly according to an ordinary least square 

regression with aqueous SeMet concentrations in all MeHg treatments (control: r2=0.91; 

low: r2=0.97; high: r2=0.92). 

4.2.3 Mayfly exposure experiments 

We conducted a series of experiments to test whether aqueous SeMet inhibits 

dietary MeHg uptake into grazing aquatic insects and to evaluate the sub-lethal and lethal 

effects of aqueous SeMet to mayflies (Table 2; Figure 25). In all mayfly exposure 

experiments, we fed mayflies diatoms that had been exposed to aqueous MeHg. 

Specifically, at least 48 hours before use in the mayfly toxicity and accumulation 

experiments, we placed diatom slides in a polyethylene terephthalate copolyester glycol 

(PETG) container with 5 L of MeHg at low (0.2 ng MeHg/L) or high (2 ng MeHg/L) 

concentrations. We prepared fresh MeHg-dosing baths once all the slides had been used 

in the mayfly experiments. We sampled MeHg bath water and three diatom slides from 

each bath; we analyzed the water for MeHg and TSe concentrations and the diatoms for 

dry mass (mass/slide) and MeHg concentration. Without the presence of supplemental 

Se, aqueous MeHg was accumulated by diatoms to an average of 4 ± 2 ng MeHg/g dw at 

low MeHg exposure and an average of 9 ± 5 ng MeHg/g dw at high MeHg exposure. 

Variability is attributed to the quality of diatoms on the slide and the length of time the 

diatom slide was grown in the MeHg solution (203). 
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In the first experiment (experiment 1: high SeMet range experiment), we prepared 

fifteen aquaria with five aqueous SeMet exposure levels (0.16, 9.2, 18.4, 28.6, 36 μg 

TSe/L) in triplicate and fed mayflies in these aquaria diatoms exposed to low MeHg (0.2 

ng MeHg/L). While these aqueous SeMet exposures were the original range chosen based 

on the range of TSe in the environment (202), there are few data on Se toxicity to 

invertebrates in the literature. Results from this first experiment indicated complete 

(100%) mortality at concentrations ≥9.2 μg TSe/L. Therefore, we conducted a second 

experiment (experiment 2: medium SeMet range experiment) with aqueous SeMet ranges 

from 0.31 to 7.39 μg TSe/L (0.31, 1.49, 2.68, 4.12, 4.7, 6.03, 7.39 μg TSe/L) and diatoms 

exposed to low MeHg concentrations (0.2 ng/L). Again, based on high mortality at SeMet 

at or above 4.12 μg TSe/L, we conducted a third experiment (experiment 3: low SeMet 

range experiment) at SeMet concentrations of 0.22-3.1 μg TSe/L (0.22, 0.53, 0.64, 0.99, 

1.9, 2.29, 3.07 μg TSe/L at low MeHg; 0.33, 0.37, 0.47, 1.35, 1.85, 2.38, 3.1 µg TSe/L at 

high MeHg) to ensure we had sufficient mayfly survival to test the hypothesis that 

aqueous SeMet exposure reduces dietary MeHg accumulation. In this low SeMet 

experiment, aquaria were prepared in duplicate and mayflies were fed diatoms exposed to 

either low (0.2 ng/L) or high (2 ng/L) MeHg. 

We began each experiment on day twelve of the mayfly lifecycle by transferring 

35-45 individual mayfly larvae to each exposure tank. At this point in their lifestage, 

mayflies are robust enough to survive handling with limited expected fatalities. For each 

experiment, we placed mayflies in 4 L of clean Duluth 100 water with continuous 

aeration and two diatom slides as a food resource. We added fresh diatom slides from the 
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same MeHg exposure to the aquaria when >50% of the diatom slides had been grazed, as 

assessed by visual estimation.  

We performed all mayfly experiments in environmental chambers (Darwin 

Environmental Chamber, Darwin Chambers Company, LLC). We continuously 

monitored chamber temperature at fifteen-minute intervals at fourteen locations 

throughout the chamber, with temperature maintained at 24.2 ± 0.3°C (range of 18.2-

26.4°C). We performed water changes twice during each experiment and collected water 

samples for MeHg and TSe analysis at the beginning of each experiment and during each 

water change. The experiment ranged from 6 days during the first experiment (at which 

point all mayflies experienced mortality) to 25-30 days during the second and 

experiments (at which point all mayflies emerged as winged adults). 

4.2.4 Effect of SeMet on MeHg bioaccumulation in mayflies 

We collected 5 live mayflies for MeHg analysis at the late instar larvae lifestage - 

the lifestage immediately prior to the development of wingpads that signals the onset of 

metamorphosis. These 5 mayflies were composited to obtain enough mass for MeHg 

analyses. We assessed MeHg bioaccumulation in mayfly larvae by two methods: the 

absolute concentration of MeHg in mayfly tissue and the MeHg biomagnification factor 

(BMF, calculated as the ratio of MeHg concentration in mayflies to diatoms). The MeHg 

concentration in mayflies was directly measured as part of each mayfly exposure 

experiment. Due to mass limitations, we did not measure diatom MeHg concentrations in 

the mayfly exposure experiments. To calculate BMF, we thus used MeHg concentrations 

in diatoms as determined from the diatom retention experiment (Figure 5). In the high 
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MeHg exposure, diatom MeHg concentrations did not vary with SeMet treatment 

concentration (p=0.30); thus, we used a consistent diatom MeHg concentration (the 

average across all treatments) when calculating BMF. In the low MeHg exposure, diatom 

MeHg concentrations varied with SeMet treatment following a quadratic form. Thus, we 

used the modeled quadratic equation to determine diatom MeHg concentration at each 

SeMet treatment when calculating BMF. Note that the mayfly experiment TSe 

concentration range falls within the falling limb of the quadratic model in the diatom 

experiment (Figure 5A) and the observed BMF in the low MeHg exposure would exhibit 

the same trend (p=0.0031) regardless of whether this SeMet range is modeled with a 

quadratic or a linear equation. 

 

Figure 5: Retention of Hg by diatoms when they are exposed first to aqueous Hg for 48 
hours and then to aqueous SeMet for 48 hours. A) Low Hg exposure (y = 0.62x2 - 3.79x + 
12.05) and B) high Hg exposure. The green portion of panel A represents the measured 

aqueous Se concentration range for the mayfly experiment. 
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4.2.5 Effect of SeMet on mayfly survival, escape behavior, growth, and 

emergence timing 

We counted mortality daily in each aquarium beginning after two days (48 hours) 

of exposure. We used these mortality data to calculate lethal concentrations (LC50) of Se 

and the change in LC50 over time. During each count, we collected dead mayflies and 

measured their lengths. 

We conducted a behavioral test to simulate mayfly predator avoidance after 

exposure to a range of SeMet concentrations, hereafter referred to as “escape behavior”. 

This consisted of prodding mayflies with a sterile pipet to initiate a startle response in 

terms of movement related to prodding. We performed the test daily on five mayflies 

from each aquarium in the medium and low SeMet range experiments (experiments 2 and 

3). We scored the degree of startle response by assigning a rank of 1-5, with 1 reflecting 

almost no physical response (i.e., moribund), 2 reflecting delayed movement, 3 reflecting 

abdominal movement only, 4 reflecting movement of <2 cm, and 5 reflecting movement 

≥2 cm (Table 11). If aquaria contained fewer than five surviving mayflies, then all 

mayflies were tested for escape behavior. 

At the beginning of each experiment, we randomly selected ten mayflies to 

measure for length before adding them to the treatment tank (i.e., length at day zero). All 

mayflies collected for MeHg analysis were also measured for length. We measured 

mayfly length (distance from the anterior head capsule to the posterior abdomen) using 

photographs taken on one-millimeter grid paper and uploaded to ImageJ. We calibrated 

and performed at least one quality control verification for each individual photograph. All 
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quality control measurements were within 5% of the value. We defined mayfly growth as 

the difference between mayfly length at time of collection and mayfly length on day zero 

of exposure (growth per number of days of exposure).  

We recorded daily the number of mayflies that emerged as imagos, defined as the 

lifestage after a final molt immediately prior to egg-laying as a winged adult. From these 

data, we determined the minimum and maximum number of days for mayflies to emerge 

from each treatment. 

4.2.6 Chemical analyses and water quality 

We collected water for MeHg analysis in new 125 mL PETG bottles. We 

immediately acidified samples to 0.4% using hydrochloric acid and then double bagged 

and stored the samples at 4°C until analysis. We analyzed samples for MeHg via aqueous 

ethylation with sodium tetraethylborate, purge and trap, and CVAFS paired with 

inductively coupled plasma mass spectrometry (ICP-MS; EPA Method 1630) (74). All 

standards had recoveries within 15% of the accepted values. 

We filtered water samples for TSe, dissolved organic carbon (DOC), and sulfate 

analysis through a 0.45 µm polyethersulfone (PES) filter and collected the filtered water 

in acid washed 60 mL bottles. We immediately froze samples at -18°C until analysis. We 

analyzed samples for TSe with a Perkin Elmer Elan DRCII ICP-MS. All standards had 

recoveries within 10% of the accepted values. The method detection limit for TSe is 0.03 

µg TSe/L and 0.01 µg TSe/g. We also analyzed a subset of water samples for DOC (EPA 

Method 5310C) with a Shimadzu total organic carbon analyzer and sulfate via ion 

chromatography (EPA Method 4110B) with a Dionex ICS 2000 ion chromatograph. All 
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standards had recoveries within 10% of the accepted values. We analyzed water samples 

for pH, DO, and conductivity immediately after sample collection using HACH meters. 

All water quality data are summarized in Table 12. Note that the concentration of TSe 

reported in Table 12 is for untreated water. 

We collected diatom and mayfly samples in glass vials, then double bagged and 

stored the samples frozen until lyophilization. Five individual mayflies collected live at 

the same lifestage were composited from each SeMet treatment. We digested dried 

diatoms and mayflies for MeHg overnight in 30% nitric acid at 60°C and determined 

concentrations using EPA Method 1630 on a Brooks Rand MERX-M automated MeHg 

analyzer. All standards had recoveries of 87-116% of the certified values, all matrix 

spikes had recoveries of 96-123%, and all blanks were below 0.2 pg MeHg. We digested 

diatoms for TSe analysis using USEPA Method 3050B (77), and analyzed the digests 

using a Perkin Elmer Elan DRCII ICP-MS and 25 µg/L internal standard. All standards 

had recoveries within 10% of the accepted values. 

4.2.7 Statistical analyses 

We modeled diatom retention of MeHg at low MeHg exposure using a quadratic 

equation since the relationship was not linear with aqueous Se concentration as the 

independent variable and diatom MeHg concentration as the dependent variable. We also 

modeled the first part of this curve using a linear regression. We modeled diatom 

retention of MeHg at high MeHg exposure using a linear regression with aqueous Se 

concentration as the independent variable and diatom MeHg concentration as the 

dependent variable. 
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We modeled mayfly larvae bioaccumulation of MeHg at low and high dietary Hg 

treatments as linear regressions, with aqueous Se exposure as the independent variable 

and mayfly MeHg concentration and BMF as dependent variables. We modeled the 

escape behavior response of mayflies at low MeHg exposure using an ordinal logistic 

regression for exposure day 4 with aqueous Se concentration as the independent variable 

and average startle response as the dependent variable. Due to the repeated measures 

nature of the exposure days, we selected day 4 as representative of early exposure days 

and day 10 as representative of later exposure days. We modeled average mayfly growth 

using an ANCOVA with aqueous Se exposure and MeHg exposure as the treatment 

variables, average mayfly growth rate as the dependent variable, and an interaction term. 

Due to the high variability in growth rate at low aqueous SeMet exposures, we excluded 

the low end of the low MeHg treatment (<0.37 µg TSe/L) to use the same Se exposure 

range for both low and high MeHg treatments. We modeled delays in metamorphosis at 

low MeHg exposure using a linear regression with aqueous Se exposure as the 

independent variable and the number of days to emergence and percent increase in days 

to emergence as dependent variables. Note that the impact of aqueous SeMet exposure on 

escape behavior response and delays in metamorphosis were only modeled at low MeHg 

exposures due to the greater range of aqueous SeMet concentrations to which mayflies 

were exposed at this treatment level. We modeled the percent of larvae surviving using a 

linear regression with aqueous Se exposure as the independent variable and percent 

larvae surviving as the dependent variable. We modeled change in LC50 using an 

exponential decay function with exposure day as the independent variable and LC50 as 
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the dependent variable. We also examined the reproductive mortality of mayfly larvae, 

which we expressed as percent emergence; this was determined as the total number of 

mayflies that emerged divided by the sum of mayflies that emerged and mayflies that 

died. 

All statistical analyses were performed using RStudio version 1.2.5001 and R 

version 3.6.1 software (83). All raw data and associated metadata used for these analyses 

are available online in (204). 

4.3 Results 

4.3.1 SeMet effects on MeHg accumulation in primary producers 

 We found little support for the hypothesis that Se influences the bioconcentration 

of aqueous MeHg by diatoms. In the low aqueous MeHg treatment, when diatoms were 

first exposed to aqueous MeHg and then to aqueous SeMet, diatom MeHg concentrations 

followed a quadratic pattern, decreasing from an average of 9.6 ng MeHg/g dw in the 

lowest SeMet exposures to a minimum average MeHg concentration of 6.4 ng MeHg/g 

dw at a Se exposure of 2.0 μg TSe/L (decrease of 33%), then increasing to an average of 

13.0 ng MeHg/g dw at a Se exposure of 6.4 μg TSe/L (p=0.0002, r2=0.53, n=24; Figure 

5A). Note that if only aqueous Se concentrations ≤2.0 μg TSe/L are considered, diatom 

MeHg concentrations can also be modeled linearly (p=0.0031, r2=0.40, n=15). In 

contrast, diatom MeHg concentrations in the high aqueous MeHg treatment did not vary 

with SeMet exposure (p=0.30, n=24; average of 14 ± 6 ng MeHg/L; Figure 5B). It is 

possible that some of the measured MeHg was adsorbed to the diatom surface and that 

we have thus overestimated the amount of MeHg incorporated in the diatoms. However, 
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both incorporated and sorbed MeHg are ingested by primary consumers, and the 

measured MeHg concentration in diatoms from our experiment is thus functionally 

relevant for mayfly MeHg exposure. 

4.3.2 SeMet effects on MeHg accumulation in mayflies 

We found some support for the hypothesis that Se influences MeHg 

biomagnification in grazing aquatic insects. The concentration of MeHg in mayfly larvae 

was inversely correlated with aqueous Se concentrations in the high dietary MeHg 

treatment (p=0.0051, r2=0.78, n=7), but were not correlated with Se in the low MeHg 

treatment (p=0.70, n=11; Figure 6A). In the low MeHg treatment, mayfly MeHg 

concentrations ranged from 25.2 ng MeHg/g dw to 55.3 ng MeHg/g dw, with an outlier at 

147 ng MeHg/g dw. In the high MeHg treatment, mayfly MeHg concentrations ranged 

from 68.8 ng MeHg/g dw at 0.3 µg TSe/L to 43.5 ng MeHg/g dw at 3.1 µg TSe/L. 

Similar to patterns in MeHg concentration, mayfly BMFs (MeHg concentration in 

mayflies normalized to that in their diet) decreased with aqueous Se concentration only in 

the high dietary MeHg treatment (p=0.0051, r2=0.78, n=7 for the high dietary treatment; 

p=0.37, n=11 for the low dietary treatment; Figure 6B). In the high MeHg treatment, 

mayfly BMFs decreased by 1.6 times over the Se concentration range, from 5.3 at 0.3 µg 

TSe/L to 3.3 at 3.1 µg TSe/L. In the low MeHg treatment, mayfly BMFs ranged from 

2.6-12.8, with an average of 4.9. Average mayfly BMF was higher in the low MeHg 

treatment (p=0.0005). 
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Figure 6: Mayfly larvae bioaccumulation of methylmercury at low and high dietary Hg 
treatments. A) Absolute MeHg concentration and B) MeHg biomagnification factor using 
modeled diatom concentration for low Hg concentration (the green portion of Figure 7A). 

For the high Hg exposure in panel B, y = -0.62x + 5.08. 

4.3.3 Nonlethal effects of aqueous SeMet on mayflies exposed to dietary 

MeHg 

Compared to the limited support we found for the hypothesis that Se reduces Hg 

exposure at the base of aquatic food webs, we found much stronger evidence that Se itself 

affects aquatic insect behavior and development. Average mayfly escape behavior 

decreased with aqueous Se exposure in the low dietary MeHg treatment during early 

exposure days (p<0.0001 for exposure day 4, n=70; Figure 7A). The average escape 

behavior rating on exposure day 4 was 5 (displacement of >2 cm) at 0.31 μg TSe/L, 

compared to the average rating of 2 (delayed displacement) at 4.7 μg TSe/L on the same 

day. Similar average escape behavior ratings were found for other early SeMet exposure 

days. At later SeMet exposure days and in the low dietary MeHg treatment, average 
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mayfly escape behavior was 4 or 5 for nearly all aqueous SeMet exposures (59 of 60 

observations on day 10). Note that all mayflies had an escape behavior rating of 5 on 

exposure day 0. 

 

Figure 7: Sublethal effects on mayflies of aqueous SeMet exposure. A) Escape behavior 
response of mayflies at varying aqueous Se exposure levels. B) Average mayfly growth rate 
from the first exposure day to the collection day at varying aqueous Se exposure levels. C) 
Number of exposure days for mayfly emergence at varying aqueous Se exposure levels at 

low dietary Hg treatment. 

Aqueous SeMet exposure did not reduce mayfly growth at either dietary MeHg 

treatment. (p=0.36 for interaction, p=0.91 for MeHg effect, p=0.13 for SeMet effect; 

n=78; Figure 7B). In the low dietary MeHg treatment, mayfly larvae average growth 
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exhibited high variability in the lowest SeMet exposure (cv=21.3 at 0.16 µg TSe/L, 

compared to cv range of 2.9-10 at 0.22-3.1 µg TSe/L). 

Selenium exposure delayed metamorphosis in mayflies in the low dietary MeHg 

treatment, resulting in a greater number of days for all mayflies to emerge with increasing 

aqueous SeMet exposure (p=0.0094, n=13; Figure 7C), as did the percent increase in 

days to emergence (Figure 26) at low dietary MeHg exposure. The average maximum 

number of days to emergence (i.e., the number of days for all mayflies within a treatment 

to emerge) nearly doubled from 17 days at 0.22 μg TSe/L to 30 days at 4.12 μg TSe/L. 

The only evidence for delay in minimum number of days to emergence (i.e., the number 

of days for the first mayfly within a treatment to emerge) was at the maximum aqueous 

SeMet concentrations that allowed emergence (4.7 and 6.0 µg TSe/L; Figure 7C). The 

average minimum number of days to emergence at all SeMet exposure levels was 13 ± 1 

day.  

4.3.4 Lethal effects of aqueous SeMet exposure on mayflies consuming low 

dietary MeHg 

We found strong support for the hypothesis that Se exposure greatly reduces 

mayfly survival. Mayfly larvae exhibited nearly complete mortality at high aqueous 

SeMet concentrations, with no survival or emergence above 6.0 μg TSe/L. In the low 

dietary MeHg exposure group, mayfly survival declined with increasing aqueous Se 

concentration and increasing exposure duration (p<0.0001, n=19; Figure 27). Median 

LC50SeMet decreased from 45 μg TSe/L on exposure day 2 to 3.9 μg TSe/L on exposure 

day 10, according to an exponential decay model (n=11; Figure 8A; Table 13). 
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Conversely, mayfly larvae survival and emergence was nearly 100% (93-100%) at low 

aqueous Se concentrations (≤1.0 μg TSe/L, but >0.3 µg TSe/L; Figure 27). However, at 

the lowest Se exposures (≤0.3 µg TSe/L) and low dietary MeHg treatment, mayfly 

emergence was only 61-73%. Reproductive mortality (the percent of larvae emerging to 

the final imago lifestage) was greatest at high Se concentrations, with 0-18% emergence 

occurring at Se concentrations ≥4.12 μg TSe/L (Figure 8B). 

 

Figure 8: Mayfly survival at low dietary Hg treatment. A) Mayfly larvae LC50 over time (y 
= 144.37* exp ( -0.64x ) - 4.11). B) Reproductive mortality of mayfly larvae expressed as the 

percent of larvae that emerge to the final imago lifestage over a range of aqueous SeMet 
concentrations.  

4.4 Discussion 

Here we provide evidence that the presence of SeMet can reduce MeHg 

bioaccumulation and biomagnification into the base of the aquatic food web, but the 

efficacy is dependent upon the magnitude of MeHg and SeMet exposure. At low aqueous 
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MeHg treatments only, MeHg accumulation in diatoms increases from low to high SeMet 

exposure. This pattern in diatom MeHg accumulation likely drives the observed pattern 

of mayfly MeHg uptake since mayfly contaminant exposure generally results from 

dietary intake (192, 203, 205, 206), in this case in the form of diatoms. We found that 

mayfly MeHg concentrations and BMFs declined with increasing aqueous Se exposure at 

high dietary MeHg treatments but not at low dietary MeHg treatments. Yet, while SeMet 

shows some potential for reducing MeHg uptake and retention into the base of the food 

web, the concentrations of SeMet required to do so also induced toxic responses in 

mayflies. Elevated concentrations of SeMet led to reduced escape behavior, increased 

number of days to emergence as a winged adult, and decreased mayfly survival.  

4.4.1 Interaction between MeHg and SeMet in Primary Producers and 

Aquatic Insects 

While we found support that aqueous SeMet exposure can effectively reduce the 

retention of MeHg by primary producers, this interaction was complex and context 

dependent. The original environment (relative concentrations of MeHg and SeMet in the 

water column) exhibited a strong effect on MeHg bioaccumulation in diatoms. Diatoms 

exposed first to aqueous MeHg at low concentration and then to SeMet experienced a 

decrease in MeHg retention when Se concentrations were less than 2.0 μg TSe/L, but an 

increase in MeHg retention at higher Se concentrations. We are unable to determine an 

explanation for this observed pattern. More studies are necessary to better understand the 

mechanisms driving MeHg and Se interactions within primary producers. Since it is 

impractical to control contaminant exposure dose in aquatic ecosystems and since Se-Hg 
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interactions in diatom is dependent on SeMet dose, it is therefore infeasible to predict the 

impact Se will have on MeHg bioaccumulation in diatoms in natural waters and to the 

aquatic invertebrates that consume these diatoms. 

In addition to the importance of MeHg entry into primary producers, another 

critical step in determining MeHg concentrations in upper trophic level organisms is the 

rate of accumulation (i.e., biomagnification efficiency) through food webs. We found 

support for the reduction of mayfly BMF under increasing aqueous SeMet exposure only 

at high MeHg treatment levels. Interestingly, we found that though mayflies in the lower 

MeHg treatment had lower MeHg concentration than those exposed to the same SeMet 

exposure in the higher MeHg treatment, mayflies were associated with the same BMF for 

a given Se exposure. These findings suggest that the efficacy of SeMet in reducing MeHg 

bioaccumulation at the base of the food web may be limited to highly Hg-contaminated 

environments, where MeHg BMFs can be reduced by a factor of approximately 1.6. This 

Se-dependent change in BMF could be useful for understanding some of the variability in 

measured biotic MeHg concentrations across sites, even when other environmental 

parameters are similar. Within the United States, Se concentrations in water vary from 

below detection limit to ~60 µg TSe/L in mountaintop mining-impacted sites (202) while 

Se concentrations in aquatic invertebrates vary from below detection limit to ~100 µg 

TSe/g (15). Given that Se can decrease BMF by ~2, it is possible that Se-Hg interactions 

could be an important factor influencing variability in BMFs across field sites. It should 

also be noted that this study used MeHg and SeMet to directly investigate the forms of 

Hg and Se known to bioaccumulate and proposed to interact, as explained in the 



 

67 

Methods; however, it is possible that other forms of Hg and Se will have differing 

impacts on diatoms and mayflies as speciation has been shown to be important to Hg-Se 

interaction in other studies (10, and see reviews by 24, 53). 

4.4.2 Toxicity of Se to Aquatic Insects 

Despite its capacity to reduce MeHg bioaccumulation at high MeHg exposures, 

the efficacy of Se was only substantially pronounced near aqueous SeMet exposures that 

induced toxicity in mayflies. After twelve days of exposure, the LC50SeMet was 3.9 μg 

TSe/L, with all mayfly larvae dead at concentrations of 6.0 μg TSe/L or above, showing 

the toxicity of SeMet to biota. In a natural system, we expect that the LC50TSe would be 

higher since SeMet concentrations make up only a small percentage of TSe in the water 

column. Thus, it is likely that the rapid mortality at high SeMet concentrations may have 

resulted from exposure to aqueous SeMet, while subsequent mortality at lower SeMet 

concentrations may have resulted from a combination of exposure to aqueous and dietary 

SeMet. This is in contrast to Se toxicity in natural systems which occurs largely via 

dietary pathways (192). It is important to be cautious in interpreting these results as the 

mayflies were exposed to elevated levels of SeMet rather than inorganic Se (see 

explanation in the Methods section). Nevertheless, since SeMet is the form of Se that is 

toxic, bioaccumulates, and has been proposed to be protective against MeHg in 

organisms (193–197), the results from this study are relevant to the environment 

experienced by primary consumers. 

Even after just four days of exposure, mayfly larvae escape behavior declined 

from baseline when Se exposures exceeded 2.6 µg TSe/L. This difference in escape 
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behavior between low and high aqueous SeMet exposures was not apparent after ten 

exposure days, which we attribute to mortality; the more “sensitive,” slower to startle 

mayflies die, while the more “tolerant,” more responsive mayflies remain. Mayflies need 

to feed nearly continuously at this larval lifestage. Those mayflies exhibiting an escape 

behavior rating of 1 and 2 thus likely starve due to their inability to feed and move to 

food; in an aquatic ecosystem, they also likely have higher predation risk (208). Given 

that there is a large range in sensitivity to contaminants across aquatic macroinvertebrates 

– ranging from tolerant Diptera such as chironomids to sensitive Ephemeroptera, 

Plecopteran, and Trichopteran (EPT) taxa (209) – we suspect that there is a similar 

gradient of sensitivity within a taxa. 

Though more than half of the mayflies survived at Se concentrations of 3.9 μg 

TSe/L or lower, we nonetheless observed sublethal toxic effects even at these 

concentrations. Most notably, the presence of SeMet delayed metamorphosis from the 

aqueous PEN stage to the adult subimago stage by up to two weeks. Once again, more 

tolerant mayflies seem to be less inhibited, as the minimum number of days to emergence 

only changed for the two highest SeMet exposures that allowed emergence (4.7 and 6.0 

µg TSe/L). Reduced startle response and delayed emergence associated with exposure 

could increase mortality in wild insect populations via increased risk of predation and 

increased lifetime exposure to contaminants (208, 210). As we found in this study, 

increased exposure time corresponded to increased sensitivity to progressively lower 

environmental Se concentrations. The observed delays in metamorphosis, which both 

increases the amount of exposure time and predation risk, could thus lead to increased 
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toxicity and mortality in wild insect populations. It is also important to note that while Se 

is lethal at high concentrations, some Se is necessary to support growth, as Se is an 

important micronutrient required for metabolic and antioxidant processes (131). We 

attribute reduced growth rates and reduced emergence in the lowest SeMet exposures 

(≤0.3 µg TSe/L) to Se limitation.  

Numerous studies have examined the toxic effects of Se in higher trophic level 

species such as birds (64, 211) and fish (30, 34, 35), noting the impacts on growth, 

survival, and reproduction, but only a few studies have examined these effects in 

invertebrates. Results from (186) suggest that Se can be toxic to invertebrates at levels 

that were otherwise deemed as safe to consumers of invertebrates. Their finding of non-

lethal invertebrate toxicity (delayed emergence, decreased reproduction, and reduced 

growth) has been furthered in studies on mayflies (192, 212) and chironomids (213), 

though other studies report no effect of Se on invertebrate toxicity endpoints (214, 215) 

or equivocal results (216). This study finds that mayflies could exhibit sub-lethal and 

lethal effects as a result of elevated Se exposure.  

Our results suggest that there is some evidence for an interaction between MeHg 

and SeMet at the base of the aquatic food web and that this interaction could be 

potentially important for both primary producers and primary consumers. As a result, Se 

mitigation of Hg contamination appears to be an attractive solution to reduce Hg 

bioaccumulation and biomagnification. However, such a strategy is also associated with 

high risks. We show that certain species, such as mayflies, could be particularly sensitive 

to elevated Se concentrations, and it is likely that this toxicity occurs in other 
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invertebrates as well. Impacts on insect emergence and survival could potentially 

propagate up the food web, impacting aquatic organisms that feed on invertebrate larvae, 

as well as terrestrial organisms that depend on emergent insects that may emerge later 

when in the presence of elevated aqueous Se concentrations. The impact of Se on 

invertebrates thus could impair higher trophic level species not just as a dietary source of 

contamination (187), but also by altering aquatic ecosystem structure and function, as 

suggested by (215). The potential for aquatic contaminants to be transported to riparian 

and terrestrial ecosystems (15, 217–221) stresses the important role that invertebrates 

play when bioaccumulating Se. The addition of Se to Hg-contaminated ecosystems could 

have impacts that extend across all of these boundaries. 
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5. Senegalese artisanal gold mining leads to elevated total and 
methylmercury concentrations in soils, sediments, and rivers 

This chapter was published as: Gerson JR, Driscoll CT, Hsu-Kim H, and 

Bernhardt ES. 2018. Senegalese artisanal gold mining leads to elevated total and 

methylmercury concentrations in soils, sediments, and rivers. Elementa: Science of the 

Anthropocene. 6(1): 11. DOI: 10.1525/elementa.274. 

5.1 Introduction 

Mercury (Hg) – predominantly in the form of methylmercury (MeHg) – is a 

potent neurotoxin that can significantly impair human health (116). Prolonged exposure 

increases the risk for brain and neurological damage, which is especially harmful for 

pregnant women and children (222–224). Although there are many potential sources of 

Hg, direct inhalation from anthropogenic emissions and consumption of fish constitute 

the major pathways of human exposure. Even when Hg concentrations are low in water, 

Hg concentrations can reach dangerously high levels in fish due to bioaccumulation and 

biomagnification (122, 225). Controlling Hg contamination in the environment has been 

a primary target of local and national health and environmental agendas for decades and, 

most recently, an issue of international concern addressed by the 2013 Minamata 

Convention on Mercury, which will come into force in August 2017 (222, 226). 

The largest source of Hg to the environment is artisanal and small-scale gold 

mining (ASGM), which releases 1,400 tons of Hg annually into the air, soil, and water 

(227) and accounts for an estimated 37% of global anthropogenic Hg emissions (226, 

228). In the process of ASGM, liquid elemental Hg (Hg0) is utilized to separate gold from 
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sediments. After the formation of a Hg-gold amalgam, the mixture is heated to create 

pellets of gold, while the Hg is released into the atmosphere or deposited as mining waste 

directly into soil and water. Despite the health effects, many of which are unknown to 

ASGM communities, Hg is used in this process because it is inexpensive to obtain, easy 

to use, does not require a time-consuming process, and results in a high gold recovery 

rate (228). For example, in Senegal, the cost of liquid Hg0 is approximately 0.40 USD per 

gram, while gold sells for approximately 32 USD per gram. 

It is estimated that more than 10 million people, including over 3 million women 

and children, work in ASGM across more than 70 developing countries in Asia, South 

America, and sub-Saharan Africa. Families directly involved in the mining are exposed 

daily to levels of Hg vapor that far exceed the World Health Organization’s guidelines 

(229), while communities located downstream and downwind consistently consume Hg-

contaminated fish (118, 230, 231). Mercury contamination has a legacy impact; since it 

cannot be degraded, it persists perpetually within the environment, undergoing localized 

transformations, and impacting future generations (232, 233). 

Despite its pervasive use in the extraction of gold, little is known about the fate of 

Hg from local ASGM waste including the extent of contamination, its pathway through 

Hg environmental media, and uptake by aquatic organisms. An understanding of Hg 

biogeochemistry in these ecosystems is vital to the creation and implementation of 

national goals to reduce Hg contamination, as mandated by the Minamata Convention on 

Mercury (226). In fact, Article 7 of the Convention emphasizes the need for more 

scientific studies of ASGM-derived Hg in the environment. 
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Previous studies on ASGM have found elevated concentrations of total Hg (THg) 

and MeHg in soils at ASGM sites compared to reference sites removed from ASGM 

activities (234–236). Additionally, many studies have observed elevated Hg 

concentrations in downstream water and sediments, with patterns of decreasing THg 

concentration with distance from ASGM communities (230, 237–239). These findings 

provide strong evidence that Hg utilized in ASGM is entering the environment directly 

from mining tailings as well as indirectly through local atmospheric deposition 

(predominantly inorganic Hg) of the recently emitted Hg. 

While many studies have investigated Hg use in tropical regions such as the 

Amazon, particularly in relation to the naturally Hg-rich soils (e.g., 226, 237, 238), little 

quantitative work has been conducted in an environment with the climatic, edaphic, and 

geologic conditions of West Africa where crude technology and approaches are utilized 

to extract the gold (but see 239–241). Despite the prevalence of gold mining in Senegal, 

to our knowledge only one study has quantified Hg from ASGM in Senegal in 

environmental media (244). Differences in edaphic, aeolian, and climatic conditions in 

West Africa compared to other locations can influence patterns and pathways of 

atmospheric Hg deposition, runoff and fluvial transport of Hg compounds, and conditions 

for the conversion of inorganic Hg to MeHg – the more bioaccumulative form. While the 

few studies of ASGM in Africa (mostly eastern Africa) have affirmed that Hg 

concentrations are high near mining sites (e.g., 239, 240), research is critically needed 

that better characterizes the spatial extent and magnitude of Hg contamination. 
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In this study, we evaluated THg and MeHg concentrations in soil, sediment, and 

water samples collected from four ASGM communities in Senegal, West Africa. We 

compared THg and MeHg concentrations in surface soil samples collected within the huts 

where ASGM miners burn the Hg-gold amalgam (hereafter referred to as burning huts) to 

soils collected along a transect connecting each hut to the closest segment of the adjacent 

river, and to sediments collected alongside (riparian zone) and within the river channels. 

We also analyzed THg and MeHg concentrations in water samples collected from each 

downstream river reach and compared these levels to those measured in a river segment 

well upstream of any ASGM mining, to purified drinking water sold in a mining village, 

and to water collected from a drinking well in a mining village. Our goal was to ask three 

simple but important questions about the magnitude and spatial extent of Hg 

contamination in the region: (1) Are high THg and MeHg concentrations in 

environmental media limited to the vicinity of the burning hut in ASGM areas? (2) Do 

THg and MeHg concentrations decline predictably with distance from the burning huts? 

and (3) What is the distribution of THg and MeHg across various environmental media in 

mining communities? 
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5.2 Methods 

 

Figure 9: The process of ASGM in Senegal. 
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5.2.1 Study Area 

Artisanal and small-scale gold mining in Senegal occurs in the southeastern 

region of Kedougou. The Senegalese Sabodala Deposit is the largest deposit in West 

Africa, extending over a 230 km2 region and estimated to contain over 30 tons of gold 

(245, 246). The geological composition of the Sabodala Deposit represents that of the 

Greenstone Gold Belt, which extends further into West Africa and contains over 400 tons 

of gold (247). The gold deposits in Senegal are mined predominately by artisanal 

methods (Figure 9) using gravity filtration, with an estimated 1-2 Mg/year of Hg used in 

ASGM in 2007 (228). It has been suggested that Hg in Senegal originates from Hg mines 

in Europe (248, 249). 

Kedougou is located in the Sudanian zone and receives more rainfall than the rest 

of the country (250). The region has a monsoonal climate, with heavy rains beginning in 

May and continuing until October. Average rainfall is approximately 1000 mm (251). 

Mining occurs predominantly in the dry season from November to May, with mining 

activities decreasing drastically once the rainy season begins. Temperatures in Kedougou 

peak at the end of the dry season in May (average of 36°C) and reach a minimum at the 

end of the wet season in October (average of 23°C) (251). Dominant vegetation includes 

tropic semi-deciduous lowland forest, drought-deciduous lowland woodland, flat-leaved 

savanna with isolated palms and deciduous trees, narrow-leaved savanna with isolated 

deciduous trees, and evergreen woody vegetation (252). 

Gold mining has occurred in Senegal since the 1970s, but evidence suggests that 

ASGM activities have intensified since 2000 (246, 253). With 71% of the population in 
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the Kedougou region living below the poverty line (<1 USD per day), the average of 4-7 

USD earned per day from ASGM has popularized the activity (253). In 2007, it was 

estimated that 10,000 people in Senegal were working as miners and that at least 30,000 

additional people lived in close proximity to ASGM activities or had family members 

who worked in ASGM (246); this amounted to 20% of the Kedougou regional population 

mining and 50% indirectly impacted by ASGM (254, 255). ASGM has increased 

dramatically since 2007, now estimated to involve 77.5% of the regional population and 

hundreds of villages (253, 256) and resulting in a 10-fold increase in gold production 

(257). Note that the number of people involved in ASGM activities at each village varies 

seasonally and annually; more people are involved in the dry season and when the village 

produced a high total gold extraction the previous year. 

5.2.2 Sample Collection 

Samples were collected from four mining villages (Bantako, Kharahenna, Kolya, 

and Sabodala) and one reference village (Saraya; Figure 10). The reference village was 

located in a non-ASGM watershed with similar forest cover and precipitation patterns to 

the mining villages. Using ArcGIS Version 10.4.1, a digital elevation model (DEM) with 

30 arc second resolution obtained from ArcGIS online, and hydrologic data obtained 

from ArcGIS online, (258), the watershed area was calculated for each ASGM area (259). 

Watershed sizes ranged from small for Sabodala and Kharahenna (106 km2 and 160 km2, 

respectively) to large for Bantako and Kolya (7070 km2 and 8800 km2, respectively). 



 

78 

 

Figure 10: Map of study sites in Senegal. 

All villages studied were located next to a river to allow collection of terrestrial 

and riverine samples. River flow was highest in Bantako, and lowest in Kharahenna. Soil 

samples were collected from the living room, front yard, and backyard of the burning hut 

in Bantako, Kharahenna, and Sabodala, as well as along a transect to the river and in the 

riparian zone in all the mining villages. Samples taken along the transect are 

representative of surficial flowpaths. Note that soil samples were not taken from a 

burning hut in Kolya due to inability to identify one, although burning huts occur in 

Kolya and were likely located equidistant along the transect (e.g., 200 m from the first 

transect sample). Soil samples collected along the transect were spaced equally. In Kolya, 

the transect was 800 m; in Bantako, the transect was 1200 m; in Kharahenna, the transect 

was 2500 m; and in Sabodala, the transect was 8000 m. Sediment samples were collected 

from the riverbed and water samples were taken from the river. Three additional water 

samples were collected from an upstream site in Bantako, a drinking well in Kharahenna, 
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and a sealed bag of clean drinking water sold in Kharahenna. In total, 123 soil, 22 

sediment, and 29 water samples were collected. 

Samples were collected in May 2016, before and after the first heavy monsoonal 

rains which fell on May 27. All soil, sediment, and water samples were collected using 

clean hands-dirty hands protocol (EPA Method 1669). Duplicate surficial (0-3 cm) soil 

and sediment samples were collected at each site and placed into a sealed ziplock plastic 

bag, which was then sealed in a second plastic ziplock bag and immediately placed on 

ice. Samples were frozen within 24 hours of collection and transported and stored frozen 

until analysis. Water samples were collected in new polyethylene terephthalate 

copolyester glycol (PEGT) bottles, and a field blank was taken. All water samples were 

acidified to 0.4% using trace metal grade hydrochloric acid (HCl), doublebagged, 

transported cold to Duke University, and stored at 4°C until analysis. 

5.2.3 Laboratory Analyses 

Soils and sediments were lyophilized for five days, homogenized, and analyzed 

for THg on a Milestone Direct Mercury Analyzer (DMA-80) via thermal decomposition, 

catalytic reduction, amalgamation, desorption, and atomic absorption spectroscopy (EPA 

Method 7473). Before sample analysis, calibration was performed using Brooks Rand 

Instruments Total Mercury Standard (1.0 ng/L). Continuous calibration verification 

(CCV) was performed using National Institute of Standards and Technology (NIST) 

standard reference material (SRM) 2709a (San Joaquin Soil, 1100 ng/g), and quality 

control standard (QCS) was performed using NIST certified reference material 1633c 

(coal fly ash, 1005 ng/g) with a detection limit of 0.25 ng Hg. All samples were run in 



 

80 

duplicate, with relative percent difference within 10%. Instrument detection was 0.5 ng. 

All standards had recoveries of 90.4 – 123.9% (mean=100.7%, n=102), and all blanks 

were below detection limit (BDL). 

For MeHg concentrations in soils and sediments, dichloromethane extraction was 

performed (260). For MeHg concentrations in water, samples reacted with trace grade 

sulfuric acid for a minimum of 24 hours (261). Soil, sediment, and water samples were 

analyzed by direct aqueous ethylation with sodium tetraethylborate, purge and trap, cold 

vapor atomic fluorescence spectroscopy (CVAFS), gas chromatographic (GC) separation, 

and inductively coupled plasma mass spectrometry (ICP-MS) on a Tekran 2600 

Automated Total Mercury Analyzer and Agilent 770 (EPA Method 1630) (262). All 

samples were spiked with an internal standard of Me202Hg (Oakridge National 

Laboratory) (263) prior to extraction; the recovery of this internal standard in each 

sample was used to calculate MeHg concentrations. Calibration and CCV were 

performed using Brooks Rand Instruments Methylmercury Standard (1 ng/L). Initial 

calibration verification (ICV) was performed using European Reference Material (ERM) 

CC580 (estuarine sediment, 0.075 μg/g) and QCS was performed using ERM CC580. 

The instrument detection limit was 1 pg Hg. All standards had recoveries of 73-117% 

(mean=93.6%, n=36). The field blank, digestion blanks, and analysis blanks were BDL. 

For THg concentrations in water, samples were analyzed via oxidation with 

bromine chloride for a minimum of 24 hours, purge and trap, CVAFS, and GC (EPA 

Method 1631, revision E) on a Tekran 2600. Calibration, CCV, and MS were performed 

using Brooks Rand Instruments Total Mercury Standard (1.0 ng/L), ICV was performed 
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using SPEX Centriprep ICP-MS Multi-Element in Solution Standard 2A, and QCS was 

performed using ERM CC580. Instrument detection limit was 0.5 ng/L. All standards had 

recoveries of 90.2 - 109.2% (mean=103.1%, n=10), the field blank was BDL, and 

analysis blanks were BDL. 

Ash-free carbon content in soils and sediments was determined by the mass loss 

upon heating the samples at 500°C for 4 hours. All samples were run in duplicate, with 

relative percent difference within 10%. 

5.2.4 Statistical Analyses 

All reported values in the text represent the average value of the duplicate 

samples. Since the data were not normally distributed, all statistical analyses were 

performed using non-parametric methods. To compare between ASGM sites and 

reference sites, the Mann-Whitney Wilcoxen Test was used. For multiple comparisons, 

the Kruskal-Wallis Test was used. Significance was tested at an alpha value of 0.05, and 

marginal significance at an alpha value of 0.1. All statistical analyses were performed 

using R 3.1.1 statistical software (83). Analyses were also performed using normalized 

THg/C and MeHg/C values, which allowed examination of trends in mercury values not 

influenced by organic matter.  

5.3 Results 

The concentrations of THg and MeHg in soil, sediment, and water collected from 

ASGM sites were nearly always much greater (all but 2 transect points for MeHg) than 

those measured in corresponding samples from the reference village (Figures 11 and 12, 
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p<0.05 for all). Percent Hg as MeHg did not vary between ASGM sites and reference 

sites (p>0.3 for all). Despite considerable increases in soil moisture between our first and 

second sampling dates, we did not observe differences in THg, MeHg, or percent Hg as 

MeHg between samples collected before and after early monsoonal rains (p>0.1 for all); 

we thus merged samples from both dates in all analyses.  

 

Figure 11: Total Hg concentrations at the four ASGM sites in soil (n=119), sediment (n=22), 
and water (n=25). The ASGM sites are arranged in order by transect length.  Axes with a 

different scale are marked with a double star. The black line represents THg concentrations 
at the reference village. The star signifies that the value for that bar continues past the axis, 

and the mean value is given below the star. 
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Figure 12: Methyl Hg concentrations at the four ASGM sites in soil (n=119), sediment 
(n=22), and water (n=25). The ASGM sites are arranged in order by transect length. Values 

above the bars are percent Hg as MeHg at that location. The black line represents MeHg 
concentrations at the reference village. The star signifies that the value for that bar 

continues past the axis, and the mean value is given below the star. 

Generally, THg concentrations and normalized values based on organic carbon 

content (THg/C) in soils and sediments were greatest in the burning hut (median of 7.5 

μg THg/g, 190 μg THg/g C, p<0.00001) and lower but still elevated, though variably so, 

in soils and sediments collected along the transect between each burning hut and the 

adjacent river (median of 1.5 μg/g). An exception to this occurred in a soil sample 

collected from Kharahenna 200 m from the burning hut, where we measured the highest 

THg concentration in the survey (130 μg/g). 
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Methyl Hg concentrations in soils and sediments were not correlated with THg 

concentrations (p=0.35). Instead, across all four villages, MeHg concentrations, 

normalized MeHg/C, and percent Hg as MeHg were generally highest in river sediments 

(median of 4.2 ng MeHg/g, 157 ng MeHg/ g C, 0.41% Hg as MeHg, p<0.00002 for all) 

and lower but still elevated, though variably so, in soils and sediments collected along the 

transect between each burning hut and the adjacent river (median of 0.79 ng MeHg/g, 

26.8 ng MeHg/g C, 0.067% Hg as MeHg). An exception to this pattern occurred in a 

sample collected from a burning hut in Sabodala, where we measured the highest MeHg 

concentrations (44 ng/g). 

While the highest median river water THg and MeHg concentrations were 

measured in Kharahenna (1100 ng THg/L, 21 ng MeHg/L), the highest THg and MeHg 

concentrations in a single sample occurred in Bantako (2400 ng THg/L, 68 ng MeHg/L). 

Concentrations of Hg in the sample we collected from a drinking well in Kharahenna (28 

ng THg/g and 0.10 ng/g MeHg) were higher than 50% of all the ASGM-impacted river 

water samples we collected (n=25). In contrast, the commercially available purified water 

sampled had THg and MeHg concentrations (7.9 ng THg/L, 0.0066 ng MeHg/L) 

comparable to the reference site. 

While the highest median THg and MeHg concentrations in soil and sediment 

were found in Kolya (n=141, 2.3 μg THg/g, 2.7 ng MeHg/g), the highest median THg 

and MeHg concentrations in river water were from Kharahenna (n=25, 1100 ng THg/L, 

21 ng MeHg/L; Figure 28).  
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5.4 Discussion 

Our results clearly show that Hg is being transported and deposited well beyond 

the walls of ASGM burning huts in Senegal. Despite the semi-arid environment of 

Senegal, both THg and MeHg concentrations were elevated in nearly every water, soil, 

and sediment sample collected near ASGM sites. As expected, the highest concentrations 

of THg measured in each village were from samples collected inside the burning huts, but 

the neurotoxic form of MeHg was highest in river sediments. There was no consistent 

difference in percent Hg as MeHg in soils between reference and ASGM sites, despite 

substantial increases in the concentrations of both Hg forms. Thus, the large increases in 

MeHg concentrations in soils result from higher THg inputs, rather than variation in Hg 

methylation efficiency. 

5.4.1 Comparison to Regulatory Standards and to Other Studies 

For sediments, Kharahenna and Bantako include samples that exceed the USEPA 

THg sediment standard of 0.2 μg/g by an order of magnitude (72). For soils, all sites 

exceed the USEPA THg soil standard of 0.1 μg/g, with some sites exceeding this value 

by up to 2 orders of magnitude (72). Maximum soil THg concentrations at Senegalese 

ASGM sites were greater than those observed at all ASGM sites except one site in 

Venezuela (264), though median soil THg concentrations at our sites were comparable to 

reported values in the literature (Table 3) (e.g., 239, 261–265). To our knowledge, only 

two other studies have examined soil MeHg concentrations at ASGM sites; our values 

were within the range reported in Ghana (265), while our maximum soil MeHg 

concentrations exceeded those reported in China (267). Sediment THg and MeHg 
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concentrations at Senegalese ASGM sites were comparable to median and mean values 

reported in previous ASGM studies, though the maximum values we report in Kolya are 

lower than some of the maximum values in the literature (e.g., 233, 261, 262, 266). 

For river water, all four ASGM sites exceed the USEPA THg standard of 12 ng/L 

for the protection against toxic levels of bioaccumulation in aquatic organisms, including 

fish consumed by humans (72). One site, Kolya, exceeds the World Health Organization 

THg standard of 1000 ng/L (270). This value is particularly elevated given the high river 

flow in Kolya, though it does have a large watershed that likely includes other ASGM 

sources. Though this river water is generally not consumed directly by people, it is 

sometimes used for drinking by children who swim in the river and is used to wash 

dishes. Note that drinking water and well water THg concentrations were greater than 

THg concentrations in half of the river water samples; though the concentration of THg 

was below the WHO drinking water guideline, if ASGM activities intensify in these 

communities and utilize increased amounts of Hg, the concentrations of THg in water 

could approach the WHO drinking water guideline. Maximum water THg concentrations 

at Senegalese ASGM sites were the second highest reported for other ASGM sites in 

Africa (271) with the range and median values comparable to those reported in the 

literature (Table 3) (e.g., 236, 239, 240, 262, 264). Maximum water MeHg concentrations 

at Senegalese ASGM sites were exceeded in only one study (267). 
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Table 3: Comparison of THg and MeHg concentrations in soils, sediments, and water among ASGM studies. BDL represents below 
detection limit. All values are reported to two significant figures when possible. Years shown represent the year the data were published, 
with most data collected 1-2 years prior to publication. Summary values for each continent are provided as the first continental listing, 

and an overall summary is provided at the bottom of the table. 
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Year	 Country	

SOIL	 SEDIMENT	 RIVER	WATER	
Cita-on	THg	Concentra-on	(ug/g)	 MeHg	Concentra-on	(ng/g)	 THg	Concentra-on	(ug/g)	 MeHg	Concentra-on	(ng/g)	 THg	Concentra-on	(ng/L)	 MeHg	Concentra-on	(ng/L)	

AFRICA	 range:	BDL-130	 range;	BDL-160	 range:	BDL-100	 range:	BDL-75	 range:	BDL-11,000	 range:	BDL-68	

2000	 Tanzania	 range:	0.17-5.4	 Van	Straaten	

2000	 Zimbabwe	 range:	0.1-0.7	 range:	20-650	 Van	Straaten	

2005	 Tanzania	 range:	0.005-8.9	 range:	0.04-2.8	 range:	10-70	 Taylor	et	al	

2006	 Ghana	 range:	BDL-5.5	 range:	BDL-160	 range:	0.002-2.9,	ave:	0.14	 range:	BDL-75,	ave:	11	 range:	BDL-460,	ave:	160	 range:	BDL-20,	ave:	1.4	 Donkor	et	al	

2008	 Tanzania	 range:	0.03-2.3	 Chibunda	et	al	

2011	 Ghana	 range:	0.13-4.9	 range:	110-1300	 Nartey	at	al	

2014	 Kenya	 range:	0.02-1.1,	ave:	0.14,	med:	0.1	 range:	0.03-2.4,	ave:	0.43,	med:	0.23	 Oduomo	et	al	

2014	 Senegal	 range:	6-10	 Niane	et	al	

2014	 South	Africa	 range:	0.010-100	 BDL-13	 Lusilao-Makiese	et	al	

2015	 Ghana	 range:	BDL-2.6,	ave:	0.1	 range:	BDL-11,000,	ave:	5300	 Adjei-Kyereme	et	al	

2016	 Senegal	 range:	0.050–130,	med:	0.68	 range:	0.052	–	48,	med:	0.78	 range:	0.059-3.4,	med:	0.82	 range:	0.13-19,	med:	4.3	 range:	2.5–2400,	med:	22	 range:	0.0066–68,	med:	0.037	 This	study	

ASIA	 range:	0.3-76	 range:	0.1-16	 range:	BDL-1200	 range:	BDL-12	 range:	BDL-2,900,000	 range:	BDL-250	

1999	 Philippines	 max:	62	 max:	2,900,000	 Appleton	et	al	

2000	 Philippines	 range:	0.55-66	 range:	73,000-78,000	 Akagi	et	al	

2005	 Indoneisa	 range:	0.3-5	 range:	3-40	 range:	100-250	 Limbong	et	al	

2006	 China	 range:	0.3-76,	ave:	4.7		 range:	0.1-16,	ave:	2.5	 range:	BDL-1200,	ave:	30	 range:	BDL-12,	ave:	2.0	 range:	240-880,000,	ave:	5900	 range:	BDL-250,	ave:	7.9	 Feng	et	al	

2006	 Philippines	 range:	13-55	 range:	BDL-42,000	 Appleton	et	al	

2010	 Indonesia	 ave:	154,	max:	480	 Bose-O'Reilly	et	al	

2013	 Indonesia	 range:	3-7.7	 Male	et	al	

2015	 Pakistan	 range:	5.1-25,	ave:	10	 Biber	et	al	

SOUTH	AMERICA	 range:	BDL-540	 range:	0.0001-230	 range;	BDL-43	 range:	BDL-240,000	 range:	0.007-3.8	

2000	 Peru	 BDL-44.2	 BDL	 Loredo	et	al	

2001	 Ecuador	 ave:	3	 range:	BDL-90	 Appleton	et	al	

2002	 Suriname	 range:	0.11-0.15	 range:	BDL-0.83	 range:	10-930	 range:	0.02-3.8	 Gray	

2003	 Ecuador	 range:	0.26-5.5,	ave:	1.7	 range:	0.7-9.3,	ave:	2.7	 Ramierz	Requelme	et	al	

2006	 Peru	 range:	0.94-230	 range:	770-240,000	 Gammons	et	al	

2008	 Venezuela	 range:	240-4100,	ave:	1600	 Garcia-Sanchez	et	al	

2011	 Venezuela	 range:	0.16-540,	ave:	27	 Santos-Frances	et	al	

2013	 Bolivia	 range:	0.5-49	 Teran-Mita	et	al	

2013	 Ecuador	 range:	0.0001-0.034,	med:	0.0021	 range:	0.02-0.9	 range:0.007-0.9	 Carling	et	al	

2015	 Colombia	 range:	0.20-1.2,	ave:	0.52	 range:	4.1-43,	ave:	15	 Pinedo-Hernadez	

2015	 Peru	 range:	17-38	 range:	BDL-0.40	 Diringer	et	al	

OVERALL	 range:	BDL-540	 range:	BDL-160	 range:	BDL-1200	 range:	BDL-75	 range:	BDL-2,900,000	 range:	BDL-250	
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5.4.2 Overall Spatial Patterns 

We did not see a consistent decline in soil THg and MeHg concentrations with 

distance from burning huts, which suggests that Hg distribution is not solely a function of 

direct local atmospheric deposition. It is likely that Hg used to process gold is either 

supplied to soil via tailings or atmospherically deposited locally after burning the 

amalgam. If the former, it is likely that the tailings are not deposited next to the hut; 

rather, the tailings may be deposited closer to the river, potentially leading to the 

observed spikes in Hg concentrations at some positions along the transect. If the latter, 

atmospheric deposition of Hg – likely as the short-lived ionic Hg (Hg2+) (122) – may not 

be uniformly distributed or predictable, even within several kilometers from the source of 

emission. Note also that atmospheric depositional patterns of Hg are also influenced by 

regional Hg transport; other ASGM upwind sites could influence the concentrations we 

observed. Additionally, since Hg tailings are in the form of Hg0 and atmospheric Hg 

methylation is minimal (272), we expect that most MeHg is formed in-situ on the 

landscape. 

Each of the four river segments sampled contained large concentrations of THg 

and MeHg. Concentrations of MeHg and percent Hg as MeHg were greatest in river 

sediments, which are typically habitats well-suited for anaerobic microbes that produce 

MeHg (116, 273–275). We expect that this Hg was delivered both from the local ASGM 

source we sampled, as well as from upstream and upwind ASGM activity. As there are 

no data available for the locations of all ASGM sites in the region, it is difficult to assess 
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the potential cumulative impact of the many ASGM mines that may occur within each 

watershed.  

High THg and MeHg concentrations in soil and sediment were found in Bantako, 

Kharahenna, and Kolya, with lower concentrations found in Sabodala. This pattern may 

be a result of distance between burning hut and river; the first transect point in Sabodala 

was 2 km from the burning hut. It is possible that Hg tailings and atmospheric deposition 

are reduced at this greater distance, thereby leading to the lower concentrations observed 

compared to the other ASGM sites. It is also possible that the smaller watershed size 

reduced inputs of Hg from other ASGM sources. Differences might also be due to the 

number of ASGM miners in different villages or to the amount of Hg used, but this 

information is difficult to obtain since miners do not readily disclose information 

regarding their practices. Nevertheless, most of the concentrations of THg and MeHg 

observed in Sabodala were still larger than those at the reference site. 

Since percent Hg as MeHg did not differ among ASGM sites or the reference site 

and since MeHg deposition is likely low (272), the rate of methylation is comparable. 

This pattern suggests that Senegalese aquatic and terrestrial ecosystems are increasing the 

net amount of methylation in proportion to the amount of THg. Thus, as the sites 

continue to increase in size, concurrently increasing Hg usage and resultant Hg 

introduction to the environment, it is also likely that MeHg concentrations will continue 

to increase in the soil, sediment, and water. This is especially important in rivers, with 

river sediment at the ASGM sites exhibiting the greatest MeHg concentrations, percent 

Hg as MeHg, and MeHg/C values. While we did not observe differences in THg and 
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MeHg concentrations between samples collected in the dry season and after the first 

rains, there is a need for additional wet season sampling to investigate methylation 

increases that might occur later in the season once the soils are saturated.  

5.4.3 Implications 

The results from this study show that THg and MeHg derived from ASGM is 

extremely elevated in the adjacent ecosystems, resulting in local-scale contamination and 

likely contributing to regional-scale contamination. In fact, for every kg of gold 

produced, 1.1-1.5 kg of Hg is lost to the environment (276), both in tailings (which 

represent 20-30% of Hg lost) and in amalgam burning (which represent 70-80% of Hg 

lost) (229, 276). 

With Senegal exporting approximately 345.6 million USD of gold per year 

predominantly from ASGM activities (249), and gold selling at approximately 32 USD 

per gram, we estimate that Senegal releases 12-16 Mg of Hg into the environment 

annually. This value is an order of magnitude larger than previous estimates (228) and is 

indicative of the increased practice of ASGM in Senegal over the past decade; gold 

production has increased 10-fold in Senegal over the past decade (257). This calculation 

also indicates a gap between Hg used (likely in excess of 12-16 Mg Hg) and Hg imported 

(744 kg in 2010) (249), which likely results from the clandestine and illegal importation 

of Hg via the black market. Given similar increases in ASGM activities globally over the 

past decade, we expect that Hg emissions – and thus Hg entering the environment – has 

also increased in other locations. This study shows that high THg concentrations are also 

likely resulting in high MeHg concentrations in soils, sediments, and water.  
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With such elevated concentrations of MeHg in the soil, plants and animals in 

ASGM regions have increased risk for Hg bioaccumulation. High MeHg concentrations 

in soils can also have detrimental impacts on humans, both directly and indirectly. First, 

Hg and MeHg in the soil can be taken up into crops and rice (277, 278), as well as into 

domestic livestock, such as cattle and fowl (279). When these foods are ingested by 

people as part of their daily diet, they can result in elevated Hg concentrations. 

Additionally, Hg in soils can be ingested directly by people. This occurs both 

inadvertently – as inhaled dust particles or ingested dust-covered food – and intentionally 

– as a consequence of nutrient deficiency; in fact, it is estimated that children consume 

25-81 mg soil/day inadvertently and 9-96 mg soil/day purposely, while adults consume 5-

517 mg soil/day inadvertently and up to 25 mg soil/day purposefully (242, 280).  

Mercury from ASGM is also being transported into aquatic ecosystems and can 

enter the aquatic food web. The high concentration of MeHg and percent Hg as MeHg in 

river sediments, consistent with studies of Hg from other ASGM sites (116, 273–275), 

suggests the bioavailability of Hg to aquatic organisms. Additionally, small pellets of Hg0 

in riverbed sediments derived from ASGM-tailings can become bioavailable; in 

microcosm experiments, introduced liquid Hg0 has been transferred to dissolved Hg0 and 

Hg2+, which can then be microbially transformed into MeHg (241, 281, 282). Methyl Hg 

in aquatic environments near ASGM can negatively impact local biota, as evidenced by 

reduced body mass of invertebrate larvae in sediments downstream of ASGM in 

Tanzania (283). This Hg can also bioaccumulate across the food chain, resulting in high 

concentrations of Hg in piscivorous fish (122). In fact, high concentrations of Hg in fish 
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near ASGM in Senegal have been correlated with high concentrations of Hg in human 

hair, a biomarker for MeHg exposure, resulting in concentrations of Hg that exceed the 

US EPA recommended threshold (245). 

The impacts of Hg from ASGM on human populations can be significant. In 

Senegal, similar to many other ASGM countries, over 70% of the local population is 

estimated to be directly involved in ASGM activities, with even more indirectly impacted 

(253); thus, Hg-induced health effects are a source of concern for these communities. 

While most studies have focused on inhalation of Hg vapors and ingestion of fish as the 

major pathways of exposure, this study suggests that terrestrial pathways can also be an 

important source of exposure. 

Though soil MeHg concentrations have only been measured in two other ASGM 

studies (265, 267), it is likely that similar elevated MeHg concentrations would be found 

at other ASGM sites globally. With long residence times of THg and MeHg in soils (232, 

233), legacy impacts of Hg on the environment and humans will continue even once Hg 

amalgamation is reduced. For example, high Hg has been found in soils and sediments 

near abandoned gold refineries in Australia, Canada, the United Kingdom, and the United 

States (California, Nevada, and North Carolina) (284). 

Scientific evidence of Hg transport is the first step in encouraging miners to 

reduce their use of Hg in ASGM. Previous work at ASGM sites in Ecuador suggest that 

using evidence to increase awareness of ASGM-associated risks among miners can lead 

to increased action to reduce these risks (285). In fact, education of miners is likely the 

most influential means for enacting change from these traditional methods of mercury-
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gold amalgamation to less risk-intensive mining practices that can simultaneously 

increase gold recovery (285–287), particularly when this education blends technical 

knowledge with traditional knowledge (288). In Senegal, many miners are already 

organized in a mining collective group; this infrastructure could provide a means for 

changing miners’ practices, as miner organization in Portovelo-Zaruma, Ecuador has 

shown to be effective at reducing environmental and occupational risks associated with 

ASGM (289). Thus, it is important to use the results from this study, and other similar 

studies, to inform ASGM miners and communities about the transport and fate of Hg that 

lead to human exposure. 

This study provides evidence that Hg from ASGM in Senegal is entering 

terrestrial and aquatic ecosystems, is not limited to the burning hut vicinity, and is 

extremely elevated in all environmental media. It also shows that though Hg emitted is in 

the form of Hg0, it is being converted to the neurotoxic, bioavailable form of MeHg in the 

environment. The high concentrations of MeHg that we found in soils, sediments, and 

water in this arid environment warrant additional investigation; MeHg concentrations are 

likely similar or higher in other countries, such as those in South America and Asia, 

where ASGM activities are more intense and mesic conditions promote microbial 

production of MeHg. With ASGM activities in Senegal, and globally, increasing 

dramatically and predicted to continue to increase (290), it is important that we gain a 

greater understanding of the transport and fate of THg and MeHg in the environment. 

These data can then be used to inform global Hg models (291, 292) to better understand 

the transport and fate of Hg, as well as to inform local policy, such as through the 
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creation and implementation of National Action Plans – associated with the Minamata 

Convention – that are directly targeted to locations with Hg transport and transformation 

in the bioavailable form of MeHg. 
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6. Amazon forests capture high levels of atmospheric mercury 

pollution from artisanal gold mining 

A growing threat to tropical forested ecosystems is artisanal and small-scale gold 

mining (ASGM). This form of gold mining occurs in over 70 countries, is frequently 

either informal or illegal, and accounts for approximately 20% of the world’s gold 

production (293). ASGM results in widespread deforestation (9, 10), extensive 

conversion of forests to ponds (294), high sediment loading (295, 296), and is the largest 

global source of atmospheric mercury (Hg) emissions and freshwater releases (39). Many 

intensive ASGM sites are within global biodiversity hotspots and lead to decreased 

diversity (297), loss of sensitive species (298), and high exposure of Hg in both people 

(299, 300) and top predators (301, 302). An estimated 675-1000 tons Hg yr-1 are 

volatilized and emitted to the atmosphere globally from ASGM operations (39). 

However, little is known about the fate of these atmospheric Hg emissions and patterns of 

deposition and accumulation across landscapes. 

In ASGM, liquid elemental Hg is added to sediment or ores to isolate gold. The 

Hg in this amalgam is subsequently burned off, concentrating the gold, and releasing 

gaseous elemental Hg (GEM; Hg0) into the atmosphere. There are three main pathways 

by which atmospheric GEM can return to the landscape (116) (Figure 13): GEM can sorb 

to particles in the atmosphere, which are then intercepted by surfaces; GEM can be taken 

up directly by plants and incorporated into their tissues; finally, GEM can be oxidized to 

Hg(II) species, which can be dry deposited, sorbed to atmospheric particles, or entrained 

in rainwater. These pathways supply Hg to soils via throughfall, litterfall, and rainfall. 
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Numerous studies document Hg enrichment in terrestrial and aquatic ecosystems 

immediately adjacent to ASGM activity (e.g., see summary table in (303)), which likely 

results from both depositional Hg inputs and direct Hg releases. However, while 

enhanced Hg deposition near ASGM likely results from the burning of Hg-gold 

amalgams, it is unclear how this Hg is distributed across the regional landscape and the 

relative importance of the different deposition pathways near ASGM. 

 

Figure 13: Deposition pathways for mercury in the environment. Mercury emitted as 
gaseous elemental mercury (GEM; Hg0) can undergo three atmospheric pathways to be 

deposited onto the landscape. First, GEM can be oxidized to ionic Hg (Hg2+), which can be 
entrained in water droplets and deposited as wet or dry deposition to foliar surfaces. 

Second, GEM can sorb to atmospheric particles (Hgp), which are intercepted by leaves and, 
along with intercepted ionic Hg, washed onto the landscape via throughfall. Third, GEM 

can be taken up into leaf tissue, and the Hg deposited onto the landscape as litterfall. 
Throughfall and litterfall together are considered as an estimate of total Hg deposition. 

While GEM may also diffuse into and adsorb onto soils and litter directly (304), this is likely 
not a major pathway for Hg entry into the terrestrial ecosystem. 
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In this study, we asked three questions: (1) How do pathways and atmospheric Hg 

loading vary across an ASGM-impacted terrestrial landscape? (2) Is soil Hg storage 

related to atmospheric inputs? and (3) Could ASGM-derived Hg enter into the terrestrial 

food web? This study is the first to examine Hg depositional inputs near ASGM activity 

and how canopy cover affects these patterns, as well as the first to measure 

methylmercury (MeHg) concentrations in terrestrial landscapes of the Peruvian Amazon. 

We measured GEM in the atmosphere, along with total Hg and MeHg in bulk 

precipitation, throughfall, foliage, and litterfall in both forested and deforested habitats 

along a 200-km segment of the Madre de Dios River in southeastern Peru. At each 

location, we also measured total Hg and MeHg concentrations in soil. We hypothesized 

that proximity to ASGM and mining towns would be the most important factor driving 

atmospheric Hg concentrations, wet Hg deposition (bulk precipitation), and dry Hg 

deposition (throughfall + litterfall). Because dry Hg deposition is related to canopy 

structure (305), we also anticipated that forested areas would have higher Hg inputs than 

neighboring deforested areas. 

Our investigation occurred in the southeastern Peruvian Amazon, where over 

100,000 hectares are deforested for ASGM (10) alongside – and sometimes within – 

675,000 hectares of protected land and national reserve. ASGM activity in this Western 

Amazonian region has increased dramatically over the past decade (41) and is expected 

to continue as gold prices remain high and with the increased connectivity to urban 

centers via the Interoceanic Highway (10). We chose sampling locations based on their 

proximity to intense ASGM activities, with approximately 50 km between each sampling  
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Figure 14: Concentrations of mercury in depositing materials and surficial soil in Madre de 
Dios, Peru. A) Map of the five sampling sites. Two sites (Boca Manu, Chilive) are located in 
areas remote from artisanal gold mining, and three sites (Los Amigos, Boca Colorado, and 
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Laberinto) are located in mining-impacted areas. The insets show a typical forested remote 
site and deforested mining-impacted site. In all figures, the dashed line represents the 

demarcation between the two remote sites (on the left) and the three mining-impacted sites 
(on the right). B) Gaseous elemental mercury (GEM) concentrations at each site for the 
2018 dry (n=1 for each site) and wet (n=2) seasons. C) Concentration of total mercury in 

precipitation collected in forested and deforested areas during the 2018 dry season. For all 
boxplots, the line represents the median value, the box shows Q1 and Q3, and the whiskers 
denote 1.5 times the interquartile range (n=5 for each forested site, n=4 for each deforested 
site). D) Concentration of total mercury in leaves collected during the 2018 dry season from 

the canopy of Ficus insipida and Inga feuillei (left axis) and as bulk litter on the ground 
(right axis). Values are shown as mean and standard deviation (n=3 for live leaves for each 

site, n=1 for litter). E) Concentration of total mercury in surficial soils (top 0-5 cm) collected 
during the 2018 dry season (n=3 for each site). Data for other seasons are shown in Figures 

29 and 30. 

site (Figure 14A). We selected two sites without any mining (Boca Manu and Chilive, 

approximately 100 km and 50 km from ASGM, respectively), hereafter referred to as 

“remote sites.” We selected three sites within the mining zone, hereafter referred to as 

“mining sites,” with two located in secondary growth forests near the towns of Boca 

Colorado and Laberinto and one located in the intact old-growth forest of the Los Amigos 

Conservation Concession. Note that Hg-gold amalgam burning occurs within this mining 

zone, at both Boca Colorado and Laberinto, though exact locations and number of 

locations are unknown since this is generally a clandestine operation; we refer to mining 

and amalgam burning collectively as “ASGM activity.” At each location, we installed 

deposition samplers both in clearings (deforested areas) and beneath the tree canopy 

(forested areas) to collect wet deposition and throughfall, respectively, as well as passive 

air samplers in clearings to collect GEM. In the second year, we installed collectors at six 

additional forested plots at Los Amigos based on the high rates of deposition measured 

during the first year. 
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Atmospheric Hg concentrations (GEM) followed our predictions, with high 

values adjacent to ASGM activity – particularly near the towns where Hg-gold amalgams 

are burned – and low values in areas distant from active mining (Figure 14B). At remote 

locations, GEM concentrations were below the global southern hemisphere average 

background concentration of approximately 1 ng m-3 (306). In contrast, GEM 

concentrations in all three mining sites were 2-14 times higher than remote sites, with 

concentrations at the sites near the two mining towns (up to 10.9 ng m-3) comparable to, 

and sometimes exceeding, concentrations from urban and industrial areas of the United 

States, China, and South Korea (307). This GEM pattern in Madre de Dios is consistent 

with Hg-gold amalgam burning as the primary source of elevated atmospheric Hg in this 

remote Amazonian region. 

6.1 Forest canopy as a driver of mercury deposition 

While GEM concentrations tracked proximity to mining, total Hg concentrations 

in throughfall were dependent on both mining and forest structure. We measured the 

highest concentrations of Hg in throughfall in the intact mature forest within the mining 

zone (Figure 14C). The average concentration of total Hg in throughfall at Los Amigos 

Conservation Concession during the dry season was among the highest reported in the 

literature (range: 18-61 ng L-1), rivaling levels measured in sites contaminated from 

cinnabar mining and industrial coal combustion in Guizhou, China (308). These values 

represent, to our knowledge, the largest measured throughfall Hg flux calculated using 

Hg concentrations and precipitation rates from both the dry and wet seasons (71 µg m-2 

yr-1; Table 14). Throughfall total Hg at the other two mining sites was not elevated 
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compared to the remote sites (range: 8-31 ng L-1; 22-34 µg m-2 yr-1). Other than Hg, only 

aluminum and manganese were elevated in throughfall at the mining sites, which likely is 

due to land clearing associated with mining; all other measured major and trace elements 

did not vary between the mining and remote locations, a finding that is consistent with 

ASGM amalgam burning, rather than airborne dust, as the main source of Hg in 

throughfall. 

In addition to serving as sorbents for particulate and gaseous Hg, plant leaves can 

assimilate GEM directly and incorporate it into tissues (309, 310). Indeed, litterfall was a 

major source of Hg deposition at sites in close proximity to ASGM activity. Average 

concentrations of Hg measured in live canopy leaves at all three mining sites (0.080-0.22 

µg g-1) exceeded published values for temperate, boreal, and alpine forests in North 

America, Europe, and Asia, as well as Amazonian forests in South America (311–313). 

Concentrations were comparable to leaf Hg concentrations reported from subtropical 

mixed forests in China and Atlantic forests in Brazil (Figure 14D) (311–313). The highest 

total Hg concentrations in bulk litter and canopy leaves were measured in the secondary 

growth forests within the mining zone, following patterns in GEM. However, the 

estimated litterfall Hg flux was highest in the intact old-growth forest in the mining zone 

due to greater litterfall mass. We estimated the flux of Hg via litterfall at the Los Amigos 

site to be 66 µg Hg m-2 yr-1 by taking the measured Hg in litterfall (averaged between the 

dry and wet seasons) and multiplying by the previously reported litterfall mass for the 

Peruvian Amazon (314) (Figure 15A). This input suggests that both proximity to mining 

and canopy cover are important contributors to Hg loading from ASGM in this region. 
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Figure 15: Mercury flux and surficial soil pools (0-5 cm) at the Los Amigos Biological 
Station. A) Forested and B) deforested areas. C) Relationship between total mercury 

concentration in throughfall and leaf area index at the eight canopy plots at Los Amigos 
Biological Station. D) Relationship between precipitation total mercury concentration and 

surficial soil mercury total concentration at all five sites in the forested and deforested areas 
(error bars show standard deviation). Fluxes are shown in arrows and expressed as µg m-2 

yr-1. Pools are shown in circles for the top 0-5 cm of soil and expressed as µg m-2. 
Percentages represent the percent of the mercury present as methylmercury in the pool or 

flux. The average concentration between the dry season (2018 and 2019) and wet season 
(2018) for total mercury in throughfall, bulk precipitation, and litterfall were used for this 

upscaled estimate of mercury loading. Methylmercury data are based on the 2018 dry 
season, the only year that it was measured. For information on pool and flux calculations, 

see the Methods. 

Using long term precipitation and litterfall data, we were able to scale our 

measurements of throughfall and litterfall Hg content derived from three campaigns to 

estimate total annual atmospheric Hg fluxes to the Los Amigos Conservation Concession. 

We found that conservation areas adjacent to ASGM activity are more than 15 times 

greater than the surrounding deforested areas (137 vs. 9 µg Hg m-2 yr-1; Figure 15 A,B). 

This estimate of Hg loading at Los Amigos exceeds previously reported Hg fluxes in 

forests of North America and Europe and is on par with values in industrial China (315, 
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316). Taken together, estimated dry deposition (throughfall + litterfall – precipitation Hg) 

in conserved forests at Los Amigos accounts for approximately 94% of total Hg 

deposition to the landscape. These results highlight the high amount of Hg from ASGM 

activity entering forests via dry deposition and the importance of the forest canopy in 

accumulating Hg from the atmosphere. We anticipate that observed patterns of elevated 

Hg deposition in forested areas near ASGM activity are not isolated to Peru.  

In contrast, deforested areas in the mining zone had lower Hg loading, largely via 

bulk precipitation with little to no throughfall and litterfall Hg inputs. Concentrations of 

total Hg in bulk precipitation within the mining sites were comparable to the values 

measured at the remote sites (Figure 14C). Average concentrations of total Hg in dry 

season bulk precipitation (range: 1.5-9.1 ng L-1) were below values previously reported 

for the Adirondack Mountains of New York (317), and generally below values for remote 

areas in the Amazon (318). Thus, in contrast to patterns of GEM, throughfall, and 

litterfall concentrations at the mining sites, bulk precipitation inputs of Hg are uniformly 

lower within adjacent deforested areas (8.6-21.5 µg Hg m-2 yr-1). Because ASGM 

requires deforestation (9, 10), the cleared areas where mining activity is concentrated 

receive lower Hg inputs from atmospheric deposition than nearby forested areas, though 

non-atmospheric inputs from ASGM such as elemental Hg spillage or tailings can be 

high (303). 

The variation in Hg flux we observed in the Peruvian Amazon was driven by 

large differences within (forested and deforested) and between sites during the dry season 
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(Figure 14). In contrast, we saw minimal differences within and between sites and low 

Hg fluxes during the wet season (Figure 29). This seasonal difference (Figure 14B) likely 

results from a higher intensity of both mining and dust generation during the dry season. 

Increased deforestation and the low volume of precipitation during the dry season likely 

enhances dust generation, thereby increasing the quantity of atmospheric particles to 

which Hg adsorbs. This production of Hg and dust in the dry season drives the patterns in 

Hg flux within deforested compared to forested areas at the Los Amigos Conservation 

Concession. 

Since Hg inputs from ASGM in the Peruvian Amazon are largely deposited to 

terrestrial ecosystems via interaction with the forest canopy, we tested whether higher 

canopy density would lead to higher Hg inputs. Within the intact forest at Los Amigos 

Conservation Concession, we collected throughfall and leaf samples from seven forested 

plots with different canopy densities. We found that leaf area index is a strong predictor 

of total Hg inputs via throughfall, with mean total Hg concentrations in throughfall 

increasing with leaf area index (Figure 15C). Many other variables also impact Hg inputs 

via throughfall, including leaf age (313), leaf roughness, stomatal density, wind speed 

(319), turbulence, temperature, and antecedent dry period. 

6.2 Mercury fate in terrestrial ecosystems 

Consistent with the highest rates of Hg deposition, surficial soils (0-5 cm) from 

the Los Amigos site had the highest total Hg concentrations (140 ng g-1 in the 2018 dry 

season; Figure 14E). Moreover, Hg was elevated throughout the vertical soil profile 
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(range of 138-155 ng g-1 up to 45 cm in depth; Figure 31). The only site to exhibit higher 

surficial soil Hg concentrations within the 2018 dry season was a deforested site near a 

mining town (Boca Colorado). At this site, we hypothesize that the extremely high 

concentrations may have been due to local contamination of elemental Hg during the 

amalgamation process, as concentrations were not elevated with depth (>5 cm). It is also 

likely that the fraction of atmospheric Hg deposition lost by evasion from soil is 

considerably lower in forested areas due to canopy cover compared to deforested areas 

(320), suggesting that a sizable fraction of Hg deposited to conservation areas is retained 

within the soil. The soil total Hg pool in the intact forests at Los Amigos Conservation 

Concession was 9100 µg Hg m-2 within the top five cm and over 80,000 µg Hg m-2 

within the top 45 cm. Assuming similar inputs at Los Amigos for the past decade of high 

mining activity, Hg deposition from the past ten years alone would account for ~15% of 

total Hg in the top five centimeters of forested soil, a similar percentage as found at the 

two remote sites. We estimate that the mean residence time for surficial soil Hg is ~70 

years at Los Amigos, assuming steady state input of Hg to soils, a value that is less than 

half that of organic horizon soils in the northeastern United States (321). 

Since foliage incorporates Hg predominantly from the atmosphere and not from 

the soil (309, 310), the high rates of Hg in deposition are likely driving the observed 

patterns in soils, as evidenced by a strong correlation between average total Hg 

concentrations in surficial soil and total Hg concentrations in throughfall across all 

forested sites and no pattern for deforested areas (Figure 15D). Similar patterns are also 
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evident for the relationship between surficial soil Hg pool and throughfall total Hg flux in 

forested, but not deforested areas.  

Nearly all of the research on terrestrial Hg pollution associated with ASGM has 

been limited to measurements of total Hg, yet it is MeHg concentrations that determine 

Hg bioavailability and subsequent trophic accumulation and exposure. In terrestrial 

ecosystems, Hg is methylated by microorganisms under anoxic conditions (105, 322), 

and thus it is often assumed that MeHg concentrations are low in upland soils. However, 

we document measurable MeHg concentrations within soils, suggesting that elevated 

MeHg concentrations extend beyond aquatic ecosystems and into terrestrial environments 

within these ASGM-impacted areas. The highest surficial soil concentrations of MeHg 

during the 2018 dry season occurred at two of the forested sites in the mining zone (Boca 

Colorado and Los Amigos Conservation Concession; 1.4 ng MeHg g-1, 1.4% Hg as 

MeHg and 1.1 ng MeHg g-1, 0.79% Hg as MeHg). As these percentages of Hg present as 

MeHg are comparable to other terrestrial sites around the globe (Figure 32), it appears 

that the high concentrations of MeHg are due to high inputs and soil total Hg 

concentrations, rather than efficient net conversion of inorganic Hg to MeHg (Figure 33). 

Our results represent the first measurements of MeHg in soils near ASGM in the 

Peruvian Amazon. Based on other studies that report higher MeHg production in flooded 

versus dry landscapes (323, 324), we expect that MeHg concentrations will be even 

higher in nearby forested seasonal and permanent wetlands experiencing similar Hg 

loadings. Though it remains to be determined if MeHg poses a toxicity risk for terrestrial 
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wildlife near gold mining activity, these forests near ASGM activity could be hotspots for 

Hg bioaccumulation into terrestrial food webs. 

6.3 Implications for tropical forests and biodiversity 

The southeastern Peruvian Amazon is one of the most biodiverse ecosystems on 

the planet for vertebrate and insect taxa (325). The high structural complexity within 

intact old-growth tropical forests promotes bird biodiversity (326) and provides niches 

for a wide range of forest-dwelling species (327). For this reason, over 50% of the Madre 

de Dios region is designated as either protected land or national reserve (328). 

International pressure to control illegal ASGM activity within the conservation buffer 

zone of Tambopata National Reserve has grown significantly over the last ten years, 

resulting in a major enforcement action by the Peruvian government (Operación 

Mercurio in 2019). Yet, our results suggest that the very forest complexity that is the 

basis for Amazonian biodiversity makes this region highly vulnerable by enhanced Hg 

loading and storage on the landscape, leading to the highest ever reported measurements 

of throughfall Hg flux globally and elevated litterfall Hg flux in intact forests near 

ASGM. To assess whether this high Hg input may be entering forest food webs, we 

measured Hg in the tail feathers of several species of songbirds that had been collected 

from both the Los Amigos Conservation Concession and the Cocha Cashu Biological 

Station, a remote site 140 km from our most upstream site of Boca Manu. For all three 

species for which there were sufficient samples to draw statistical comparisons, Hg was 

elevated in the birds from Los Amigos. These initial findings raise considerable concern 

about the extent of Hg risk and loading throughout these Amazon forest foodwebs. While 
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our investigation occurred in a protected forest, the pattern of elevated Hg inputs and 

retention would apply to old growth primary forest near ASGM activity including buffer 

zones, making the results relevant to protected and non-protected forests alike. 

By sequestering Hg, intact forests near ASGM may reduce the risk of Hg to 

nearby aquatic ecosystems and to the global atmospheric Hg pool. If these forests are 

cleared for the expansion of mining or agricultural activities, legacy Hg could be 

mobilized via forest fires, evasion, and/or runoff (12, 329–332). In the Peruvian Amazon, 

where ~180 tons of Hg are used annually in ASGM (40) and approximately a quarter of 

this Hg is emitted into the atmosphere (333), 30 million ha of intact forested land would 

be required to capture Hg at the rate observed at the Los Amigos Conservation 

Concession. This is an area more than 40 times that of the total extent of protected lands 

and natural reserves in the Madre de Dios region (675,000 ha). Forest sequestration of Hg 

in intact forests is therefore not sufficient to prevent ASGM-derived Hg from entering the 

regional and global atmospheric Hg pool. The fate of the large amount of Hg that is 

stored within terrestrial systems is greatly influenced by conservation policies. Future 

decisions regarding how intact forests are managed, particularly in areas adjacent to 

ASGM activity, thus have implications for Hg mobilization and bioavailability now and 

for decades to come. 

Sequestration of Hg in tropical forests is not a panacea for Hg pollution because 

terrestrial food webs may also be vulnerable to Hg exposure. We know little about the 

concentration of Hg in biota within these intact forests, but these first measurements of 
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terrestrial Hg deposition and soil MeHg suggest that high Hg loading and elevated MeHg 

within soils could increase risk of exposure to top trophic level species inhabiting these 

forests. Data from previous studies on terrestrial Hg bioaccumulation in temperate forests 

found that bird blood Hg concentrations were correlated with Hg concentrations in 

deposition and that songbirds consuming entirely terrestrially-derived food can exhibit 

elevated Hg concentrations (92, 334). Elevated Hg exposure in songbirds leads to 

reduced reproductive performance and success, decreased offspring survival, impaired 

development, altered behavior, physiological stress, and mortality (182, 184). If this 

pattern holds for the Peruvian Amazon, the high Hg flux occurring in intact forests could 

lead to high Hg concentrations in birds and other biota and potentially to adverse effects. 

This is of particular concern since this region is a global biodiversity hotspot for 

songbirds (335). The extent of ASGM in this region has increased over 40% in protected 

areas since 2012 and even more in unprotected areas (9, 41). Even if miners eliminated 

the use of Hg immediately, this legacy contaminant has a lifetime in soils that can extend 

for centuries, while increased losses associated with deforestation and burning can 

continuously mobilize Hg (13, 336). Mercury contamination from ASGM thus could 

have centuries-long impacts on biota of intact forests near ASGM with both the modern 

risk and the potential for future exports maximized in forests with the highest canopy 

density. 
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6.4 Methods 

6.4.1 Sample Collection 

  We established five sites along a 200-km reach of the Madre de Dios River. We 

chose sampling locations based on their proximity to intense ASGM activities, with 

approximately 50 km between each sampling site and accessible by the Madre de Dios 

River (Figure 14A). We selected two sites without any mining (Boca Manu and Chilive, 

approximately 100 km and 50 km from ASGM, respectively), hereafter referred to as 

“remote sites.” We selected three sites within the mining zone, hereafter referred to as 

“mining sites,” with two of the mining sites located in secondary growth forests near the 

towns of Boca Colorado and Laberinto and one mining site located in the intact old-

growth forests of the Los Amigos Conservation Concession. Note that Hg-gold amalgam 

burning also occurs within this mining zone, at both Boca Colorado and Laberinto, and 

we refer to mining and amalgam burning collectively as “ASGM activity.” At each of the 

five sites, we installed deposition samplers both in clearings (deforested areas) and 

beneath the tree canopy (forested areas) in the 2018 dry season (July and August 2018) 

and 2018 wet season (December 2018 and January 2019) to collect wet deposition (n=3) 

and throughfall (n=4), respectively. Precipitation samples were collected over the course 

of four weeks in the dry season and two to three weeks in the wet season. In the second 

year of sampling during the dry season (July and August 2019), we installed collectors 

(n=4) at six additional forested plots at Los Amigos based on the high rates of deposition 

measured during the first year. The distance between plots ranged from 0.1-2.5 km. We 

collected a GPS waypoint at each plot using a handheld Garmin GPS. 
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We deployed passive air samplers (PAS) at each of the five sites during the 2018 

dry season for a two-month period (July to August 2018) and the 2018 wet season for one 

month (December 2018 to January 2019). The PAS (developed by McLagan et al. (337)) 

collects GEM by passive diffusion through a Radiello© diffusive barrier and sorption 

onto a sulfur-impregnated carbon sorbent (HGR-AC). The diffusion barrier of the PAS 

acts as a barrier to prevent the passage of GOM species; thus, only GEM is sorbed onto 

the carbon (338). We attached PAS to posts approximately 1m above the ground using 

plastic cable ties. All samplers were sealed with parafilm or stored in double resealable 

plastic bags prior to and post deployment. We collected field blanks and trip blank PASs 

to assess contamination introduced during sampling storage in the field, storage in the 

laboratory, and during sample transport. 

During all three deployment periods, we placed three precipitation collectors for 

Hg analysis and two collectors for other chemical analyses in the deforested sites and 

four throughfall collectors for Hg analysis and two collectors for other chemical analyses 

in the forested sites. Collectors were placed within one meter of each other. Note that 

while we installed a consistent number of collectors at each site, during some collection 

periods we had a smaller sample size due to flooding of sites, human interference with 

collectors, and connection issues between the tubing and collector bottle. At each forested 

and each deforested site, one of the collectors for Hg analysis contained a 500 mL bottle, 

while the others contained a 250 mL bottle; all collectors for other chemical analyses 

contained a 250 mL bottle. These samples were stored cold until access to a freezer 

allowed them to be frozen, transported to the United States on ice, and stored frozen until 
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analyzed. Collectors for Hg analysis consisted of a glass funnel connected to a new 

polyethylene terephthalate copolyester glycol (PETG) bottle via new styrene-ethylene-

butadiene-styrene block polymer (C-Flex) tubing with a loop as a vapor lock. At the time 

of deployment, all 250 mL PETG bottles were acidified with 1 mL of trace metal grade 

hydrochloric acid (HCl), and all 500 mL PETG bottles were acidified with 2 mL of trace 

metal grade HCl. Collectors for other chemical analyses consisted of a plastic funnel 

connected to a polyethylene bottle via new C-Flex tubing with a loop as a vapor lock. 

Prior to deployment, all glass funnels, plastic funnels, and polyethylene bottles were acid 

washed. We collected samples using the clean hands-dirty hands protocol (EPA Method 

1669), kept the samples as cold as possible until return to the United States, and then 

stored samples at 4°C until analysis. A previous study using this methodology has shown 

laboratory blanks below detection limit and standard spikes to have recoveries of 90-

110% (317). 

At each of the five sites, we collected leaves as canopy leaves, grab leaf samples, 

fresh litterfall, and bulk litter using clean hands-dirty hands protocol (EPA Method 1669). 

We collected canopy leaves from two tree species found at all sites: an emergent tree 

species (ficus insipida) and a medium-sized tree (inga feuilleei). We collected leaves 

from the canopy of the trees (n=3 for each species) using a Notch Big Shot slingshot in 

the 2018 dry season, 2018 wet season, and 2019 dry season. We collected grab leaf 

samples (n=1) by sampling leaves in each plot from tree branches less than two meters 

from the ground in the 2018 dry season, 2018 wet season, and 2019 dry season. In 2019, 

we also collected grab leaf samples (n=1) from the additional six forested plots at Los 
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Amigos. We collected fresh litterfall in plastic mesh-lined baskets (n=5) in the 2018 wet 

season at all five forested sites and the 2019 dry season at the Los Amigos plots (n=5). 

Note that while we installed a consistent number of baskets at each site, during some 

collection periods we had a smaller sample size due to flooding of sites and human 

interference with collectors. All litterfall baskets were placed within one meter of the 

precipitation collectors. We collected bulk litter as grab samples of litterfall on the 

ground in the 2018 dry season, 2018 wet season, and 2019 dry season. In the 2019 dry 

season, we also collected bulk litter in all Los Amigos plots. We stored all leaf samples 

cold until access to a freezer allowed them to be frozen, transported to the United States 

on ice, then stored frozen until processed. 

We collected soil samples in triplicate (n=3) from all five sites (open and canopy) 

during all three seasons and from the Los Amigos plots in the 2019 dry season. All soil 

samples were collected within one meter of the precipitation collectors. We collected soil 

samples as surficial soil (0-5 cm) using a soil corer. Additionally, in the 2018 dry season, 

we collected soil cores up to 45 cm in depth and divided them into five depth segments. 

At Laberinto, we were only able to collect one vertical profile because the water table 

was close to the soil surface. We collected all samples using clean hands-dirty hands 

protocol (EPA Method 1669). We stored all soil samples cold until access to a freezer 

allowed them to be frozen, transported to the United States on ice, then stored frozen 

until processed. 
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 Lidar data were collected using the GatorEye Uninhabited Flying Laboratory, 

which is a sensor fusion drone system (details available at www.gatoreye.org, with plot 

scale data download also available using the “2019 Peru Los Amigos June” link) (339). 

Lidar was collected at the Los Amigos Biological Station in June 2019 at 80 meters 

aboveground level, 12 m/s flight speed, and with adjacent flightlines 100 m apart, 

resulting in a 75% sidelap coverage percentage. Point density exceeded 200 points per m2 

distributed across the vertical forest profile. The flight area overlapped all sampling plots 

at Los Amigos for the 2019 dry season. 

6.4.2 Laboratory Analyses 

We quantified total Hg concentrations of GEM collected by PAS by thermal 

desorption, amalgamation, and atomic absorption spectroscopy (USEPA Method 7473) 

using a Hydra C instrument (Teledyne, CV-AAS). We performed calibration of the CV-

AAS using National Institute of Standards and Technology (NIST) standard reference 

material 3133 (Hg standard solution, 10.004 mg g-1), with a detection limit of 0.5 ng Hg. 

We performed continuous calibration verification (CCV) using NIST SRM 3133 and 

QCS using NIST 1632e (bituminous coal, 135.1 mg g-1). We divided each sample into 

separate boats, placed it between two thin layers of sodium carbonate (Na2CO3) powder, 

and covered it with a thin layer of aluminum hydroxide (Al(OH)3) powder (340). We 

measured the entire HGR-AC contents from each sample to remove any inhomogeneity 

in the distribution of Hg within the HGR-AC sorbent. Therefore, we calculated the Hg 

concentration for each sample based on the sum of total Hg measured for each boat and 

the entire HGR-AC sorbent contents in the PAS. Given that only one PAS sample was 
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collected in the 2018 dry season from each site for concentration measurements, method 

quality control and assurance was carried out by bracketing samples with monitoring 

procedural blanks, internal standards, and matrix-matched standards. In the 2018 wet 

season, we measured PAS samples in duplicate. Values were deemed acceptable when 

the RPD measured for both CCV and matrix-matched standards were within 5% of the 

accepted values, and all procedural blanks were below detection limit (BDL). We blank-

corrected measured total Hg in PAS using concentrations determined from field and trip 

blanks (0.81 ± 0.18 ng g-1, n=5). We calculated GEM concentrations using the total mass 

of blank-corrected sorbed Hg divided by the deployment time and sampling rate (volume 

of air stripped of gaseous Hg per unit of time; 0.135 m3 day-1) (337, 341) adjusted for 

temperature and wind using average temperature and wind measurements for the Madre 

de Dios region as obtained from World Weather Online (341). Reported standard error of 

measured GEM concentrations is based on the error of external standards ran before and 

after the samples. 

We analyzed water samples for total Hg via oxidation with bromine chloride for a 

minimum of 24 hours, followed by stannous chloride reduction and analysis with purge 

and trap, cold vapor atomic fluorescence spectroscopy (CVAFS), and gas 

chromatographic (GC) separation (EPA Method 1631, revision E) on a Tekran 2600 

Automated Total Mercury Analyzer. We performed CCV for the 2018 dry season 

samples using Ultra Scientific certified aqueous Hg standard (10 μg L-1) and initial 

calibration verification (ICV) using NIST certified reference material 1641D (mercury in 

water, 1.557 mg kg-1), with a detection limit of 0.02 ng L-1. For the 2018 wet season and 
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2019 dry season samples, we performed calibration and CCV using Brooks Rand 

Instruments Total Mercury Standard (1.0 ng L-1), and ICV using SPEX Centriprep 

Inductively Coupled Plasma Mass Spectrometry (ICP-MS) Multi-Element in Solution 

Standard 2A, with a detection limit of 0.5 ng L-1. All standards had recoveries within 

15% of the accepted values. The field blank, digestion blanks, and analysis blanks were 

BDL. 

We lyophilized soil and leaf samples for five days. We homogenized the samples 

and then analyzed them for total Hg on a Milestone Direct Mercury Analyzer (DMA-80) 

via thermal decomposition, catalytic reduction, amalgamation, desorption, and atomic 

absorption spectroscopy (EPA Method 7473). For the 2018 dry season samples, we 

performed calibration of the DMA-80 using NIST 1633c (coal fly ash, 1005 ng g-1) and 

Canadian National Research Council certified reference material MESS-3 (marine 

sediment, 91 ng g-1). We performed CCV and MS using NIST 1633c and QCS using 

MESS-3, with a detection limit of 0.2 ng Hg. For the 2018 wet season and 2019 dry 

season samples, we performed calibration of the DMA-80 using Brooks Rand 

Instruments Total Mercury Standard (1.0 ng L-1). We performed CCV and MS using 

NIST standard reference material 2709a (San Joaquin Soil, 1100 ng g-1) and QCS using 

DORM-4 (fish protein, 410 ng g-1), with a detection limit of 0.5 ng Hg. For all seasons, 

we analyzed all samples in duplicate and accepted values when the relative percent 

difference between the two samples was within 10%. All standards and matrix spikes had 

average recoveries within 10% of the accepted values, and all blanks were BDL. All 

reported concentrations are for dry mass. 
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We analyzed water samples from all three seasons, leaf samples from the 2018 

dry season, and soil samples from all three seasons for MeHg. We extracted water 

samples with trace grade sulfuric acid for a minimum of 24 hours (261), digested leaves 

with 2% potassium hydroxide in methanol at 55°C for a minimum of 48 hours (342), and 

digested soils via microwave digestion with trace metal grade HNO3 acid (343, 344). We 

analyzed the 2018 dry season samples via aqueous ethylation with sodium 

tetraethylborate, purge and trap, and CVAFS on a Tekran 2500 spectrometer (EPA 

Method 1630). We performed calibration and CCV using Frontier Geosciences certified 

laboratory MeHg standards and QCS for sediment using ERM CC580, with a method 

detection limit of 0.2 ng L-1. We analyzed the 2019 dry season samples by aqueous 

ethylation with sodium tetraethylborate, purge and trap, CVAFS, GC, and ICP-MS on an 

Agilent 770 (EPA Method 1630) (262). We performed calibration and CCV using Brooks 

Rand Instruments Methylmercury Standard (1 ng L-1), with a method detection limit of 1 

pg. For all seasons, all standards had recoveries within 15% of the accepted values, and 

all blanks were BDL. 

We filtered water samples for other chemical analyses with a 0.45 µm membrane 

filter. We analyzed water samples for anions (chloride, nitrate, sulfate) and cations 

(calcium, magnesium, potassium, sodium) via ion chromatography (EPA Method 4110B) 

with a Dionex ICS 2000 ion chromatograph. All standards had recoveries within 10% of 

the accepted values, and all blanks were BDL. We analyzed water samples for trace 

elements via inductively coupled plasma mass spectrometry with a Thermofisher X-
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Series II. Instrument calibration standards were prepared via serial dilution of certified 

water standard NIST1643f. All blanks were BDL. 

6.4.3 Data Analyses and Statistical Analyses 

All fluxes and pools reported in the text and figures use average concentration 

values for the dry and wet seasons. For estimates of pools and fluxes using minimum and 

maximum measured concentrations during the dry and wet seasons (averaged together for 

the two seasons for an annual flux), see Table 14. We calculated the forest Hg flux at Los 

Amigos Conservation Concession as the sum of Hg inputs via throughfall and litterfall. 

We calculated the deforested Hg flux as bulk Hg deposition. We calculated average 

cumulative annual rainfall over the past decade (2009-2018) as approximately 2500 mm 

yr-1 using daily rainfall measurements from Los Amigos (collected as part of EBLA, 

available from ACCA upon request). Note that in the calendar year of 2018, annual 

rainfall was close to this average (2468 mm), while the wettest months (January, 

February, and December) accounted for approximately half of the annual precipitation 

(1288 mm of the 2468 mm total). We therefore use the average of wet and dry season 

concentrations for all flux and pool calculations. This also allows us to not only account 

for differences in precipitation quantity between the wet and dry seasons, but also for 

differences in the extent of ASGM activity between these two seasons. When comparing 

our calculated flux to values in the literature, we account for whether the other study 

collected samples in both the dry and wet seasons (a directly comparable value to our 

flux) or only in the dry season (in which case we compared their value to an estimate of 

our flux using only dry season Hg concentrations [e.g., (345)]).  
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To determine annual total Hg loading in throughfall, bulk precipitation, and 

litterfall at Los Amigos, we used the average total Hg concentration between the dry 

season (average for 2018 and 2019 at all Los Amigos sites) and wet season (average for 

2018). For total Hg loading at other sites, the average concentration between the 2018 dry 

season and 2018 wet season was used. For MeHg loading, we used data from the 2018 

dry season, the only year that MeHg was measured. To estimate litterfall Hg flux, we 

used literature estimates of 417 g m-2 yr-1 litterfall rate in the Peruvian Amazon and 

concentrations of Hg collected from leaves in the litterbaskets (314). For soil Hg pools in 

the upper 5 cm of the soil, we used measured soil total mercury (2018 and 2019 dry 

season, 2018 wet season) and methylmercury concentrations from the 2018 dry season 

with a bulk density estimate of 1.25 g cm-3 from the Brazilian Amazon (346). We were 

only able to make these budget calculations at our primary study site of Los Amigos 

where datasets for long term rainfall are available and the intact forest structure allows 

for the use of previously collected litterfall estimates. We calculated the mean residence 

time of Hg in surficial soils (0-5 cm) as the ratio of the Hg pool in surficial soils to the 

annual Hg depositional inputs via throughfall and litterfall. 

We processed lidar flightlines using the GatorEye multiscale postprocessing 

workflow, which automatically calculates cleaned merged point clouds and raster 

products, including a digital elevation model (DEM) at 0.5x0.5 m resolution. We used the 

DEM and the cleaned lidar point cloud (WGS-84, UTM 19S Meters) as inputs into the 

GatorEye Leaf Area Density (G-LAD) workflow, which calculates calibrated leaf area 

estimates (m2) per voxel (m3) from the ground through the top of the canopy at a 
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resolution of 1x1x1 meter, as well as the derived leaf area index (LAI; the sum of LAD 

within each 1x1 m vertical column). The LAI value for each plot GPS point was then 

extracted. 

We performed all statistical analyses using R version 3.6.1 statistical software 

(83), and we made all visualizations using ggplot2. We performed statistical tests using 

an alpha of 0.05, and marginal significance at an alpha value of 0.1. We performed 

comparisons between sites using ANOVA followed by Tukey’s post-hoc adjustment for 

pairwise comparisons. 
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7. Artificial lake expansion amplifies mercury pollution from 

gold mining 

This chapter was published as: Gerson JR,* Topp SN,* Vega CM, Gardner JR, 

Yang X, Fernandez LE, Bernhardt ES, and Pavelsky T. 2020. Artificial lake expansion 

amplifies mercury pollution from gold mining. Science Advances. 6: eabd4953. DOI: 

10.1126/sciadv.abd4953. (*co-first authors). This chapter is the result of a co-authorship 

between Simon Topp and me. Author order was determined by a coin flip. I did all 

empirical labwork and analyses. Simon Topp did all remote sensing analyses. We both 

conducted the fieldwork and co-wrote the paper. 

7.1 Introduction 

Informal – mostly illegal – artisanal and small-scale gold mining (ASGM) is the 

primary contributor to global atmospheric mercury (Hg) pollution (39) and an important 

driver of deforestation (9, 10, 41), sediment loading (295, 347), and biodiversity loss 

(297, 298, 348) across the Global South. Simultaneously, ASGM provides livelihoods for 

tens of millions of people (248) across over 70 countries worldwide (228). Within the 

Madre de Dios region of the Peruvian Amazon – a global biodiversity hotspot and home 

to numerous indigenous communities – ASGM has been responsible for the deforestation 

of nearly 14% (~95,000 ha) of the landscape between 1984-2017 (10) and is estimated to 

release approximately 180 tons of Hg annually, according to a recent report by the 

Artisanal Gold Council (40). 

During ASGM, gold-laden sediments from rivers, oxbow lakes, and floodplains 

are processed through a combination of sluicing and settlement ponds in which elemental 
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Hg is added to isolate the gold. The Hg within this Hg-gold amalgam is then burned off 

and released into the atmosphere, while Hg-enriched tailings are dumped into nearby 

aquatic ecosystems. Once methylated by microbes, predominantly under anoxic 

conditions, methylmercury (MeHg) bioaccumulates and biomagnifies across the food 

web (116), leading to neurotoxic impacts in terrestrial and aquatic biota (59, 183) and 

people (118). In addition to deforestation and Hg loading, ASGM alters the landscape by 

creating thousands of small mining ponds (Figure 16), which in turn can cause site-

specific externalities, such as increased malaria transmission (349, 350) and 

contamination of agricultural land (351). The size and connectivity of these ponds vary, 

but their presence is ubiquitous and has implications for the processing and 

bioavailability of Hg. 

 

Figure 16: Comparison of historical (1987; Landsat) and current (2020; Google Earth from 
Maxar, Airbus, and CNES) landcover for mining-impacted locations. Locations along the 

Colorado River (left), adjacent to the Inambari River (middle), and in the Inambari 
headwaters (right) show the proliferation of mining ponds and deforestation. Specific 

locations can be seen in Figure 34. Top and bottom panels cover the same spatial extent. 
Note that in 1987, the Inambari area shown contained 100% forest cover. 
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In this study, we sought to understand how ASGM changes the extent of lotic 

(riverine) and lentic (lake) environments and how Hg loading and net methylation differ 

across these environments. We analyzed remote sensing data of the Madre de Dios region 

over the past 34 years to quantify changing areas of lotic and lentic systems and 

understand how mining alters the landscape to create environments suitable for Hg 

methylation. We also collected unfiltered water (representing the summation of the 

dissolved and suspended fractions) and bulk sediment samples from a 200-km reach of 

the Madre de Dios River, its tributaries, and surrounding oxbow lakes and mining ponds. 

Sampling occurred in areas both upstream and downstream of ASGM activity to test its 

impact on the transport and fate of Hg. In each sample, we measured concentrations of 

total Hg and MeHg. We use MeHg concentrations as indicative of net Hg methylation, 

which represents both methylation and demethylation processes. Of the eight watersheds 

included in the study, mining operations have largely occurred in the Colorado and 

Inambari watersheds (10, 41). Three watersheds are located downstream of these two 

heavily mined watersheds (Co. - In West, Co. - In. East, and In. - Puerto), and three 

watersheds are located upstream (Upstream Manu, Reserve, and Manu - Co; Figure 17). 
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Figure 17: Spatial and temporal distribution of surface water extents in Madre de Dios, 
Peru. A) Map of the study area with historical surface water extent. Colors represent the 

first year a given area was detected as water. Historic river channels which pre-date 
satellite observations appear in yellow, while recent morphological changes and the expanse 

in mining ponds appear in magenta. B) Time series of normalized surface water extent 
broken down by watershed and lentic versus lotic environments. All water pixels connected 
to the main river channel for a given year are considered lotic; water pixels isolated from 
the main river channel are considered lentic. Basemap imagery from Google Earth (2020, 

from Landsat/Copernicus). See associated website 
(https://sntopp.users.earthengine.app/view/mdd-hydroscape-explorer) for enhanced 

visualization of hydroscape changes. Sampling locations for mercury analysis are shown in 
Figure 34. 
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7.2 Results 

7.2.1 Changes to the hydroscape 

Our results highlight the 'lentification' (increased extent of slow-moving pond and 

lake ecosystems) of the Madre de Dios region that accompanies extensive ASGM 

activities, with lentic systems increasing by an average of 16 km2 (670%) in heavily 

mined watersheds from the period 1985-1989 to 2014-2018, compared to only 0.83 km2 

(20%) in less impacted areas. Though we found that between 1985 and 2018, both lotic 

(all eight watersheds) and lentic systems (six of eight watersheds) increased overall in 

surface water extent (p < 0.0001), these changes vary by orders of magnitude between 

watersheds with and without extensive ASGM activity. In heavily mined watersheds, 

average surface extent of lakes and rivers over the 34 years increased by 0.53 km2 yr-1 

(6.63% yr-1) and 1.22 km2 yr-1 (2.13% yr-1), respectively. Comparatively, in less heavily 

mined watersheds, the average change in lake area was roughly sixteen times smaller 

(0.02 km2 yr-1, 0.41% yr-1), and the rate of change in river surface area was substantially 

lower (0.39 km2 yr-1, 1.06% yr-1). Most of this increase in lake surface area was due to the 

proliferation of mining ponds after the year 2000 (Figure 17). This result parallels 

documented increases in AGSM activity, which were generally low from 1984 to 2000 

and began to rise rapidly thereafter, with the largest increases following the 2008 global 

economic recession, and remaining consistently high since 2010 (10, 41). The increase in 

river surface area in mined regions is primarily due to the expanded connectivity between 

the main channel and adjacent mining operations. These changes are likely similarly 

driven by ASGM operations on riverbanks. Although water classifications as lotic or 
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lentic near riverbanks change between the two states due to seasonal changes in 

connectivity, these intra-annual changes are small relative to interannual trends in lentic 

area throughout the study period. 

 Previous studies have shown that ASGM leads to extensive deforestation of the 

landscape (9, 10). To examine the extent of previously forested land that has been 

converted into aquatic systems, we partitioned deforestation into areas converted to 

barren ground and areas converted to aquatic systems for the year following the 

deforestation. We found that 66 km2 of the 914 km2 of deforested land in our study area 

(7.2% of previously forested areas) has been converted directly to lotic or lentic 

environments, with most of this conversion occurring in areas heavily impacted by 

mining (Figure 35). As deforestation mobilizes soil, it leads to increased sedimentation 

and Hg transport into surrounding water bodies (352), potentially increasing net Hg 

methylation rates and disproportionately affecting aquatic organisms inhabiting areas 

directly converted from forested to aquatic landscapes. 

7.2.2 Landscape patterns in mercury concentration 

We found that mercury loading was highest in river segments containing 

floodplain mining or downstream of significant ASGM activity (hereafter referred to as 

downstream rivers; p < 0.0001; Figure 18). Total Hg concentrations in these river waters 

were ~10 times that of other water bodies: 10.1 ± 2.8 ng Hg/L (n=12; reported as mean ± 

standard error), compared to 1.7 ± 0.4 ng Hg/L (n=12) in mining ponds and 1.3 ± 0.3 ng 

Hg/L (n=10) in downstream oxbow lakes. Average downstream river water total Hg 
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concentration was 1,100 times the concentration of upstream river water and represented 

nine of the ten samples with the highest water column total Hg concentrations. Similar 

trends of elevated Hg concentration in rivers downstream of ASGM have previously been 

reported, including in Peru (230, 303), but this is the first study to our knowledge that 

concurrently examines Hg trends from ASGM in both lake and river systems.  

 

Figure 18 : Concentration and distribution of water column total Hg (THg), methylmercury 
(MeHg), and percent Hg as MeHg across water bodies upstream and downstream of 

artisanal gold mining in Madre de Dios, Peru. Right column distribution data are 
observations shown in order of decreasing Hg values to highlight clustering among 

sampling locations. Letters represent statistically significant differences between values at 
each location according to a Kruskal-Wallis Analysis of Variance on Ranks followed by 

Dunn’s Test. 
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Given the correlation between total suspended solids (TSS) and water column 

total Hg concentration found in this study (p < 0.0001, r2=0.62; Figure 36) and other 

studies (353–355), as well as the higher concentration of TSS in downstream rivers 

compared to the other measured water bodies (p < 0.0001; Figure 37), we expect that Hg 

is transported bound to sediment particles (i.e., as particulate Hg) rather than in the 

dissolved fraction. Our finding of higher total Hg concentrations in oxbow lake sediments 

compared to downstream river sediments (p = 0.030; Figure 38) and the higher percent 

carbon content of oxbow lakes compared to other water bodies (p < 0.005) supports this 

assumption. Given this finding, it is important to note that sampling took place during dry 

season low flow conditions. During the wet season (~Oct.-Apr.), precipitation increases 

3-5 times, leading to meter-scale increases in river stage (356). While these increased 

flows historically created a highly seasonal flux of suspended sediment into the river, 

ASGM-driven erosion during the dry season is inverting historical seasonal patterns of 

suspended sediment concentrations in heavily mined areas of the watershed (295), 

potentially exacerbating Hg transport and subsequent contamination of downstream 

aquatic environments.  

Although water column total Hg concentrations were highest in downstream 

rivers, we found that the mining ponds and oxbow lakes were significantly more net 

efficient in converting Hg to the bioavailable form of MeHg (determined by the percent 

of Hg as MeHg; p = 0.0032, p = 0.0003, respectively). It is thus a combination of 

transport processes and residence times that is important for the fate of Hg in this 

landscape. On average, downstream river water contained 1.1 ± 0.3% of Hg as MeHg 
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(n=12; reported as mean ± standard error), compared to 5.8 ± 1.2% (n=12) in mining 

ponds and 7.9 ± 2.1% in downstream oxbow lakes (n=10). Despite different total Hg 

loadings, downstream rivers, oxbow lakes, and mining ponds contained the same average 

concentration of MeHg (p>0.05). These trends are likely driven by the biogeochemical 

factors that promote methylation within lentic systems compared to lotic systems, as 

oxygen-limited systems generally have higher MeHg production than well-oxygenated 

systems (357, 358). Note also that water column MeHg concentrations were not 

significantly correlated with TSS (p=0.18; Figure 36), suggesting that factors other than 

TSS are driving trends in MeHg. The combined effects of higher net methylation 

efficiency found in oxbow lakes and ponds and the 'lentification' of the hydroscape are 

highly likely to be increasing the risk of exposure to MeHg across ASGM-impacted 

regions beyond what might be anticipated based on the enhanced Hg loading alone. 

7.3 Discussion 

ASGM within the Madre de Dios region of Peru creates a synergistic effect 

between Hg loading and landscape 'lentification' by expanding the systems that promote 

methylation of inorganic Hg into MeHg. Between 1985-1989 and 2014-2018, the total 

surface area of lentic and lotic environments in heavily mined areas has increased by 

670% and 98% respectively. Our results show that net MeHg production is 5-7 fold 

greater in lentic than in lotic systems within the study area. In combination, landscape 

‘lentification’ and Hg loading are substantially increasing Hg bioavailability. This trend 

is likely to continue as long as gold prices remain high and ASGM activities remain a 

feasible livelihood for local populations living in less regulated areas. Increased Hg 
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bioavailability in this global biodiversity hotspot poses a serious threat to local 

communities, including recently contacted indigenous groups, that consume high trophic-

level fish (359) as well as to endangered species like the iconic Giant Otter (Pteronura 

brasiliensis) that depend on lentic systems for habitat and foraging grounds (301). 

To our knowledge, this is the first examination of interactions between Hg fate 

and transport and landscape hydrology associated with ASGM practices. Our results 

clearly show that the Madre de Dios region is vulnerable to the synergistic effects of 

lentification and Hg loading. Although this region is of particular concern due to its high 

levels of biodiversity, it is likely that Hg bioavailability is also increasing in other ASGM 

hotspots throughout the world. To determine whether this landscape lentification is a 

pervasive trend associated with ASGM, we examined the changing hydroscape in three 

additional ASGM hotspots around the globe (Figure 19). Watersheds with heavy mining 

activity in Venezuela (360), Ghana (350), and Indonesia (361) have all had three-to-

eight-fold increases in the extent of lentic environments over the last 34 years. Assuming 

similar relative net methylation rates as in the Madre de Dios region, the ASGM-

associated increase in lentic environments across the globe promotes net Hg methylation 

and bioaccumulation throughout the food chain. This process increases the threat from 

ASGM activities to vulnerable communities around the globe while simultaneously 

leading to severe ecological degradation. Thus, in evaluating the effects of Hg from 

ASGM, we need to consider not just the overall loading of Hg into the aquatic ecosystem, 

but also how changes in the hydroscape might be influencing the processing of this Hg, 

particularly in global biodiversity hotspots. 
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Figure 19: Global examples of landscape lentification from three countries heavily impacted 
by ASGM. The left column shows the relative lentic surface area of the study country (in 

purple) compared to the heavily mined basins in Peru. The right column shows the historic 
water masks of the study country with colors denoting the first year a given pixel was 

classified as water. The main channel in the Offin River is smaller than 30 meters wide and 
below the remote sensing detection threshold; therefore, only surrounding mining ponds 
are measured. Black areas in the figures on the right represent pixels classified as land 

throughout the study period. 

7.4 Materials and Methods 

7.4.1 Sample Collection 

All samples for Hg analysis were collected in July and August 2019 during the 

dry season (Figure 34). River samples were collected from the Madre de Dios River 
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mainstem, upstream of a river confluence, downstream of a confluence, and from each 

tributary. One water sample was taken from near the water surface at each sampling point 

after the boat motor had been off for at least one minute. For oxbow lakes and mining 

ponds, one water sample was taken from the water surface. Water samples were collected 

using the clean hands-dirty hands protocol (EPA Method 1669) in new polyethylene 

terephthalate copolyester glycol (PETG) bottles and acidified to 0.4% with trace grade 

hydrochloric acid (HCl) within 24 hours of collection. Water samples were stored on ice 

in the field and then stored at 4°C until analysis. Note that all water samples are 

unfiltered, and all Hg values reported represent the concentration for the total water 

column. River sediment samples were collected underwater from the channel margins by 

compositing surficial sediment from at least five sampling points along a 30-meter 

transect using a shovel. These samples were taken during the dry season; during the wet 

season, the sampling locations are closer to the center of the channel since the width of 

the river increases by tens of meters. We therefore assume that the river sediment 

samples we collected are representative of well-mixed fluvial sediments. Oxbow lake and 

mining pond sediments were collected as channel margin sediment using a shovel 

(collected underwater as surficial sediment) and from three points in the center of the lake 

using an Eckman grab sampler. Sediment samples were collected using the clean hands-

dirty hands protocol, double-bagged, frozen on dry ice in the field, and stored frozen until 

sample processing. Note that mining ponds were sampled in the La Pampa region, a 

watershed located adjacent to the Colorado watershed. La Pampa is an area that, until 

recently, contained widespread ASGM (4). It has been under military control since 
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February 2019 (Operacion Mercurio) making it a safe area for field sampling. Due to 

logistical and safety concerns stemming from a lack of police or military presence, it was 

not possible to sample mining ponds from the other actively mined watersheds examined 

in this study; however, mining practices in La Pampa are representative of those in the 

region. 

Water samples for TSS were collected immediately after collecting water samples 

for Hg analysis. Water from just below the surface was pumped through a drill-operated 

pump with in-line glass fiber filter (pre-weighed), and the amount of water filtered was 

recorded. The filter was stored frozen until sample processing. A filter field blank was 

also taken and frozen for analysis. 

7.4.2 Laboratory Analyses 

Unfiltered water samples were analyzed for total Hg via oxidation with bromine 

chloride for a minimum of 24 hours, purge and trap, cold vapor atomic fluorescence 

spectroscopy (CVAFS), and gas chromatographic (GC) separation (EPA Method 1631, 

revision E) on a Tekran 2600 Automated Total Mercury Analyzer. Calibration and 

continuous calibration verification (CCV) were performed using Brooks Rand 

Instruments Total Mercury Standard (1.0 ng/L) and initial calibration verification (ICV) 

was performed using SPEX Centriprep Inductively Coupled Plasma Mass Spectrometry 

(ICP-MS) Multi-Element in Solution Standard 2A. Instrument detection limit was 0.5 

ng/L. All standards had average recoveries within 10% of the accepted values. The field 

blank, digestion blanks, and analysis blanks were below detection limit (BDL). 
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After lyophilization for at least five days, sediment samples were analyzed for 

total Hg on a Milestone Direct Mercury Analyzer (DMA-80) via thermal decomposition, 

catalytic reduction, amalgamation, desorption, and atomic absorption spectroscopy (EPA 

Method 7473). Calibration of the DMA-80 was performed using Brooks Rand 

Instruments Total Mercury Standard (1.0 ng/L). CCV and matrix spike (MS) were 

performed using NIST standard reference material 1633c (coal fly ash, 1005 ng/g), and 

QCS was performed using NIST certified reference material 2709a (San Joaquin Soil, 

1100 ng/g). Instrument detection limit was 0.5 ng Hg. All samples were run in duplicate, 

with values accepted when the relative percent difference between the two samples was 

within 10%. All standards and MS had average recoveries within 10% of the accepted 

values, and all blanks were BDL. 

For MeHg, unfiltered water samples were extracted with trace grade sulfuric acid 

for a minimum of 24 hours (261). Samples were analyzed by aqueous ethylation with 

sodium tetraethylborate, purge and trap, CVAFS, GC, and ICP-MS on an Agilent 770 

(EPA Method 1630) (262, 263). Calibration and CCV were performed using Brooks 

Rand Instruments Methylmercury Standard (1 ng/L). Method detection limit was 1 pg. 

All standards had average recoveries within 13% of the accepted values, and all blanks 

were BDL. 

For TSS, filters were placed in the oven at 105°C for 48 hours. Filters were then 

reweighed. TSS was defined as the difference in filter mass before and after filtration 
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divided by the volume of water that passed through the filter. The filter field blank had a 

negligible difference in mass. 

7.4.3 Surface Water Extent Analyses 

Annual surface water extent for the study area was calculated using the JRC 

Global Surface Water Mapping Layers v1.1 (362) in Google Earth Engine (363). This 

dataset includes global surface water masks at 30-meter resolution annually between 

1984 and 2018. Due to gaps in the annual water masks caused by cloud cover, areas 

classified as seasonal and permanent water were overlaid in two-year intervals starting in 

1985. The resulting yearly masks are therefore the maximum extent of surface water from 

the designated year and the year prior. Although this method may slightly overestimate 

water surface extent, it remains constant throughout the study, so proportional changes in 

lentic and lotic systems remain unaffected.  

Lentic versus lotic environments were delineated by overlaying the annual surface 

water masks with the Global River Widths from Landsat (GRWL) database (364). 

GRWL includes centerlines for all rivers wider than 30 meters globally. Lotic water 

pixels located within river channels were identified using cumulative cost mapping with 

GRWL centerlines as source pixels (365). Cumulative cost mapping integrates the ‘cost’ 

of traversing given pixels out from a source node. By assigning water pixels a ‘cost’ of 0 

and land pixels a ‘cost’ of 1, it is possible to effectively determine connectivity to the 

GRWL centerline. Morphological changes over time cause some adjacent ponds and 

oxbow lakes to sporadically overlap with river centerlines. This overlap may cause 
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misclassification of lentic environments as lotic. As a result, our estimates of lentification 

are likely conservative. Similarly, to limit misclassification in heavily mined landscapes 

with significant connectivity between mining ponds and the river channel, cumulative 

cost mapping was limited to within 1,500 meters of the GRWL centerlines. Thus, some 

small gaps in the river channel mask exist where the river has moved laterally further 

than 1,500 meters from the historic centerline. As a final step, small gaps in the river 

channel mask along narrow river segments at the edge of satellite detectability were filled 

by dilating and then eroding the river channel mask by two Landsat pixels (60 meters). 

All surface waters outside of the river channel mask were considered lentic. Trends in 

annual changes in surface water extent for both lentic and lotic systems were calculated 

on a watershed basis using linear regression.  

Deforestation within the study period was calculated using the Hansen Global 

Forest Change dataset v1.6 (366), which contains 30-meter resolution global forest 

change annually between 2001 and 2018. Since all deforestation mobilizes soil and 

therefore creates opportunities for Hg transport, reported deforestation includes that 

caused by all sources (e.g., ASGM, natural river erosion, development), which potentially 

reduces the overall signal from deforestation directly linked to mining. Conversion rates 

to aquatic systems and barren soil were calculated by overlaying the water mask with the 

deforestation mask lagged by one year (i.e., delineated into areas that were water the year 

following deforestation versus land the year following deforestation). Total areas for both 

barren and aquatic conversion were then calculated for each watershed within the study 

area. 
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7.4.4 Data Analyses and Statistical Analyses 

All statistical analyses were performed using R version 3.6.0 statistical software. 

Statistical tests were performed using an alpha of 0.05. Since data were not normally 

distributed, comparisons were performed using the Kruskal-Wallis Analysis of Variance 

on Ranks followed by the Dunn’s Test for pairwise comparisons. In all figures, we report 

statistically significant differences between groups (p<0.05) using letters, with groups 

sharing a letter having no statistically significant difference. Reported mercury 

concentrations in the manuscript represent the mean and standard error. 

All Google Earth Engine code used in the analysis can be found at: 

https://code.earthengine.google.com/b2bd67531c3ef935506c3accf3a3bff0. Hg data and 

analysis done in R can be found at: https://github.com/SimonTopp/MadreDeDios. Basin 

scale hydroscape visualization can be accessed at: 

https://sntopp.users.earthengine.app/view/mdd-hydroscape-explorer. 
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8. Conclusion 

Global diversity is currently imperiled by habitat fragmentation, urbanization, 

climate change, and pollution. These disturbances interact to pose a risk to humans and 

wildlife. A fundamental part of risk management is to evaluate these risks, determine 

which risks are acceptable, and take action to reduce those risks that are deemed too great 

of a threat. In the Anthropocene, we generally study the increasing mobilization of toxic 

trace elements and the changing land cover of our planet as separate issues. Yet the way 

we alter our landscapes plays a critical role in the likelihood that any particular place will 

capture, sequester and transform contaminants into bioavailable forms. My dissertation 

focuses on understanding the fate and transport of contaminants posed by mining and the 

resultant risks to humans and wildlife. Below I outline three emergent themes from my 

research. I also address how concepts from landscape ecology can be applied to 

geochemical and ecotoxicological questions. 

8.1 Geochemical setting constrains the biogeochemical cycling of elements 

The risks of contaminants from environmental sources depend on the chemical 

composition of the source material (i.e., geochemical properties) where the contaminant 

originates and the associated processes that control element mobility. The fate and 

transport of elements are further influenced by anthropogenic alteration of inputs and 

landscape change. This theme was examined in Chapter 2 by focusing on the fate of 

mercury (Hg) and selenium (Se) in aquatic ecosystems downstream of surface coal mines 

in Central Appalachia. Although previous work found high concentrations of Se in 

mining-impacted streams and biota (3, 15–17), Hg concentrations were very low in all 
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sample types (water, sediment, biofilm, cranefly larvae, riparian spiders). These results 

suggest that, unlike Se, Hg is not being released from, or bioaccumulating within, 

mountaintop mined watersheds. This is likely due to geochemical constraints associated 

with high alkalinity, which reduces the solubility and mobility of Hg but not Se. 

Similarly, in Chapter 7, I examined the importance of geochemical setting in the fate of 

Hg from artisanal and small-scale gold mining (ASGM). Mining ponds were much more 

efficient than riverine ecosystems at converting Hg into methyl Hg (MeHg). I thus 

concluded the combined effects of increased development of ponds and increased Hg 

loading associated with ASGM together led to the increased risk of Hg to humans and 

wildlife. 

8.2 The impact of coupled elemental cycling on the fate of individual 
contaminants 

Geochemical and biologically-mediated interactions between elements can impact 

the mobility, bioavailability, and toxicity of contaminants. For example, Hg and Se can 

be toxic individually, yet some evidence suggests an antagonism between Hg and Se, in 

which elevated concentrations of Se can reduce Hg methylation, bioaccumulation, and/or 

toxicity (see reviews by 38, 39). This putative relationship has prompted discussions 

about using Se enrichment to remediate Hg-contaminated ecosystems or weakening Hg 

fish consumption regulations in areas with high Se levels (22–25). In Chapter 3, I 

conducted a systematic literature review to evaluate scientific support for the hypothesis 

that elevated Se reduces deleterious effects of Hg. Given the individual and potential 

synergistic toxicity effects posed by Hg (182–184) and Se (28, 30, 31, 34, 35, 61, 186, 
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187) to organisms, I suggested a precautionary approach regarding Se-Hg interactions as 

they relate to proposed environmental policies. Additionally, to understand whether an 

interaction could be occurring at the base of the aquatic food chain, in Chapter 4, I 

performed a laboratory experiment that exposed mayfly larvae to elevated Hg and Se in 

their diet and found that Se moderation of Hg bioaccumulation is dependent upon the 

magnitude of MeHg and Se exposure, though Se itself is highly toxic to mayflies. 

8.3 Heterogeneity of landscape control points 

The mobility and bioavailability of a contaminant is determined by both 

landscape features and temporal changes (control points) (367), which collectively 

regulate element transformation into more bioavailable forms and uptake by biota. In 

Chapters 5, 6, and 7, I looked further at control points in the context of artisanal and 

small-scale gold mining, the primary source of atmospheric Hg globally. My work on 

gold mining in Senegal demonstrated that MeHg can be elevated in terrestrial and 

riparian ecosystems near mining, despite the fact that most artisanal gold mining studies 

globally focus on aquatic ecosystems as the main source of Hg exposure to humans and 

wildlife (Chapter 5). In Peru, I found that intact forests in the Peruvian Amazon located 

near artisanal gold mining were effective at scavenging Hg from the atmosphere, leading 

to elevated Hg loading in this biodiversity hotspot at levels on par with those found in 

industrial China (Chapter 6). Aquatic ecosystems in Peru were also impacted by gold 

mining, which both increases Hg loading and alters landscape cover, leading to enhanced 

Hg methylation in these mining-impacted landscapes (Chapter 7). 
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8.4 Integrating landscape ecology into contaminant fate and transport 
studies 

There are numerous studies investigating the complexity of contaminants 

individually, including how they interact with different landscape features and the harm 

they pose to biota and humans. There are also numerous studies investigating the 

complexity of the landscape. However, less is known about how the complexity of 

contaminants interacts with the complexity of the landscape. To understand the risk 

posed by a contaminant, it is important to critically examine this interaction. 

 Here I introduce a new framework of ‘contaminant risk landscape.’ While the 

term ‘risk landscape’ has been used before (in the titles, abstracts, and keywords of 144 

studies, according to a Scopus search conducted in November 2020), it has not yet been 

applied to the fate and transport of contaminants and resultant risk to humans and biota. It 

builds upon the emerging field of landscape ecotoxicology (368, 369). I seek to place the 

field of contaminant fate and transport into the framework of landscape ecology and to 

examine how this framework allows us to better evaluate contaminant risk. 

8.4.1 Contaminant Risk within a Patch 

The risk of a contaminant to people and wildlife is a function not just of loading 

into the environment by humans and natural sources, but also of its capture by an 

ecosystem and transformation into more bioavailable forms. Geochemists generally 

consider the fate of a contaminant within a patch, or a discrete homogenous habitat. The 

characteristics of different patch types have the potential to either accentuate or attenuate 

the potential risk of a contaminant. 
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         Certain patch features promote the capture (i.e., deposition) of trace elements 

from the atmosphere to terrestrial and aquatic ecosystems. Forest cover can enhance 

deposition by two mechanisms. First, leaves can intercept atmospheric particles 

containing sorbed trace elements (370–372). Precipitation events then wash these 

particles from the leaf surface to the forest floor as throughfall. The extent of dry 

deposition depends on forest age, leaf surface area and roughness, and tree density, as 

well as edge effects (373–376). Old-growth, coniferous, and patchy forests have higher 

depositional rates than young, deciduous, intact forests. Second, leaves can directly take 

up gaseous trace elements in their stomata (310). Litterfall subsequently transfers these 

trace elements to the forest floor (377). Topography can also create depositional hotspots 

on the landscape due to orographic effects (317, 378). As air masses pass over areas with 

higher topographic relief, they cool, causing water to condense. Trace elements dissolved 

in this water are deposited on the land surface with the precipitation. Cloudwater can also 

be a source of trace element deposition to the landscape. Areas with greater cloud cover, 

including higher elevation areas, often receive higher inputs of these elements (378, 379). 

For these reasons, mountain regions in the Northeast (e.g., the Adirondacks) have been 

hotspots for acid (i.e., NOx, SOx) (380, 381) and Hg deposition (122) as they intercept air 

masses originating from the industrial Ohio Valley. The capture of airborne contaminants 

by a patch thus is a function of both land cover and topography. 

Once a contaminant enters a patch either through atmospheric deposition, point 

source pollution, or enhanced erosion, its transformation into more bioavailable and toxic 

forms and its uptake into biota is dependent upon the patch characteristics (382). Redox-
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active contaminants (e.g., As, Co, Cu, Cr, Fe, Hg, Mn, N, P, Sb, Se, Tc, U) (383) will be 

transformed into reduced forms under low oxygen conditions, such as wetlands or in 

sediments (384). Rainfall amounts and wetting-drying cycles will also impact the redox 

conditions and processing of these elements (385, 386). For those contaminants that are 

not redox-active, the risk they pose to biota is dependent upon the form in which they 

occur. Contaminants can be sequestered in a patch depending on the geochemical 

conditions, particularly soil moisture, organic matter content, clay content, and pH (387–

392). When contaminants are bound, they are not as readily bioavailable. Contaminant 

risk is maximized within patches that maintain or convert contaminants into forms that 

are more easily accumulated within the food web. 

8.4.2 Incorporating Landscape Ecology into Contaminant Science 

Countless studies have shown that contaminant capture, transport, and 

transformation depend upon the characteristics of an individual patch, as described in the 

previous section. Yet the risk posed by a contaminant is equally dependent on the spatial 

and temporal relationships between these patches (393–395). Unlike a patch, which is a 

discrete habitat that is homogenous in all aspects of interest, a landscape comprises an 

area that is heterogenous in at least one aspect and therefore contains at least two patches. 

The size and distribution of these patches determine how elements enter and are 

transported through the environment and the subsequent risk to biota and people. 

The field of landscape ecology can provide important insights into the fate and 

transport of contaminants across space and time. Spatial heterogeneity across the 
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landscape can be attributed to abiotic factors such as climate, topography, and underlying 

geology, as well as to anthropogenic disturbances (396). Temporal variability across the 

landscape is driven by natural and anthropogenic disturbances that occurred in the past, 

are occurring in the present, and will occur in the future. The capture and transformation 

of contaminants will depend upon these various and dynamic landscape features. Risk is 

not homogeneous; it propagates through landscapes as a result of landscape properties 

and landscape change (397–399). 

8.4.3 Spatial Scales 

Contaminant risk is a function of the spatial configuration of patches. Averaging 

over a landscape to understand the processing of contaminants prevents an understanding 

of how landscape features interact with each other. For example, one large forest patch 

will process contaminant inputs differently than several smaller forest patches, even if 

they occupy the same overall area on the landscape. Smaller patches are likely to capture 

disproportionate inputs of aerially deposited contaminants per unit area due to a higher 

edge ratio (375). Smaller patches are also more likely to transport a contaminant out of 

the patch, rather than sequestering it, allowing the contaminant to be transformed within a 

different land cover type. 

The arrangement of patches is particularly important for the transformation and 

ultimate fate of contaminants. If Hg were to be deposited onto a forest patch neighboring 

a grassland patch, it would likely be sequestered within the grassland environment. 

Conversely, if Hg were to be deposited onto a forest patch neighboring a wetland patch, it 
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could be readily transformed within the wetland to the more bioavailable form of MeHg. 

And, the amount of Hg transformed in the second scenario is higher than if the Hg 

entered a grassland patch neighboring a wetland due to the greater efficiency of forests in 

capturing Hg compared to grasslands. Mercury scientists have long ago shown the 

importance of land cover within a patch for Hg transformation (400–403). This example 

emphasizes that a complete understanding of a risk landscape can only be assessed by 

considering the spatial configuration of patches across a landscape. 

Once in the landscape, it is not just the size of patches that is important for 

contaminant fate, but also the likelihood that the contaminant can be exchanged between 

two patches. Contaminants can move between patches via air, water, and biota, and 

connectivity is thus a function of the orientation of landscape features that allows for 

movement in these three forms. Traditionally, connectivity has been applied to animal 

movement with conservation ecologists promoting the creation of wildlife corridors that 

allow discrete patches to be connected (404, 405). However, landscape connectivity plays 

an equally important role for contaminant movement. Wildlife corridors and other forms 

of connection allow animals to act as biovectors, transporting contaminants from one 

patch to another (406). This transport can occur within a terrestrial (e.g., large animal 

movement or migration) (407, 408) or aquatic ecosystem (e.g., salmon migration) (409, 

410), or between terrestrial and aquatic ecosystems (e.g., large animal subsidies in rivers, 

emergent insects) (219, 221, 411, 412). Surface and groundwater can connect two 

different patch types, allowing for the movement of a contaminant from one land cover 

type to another. The dominant wind direction and wind patterns determined by land cover 
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(e.g., trees, buildings) control the aerial transport of contaminants (413–415). Thus, 

where a contaminant is deposited is important not just for the potential of that landscape 

to transform it, but also for the potential of the contaminant to be transported from that 

landscape to another landscape where it could be more readily transformed. This 

consideration extends beyond just the proximity to the source. Performing analyses that 

evaluate the extent of atmospheric, water, and animal connectivity will allow for a greater 

understanding of how contaminants move across the landscape.  

8.4.4 Temporal scales 

For a given landscape, contaminant risk is determined by both modern and 

historical rates of loading and capture. A legacy of high capture and sequestration can 

lead to enhanced transformation and mobilization when land cover changes, even if the 

present conditions do not pose a contaminant risk. Each patch can thus be considered as: 

(i) a sequestration patch that stores contaminants and prevents its transformation; (ii) an 

active or potential transport patch that can currently, or could after a future disturbance, 

allow for transport of contaminants to another patch; or (iii) an active or potential 

transformation patch that can currently, or could after a future disturbance, transform 

contaminants to other forms. Disturbances can change a patch from one of these three 

characteristics to another, thereby altering the risk of contaminants to biota and humans. 

For example, patches of land contaminated by lead (Pb) from paint and gasoline prior to 

the mid-1990s represent a sequestration patch (416). If that patch is developed, 

previously sequestered soil could become eroded and mobilized to adjacent patches and 

thereby increase the risk of Pb to people and biota. 
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In addition to historical events, contemporary events can change contaminant 

capture by a patch and adjacent patches through disturbance. Landscapes exhibit 

disturbance mosaics, or spatial heterogeneity created by regular and stochastic 

disturbances that are both natural and anthropogenic (417). These disturbances alter patch 

type, size, arrangement, connectivity, and ecotone. How long a patch has had particular 

characteristics, as well as how long a series of patches has had a particular spatial 

configuration, will impact the fate of contaminants and thereby the risk they pose in the 

present and future. For example, if a patch has been forested for a long time, large 

amounts of contaminants could be bound to the organic matter in the soil (389, 418). A 

forest fire could then lead to the release of these sequestered contaminants. Assessments 

of contaminant risk to biota and people must take both modern and historical 

characteristics and events into account. 

Disturbance also alters contaminant transport and transformation by changing the 

spatial configuration of patches – an interplay between spatial heterogeneity and temporal 

dynamics. Disturbances alter resource availability and ecosystem structure in 

heterogenous ways (419), which in turn change how contaminants are processed and 

create a gradient of effects across the landscape. Altered land cover in a particular patch 

changes wind patterns (420–422), which impact contaminant inputs not only directly 

through aeolian transport, but also indirectly by impacting seed dispersal and thus forest 

regeneration. Future contaminant capture in this patch will thus be affected by changes in 

forest structure that influence the scavenging of airborne contaminants by reduced 

foliage, mobility of sequestered contaminants in eroding soils, and transformation of 
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contaminants in soils with an altered moisture regime. One example of this occurs in the 

Peruvian Amazon, which is currently receiving high rates of Hg inputs as a result of 

artisanal and small-scale gold mining activities (Chapter 6). This capture is particularly 

high in nearby primary forest conservation areas. If these intact forests are cleared in the 

future, there will could be large releases of Hg as a result of biomass burning and soil 

erosion. Mercury could be mobilized into nearby aquatic environments, where it can be 

more efficiently converted into MeHg and enter into the food web (116). The future fate 

of Hg in these landscapes is thus dependent on current capture, spatial heterogeneity, and 

disturbances. A risk analysis of Hg therefore must not only consider current contaminant 

fate and transport, but potential future contaminant fate and transport under changing 

conditions.  

The long-term effect of a disturbance for contaminant fate and transport is 

dependent on the resiliency of a patch. To some extent, patches are able to respond to 

disturbances without changing ecosystem processes and structures, maintaining current 

levels of contaminant capture, transformation, and transport. Landscapes that are pushed 

beyond their resiliency threshold may undergo a regime shift to an alternative stable state 

(423, 424). It is often difficult or impossible to return to the original stable state, even if 

the stressor is removed. For example, the disturbance of agricultural activity has been 

shown to impact net nitrification rates for over one hundred years, even after the land use 

has changed (425–427). The risk of a contaminant to a landscape is dependent upon the 

level of resiliency and the alternative stable states that result from a disturbance. This 



 

149 

condition will determine to what extent a patch will experience long-term temporal 

changes in its ability to receive, transform, and mobilize contaminants. 

8.5 Conclusions 

 By integrating the interactions between landscape features into our analysis of 

contaminant risk, a contaminant risk landscape framework provides a means for 

evaluating contaminant risk that goes beyond just thinking about specific locations on a 

landscape. It allows us to think across spatial and temporal heterogeneity to evaluate 

exposure risks for organisms and people. This framework encapsulates the three 

emergent themes from my dissertation: 1) geochemical setting constrains the 

biogeochemical cycling of elements, 2) the impact of coupled elemental cycling on the 

fate of individual contaminants, and 3) heterogeneity of landscape hotspots and hot 

moments. A contaminant risk landscape framework allows for a better understanding of 

where and when contaminants pose a risk to humans and wildlife to apply appropriate 

conservation and land management practices to reduce these risks. 
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Appendix A: Supplementary Information for Mercury and 

selenium loading in mountain-top mining impacted alkaline 

streams and riparian food webs 

A.1 Detailed Methods for Sample Processing and Quality Control 

Sediment samples were lyophilized for five days, homogenized by hand, and 

analyzed for THg using a Milestone Direct Mercury Analyzer (DMA-80) via thermal 

decomposition, catalytic reduction, amalgamation, desorption, and atomic absorption 

spectroscopy (USEPA Method 7473). Biofilm samples were filtered in the laboratory 

using a 0.45 μm membrane filter. Following filtration, they were lyophilized for five 

days, homogenized by manual grinding using a glass mortar and pestle, and analyzed for 

THg (USEPA Method 7473). Cranefly and spider samples were composited by site. For 

each, two sites with large masses of sample were selected to contain triplicates; for these 

sites, the individuals collected were randomly assigned into three groups. Cranefly and 

spider samples were then lyophilized for five days, homogenized by manual grinding, 

and analyzed for THg (USEPA Method 7473). 

For the DMA-80 in 2017, before sample analysis, calibration was performed 

using Brooks Rand Instruments Total Mercury Standard (1.0 ng/L). Continuous 

calibration verification (CCV) and matrix spike (MS) was performed using National 

Institute of Standards and Technology (NIST) standard reference material (SRM) 2709a 

(San Joaquin Soil, 1100 ng Hg/g), and quality control standard (QCS) was performed 

using NIST certified reference material 1633c (coal fly ash, 1005 ng Hg/g) and DORM-4 

(fish protein, 410 ng Hg/g) with a detection limit of 0.3 ng Hg. For the DMA-80 in 2018, 

calibration was performed using NIST 1633c and Canadian National Research Council 
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certified reference material MESS-3 (marine sediment, 91 ng Hg/g). CCV and MS were 

performed using NIST 1633c and QCS was performed using MESS-3 with a detection 

limit of 0.2 ng Hg. In 2017 and 2018, all samples were analyzed in duplicate, with sample 

values accepted when relative percent difference within 10%. All standards had average 

recoveries within 10% of the accepted values, and all blanks were below detection limit 

(BDL). Also, after each run, the chromes were visually reviewed for incomplete 

combustion by looking for a formation of a peak before the THg peak. Though most 

reference materials used in 2017 and 2018 were sediments to maintain continuity of 

analysis, previous analyses on the DMA in our laboratory using biological reference 

materials have shown that the protocol is appropriate for biological samples with average 

recoveries of 102% (sd=4%) for DORM-4 (fish protein) and 96% (sd=9%) for SRM 2976 

(mussel tissue). This was confirmed by the QCS samples using DORM-4 included in runs 

within the analysis reported here. 

For MeHg concentrations in sediments, dichloromethane extraction (260) was 

performed for samples collected in 2017 and microwave digestion with trace metal grade 

HNO3 acid (343, 344) was performed for samples collected in 2018. For MeHg 

concentrations in biofilm, cranefly larvae, and spiders, samples were digested with 2% 

potassium hydroxide in methanol at 55°C for a minimum of 48 hours (342). For MeHg 

concentrations in water from 2017 field sampling, samples were extracted with trace 

grade sulfuric acid for a minimum of 24 hours (261). In 2017, MeHg in extracts of 

sediment, water, biofilm, and invertebrates samples were analyzed by aqueous ethylation 

with sodium tetraethylborate, purge and trap, cold vapor atomic fluorescence 
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spectroscopy (CVAFS), gas chromatographic (GC) separation, and inductively coupled 

plasma mass spectrometry (ICP-MS) on an Agilent 770 (USEPA Method 1630) (262) 

with an internal standard of Me202Hg (Oakridge National Laboratory) (263). The 

recovery of this internal standard in each sample was used to calculate MeHg 

concentrations, with all extractions that achieved stable isotope recoveries greater than 

60% accepted in the dataset. Calibration and CCV were performed using Brooks Rand 

Instruments Methylmercury Standard (1 ng MeHg/L). In 2018, sediment, water, biofilm, 

and invertebrate samples were analyzed via aqueous ethylation with sodium 

tetraethylborate, purge and trap, and CVAFS on a Tekran 2500 spectrometer (USEPA 

Method 1630). Calibration and CCV were performed using Frontier Geosciences 

certified laboratory MeHg standards and QCS for sediment was performed using 

European Reference Material CC580 (estuarine sediment, 0.075 μg MeHg/g), and all 

standards had recoveries within 15% of the accepted values. The method detection limit 

was 1 pg MeHg in 2017 and 1.3 pg MeHg in 2018. The field blank, filtration blanks, 

digestion blanks, and analysis blanks were BDL in 2017 and 2018. Previous analyses in 

our laboratory have reported similar recoveries using biological reference materials; 

average recoveries for MeHg in biological digests in our laboratory have previously 

reported 101% (sd=10%) recovery using TORT-2 (lobster hepatopancreas) and 102% 

(sd=12%) recovery using SRM 2976 (mussel tissue). 

For THg concentrations in water, samples were analyzed via oxidation with 

bromine chloride for a minimum of 24 hours, purge and trap, CVAFS, and GC (USEPA 

Method 1631, revision E) on a Tekran 2600 Automated Total Mercury Analyzer. 
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Calibration, CCV, and MS were performed in 2017 using Brooks Rand Instruments Total 

Mercury Standard (1.0 ng/L), ICV was performed using SPEX Centriprep ICP-MS 

Multi-Element in Solution Standard 2A, and QCS was performed using ERM CC580. 

Calibration, CCV, and MS were performed in 2018 using Ultra Scientific certified 

aqueous Hg standard (10 μg/L), and QCS was performed using NIST certified reference 

material 1641D (mercury in water, 1.557 mg/kg). Instrument detection limit was 0.5 ng/L 

in 2017 and 0.02 ng/L in 2018. In 2017 and 2018, all standards had recoveries within 

10% of the accepted values. The field blank, digestion blanks, and analysis blanks were 

BDL. 

For Se analyses, homogenized samples were digested in concentrated acid using 

USEPA Method 3050B (77) for sediments, invertebrates, and biofilm and USEPA 

Method 3005 (78) for water. Samples were analyzed for Se with a Perkin Elmer Elan 

DRCII ICP-MS, S using a Perkin Elmer ICP-Optical Emission Spectrometer Model 

8000. The instrument detection limit was 0.064 µg/L. QCS was performed using DORM-

4 (3.45 µg Se/g). QCS and CCV had average recovery within 10% of accepted values, 

and ICV had average recovery within 15% of the accepted value. Previous analysis in the 

laboratory using this methodology and NIST Montana 2711a as QCS for sediments had 

recoveries within 5%. Blanks ranged from BDL-0.218 μg Se/L, with an average 

concentration BDL. Note that water samples for Se samples were stored frozen, 

according to standard procedures at the North Carolina State University Crop and Soil 

Sciences Laboratory. This procedure diverged from the standard EPA Method 3005, 

which calls for acid preservation of water samples. As a result, it is possible that our 



 

154 

estimated concentrations are lower than we would have measured using EPA Method 

3005. If so, the measured Se concentrations we report here for water samples are 

conservative. This possible discrepancy in Se measurements would not affect the 

qualitative conclusions drawn in this manuscript. The Se concentrations measured in this 

study completely overlap with measured Se concentrations using EPA Method 3005 from 

(16) from the same sites (range of BDL-25 ug/L in (16), range of 1-22 µg/L in our study). 

Surface water samples collected in December 2010 were from four mine-

impacted tributaries of the Upper Mud River (LB1, BB1, MR13, SF1) and from one 

reference site in the Left Fork of the Mud River (LMR1) (16). Samples were filtered in 

the field using a 0.45 μm syringe disk filter and acidified to 0.2% using trace-metal grade 

nitric acid. Aliquots for Se speciation were filtered again with 0.2 �m filter membrane 

immediately before analysis. All samples were stored on ice or under refrigeration until 

analysis. Total dissolved Se concentration was quantified by ICP-MS in hydrogen 

reaction gas mode. Dissolved Se species were quantified by online high performance 

liquid chromatography (Agilent 1100) interfaced with ICP-MS, according to a previously 

reported method (79). The HPLC system entailed a Hamilton PRPX-100 ion 

chromatography column (10 μm particle size, 25 cm length ×4.1 mm internal diameter) 

and a mobile phase of 5 mmol/L ammonium citrate dissolved in 2% v/v/ methanol and 

adjusted to pH 5.2. The HPLC-ICP-MS analysis was calibrated with diluted stock 

solutions of sodium selenite and sodium selenate.  
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A.1.1 Speciation Calculations 

 Stream ion chemistry from Mud River Basin in West Virginia for mountain-top 

mined and unmined watersheds, as well as from other West Virginia streams were 

obtained from the USEPA Storet Database. Data from Mud River unmined watersheds 

were compared with those from the USEPA Storet to determine average concentrations 

of constituents in West Virginia streams, and average values for Mud River large 

watersheds were calculated. When DOC was used in the model, concentrations of 3.6 

mg/L were used for both mined and unmined watersheds. 

Average values for inorganic metals and anions in mined and unmined watersheds 

were used to perform chemical equilibrium speciation calculations in Visual MINTEQ 

Version 3.0 (114). Ionic strength and pH were calculated from the data. The main 

reactions of interest involved mercury complexation with selenium. The comparison of 

unmined and mined watersheds allowed for an analysis of speciation under natural 

condition and when constituent concentration was elevated (whereby increased 

complexation and precipitate formation would be expected). Models were run with and 

without the inclusion of DOC. The NICA-Donnan model was used to determine the 

binding of Hg to DOC; this model is effective in describing the binding of humic and 

fulvic substances to metal ions (428). Both fulvic and humic acids include two binding 

sites; site 1 represents the weak binding affinity of carboxyl groups, while site 2 

represents the strong binding affinity of thiol groups (429). MINTEQ includes two 

thermodynamic reactions between Hg and Se: 

Hg(OH)2 + 2 HSeO3- Û Hg(SeO3)22- + 2H2O K=102.71  [1] 
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Hg(OH)2 + HSeO3- + H+ Û HgSeO3 (s) + 2H2O K=10-12.14  [2] 

A.2 Supplementary Results 

A.2.1 Supplementary Figures and Tables 

 

Figure 20: Map showing locations of sampling sites in West Virginia. Basemap imagery 
from Google Earth. 
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Figure 21: Concentrations of elements with depth from the surface in a sediment core 
collected from the reservoir that drains mine-impacted watersheds. 

 

Figure 22: Relationship between Hg and Se concentrations across Kentucky, Tennessee, 
Virginia, and West Virginia streams using Water Quality Portal data. The line is the 1:1 

Se:Hg molar ratio. 
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Figure 23: Se speciation. A) Chromatograms of Se speciation measurements via HPLC-ICP-
MS for 4 water samples from mine-impacted tributaries of the Upper Mud River (LB1, 

BB1, MR13, and SF1) and the Left Fork Mud River (LMR1) reference site. The 
percentages in red show the % of total Se (measured independently) as the observed 

Se(IV)+Se(VI) concentrations. B) Locations of the Upper Mud River sites.  

 

Table 4: Concentration ranges for Hg and Se in all samples. 

 
Se [μg/L] 
or [μg/g] 

THg [ng/L] 
or [μg/g] 

MeHg 
[ng/L] or 
[ng/g] 

Percent Hg 
as MeHg 

Filtered water BDL-57.7 BDL-2.4 BDL-0.49 0-89 
Unfiltered water BDL-70.8 BDL-6.9 BDL-0.24 0-33 
Bulk sediment 0.06-3.3 BDL-.05 BDL-9.7 0-21 
Fine sediment 0.43-13 BDL-0.08 BDL-8.5 0-15 
Biofilm 0.37-37 0.016-0.098 0.35-7.6 0.82-29 
Cranefly 0.20-44 0.038-0.11 BDL-22 2.4-31 
Spider 1.5-29 0.046-0.25 0.40-180 0.55-73 

 

A.2.2 Equilibrium Speciation Model Results and Tables 

Equilibrium speciation models (Visual MINTEQ) calculations show that HgSe 

complexation is not thermodynamically favorable (Table 5). This result holds when DOC 

is included in the model.  In simulations for both mined and unmined watersheds, all Hg 
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and Se species were calculated to be completely in the aqueous phase (no solid phase 

formation), though the speciation of aqueous Hg and Se differed between the two 

watersheds. Note that even when Hg concentrations were increased in model calculations 

by an order of magnitude above those found in the mined watersheds (thereby depicting 

high concentrations of both Hg and Se), the formation of HgSe complexes were not 

projected to occur in this purely geochemical model.  

Table 5: Correlations between variables in bulk sediment and fine sediment (p-values are 
shown). 

 Bulk Sediment Fine Sediment 
 THg (μg/g) MeHg (μg/g) THg (μg/g) MeHg (μg/g) 
Percent C <0.00001 0.2381 0.09194 0.09599 
Percent N <0.00001 0.5998 0.0091 0.7405 
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Table 6: Results from the equilibrium speciation model Visual MINTEQ examining 
speciation of Hg and Se in streams draining mine-impacted and unmined watersheds. 

Species    Mined                 Unmined 

 % of total species concentration 

Hg(OH)2 75.718 94.272 

HgClOH 22.886 5.654 

HgCl2 1.387 0.068 

SeO4-2 94.614 95.803 

CaSeO4 5.382 4.193 
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Appendix B: Supplemental Information for Do Two Wrongs 

Make a Right? Persistent Uncertainties Regarding Selenium-

Mercury Interactions in Aquatic Ecosystems 

Supplementary Figures and Tables 

 

Figure 24: Se:Hg ratio articles published since 1994. Arrows mark publication dates for the 
15 most cited articles, with numbers corresponding to papers listed in Table 8. The left-

most arrow represents articles published prior to 1994. 

Table 7: The 15 papers most-cited studies in the Se:Hg ratio subset of our Web of Science 
literature search (167 Se-Hg ratio papers) justifying evaluation of Se:Hg ratios. 

Fig S1 
Ref # 

Title Author(s) Year Times cited 
in ratio 
subset 

Total times 
cited in the 
literature 

Article 
type 

1 Dietary selenium's 
protective effects 
against 
methylmercury 
toxicity 

Ralston and 
Raymond 

2010 37 358 Review 

2 Selenium and 
mercury in pelagic 
fish in the central 
north pacific near 
Hawaii 

Kaneko and 
Ralston 

2007 28 183 Primary 
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3 Mercury-selenium 
compounds and their 
toxicological 
significance: toward 
a molecular 
understanding of the 
mercury-selenium 
antagonism 

Khan and 
Wang 

2009 28 317 Review 

4 Selenium health 
benefit values as 
seafood safety 
criteria 

Ralston 2009 28 119 Review 

5 How might selenium 
moderate the toxic 
effects of mercury in 
stream fish of the 
western U.S.? 

Peterson, 
Ralston, Peck, 
Van Sickle, 
Robertson, 
Spate, and 
Morris 

2009 26 130 Primary 

6 Importance of molar 
ratios in selenium-
dependent 
protection against 
methylmercury 
toxicity 

Ralston, 
Blackwell, 
and Raymond 

2007 25 155 Primary 

7 Selenium and 
mercury in 
organisms: 
Interactions and 
mechanisms 

Yang, Chen, 
Gunn, and 
Belzile 

2008 24 231 Review 

8 Mercury and 
selenium 
interaction: A 
review 

Cuvin-Aralar 
and Furness 

1991 23 474 Review 

9 Selenium and 
mercury interactions 
with emphasis on 
fish tissue 

Peterson, 
Ralston, 
Whanger, 
Oldfield, and 
Mosher 

2009 21 72 Review 

10 Dietary and tissue 
selenium in relation 
to methylmercury 
toxicity 

Ralston, 
Ralston, 
Blackwell, 
and Raymond 

2008 21 266 Primary 

11 Selenium: Relation 
to decreased toxicity 
of methylmercury 
added to diets 
containing tuna 

Ganther, 
Goudie, 
Sunde, 
Kopecky, and 
Wagner 

1972 17 699 Primary 
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12 Mercury: selenium 
interactions and 
health implications 

Raymond and 
Ralston 

2004 16 177 Review 

13 Mercury toxicity 
and the mitigating 
role of selenium 

Berry and 
Ralston 

2008 15 109 Review 

14 The protective effect 
of small amounts of 
selenite in sublimate 
intoxication 

Parizek and 
Ostadalova  

1967 15 494 Primary 

15 Mercury-selenium 
correlations in 
marine mammals 

Koeman, 
Peeters, 
Koudstaal-
Hol, Tjioe, 
and de Goeij 

1973 14 471 Primary 

 

Table 8: Aquatic studies in the Se:Hg ratio subset of search results. 

Authors, 
Year Journal DOI Publication Title Species Categories 

Health 
Biomarkers or 
Endpoints 
reported alongside 
concentration 
ratios*  

Acquavita 
et al., 2018 

Marine 
Pollution 
Bulletin 

10.1016/j
.marpolb
ul.2018.0
7.009 

Mercury and selenium in the grass goby 
Zosterisessor ophiocephalus (Pisces: 
Gobiidae) from a mercury contaminated 
Mediterranean lagoon Fishes None 

Arcagni et 
al., 2013 

Science of The 
Total 
Environment 

10.1016/j
.scitotenv
.2013.03.
008 

Differential mercury transfer in the aquatic 
food web of a double basined lake 
associated with selenium and habitat 

Plankton 
Invertebrates 
Fishes None 

Arcagni et 
al., 2017 Chemosphere 

10.1016/j
.chemosp
here.201
6.09.085 

Mercury and selenium in the food web of 
Lake Nahuel Huapi, Patagonia, Argentina 

Plankton 
Invertebrates 
Fishes None 

Augier et 
al., 1993 

Cellular and 
Molecular 
Biology NA 

Mercury, zinc and selenium 
bioaccumulation in tissues and organs of 
mediterranean striped dolphins stenella-
coeruleoalba meyen toxicological result of 
their interaction Cetaceans None 

Azad et 
al., 2019 

Science of The 
Total 
Environment 

10.1016/j
.scitotenv
.2018.10.
405 

Effects of geography and species variation 
on selenium and mercury molar ratios in 
Northeast Atlantic marine fish 
communities Fishes None 

Barone et 
al., 2017 

Water Air and 
Soil Pollution 

10.1007/s
11270-
017-
3379-4 

Comparative Study on Trace Metal 
Accumulation in Liver of Mediterranean 
Deep-Sea Fish and Their 
Selenium/Mercury Molar Ratios Fishes None 

Berges-
Tiznado et 
al., 2015 

Marine 
Pollution 
Bulletin 

10.1016/j
.marpolb
ul.2015.1
0.021 

Mercury and selenium in tissues and 
stomach contents of the migratory sailfish, 
Istiophorus platypterus, from the Eastern 
Pacific: Concentration, biomagnification, 
and dietary intake Fishes None 
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Berges-
Tiznado et 
al., 2015 

Archives of 
Environmental 
Contamination 
and Toxicology 

10.1007/s
00244-
015-
0226-8 

Mercury and Selenium in Muscle and 
Target Organs of Scalloped Hammerhead 
Sharks Sphyrna lewini of the SE Gulf of 
California: Dietary Intake, Molar Ratios, 
Loads, and Human Health Risks Elasmobranches None 

Bianchi et 
al., 2018 

Chemistry and 
Ecology 

10.1080/
0275754
0.2018.1
482885 

Temporal and geographical variations of 
mercury and selenium in eggs of Larus 
michahellis and Larus audouinii from 
central Mediterranean islands Birds None 

Bryan et 
al., 2012 Chemosphere 

10.1016/j
.chemosp
here.201
2.05.051 

Influence of mercury and selenium 
chemistries on the progression of 
cardiomyopathy in pygmy sperm whales, 
Kogia breviceps Cetaceans 

Cardiomyopathy, 
protein oxidation 

Burger, 
2012 

Journal of Risk 
Research 

10.1080/
1366987
7.2011.6
49298 

Selenium:mercury molar ratios in fish from 
the Savannah River: implications for risk 
management Fishes None 

Burger et 
al., 2014 Ecohealth 

10.1007/s
10393-
014-
0913-3 

Selenium:Mercury Molar Ratios in 
Bullfrog and Leopard Frog Tadpoles from 
the Northeastern United States Amphibians None 

Burger and 
Gochfeld, 
2011 

Science of The 
Total 
Environment 

10.1016/j
.scitotenv
.2010.12.
034 

Mercury and selenium levels in 19 species 
of saltwater fish from New Jersey as a 
function of species, size, and season Fishes None 

Burger and 
Gochfeld, 
2012 

Environmental 
Research 

10.1016/j
.envres.2
012.02.0
04 

Selenium and mercury molar ratios in 
saltwater fish from New Jersey: Individual 
and species variability complicate use in 
human health fish consumption advisories Fishes None 

Burger and 
Gochfeld, 
2013 

Food and 
Chemical 
Toxicology 

10.1016/j
.fct.2013.
03.021 

Selenium and mercury molar ratios in 
commercial fish from New Jersey and 
Illinois: Variation within species and 
relevance to risk communication Fishes None 

Burger et 
al., 2012 Ecohealth 

10.1007/s
10393-
012-
0761-y 

Selenium:Mercury Molar Ratios in 
Freshwater Fish from Tennessee: 
Individual, Species, and Geographical 
Variations have Implications for 
Management Fishes None 

Burger et 
al., 2012 

Science of The 
Total 
Environment 

10.1016/j
.scitotenv
.2012.05.
024 

Interspecific and intraspecific variation in 
selenium:mercury molar ratios in saltwater 
fish from the Aleutians: Potential 
protection on mercury toxicity by selenium Fishes None 

Burger et 
al., 2013 

Ecological 
Indicators 

10.1016/j
.ecolind.
2013.04.
001 

Selenium:mercury molar ratio in eared 
grebes (Podiceps nigricollis) as a possible 
biomarker of exposure Birds None 

Burger et 
al., 2013 

Science of The 
Total 
Environment 

10.1016/j
.scitotenv
.2012.10.
040 

Mercury and selenium levels, and 
selenium:mercury molar ratios of brain, 
muscle and other tissues in bluefish 
(Pomatomus saltatrix) from New Jersey, 
USA Fishes None 

Burger et 
al., 2018 Toxics 

10.3390/t
oxics602
0027 

Mercury, Lead, Cadmium, Cobalt, Arsenic 
and Selenium in the Blood of 
Semipalmated Sandpipers (Calidris pusilla) 
from Suriname, South America: Age-
related Differences in Wintering Site and 
Comparisons with a Stopover Site in New 
Jersey, USA Birds None 
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Burger et 
al., 2015 Toxics 

10.3390/t
oxics301
0063 

Mercury, Lead, Cadmium, Arsenic, 
Chromium and Selenium in Feathers of 
Shorebirds during Migrating through 
Delaware Bay, New Jersey: Comparing the 
1990s and 2011/2012 Birds None 

Cabanero 
et al., 2005 

Biological Trace 
Element 
Research 

10.1385/
BTER:10
3:1:017 

Quantification and speciation of mercury 
and selenium in fish samples of high 
consumption in Spain and Portugal Fishes None 

Cabanero 
et al., 2004 

Analytica 
Chimica Acta 

10.1016/j
.aca.2004
.09.039 

Selenium and mercury bioaccessibility in 
fish samples: an in vitro digestion method Fishes None 

Cabanero 
et al., 2007 

Biological Trace 
Element 
Research 

10.1007/s
12011-
007-
8007-5 

Mercury-selenium species ratio in 
representative fish samples and their 
bioaccessibility by an in vitro digestion 
method Fishes None 

Caceres-
Saez et al., 
2013 

Biological Trace 
Element 
Research 

10.1007/s
12011-
012-
9555-x 

Mercury and Selenium in Subantarctic 
Commerson's Dolphins (Cephalorhynchus 
c. Commersonii) Cetaceans None 

Caceres-
Saez et al., 
2018 Chemosphere 

10.1016/j
.chemosp
here.201
8.02.046 

High status of mercury and selenium in 
false killer whales (Pseudorca crassidens, 
Owen 1846) stranded on Southern South 
America: A possible toxicological 
concern? Cetaceans None 

Calatayud 
et al., 2012 

Food and 
Chemical 
Toxicology 

10.1016/j
.fct.2012.
05.028 

Mercury and selenium in fish and shellfish: 
Occurrence, bioaccessibility and uptake by 
Caco-2 cells Fishes 

Transport by Caco-
2 cells 

Cheng et 
al., 2013 

Environmental 
Toxicology and 
Pharmacology 

10.1016/j
.etap.201
3.01.011 

Accumulation of mercury, selenium and 
pcbs in domestic duck brain, liver and egg 
from a contaminated area with an 
investigation of their redox responses Birds 

Oxidative stress 
enzyme levels, lipid 
peroxidation, H2O2 
generation 

Ciardullo 
et al., 2008 

Journal of 
Agricultural and 
Food Chemistry 

10.1021/j
f7035721 

Bloaccumulation potential of dietary 
arsenic, cadmium, lead, mercury, and 
selenium in organs and tissues of rainbow 
trout (Oncorhyncus mykiss) as a function 
of fish growth Fishes None 

Copat et 
al., 2014  

Ecotoxicology 
and 
Environmental 
Safety 

10.1016/j
.ecoenv.2
013.11.0
09 

Mercury and selenium intake by seafood 
from the Ionian Sea: A risk evaluation Fishes None 

Correa et 
al., 2015 

Environmental 
Toxicology and 
Chemistry 

10.1002/
etc.3079 

Mercury and selenium concentrations in 
skeletal muscle, liver, and regions of the 
heart and kidney in bearded seals from 
Alaska, USA Pinnipeds None 

Correa et 
al., 2013 

Environmental 
Toxicology and 
Chemistry 

10.1002/
etc.2327 

Distribution of mercury and selenium in 
blood compartments of bottlenose dolphins 
(tursiops truncatus) from sarasota bay, 
florida Cetaceans None 

Correa et 
al., 2014 

Marine 
Pollution 
Bulletin 

10.1016/j
.marpolb
u1.2014.
02.022 

Assessment of mercury and selenium 
tissular concentrations and total mercury 
body burden in 6 Steller sea lion pups from 
the Aleutian Islands Pinnipeds None 

Cusack et 
al., 2017 

Biological Trace 
Element 
Research 

10.1007/s
12011-
016-
0907-9 

Selenium: Mercury Molar Ratios in 
Freshwater Fish in the Columbia River 
Basin: Potential Applications for Specific 
Fish Consumption Advisories Fishes None 
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Dietz et 
al., 1995 Polar Biology 

10.1007/
BF00239
057 

Zinc, cadmium, mercury and selenium in 
polar bears (ursus-maritimus) from central 
east greenland 

Terrestrial 
mammals None 

Dietz et 
al., 2000 

Science of The 
Total 
Environment 

10.1016/
S0048-
9697(99)
00430-1 

An assessment of selenium to mercury in 
Greenland marine animals 

Molluscs 
Crustaceans 
Fishes 
Birds None 

Dietz et 
al., 2000 

Science of The 
Total 
Environment 

10.1016/
S0048-
9697(99)
00431-3 

Geographical differences of zinc, 
cadmium, mercury and selenium in polar 
bears (Ursus maritimus) from Greenland 

Terrestrial 
mammals None 

Donald, 
2016 

Environmental 
Monitoring and 
Assessment 

10.1007/s
10661-
016-
5567-x 

Relationships for mercury and selenium in 
muscle and ova of gravid freshwater fish Fishes None 

Dorea et 
al., 1998 

Biological Trace 
Element 
Research 

10.1007/
BF02789
097 

Selenium and mercury concentrations in 
some fish species of the Madeira River, 
Amazon Basin, Brazil Fishes None 

Endo et 
al., 2005 

Environmental 
Science & 
Technology 

10.1021/
es050215
e 

Total mercury, methyl mercury, and 
selenium levels in the red meat of small 
cetaceans sold for human consumption in 
Japan Cetaceans None 

Endo et 
al., 2006 

Environmental 
Pollution 

10.1016/j
.envpol.2
005.12.0
35 

Distribution of total mercury, methyl 
mercury and selenium in pod of killer 
whales (Orcinus Orca) stranded in the 
northern area of Japan: Comparison of 
mature females with calves Cetaceans None 

Escobar-
Sanchez et 
al., 2011 

Biological Trace 
Element 
Research 

10.1007/s
12011-
011-
9040-y 

Biomagnification of Mercury and 
Selenium in Blue Shark Prionace glauca 
from the Pacific Ocean off Mexico Elasmobranches None 

Evans et 
al., 2016 Chemosphere 

10.1016/j
.chemosp
here.201
5.09.096 

Uptake of selenium and mercury by 
captive mink: Results of a controlled 
feeding experiment 

Semiaquatic 
mammals None 

Faganeli et 
al., 2018 Nutrients 

10.3390/
nu10030
278 

Selenium and Mercury Interactions in 
Apex Predators from the Gulf of Trieste 
(Northern Adriatic Sea) 

Plankton 
Rays None 

Fang et al., 
2011 

Food Additives 
& Contaminants 
Part B-
Surveillance 

10.1080/
1939321
0.2011.6
05526 

Mercury and selenium content of 
Taiwanese seafood Fishes None 

Franca da 
Silva et al., 
2019 Food Chemistry 

10.1016/j
.foodche
m.2018.0
5.020 

Simultaneous determination of mercury 
and selenium in fish by CVG AFS Fishes None 

Frias-
Espericuet
a et al., 
2016 

Environmental 
Monitoring and 
Assessment 

10.1007/s
10661-
016-
5645-0 

Mercury and selenium concentrations in 
marine shrimps of NW Mexico: health risk 
assessment Crustaceans None 

Garcia-
Alvarez et 
al., 2015 

Science of the 
Total 
Environment 

10.1016/j
.scitotenv
.2015.07.
040 

Mercury and selenium status of bottlenose 
dolphins (Tursiops truncatus): A study in 
stranded animals on the Canary Islands Cetaceans None 

Gochfeld 
et al., 2012 

Environmental 
Research 

10.1016/j
.envres.2
011.12.0
07 

Seasonal, locational and size variations in 
mercury and selenium levels in striped 
bass (Morone saxatilis) from New Jersey Fishes None 
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GOEDE et 
al., 1994 

Science of the 
Total 
Environment 

10.1016/
0048-
9697(94)
90443-X 

Have high selenium concentrations in 
wading birds their origin in mercury Birds None 

Gui et al., 
2014 Plos One 

10.1371/j
ournal.po
ne.01103
36 

Mercury and Selenium in Stranded Indo-
Pacific Humpback Dolphins and 
Implications for Their Trophic Transfer in 
Food Chains Cetaceans None 

GUNS et 
al., 1992 

Landbouwtijdsc
hrift-Revue De 
L Agriculture  

Selenium assessment and its relation to 
mercury levels in fish, shrimp and mussels 
from belgian continental-shelf waters 

Fishes 
Crustaceans 
Molluscs None 

Haines et 
al., 2010 

Science of The 
Total 
Environment 

10.1016/j
.scitotenv
.2009.09.
055 

Accumulation of mercury and selenium in 
the brain of river otters (Lontra canadensis) 
and wild mink (Mustela vison) from Nova 
Scotia, Canada 

Semiaquatic 
mammals None 

Hamilton 
et al., 2011 Ecotoxicology 

10.1007/s
10646-
011-
0754-6 

Mercury, selenium and neurochemical 
biomarkers in different brain regions of 
migrating common loons from Lake Erie, 
Canada Birds 

Neurochemical 
receptor and brain 
enzyme levels 

Herrmann 
et al., 2018 

Transactions of 
The American 
Fisheries 
Society 

10.1002/t
afs.10036 

Mercury and Selenium in Twelve 
Cutthroat Trout Tissues from High-
Elevation Colorado Lakes, USA: 
Intraspecific and Interspecific 
Comparisons Fishes None 

Hoffman 
et al., 2011 

Environmental 
Toxicology and 
Chemistry 

10.1002/
etc.459 

Oxidative stress response of forster's terns 
(sterna forsteri) and caspian terns 
(hydroprogne caspia) to mercury and 
selenium bioaccumulation in liver, kidney, 
and brain Birds 

Oxidative stress 
enzymes, protein 
bound thiols, and 
lipid peroxidation 
levels 

Hoffman 
et al., 1998 

Environmental 
Toxicology and 
Chemistry 

10.1002/
etc.56201
70205 

Association of mercury and selenium with 
altered glutathione metabolism and 
oxidative stress in diving ducks from the 
San Francisco Bay region, USA Birds 

Oxidative stress 
enzyme levels 

Hong et 
al., 2012 

Science of The 
Total 
Environment 

10.1016/j
.scitotenv
.2011.11.
021 

Assessment of mercury and selenium 
concentrations in captive bottlenose 
dolphin's (Tursiops truncatus) diet fish, 
blood, and tissue Cetaceans None 

Hong et 
al., 2013 

Environmental 
Toxicology and 
Chemistry 

10.1002/
etc.2169 

Bioaccumulation and biomagnification of 
mercury and selenium in the sarasota bay 
ecosystem Cetaceans None 

Ikemoto et 
al., 2004 

Archives of 
Environmental 
Contamination 
and Toxicology 

10.1007/s
00244-
004-
3188-9 

Detoxification mechanism of heavy metals 
in marine mammals and seabirds: 
Interaction of selenium with mercury, 
silver, copper, zinc, and cadmium in liver 

Pinnipeds 
Birds 
Cetaceans None 

Jadan-
Piedra et 
al., 2016 

Journal of 
Agricultural and 
Food Chemistry 

10.1021/
acs.jafc.5
b05046 

Influence of Physiological Gastrointestinal 
Parameters on the Bioaccessibility of 
Mercury and Selenium from Swordfish Fishes None 

Jin et al., 
2006 

Environmental 
Geochemistry 
and Health 

10.1007/s
10653-
005-
9038-5 

Methylmercury, total mercury and total 
selenium in four common freshwater fish 
species from Ya-Er Lake, China Fishes None 

Johnson et 
al., 2018 

International 
Journal of 
Environmental 
Research and 
Public Health 

10.3390/i
jerph150
91864 

Selenium, Mercury, and Their Molar Ratio 
in Sportfish from Drinking Water 
Reservoirs Fishes None 

Jones et 
al., 2013 

Marine 
Pollution 
Bulletin 

10.1016/j
.marpolb

Spatial variability in selenium and mercury 
interactions in a key recreational fish Fishes None 
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ul.2013.0
6.052 

species: Implications for human health and 
environmental monitoring 

Jones et 
al., 2014 

Limnology and 
Oceanography 

10.4319/l
o.2014.5
9.4.1181 

Application of stable isotope mixing 
models for defining trophic 
biomagnification pathways of mercury and 
selenium Fishes None 

Jones et 
al., 2014 

Estuarine 
Coastal and 
Shelf Science 

10.1016/j
.ecss.201
3.11.024 

Complex patterns in fish - sediment 
mercury concentrations in a contaminated 
estuary: The influence of selenium co-
contamination? Fishes None 

Kai et al., 
1992 

Nippon Suisan 
Gakkaishi  

On mercury and selenium in fish blood .4. 
The state of oxidation and its distribution 
of selenium in the blood of tuna and marlin Fishes None 

Kalisinska 
et al., 2014 

Environmental 
Toxicology and 
Chemistry 

10.1002/
etc.2448 

Hepatic and nephric mercury and selenium 
concentrations in common mergansers, 
mergus merganser, from baltic region, 
europe Birds 

General health 
condition of birds 

Kalisinska 
et al., 2014 

Ecotoxicology 
and 
Environmental 
Safety 

10.1016/j
.ecoenv.2
013.12.0
19 

Mercury and selenium in the muscle of 
piscivorous common mergansers (Mergus 
merganser) from a selenium-deficient 
European country Birds 

General health 
condition of birds 

Kalisinska 
et al., 2017 

Ecotoxicology 
and 
Environmental 
Safety 

10.1016/j
.ecoenv.2
016.10.0
28 

Muscle mercury and selenium in fishes and 
semiaquatic mammals from a selenium-
deficient area 

Fishes 
Semiaquatic 
mammals None 

Kaneko 
and 
Ralston, 
2007 

Biological Trace 
Element 
Research 

10.1007/s
12011-
007-
8004-8 

Selenium and mercury in pelagic fish in 
the central north pacific near Hawaii 

Fishes 
Elasmobranches None 

Kehrig et 
al., 2013 

Ecotoxicology 
and 
Environmental 
Safety 

10.1016/j
.ecoenv.2
013.03.0
34 

Selenium and mercury in widely consumed 
seafood from South Atlantic Ocean 

Fishes 
Crustaceans 
Cephalopods 
Molluscs  None 

Kehrig et 
al., 2009 

Environmental 
Science and 
Pollution 
Research 

10.1007/s
11356-
008-
0038-8 

The relationships between mercury and 
selenium in plankton and fish from a 
tropical food web 

Plankton 
Fishes None 

Kim et al., 
1996 

Environmental 
Pollution 

10.1016/
S0269-
7491(96)
00110-8 

Specific accumulation of mercury and 
selenium in seabirds Birds None 

Knott et 
al., 2011 

Environmental 
Research 

10.1016/j
.envres.2
011.08.0
09 

Blood-based biomarkers of selenium and 
thyroid status indicate possible adverse 
biological effects of mercury and 
polychlorinated biphenyls in Southern 
Beaufort Sea polar bears 

Terrestrial 
mammals 

glutathione 
peroxidase activity, 
concentrations and 
ratios of T4 and T3 

Lazarus et 
al., 2014 

Journal of 
Environmental 
Science and 
Health Part A-
Toxic/Hazardou
s Substances & 
Environmental 
Engineering 

10.1080/
1093452
9.2014.9
28497 

Selenium in brown bears (Ursus arctos) 
from Croatia: Relation to cadmium and 
mercury 

Terrestrial 
mammals None 

Lima et 
al., 2005 

Environmental 
Research 

10.1016/j
.envres.2
004.05.0
05 

Mercury and selenium concentrations in 
fish samples from Cachoeira do 
piriamunicipality, parastate, Brazil Fishes None 
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Lino et al., 
2018 

Journal of Trace 
Elements In 
Medicine and 
Biology 

10.1016/j
.jtemb.20
18.04.01
2 

Mercury and selenium in fishes from the 
Tapajos River in the Brazilian Amazon: 
An evaluation of human exposure Fishes None 

Looi et al., 
2016 Chemosphere 

10.1016/j
.chemosp
here.201
6.02.126 

The levels of mercury, methylmercury and 
selenium and the selenium health benefit 
value in grey-eel catfish (Plotosus canius) 
and giant mudskipper (Periophthalmodon 
schlosseri) from the Strait of Malacca Fishes None 

Lyytikaine
n et al., 
2015 

Environmental 
Science & 
Technology 

10.1021/
acs.est.5b
01555 

Mercury and Selenium Balance in 
Endangered Saimaa Ringed Seal Depend 
on Age and Sex Pinnipeds None 

Matos et 
al., 2015 

Environmental 
Research 

10.1016/j
.envres.2
015.09.0
15 

Influence of bioaccessibility of total 
mercury, methyl-mercury and selenium on 
the risk/benefit associated to the 
consumption of raw and cooked blue shark 
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Appendix C: Supplemental Information for Protection at 
an unacceptable cost: Lethal concentrations of 
selenium necessary to reduce mercury bioaccumulation 
and biomagnification in aquatic organisms 
C.1 Detailed Methods 

C.1.1 Selenium and mercury solutions 

 We prepared SeMet stock solution (50 mg/L) by dissolving 50 mg seleno-L-

methionine (Sigma Aldrich) in 1 L of deionized water. We diluted this stock solution to 1 

mg/L and used this solution to prepare all solutions used in the SeMet treatments. We 

used Se in the form of SeMet since the organic form has been proposed to be protective 

from MeHg in organisms (193–196). We determined exact concentrations of Se in 

solution by laboratory analysis of water samples, as described in the Methods section. 

 We prepared MeHg stock solution (10 μg/L) by adding 1 mL of 10 mg/L 

methylmercury chloride (Brooks Rand Instruments, custom reference solution) to 1 L of 

deionized water. We diluted the stock solution to 1 μg/L and used this stock solution to 

prepare all solutions used in the MeHg treatments. We determined exact concentrations 

of MeHg in low and high treatment solutions by laboratory analysis of water samples on 

a Perkin Elmer Elan DRCII ICP-MS, as described in the Methods section. 

C.1.2 Diatom cultures 

We grew diatom cultures according to Soucek and Dickinson (2015). Diatoms 

grew in an environmental chamber (Darwin Environmental Chamber, Darwin Chambers 

Company, LLC) under a 16:8 (light:dark) photoperiod with a light intensity of 1500 lux 

and temperature maintained at 24°C (range: 23-25°C). We obtained diatoms (Navicula 
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spp.) from Carolina Biological Supply, added them to autoclaved Duluth 100 water (10 

mg/L KHCO3, 125 mg/L NaHCO3, 38 mg/L MgSO4, 40 mg/L CaSO4, 43 mg/L CaCl2, 

and 0.05 mg/L NaBr in deionized water) in a flask, and gave them 0.5 mL/L Proline® F/2 

Algal culture formula A, 0.5 mL/L Proline® F/2 Algal culture formula B, and 75 mg/L 

sodium metasilicate. Diatoms grew with constant mixing on a stir plate for 5-7 days until 

they were dark golden-brown in color. We then transferred diatom culture (200 mL) 

using sterile technique to an autoclaved polypropylene box containing frosted glass slides 

(with frosted side facing up), 2 L of water, 1.8 mL Proline® F/2 Algal culture formula A, 

1.8 mL Proline® F/2 Algal culture formula B, and 210 mg/L sodium metasilicate. After 

one week, we gave diatoms an additional 1.5 mL Proline® F/2 Algal culture formula A 

and 1.5 mL Proline® F/2 Algal culture formula B. Diatoms colonized the slides for at 

least ten days and up to one month before use as a food source for mayflies. 

C.1.3 Mayflies as a model organism 

 The mayfly N. triangulifer is an ideal model organism for investigating these 

processes (199–201). Like many mayflies, N. triangulifer deposit eggs in water bodies. 

Those eggs hatch into an aquatic larval stage that is followed by a nonfeeding terrestrial 

stage as winged adults. During their aquatic larval stage, N. triangulifer feed on diatoms 

and receive the majority of their contaminant accumulation via dietary input (192, 203, 

205, 206). When they emerge as winged adults, they can transfer these contaminants to 

the terrestrial system. 
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C.2 Supplementary Figures and Tables 

Table 9: Comparison of nominal and measured Se concentrations for the diatom retention 
experiment. 

Nominal Se 
concentration 
(µg/L) 

Measured Se 
concentration 
(µg/L) 

Hg treatment 
level* 

3 0.48 Low 
6 0.92 Low 
9 1.32 Low 
12 2.03 Low 
15 2.03 Low 
30 3.07 Low 
45 4.91 Low 
60 6.39 Low 
3 0.72 High 
6 1.15 High 
9 1.73 High 
12 2.17 High 
15 2.68 High 
30 5.71 High 
45 6.71 High 
60 8.59 High 

*low=0.2 ng Me/L, high=2.0 ng MeHg/L 
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Table 10: Comparison of nominal and measured Se concentrations for each mayfly 
experiment. 

Mayfly 
Experiment 
Number 

Nominal SeMet 
concentration 
(µg/L) 

Measured 
TSe 
concentration 
(µg/L) 

Hg treatment 
level* 

1 0 0.16 Low 
1 15 9.2 Low 
1 30 18.4 Low 
1 45 28.6 Low 
1 60 36 Low 
2 0 0.31 Low 
2 2 1.49 Low 
2 4 2.68 Low 
2 6 4.12 Low 
2 8 4.7 Low 
2 10 6.03 Low 
2 12 7.39 Low 
3 0 0.22 Low 
3 0.5 0.53 Low 
3 1 0.64 Low 
3 2 0.99 Low 
3 3 1.9 Low 
3 4 2.29 Low 
3 5 3.07 Low 
3 0 0.37 High 
3 0.5 0.33 High 
3 1 0.47 High 
3 2 1.35 High 
3 3 1.85 High 
3 4 2.38 High 
3 5 3.1 High 

*low=0.2 ng Me/L, high=2.0 ng MeHg/L 
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Table 11: Degree of startle response of mayflies. 

Rating Observation of mayfly when prodded 
1 Delayed abdominal movement without displacement 
2 Delayed displacement 
3 Abdominal movement without displacement 
4 Displacement of <2 cm 
5 Displacement of >2 cm 

 

Table 12: Summary of water quality in mayfly treatment tanks. 

Analyte Mean Standard 
Deviation 

Median Min Max 

Calcium (mg/L) 21 3 22 14 33 
Chloride (mg/L) 26.7 3 27.2 16.8 32.1 
Conductivity (µS/cm) 330 140 380 140 500 
Dissolved oxygen 
(mg/L) 

7.7 0.3 7.7 7 8.3 

DOC (mg/L) 1.3 0.7 1.1 0.9 2.7 
Magnesium (mg/L) 9 1 10 6 12 
Methylmercury (ng/L) 0.4 0.5 0.2 0.001 2.3 
pH 8.3 0.1 8.3 8.0 8.5 
Potassium (mg/L) 5.3 0.7 5.2 3.2 6.8 
Selenium (µg/L) 0.3 0.1 0.3 0.1 0.6 
Sodium (mg/L) 46 6 47 26 56 
Sulfate (mg/L) 72 9 74 42 85 
Total dissolved 
nitrogen (mg/L) 

0.3 0.4 0.08 0.08 0.8 
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Table 13: Mayfly SeMet lethal concentration (LC50) over time at low dietary Hg treatment. 

Exposure Day LC50 (μg TSe/L) 
2 46 
3 21 
4 16 
5 13 
6 10 
7 4.0 
8 4.0 
9 4.0 
10 3.9 
11 3.9 
12 3.9 

 

 

Figure 25: Conceptual diagram of experimental design. For the three mayfly experiments, 
diatoms were exposed to an aqueous MeHg treatment for at least 48 hours and then fed to 

mayfly larvae in a SeMet treatment. For the diatom experiment, diatom sides were exposed 
to an aqueous MeHg treatment for 48 hours and then to an aqueous SeMet treatment for 48 

hours. 
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Figure 26: Percent increase in the number of days for mayfly emergence. At varying 
aqueous SeMet (depicted by TSe concentrations on the x-axis) exposure levels at low dietary 

Hg treatment compared to the nominal 0 µg Se/L exposure concentration. Note that no 
emergence occurred at high aqueous SeMet exposures. 
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Figure 27: Percent of larvae surviving across varying Se exposure levels after different 
number of exposure days. The dashed line represents the LC50, as used in Figure 8. 
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Appendix D: Supplemental Information for Senegalese 

artisanal gold mining leads to elevated total and 

methylmercury concentrations in soils, sediments, and rivers 

D.1 Supplementary Figures 

Figure 28: Seasonal trends in Hg concentrations. A) Soil and B) water. 
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Appendix E: Supplemental Information for Amazon forests 

capture high levels of atmospheric mercury pollution from 

artisanal gold mining 

E.1 Supplementary Figures and Tables 

 

Figure 29: Concentrations of total mercury in throughfall, bulk precipitation, and leaves at 
five sites across Madre de Dios, Peru. A) Concentrations of total mercury in precipitation 

collected in forested (throughfall) and deforested (bulk precipitation) areas during the 2018 
wet season. For all boxplots, the line represents the median value, the box shows Q1 and Q3, 

and the whiskers denote 1.5 times the interquartile range (n=8 for each forested site, n=6 
for each deforested site). B) Concentrations of total mercury in leaves collected during the 

2018 wet season as bulk litter on the ground, from the canopy of ficus insipida, and from the 
canopy of inga feuillei. Values are shown as mean and standard deviation (n=3 for live 

leaves for each site, n=1 for litter). The dashed line represents the demarcation between the 
two remote sites (on the left) and the three mining-impacted sites (on the right). 
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Figure 30: Concentrations of total mercury in surficial soils (0-5 cm) collected in forested 
and deforested areas at five sites across Madre de Dios, Peru. A) 2018 wet season and B) 

2019 dry season. The dashed line represents the demarcation between the two remote sites 
(on the left) and the three mining-impacted sites (on the right). For all boxplots, the line 

represents the median value, the box shows Q1 and Q3, and the whiskers denote 1.5 times 
the interquartile range (n=3 for each site in each season). 

To
ta

l H
g 

(µ
g/

g)
To

ta
l H

g 
(µ

g/
g)

Remote sites Mining-impacted sites
A

B



 

184 

 

Figure 31: Concentrations of total mercury with depth in soil profiles at the five sampling 
sites in Madre de Dios, Peru for the 2018 dry season. 
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Figure 32: Concentrations of methylmercury (MeHg; boxplots) and average percent of 
mercury present as methylmercury (triangles). A) Precipitation and B) surficial soil (0-5 

cm) gathered in forested and deforested areas during the 2018 dry season at five sites across 
Madre de Dios, Peru. For all boxplots, the line represents the median value, the box shows 

Q1 and Q3, and the whiskers denote 1.5 times the interquartile range. The dashed line 
represents the demarcation between the two remote sites (on the left) and the three mining-

impacted sites (on the right). 
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Figure 33: Relationship between methylmercury (MeHg) and total mercury concentrations 
in forested and deforested areas for the 2018 dry season at all five sites in Madre de Dios, 

Peru. A) Throughfall and B) soil. 
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Table 14: Total mercury flux and pool values for Los Amigos Biological Station in forested 
and deforested areas. For each calculation, the summary statistic (average, minimum, or 
maximum) was calculated using data for each of the dry season (2018 and 2019) and wet 
season (2018), and then these two values were averaged to determine an overall average, 

average minimum, or average maximum value. The average value in the table corresponds 
to the values reported in the text. 

 Throughfall 
Flux (µg  
m-2 yr-1) 

Litterfall 
Flux (µg 
m-2 yr-1) 

Total 
Flux in 
Forested 
Areas 
(µg m-2 
yr-1) 

Surficial 
(0-5 cm) 
Soil Pool  
in 
Forested 
Areas 
(µg m-2) 

Rainfall 
Flux/Total 
Flux in 
Deforested 
Areas (µg 
m-2 yr-1) 

Surficial 
(0-5 cm) 
Soil Pool  
in 
Deforested 
Areas (µg 
m-2) 

Average  71 66 137 9.1 8.6 7.1 
Minimum 38 63 101 7.4 5.2 5.7 
Maximum 138 72 210 10.7 13.8 9.1 

 
 

Table 15: Geographic coordinates for five forested sampling sites in Madre de Dios. 

Site Latitude Longitude 
Boca Manu -12.26758 -70.88566 
Chilive -12.48094 -70.58096 
Los Amigos -12.56632 -70.10175 
Colorado -12.60734 -70.34124 
Laberinto -12.72128 -69.58601 
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Table 16: Geographic coordinates for Los Amigos plots and leaf area index. Plot numbers 1 
and 2 correspond to the sites sampled as part of the regional Madre de Dios sampling 

(Table 15). 

Plot Number Type Latitude Longitude Leaf Area Index 
1 deforested -12.56908 -70.09974 2.3235 
2 forested -12.56632 -70.10175 15.7752 
3 forested -12.56346 -70.10456 11.3248 
4 forested -12.56259 -70.10592 9.51443 
5 forested -12.56251 -70.10094 14.1093 
6 forested -12.57465 -70.09599 7.38483 
7 forested -12.5806 -70.09288 11.1023 
8 forested -12.58025 -70.09205 12.2801 
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Appendix F: Supplemental Information for Artificial lake 

expansion amplifies mercury pollution from gold mining 

F.1 Supplementary Figures 

 

Figure 34: Map of sampling locations for Hg analysis. Black lines indicate the study basins, 
as displayed in Figure 17. Mining ponds within the study basins themselves were 

inaccessible due to safety limitations. However, samples were obtained at La Pampa, an 
area which recently experienced heavy mining but was taken over by the Peruvian military 
in 2019. Mining practices at La Pampa are representative of those throughout the region. 
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Figure 35: Cumulative forest loss by watershed and conversion type from any cause 
between 2000 and 2018. 
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Figure 36: Relationship between water column total Hg (left), MeHg (right), and total 
suspended solids (TSS) across water bodies upstream and downstream of artisanal gold 

miningin Madre de Dios, Peru. Note that the axes are in log-log scale. 

 

Figure 37: Concentration and distribution of water column total suspended solids (TSS) 
across water bodies upstream and downstream of artisanal gold mining in in Madre de 

Dios, Peru. Letters represent statistically significant differences (p < 0.05) between values at 
each location, according to a Kruskal-Wallis Analysis of Variance followed by Dunn’s Test. 
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Figure 38: Concentration and distribution of sediment total Hg (THg) across water bodies 
upstream and downstream of artisanal gold mining in in Madre de Dios, Peru. Letters 
represent statistically significant differences (p < 0.05) between values at each location, 

according to a Kruskal-Wallis Analysis of Variance followed by Dunn’s Test. 
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