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Abstract 

One of the major challenges in understanding aquatic ecosystems is teasing apart the 

interrelated influences of multiple stressors on ecosystem function to determine their relative 

importance. Urban areas are expanding across the globe at unprecedented rates, and as low-

lying areas within landscapes, streams and ponds are particularly hard hit by the multiple 

stressors associated with the urban stream syndrome. This dissertation investigates the 

effects of stressors as fundamental drivers of urban freshwater ecosystem function in lentic 

and lotic systems. 

Stormwater ponds and retention basins are ubiquitous lentic features throughout 

urban landscapes that potentially serve as important control points for nitrogen (N) removal 

from surface water bodies via denitrification. However, there are possible tradeoffs to this 

water quality benefit if high N and contaminant concentrations in stormwater pond 

sediments decrease the complete reduction of nitrous oxide (N2O), a potent greenhouse gas, 

to dinitrogen (N2) during denitrification. Here, I evaluated whether urban stormwater pond 

sediments from 64 ponds across eight major US cities had elevated potential emissions of 

N2O (Chapter 2). I found surprisingly little correlation between surrounding land cover 

urbanization intensity and pond sediment chemistry. I measured highly variable potential 

rates of denitrification, but generally low proportions of N2O relative to total denitrification, 

allaying the concerns that motivated the study. However, the lack of a relationship between 

land cover and sediment chemistry within urban ponds calls into question our commonly 
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held assumptions about the relationships between development intensity and the loading, 

routing, and retention of nutrient and contaminants within urban landscapes. 

The typically elevated loading of chemical constituents into urban freshwater lotic 

ecosystems is due to the efficient routing of water over surfaces heavily modified by human 

activities (i.e. stormwater and wastewater infrastructure). In this study, I investigated the 

dominant controls on ion routing and loading within 24 urban watersheds that fell within a 

narrow range of development intensity but spanned the widest possible range in spatial 

configuration and connectivity metrics in the Triangle region of the North Carolina 

Piedmont (Chapter 3). By pairing analysis of land cover attributes with temporal trends in 

baseflow chemistry and high-frequency data of specific conductance and discharge, I found 

that increases in watershed road and pipe density lead to increasingly chemically distinct 

stormflows and baseflows. This enhanced bimodality of both flow and chemistry results in 

more variable chemical regimes in watersheds where linear urban infrastructure (roads and 

pipes) connects impervious surfaces directly to streams. 

In addition to altered chemical loading, headwater streams draining urbanized 

catchments are subject to frequent and intense flooding. Here, I investigated how altered 

hydrologic regimes in urban landscapes affect headwater stream form and function (Chapter 

4). I found a surprisingly wide range in dissolved oxygen regimes, ranging from frequent 

hypoxia to near constant saturation, both of which resulted in net heterotrophic streams 

with low rates of productivity. This work, paired with work presented in Chapter 3, advances 

understanding of carbon cycling within streams by documenting a shift in ecosystem 

dynamics in urban streams towards bimodality between the fast dynamics of advective 
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transport from pavements and hillslopes during storms, and the slow dynamics of redox 

active zones in eutrophic and organically enriched stream pools at base flow. 

Stream ecosystems draining highly urbanized areas are often some of the most 

extreme cases of altered physical and chemical stressor regimes and provide a testbed for 

examining the influence of these drivers on ecosystem function. The findings presented 

improve our understanding of how nutrients and contaminants move through landscapes, 

undergo biogeochemical transformations, and their ultimate effect on aquatic ecosystem 

processes. 
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1. Introduction  

Disturbance regimes and resource supply play an important role in structuring 

ecological communities and constraining the energetic capacity of all ecosystems (Huston 

1979; Odum et al. 1979; Odum 1985). The intensity of these drivers of ecosystem function is 

rapidly increasing with climate and land use change in the Anthropocene (Steffen et al. 

2011). Further complicating our predictive ability, land use change is increasingly 

accompanied by the release of emerging contaminants into the environment (Bernhardt et al. 

2017c). The lack of knowledge regarding the independent and interactive effects of multiple 

stressors on ecosystem functioning impedes our ability to fully understand the impacts of 

land use change. 

 

1.1 Disturbance and stress in ecology 

Ecologists have recognized the importance and investigated the influence of 

disturbance regimes and stress on ecosystems for decades (Levin and Paine 1974; Barrett et 

al. 1976; Odum et al. 1979; Odum 1985). Several important themes have emerged from this 

work spanning multiple subfields in ecology. However, first it is important to define 

disturbance and stress as they are often used interchangeably but can have different 

implications. Disturbances are commonly defined as “any relatively discrete event in time 

that disrupts ecosystem, community, or population structure, and that changes resources, 

availability of substratum, or the physical environment” (Pickett and White 1985). A stressor 

can be defined as “a variable that, as a result of human activity, exceeds its range of normal 
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variation and affects (whether negatively or positively) individual taxa, community 

composition, or ecosystem functioning relative to a reference condition” (Piggott et al. 

2015). Based on these definitions, stressor refers to a broader temporal range than 

disturbance. Regardless, defining the temporal and spatial scale of a stressor can influence 

the way we investigate the impacts of a driver that is disrupting an ecological process (Turner 

2010; Borics et al. 2013). 

One of the important themes that has emerged in stress ecology is the idea that not 

all stress originates as such and that stress does not necessarily denote a negative impact at all 

levels of organization equally. Both the intermediate disturbance hypothesis (Connell 1978) 

and the subsidy-stress gradient hypothesis (Odum et al. 1979) describe a “hump” shaped 

response to increasing stressors unless the input is simply toxic to all life at all doses. 

Although this relationship is only true in certain contexts, stressors have been shown to 

maintain species diversity through mediation of competitive species interactions. For 

example, a reduction in the natural frequency of flooding (typically perceived as a stressor) in 

rivers can in fact negatively influence the overall diversity and productivity of riverine 

communities and ecosystems by allowing for the dominance of hyper-competitively 

advantaged invasive species (Poff et al. 1997).  

Another theme which has emerged in stress ecology is the importance of accounting 

for the temporal and spatial extent of disturbances relative to the natural disturbance regime. 

In landscape ecology, Turner et al. (1993) developed a framework foundational to the field 

to understand disturbance and recovery within landscapes in which the ratio of disturbance 
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interval to recovery time is compared to the ratio of the size of disturbance to that of the 

landscape. In aquatic ecology, the temporal dynamics of disturbance have a played a more 

central role. Following initial characterization by Bender et al. (1984), Lake (2000) called for 

the characterization of disturbance by their abiotic properties and categorized them as 

pulses, presses, or ramps. Pulses are discrete, short-term disturbances (e.g., floods), presses 

are stressors that arise sharply and then are maintained (e.g., sedimentation), and ramps are 

stressors that steadily increase over time (e.g., drought). 

These conceptual advances in stress ecology have become pervasive in our 

conceptual understanding of stream ecosystems. Hynes (1975) famously (at least among 

stream ecologists) wrote that “in every respect the valley rules the stream”. If this is the case, 

disturbances in landscapes should disturb streams and all stressors within streams should 

originate from the landscapes they drain. The work presented in this dissertation calls into 

question the latter half of this statement.  

 

1.2 Multiple stressors in stream ecosystems 

The significance of disturbance and stress as drivers of stream ecosystems emerged 

in stream ecology in the mid-1980s (Stanley et al. 2010). A foundational paper by Resh et al. 

(1998) laid the groundwork for studies of disturbance effects within streams, asserting that 

“disturbance is not only the most important feature of streams to be studied, it is the 

dominant organizing factor in stream ecology”. Research in the subsequent years has 

determined disturbance to be a fundamental agent in streams capable of shaping ecosystem 
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patterns and processes (Stanley et al. 2010). While no single universal approach exists for 

characterizing disturbance regimes within streams, metrics which account for both the 

hydrologic and geomorphic context perform best when characterizing disturbance of 

benthic organisms (Doyle et al. 2005; Peckarsky et al. 2014). 

Building on this foundation, more recent work on stressors in streams has focused 

on disentangling the relative influence and interactive effects of multiple stressors (Gessner 

and Tlili 2016; Jackson et al. 2016). One of the major challenges in understanding stream 

ecosystems is to tease apart the interrelated influences on ecosystem function in attempting 

to determine their relative importance. Our ability to predict whether physical and chemical 

disturbances in stream ecosystems are synergistic (greater than the sum of their individual 

effects), additive (equal to the sum of individual effects), or antagonistic (less than the sum 

of their individual effects) is still limited (Darling and Côté 2008). Through an extensive 

meta-analysis of freshwater ecosystem responses to paired stressors, Jackson et al. (2016) 

found that the net effects of stressors on ecosystem functional response metrics was most 

frequently antagonistic. However, this work concludes by highlighting the need for further 

studies to determine the specific ecological mechanisms underlying the responses of 

freshwater ecosystems to multiple stressors. 
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1.3 The urban stream syndrome and urban watershed 
continuum 

Stream ecosystems draining highly urbanized areas are often some of the most 

extreme cases of altered physical and chemical disturbance regimes and provide a testbed for 

examining the relative influence of these drivers on stream ecosystem productivity. The 

“urban stream syndrome” as coined by Walsh et al. (2005) describes the observations of 

widespread alteration of the hydrologic, geomorphic, chemical, and ecological characteristics 

of streams draining urban landscapes. This landmark concept was complemented with 

additional consideration of the transport and transformation of materials along hydrologic 

flow paths within watersheds and termed the “urban watershed continuum” (Kaushal and 

Belt 2012).  

Urban land cover is projected to triple globally by 2030 relative to 2000 (Seto et al. 

2012). Improving our conceptual understanding of the drivers and consequences of 

urbanization on streams receiving urban runoff and urban-impacted groundwater inputs will 

help inform mitigation efforts. Current understanding of these conceptual models is 

summarized as follows. 

1.3.1 Urban stream hydrologic regimes & geomorphologic characteristics 

The hydrology of urban streams tends to be ‘flashy’, characterized by an increased 

frequency and magnitude of erosive flows even during minor precipitation events (Leopold 

1968; Booth and Jackson 1997). This is a direct result of the reduced infiltration of 

precipitation into soils and the enhanced routing of precipitation off roads, through 
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subsurface stormwater pipes, and directly into streams. These stormwater pipes create 

‘hydrologic short circuits’ from impervious surfaces to streams, bypassing the buffering 

capacity of soils which slows the movement of water (Somers et al. 2013). 

The combination of flashy flows and a reduction in sediment supply after completed 

construction cause geomorphic change in streams through channel incision and bank 

erosion (Wolman 1967; Arnold et al. 1982; Booth 1990; Trimble 1997). Early in the 

urbanization of a watershed, soils exposed during construction can generate excess sediment 

in runoff which deposits in streams (Wolman 1967; Nelson and Booth 2002). Once the 

construction period ends, high energy storm flows scour and erode channel banks and beds, 

increasing the width and cross-sectional area of stream channels before stabilization. These 

changes in channel incision and bed material diversity can cause a reduction in refugia for 

macroinvertebrates during storms (Sedell et al. 1990; Townsend et al. 1997) and can alter 

baseflow dynamics (Shoffner and Royall 2008). Variation in hydrologic and geomorphic 

responses to urbanization depends on land use legacies and the geologic context (Parr et al. 

2016; Utz et al. 2016). 

1.3.2 Urban stream chemical & thermal regimes 

Stormwater runoff is not only a stressor through physical forcing but is frequently 

accompanied by thermal and chemical stressors. Thermal pulses occur in streams during 

storm because runoff from hot impervious surfaces is routed directly into streams before the 

heat can dissipate. These thermal pulses can persist over a kilometer downstream of 

stormwater outfalls (Somers et al. 2016). The chemical impacts of urbanization are distinct 
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due to point and non-point sources of chemical stressors from human activities and 

infrastructure (Walsh et al. 2005; Kaye et al. 2006; Kaushal and Belt 2012). Nutrients are 

typically elevated in urban streams due to inputs from fertilizers, septic tank and sewage pipe 

leaks, wastewater effluent discharge, and roads (Paul and Meyer 2001; Bernhardt et al. 2008). 

Runoff from impervious surfaces (i.e. roads, parking lots) during storms brings with it a suite 

of non-point source heavy metal contaminants which mainly originate from the wear and 

tear of vehicles (Makepeace 1995; Gobel et al. 2007). These heavy metals (i.e. zinc, copper, 

lead, cadmium, etc.) bypass the binding capacity of soils as they are largely routed through 

pipes directly into streams (Hatt et al. 2004).  

Emerging contaminants such as pharmaceuticals and personal care products (PPCPs; 

i.e. antihistamines, antibiotics, hormones) have recently also been recognized as ecological 

stressors in urban streams (Novak et al. 2011; Rosi-Marshall and Royer 2012). PPCPs are 

dispersed into urban streams via effluent inputs from wastewater treatment plants, combined 

sewer overflows (CSOs), and sewage leaks from aging infrastructure. Although there have 

been many studies quantifying and identifying the suite of inorganic and organic 

contaminants common in urban waters, our knowledge of how they affect aquatic ecosystem 

processes remains limited (Rosi-Marshall and Royer 2012; Gessner and Tlili 2016). 

1.3.3 Urban stream ecological responses 

The magnified ranges in hydrologic, thermal, and chemical variability highlighted 

above can create nearly inhospitable environments for all but the most tolerant biota in 

urban streams (Walsh et al. 2005). When examined across wide gradients of development 
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intensity within watersheds, urbanization has been shown to have consistent negative 

impacts on the diversity of macro-organisms (e.g., fish, macroinvertebrates). However, 

comparisons at a continental scale has shown these relationships to be dependent on region-

specific natural and legacy land use attributes (Cuffney et al. 2010). In addition, the effects of 

urbanization on the microorganisms driving function in streams are less clear (Meyer et al. 

2005). While previous work has shown denitrifier communities in urban stream sediments to 

be less functionally resistant to multiple stressors (Wang et al. 2013), increased 

eutrophication and labile carbon inputs have been shown to stimulate respiration in urban 

streams particularly downstream of wastewater treatment plants (Drury et al. 2013; Aristi et 

al. 2015). Our understanding of the mechanisms underlying functional responses of streams 

to urbanization is still limited. 

 

1.4 Linking landscape development to urban stream processes 

Prior research on the impacts of urbanization on aquatic ecosystems has been 

dominated by studies across large gradients of percent impervious surface cover (%ISC) or 

comparative studies between highly urban and non-urban areas. However, there has been 

increasing recognition that patterns in urban development configuration and connectivity 

can determine downstream impacts on aquatic ecosystems (Gergel et al. 2002; Hatt et al. 

2004; Carle et al. 2005; Alberti et al. 2007). In addition, recent work has revealed remarkable 

variability in development connectivity and configuration attributes within intermediate 

development intensities (Allen 2014). 
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Effective impervious cover, or the proportion of impervious cover within 

catchments directly connected to the stream through stormwater drainage systems, has been 

recognized as a better predictor of stream responses to urbanization than total impervious 

cover (Walsh et al. 2012; Vietz et al. 2014). Yet, many studies have been confounded by 

examining the influence of connectivity across gradients of increasing development intensity. 

Further work is needed to advance our understanding of how to develop new landscapes 

such that capacity is maximized while environmental negative externalities are minimized. 

 

1.5 Outline of dissertation 

In this dissertation, I investigate the effects of multiple stressors on urban aquatic 

ecosystem function across continental, watershed, and stream-reach scales. In Chapter 2, 

entitled “Sediment chemistry of urban stormwater ponds and controls on denitrification”, I 

evaluated whether the high nitrate and metal concentrations typically reported in urban 

storm waters lead to elevated emissions of nitrous oxide (N2O), a potent greenhouse gas, 

from urban ponds across eight major US cities. In Chapter 3, entitled “Chemically flashy 

streams in urban catchments”, I use structural equation modeling at the watershed scale to 

disentangle the influence of development attributes on variability in the chemical regimes of 

urban streams. Chapter 4, entitled “Too much or too little: the bimodal ecosystem dynamics 

of urban streams”, is an investigation into how flashy hydrologic regimes in urban streams 

affects stream ecosystem productivity through modification of disturbance regimes and 

channel form at the stream-reach scale. Finally, Chapter 5 concludes the dissertation by 
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identifying emergent themes arising out of these three chapters and future research 

directions. 
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2. Sediment chemistry of  urban stormwater ponds and 
controls on denitrification 

Joanna R. Blaszczak, Meredith K. Steele, Brian D. Badgley, Jim B. Heffernan, Sarah E. 
Hobbie, Jennifer L. Morse, Erin N. Rivers, Sharon J. Hall, Christopher Neill, Diane 
Pataki, Peter M. Groffman, and Emily S. Bernhardt, in review (submitted to Ecosphere) 
 

2.1 Introduction 

Urban stormwater runoff is a leading cause of surface water impairment throughout 

the developed and developing world (US EPA 2004; UNEP GEMS 2008). Constructed 

stormwater retention and detention ponds are designed to reduce peak stormwater discharge 

and remove pollutants through passive sedimentation (NRC 2009). The construction of 

these ponds is a key way that municipalities attempt to reduce the impact of stormwater 

runoff on downstream water bodies (Bernhardt et al. 2008). Stormwater ponds have 

consequently become a ubiquitous feature of urban areas in all physiographic regions (Steele 

et al. 2014).   

Stormwater ponds may also act as critical control points (sensu Bernhardt et al. 2017) 

in watershed-scale nitrogen (N) retention by capturing particulate N and by supporting N 

removal through denitrification (Zhu et al. 2004; Collins et al. 2010; Bettez and Groffman 

2012; Larson and Grimm 2012). Denitrification is a microbially mediated process by which 

nitrate (NO3
-) is reduced to gaseous N products (i.e. nitric oxide (NO), nitrous oxide (N2O), 

and dinitrogen (N2)) under low oxygen conditions. It is the primary mechanism by which 

excess nitrate can be permanently removed before entering downstream aquatic ecosystems. 

The timing and magnitude of excess nitrate delivery to stormwater ponds can be highly 

heterogenous within and among cities due to the wide range in urban land uses (i.e. 



 

12 

residential v. commercial v. industrial) found in most major US cities. The relative influence 

of impacted groundwater on surface waters can also vary among cities (Kaushal et al. 2014a; 

Hall et al. 2016; Gabor et al. 2017). It is yet to be determined whether the chemical 

composition of stormwater pond sediments reflect stormwater runoff from these complex 

urban landscapes and if they act as important bioreactors to remove NO3
- as an aquatic 

pollutant. 

The proportion of gaseous N products that are released to the atmosphere due to 

denitrification (i.e. N2O v. N2) in stormwater pond sediments is also unclear. High reactive N 

concentrations tend to result in the emission of more gaseous N2O relative to inert N2 gas; 

yet, high concentrations of reduced carbon tend to favor complete reduction to N2 

(Firestone et al. 1980; Weier et al. 1993). Understanding whether rates of NO3
- removal in 

stormwater ponds are associated with N2O production is important, because N2O is a potent 

greenhouse gas that contributes substantially to both global warming and stratospheric 

ozone destruction (Ravishankara et al. 2009).  

Differences in the community composition and abundance of microbial denitrifiers 

in pond sediments can also alter the composition of the final gaseous N products released to 

the atmosphere (Wallenstein et al. 2006). While denitrifiers with genes encoding for nitrite 

reductase (nirS and nirK) leading to the production of N2O are generally unperturbed by 

many contaminants (Bissett et al. 2013), populations of denitrifiers capable of producing the 

nitrous oxide reductase enzyme (via the nosZ gene) are sensitive to heavy metal 

contamination (Holtan-Hartwig et al. 2002). A low abundance or efficiency of these nitrous 

oxide reducers under stressful conditions can lead to a higher proportion of gaseous N 

released as N2O relative to N2 (or N2O yield). The abundance of nitrous oxide reducers has 
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been shown to decline in the sediments of increasingly urban environments (Wang et al. 

2011; Perryman et al. 2011b) which tend to have elevated concentrations of heavy metals 

(Makepeace 1995). This implies that the combination of elevated NO3
- and contaminant 

concentrations within the sediments of ponds receiving runoff from highly urbanized 

landscapes could significantly increase N2O yields (Bernhardt et al. 2008). 

In this study, we determined whether ponds receiving runoff from urbanized 

landscapes support high rates of denitrification and N2O production. We measured potential 

denitrification rates, denitrification gene frequencies (nosZ gene), and sediment and 

porewater chemistry in 64 permanently wet ponds distributed within and around eight US 

cities. Our goal was to document and explain the variation in potential rates of the 

denitrification products N2 and N2O from urban surface waters as a function of watershed 

characteristics and microbial gene abundance. We expected that potential denitrification 

rates would increase as a function of the amount of adjacent urban landcover and that the 

proportion of total denitrification products emitted as N2O would be higher in more heavily 

urbanized ponds due to higher N and contaminant loading. Our denitrification, sediment 

chemistry, and porewater chemistry measurements are compared with those reported in the 

existing literature and consensus-based ecotoxicological thresholds. 

  

2.2 Methods  

2.2.1 Study ponds 

During the summer of 2014, we collected sediments from 64 ponds within and 

around the metropolitan statistical areas of Baltimore, Maryland; Boston, Massachusetts; 

Durham, North Carolina; Miami, Florida; Minneapolis-St. Paul, Minnesota; Phoenix, 
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Arizona; Portland, Oregon; and Salt Lake City, Utah (Figure 1, Figure 17). We selected eight 

permanently wet ponds per city from a database of urban water bodies compiled by Steele 

and others (2014) to span the maximum possible range in adjacent urban land cover. This 

range included ponds draining a variety of urban land uses (i.e. residential, highways, 

commercial) to ponds on the outskirts of cities draining primarily unmanaged landscapes.  

Land cover metrics for both pond watersheds and buffers of increasing distance from the 

ponds were calculated based on the 2011 National Land Cover dataset (NLCD) and the 

associated Impervious Surface Cover dataset, both from the United States Geological Survey 

(USGS) Seamless Server (Table 1; Homer et al. 2015). We calculated the proportion of urban 

land cover in buffers and watersheds as the sum of the percent area covered by NLCD land 

cover classes 22, 23, and 24 within 250 m of the pond edge. Mean annual precipitation was 

calculated using PRISM precipitation data for 2010-2014 for each city (PRISM Climate 

Group 2017). 

We delineated pond watersheds using 3 and 10-meter digital elevation models, 

ArcGIS Hydrology tools (ESRI, Redlands, California, USA), and the USGS National 

Hydrography Dataset. Ponds located in areas with moderate topographic relief, suburbs, and 

natural areas generally had watersheds delineated accurately with an elevation model-flow 

accumulation method.  However, in urban areas where artificial storm water drainage 

systems direct runoff into ponds, the watershed delineation process was challenging, 

particularly when drainage was not visually evident from high resolution aerial photos 

because we lacked access to GIS storm water data in most cities. Due to these many 

complications in delineating urban watersheds, a confidence rating was assigned to each 

watershed (Table 12). In cases of low ratings, knowledge of the storm water drainage system 



 

15 

was deemed necessary to accurately delineate the watershed; this led to the exclusion of 

calculating two pond watersheds in Phoenix, AZ, where such knowledge was insufficient. 

 

Figure 1: Map of the eight metropolitan study areas (MSAs) (A). The proportion of urban land cover 
(NLCD 2011, classes 22-24) within a 250 m buffer around each study pond are shown in grey and 
written in black over each horizontal bar (B). Undeveloped areas are shown in green bars. The median 
area (range in values) of each pond, its watershed, and the ratio of the watershed area to pond area 
(WA:PA), and the 2010-2014 mean annual precipitation (± sd) are shown below a corresponding 
boxplot for each MSA. Level I ecoregions include Eastern Temperate Forest (ET Forest), Tropical 
Wet Forest (TW Forest), North American Desert (NA Desert), and Marine West Coast Forest (MWC 
Forest) (Omernik 1987). Study metropolitan areas include Baltimore, MD (BES), Boston, MA (BOS), 
Durham, NC (DM), Miami, FL (MIA), Minneapolis-St. Paul, MN (MN), Phoenix, AZ (PHX), 
Portland, OR (PDX), and Salt Lake City, UT (SLC). 
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2.2.2 Sediment collection, characterization, and chemical analysis 

We sampled sediment in 2-3 day sampling campaigns within each city from June to 

August 2014 (Table 11). At each pond, a 2 L composite sample of sediment was taken by 

scooping the top 5-10 cm of sediment at a 0.5-1 m water depth at 3 distributed edge 

locations per pond. Surface water samples were taken from a single location and filtered in 

the field through Whatman GF/F filters (Whatman, Piscataway, New Jersey, USA). Samples 

were held at 4°C until they were shipped on ice to Durham, NC, arriving within a maximum 

of 6 days after sampling.  

Upon arrival, surface water samples were frozen at -20°C and sediment samples were 

stored at 4°C. Composite sediment samples from each pond were sieved through a 2-mm 

brass sieve. Potential copper and zinc contamination by the sieve was assumed to be 

insignificant relative to the high concentrations in the sediments, and therefore copper and 

zinc were still included in further analyses. We subsampled <2 mm diameter sediment into 

triplicate 1.7 mL plastic centrifuge tubes for DNA analysis and froze the tubes at -80°C. 

Sieved sediments were then subsampled to determine sediment characteristics such as 

organic matter content, pH, bulk density, and microbial biomass. We dried sediment samples 

at 60°C for 48 hours and then combusted them at 500°C for 4 hours to determine the ash-

free dry mass (AFDM). We calculated percent organic matter (% OM) using the equation 

%OM = ((Dry weight – AFDM)/Dry Weight) *100. Sediment pH was measured using 3-g 

air-dried samples in 5 mL of 0.01 mol/L CaCl2, the addition of which can lower sediment 

pH by ~0.5 pH units compared to water pH (Carter 1993). Ten percent of pH samples were 

run in triplicate with an average standard deviation of 0.14. The bulk density of sieved 

sediments was determined by weighing 25 mL of homogenized wet sediment. The maximum 
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potential rate of heterotrophic respiration was estimated using a modified version (Fierer et 

al. 2003) of the substrate-induced respiration (SIR) method (West and Sparling 1986) as a 

proxy of microbial biomass. In brief, triplicate sediment samples (5 ± 0.25 g) were amended 

with 10 mL autolyzed yeast extract solution and sealed in 40 mL acid-washed tubes. CO2 

production rates were measured over 4.5 hours using an infrared gas analyzer (LI-6265, LI-

COR, Lincoln, NE) with N2 as the carrier gas. Because of the wide range of sediment types, 

we calculated the maximum rate (µg C-CO2·g dry sediment-1·h-1) measured over three time 

points as the index of SIR-responsive microbial biomass. 

Porewater solutes were extracted by shaking 2.5 ± 0.25 g of wet sediment with 25 

mL of deionized water for 4 hours at room temperature. After settling overnight at 4°C, we 

centrifuged samples, filtered the supernatant through Whatman GF/F filters, and froze the 

pore water at -20°C until analysis. We measured chloride (Cl-), nitrate (NO3
--N), bromide 

(Br-), and sulfate (SO4
2-) concentrations in porewater samples using an ion chromatograph 

(ICS-2000) equipped with an AS18 anion column and KOH eluent generator (Dionex 

Corporation, Sunnyvale, CA, USA). Dissolved organic carbon (DOC) and total dissolved 

nitrogen (TDN) were measured on a TOC analyzer with a TN module (TOC-V CPH) 

(Shidmadzu, Kyoto, Japan). We measured soluble reactive phosphate (SRP) concentrations 

on a Lachat QuickChem 8500 automated system (Lachat Instruments, Loveland, CO, USA) 

using EPA method 365.1. Ammonium (NH4
+-N) concentrations were measured using the 

OPA fluorometric technique (Holmes et al. 1999) and a field fluorometer (10 AU, Turner 

Designs, Sunnyvale, California). Br- and SRP were not used in further analyses because 71% 

and 61% of ponds had concentrations below the detection limit (0.01 mg/L), respectively.  
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To determine sediment metal concentrations, dried sediments (48 hours at 60°C) 

were ground using a mortar and pestle and passed through a #80 stainless steel mesh sieve 

(Method 3051A, US EPA 2007). Sediment samples were microwave digested (SW846-3051, 

MARS HP500 Plus, CEM Corporation, Matthews, North Carolina, USA) at a ratio of 0.3 g 

tissue dry weight to 9 mL omnitrace nitric acid (HNO3,) and 3 mL omnitrace hydrochloric 

acid (HCl). Digested samples were analyzed for arsenic (As), aluminum (Al), cadmium (Cd), 

calcium (Ca), chromium (Cr), cobalt (Co), copper (Cu), iron (Fe), lead (Pb), magnesium 

(Mg), manganese (Mn), molybdenum (Mo), nickel (Ni), phosphorus (P), potassium (K), 

silicon (Si), silver (Ag), sodium (Na), Strontium (Sr), and zinc (Zn) by inductively-coupled 

plasma-mass spectrometry (ICP-MS, Thermo Electron X-Series). For every 18 samples run, 

we ran one sample in triplicate, two method blanks, and two replicates of fresh water 

sediment certified reference material (CRM; CNS392, RT Corporation, Laramie, WY). CRM 

recovery was >94% for Zn and Pb (n=8). Values below the minimum limit of detection 

(LOD = 1 ppb) were replaced with half the minimum detection limit (0.5 ppb) before all 

measurements were standardized by organic carbon content determined from AFDM. 

2.2.3 Denitrification incubations 

We simultaneously measured rates of N2 and N2O production during laboratory 

incubations to estimate potential denitrification in pond sediments. Sediment was weighed 

into glass containers with air-tight lids (~75 g into 300 mL BOD bottles or ~15 g into 60 

mL BOD bottles) following methods used in Fork and Heffernan (2013). Common water 

for the incubations was spiked with 0.72 g of KNO3 and 0.5 g glucose per liter (Groffman et 

al. 1999). To promote anoxic conditions during incubations, spiked water in each jug was 
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degassed by bubbling compressed helium gas for ~30 minutes before use. Water was 

siphoned from the bottom of the jug into glass bottles with sediment until they were 

overflowing. Then bottles were inverted several times to release any bubbles trapped in the 

sediment before being refilled again to overflowing. Glass stoppers were pushed into place 

and the time was recorded as the start of the incubation. Bottles were kept in the dark at 

room temperature while incubating and inverted every two hours to minimize diffusion 

limitation of nitrate supply to the sediment. 

Triplicate samples for each time point were run on a membrane-inlet mass 

spectrometer (MIMS) to determine dissolved N2 and Ar concentrations in the water layer of 

the sediment incubations (Kana et al. 1994). An in-line copper reduction column heated to 

600°C was used to reduce O2 interference with N2 measurements (Eyre et al. 2002). BOD 

bottles were destructively sampled at approximately 20 minutes, 3 hours, and 6 hours after 

the start of the incubation. Standards for N2 concentrations (humid-atmosphere-equilibrated 

deionized water stirring in high-precision water baths) at 12°C and 22°C were run every 6-8 

samples. Control BOD bottles filled with only de-gassed, spiked water were run for each 

time point and group of samples (n=6). To correct for drift, we interpolated parameter 

values based on a linear slope and intercept calculated from the change in the N2:Ar in the 

standards over time. To correct for the common water being originally degassed, we 

calculated the Ar concentrations in the controls based on solubility formulas from Hamme 

and Emerson (2004) and then multiplied the control Ar value by the N2:Ar of each sample in 

the group associated with that control to determine the N2 concentrations in each sample. 

Following the determination of dissolved N2 concentrations, we determined the maximum 

rate of dry-sediment N2 production measured among the three time points by dividing the 
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average change in N2 by the incubation time and dry sediment mass. This approach was 

taken to avoid reporting differences in peak rates that might be attributable to denitrifier 

response time as a function of sediment type.  

To measure N2O production potential rates, an inverted 60 mL evacuated headspace 

bottle simultaneously pulled water up through a double-gauged needle near the MIMS 

intake. Headspace equilibrations were performed by over pressurizing each bottle with 15 

mL of N2 gas and shaking for two minutes. Gas (10 mL) was pulled out of the headspace 

and injected into 9 mL gas vials. We recorded the volume of water in the headspace bottle. 

N2O concentrations were measured within a week using a Teledyne Tekmar 7000 headspace 

autosampler (Teledyne Tekmar, Mason, Ohio, USA) to inject samples into a Shimadzu GC-

17A ver.3 gas chromatograph with a Porapak Q column and electron capture detector 

(injector temperature = 380ºC, column temperature = 80ºC, detector temperature = 340ºC, 

with N2 carrier gas). We used Bunsen coefficients to determine N2O concentrations in each 

sample and converted N2O to N2O-N. The maximum rate of N2O production during the 

incubations was calculated by dividing the average change in N2O by the incubation time 

and dry sediment mass in the flask. 

2.2.4 Functional gene abundance 

We measured the abundance of the nosZ gene, which encodes for nitrous oxide 

reductase, in sediments to compare the abundance of nitrous oxide reducers among study 

ponds. We extracted DNA from sediments in triplicate for each pond with PowerSoil DNA 

Isolation kits (MoBio Laboratories, Carlsbad, CA, USA). Following extraction, samples were 

diluted to 3 ng/µL to avoid PCR inhibition. Denitrifier DNA was then amplified using nosZ 
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primers (Scala and Kerkhof 1998) and iTaq Universal SYBR mix (Bio-Rad Laboratories, 

Hercules, CA, USA). The average efficiency of the PCR reaction was 79% (minimum: 76%) 

and all standard curves had R2 values ≥ 0.997. Copies were normalized to the amount of 

extracted sediment. 

2.2.5 Statistical analysis 

The goal of this study was to span the widest possible range of conditions in urban 

stormwater ponds across the US to understand the drivers of denitrification and N2O yields. 

We performed all statistical analyses using R version 3.4.1 (R Core Team 2017). To 

determine whether sediment and porewater characteristics were correlated with adjacent 

urban land cover, we first calculated the proportion of urban land cover within each 

delineated watershed and 50, 100, 250, 500, 750, and 1000 m buffers around each pond. We 

chose the proportion of urban land cover within a 250 m buffer as representative of the 

intensity of urbanization draining into each pond. We chose to do this because we did not 

have watershed landcover information for every site, but landcover metrics were available 

for each buffer distance around every pond. In addition, the 250 m buffer had the strongest 

correlation with the proportion of urban land cover in delineated watersheds. 

Spearman rank correlation analysis was then performed between site characteristics 

and the proportion of adjacent urban land cover within cities and across all ponds with 

Bonferroni corrections within each variable (n=9). This approach was also used to evaluate 

correlations between adjacent urban land cover and potential rates of denitrification (n=24). 

We evaluated differences in potential denitrification rates (N2, N2O, and N2O yield) among 

cities with pairwise comparisons using Tukey and Kramer (Nemenyi) tests with Tukey-Dist 
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approximation for independent samples in the ‘PMCMR’ package (Pohlert 2014). This 

pairwise comparison was also used for evaluating differences among cities in sediment and 

porewater characteristics. 

We developed multiple linear regression models for potential denitrification rates and 

denitrifier gene abundance across all surveyed ponds that first separately and then 

synergistically compared the explanatory power of four different categories of possible 

predictor variables: substrates, stressors, microbial properties, and sediment and pond 

properties (Morse et al. 2012). Individual predictor variables were evaluated using log-log 

linear regressions (except for pH and bulk density which were not transformed) with 

adjusted p-values for multiple comparisons within each potential denitrification response 

variable using Bonferroni corrections (n=19). 

We built submodels with predictor variables from each categorical group separately 

for potential N2 production, potential N2O-N production, and nosZ gene abundance. TDN, 

Cu, and Zn were discarded as predictor variables due to Spearman’s rho correlations greater 

than 0.7 with other variables which were better predictors to reduce redundancy within 

submodels. Candidate predictor variables were put into each multiple linear regression model 

by order of the adjusted R2 of their individual relationships with potential denitrification 

rates. For each submodel, we used the ‘step’ function in R to perform stepwise multiple 

linear regression (forward and backward selection) with automated variable selection based 

on corrected Akaike’s Information Criterion (AIC). This procedure identified the 

combination of variables within each categorical group that best fit the rates of potential N2 

production, potential N2O production, and nosZ gene abundance. We then combined the 

AIC selected predictor variables from each submodel into a single model in the order of 
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their individual relationships and used stepwise regression again to identify the best predictor 

variables across all groups. To reduce the probability of AIC overfitting, the final AIC was 

corrected for finite sample sizes (AICc). 

 

2.3 Results 

Urban land cover within a 250 m pond buffer around ponds was not well correlated 

with either sediment or porewater chemistry (Table 1). Across all cities, only Zn sediment 

concentrations were positively correlated with the extent of development in pond buffers (P 

= 0.02, Spearman’s rho = 0.40). Within individual cities we found only one strong 

relationship between chemical parameters and development, with a strong negative 

correlation between sediment Pb concentrations and the extent of buffer development 

across urban ponds in Durham, NC (P = 0.009, Spearman’s rho = -0.95). 

Although concentrations of inorganic N and carbon in the sediment and porewater 

spanned a wide range across all ponds, there were few differences in substrate availability 

among cities (Table 1). Porewater NH4
+-N concentrations were highest and spanned the 

widest range in Baltimore, MD, but median values in cities were otherwise similar. On 

average, NO3
--N accounted for less than 10% of TDN in the porewater. Baltimore, MD and 

Durham, NC had the highest median NO3
--N concentrations, but two ponds in Miami, FL 

had exceptionally high porewater NO3
--N (10.7 & 13.8 mg N/kg sed). The same two ponds 

had the highest porewater TDN (325.8 & 366.8 mg N/kg sed), while the rest of ponds had 
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Table 1. Median (range in values) of sediment properties, microbial rates and gene abundance, and 
porewater and sediment chemistry across the ponds.   

 Sediment Properties Porewater & Sediment Chemical Substrates  
City pH Bulk Dens. % OM DOC NH4

+-N NO3
--N TDN  

Units: -log([H+]) g/mL % mass mg/kg sed  

BES 
6.4 

(4.1 - 7.8) 
1.2 

(1 - 1.7) 
10.6 

(0.3 - 30.1) 
371 

(33 - 1653) 
18.9 

(0.5 - 69.8) 
1.5 

(0.1 - 5.6) 
30.7 

(2.2 - 116) 
 

BOS 
4.6 

(4.1 - 5.7) 
1.6 

(1 - 1.8) 
7.0 

(0.4 - 54.8) 
132 

(34 - 370) 
1.2 

(0 - 2.9) 
0.9 

(0.4 - 1.3) 
8.2 

(2.5 - 21.1) 
 

DM 
4.1 

(3.2 - 7.2) 
1.5 

(1.1 - 1.9) 
7.0 

(4.9 - 13.6) 
69 

(45 - 325) 
2.9 

(1.1 - 35.9) 
1 

(0.4 - 2.3) 
6.9 

(2.7 - 59.8) 
 

MIA 
7 

(6.7 - 7.1) 
1.5 

(1.3 - 1.8) 
1.5 

(0.5 - 13.8) 
238 

(108 - 450) 
2 

(0.3 - 7.1) 
0.7 

(0.3 - 13.8) 
23 

(5.1 - 366.8) 
 

MN 
6.8 

(5.1 - 7.2) 
1.4 

(1 - 1.8) 
3.1 

(0.4 - 36.3) 
126 

(56 - 535) 
5.9 

(1.8 - 33.9) 
0.5 

(0.2 - 4.9) 
10 

(3.5 - 93.4) 
 

PHX 
7.2 

(7.1 - 7.5) 
1.6 

(1.1 - 1.9) 
3 

(0.7 - 5.3) 
174 

(98 - 337) 
3.4 

(0.1 - 8.5) 
0.2 

(0.1 - 0.6) 
6.3 

(3.6 - 11.9) 
 

PDX 
4.8 

(4.4 - 6.3) 
1.2 

(1.1 - 1.7) 
11 

(1.6 - 23.6) 
57 

(30 - 153) 
4.5 

(0.1 - 38.9) 
0.2 

(0.1 - 0.6) 
10.4 

(1.2 - 46.2) 
 

SLC 
7.4 

(6.1 - 7.9) 
1.2 

(1.1 - 1.6) 
3.3 

(0.5 - 15.9) 
125 

(48 - 1505) 
1.9 

(0.1 - 45.4) 
0.5 

(0.3 - 1.4) 
4.7 

(2.8 - 63.2) 
 

All 
6.7 

(3.2 - 7.9) 
1.41 

(1 - 1.9) 
4.6 

(0.3 - 54.8) 
134 

(30 - 1653) 
3.5 

(0 - 69.8) 
0.6 

(0.1 - 13.8) 
9.0 

(1.2 - 366.8) 
 

 Microbial Properties Porewater & Sediment Chemical Stressors 

City nosZ SIR Cl- SO4
2- Zn Pb Cu As 

Units: 
106 copies/ 

g sed 
µg C·g 

sed-1·h-1 
mg/kg sed mg/g C 

BES 
368 

(8 - 2449) 
179 

(23 - 1571) 
231 

(19 - 1622) 
365 

(13 - 1391) 
1.4 

(0.5 - 4) 
0.5 

(0.1 - 1.1) 
0.6 

(0.2 - 3.6) 
40 

(12 - 256) 

BOS 
45 

(2 - 93) 
24 

(5 - 61) 
160 

(53 - 2921) 
25 

(10 - 166) 
2.6 

(0.1 - 14.3) 
1.4 

(0 - 6.2) 
1.1 

(0 - 4.3) 
149 

(9 - 1173) 

DM 
173A 

(13 - 571) 
80 

(25 - 266) 
30 

(16 - 62) 
34 

(2 - 100) 
1.0 

(0.5 - 2.7) 
0.2B 

(0.2 - 0.5) 
0.4 

(0.2 - 0.4) 
48 

(33 - 81) 

MIA 
39 

(26 - 238) 
49 

(34 - 91) 
61 

(30 - 292) 
43 

(20 - 104) 
1.0 

(0.1 - 4.1) 
0.1 

(0 - 1.1) 
0.8 

(0.1 - 4.5) 
78 

(22 - 160) 

MN 
83 

(21 - 4825) 
40 

(15 - 264) 
63 

(29 - 1783) 
99 

(41 - 265) 
2.6 

(0.2 - 5.2) 
0.3 

(0.1 - 10.1) 
0.8 

(0.1 - 2) 
82 

(16 - 1193) 

PHX 
222 

(13 - 1633) 
74 

(38 - 206) 
236 

(34 - 648) 
178 

(121 - 732) 
1.9 

(1.1 - 3.4) 
0.4 

(0.2 - 0.8) 
1.6 

(1 - 3.4) 
270 

(154 - 1078) 

PDX 
85 

(3 - 1087) 
225 

(135 - 884) 
25 

(9 - 1211) 
43 

(5 - 305) 
1.6 

(0.3 - 4.3) 
0.2 

(0.1 - 0.6) 
0.5 

(0.2 - 1.2) 
36 

(4 - 166) 

SLC 
7 

(4 - 42) 
88 

(52 - 517) 
98 

(44 - 1924) 
340 

(18 - 985) 
2.6 

(0.7 - 18.6) 
0.6 

(0.2 - 49.9) 
1.5 

(0.4 - 5.7) 
189 

(49 - 15771) 

All 
51 

(2 - 4825) 
75 

(5 - 1571) 
67 

(9 - 2921) 
85 

(2 - 1391) 
1.5C 

(0.1 - 18.6) 
0.3 

(0 - 49.9) 
0.7 

(0 - 5.7) 
81 

(4 - 15771) 
Note: City abbreviations are the same as in Figure 1. Variables include bulk density (Bulk 

Dens.), percent organic matter (%OM), dissolved organic carbon (DOC), ammonium (NH4
+-N), 

nitrate (NO3
--N), total dissolved nitrogen (TDN), gene copies of nosZ (nosZ), substrate inducible 
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respiration (SIR), chloride (Cl-), sulfate (SO4
2-), zinc (Zn), lead (Pb), copper (Cu), and arsenic (As). 

DOC, NH4
+-N, NO3

--N, TDN, Cl, and SO4
2- were measured in the sediment porewater, while all other 

variables were measured in the sediment. Significant Spearman correlations (P < 0.05 after 

Bonferroni corrections within variables) between variables and the proportion of urban landcover 

(NLCD 2011) within a 250 m buffer around each pond are indicated in bold. A. Spearman’s rho = - 

0.96, P = 0.027; B. Spearman’s rho = - 0.95, P = 0.009; C. Spearman’s rho = 0.40, P = 0.018.   

 
concentrations less than 120 mg N/kg sed. Sediment organic matter (%OM) was less than 

25% in more than 95% of the ponds. Porewater DOC was exceptionally high in one pond in 

Baltimore, MD (1653 mg C/kg sed) and another in Salt Lake City, UT (1505 mg C/kg sed), 

but otherwise cities had overlapping ranges. 

Concentrations of potential stressors for denitrifying microbes that included metals 

in the sediment (As, Cu, Pb, Zn) and ions in the porewater (Cl- and SO4
2-) spanned a wide 

range but had limited variation among cities. All sediment metals correlated highly (P < 0.05, 

Spearman’s rho > 0.5) with each other, and Pb and As were the most variable (coefficient of 

variation > 4). Elevated concentrations of metals did not tend to co-occur within the same 

cities. Instead, Boston, MA had the highest median Pb concentrations, while Phoenix, AZ 

had the highest median Cu and As concentrations (Table 1). Porewater Cl- and SO4
2- were 

highly variable within cities, however Durham, NC and Portland, OR tended to have lower 

concentrations. 

Rates of potential N2 and N2O production and nosZ gene abundance were highly 

variable both within and across cities (Table 1; Figure 2). Potential N2 production rates 

ranged from 0.42 to 35.9 µg N·g sed-1·h-1, with the highest rates in ponds from Baltimore, 

MD and Minneapolis, MN. Potential N2O production rates ranged from 0 to 1.7 µg N·g sed-

1·h-1, with the highest average rates measured in the set of ponds sampled in Baltimore, MD. 

  



 

26 

 

Figure 2: Potential N2O-N and N2 production (left y-axis) and N2O yield (right y-axis) within each 
study metropolitan area (same abbreviations as Figure 1). 

 

N2O yield was below 20% (mean = 4%; median = 1%) for all cities except for Portland, OR 

(maximum = 39%) and Minneapolis, MN (maximum = 22%). We observed no consistent 

relationship between urban land cover adjacent to the ponds and potential N2 or N2O 

production in pond sediments (Appendix S1: Fig. S2). Median copies of the nosZ gene in 

sediments ranged from 7·106 copies/g sed in Salt Lake City, UT to 368·106 copies/g sed in 

Baltimore, MD (Table 1). nosZ abundance was highly variable within cities, but Salt Lake 

City, UT tended to have the least denitrifiers with the gene in pond sediments (Appendix S1: 

Fig. S3). The proportion of adjacent urban land cover was only correlated with reduced nosZ 

abundance in Durham, NC (Table 1). 
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Table 2: Summary of log-transformed linear regression models among potential denitrification rates, 
nitrous oxide reducer abundance, and explanatory variables. 

     N2 N2O-N N2O Yield nosZ 

 Variable  Units df +/- R2
adj +/- R2

adj +/- R2
adj +/- R2

adj 

Potential 
Denitrification 

N2 I µg N·g sed-1·h-1          

N2O-N I µg N·g sed-1·h-1 62 + 0.09       

N2O Yield I % Total N 62 - 0.08 + 0.49***      

nosZ S 
106 copies/ 

g sed 
58 + 0.18** + 0.12 + 0.00   

Substrates 

% OM S % mass 62 + 0.06 + 0.10 + 0.00 + 0.06 

DOC PW mg C/kg sed 62 + 0.19** + 0.00 - 0.05 + 0.08 

TDN PW mg N/kg sed 62 + 0.22** + 0.01 - 0.01 + 0.12 

NO3
--N PW mg N/kg sed 62 + 0.19** + 0.02 - 0.00 + 0.01 

NH4
+-N PW mg N/kg sed 59 + 0.19** + 0.07 - 0.00 + 0.22** 

Stressors 

Cl PW mg/kg sed 62 + 0.06 + 0.00 - 0.03 + 0.00 

SO4 PW mg/kg sed 62 + 0.02 - 0.00 - 0.04 + 0.05 

Zn S mg/g C 61 - 0.02 - 0.01 - 0.00 - 0.06 

Pb S mg/g C 61 - 0.00 - 0.00 - 0.00 - 0.07 

Cu S mg/g C 61 - 0.13* - 0.04 - 0.00 - 0.08 

As S µg/g C 61 - 0.12 - 0.14* - 0.01 - 0.14* 

Microbial SIR S 
µg C-CO2·g 

sed-1·h-1 
62 + 0.00 + 0.08 + 0.07 + 0.17* 

Sediment 
& Pond Properties 

pH S -log([H+]) 61 - 0.00 - 0.15* - 0.10 + 0.00 

BD S g/mL 62 - 0.01 - 0.05 - 0.01 - 0.00 

WA:PA A ratio 60 + 0.13* + 0.01 - 0.00 + 0.22** 

Note: Variable abbreviations include gaseous nitrogen (N2), nitrous oxide (N2O-N), N2O Yield 
(calculated as N2O-N/(N2+N2O-N)), bulk density (BD), the ratio of watershed area to pond area 
(WA:PA), and those listed in Table 1. The source of the measurement is listed as I = "Incubation", S 
= "Sediment", PW = "Porewater", and A = "Area". All simple linear regression results are based on 
log-log relationships, except for pH and bulk density. Any adjusted R2 (R2adj) values less than zero 
are reported as 0.00. Significant correlations with Bonferroni corrections for multiple comparisons 
within each denitrification parameter are indicated in bold and with *P < 0.05, **P < 0.01, ***P < 
0.001. 

No single variable explained more than 22% of the observed variation in either N2 or 

N2O production potential and no single variable explained any significant variation in 
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measured N2O yields (Table 2). The only landcover metric that was individually correlated 

with a denitrification product was the ratio of watershed area to pond area (WA:PA), which 

explained a small amount of the variation in N2 production (P = 0.045, R2
adj = 0.13). All 

substrate variables except sediment %OM were weakly positively related to N2 production 

rates, yet there were no significant correlations between any measured substrate variable and 

the observed variation in N2O production (Table 2). For stressors, only As concentrations 

were correlated (negatively) with N2O production (P = 0.03, R2
adj = 0.14) and only Cu 

concentrations were correlated (negatively) with N2 production (P = 0.04, R2
adj = 0.13). 

Porewater pH was the strongest negative predictor of N2O production (P = 0.02, R2
adj = 

0.15). Single variable regression models predicting nosZ abundance explained at most 22% of 

its variance and had predictor variables in common with both potential N2 and N2O 

production (Table 2). NH4
+-N and WA:PA were the strongest individual predictor variables 

(P = 0.003 and 0.002, R2
adj = 0.22 and 0.22, respectively). Unlike either denitrification 

potential product, SIR rates were positively related to nosZ abundance (P = 0.01, R2
adj = 

0.17). nosZ abundance was correlated (positively) with N2 (P = 0.008, R2
adj = 0.18) but not 

N2O potential production (P = 0.07, R2
adj = 0.12). 

Bi-directional stepwise multiple regression with automated variable selection by AIC 

on subsets of explanatory variables revealed different multivariate controls on potential N2 

and N2O production (Table 3).  The substrate submodel of NO3
--N and NH4

+-N accounted 

for 33% of the variation in N2 production, which performed better than both the stressor (P 

= 0.0003, R2
adj = 0.23) and sediment and pond properties (P = 0.002, R2

adj = 0.13) 

submodels. After the combination of the four submodels and another round of bi-

directional stepwise AIC variable selection, 46% of the variation was accounted for and  
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Table 3: Multiple linear regression model comparisons. 

  AIC - Selected Variables R2
adj Coef. P K AIC AICc Rejected Variables 

Potential N2 Production 
 Submodels 

Substrates NO3
-, NH4

+ 0.33  <0.0001 2 -6.7 -6.5 DOC, %OM 
Stressors As, Cl-, Pb 0.23  0.0003 3 -1.3 -0.9 SO4

2- 
Microbial     0   SIR 
Soil & Pond Properties WA:PA 0.13  0.0024 1 7.8 7.9 pH, BD 

 Combined Submodels 

  NO3
-, NH4

+, WA:PA, As, Pb 0.46  <0.0001 5 -14.7 -13.6 Cl- 
  NO3

-  0.45       
  WA:PA  0.20       
  NH4

+  0.12       
  As  -0.25       
  Pb  0.22       
Potential N2O Production 

 Submodels 

Substrates %OM 0.10  0.0058 1 95.7 95.8 NH4
+, NO3

-, DOC 
Stressors As, Pb 0.18  0.0012 2 89.4 89.6 Cl-, SO4

2- 
Microbial SIR 0.08  0.0120 1 97.0 97.1   
Soil & Pond Properties pH, BD 0.21  0.0003 2 86.3 86.5 WA:PA 

 

  pH, BD, As 0.25  0.0002 3 84.2 84.6 %OM, SIR, Pb 
  pH  -0.53       
  As  -0.39       
  BD  -1.94       
nosZ gene abundance 

 Submodels 

Substrates NH4
+ 0.22  0.0002 1 61.2 61.3 NO3

-, %OM, DOC 
Stressors As, SO4

2- 0.24  0.0002 2 61.3 61.5 Cl-, Pb 
Microbial SIR 0.17  0.0006 1 66.7 66.8   
Soil & Pond Properties WA:PA, pH 0.29  <0.0001 2 57.1 57.3 BD 

 Combined Submodels 

  WA:PA, SIR, pH, As 0.42  <0.0001 4 46.4 47.2 NH4
+, SO4

2- 
  WA:PA  0.59       
  SIR  0.31       
  As  -0.43       
  pH  0.41       
Note: Variables and statistical metrics include Akaike’s Information Criterion (AIC), the coefficient 
estimates (coef.) for individual variables in the final ‘Combined Submodels’ model, and the same 
abbreviations as those reported in Table 1 and Table 2. All variables have been log transformed except 
for pH and bulk density. 

NO3
--N was the most important predictor variable (Table 3). In contrast to the best 

predictor submodels of N2, the stressor and sediment and pond properties submodels 
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accounted for the most variability in potential N2O production (P = 0.001 and 0.0003, R2
adj 

= 0.18 and 0.21, respectively; Table 3). The combined submodels performed worse at 

predicting N2O potential production than N2, and only explained 25% of the variation.  In 

order of relative importance, pH, bulk density, and sediment As concentrations emerged as 

the best predictors in the combined model. 

Only the stressor and sediment and pond properties multiple linear regression 

submodels explained more of the variation in nosZ abundance than any single variable model 

after a bi-directional stepwise procedure (P = 0.0002 and <0.0001, R2
adj = 0.24 and 0.29, 

respectively; Table 3). Landcover represented by WA:PA was the strongest predictor variable 

in the final combined model which accounted for 42% of the variance in nosZ gene 

abundance in pond sediments (Table 3). 

2.4 Discussion 

Contrary to our expectations, urban stormwater ponds did not support remarkably 

higher potential rates of denitrification or N2O production relative to ponds draining less 

urbanized landscapes. This suggests that despite receiving potentially elevated nutrient loads, 

these hydrologic control structures are not exceptionally good at removing excess N. It also 

suggests that stormwater ponds are not important sources of the potent greenhouse gas 

N2O. We found that emissions of N2 made up >90% of potential gaseous N emissions from 

most ponds, and that approximately one-third of the variation in N2 production across all 

ponds could be explained by differences in the availability of inorganic nitrogen. While N2O 

emissions were highly variable within and across cities, no combination of potential 

explanatory variables could account for more than 25% of this variation.  
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We also found no strong relationship between the intensity of urban land use 

surrounding ponds and the ratio of denitrification products (N2O yield) produced by the 

sediment microbial community. Prior work had led us to expect that most urban ponds 

would have a combination of high nitrogen inputs (Collins et al. 2010) and metal 

contaminated sediments (Campbell 1994; Mayer et al. 1996; Liebens 2001; Nowell et al. 

2013) that might promote high rates of incomplete denitrification. Our work calls both of 

these starting assumptions into question, as neither the availability of substrates (inorganic N 

and DOC) nor the concentrations of stressors (metals) were consistently related to 

surrounding land use across ponds. Instead, we measured a great deal of variation across all 

of the ponds and found clear evidence that even ponds surrounded by significant buffers of 

undeveloped land were receiving measurable quantities of urban pollutants via direct 

deposition (reported in Baalousha et al. 2016).  

The range of sediment Cu, Zn, and Pb concentrations reported in this study fell 

within the range of other stormwater pond studies from the literature (Table 4; Nightingale 

1975, 1987, Wigington et al. 1983, Yousef et al. 1990, Mayer et al. 1996, Bishop et al. 2000, 

Liebens 2001, Karouna-Renier and Sparling 2001, Scher et al. 2004, Sparling et al. 2004, 

Dechesne et al. 2004, Casey et al. 2005, Clozel et al. 2006, Camponelli et al. 2010, Karlsson et 

al. 2010, Gallagher et al. 2011, El-Mufleh et al. 2014). The majority of ponds (56%) had 

sediment metal concentrations that were below the freshwater sediment Threshold Effect 

Concentrations (TECs) believed to be the lower limit of toxicity to benthic 

macroinvertebrates and other sediment-dwelling organisms (Table 4, MacDonald et al. 

2000). However, 5 of the 64 ponds exceeded the Probable Effect Concentrations (PECs) for  
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Table 4: Ranges in sediment copper (Cu), zinc (Zn), and lead (Pb) concentrations in various 
stormwater controls measures reported in a non-exhaustive review of published literature. A 
comparison of sediment metal concentrations reported in this study to consensus-based threshold and 
probable effects concentrations for sediment dwelling organisms established by MacDonald et al. 
(2000). 

Study Location 
Type of Stormwater 

Control                       
Measure Reported 

Cu  
(mg/kg) 

Zn 
(mg/kg) 

Pb 
(mg/kg) 

This study 8 USA cities natural & stormwater ponds 4-246 5-643 bdl-298 

El-Mufleh et al. (2014) France 
infiltration/detention-

infiltration basins 
84-317 683-2070 30-819 

Gallagher et al. (2011) Maryland, USA stormwater ponds 19-90 40-580 10-55 

Camponelli et al. (2010) Maryland, USA stormwater retention pond 33-79 61-243 - 

Karlsson et al. (2010) Sweden stormwater ponds 60-225† 300-900† 55-100† 

Clozel et al. (2006) France 
retention or infiltration 

ponds 
95-343 731-2070 178-670 

Casey et al. (2005) Maryland, USA stormwater ponds 18-341 53-1155 9-116 

Sparling et al. (2004) Maryland, USA 
stormwater retention ponds 

& wetlands 
bdl-19 bdl-59 bdl-18 

Scher et al. (2004) France stormwater retention ponds 40-270 49-730 1-160 

Dechesne et al. (2004) France stormwater infiltration basin 3-176 19-1827 5-225 

Liebens (2001) Florida, USA stormwater retention ponds bdl-55 0.3-622 5-777 

Karouna-Renier & Sparling 
(2001) 

Maryland, USA stormwater ponds 8-12 21-42 10-12 

Bishop et al. (2000) Ontario, Canada stormwater detention ponds 11-63 29-535 2-68 

Mayer et al. (1996) Ontario, Canada stormwater detention ponds 30-151 98-610 46-202 

Yousef et al. (1990) Florida, USA retention/detention basins 1-73 1-538 4-1025 

Nightingale (1987) California, USA 
retention and recharge 

basins 
10-49 - 8-107 

Wigington (1983) Washington, D.C., USA detention basins 7-31 26-434 103-241 

Nightingale (1975) California, USA stormwater retention basin 4-45 21-387 57-764 

       

    Effects Concentrations 

MacDonald et al. (2000)  Threshold (TEC) 32 121 36 

   % exceedance of TECs in 
this study 

44% 22% 25% 

MacDonald et al. (2000)  Probable (PEC) 149 459 128 

   % exceedance of PECs in 
this study 

2% 5% 8% 

Note: † Values approximated from Figure 3 in Karlsson et al. (2010) 

at least one urban metal, and 27 were between the recommended TEC and PEC levels 

(Table 4). 
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Although we expect current rates of both nutrient and pollutant loading to be related 

to land cover, these loads may not translate into predictable shifts in sediment chemistry due 

to differences in pond retention time, groundwater exchange, and the imprint of legacy 

pollutants from agricultural or industrial activity (Gabor et al. 2017). In addition, differences 

in current management strategies (e.g. the addition of Cu as an algaecide, lawn fertilization) 

among commercial, residential, and industrial urban land uses may have resulted in variable 

chemical loading. What is clear is that the chemistry of urban pond sediments is not as 

consistently altered by urbanization as has been observed for streams. The landcover metric 

of the ratio of watershed area to pond area (WA:PA) played a surprisingly important role in 

predicting both potential N2 production and nosZ gene abundance. This ratio may be a better 

indicator of the delivery of limiting resources to the pond than the concentrations we 

measured in the snapshot sediment sample from ponds in this study. 

Given that the expected relationship between the extent of urbanization and pond 

porewater and sediment chemistry was not supported, we abandoned our initial plan to 

compare highly urbanized and green space protected ponds to one another and instead 

explored the potential for substrate, stressor, and landcover factors to explain the observed 

variation across all ponds in the production of N2 and N2O and in the abundance of nosZ 

genes. 

2.4.1 Variation in N2 

As anticipated, porewater NO3
--N was the single strongest predictor of potential N2 

production. Increasing NO3
--N availability in the permanently anaerobic sediments of 

stormwater ponds has been previously shown to stimulate denitrifier activity in Baltimore 
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(Groffman et al. 2005; Bettez and Groffman 2012), and our regression analysis suggests this 

holds across many cities. We were therefore surprised that NO3
--N was unrelated to 

potential N2O production, N2O yield, or nosZ gene abundance. We found limited evidence 

for our hypothesis that sediment metal contamination might reduce denitrification efficiency. 

Only sediment Cu concentrations were negatively correlated with potential N2 production in 

single factor regression analysis, yet this interaction was a weaker predictor than the highly 

correlated sediment As and Pb concentrations and therefore not included in the multiple 

regression analysis. Indeed, our best model to predict N2 variation uncovered a positive 

association between Pb and potential rates of N2 production. While this is certainly not a 

strong test of the role of metal contaminants in affecting denitrification, it does suggest that 

metals are not a primary constraint on denitrification rates. Similarly, while high Cl- 

concentrations have been shown to inhibit denitrification in urban stream sediments (Hale 

and Groffman 2006), we found no evidence that Cl- levels were an important constrain on 

denitrification potential or denitrifier abundance. It is possible that denitrifier communities 

in most of the ponds in this study are resilient to stressors such as Cl- and metals (Perryman 

et al. 2011a) due to a history of previous exposure and adaptation. 

2.4.2 Variation in N2O 

A survey of streams throughout the continental US found the highest N2O emissions 

from streams draining urbanized landscapes (Beaulieu et al. 2011). We did not find any direct 

evidence of the same trend in potential N2O emissions from urban pond sediments 

(Appendix S1: Fig. S2). Porewater pH was the strongest predictor of potential N2O 

production, with higher pH associated with declining N2O production (Table 3). Sediment 
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pH can act as a “distal control” on rates of denitrification by altering denitrifier community 

composition and diversity (Wallenstein et al. 2006). The majority of the ponds we sampled 

had N2O yields less than 10%, which was comparable to the yields previously reported for 

streams by Beaulieu and others (2011). We found only eight ponds (13% of 64 ponds) which 

had N2O yields that exceeded 10%. These eight ponds tended to have lower median DOC 

(59 mg C/kg sed) and Cl- (29 mg/kg sed) concentrations in their porewater as compared to 

the entire dataset (Table 1), and four of these high yield ponds were in Portland, OR.  

2.4.3 Variation in nosZ gene abundance 

Denitrifiers can only produce the nitrous oxide reductase enzyme to reduce gaseous 

N2O to N2 if they have the necessary nosZ gene. The relative abundance of this gene was 

clearly not just a function of microbial biomass as we found a relatively weak relationship 

between SIR (a proxy for microbial biomass) and the abundance of the nosZ gene (Table 2). 

Instead, the relative abundance of the nosZ gene was also responsive to WA:PA, sediment As 

concentrations, and pH (Table 3). In addition, the relatively weak correlation between nosZ 

gene abundance and N2 rates (Table 2) suggests that environmental controls play an 

important role constraining synthesis of the nitrous oxide reductase enzyme as well. Our 

best model to predict variation in nosZ abundance shared predictor variables with those of 

both the best N2 and N2O models. While each model is distinct, none of them explained 

more than half of the variation in the response variable. This raises the question whether this 

unexplained variability in potential denitrification rates and nosZ gene abundance was 

controlled by common or distinct factors not measured in this study. 
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2.4.4 Variation Across All Ponds 

When compared to rates measured using the DEA method (Groffman et al. 1999) 

reported by Bettez and Groffman (2012) from Baltimore, MD, the rate of mean potential 

N2O-N production in Baltimore, MD (0.41 ± 0.55 mg N·kg-1·h-1) was lower and more 

variable than previously studied wet stormwater management control structures (1.07 ± 0.25 

mg N·kg-1·h-1) in the same city. The mean potential N2O-N production rate in Phoenix, AZ 

ponds (0.03 ± 0.04 mg N·kg-1·h-1) was also lower than that reported previously for retention 

basins in Phoenix, AZ (0.1-2.8 mg N·kg-1·h-1) by Larson and Grimm (2012). This might be 

expected because the acetylene in DEA assays blocks the reduction of N2O to N2 resulting 

in a greater accumulation of N2O, but it is unclear whether acetylene more broadly inhibits 

denitrification estimates. By measuring N2 and N2O simultaneously without acetylene 

inhibition and by using the same technique for all ponds, we were able to compare the 

remarkable variability in pond sediment denitrification potential within and across US cities 

without the methodological artifacts that arise by comparing denitrification rates among 

studies. 

Our results suggest that physiographic and climatic factors could have an influence 

on the potential denitrification rates of stormwater ponds. Western cities (Phoenix, AZ, 

Portland, OR, and Salt Lake City, UT) had lower potential N2 production rates relative to 

eastern cities (Figure 2). However, the three western cities did not have any unique measured 

characteristics shared among all three relative to eastern cities that might explain this 

difference. Only Salt Lake City, UT had distinctly lower nosZ abundance that might explain 

the reduction in potential N2 production (Appendix S1: Fig. S3). While broad survey studies 

such as this study give us a better understanding of the range of possible potential 
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denitrification rates, they are limited in their ability to measure and predict the complex set 

of factors driving denitrification.  

 

2.6 Conclusions 

In the most geographically distributed survey to date of denitrification potential in 

urban ponds in the US, we found enormous chemical and biophysical variation (over two 

orders of magnitude) and a limited ability to explain denitrification potential as a function of 

land use or sediment or porewater chemistry. There is no single and simple link between the 

intensity of urban landcover and potential denitrification rates. The N2O yield from most 

ponds was within range of those documented in freshwater bodies draining undeveloped 

landscapes, leading us to conclude that urban stormwater ponds are not likely to be 

important sources of N2O to the atmosphere, no matter their potential rates of 

denitrification.  
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3. Chemically flashy streams in urban catchments 

Blaszczak, J.R., Delesantro, J.M., Urban, D.L., and E.S. Bernhardt 

3.1 Introduction 

Nonpoint source runoff from urban landscapes is one of the main contributors to 

the simultaneous salinization and alkalization of rivers nationwide (Kaushal et al. 2014c, 

2018; Moore et al. 2017). Intentional and unintentional chemical loading through human 

activities (e.g. road salting, sewage leaks, fertilization) has impacted the biogeochemical cycles 

of most elements in urban landscapes (Kaye et al. 2006). Urban runoff is implicated as a 

major cause and future threat to water quality around the globe (UNEP GEMS 2008). The 

magnitude of this threat is rapidly increasing as urban land cover is projected to triple 

globally by 2030 relative to 2000 (Seto et al. 2012). Urban planners and developers need 

evidence-based designs of development which minimize impacts on the water quality of 

downstream aquatic ecosystems. 

The predictable degradation of stream water quality with increasing aggregate 

measures of urban development intensity is one aspect of the commonly named ‘urban 

stream syndrome’ (Walsh et al. 2005). Yet relationships between urbanization intensity and 

water quality have considerable variability and tend to be driven by end members in the 

development spectrum. Patterns in urban development configuration and connectivity have 

been shown to matter for downstream aquatic ecosystems along gradients of urbanization 

intensity (Gergel et al. 2002; Hatt et al. 2004; Carle et al. 2005; Alberti et al. 2007). However, 

alternative landscape configurations can only be meaningfully compared when the relative 

proportions of land cover are similar (Gardner and Urban 2007). Area and connectivity are 
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fundamentally correlated, therefore, inferences about connectivity of development can only 

be made if the area of developed land in catchments is relatively controlled within a small 

physiographic region. In this study, we constrain the range of development intensity within 

the catchments of our chosen study streams to investigate which loading and routing 

attributes of urban development best explain the chemical regimes of receiving urban 

streams. 

 

Figure 3: Conceptual model showing the predicted influence of routing and loading variables on 
stream water chemical regimes.  This model reflects the experimental design which intentionally 
attempts to control for the influence of development intensity (% developed) on variation in 
streamwater chemistry. Instead, we predict that within a narrow range of development intensity, 
loading and routing features will explain variation in streamwater chemistry. Arrows show direction of 
effects and “+” and “-” indicate a predicted positive or negative relationship with increasing chemical 
variability. See Table 5 and methods for descriptions of variables. 
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The chemical regimes of urban streams reflect a combination of biologically-

mediated processes, such as in-stream uptake and remineralization, as well as physical 

processes such as the loading, routing, and retention of chemical constituents within 

catchments (Figure 3). Urbanization increases the loading of a wide variety of nutrients and 

contaminants directly into freshwater ecosystems due to the efficient routing of water over 

surfaces heavily modified by human activities (i.e. stormwater and wastewater infrastructure) 

bypassing the retention capacity of soils (Hatt et al. 2004). However, at some intermediate 

levels of development, catchment impervious surfaces vary in the degree to which they are 

directly connected to streams. These catchments provide an opportunity to study the 

influence of configuration and connectivity on baseflow and stormflow streamwater 

chemistry independent of the intensity of development.  

To separate the effects of development intensity from pattern, we selected headwater 

catchments within a narrow range of development intensity (10-25% developed), which also 

spanned the widest possible range in spatial configuration and connectivity metrics in the 

Triangle region of the North Carolina Piedmont. We investigated the dominant controls on 

solute routing and loading by pairing analysis of land cover attributes with temporal trends in 

baseflow chemistry and high-frequency data of specific conductance and discharge. We 

developed structural equation models to build an understanding of the relative importance 

of different routing and loading variables on baseflow and stormflow solute chemistry. We 

predicted that temporal trends in specific conductance and conservative ions would be 

tightly linked to landscape development configuration and connectivity independent of 

development intensity. 
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3.2 Methods 

3.2.1 Study Area 

We monitored the outlets of 24 headwater catchments of first-order and second-

order streams from November 2013 to November 2015 within the Triangle region of the 

North Carolina Piedmont, which is framed by the cities of Raleigh, Durham, and Chapel Hill 

(latitude: 35-36° N, longitude: 78-79° W). A subset of eight streams chosen to span a 

gradient in road density were monitored for an additional year until November 2016. This 

region has undergone rapid urbanization over the last 25 years with land cover changing 

from primarily old fields and successional forest to urban and suburban lands (Taverna et al. 

2005; McDonald and Urban 2006; Sexton et al. 2013). 

The Triangle region is located at the intersection of three EPA Level-IV ecoregions 

(Griffith et al. 2002b). The Triassic Basin (TB; ecoregion 45g) encompassing most of the city 

of Durham, is bordered by the Carolina Slate Belt (CSB; ecoregion er45c) to the west and 

the Northern Outer Piedmont (NOP; ecoregion 45f) to the east. Study catchments located 

in Chapel Hill and those in northwestern Durham fell within the CSB. Catchments located 

in central and southern Durham were within the TB boundaries and all sites within Raleigh 

fell within the boundaries of the NOP. Catchments in CSB and NOP have shallow soils 

overlying slate bedrock with predominantly gravel and cobble streambed substrata. 

Catchments in the TB are characterized by deep, low-permeability clay soils which lead to 

reduced baseflows in the summer relative to the surrounding ecoregions. Streams draining 

these catchments are also typically more incised and have sandy streambed substrata. We 
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grouped catchments located in the CSB and NOP into a single ecoregion group (CSB-NOP) 

due to their many shared characteristics relative to TB catchments. 

 

Figure 4: Map of the study area with 234 candidate catchments  outlined in black, and study 
catchments filled in black (A). Histograms of the distribution of land cover and development 
characteristics of the candidate and study catchments (B). 

 

3.2.2 Site selection and land cover characterization 

We selected 20 study catchments along with two low and two high development 

intensity end member catchments (referred to as low and high EM catchments from this 
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point forward) from a larger set of 234 catchments previously delineated using 30-m light 

detection and ranging (LiDAR)- derived digital elevation models (DEM) data in the area 

(Somers et al. 2013; Figure 4). We intentionally chose study catchments to span the 

narrowest possible range of percent developed land cover, while spanning the widest 

possible range in linear development features as well as forest and development aggregation 

attributes.  

Land cover within the catchments was initially characterized and sites were selected 

based on the imperviousness data product (Xian et al. 2011) of the 2006 national landcover 

database (NLCD) (Fry et al. 2011). We updated the land cover analysis using the 2011 

NLCD once available (Homer et al. 2015) and characterized sites by percent developed land 

cover instead. We defined development as the sum of NLCD classes 22, 23, and 24 and 

forest as the sum of NLCD classes 41, 42, and 43. We further characterized development 

within the catchments using one-meter resolution planimetric landcover data (Town of 

Chapel Hill 2003; City of Durham 2010a; Wake County Government 2013).  

We used GIS data available from the cities of Durham, Raleigh, and Chapel Hill to 

characterize variation in the linear routing attributes of development and in streams. We 

calculated the densities of open channels, stormwater infrastructure (pipes, inlets), and 

sewers (City of Carrboro 2005; City of Durham 2010b; Town of Chapel Hill 2010; City of 

Raleigh Public Works 2014), as well as road density for both primary and secondary roads 

(NCDOT 2015). 

We characterized patterns in the aggregation of development and forested land cover 

using the spatial pattern analysis software Fragstats and NLCD data (McGarigal et al. 2012). 

To characterize how “far-reaching” or “well-connected” developed and forested patches 
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were independent of roads within catchments we calculated the correlation length (CL), or 

the area-weighted mean radius of gyration. CL is an averaged approximation of how far 

across a catchment pixels of a particular patch type extend from a random starting point and 

moving in a random direction (Keitt et al. 1997). We characterized the aggregation of 

developed and forested patches by calculating the area-weighted mean patch area (AWM 

PA), the largest patch index (LPI), and the aggregation index (AI). AWM PA is the mean 

patch area of a given land cover type normalized to the sum of the patch areas of the same 

type, while LPI is equal to the largest patch of a given land cover type normalized to the total 

catchment area. AI is computed as the ratio between the actual number of like adjacencies of 

characterized landcover pixels based on the single-count methods to the maximum possible 

number of like adjacencies in a catchment. 

Low and high EM catchments were chosen as comparisons to the study catchments. 

The low EM catchments, a tributary to Mud Creek (0.5% developed) and Stony Branch (0% 

developed), both drain primarily forested tracts of the Duke Forest and are located within 

the boundaries of the CSB ecoregion. One high EM catchment, Goose Creek (83% 

developed), is in the TB ecoregion in Durham while the other high EM catchment, Rocky 

Branch (71% developed), is in the NOP ecoregion in Raleigh. 

 

3.2.3 Field and Lab Measurements 

We monitored water level, temperature, and specific conductance (SC) continuously 

at five-minute intervals using sensors deployed at the outlet of all the catchments from 01 

November 2013 to 01 November 2015. For a subset of eight catchments, we continued to 
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measure those parameters and began to measure dissolved oxygen (DO) within the same 

reach from 01 November 2015 to 30 April 2017. Water level and temperature were 

measured in the stream channel and barometric pressure was measured within eight km of 

every stream using pressure transducers (Solinst Levelogger EDGE, Georgetown, Ontario). 

We developed level-discharge rating curves with at least ten points for the same subset of 

streams in which we measured dissolved oxygen using a combination of dilution gauging, 

acoustic doppler velocity measurement (Marsh-McBirney Flo-Mate, Frederick, Maryland) 

and acoustic doppler profiling (SonTek IQ+, San Diego, California) as described in 

Delesantro et al. (In prep). SC was measured as electrical conductance and corrected for 

temperature at a submerged location near the water level logger (Onset HOBO U24, Bourne, 

Massachusetts). Dissolved oxygen was measured in six streams using optical DO sensors 

(Onset HOBO U26, Bourne, Massachusetts) at a single station near the level and 

conductance loggers. DO sensor calibration, processing of DO data, and modeling of stream 

metabolism is described in Blaszczak et al. (In review). 

We took streamwater grab samples for chemical analysis from each stream once 

every two weeks from 31 October 2013 to 06 November 2015. We continued grab sampling 

a subset of eight streams until 16 November 2016. Streams were sampled in groups of 12 on 

alternating weeks. Sampling order was not randomized to keep the sampling intensity 

feasible by minimizing driving distances, but the order of sampling was reversed each time to 

partially account for diel variation. Water samples were filtered in the field through Whatman 

GF/F filters directly into acid-washed PTFE 60 mL bottles. Samples were stored on ice in a 

cooler until they were transported back to the lab and frozen at -20°C. All water samples 

were analyzed in the laboratory for major anions (NO3
--N, Cl-, Br-, SO4

2-) and a subset were 
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simultaneously analyzed for major cations (Na+, K+, Mg2+, Ca2+) on a Dionex ICS-2000 ion 

chromatograph with IonPac AS-18 analytical column and KOH eluent generator (Dionex 

Corp., Sunnyvale, CA). Ammonium (NH4
+-N) concentrations were measured using a field 

fluorometer (10 AU, Tuner Designs, Sunnyvale, California) and the OPA fluorometric 

technique (Holmes et al. 1999). Total dissolved nitrogen (TDN) concentrations were 

determined with a Shimadzu TOC-VCPH with TNM-1 module (Shimadzu Corp., Kyoto, 

Japan). We measured soluble reactive phosphate (SRP) concentrations using EPA method 

365.1 on a Lachat QuickChem 8500 automated system (Lachat Instruments, Loveland, CO, 

USA). 

3.2.4 Structural Equation Modeling 

We took a similar model-building approach as Somers et al. (2013) to evaluate our 

hypotheses about the connections between urban development attributes and urban stream 

processes by developing alternative structural equation models (SEMs) using the ‘lavaan’ 

package in R (Rosseel 2012). We laid out an initial conceptual model of how routing and 

loading variables dependent on urban development patterns might drive urban solute 

chemistry (Figure 3). These models included direct and indirect pathways. The mediating 

pathway between chemistry and the amount of development within a catchment were linear 

and aggregation features of urban development. 

We selected variables with the goal of best representing the path by which patterns in 

urban development configuration and connectivity might affect the water chemistry of 

streams (Figure 3). Loading information for chemical constituents was either difficult to 

obtain or patchy at best. Therefore, we represented loading controls with development 
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attributes that reflect the intensity of use of infrastructure. The intensity of use of 

infrastructure was characterized by road length and area density, manhole and sewer density 

within a 20-meter buffer around streams, and development aggregation indices. We 

represented the intensity of use of unpaved surface by forest aggregation indices and the 

percent of catchments categorized as fields or otherwise open developed land (NLCD Class 

21). Routing variables were selected to represent surface and subsurface pathways of water 

flow from impervious surfaces to streams. Surface connections were represented by road 

and open channel density as well as the CL of developed patches. Subsurface connections 

were represented by stormwater pipe, sewer, and inlet densities. In-stream uptake was 

approximated using dissolved oxygen concentrations and modeled metabolism, but this data 

was only available for six streams and therefore could not be used in the SEM. 

We used Pearson’s product-moment correlations to test for initial relationships 

between land cover variables and water chemistry parameters. We removed links in the 

models that lacked explanatory power until all path coefficients retained in the model were 

significant (p < 0.05) or our understanding of the system required that a variable be retained 

(Grace et al. 2012). With each iteration during model pruning, we assessed overall model fit. 

All 20 study streams were included in the SC SEM model. However, for the N SEM model, 

mean TDN and NO3
--N concentrations in W117 violated assumptions of normality and 

resulted in negative relationships between every explanatory parameter and were therefore 

not included in the model. 
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Table 5: Selected land cover characteristics of study catchments. 

    Correlation 

  Description 
Median 
(Range) 

NLCD 
% Dev 
2011 

PM 
% ISC 
2015 

 % Dev. 
% developed land in the SS 

(2011 NLCD) 
21.8 (9.8-35.5) 1 - 

 %ISC PM 2015 % ISC using 2015 planimetric maps 23.5 (13.7-39.4) - 1 
 %ISC 2011 % ISC (2011 NLCD) 12.6 (6.8-20.3) 0.85 - 
 Area SS area (km2) 1.1 (0.58-2.62) 0.45 - 

D
en

si
ty

 o
f 

L
in

ea
r 

F
ea

tu
re

s 

Road Length (km/km2); road length/SS area 6.5 (3.6-12.7) - 0.89 

Road Area (km2/km2); road area/SS area 0.54 (0.26-1.24) - 0.83 

Open Channel (km/km2); open channel length/SS area 4.7 (1.9-6.8) - -0.44 

Pipe (km/km2); pipe length/SS area 2.9 (0.3-6.9) - 0.74 

Pipe:Open Ratio of pipes to open channels 0.67 (0.08-3.51) - 0.76 

Sewer 
(km/km2); sewer length in a 20 m stream 

buffer zone/SS area 
1.8 (0-3.9) - - 

Inlet Number of inlets/SS area 113 (15-195) - 0.71 

Manhole 
Number of manholes in a 20 m stream 

buffer zone/SS area 
29 (0-65) - - 

F
or

es
t 

A
gg

re
ga

tio
n 

% SS % forested land in the SS 24.7 (0.8-48.2) - -0.83 

CL Correlation length of forested land 168 (31-474) - -0.69 

AWM PA Area weighted mean patch area 0.15 (0.005-0.999) 0.48 -0.50 

LPI Largest patch index of forested land 17.2 (0.6-43.5) - -0.80 

AI Aggregation index of forested land 78 (60-93) - -0.81 

CL Correlation length of developed land 139 (67-456) 0.71 - 

AWM PA Area weighted mean patch area 0.1 (0.021-0.833) 0.63 - 
LPI Largest patch index of developed land 10.2 (4.1-33.6) 0.71 - 

AI Aggregation index of developed land 67 (57-91) 0.49 - 

O
th

er
 A

tt
ri

bu
te

s SS Slope Mean catchment slope (% grade) 1.5 (1-2.4) - - 
% NLCD 

Open Dev. 
% of NLCD developed, open space (Class 

21) land in the SS 
51 (16-82) -0.51 0.73 

Dist. to S/P/R 
Mean Euclidean distance to nearest 

stream, pipe, or road (m) 
28 (21-78) - -0.63 

# S-R Inters. Number of stream-road intersections 1 (0-17) - - 

Note: “SS” = sewershed 

 

3.2.5 Chemical regime characterization 

We characterized variability in the chemical regimes of the streams draining the study 

catchments by calculating summary statistics, fitting a first-order autoregressive (AR(1)) 
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model, and using principal components analysis (PCA) for the entire timeseries within each 

stream. First, we calculated the coefficient of variation (CV; standard deviation divided by 

the mean) for both SC and baseflow chemistry across the entire time series for each stream 

(n=20). For streams in which we had discharge data (n=8), we examined the seasonal 

relationship between variation in discharge (Q) and variation in SC by fitting a simple linear 

regression model to the CV of the antecedent week’s Q and SC for each date in the time 

series. We also calculated mean and max concentrations of solutes at baseflow and looked at 

variation among study streams. 

Second, we fit a AR(1) model using the maximum-likelihood method in the “arima” 

function in R to characterize temporal variability in solute chemistry (R Core Team 2017). 

We used coefficients and the AIC of models to compare variability among streams. Finally, 

principal components analysis (PCA) was used on centered and unit variance-scaled data to 

assess both variability and co-variance among solutes within the streams using the 

“princomp” function in R (R Core Team 2017). Correlation matrices were created using the 

Pearson’s product-moment correlation method in the “ecodist” package in R with a 

significance value of p < 0.05 (Goslee and Urban 2007). We performed all analyses in R 

version 3.4.1 (R Core Team 2017). 

 

3.3 Results 

3.3.1 Land cover 

We intended to select a study population of watersheds where % development was 

within a narrow range (~15-25%) while including the maximum observed variation in linear 
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development features (pipes and roads) and the degree of land cover aggregation. We were 

successful in the first goal, with none of the linear features correlating with 2011 NLCD 

estimates of development (Table 5). We were less successful in eliminating this relationship 

with land cover aggregation, as mean forest patch size and all estimates of development 

aggregation were significantly correlated with % development (Table 5). The NLCD based 

estimates of % development that we used to select our study catchments underestimated the 

% ISC we later calculated using 2015 planimetric maps, and we were surprised to find that 

the NLCD and planimetric estimates were not significantly correlated with one other (df = 

19, r = 0.11, P = 0.635, Figure 20). Independent estimates of road length density and 

stormwater pipe density were both very strongly positively correlated with the planimetric 

based % ISC estimates (df = 19, r = 0.89 & 0.74 respectively P < 0.01, Figure 20) and each 

other (df =19, r = 0.81, P < 0.01).  

The density of stormwater inlets to the stream channel was very strongly correlated 

with stormwater pipe density (df = 19, r = 0.90, P < 0.01, Table 13). Sewer and manhole 

densities were almost entirely uncorrelated with other landcover metrics besides one another 

and the development aggregation index. Across our road and pipe density gradient we saw a 

decline in both the proportion of watershed forest cover (1-48% forested) and in the average 

size of forest patches (from 14 to < 1 as % of WS area). For further land cover variables 

correlations, see Table 13.  

3.3.2 Specific conductance regimes 

There was little variation in the median values of specific conductance (SC) across all 

study streams (n=20, 96 to 323 µS/cm) but an order of magnitude variation between peak 



 

51 

SC values. The 99th quantile of SC ranged from 131 to 2023 µS/cm across these 20 streams. 

This variance, described as the coefficient of variation (CV) of SC was not correlated with % 

development (2011 NLCD) (Figure 5). Instead, road length density explained 41% of the 

variation in the CV of SC across all study streams (P = 0.0014, df = 18, slope = 0.13).  

Road density explained even more of the variation in SC once we accounted for 

differences in ecoregions. Median SC values were 38% higher in TB than in CSB-NOP 

streams. Within the Triassic Basin watersheds road length density explained nearly all the 

variation in the CV of SC (����
� = 0.87, P < 0.01, df = 5) while it explained 63% of the 

variation across our CSB-NOP streams (����
� = 0.63, P = 0.0007, df = 11). The slope of this 

relationship varied between the basins, with a shallower slope in the Triassic Basin than 

CSB-NOP streams (slope = 0.21 & 0.05, respectively). 

Stream SC spikes were only observed during the winter. Almost every SC value 

greater than 1000 µS/cm recorded across all streams was measured in January or February 

usually following road salting (Figure 5). Otherwise, SC was diluted with each storm, 

recovered to previous SC concentrations within a few days, and stayed relatively stable until 

the next storm. The temporal dynamics of specific conductance were thus strongly tied to 

the temporal dynamics of streamflow. For the subset of streams for which we have 

established rating curves (n=8) we found that CVSC-CVQ values were significantly positively 

correlated for all but one stream during the summer months (June to August). The exception 

to this the TB stream with the highest road density (Figure 21). During the winter months 

(December to February), this relationship was not significant in three streams (two NOP, 

one TB), all of which had high road densities (> 8 km/km2).  
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Figure 5: Time series representing five-minute interval specific conductance and temperature data  at 
the outlet of four study catchments with inset watershed maps. Triassic Basin catchments are shown 
in red and Carolina Slate Belt-Northern Outer Piedmont catchments are shown in blue (A). 
Relationships between the coefficient of variation (CV) of specific conductance across study and end 
member (EM) catchments (B). Regression lines are only shown for significant (P < 0.05) relationships 
across study catchments. 
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Using structural equation modeling we found that three explanatory variables 

explained 68% of the variation in both median SC and in the CV of SC across study streams 

(df = 3, ����
� = 4.450, P = 0.217, Figure 4). Median SC was most strongly negatively 

influenced by catchment pipe density. Forest aggregation index negatively influenced both 

median and the CV of SC. A positive indirect pathway from road length density to the CV 

of SC was mediated by pipe density within the catchment. 

 

Figure 6: Structural equation model of dominant controls on the median and coefficient of variation 
(CV) in specific conductance (SC) across study catchments. 

3.3.3 Baseflow Chemical Regimes 

We observed high temporal variability within and among streams in baseflow solute 

concentrations (Table 6). Variation in baseflow solute concentrations was aseasonal (Figure 
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22). Maximum solute concentrations observed within study streams exceeded maximum 

concentrations observed in high development intensity end member (EM) streams for Cl-, 

SO4
2-, NO3

--N, NH4
+-N, Mg2+, and baseflow SC. Across all study streams, NO3

--N, NH4
+-N, 

Cl-, and SRP were the most variable baseflow solutes with the highest mean CV (Table 14). 

Apart from NH4
+-N, cations tended to be less variable at baseflow than anions.  

Table 6: Baseflow solute chemistry and correlation matrix. 

  
Solute Chemistry (mg/L): 

2014 WY & 2015 WY (n=20) 
Solute Chemistry (mg/L): 

2016 WY (n=6) 
  Cl- SO4

2- Br- SRP NO3
--N NH4+-N TDN SC Na+ K+ Mg2+ Ca2+ 

St
re

am
 

M
ax

 

Low EM 27.2 17.0 0.21 0.035 0.25 0.14 0.47 186 13.7 2.3 4.6 16.9 
min 21.8 10.0 0.23 0.026 0.592 0.027 0.76 131 14.0 3.7 4.2 13.2 
max 671.0 159.6 14.47 0.518 12.509 0.407 4.58 4035 29.5 6.0 16.2 42.4 

High EM 522.5 98.9 65.44 1.88 6.28 0.39 18.67 2243 45.9 17.2 14.6 50.7 

St
re

am
 

M
ea

n 

Low EM 10.9 4.2 0.09 0.007 0.085 0.008 0.21 110 10.0 1.2 3.6 11.6 
min 6.5 3.6 0.10 0.008 0.158 0.006 0.27 95 8.5 2.0 2.9 10.3 
max 36.4 39.9 0.44 0.166 2.114 0.082 2.10 306 17.1 3.2 9.0 27.5 

High EM 31.4 18.5 0.98 0.073 0.711 0.064 1.10 316 23.7 8.1 7.9 32.7 

TB 
mean 15.1 16.0 0.29 0.038 0.321 0.038 0.58 249 12.7 2.5 7.6 22.0 

sd 2.2 11.1 0.09 0.057 0.119 0.012 0.15 40 4.1 0.6 1.5 4.8 

CSB- 
NOP 

mean 18.5 8.8 0.18 0.022 0.654 0.022 0.75 171 12.0 2.3 3.2 12.6 
sd 9.1 6.1 0.10 0.010 0.532 0.022 0.47 52 3.0 0.3 0.5 2.9 

C
or

re
la

tio
ns

 

Cl- 1        0.83 - - 0.68 
SO4

2- - 1       0.88 0.82 - 0.93 
Br- - 0.45 1      0.71 0.74 0.84 0.92 

SRP - - - 1     0.75 - - 0.77 
NO3

--N - - -0.49 - 1    - - - - 
NH4

+-N 0.42 0.47 0.50 0.45 -0.42 1   0.87 0.98 - 0.82 
TDN - - - - 0.93 - 1  0.71 0.67 - - 

SC 0.41 0.71 0.69 - -0.41 0.62 - 1 0.90 0.89 0.65 0.94 
Na+         1 0.88 - 0.83 
K+          1 - 0.78 

Mg2+           1 0.72 
Ca2+            1 

Note: SC is the daily mean in the stream on the same date as the grab sample. “sd” = standard 
deviation 

Across all study streams, mean ion concentrations surpassed the range between high 

and low development intensity end member streams for all ions except Br-, Na+, K+, and 
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Ca2+ (Table 6). Mean baseflow SC on the same date as the grab samples was positively 

correlated with almost every ion apart from a negative correlation with NO3
--N and a lack of 

a relationship with SRP and TDN. Instead, TDN was strongly positively correlated with 

NO3
--N (r = 0.93, P < 0.05), but not with NH4

+-N. NH4
+-N was positively correlated with 

almost all other measured ions apart from a negative correlation with NO3
--N and a lack of 

correlation with Mg2+. NO3
--N was the only anion not correlated with at least one cation. 

We observed differences by ecoregion in the variability and mean of baseflow solute 

concentrations between ecoregions. Mean SO4
2-, Br-, SRP, NH4

+-N, Mg2+, and Ca2+ 

concentrations were elevated in the TB streams by a factor of at least 1.5 relative to CSB-

NOP streams. Baseflow SC and Cl- were more than twice as variable in CSB-NOP streams, 

while NO3
--N was more than twice more variable in TB streams. 

Correlations among mean solute concentrations and land cover attributes were 

solute specific (Table 7). Cl- was negatively correlated with metrics of forest aggregation, but 

not significantly correlated with development aggregation. SO4
2- was only correlated with 

stormwater pipe, sewer, and manhole density. Br- tended to be correlated to the density of 

linear features. SRP was only positively correlated with road length density and negatively 

correlated with forest AI. NO3
--N tended to correlate positively with linear features, and 

negatively with aggregation metrics. TDN was only positively correlated with road area 

density, yet negatively correlated with aggregation metrics. Na+ was not correlated with any 

landscape attribute, and neither were Mg2+ or Ca2+ apart from a negative relationship with SS 

slope and a positive correlation between catchment area and Mg2+. K+ had an almost 1:1 

relationship with road length density and was strongly negatively correlated with forest 

aggregation metrics. 
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Table 7: Mean solute chemistry correlations (log-transformed) with landcover variables. Correlations 
are only shown if p < 0.05. Correlations greater than 0.9 are in bold. 

  
Mean Solute Chemistry (mg/L): 
2014 WY & 2015 WY (n=20) 

Mean Solute Chemistry 
(mg/L): 2016 WY (n=6) 

  Cl- SO42- Br- SRP NO3--N§ NH4+-N TDN§ SC Na+ K+ Mg2+ Ca2+ 

A
re

a 
C

or
re

la
tio

n %Dev. 2011 - - - - - - - - - - - - 

SS Area - - - - -0.61 - -0.55 0.41 - - 0.80 - 

%ISC 2011 - - - - - - - - - - - - 

PM %ISC 2015 - - - 0.45 - - - - - 0.95 - - 

D
en

si
ty

 L
an

d 
C

ov
er

 
C

or
re

la
tio

ns
 

Road Length - - -0.44 0.44 0.52 - - - - 0.99 - - 

Road Area 0.49 - - - 0.48 - 0.50 - - 0.74 - - 

Open Channel - - - - - - - - - - - - 

Pipe - -0.39 -0.59 - 0.57 - - -0.46 - - - - 

Pipe:Open - - -0.40 - 0.50 - - - - - - - 

Sewer - 0.48 0.40 - - - - 0.43 - - - - 

Inlet - - -0.48 - 0.41 - - - - - - - 

Manhole - 0.42 - - - - - 0.41 - - - - 

F
or

es
t 

% SS - - 0.40 - -0.46 - - - - -0.81 - - 

CL - - - - -0.39 - - - - - - - 

AWM PA -0.40 - - - -0.53 - -0.49 - - - - - 

LPI -0.49 - - - -0.44 - - - - -0.76 - - 

AI -0.60 - - -0.48 -0.49 - -0.59 - - -0.86 - - 

D
ev

. 

CL - - - - - - - - - - - - 

AWM PA - - - - -0.43 - - - - - - - 

LPI - - - - -0.50 - -0.52 - - - - - 

AI - - - - - - - - - - - - 

 SS Slope 0.54 - - - - - - - - - -0.88 -0.84 

 
% NLCD 

Open Dev. 
0.42 - - - - - - - - - - - 

 Dist. to S/P/R - - 0.56 - 0.41 - - 0.47 - -0.83 - - 

 # S-R Inters. - - - - -0.60 - -0.47 - - - - - 

Note: See Table 5 for abbreviations. § Correlations excluded the outlier W117 to meet assumptions of 
normality 

Within stream variation of solute concentrations (CV and AR(1)) were more 

correlated to different land cover variables than mean baseflow solute concentrations (Table 

16, Table 17). The CV of Cl and baseflow SC were positively correlated with the density of 

almost all linear features apart from open channels, sewers, and manholes. However, 

variation between consecutive sampling dates had few correlations with development 

attributes. SO4
2- variability was positively correlated with development correlation length 
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across the entire time series and among measurement dates. The CV of Br- and SRP were 

not correlated with any landcover attribute and SRP was more variable with increasing 

catchment slope. NO3
--N and TDN variability were also correlated with almost no landcover 

attribute apart from sewer density. The CV of NH4
+-N was positively correlated with 

development (% ISC) and road, pipe, and inlet density. Baseflow Na+ variability followed a 

similar correlation pattern as Cl-, while K+, Mg2+, Ca2+ were not correlated with almost any 

landcover attribute. 

 

Figure 7: Structural equation model of dominant controls on nitrate (NO3--N) and total dissolved 
nitrogen (TDN) concentrations across study catchments. 

Using structural equation modeling, we found four explanatory variables that could 

explain variation in NO3
--N and TDN (df = 16, ���	


� = 19.883, P = 0.226, Figure 7). A 
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positive indirect pathway from road length density to NO3
--N was mediated by pipe density 

and explained 24% of the variance in NO3
--N. TDN was also influenced by a positive 

indirect pathway from road length density, but with an additional intermediate variable of 

inlet density which explained 23% of the variance. It also was negatively influenced by 

catchment forest aggregation index.  

In a subset of sites (n=8) chosen along a road density gradient, mean export of major 

anions and cations at baseflow during the 2016 water year was highly variable (Figure 8). The 

greatest cation export increases between TB and CSB-NOP streams were in Ca2+, Mg2+, and 

Na+, while the greatest anion increases were SO4
2- and Cl- export. TB streams tended to have 

higher mean ion export at baseflow than CSB-NOP streams apart from R2 (W26). The high 

EM stream (WGC) had the highest mean export, but the low EM stream (WMT) had greater 

baseflow export than four of the six study streams. 

Baseflow solute concentrations in ordination space showed increasing variability in 

multivariate baseflow chemical concentration space with increasing road density (Figure 8). 

The ordination of mean baseflow chemistry of major anions and cations in eight streams 

explained 60% of the total variation. 39% of that variation was explained by the first 

principle component axis that was most strongly significantly correlated with SO4
2- (r = 

0.88), Na+ (r = 0.86), Ca2+ (r = 0.79), K+ (r = 0.72), and Cl- (r = 0.69). The second principle 

component axis explained 21% of the variation and was most strongly significantly 

correlated with TDN (r = 0.85) and NO3
--N (r = 0.73) concentrations. The correlation 

vectors of mean daily discharge (Q) and SC were orthogonal to each other. Increasing Q was 

most strongly correlated with PC axis 2 (r = 0.27, P < 0.05), while SC was most strongly 
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correlated with PC axis 1 (r = 0.89, P < 0.05). Variability within the ordination space 

increased along both axes with increasing road density (Figure 8).  

 

 

Figure 8: Mean ionic export (meq) from October 2015 to October 2016 across six study catchments 
chosen along a road density gradient (R1 to R6), a low end member (EM) catchment, and high EM 
catchment (A). Catchment identities are: Low = WMT, R1 = W22, R2 = W26, R3 = W79, R4 = W130, 
R5 = W207, R6 = W13, and High = WGC. Principal component ordination of solute concentrations 
(mg/L) on all dates across the same eight catchments and time period (B). Solute correlation vectors 
are shown in light grey. Correlation vectors of mean daily discharge (Q) and specific conductance 
(SC) on the day of streamwater sampling are shown in red. 

 

3.4 Discussion 

As low-lying points in the landscape, streams are particularly hard hit by catchment 

urbanization as they are the recipients of high-velocity stormwater runoff and the chemicals 

that comprise it. It has been well established that watershed urbanization leads to more rapid 
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routing of precipitation directly into streams during storms and reduced infiltration into 

soils, generating higher peak flows and altered baseflows (Leopold 1968; Walsh et al. 2005; 

Bernhardt et al. 2008). The remarkable “chemical flashiness” that accompanies these 

alterations in baseflow and stormflow routing and timing have received far less attention. In 

this study, we found that increases in road and pipe density lead to increasingly chemically 

distinct stormflows and baseflows. This enhanced bimodality of both flow and chemistry 

leads to more variable chemical regimes in watersheds where linear urban infrastructure 

(roads and pipes) connects impervious surfaces with streams.  

Despite being within a single metropolitan area, our survey spanned three 

ecoregions. We found that underlying geology imprinted differences on streamwater ion 

concentrations that were detectable despite the strong urban signals of high nutrient and salt 

concentrations. We were able to explain substantially more variation in the specific 

conductance regime by accounting for this hydrogeomorphic context. Our work adds to a 

growing body of literature that recognizes the influence of land use legacies and geologic 

setting on the magnitude of urban stream hydrologic, chemical, and biological responses 

(Cuffney et al. 2010; Parr et al. 2016; Utz et al. 2016). As we expand our understanding of 

the chemical shifts in urban streams, it will be important to establish reference conditions 

that take the hydrogeomorphic context into account. 

3.4.1 Loading of materials 

 Conservative solutes added to roads are routed rapidly and efficiently to 

receiving streams. Structural equation modeling found that the combination of roads and 

stormwater pipes explained nearly 70% of the variation across streams in both median 
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specific conductance (SC) and its variance. Configuration attributes were less effective at 

predicting chemical variation, though larger forest fragments sizes were negatively correlated 

with both median SC and its variance. Unlike the northeastern United States, groundwater in 

urban areas in the southeast does not tend to be highly saline and therefore the contributions 

of surface loading of salts were easily detectable. For solutes in excess of biological demand 

at baseflow, the relationship between mean concentrations and development attributes 

depended on the source. We found a nearly one to one relationship between mean 

potassium (K+) concentrations and road density in the subset of our streams (n = 6) for 

which we analyzed cations.  We speculate that this strong association between roads and K+ 

may reflect the transport of excess fertilizer (typically N-P-K) from lawns to urban streams. 

Unlike other non-limiting solutes, stream sulfate concentrations tend to be elevated in our 

urban streams (Hassett et al. In press) but were not correlated with roads. Instead sewer 

density and the density of sewer manholes near the stream channel were the best correlates 

of sulfate concentrations, suggesting that this urban signal is likely derived from leaks in the 

sanitary sewer systems. 

Relationships between urban development attributes and the chemical regimes of 

receiving urban streams were more difficult to detect for non-conservative solutes. Our best 

models of land cover attributes were able to explain less than 25% of the variation in median 

nitrate or total dissolved nitrogen concentrations.  We were unable to find any combination 

of land cover variables that could explain the variation in stream ammonium concentrations 

using structural equation models. Unlike other studies, we did not see any seasonality in 

streamwater nitrogen concentration that could help identify its source. In Minneapolis, 

(Hobbie et al. 2017) measured large autumn nutrient pulses into streams associated with 
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litterfall and other northern systems see large nutrient and salt pulses associated with 

snowmelt (Bratt et al. 2017), but these types of pulses are not seen in our Raleigh-Durham 

area streams, likely because of greater biological demand for N throughout the year in these 

southeastern watersheds. It is likely that the wide variation in nutrient concentrations across 

these streams is tied to differences in loading for which we have no data. Work in other 

urban systems has documented that both differences in fertilizer application (Groffman et al. 

2004), sewer infrastructure age (Divers et al. 2013; Pennino et al. 2016), and pet density and 

pet waste removal habits (Baker et al. 2007; Hobbie et al. 2017) can drive watershed scale 

patterns of N and P export. 

Solute specific behavior within urban catchments leads to variability in the unique 

‘chemical fingerprints’ of urban streams. The degree of autocorrelation amongst solutes 

within this complex chemical mixture can help identify sources. At the same time, 

acknowledging how urban streams shift through different regions of this chemical space 

seasonally and over the course of storms will improve our understanding of the stresses 

placed on urban stream biota. We found that chemical variability of solute concentrations in 

multivariate space expanded with road density. As road density increased streams were 

increasingly bimodal in their chemical regimes, shifting from periods of high nutrient 

concentrations to periods of high ionic strength. This pattern for our higher road density 

watersheds is similar to what has previously been reported for the highly urbanized 

Anacostia River as it passes through Washington, D.C. (Connor et al. 2014) despite being in 

a far less developed watershed. It does not appear in our sites that salinity is extracting 

nutrients from riparian soils, a mechanism that has been reported as an important source of 

excess nutrients to urban streams in Baltimore (Duan and Kaushal 2015).  
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3.4.2 Routing of materials 

The efficiency by which loaded materials are routed off the landscape and into 

streams is dependent on the location of the loading. We found the strongest individual 

predictor of variation in SC to be roads where salt is both loaded and routed to streams. 

However, when we assessed the relative importance of correlated explanatory land cover 

variables within a SEM framework, we found that the inclusion of pipe density in the model 

eliminated the direct effect of roads on SC variability. This highlights the importance of 

direct hydrologic connectivity on urban streamwater chemistry (Hatt et al. 2004). 

However, hydrologic connectivity within urban headwater catchments is extremely 

heterogeneous. A detailed study within one of our Durham watersheds demonstrated that 

direct connection between roofs via gutters and roads via stormwater pipes can contribute 

disproportionately to watershed export of nitrogen and carbon compared to less connected 

lawns or open spaces (Fork et al. 2018). An understanding of the routing potential of 

different solutes may improve our inference of how well different materials are retained 

within urban catchments. 

3.4.3 Watershed management implications 

While road and pipe density were strongly positively related to the variance in stream 

conductivity values, pipe density was negatively correlated with median conductivity. This 

suggests that development features which efficiently route solutes from impervious surfaces 

to streams are at the same time reducing their transfer into groundwater and thus reducing 

baseflow concentrations of these urban contaminants. Janke et al. (2013) and Hobbie et al. 

(2017) suggested there may be a similar tradeoff in watersheds in Minneapolis, where excess 
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nitrogen is not being exported as stormwater runoff and may instead be leaching into already 

N enriched groundwaters. More compact development, where the same impervious cover is 

connected with the absolute minimum extent of roads and pipes, should reduce the export 

of solutes from impervious surfaces. At the same time, a reduction in roads and the area 

occupied by development is also likely to reduce loading to the watershed and thus to 

groundwater.   

3.4.4 In-stream implications 

 Beyond the physical stressors associated with hydrologic flashiness, chemical 

and thermal stressors both during stormflow and baseflow can create nearly inhospitable 

environments for sensitive benthic biota as summarized by the urban stream syndrome 

(Walsh et al. 2005). Even within landscapes with predominantly low to intermediate 

development intensity such as the Triangle region of the NC Piedmont, almost every stretch 

of stream is impacted by urbanization. (Somers et al. 2016) found that 98.9% of the stream 

length in Durham county was less than one kilometer downstream from a stormwater 

outfall, shorter than the average distance traveled by thermal pulses. Since heat dissipates far 

more rapidly than all but the most limiting nutrient, this represents a minimum estimate of 

contaminant transport. Somers analysis in combination with the work we report here suggest 

that there is no refugia from the chemical flashiness problem of urban streams anywhere 

within Durham county and similar areas of sprawling suburban development.  

The high temporally variability in water chemistry we report here also suggests that 

classic monitoring approaches will regularly fail to document the true impact of urbanization 

on stream chemistry. In a subset of our study streams, we found that macroinvertebrate 
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body burden of heavy metals increased significantly along a gradient of road and pipe 

density, even though we could not detect any trend in water column or sediment trace metals 

across these same streams (Baruch et al. In review). These results suggest that we might take 

advantage of tissue body burdens of contaminants within tolerant and ubiquitous taxa as a 

way of getting an integrated measure of the noisy signal of contaminant loading in urban 

streams. 

For non-conservative solutes, the signal of urbanization in streamwater is mediated 

by in-stream uptake and remineralization rates. Nitrogen concentrations are influenced by 

metabolism in urban streams (Duncan et al. 2017; Ledford et al. 2017) and in turn, elevated 

nitrate and phosphate concentrations increase metabolism (Larsen and Harvey 2017). We 

have measured frequent hypoxic events during baseflow in a subset of these streams 

(Blaszczak et al. In review). These hypoxic conditions provide ideal conditions for the 

remobilization of phosphorous and other elements bound to sediments while also 

promoting the accumulation of ammonium and the removal of nitrates via inhibiting 

nitrification and stimulating denitrification.   

 

3.5 Conclusions 

As streams lose their functional capacity to retain and transform nutrients and 

carbon, the impacts of urbanization on downstream freshwater ecosystems is exacerbated. 

Unlike the thermal pulses studied by Somers et al. (2016) which dissipate quickly, 

contaminants are either shunted downstream (e.g., Kaushal and Belt 2012) or retained within 

both the sediments (Makepeace 1995) and biota (Baruch et al. In review). The longitudinal 
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accretion of ions loaded from nonpoint source runoff with increasing stream order adds an 

additional layer of complexity to the urban chemical regime in larger urban rivers (Kaushal 

and Belt 2012; Kaushal et al. 2014a, 2017). Urban geochemistry is more than just the sum of 

its solutes, and more work is needed to understand the sources, transport, transformations, 

and fate of solutes in urban environments (Chambers et al. 2016). 

Urban land cover is projected to primarily increase in small to medium sized cities 

over the next several decades (Redman and Jones 2005). Adopting “smart” urban growth 

strategies has the potential to create an inflection point in the relationship between 

increasing urban population density and decreasing water quality. Urban ecology should not 

only direct research efforts to righting the wrongs of past development through retrofitting, 

but also equal effort towards understanding how to design and manage new urban 

development which maximizes capacity while minimizing nonpoint source impacts 

(Bernhardt et al. 2008; Pickett et al. 2016). Reducing the role of river networks as 

propagators of urban impacts beyond city limits will be an important step towards 

constraining the overall footprint of cities. 
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4. Too much or too little: the bimodal dynamics of  
urban stream ecosystems 

Joanna R. Blaszczak, Joseph M. Delesantro, Dean L. Urban, Martin W. Doyle, & 
Emily S. Bernhardt, in review (submitted to Limnology and Oceanography) 

4.1 Introduction 

The flow regime of a stream is one of the dominant physical processes that governs 

its bioenergetic capacity. Modification of the characteristics that define a stream’s natural 

flow regime (Poff et al. 1997) can alter stream morphology (Wolman 1967; Arnold et al. 

1982; Trimble 1997), the composition of biotic communities (Power et al. 1988), and 

ecological processes (Stanley et al. 2010) within streams. Forecasts for hydroclimatic change 

in the twenty-first century predict greater variability in precipitation across the globe (Milly et 

al. 2005) leading to altered drought and flood disturbance regimes with unclear consequences 

for lotic ecosystems. 

Stream ecosystems draining highly urbanized areas are some of the most extreme 

cases of altered hydrologic regimes (Konrad and Booth 2005; Walsh et al. 2005). The 

hydrology of urban streams tends to be ‘flashy’, having an increased frequency and 

magnitude of erosive flows during storms of all sizes (Leopold 1968; Booth and Jackson 

1997). These flows are large enough to cause hydraulic disturbance to biota (Wang et al. 

2000; Roy et al. 2005; Walsh et al. 2005) and cause channel incision and bank erosion 

(Wolman 1967; Arnold et al. 1982; Trimble 1997). While this has been shown to have a 

consistent negative effect on macro-organisms (Paul and Meyer 2001; Walsh et al. 2005), the 

impact on stream bioenergetics driven by the algae and bacteria that comprise biofilms are 

less clear (Wenger et al. 2009; Bernot et al. 2010; Kaushal and Belt 2012). Urban catchments 
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provide an opportunity to study streams that span a wide range in hydrologic flashiness 

within a small physiographic region because the impacts of urbanization on flashiness are 

highly variable at intermediate levels of development (Somers et al. 2013). 

The bioenergetic capacity of a stream can be characterized by whole-stream 

metabolism which integrates the total energetics of all autotrophic and heterotrophic 

organisms in a reach (Odum 1956; Hoellein et al. 2013; Bernhardt et al. 2017b). Metabolism 

is sensitive to physical habitat characteristics (Battin et al. 2008), chemical and light 

conditions (Mulholland et al. 2001; Bernot et al. 2010), and disturbances related to flooding 

(Uehlinger 2000; Acuña et al. 2004; Roberts et al. 2007; O’Connor et al. 2012). In addition to 

an increase in hydrologic flashiness, urban streams also tend to have an increased supply of 

limiting nutrients (Paul and Meyer 2001; Walsh et al. 2005). It is difficult to predict the 

cumulative impacts of these changes on gross primary productivity (GPP), an estimate of 

total autotrophic activity, and ecosystem respiration (ER), an estimate of total heterotrophic 

activity. Frequently disturbed biofilms recover algal Chlorophyll-a faster following 

perturbation (Katz et al. 2017), but previous studies have shown urban streams to be net 

heterotrophic (Uehlinger 2000; Uehlinger et al. 2002) and primarily disturbance constrained 

(Beaulieu et al. 2013; Larsen and Harvey 2017; Reisinger et al. 2017). 

Understanding the flow regime of a stream without an understanding of its 

geomorphology is inadequate to characterize its disturbance regime (Doyle et al. 2005; 

Stanley et al. 2010; Peckarsky et al. 2014). The severity of a flood as a disturbance is 

determined not only by the intensity of the hydrologic flow, but also by channel 

geomorphology since habitats vary in their susceptibility to perturbation. In small headwater 

streams, most of the productivity occurs on the streambed (Battin et al. 2008). Therefore, 
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the physical instability of a streambed is an important factor in suppressing biofilm 

development (Biggs and Thomsen 1995; Uehlinger et al. 2002; Hoyle et al. 2017; Katz et al. 

2017).  

Yet, the relative importance of light availability and conditions in between storms as 

compared to the frequency of disturbance in urban streams for determining stream 

metabolism is not well understood. Channel incision and piping within the urban stream 

channel network (Hope et al. 2013) can reduce the cumulative light that reaches the channel 

surface. Water column turbidity, which is typically elevated in streams draining managed 

landscapes, can cause light extinction in the streamwater column long after storm flows have 

receded, suppressing productivity within rivers (Izagirre et al. 2008; Hall et al. 2015). In 

addition, reduced baseflows are often observed in urban streams due to decreased infiltration 

in catchments, which has the potential to create favorable conditions for hypoxia with 

implications for carbon processing (Kaushal et al. 2014b; c).  

In this study we identify the dominant controls on the metabolic regimes of urban 

streams across a gradient of hydrologic flashiness in six urban headwater streams. We pair 

whole stream metabolism modeling based on continuous dissolved oxygen at a single-station 

with site-specific measurements of the light regime at the channel surface, channel 

geomorphology, and the water chemistry of each stream. We predicted that variation in GPP 

within streams would be primarily controlled by light availability, but that variation among 

streams would be constrained by disturbance regimes. 
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4.2 Methods 

4.2.1 Site description 

We monitored six streams draining urbanized catchments in the cities of Durham 

and Raleigh, North Carolina, USA (lat 35-36° N, long 78-79° W). These streams drain 

catchments that were part of a larger study investigating urban headwater stream hydrologic 

and chemical regimes. Catchment area was delineated using the National Hydrography 

Dataset Plus version 2 (Horizon Systems Corporation 2014). Catchment impervious surface 

cover (ISC) was estimated using the 2011 National Land Cover Dataset (NLCD) Percent 

Developed Imperviousness data product (Homer et al. 2015) and 2015 one meter resolution 

planimetric maps (City of Durham Public Works 2010; Wake County Government 2013). 

After two years of monitoring the hydrology and chemistry of the streams, we chose a subset 

of six out of 24 to span the widest possible range in hydrologic flashiness, as calculated by 

the Richards-Baker Index (Baker et al. 2004) normalized to catchment area as described 

below (S1 – S6 in Figure 9). Streams were reordered from F1 to F6 due to slight shifts in 

hydrologic flashiness for the 2016 water year as described below. Study catchments range in 

size from 60 to 231 ha and have similar proportions of NLCD characterized ISC ranging 

from 7 to 16% and planimetric characterized ISC ranging from 17 to 39% (Table 8). 

Undeveloped areas in the catchments are dominated by forest cover, comprised of a mix of 

deciduous forest and pine stands (Griffith et al. 2002a). The region is characterized by a 

subtropical, humid climate with a mean annual precipitation of 1118-1219 mm yr-1 that falls 

primarily as rain apart from occasional winter snowfall (Griffith et al. 2002a).  
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Figure 9: Map of river network across study area with study catchments delineated  in purple and 
rivers in grey. County names are shown in all capitals. Inset map of North Carolina shows location of 
study area with yellow star. Inset bar graph shows the Richard’s Baker Index (RBI) normalized to 
catchment area based on 10-minute discharge timeseries data for the 2015 water year (01 October 2014 
to 30 September 2015) in each of the six streams monitored in this study. Labels next to each 
catchment list the flashiness rank of streams in 2015 (S1 to S6) and 2016 (F1 to F6). 

 

Durham and Raleigh, North Carolina are positioned at the intersection of multiple 

EPA level-IV ecoregions (Griffith et al. 2002a). Four out of the six study catchments (F1, 

F2, F3, and F6) are in the Triassic Basin (ecoregion 45g), which is characterized by deep, 

low-permeability clay soils. The remaining two catchments (F4 and F5) are in the Northern 

Outer Piedmont (NOP) basin (ecoregion 45f), which has shallow soils overlying slate 

bedrock. These differences are reflected in steeper channel gradients and more exposed 

bedrock in the stream channel in NOP basin streams relative to Triassic basin streams. The 
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low clay permeability in the Triassic basin leads to reduced baseflows in the summer which 

are less frequently observed in streams draining NOP basins. 

4.2.2 Field and laboratory measurements 

We characterized the channel geomorphology of the streams by surveying the bed 

material and channel geometry. Bed material was surveyed from 03 March to 28 April 2017 

using a modified Wolman pebble count method (Wolman 1954). Within a 100-meter reach 

upstream of the dissolved oxygen (DO) monitoring station, we delineated pool and riffle 

reaches. The number of channel cross sections within each reach type was proportional to its 

cumulative longitudinal length within the surveyed area. Cross-section locations were 

random within evenly distributed length of reach type. Cross sections were not performed 

within culverts. Within each cross-section we used a gravelometer to record the width of the 

intermediate axis of a particle chosen blindly at 0, 10, 30, 50, 70, 90, and 100% of the 

bankfull width. Measurements made at 0 and 100 were excluded from final calculations of 

the median grain size (D50) due to the frequent interference of vegetation. Channel geometry 

was assessed in November 2017 using a survey station (Trimble Inc, Sunnyvale, California, 

USA). The longitude, latitude, and elevation of the top of the left and the right banks and the 

deepest point in the stream channel were surveyed approximately every 10 m for up to 100 

m upstream of the dissolved oxygen (DO) sensor location. 

To assess benthic biofilm growth and Chlorophyll-a (Chl-a) concentrations, algal 

sampling tiles were repeatedly collected and deployed every two weeks from March to 

August 2016. Samplers consisted of two unglazed clay tiles (14.7 x 7.1 cm) cemented with 

waterproof sealant to a Plexiglass sheet which was strapped to the top of cement blocks. 
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Blocks were deployed within 5 m upstream of the DO sensor location and in the least 

shaded spot in the channel. Upon collection, tiles were carefully removed from the Plexiglass 

and slid into one-liter acid-washed glass jars and kept in a dark cooler until being 

immediately processed upon return to the laboratory. Both tiles were scrapped using a razor 

and the tile and jar were rinsed onto pre-weighed Whatman GF/F filters. One filter per 

stream site was dried at 60ºC for at least 48 hours to determine dry mass, and then 

combusted at 500 ºC for 4 hours to determine ash-free dry mass (AFDM). The other filter 

was folded with the filtrate inward, wrapped in aluminum foil, and frozen at -20 ºC until 

analysis of Chl-a in August 2016. Chlorophyll was extracted by submerging filters in 10 mL 

of 90% ethanol in 40 mL amber glass vials and partially immersing vials into a 78 ºC water 

bath for 5 minutes. Extracts cooled down at room temperature before analysis on a 

spectrophotometer (Jenway Model 6305, Stone, Staffordshire, United Kingdom). 

Absorption measurements were set to 665 nm for Chl-a and 750 nm for a turbidity 

correction. Measurements were taken before and after a 100 µl HCl addition to 3.75 mL of 

chlorophyll extract. Chl-a concentrations (mg/cm2) were calculated using the following 

equation: 

 

�ℎ − � =  
�� ������  – ������� x 28.66 x Sample Volume x Extractant Volume

./01213 4567�891 :;581 × =/1 �21�
 

 

Where Abefore is absorbance corrected for turbidity before acidification, Aafter is absorbance 

corrected for turbidity after acidification, and 28.66 is the absorbance coefficient for Chl-a 

(Sartory and Grobbelaar 1984).  
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We measured DO continuously from 01 October 2015 to 30 April 2017 at five-

minute intervals with optical DO sensors (Onset HOBO U26, Bourne, Massachusetts) at a 

single station. We calibrated DO sensors every six months after replacing the sensor cap by 

bubbling ~40 L of water at room temperature through an aquaculture air stone to achieve 

saturated water. We waited 10 minutes before recording the point of 100% saturation to 

avoid calibrating with supersaturated water. To calibrate to 0% saturation, the sensor was 

immersed in sodium sulfite solution. DO sensors were deployed horizontally strapped to 

cement blocks with the sensor cap facing downstream. To minimize biofouling, sensor caps 

were brushed gently with a toothbrush once a week during the spring and once every two 

weeks the rest of the year. Copper wire casings were occasionally used during short periods 

in the spring as another effort to minimize biofouling.  

During the same interval and within the same stream reach as the DO sensor, we 

measured water level and temperature every five minutes with a pressure transducer (Solinst 

Levelogger EDGE, Georgetown, Ontario). We measured barometric pressure using pressure 

transducers at locations within eight km of every stream. Precipitation data was used from 

three distributed USGS rain gauges (0208732534, 360419078543145, 355511078570745). 

Sensor data were downloaded approximately every two weeks. Any missing dates of level or 

temperature data due to sensor failure were gap filled using relationships developed with 

other sites if possible. We developed level-discharge rating curves for each stream using a 

combination of dilution gauging, acoustic doppler velocity measurement (Marsh-McBirney 

Flo-Mate, Frederick, Maryland) and acoustic doppler profiling (SonTek IQ+, San Diego, 

California). All discharge rating curves were based on at least ten discharge measurements 

across each curve. We addressed the challenge of estimating extreme peak flows in our 
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urban streams (especially for F4-F6) by solving for peak flow using stage from winter storms 

during wet periods. We only used stage from storms which did not exceed bank full and 

used the existing discharge rating curve to solve for flow assuming a rainfall to runoff ratio 

of one. For any remaining points exceeding the upper limit on our rating curves, we set 

discharge peaks above 5.5 m-3 s-1 to that value (primarily for a single storm in F1). 

Five pendant lux sensors (Onset HOBO Pendant, Bourne, Massachusetts) were 

deployed at the DO sensor and at four 10-meter intervals upstream. Sensors were strapped 

horizontally to rebar positioned in the stream thalwag and cleaned on average once every 

two weeks. Lux measurements were compared across the 5 sensors within each stream to 

detect and remove periods of time in which the sensor may have had interference. Mean 

daily light reaching the surface of the channel measured as lux (lumens m-2 d-1) was averaged 

across all sensors and converted to photosynthetic photon flux density (PPFD; units: mol m-

2 d-1) using the following relationship based on the wavelength at 555 nm where lux is at 

peak absorbance (1 lumens m-2 = 683 W m-2) (Williamson and Cummins 1983): 

 

>>.? =
@5A ÷ 683

2.35
 

 

For periods of time missing measured light data, we gap filled using data from the 

North American Land Data Assimilation System (NLDAS; Mitchell 2004). NLDAS light 

data was only used for modeling purposes to determine the beginning and end of light 

availability each day. Turbidity was measured at five-minute intervals (Turner Design 

Cyclops 7, San Jose, California) from December 2015 to August 2016 in conjunction with 
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storm-based water samples. The turbidity sensor was calibrated with a formazin standard 

and measured as formazin turbidity units (FTU). 

Streamwater grab samples were taken approximately every two weeks by filtering 60 

mL of water from the thalwag upstream of any deployed sensors through Whatman GF/F 

filters into a PDFE bottle. Nitrate (NO3
--N) concentrations were measured on an ion 

chromatograph (ICS-2000) with a IonPac AS-18 analytical column and KOH eluent 

generator (Dionex Corporation, Sunnyvale, CA, USA). Soluble reactive phosphate (SRP) 

concentrations were measured on a Lachat QuickChem 8500 automated system (Lachat 

Instruments, Loveland, CO, USA) using EPA method 365.1. We measured ammonium 

(NH4
+-N) concentrations using the OPA fluorometric technique (Holmes et al. 1999) and a 

field fluorometer (10 AU, Turner Designs, Sunnyvale, California). Total dissolved nitrogen 

(TDN) and dissolved organic carbon (DOC) concentrations were measured with a TOC-V 

CPH with TNM-1 module (Shimadzu Corporation, Kyoto, Japan). 

4.2.3 Modeling metabolism 

We fit a Bayesian state-space model to estimate three parameters: GPP, ER, and the 

gas exchange rate coefficient normalized to Schmidt number of 600 (K600) using the 

“streamMetabolizer” package in R (Appling et al. 2017, 2018). Models for each stream were 

fit using single station 10-minute dissolved oxygen, temperature, light, depth, and discharge 

timeseries. In the simplest terms, models were fit using the following relationship among 

three volumetric process rates (g O2 m-3 d-1): 

 

3E�

30
= >� + �� + ?� 
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Where t is time, Pt is GPP, Rt is ER, and Dt is K600 over time. For further detail on of 

the process equations that generated the estimates of GPP, ER, and K600 , see Appling et al. 

(2017, 2018). The specifications of the Bayesian state-space model were set to incorporate 

both observation and process error and to use the trapezoid rule to solve the ordinary 

differential equation (ODE) for DO. We used Bayesian hierarchical partial pooling to pool 

K600 values based on days with similar discharge conditions to constrain variability in 

modeled K600 (Appling et al. 2018). Priors were set for each site based on an empirical 

relationship developed for headwater streams (Raymond et al. 2012), in which the standard 

deviation of the prior distributions of the piecewise function of Q to predict K600 was set to 

0.70 and the mean for each stream was separately calculated as: 

 

G
HH,J���(L�) = 4.77 + (0.55 × ln(Qℎ�RR1 7;91)) + (−0.52 × ln(81�R 3190ℎ)) 

 

To improve pooling performance, we set the half-normal standard deviation prior on 

the standard deviation of K600-K600,pred(Qd) to 0.05 d-1. Node centers were set to match the 

range of mean daily discharge.  

Even with constrained variability, modeled estimates of ER correlated strongly with 

K600 because of weak metabolic signals. Therefore, we took a three-step approach to 

modeling metabolism. First, we examined the model fits to the raw DO timeseries for every 

day. We removed days (4am to 4am) which had poor fits, reran the model with cleaned data, 

and reexamined the relationship between ER and K600. All sites but F1 and F2 still had a 
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strong correlation between the two parameters. Therefore, for streams F3, F4, F5, and F6 

we reran the model with the cleaned data, but only for days with GPP values above the 

mean for the entire timeseries. Finally, using the priors from the high GPP model, we reran 

the entire cleaned timeseries. Any remaining days with GPP estimates less than zero were set 

to zero and ER estimates above zero were set to NA. Following this approach, we reduced 

the strength of the correlation between K600 and ER for all sites except F4 and F5 (Figure 

23). 

4.2.4 Hydrologic & geomorphic calculations 

We calculated a suite of hydrologic metrics for the 2016 water year (01 October 2015 

to 30 September 2016) to characterize the flow regimes of the streams. Discharge time series 

were complete for the 2016 water year for all sites except F5, which is missing data before 19 

October 2015. Five-minute interval discharge data were aggregated to hourly data and 

divided by catchment area before calculating cumulative flow for the water year (mm). 

Velocity was calculated by dividing the discharge by the channel cross-sectional area. We 

used the “EcoHydRology” package in R to separate stormflow from baseflow with a filter 

parameter of 0.9 and 3 filter passes (Fuka et al. 2014). We calculated a subset of the seven 

fundamental streamflow statistics (FDSS) recommended by Archfield et al. (2014) for which 

only one water years’ worth of timeseries data was sufficient. The L-moments of the 

coefficient of variation (L-CV), skewness (L-Skewness), and kurtosis (L-Kurtosis) of hourly 

data were determined using the “lmomco” package in R (Asquith 2017). We calculated the 

autoregressive correlation coefficient (AR(1)) of discharge by fitting a first-order 
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autoregressive model using the “arima” function in R (R Core Team 2017) after removing 

the seasonal signal by subtracting the monthly mean from each day.  

The hydrology of urban streams is complex, characterized by extreme event flows 

and large variation in baseflows across gradients in geology and land use (Hopkins et al. 

2015). We were most interested in characterizing differences in extreme flows among sites. 

Therefore, we identified two metrics which describe the intensity of changes in the 

hydrologic regime during storms and used an average rank of the two to rank the study 

watersheds from F1 to F6. First, the Richards-Baker Index (RBI) characterizes the frequency 

and magnitude of event flows critical to hydrologic flashiness (Baker et al. 2004). We 

calculated RBI for each stream using ten-minute discharge timeseries data (Q (cms)) in the 

following equation: 

 

�ST =  
∑ |LW − LWX	|Y

WZ	

∑ LW
Y
WZ	

 ÷ ��0Qℎ81R0 �21� 

 

We normalized RBI values for each stream to catchment area to account for the 

influence of catchment size on the magnitude of RBI. Second, we calculated the number of 

peaks above the 75th quantile of flow (PeaksQ75). Peaks were only counted within the time 

series if they were at least four hours in duration and had a rising limb of at least one hour 

using the “findpeaks” function in R (R Core Team 2017). We normalized peak numbers to 

account for the influence of catchment size. Streams F4 and F5 initially had equal rank, but 

we ranked F5 higher because it had more peaks which better characterizes the disturbance 

regime we were trying to represent. 
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The frequency of perturbation of bed habitat for biofilms can be estimated by 

calculating the frequency of exceedance of the critical discharge at which most of the bed is 

mobilized (Wolman and Miller 1960) or of the velocity of periphyton removal (Hondzo and 

Wang 2002). We used within channel slope and the median grain size of bed material (D50) 

to estimate the frequency of bed mobilization during high flow events. We used a 

modification of Shields’ equation (Shields 1936) from Doyle and Shields (2000) to calculate 

the critical depth (hc) at which motion of the bed is initiated due to shear stress: 

 

ℎ[ =
\[

∗(^_ − ^)?`H

^4
 

 

Where \[
∗ is the dimensionless Shields parameter for the entrainment of a sediment 

particle of size D, ^_ is the density of sediment (2650 kg/ m3), ρ is the density of water (1000 

kg/m3), D50 is the median grain size of the bed sediment, and S is the channel slope. \[
∗  has 

been found empirically to vary from 0.030 to 0.073 (Buffington and Montgomery 1997). 

Given the variation in the distribution of bed material, we calculated the critical depth using 

three Shields parameters of 0.041, 0.052, and 0.063, which are the 25%, 50%, and 75% 

percentiles, respectively, of the range observed by Buffington and Montgomery (1997). 

We used the critical depth to calculate critical velocity (vc) and critical discharge (Qc). 

Then we calculated the proportion of the time discharge exceeded the Qc threshold for each 

site and compared daily velocity to the vc for periphyton removal, estimated to be 0.15 m s-1 

(Hondzo and Wang 2002). A channel incision ratio was calculated as the bank width from 

lower bank height divided by the maximum channel depth at that height. 
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4.2.5 Data analysis 

We examined the relationships between modeled urban headwater metabolism 

estimates and environmental controls using R version 3.4.2 (R Core Team 2017). Given a 

stream n of 6, we performed simple Spearman’s rank correlation analysis to assess trends 

between stream features, environmental variables, and cumulative metabolism estimates. We 

used the “ks” package in R to create kernel density plots of GPP and ER (Duong 2017). 

Because of the strength of the correlation (r > 0.8) between ER and K600 for F4 and F5, we 

took a conservative approach to drawing conclusions based on the ER data in those sites. 

We calculated the mean of the previous seven days of light, velocity, and GPP for each day 

using the “dplyr” package in R (Wickham et al. 2017). We used simple and multiple linear 

regression analysis to explore environmental controls on modeled GPP and ER. Data was 

either ln or square root transformed to meet assumptions of normality.  

 

4.3 Results 

4.3.1 Hydrology 

The hydrologic regimes of the study streams spanned a wide gradient in flow 

statistics during the 2016 water year, particularly those used to characterize the impacts of 

urbanization (Table 8). Annual runoff was 32-75% higher in the flashiest catchment (F6) 

compared to the other catchments. Mean baseflow was 55% greater in the winter months 

(Dec.-Feb.) than in the summer (Jun.-Aug.) in streams draining catchments located in the 

Triassic basin (F1, F2, F3, & F6), but there was less than a 7% decrease in summer baseflow 

in the NOP basin streams (F4 & F5).  
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Table 8: Catchment characteristics and hydrologic metrics. 

    Streams 

  Data 
Source 

Units F1 F2 F3 F4 F5 F6 

C
at

ch
m

en
t 

C
ha

ra
ct

er
is

tic
s Area  ha 195.4 231.4 94.9 80.4 81.1 59.6 

%ISC NLCD % 11.1% 16.2% 6.8% 15.9% 12.0% 12.6% 

%ISC  % 22.2% 26.4% 16.9% 33.0% 26.8% 39.4% 

Road Density  
km 

road 
/km2 

6.1 6.5 5.8 9.9 8.3 12.7 

F
lo

w
 S

ta
tis

tic
s 

fo
r 

20
16

 W
at

er
 Y

ea
r 

Annual Flow mm/h mm 407.4 801.0 295.8 381.7 327.6 1178.8 

Mean Baseflow mm/h mm/h 0.007 0.028 0.015 0.020 0.022 0.064 

Mean Velocity 
5-min 
cms 

m/s 0.02 0.03 0.07 0.04 0.10 0.12 

TVelocity>0.15  % 2% 4% 10% 4% 9% 30% 

QF:Total Flow mm/h  0.82 0.69 0.52 0.47 0.40 0.50 

No Flow Days mm/h days 65 3 0 0 0 105 

L-CV mm/h  0.99 0.83 0.73 0.61 0.58 0.74 

L-Skewness mm/h  0.97 0.83 0.74 0.77 0.71 0.65 

L-Kurtosis mm/h  0.96 0.74 0.67 0.73 0.61 0.5 

AR(1) Coefficient mm/h  0.95 0.91 0.69 0.58 0.56 0.78 

RBI ÷ Area 
10-min 

cms 
ha-1 0.037 0.022 0.107 0.188 0.140 0.204 

PeaksQ75 ÷ Area 
10-min 

cms 
no./ha 72 119 89 139 178 208 

 Average Flashiness Rank: 1.5 2.0 2.5 4.5 4.5 6.0 

Note: No flow days were counted when discharge was less than 0.00001 mm/h. 
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In addition, two streams draining Triassic basin catchments (F1 & F6) had over a month of 

no flow days during the late summer and early fall (Table 8), while the rest of the streams 

had nearly continuous flow. The frequency of precipitation events was mostly even 

throughout the year, with a slight increase in the frequency of small events during June and 

July (Figure 25). RBI and PeaksQ75 were positively correlated with each other (Spearman’s 

rho > 0.5), but not significantly (P ≥ 0.05). 

4.3.2 Geomorphology 

Channel gradient measurements differentiated streams into two groups - those with 

higher channel gradients of ~3% (F3, F4, & F5) and lower channel gradients of ~0.5% (F1, 

F2, & F6). High channel gradient streams were in the NOP basin, except for F3 (Table 9). 

At baseflow in the low gradient streams, more than half of surveyed upstream reaches (>60 

m) from the DO sensor location were classified as pools. Channel incision correlated 

strongly with annual flow (Spearman’s rho = -1, P = 0.003) and no flow days (Spearman’s 

rho = -0.88, P = 0.02), but was not correlated with any hydrologic flashiness metric.  

Overall, median grain sizes did not correlate with hydrologic flashiness metrics. 

Instead, we observed a wide variation among sites in the distribution of grain sizes within 

streams (Figure 10). The median bed material grain size (D50) ranged from <2 mm in the 

second least flashy stream (F2) located in the Triassic ecoregion to 128.4 mm (large cobble) 

in the second most flashy stream (F5) located in the NOP ecoregion. The D50 was larger in 

the NOP streams, but all streams had a D16 of <2 mm. Low gradient streams had higher bed 

material skewness and kurtosis. Calculations of critical discharge yielded unrealistic values of 

close to 100% exceedance in sites F1, F2, and F3 (Figure 24). Therefore, exceedance of 
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critical discharge and velocity were not used to explain patterns in metabolism or biofilm 

accrual.  

 

 

Figure 10: Geomorphic characteristics of each stream channel . Inset figures in the top-left corner of 
each panel is the channel cross-section relative to the left bank height (LBH) facing upstream at the 
DO sensor. Inset figures in the top-right corner for each stream is a histogram of the grain size 
distribution. The main panel for each stream is the channel slope of the deepest part of the channel in 
black squares (■) and the slope of the left bank in open squares (□). Banks were not notably different 
from each other in slope in any channel. 
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Table 9: Geomorphic features of each stream. 

 Streams 

 F1 F2 F3 F4 F5 F6 

Ecoregion IV Triassic Triassic Triassic NOP NOP Triassic 

Channel Slope 0.5% 0.4% 3.2% 2.9% 2.8% 0.5% 

X-Sec: 
Catchment 

1.7 1.3 1.1 1.8 1.0 21.6 

Incision Ratio 4.5 3.9 10.2 4.9 9.4 3.2 

Survey Distance 
Upstream (m) 

55.9 97.5 99.9 98.2 91.4 60.3 

% Pool 
(#transects) 

51% (10) 96% (16) § 68% (13) 24% (8) 30% (8) 59% (13) 

% Riffle 
(#transects) 

49% (10) 2% (1) § 32% (7) 76% (12) 70% (12) 41% (7) 

Riffle-Pool 
Transitions 

5 3 11 10 11 8 

D50 (mm) 12 <2 40 101.5 128.4 26.7 

D84 (mm) >4096 19.8 593.9 >4096 497.8 >4096 

D50 Pool (mm) <2 <2 40 65.8 45.3 6.5 

D50 Riffle (mm) 13.7 <2 77 118.5 154 347.4 

Skewness 3.06 3.78 0.41 1.84 1.40 2.17 

Kurtosis 9.52 13.13 0.17 2.10 0.87 4.11 

Note: Incision ratio is the ratio of the stream width from the lower bank height to the deepest point in 
the channel from that height. Channel cross section (X-Sec) is in units m2 and catchment is in units 
km2 in the X-Sec:Catchment area ratio. § Stream F2 only had 17 transects.  

 

4.3.3 Light, temperature, water chemistry, & turbidity 

As small headwater streams draining predominantly forested landscapes in a 

temperate climate, we expected and observed relatively low light conditions at the stream 

surface (Figure 11; Figure 27) and strong seasonal trends in streamwater temperature. The 
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maximum weekly mean of PPFD occurred at all sites in early April in both 2016 and 2017 

(9.6 & 9.9 mol m-2 d-1, respectively) followed by a rapid decline due to canopy cover leaf out. 

Weekly mean PPFD was < 3.1 mol m-2 d-1 from the end of May 2016 to the end of January 

2017. Cumulative PPFD after 340 shared days from 18 March 2016 to 18 April 2017 was 

40% lower in the darkest, most flashy site (F6) relative to the site with the most light 

reaching the channel surface (F5; Figure 11A).  

 

Figure 11: Light regimes of each stream . Cumulative daily PPFD (mol m-2) of shared days among all 
sites (n=340) from 18 March 2016 to 18 April 2017 (A). Final cumulative light among streams across 
incision ratios for each stream (channel width at lower bank height (LBH) to depth ratio) (B). 
Turbidity exceedance curves of shared days from 09 January 201 to 17 June 2016 among all sites (n=46) 
(C). Solid lines represent streams in the Triassic ecoregion and dotted lines are streams in the 
Northern Outer Piedmont (NOP) ecoregion. 
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Cumulative PPFD was highest in the two least incised channels (F3 & F5) and lowest in the 

most incised channel (F6) but was not significantly correlated with the incision ratio (P > 

0.1; Figure 11B). Mean streamwater temperatures were highest across all sites in September 

2016 (23.8ºC) and lowest in January 2016 (6.4ºC). The maximum daily streamwater 

temperature difference among sites was 1.6ºC, and no stream was consistently different from 

the others in temperature. 

Median TDN concentrations ranged from 0.31 mg L-1 in F1 to 0.94 mg L-1 in F4 and 

were lowest in the late summer and early fall (Aug.-Oct. 2016) (Figure 26). TDN 

concentrations also tended to be lower in less flashy streams. Median NO3
--N concentrations 

ranged from 0.07 mg L-1 in F2 to 0.98 mg L-1 in F4. Median NH4
+-N concentrations were an 

order of magnitude lower and ranged from 0.004 mg L-1 in F3 to 0.017 mg L-1 in F6. TDN 

correlated more strongly with NO3
--N than NH4

+-N (Spearman’s rho = 0.84 & 0.33, 

respectively, P < 0.001), and declined in the later summer and early fall in all but streams 

located in the NOP basin. SRP concentrations were lowest across all sites during the winter 

(Jan.-March 2016) and median concentrations ranged from <0.01 mg L-1 in F2 to 0.09 mg L-1 

in F6, which had distinctly higher concentrations than the rest of the streams throughout the 

study period (Figure 26). Median daily turbidity ranged from 94 FTU in F4 to 380 FTU in 

F2 on days for which every site had data (n=46) from 09 January 2016 to 17 June 2016. 

Turbidity was primarily measured during the period following storms when turbidity is 

elevated. F2 tended to have the highest turbidity, while F4 had the lowest (Figure 11C). 
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4.3.4 Biomass accrual 

Organic matter and Chl-a accrual rates declined from a spring peak in a subset of 

streams to generally low rates across all sites by the end of the summer (Figure 28). The 

spring peak in Chl-a accrual was most pronounced in F3 (maximum = 23.4 µg Chl-a cm-2 d-

1), and rapidly declined at the beginning of May to < 1 µg Chl-a cm-2 d-1 in all streams until 

August. Only F2 and F6 did not have elevated rates of organic matter accrual in the spring 

relative to the summer (Figure 28). Chl-a accrual correlated with AFDM accrual across all 

sites and dates (Spearman’s rho = 0.55, P < 0.001).  

4.3.5 Dissolved oxygen 

Percent dissolved oxygen saturation (DO%sat) regimes were distinct among streams 

(Figure 12; Figure 15). Differences among streams in supersaturation (DO%sat > 100%) were 

primarily observed during peaks of productivity in the spring, when F1, F2, and F3 had 

noticeable peaks. In contrast, differences among streams in periods of low DO%sat were 

primarily during the late summer and early fall. During these periods, there was low to 

almost no flow in shallow gradient streams (F1, F2, & F6) and a concomitant decline in DO 

concentrations that was most pronounced in F6. Median daily DO%sat (and DOobs) ranged 

from 47% (4.6 mg L-1) in F6 to 91% (9.1 mg L-1) in F4 for the entire monitoring period. 

Both shallow gradient streams F2 and F6 had the most drastic decline in median DO%sat 

between the winter (Dec. 2015 to Feb. 2016) and summer (June 2016 to Aug. 2016), with 

median daily saturation values falling by 30% and 49%, respectively. All other streams had 

less than a 10% decline in median DO%sat between seasons. 
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Figure 12: The dissolved oxygen and metabolic regimes of each stream . Time series representing the 
duration of the study period of 10-minute streamwater percent dissolved oxygen saturation (DO%sat) 
in black, modeled daily gross primary productivity (GPP) in green, and modeled ecosystem 
respiration (ER) in brown. Blue dots along the top of each DO%sat plot represent increases in 
discharge during storms which passed the 95th percentile of discharge data for that site. Red bars in 
the same plots represent periods of low or no flow conditions in streams (Q < 0.00001 cms). 

4.3.6 Modeled GPP & ER 

As small headwater streams draining urbanized landscapes, we expected and 

observed relatively low GPP (Figure 12, Figure 13). Across all dates and streams, GPP 

ranged from 0 to 9.1 g O2 m-2 d-1 (median: 0.15 g O2 m-2 d-1). February through April were 
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the most productive months within each site, while August through November were the 

least productive months, apart from June 2016 as the least productive in F4. Final 

cumulative GPP values over 86 shared days across all sites ranged from 10.8 g O2 m-2 in F5 

to 82.3 g O2 m-2 in F3 (Figure 13). 

 

 

Figure 13: Kernel density plots of all modeled GPP and ER for each stream (A). Modeled days in 
spring months (February to April) are highlighted in green and the 1:1 line is shown in black. Final 
cumulative GPP in green and ER in brown over 86 days in which it was possible to model metabolism 
in every stream (B). 

 

Across all dates and streams, ER ranged from 0.01 to 25.3 g O2 m-2 d-1 (median: 3.4 g 

O2 m-2 d-1). F2 had the highest rates of respiration (median: 7.9 g O2 m-2 d-1) with monthly 

means consistently greater than 6 g O2 m-2 d-1. F4 and F5 had the lowest median rates of 

respiration (1.5 and 2.0 g O2 m-2 d-1, respectively), but strong correlations between modeled 

ER and K600 suggest reaeration interference in model estimation (Figure 23). Interference is 

common when the diel signal in DO is weak due to either or both low rates of biological 

activity or high rates reaeration. ER tended to be aseasonal and cumulative ER across shared 
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days ranged from 136.6 g O2 m-2 in F4 to 741.8 g O2 m-2 in F2 (Figure 13). Mean cumulative 

ER was 67% less in NOP streams than Triassic streams. 

As expected for forested headwater streams, all streams were net heterotrophic with 

cumulative NEP across shared days ranging from -690.2 g O2 m-2 in F2 to -120.9 g O2 m-2 in 

F4. All modeled days of metabolism in all streams were net heterotrophic (GPP:ER < 1) 

except for two days in March 2016 in the most productive site F3. 

 

 

Figure 14: Linear relationships between GPP and the antecedent weekly mean of light reaching the 
channel surface of each stream (both ln transformed to meet assumptions of normality). The table 
below the plots reports the results of simple and multiple linear regression between GPP and the 
antecedent weekly mean of mean daily light, maximum daily velocity, the interaction between those, 
and mean GPP. 
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4.3.7 Environmental drivers: hydrology & geomorphology 

The three least flashy streams (F1, F2, & F3) had more pronounced spring GPP 

peaks than the three most flashy sites (Figure 12, Figure 13). The 95th quantile of GPP in the 

less flashy sites was on average 68% greater than that of the three most flashy sites. 

However, the mean of maximum daily velocity for the antecedent week could only predict 

up to 13% of the variation in GPP within a stream (Figure 14), and predictive ability only 

declined with a shorter antecedent window. ER was most tightly coupled to GPP and 

streamwater temperature in the flashiest site (F6; Table 10). Cumulative NEP was not 

correlated with any flashiness metric and the amount of time velocity exceeded the predicted 

velocity threshold for periphyton removal (0.15 m/s; TVelocity>0.15 in Table 8) did not correlate 

with cumulative GPP.  

Low flow conditions during baseflow coincided with decreasing DO concentrations 

in the water column of low gradient streams F2 and F6 (Figure 12). More than 97% of 

DO%sat conditions less than 50% occurred during flow conditions of less than 0.15 mm/h. 

Low gradient streams tended to have lower 50% exceedance values of DO%sat as compared 

to high gradient streams (Figure 15A). Reaeration of streamwater approaching anoxia was 

evident during the summer in F6 when DO%sat exhibited flushing behavior following storms 

(Figure 15C). 
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Figure 15: Controls on and the effects of dissolved oxygen regimes. Exceedance probability curves 
representing 10-minute time-series of streamwater percent dissolved oxygen saturation for the six 
streams monitored in this study from 01 October 2015 to 28 April 2017 (A). Solid lines represent low 
gradient channels and dashed lines represent high gradient channels. Streamwater nitrate 
concentrations measured on the same day as the daily mean of DO%sat in F6 (B). Hourly DO%sat 
shown in grey and discharge (Q mm/hr) shown in blue in F6 from 02 August 2016 to 23 August 2016 
(C).  

 

4.3.8 Environmental drivers: surface & water column light availability 

The explanatory power of light reaching the channel surface declined with increasing 

hydrologic flashiness rank, but antecedent light conditions explained more of the variation in 

GPP than antecedent velocity (Figure 12). However, light availability was clearly not the only 

constraint on productivity as F5 had the most cumulative light of all the streams (Figure 11), 

but the lowest cumulative GPP (Figure 13). Antecedent light conditions explained more of 

the variation in GPP than light conditions measured on the same day as modeled GPP. 
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Following a storm, turbidity can constrain light reaching the streambed and therefore 

we expected turbidity to be negatively correlated with GPP. We did not find a direct negative 

correlation between GPP and turbidity, except in F1 (����
� = 0.55, df = 77, P < 0.0001). 

Water column turbidity only explained the residuals in the relationship between GPP and 

light reaching the channel surface on the same day in F1 (����
� = 0.55, df = 77, P < 0.0001). 

4.3.9 Environmental drivers: temperature & nutrients 

Streamwater temperature explained more of the variation in ER than GPP (Table 

10). However, GPP and streamwater temperature explained at most 25% of the variation in 

ER, suggesting that respiration was not driven or constrained by internal productivity. ER 

was not modeled in NOP streams due to uncertainty in reaeration interference. 

Streamwater PO4 concentrations had an unexpected negative relationship with GPP 

in F3 (����
� = 0.48, Est. = -0.69 ± 0.17, df = 16, P = 0.0008), F4 (����

� = 0.26, Est. = -0.10 ± 

0.04, df = 16, P = 0.02), and F5 (����
� = 0.26, Est. = -0.12 ± 0.05, df = 12, P = 0.04). 

Streamwater NO3
--N concentrations in F6 had a negative relationship with ER (����

� = 0.62, 

Est. = -0.12 ± 0.05, df = 5, P = 0.04) and a strong positive relationship with DO%sat (Figure 

15B).  
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Table 10: ER linear regressions with same-day GPP and mean daily streamwater temperature. ER and 
GPP are log-transformed. 

  GPP Temperature GPP x Temperature 

 n ����
�  P Est. ± SE ����

�  P Est. ± SE ����
�  P Est. ± SE 

F1 376 0.06 < 0.0001 0.36 ± 0.07 0.10 < 0.0001 0.03 ± 0.004 0.17 < 0.0001 0.05 ± 0.02 

F2 311 0.00 0.8596 0.008 ± 0.05 0.02 0.0056 0.01 ± 0.004 0.03 0.0126 -0.02 ± 0.02 

F3 491 0.00 0.9084 0.007 ± 0.06 0.09 < 0.0001 0.03 ± 0.004 0.13 < 0.0001 0.08 ± 0.02 

F4 - - - - - - - - - - 

F5 - - - - - - - - - - 

F6 192 0.11 < 0.0001 1.0 ± 0.20 0.16 < 0.0001 0.06 ± 0.01 0.25 < 0.0001 0.09 ± 0.05 

 

4.4 Discussion 

In this study of the dissolved oxygen and metabolic regimes of first-order urban 

headwater streams across a gradient of hydrologic flashiness we found two key findings. 

First, antecedent light conditions at the channel surface explained more of the variation in 

GPP than antecedent velocity within streams, but the explanatory power of light declined 

with increasing hydrologic flashiness among streams. Second, first-order urban headwater 

streams span a surprisingly wide range in dissolved oxygen regimes, ranging from frequent 

hypoxia to near constant saturation. Both of these dissolved oxygen regimes resulted in net 

heterotrophic streams with low rates of productivity. Our results suggest that variation in 

channel gradient and underlying geology can play an important role in determining the 

bioenergetics of urban headwater streams by intensifying “pulse” and “press” disturbances 

(Bender et al. 1984). Channel incision increases the susceptibility of benthic biota to 
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perturbation during “pulsed” storm flow disturbances and creates “press” disturbance 

conditions at baseflow with more frequent hypoxia between storms.  

4.4.1 Light & Disturbance Constrained Productivity 

The urban streams monitored in this study were less able to capitalize on available 

light than other previously reported southeastern headwater streams, either because of a 

reduction in photosynthetic efficiency or autotrophic biomass on the streambed. Variation in 

light reaching the channel surface explained little of the variation in GPP in our three most 

flashy streams. Roberts et al. (2007) found they could explain 84% of the variability in GPP 

in the spring with light measured at the stream channel surface in another southeastern 

forested headwater stream (Walker Branch, Tennessee). Antecedent light conditions were a 

stronger predictor of GPP than light reaching the channel surface on the same day. GPP is 

both a function of the instantaneous response to light and the lagged effect of biomass 

growth. The explanatory power and slope of the relationship of GPP with antecedent GPP 

declined with increasing flashiness suggesting a decline in photosynthetically active biomass. 

Human alterations of streams and near stream zones have led to not only a reduction 

in the probable efficiency and abundance of autotrophic organisms, but also a reduction in 

the amount of solar energy that reaches streams. Increasing stream width reduces the 

influence of riparian vegetation on the solar and thermal energy reaching the stream channel 

surface at baseflow (Bott et al. 2006; Somers et al. 2013). Apart from the lateral dimension, 

incident light reaching the channel surface in urban streams can be modulated by 

geomorphic change in the vertical dimension through channel incision (Kaushal and Belt 

2012). Channel incision results from an imbalance in sediment delivery and erosive forces 
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because of increased hydrologic flashiness (Wolman 1967). We observed less cumulative 

incident light reaching the channel surface with increasing channel incision, but the 

relationship was not significant most likely due to variable canopy closure. At the network 

scale, less light can reach the channel surface due to culverts, piping, and stream burial 

(Elmore and Kaushal 2008) resulting in an overall reduction of GPP (Hope et al. 2013). The 

low light availability in our headwater first-order streams might explain why median rates of 

GPP from these streams are comparable but lower than those previously reported for urban 

streams in the mid-Atlantic (Larsen and Harvey 2017). 

Of the incident light that does reach urban headwater channel surfaces, less might be 

converted to biomass because autotrophic organisms are constantly recovering from habitat 

disturbance following nearly every storm (Reisinger et al. 2017). Disturbance was frequent in 

our urban streams with a mean recurrence interval of discharge exceeding the 95th quantile of 

flow every 5 ± 1 days during the 2016 water year across all streams. The longest period 

without a storm exceeding the 95th quantile of flow was 6 ± 3 weeks across all streams. 

While underlying geology has an influence on the degree of sedimentation and erosion (Utz 

et al. 2016), most of the bed material in our streams was susceptible to being mobilized by 

these frequent events. Some of our stream channels had strongly bimodal distributions of 

grain sizes, with sand & silt intermixed with bedrock and boulders. While larger bed material 

is mostly likely stable during storm events, it could be subject to hydraulic scour and 

abrasion by mobilized fines, leading to periphyton removal (Francoeur and Biggs 2006). 

Because of this abrasion and hydraulic scouring, any physically stable substrate in a channel 

may not necessarily represent refugia for biofilm biota. 
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Furthermore, extreme flows do not just scour biofilms, they also are often 

accompanied by an extended period of high turbidity that delays biotic recovery. Turbidity 

reduces the amount of light reaching autotrophic organisms on streambeds by causing light 

extinction in the water column. Turbidity is associated with urban runoff and can persist 

long after storm flows have receded, thereby decreasing the window of time that autotrophs 

have to recover before the next storm. Izagirre et al. (2008) found that turbidity was the 

main constraint on productivity during the summer in Basque streams draining a mixed land 

use (including urban) landscape. Hall et al. (2015) found that the physical disturbance of 

hydropeaking downstream of Glen Canyon Dam in the Colorado River, Grand Canyon only 

suppressed GPP during turbid conditions. We found a wide range in turbidity conditions 

within each stream, but turbidity only explained the residuals in the relationship between 

GPP and light in one stream (F1). Further work needs to be done to understand the relative 

influence of turbidity in urban streams on productivity. 

Urbanization substantially alters multiple aspects of the physiochemical conditions 

within streams, but heterogeneity in the biological response of streams can be a result of 

variation in the natural and legacy attributes of the landscape that shaped the streams before 

development (Utz et al. 2016). In a survey of metabolism in over 200 rivers, Finlay (2011) 

found a weaker relationship between watershed area and productivity in human-dominated 

landscapes as compared to reference landscapes (����
� = 0.26 & 0.59, respectively). Light 

availability at channel surfaces typically increases with watershed area due to a decreasing 

influence of riparian shading with increasing stream width. The reduction in explanatory 

power found by Finlay (2011) was partly a result of increased productivity in lower order 
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channels, but we did not find high rates of productivity in our streams. Urban landscapes are 

incredibly heterogenous, with highly variable management of riparian vegetation. Proximate 

controls of light availability through canopy and bank shading are a product of both direct 

management and indirect channel incision from increased hydrologic flashiness. 

Rates of ER dominated in all six streams. We had little success in explaining day to 

day ER. We have limited confidence in our precision, given the strong positive correlation 

between ER and in K600 in several of our stream records (Figure 23). Current metabolism 

modeling methods are particularly challenged to separate variability in gas evasion and ER 

when the signal of productivity is low.  

4.4.2 Bimodal Dissolved Oxygen Regimes 

For half of our streams, baseflow conditions represent chronically degraded 

conditions with low oxygen for extended periods between storms. These hypoxic periods 

were seen in streams where both baseflow and channel slope were low. Urbanization leads 

to reduced infiltration and shallow groundwater flows, with far more of the water exiting 

catchments via direct stormwater piping to the channel. Reductions in urban stream 

baseflows relative to rural areas have been previously reported for southern streams in the 

NC Piedmont and Coastal Plain regions (Hardison et al. 2009; O’Driscoll et al. 2010). 

Normally incision is predicted to be continuous along stream channels (Schumm et al. 1984). 

However, bedrock outcrops can make incision irregular and, in these cases, incision may 

reduce slopes in between bedrock constrained sections of the channel (Figure 16). Shoffner 

and Royall (2008) reported reach scale impoundment of urban streams by incision-resistant 

bedrock outcroppings resulting in upwards of 60% reach-scale pool hydraulic habitat in 
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urban streams in the same physiographic region (Greensboro, NC). We observed similar 

patterns in half of our streams where deep, slow-moving silty pools alternate with bedrock 

slides. In these pools, oxygen demand by benthic heterotrophs exceeds oxygen diffusion and 

they remain hypoxic until storm waters replenish oxygen rich water. Hypoxic conditions are 

stressful for aquatic macro-organisms, and we observed fish kills on 08 February 2017 

following a hypoxic period in the F2 stream. 

 

 

Figure 16: Conceptual diagram of predicted functional changes in streams following channel incision 
in channels with bedrock outcroppings. Channel slope (S) pre-incision is shown in black and post-
incision is shown in red. Predictions are shown on top. After incision creates bimodal slopes, bed 
material grain size distributions become bimodal, the mean residence time (MRT) of surface water is 
higher during base flow, and dissolved oxygen saturation (DO%sat) has a lower exceedance 
probability curve. 

 

During these oxygen sag periods we could not solve for stream metabolism, which 

relies on diel variation in DO. This does not mean that there is no productivity during these 

times, merely that there is no net photosynthesis. We hypothesize that these oxygen depleted 
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periods are likely extremely important to the biogeochemical cycling within these channels 

and given their prevalence (both spatially and temporally) may dominate nutrient cycling in 

these systems. We find that these low DO periods lead to significant declines in streamwater 

nitrate concentrations. Under these hypoxic conditions, it seems likely that either rates of 

denitrification are elevated or less ammonium is nitrified. In any system where long mean 

residence times and high organic matter availability lead to oxygen declines, classic stream 

techniques may underestimate productivity and nutrient retention capacity by ignoring these 

places and periods of time. To fully assess the impact of these important habitats will require 

the development of methods that do not rely on advective transport and rapid turnover. 

4.5 Conclusions 

Pools are a ubiquitous feature of rivers, made more so by both urban driven incision 

and the long-term legacies of dam building and dam removal (Walter and Merritts 2015). 

Whether a pool is likely to experience hypoxia is dependent upon its geologic setting and its 

interactions with groundwater. Urbanization both increases channel incision and lowers local 

groundwater tables - two forces which may act in concert to increase the area of these 

habitats and reduce their hydrologic connectivity during low flows. Our data suggest that 

these pools may be quite active zones for nitrogen removal, and it is likely that they serve as 

important control points (sensu Bernhardt et al. 2017a) for many other solutes that are 

sensitive to redox or that serve as alternative electron acceptors. Urban streams sediments 

tend to have elevated concentrations of contaminants that might be mobilized in pools 

under anoxic conditions (Vidon et al. 2010), and flushed to downstream ecosystems during 

floods. Heterogeneity in stream flow resulting from human modification of the geomorphic 
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template within channels can alter the rate of transformation and transport of reactive 

materials within river networks. 

Urban streams are heavily modified, but their features, while extreme, are not unique. 

The study of urban streams has led to a number of important insights in geomorphology 

(Leopold 1968), hydrology (Hollis 1975), and has been used as an important endpoint in 

studies of urban ecology (Paul and Meyer 2001). Much of the ecosystem science in urban 

watersheds has focused on the high fluxes from watersheds and through stream channels 

during stormflows. There has been far less attention to the dramatic changes in these 

ecosystems between these events. Our work documents a shift in ecosystem dynamics in 

urban streams towards bimodality between the fast dynamics of advective transport from 

pavements and hillslopes and the slow dynamics of redox active zones in eutrophic and 

organically enriched stream pools. These bimodal ecosystem dynamics arise as a result of the 

bimodality of the hydrogeomorphic template, whereby incision creates slow-moving, low-

slope areas in between high-slope and hardened segments of the channel (Figure 8). This 

high spatial variation in dissolved oxygen dynamics is not unique, as Dodds et al. (2018) and 

Siders et al. (2017) both recently reported high spatial heterogeneity in dissolved oxygen 

within the Kansas River network and King’s Creek, Kansas, respectively. 

We set out to study the metabolism of urban streams, but the most interesting things 

we learned from our study arise from the frequent situations in these streams where our 

methodologies fail. Methods in lotic systems often rely on advection to characterize 

ecosystem function, constraining our ability to understand stream biogeochemical processes 

independent of flow. Urbanization amplifies the differences between pools and riffles, 

between baseflows and stormflows, and between hillslope and instream dynamics. Urban 



 

103 

streams are their valleys during storms (Hynes 1975) but are increasingly distinct from the 

landscapes they drain at baseflow. 
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5. Conclusion: The bimodality of  urban stream 
ecosystem dynamics 

 

“We must, in fact, not divorce the stream from its valley in our thoughts at any time. 

If we do, we lose touch with reality.”  

Hynes (1975) 

 

This dissertation adds to our understanding of the independent and interactive 

effects of multiple stressors on stream ecosystems. By measuring aquatic ecosystem function 

at wide spatial and temporal scales, I observed incredible heterogeneity in landscape 

configuration and connectivity within narrow ranges of development, in the magnitude of 

abiotic stressors resulting from these differences, and finally, incredible heterogeneity in the 

functional responses of urban streams and stormwater ponds to these multiple stressors. 

While it has long been understood that urban streams are strongly altered by the increased 

storm waters generated from impervious surfaces, an important emergent theme of this 

work primarily relates to the finding that urban streams also become increasingly distinct 

from the landscapes they drain at baseflow. The assertion by Hynes in 1975 that we cannot 

divorce our understanding of a stream from the valley it drains has been vital to improving 

our conceptual understanding of the drivers influencing stream ecosystems. Nowhere is that 

more apparent than in urban stream ecology, in which impervious surfaces play a pivotal role 

in intensifying the hydrologic disturbance regime with cascading effects on downstream 

ecosystems. However, when considering the relative influence of multiple stressors, 
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observations made in this dissertation reveal that at baseflow, urban streams become 

increasingly distinct from the valleys they drain. 

 

5.1 The bimodality of urban stream ecosystem dynamics 

Much of previous work investigating stressors on urban stream ecosystem ecology 

has focused on the dynamics surrounding stormflows. This dissertation has revealed that 

urbanization amplifies stress at baseflow conditions in headwater streams as well, leading to 

bimodal multiple stressor dynamics. Pulsed increases in shear stress during storm flows in 

stream channels leads to physical disturbance of benthic biota. Yet at baseflow, stagnant 

pools due to channel incision set up ideal conditions for hypoxia. Thermal and salinity pulses 

that accompany stormwater runoff can exceed the tolerance limits of biota during storms, 

but at baseflow, high carbon, nutrient, and contaminant inputs from leaky sewers can also 

lead to hypoxic conditions stressful for benthic biota. As a result, benthic biota in urban 

headwaters are caught between two extremes. Furthermore, as streams lose their functional 

capacity to retain nutrients, carbon, and contaminants, the impacts of urbanization increase 

on downstream freshwater ecosystems. Further investigations are needed to understand the 

contexts under which these bimodal dynamics are exacerbated. 

 

5.2 Stress in aquatic ecology 

One of the major challenges in understanding stream ecosystems is to tease apart the 

interrelated influences on ecosystem function in attempting to determine their relative 

importance. Forecasts for hydroclimatic change in the twenty-first century predict greater 
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variability in precipitation across the globe (Milly et al. 2005) leading to altered drought and 

flood disturbance regimes. The release of contaminants and excess nutrients into the 

environment is increasing as the energetic demands of the global human population 

continue to grow (Vitousek 1997; Foley et al. 2005; Grimm et al. 2008; Bernhardt et al. 

2017c). Droughts exacerbate contaminant effects on stream ecosystems through increasing 

concentrations during dry down (Corcoll et al. 2015) while flooding shunts contaminants 

downstream from urban streams to lakes and coastal regions (Kaushal and Belt 2012). 

Widespread hypoxia in lentic and lotic waters is leading to increasingly frequent dead zones 

in fresh and salt waters (Jenny et al. 2016). By many accounts, the future looks grim for 

aquatic ecosystems. However, technological advances and an overall increasing awareness of 

the challenges facing aquatic ecosystems is promoting policies and investment in the future 

stewardship of both aquatic and terrestrial ecosystems (Lubchenco 1998). 

 

5.3 Conclusions 

The original goal of my dissertation was to improve our understanding of how 

variation in landscape development patterns leads to alteration of ecosystem processes 

within urban streams and ponds. I believe I have accomplished this goal, yet the challenges I 

faced unexpectedly made it all the more interesting. In Chapter 2, the lack of relationships 

between the intensity of urbanization surrounding stormwater ponds and their sediment 

chemistry at a continental scale called into question our commonly held assumptions about 

the loading, routing, and retention of ions within urban landscapes. In Chapter 3, difficulties 

in creating ordinations of baseflow chemistry made it apparent that urban streams were not 
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only hydrologically flashy but also chemically flashy even at baseflow. Finally, in Chapter 4, 

frequent hypoxia made it difficult to accomplish the initial goal of modeling metabolism and 

instead revealed the importance of urban stream channel form on spatial heterogeneity in 

dissolved oxygen and metabolic function. Urban socio-ecological systems are incredibly 

complex and dynamic and previous models of ecosystem function developed in pristine 

areas may not perform well in these hydrologically and biogeochemically heterogenous novel 

systems. Improving our understanding of how nutrients and contaminants move through 

landscapes, undergo biogeochemical transformations, and their ultimate effect on aquatic 

ecosystem processes will facilitate management of urban landscapes to minimize impacts on 

aquatic ecosystems. 
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Appendix A 
 

 
Figure 17: Pond locations within each metropolitan study area are shown in blue circles. 
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Figure 18: Potential N2O and N2 production, N2O yield, and nosZ gene abundance in ponds across an 
adjacent urbanized land cover gradient (250 m buffer). There were no significant correlations (p<0.05) 
after Bonferroni corrections for multiple comparisons within each parameter (n=8). 
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Figure 19: Mean nosZ gene abundance per pond (jittered black dots) per city (same abbreviations as 
Figure 1). 
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Table 11: Pond sampling campaign dates within each city. 

City Sampling Dates (2014) 

Baltimore, Maryland June 9-10 

Boston, Massachusetts June 24-26 

Durham, North Carolina June 9-10 

Miami, Florida August 10  

Minneapolis-St. Paul, 
Minnesota 

August 4 

Phoenix-Scottsdale, Arizona August 26-27 

Portland, Oregon August 12-13 

Salt Lake City, Utah July 29 
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Table 12: Watershed area confidence ratings on a scale from 1-5, with 5 being the highest confidence 
that the watershed is properly delineated, watersheds with a 1 or 2 rating have little confidence of 
accuracy. In the cases of low ratings, knowledge of the storm water drainage system is necessary to 
accurately delineate the watershed. 

City Pond ID 
Watershed Area 

Confidence Rating                      
(1-5) 

City Pond ID 
Watershed Area 

Confidence Rating                      
(1-5) 

Baltimore BES 107 5 Minneapolis MN 289 1 
Baltimore BES 114 1 Minneapolis MN 293 2 
Baltimore BES 115 1 Minneapolis MN 295 2 
Baltimore BES 116 1 Minneapolis MN 296 2 
Baltimore BES 131 2 Minneapolis MN 309 4 
Baltimore BES 137 5 Minneapolis MN 310 3 
Baltimore BES 139 5 Minneapolis MN 312 3 
Baltimore BES PB 5 Minneapolis MN 313 3 

Boston BOS 161 1 Portland PDX 365 2 
Boston BOS 166 5 Portland PDX 368 2 
Boston BOS 172 5 Portland PDX 369 2 
Boston BOS 179 5 Portland PDX 372 3 
Boston BOS 185 5 Portland PDX 373 1 
Boston BOS 189 5 Portland PDX 378 5 
Boston BOS 190 5 Portland PDX BGL 3 
Boston BOS 192 5 Portland PDX FL 5 
Durham DM GS_A 5 Phoenix PHX 383 1 
Durham DM GS_B 5 Phoenix PHX 384 2 
Durham DM GS_C 5 Phoenix PHX 388 NA 
Durham DM GS_D 4 Phoenix PHX 389 NA 
Durham DM HD_A 3 Phoenix PHX 415 2 
Durham DM HD_B 2 Phoenix PHX 417 4 
Durham DM HD_C 1 Phoenix PHX 418 4 
Durham DM HD_D 3 Phoenix PHX 419 4 
Miami MIA AE 5 Salt Lake City SLC 1001 5 
Miami MIA FIU 1 Salt Lake City SLC 1002 5 
Miami MIA H4 1 Salt Lake City SLC 334 1 
Miami MIA H7 1 Salt Lake City SLC 336 1 
Miami MIA H8 1 Salt Lake City SLC 340 3 
Miami MIA H9 2 Salt Lake City SLC 341 1 
Miami MIA SNY 2 Salt Lake City SLC 358 3 
Miami MIA TT 1 Salt Lake City SLC 362 2 
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Appendix B 

 
Figure 20: Relationships among land cover and development attributes across study and end member 
(EM) catchments. Regression lines are only shown for significant relationships (p < 0.05). For 
correlation values among land cover metrics see Table 13. 
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Figure 21: The coefficient of variation in discharge (Q) and specific conductance (SC) on a weekly 
time step with increasing road density and simple linear regression results. Catchment identities are: 
Low = WMT, R1 = W22, R2 = W26, R3 = W79, R4 = W130, R5 = W207, R6 = W13, and High = WGC. 



 

 

115 

 

 
Figure 22: Base flow solute chemistry for all streams.  
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Table 13: Land cover Pearson’s product moment correlations. Only significant (p < 0.05) correlation coefficients are shown.  

  1 2 3 4 5 6 7 8 9 10 11 12 13 14 15 16 17 18 19 20 21 22 23 
%ISC 

(NLCD 2011) 
1 1                       

Area 2 0.45 1                      

Road Length D 3 - - 1                     

Road Area D 4 - - 0.86 1                    

Open Channel D 5 - - -0.45 -0.48 1                   

Pipe D 6 - - 0.81 0.83  1                  

Pipe D: 
Open D 

7 - - 0.79 0.87 -0.73 0.84 1                 

Sewer D 8 - - - - - - - 1                

Inlet D 9 - - 0.77 0.83 -0.39 0.90 0.78 - 1               

Manhole D 10 - - - - - - - 0.96 - 1              

For. % SS 11 - - -0.83 -0.77 0.43 -0.67 -0.67 - -0.61 - 1             

For. CL 12 - 0.48 -0.74 -0.68 0.42 -0.55 -0.59 - -0.48 - 0.90 1            

For. AWM PA 13 0.41 0.59 -0.62 -0.57 - -0.43 -0.44 - -0.40 - 0.79 0.92 1           

For. LPI 14 - - -0.76 -0.75 0.40 -0.61 -0.62 - -0.54 - 0.96 0.89 0.81 1          

For. AI 15 - - -0.79 -0.83 0.41 -0.58 -0.70 - -0.53 - 0.85 0.78 0.74 0.87 1         

Dev. CL 16 0.61 0.53 -0.48 - - - - - - - 0.49 0.64 0.71 0.50 0.48 1        

Dev. AWM PA 17 0.68 0.56 - - - - - - - - 0.45 0.61 0.81 0.50 0.48 0.86 1       

Dev. LPI 18 0.71 - - - - - - - - - 0.46 0.42 0.55 0.52 0.46 0.78 0.79 1      

Dev. AI 19 0.70 - - - 0.55 - - -0.45 - -0.40 0.47 0.47 0.48 0.43 - 0.62 0.60 0.73 1     

SS Slope 20 - - - - - - - - - 0.41 - - - - - - - - - 1    

% NLCD Class 21 21 - - 0.75 0.67 -0.38 0.54 0.56 - 0.41 - -0.94 -0.92 -0.81 -0.92 -0.81 -0.65 -0.53 -0.56 -0.50 - 1   

Dist. to S/P/R 22 - 0.39 -0.76 -0.69 - -0.69 -0.49 - -0.65 - 0.66 0.64 0.65 0.65 0.60 0.39 0.40 - - - -0.62 1  

# S-R Inters. 23 - - - - 0.39 - - - - - - - - - - - - - - 0.51 - - 1 
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Table 14: Coefficient of variation (CV) of solutes concentrations. Catchments are in increasing order of SC CV. 

  CV Solute Chemistry (mg/L): 2014 WY & 2015 WY  CV Solute Chemistry (mg/L): 2016 WY  
 ID Cl- SO4

2- Br- SRP NO3-N NH4-N TDN SC  Na+ K+ Mg2+ Ca2+ Ecoregion 

L
ow

 

WMT 0.30 0.52 0.51 4.97 0.63 2.49 0.37 0.12 

 

0.18 0.32 0.17 0.24 CSB-NOP 
WSB 0.16 0.31 0.50 0.00 0.74 0.72 0.49 0.45     CSB-NOP 

St
ud

y 
St

re
am

s 

W103 0.74 0.66 1.01 0.79 1.56 0.82 0.39 0.15 

Su
bs

et
 o

f 
si

x 
st
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s 
(3

 T
B

 &
 3

 C
SB

-N
O

P
) 

    CSB-NOP 
W22 0.28 0.37 0.45 0.59 2.50 1.25 0.66 0.17 0.12 0.20 0.16 0.23 CSB-NOP 
W83 0.51 0.80 0.65 0.72 0.68 0.95 0.26 0.17     CSB-NOP 
W117 0.40 1.53 0.68 1.67 0.40 0.82 0.23 0.20     CSB-NOP 
W40 0.53 0.65 0.59 0.49 4.89 1.46 0.28 0.27     TB 
W106 0.80 1.04 0.94 0.73 1.97 1.44 0.51 0.27     CSB-NOP 
W41 0.39 0.81 0.75 0.67 3.33 1.36 0.52 0.33     TB 
W87 0.36 0.51 0.48 1.68 0.92 0.94 0.68 0.33     CSB-NOP 
W26 0.57 0.55 0.63 3.26 1.62 1.40 0.41 0.34 0.33 0.26 0.26 0.28 TB 
W58 0.63 0.83 0.59 1.22 3.92 1.39 0.44 0.35     TB 
W79 0.48 0.39 0.67 0.72 5.05 1.69 1.11 0.36 0.31 0.38 0.32 0.28 TB 
W94 1.12 0.84 0.87 1.41 2.18 1.77 0.63 0.38     CSB-NOP 
W42 0.30 0.39 1.05 0.77 0.62 1.24 0.39 0.38     TB 
W13 0.71 0.72 0.81 0.80 2.51 1.32 0.48 0.48 0.39 0.32 0.31 0.35 TB 
W130 1.82 0.75 0.73 0.83 1.04 1.60 0.33 0.68 0.23 0.25 0.30 0.15 CSB-NOP 
W132 1.52 0.54 5.24 0.57 1.83 0.93 0.76 0.72     CSB-NOP 
W116 2.28 0.45 0.68 1.34 0.60 1.74 0.55 0.89     CSB-NOP 
W148 1.52 0.91 0.63 1.36 1.77 0.85 0.33 1.47     CSB-NOP 
W207 3.36 0.77 0.97 0.73 0.43 2.73 0.36 1.69 0.48 0.20 0.15 0.16 CSB-NOP 
W146 4.15 0.69 0.92 0.74 0.79 1.83 0.38 2.84     CSB-NOP 

H
ig

h WGC 2.10 0.46 5.68 2.31 1.40 1.12 1.91 0.68 
 

0.34 0.40 0.33 0.41 TB 
WRB 2.36 0.65 4.43 2.56 0.73 0.88 0.22 1.37     CSB-NOP 

Mean Study: 1.13 0.71 0.97 1.06 1.93 1.38 0.49 0.62 
 

0.31 0.27 0.25 0.24  
Mean TB: 0.52 0.62 0.73 1.13 3.13 1.41 0.52 0.36 0.34 0.32 0.30 0.30  

Mean CSB-NOP: 1.45 0.76 1.10 1.01 1.28 1.36 0.47 0.77 0.28 0.22 0.20 0.18  
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Table 15: Maximum solute concentrations observed within each catchment stream. Catchments are ordered in increasing mean daily SC on 
the date of ion chemistry sampling. 

  
Maximum Solute Chemistry (mg/L): 

2014 WY & 2015 WY 
 

Maximum Solute Chemistry 
(mg/L): 2016 WY 

 

 ID Cl- SO4
2- Br- SRP NO3-N NH4-N TDN SC  Na+ K+ Mg2+ Ca2+ Ecoregion 

L
ow

 

WMT 27.2 17.0 0.21 0.035 0.254 0.145 0.47 186  13.7 2.3 4.6 16.9 Triassic 
WSB 7.8 5.0 0.17 0.005 0.215 0.014 0.47 176     CSB-NOP 

St
ud

y 
St

re
am

s 

W103 31.9 13.0 0.53 0.031 2.310 0.076 1.27 131 

Su
bs

et
 o

f 
si

x 
st

re
am

s 
(3

 T
B

 &
 3

 C
SB

-N
O

P
) 

    CSB-NOP 
W83 34.0 26.8 0.46 0.077 5.949 0.050 1.61 250     CSB-NOP 
W117 49.6 57.6 0.34 0.221 5.704 0.027 3.54 268     CSB-NOP 
W106 49.1 82.7 1.22 0.114 2.139 0.050 0.76 321     CSB-NOP 
W22 34.7 17.5 0.36 0.044 7.407 0.040 1.20 365 18.5 3.7 5.1 24.3 CSB-NOP 
W40 47.5 37.1 0.78 0.028 12.509 0.210 1.10 369     Triassic 
W94 168.3 109.4 1.21 0.366 3.626 0.371 1.98 390     CSB-NOP 
W79 35.8 21.4 0.79 0.026 9.424 0.314 4.58 416 22.6 4.6 16.2 35.6 Triassic 
W58 81.8 48.1 0.57 0.172 6.688 0.320 1.49 442     Triassic 
W26 49.2 37.7 0.77 0.518 2.815 0.263 0.77 445 19.6 4.1 12.8 32.0 Triassic 
W13 40.3 56.4 0.64 0.480 10.141 0.314 2.81 481 29.5 6.0 8.7 42.4 Triassic 
W41 44.7 159.6 1.19 0.078 8.661 0.149 1.53 495     Triassic 
W42 21.8 34.4 2.84 0.031 0.592 0.311 1.37 596     Triassic 
W87 63.4 58.9 0.80 0.353 1.072 0.287 3.45 646     CSB-NOP 
W130 206.7 18.8 0.45 0.049 5.182 0.123 1.00 662 14.0 4.2 6.6 13.2 CSB-NOP 
W132 151.8 13.2 14.47 0.057 7.106 0.036 1.96 709     CSB-NOP 
W116 202.7 10.0 0.23 0.156 1.691 0.170 1.72 818     CSB-NOP 
W148 136.9 38.8 0.33 0.151 11.566 0.077 1.43 1708     CSB-NOP 
W207 658.6 44.6 0.92 0.064 1.789 0.407 2.16 2415 25.8 4.4 4.2 14.7 CSB-NOP 
W146 671.0 24.6 0.62 0.059 1.585 0.228 0.89 4035     CSB-NOP 

H
ig

h WGC 447.7 98.9 65.44 1.880 6.283 0.385 18.67 2214 
 

45.9 17.2 14.6 50.7 Triassic 
WRB 522.5 16.5 11.45 0.315 4.128 0.140 1.26 2243     CSB-NOP 

Mean Study: 139.0 45.5 1.48 0.154 5.398 0.191 1.83 798 
 

21.7 4.5 8.9 27.0  
Mean TB: 45.9 56.4 1.08 0.190 7.261 0.269 1.95 463 23.9 4.9 12.6 36.6  

Mean CSB-NOP: 189.1 39.7 1.69 0.134 4.394 0.149 1.77 978 19.4 4.1 5.3 17.4  
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Table 16: Correlation between coefficient of variation (CV) of solutes and land cover attributes 

  
CV of Solute Chemistry (mg/L): 

2014 WY & 2015 WY (n=20) 

CV of Solute 
Chemistry (mg/L): 

2016 WY (n=6) 

  Cl- SO4
2- Br- SRP NO3-N§ NH4-N TDN§ SC Na+ K+ Mg2+ Ca2+ 

A
re

a 
C

or
re

la
tio

n 

% Dev. - - - - - - - - - 0.74 - - 
PM %ISC 

2015 
0.63 - - - - 0.41 - 0.70 0.78 - - - 

%ISC 2011 - - - - - 0.41 - - 0.76 - - - 

SS Area - - - - - - - - - - - - 

D
en

si
ty

 o
f 

L
in

ea
r 

F
ea

tu
re

s 
C

or
re

la
tio

ns
 

Road Length 0.69 - - - - - - 0.66 - - - - 

Road Area 0.74 - - - - 0.55 - 0.70 0.76 - - - 
Open 

Channel 
- - - - - - - -0.52 -0.82 - - - 

Pipe 0.89 - - - - 0.46 - 0.73 - - - - 

Pipe:Open 0.75 - - - - 0.49 - 0.76 0.89 - - - 

Sewer - - - - 0.66 - 0.40 - -0.73 - - - 

Inlet 0.72 - - - - 0.51 - 0.56 0.77 - - - 

Manhole - - - - 0.54 - - - - - - - 

F
or

es
t 

A
gg

re
ga

tio
n 

C
or

re
la

tio
ns

 % SS -0.56 - - - - - - -0.64 - - - - 

CL -0.52 - - - - - - -0.56 - - - - 

AWM PA - - - - - - - -0.41 - - - - 

LPI -0.50 - - - - - - -0.61 - - - - 

AI -0.47 - - - - - - -0.61 - - - - 

D
ev

el
op

m
e

nt
 

A
gg

re
ga

tio
n 

CL - 0.42 - - - - - -0.38 - - - - 

AWM PA - - - - - - - - - - - - 

LPI - - - - - - - - 0.80 - - - 

AI - - - - - - - - - - - - 

 SS Slope - - - - - - - - - - - -0.89 

 
% NLCD 

Open Dev. 
0.48 - - - - - - 0.61 - - - - 

 
Dist. to 
S/P/R 

-0.57 - - - - - - -0.41 - - - - 

 # S-R Inters. - - - - - - - - -0.76 - - - 
Note: See Table 1 for abbreviations. § Correlations excluded the outlier W117 to meet assumptions of 
normality 
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Table 17: Correlations between land cover and the autoregressive correlation coefficient with a single-
step lag AR(1) for study streams. Positive correlations indicates a decrease in variability. 

  
AR(1) of Solute Chemistry (mg/L): 

2014 WY & 2015 WY (n=20) 
AR(1) of Solute Chemistry 
(mg/L): 2016 WY (n=6) 

  Cl- SO4
2- Br- SRP NO3

--N 
NH4

+-
N 

TDN SC Na+ K+ Mg2+ Ca2+ 

A
re

a 
C

or
re

la
tio

n 

% Dev. - - - - - - -0.54 - - - -0.83 -0.76 
PM %ISC 

2015 
- - - - - - - - 0.89 - - -0.86 

%ISC 2011 - - - - - - -0.50 - - - -0.80 - 

SS Area - - - - - - - - - - - - 

D
en

si
ty

 o
f 

L
in

ea
r 

F
ea

tu
re

s 
C

or
re

la
tio

ns
 

Road Length - - - - - - - - 0.90 - - -0.76 

Road Area - - - - - - - - 0.97 - - - 
Open 

Channel 
- - - - - - - - - - - - 

Pipe -0.49 - - - - - - - 0.86 - - - 

Pipe:Open - - - - - - - - 0.85 - - - 

Sewer 0.42 - - - - - - - - - - - 

Inlet - - - - - - - - 0.86 0.74 - -0.80 

Manhole - - - - - - - - - - 0.81 - 

F
or

es
t 

A
gg

re
ga

tio
n 

C
or

re
la

tio
ns

 % SS - - - - - - - - -0.88 - - - 

CL - - - - - - - - -0.74 - - - 

AWM PA - - - - - - -0.46 - - - - - 

LPI - - - - - - - - -0.89 - - - 

AI - - - - - - - - -0.93 - - - 

D
ev

el
op

m
en

t 
A

gg
re

ga
tio

n 
C

or
re

la
tio

ns
 CL - -0.52 - - - - -0.52 - - - -0.75 - 

AWM PA - -0.61 - - - - -0.48 - - - - - 

LPI - -0.64 - - - - -0.48 - - - -0.80 - 

AI - - - - - - - - - - -0.78 - 

 SS Slope - - - -0.41 - - - - - - - - 

 
% NLCD 

Open Dev. 
- - - - - - - - - - - - 

 
Dist. to 
S/P/R 

- - - - - - - - -0.95 - - - 

 # S-R Inters. - - - - - - - - -0.81 - - 0.81 
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Appendix C 

 
Figure 23: Modeled ER across modeled K600 for all days of metabolism modeled in each stream (left-
panel). Pearson’s product correlation coefficients (r) with p-values are listed for each stream. Right-
panel: Post-hoc comparison of modeled K600 values (light blue dots) and bins for the piece-wise 
relationship between ln Q and K600 (dark blue triangles). 
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Figure 24: Discharge observed at each catchment outlet during the study period (01 October 2015 to 29 
April 2017) with superimposed calculated discharge thresholds for bed mobilization across three 
different Shields parameters. 
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Figure 25: Daily precipitation (mm) for the 2016 water year at three rain gauges distributed throughout 
the study area. 
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Figure 26: Solute chemistry in each stream of total dissolved nitrogen (TDN), nitrate (NO3

--N), 
ammonium (NH4

+-N), and soluble reactive phosphate (PO4
3-) across the study period. High gradient 

channels are empty symbols, while low gradient channels are filled symbols. Streams draining the 
Triassic basin are circles, while streams draining the NOP basin are triangles. 
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Figure 27: Pictures of reaches upstream from the approximate location of the DO sensor on 11 August 
2016. 
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Figure 28: Chlorophyll a (Chl-a) concentrations and AFDM of biofilm growth on tiles set out for 
approximately two weeks throughout the spring and summer of 2016. 
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